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Plate 1  Magela Creek in the early Dry season, 2002. The Magela Creek has almost ceased flowing 

and creek pools are being formed. 

“And the company takes what the company wants, and nothing’s as precious as a hole in the ground”  
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ABSTRACT 

Magnesium sulfate (MgSO4) is common in mine waste waters, including Ranger Uranium 

Mine (RUM), Northern Territory, Australia. However, magnesium sulfate is generally 

assumed of low toxicity. This work derived an holistic understanding of the response of 

aquatic biota to elevated magnesium sulfate concentrations through re-examining data from 

previous studies and collecting new data at a variety of spatial and temporal scales. 

Single-species laboratory toxicity testing determined magnesium was most toxic to 

Amerianna cumingi at a LOEC of 1.6 mg/L. Toxicity was shown to be due to magnesium 

rather than sulfate. However, magnesium was not toxic to sensitive laboratory test species 

Hydra viridissima at concentrations of 10 mg/L, when the magnesium:calcium ratio was 

maintained at 9:1 or below. The toxicity of magnesium in Magela Creek waters is, therefore, 

likely due to the extremely soft nature of the receiving waters and is ameliorated with 

elevated calcium concentrations. 

Community-level effects of elevated magnesium sulfate concentrations were assessed across 

a range of biotic communities with natural creek pools and artificial enclosure experiments. 

The latter experiment demonstrated an apparent response of microinvertebrate community 

structure to elevated magnesium at 23 mg/L and above. 

Previous field-scale studies were re-examined along with field responses of taxa studied in 

laboratory tests. The strongest response to elevated magnesium was by the microinvertebrate 

zooplankton community. However, many previous surveys were potentially confounded by 

catchment differences between reference water bodies and water bodies receiving RUM 

mine waters. Nevertheless, collectively, field-scale studies indicated elevated magnesium 

concentrations would not alter aquatic biotic community structure at concentrations above 

10 mg/L, at magnesium:calcium ratios of 9:1 or less. 

Good agreement was found between magnesium guideline values derived by single-species 

laboratory testing (0.6 mg/L) and community-level mesocosm experiments (0.8 mg/L). A 

final recommended extremely soft-water guideline value of 0.8 mg/L was given by the 

mesocosm experiments. 
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EXECUTIVE SUMMARY 

Magnesium sulfate (MgSO4) is a common contaminant in the waste waters of mines. Ranger 

Uranium Mine (RUM), in the Wet/Dry tropics of Australia's Northern Territory, has 

magnesium sulfate as a major constituent of their mine waste waters. A discharge of these 

RUM waste waters flows into Magela Creek, which then flows into Kakadu National Park. 

This chemical has received very little ecotoxicological assessment, and it is generally 

assumed that both magnesium and sulfate are of low toxicity. However, survey results of 

local water bodies have shown changes in macroinvertebrate community structure correlated 

with elevated magnesium sulfate concentrations. The potential for elevated magnesium 

sulfate concentrations in the RUM waste water discharge to cause changes to aquatic biota of 

receiving systems warranted a more thorough and site-specific ecotoxicological 

investigation. In order to derive an holistic understanding of the response of aquatic biota to 

elevated magnesium sulfate concentrations, this work re-examined data from previous 

studies and collected new data, at a variety of spatial and temporal scales. 

At the smallest scale, single-species laboratory toxicity testing, using six local endemic 

species in Magela Creek water, determined that magnesium was toxic at an IC20/Lowest-

Observed-Effect-Concentration (LOEC) of 1.6 mg/L for A. cumingi, through to over 

128 mg/L for Chlorella sp.  

To determine the contribution of sulfate to magnesium sulfate toxicity, experiments were 

conducted where H. viridissima were exposed to sodium sulfate (Na2SO4) over the same 

range of sulfate concentrations tested in the magnesium sulfate experiments. 

Hydra viridissima were far less sensitive to sodium sulfate compared to magnesium sulfate, 

indicating that the toxicity was due to the cation, magnesium. To further clarify the 

magnesium ion’s toxicity, another experiment looked at the toxic effect of the magnesium 

ion on H. viridissima in the absence of sulfate, using magnesium chloride (MgCl2). The 

similar toxicity of magnesium chloride to magnesium sulfate indicated that the cation 

magnesium was responsible for the toxic effect of magnesium sulfate. 

Nevertheless, qualitative surveying revealed that H. viridissima still occurred in water bodies 

receiving mine waste waters and at magnesium concentrations exceeding LOEC magnesium 

concentrations. As the physiological mechanism of magnesium toxicity is thought to be at 

cellular level, through an inhibition of calcium-exchange channels, the continued existence 

of H. viridissima was thought to be through amelioration by concomitantly elevated calcium 

concentrations in RUM waste waters. However, it was unclear whether tolerance to elevated 

magnesium in Retention Pond 1 (RP1) could also be due to a more tolerant population strain 

of H. viridissima in RP1 waters. 
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Two different experiments were undertaken to test for tolerance differences amongst 

H. viridissima population strains. In the first experiment, both Coonjimba Billabong (which 

receives RUM wastewaters) and eriss ecotoxicology laboratory stock H. viridissima were 

exposed to a series of dilutions of Coonjimba Billabong water (21 mg/L magnesium). Both 

Coonjimba Billabong and eriss ecotoxicology laboratory stock H. viridissima demonstrated 

no LOEC for Coonjimba water. 

In the second experiment, Coonjimba Billabong, eriss ecotoxicology laboratory stock and 

Anbangbang Billabong (a reference water body) strains of H. viridissima were exposed to a 

concentration series of magnesium sulfate in Magela Creek water. Both Coonjimba and 

Anbangbang Billabong sources of H. viridissima displayed NOEC (No-Observed-Effect-

Concentration) and LOEC concentrations very similar to the eriss H. viridissima laboratory 

stock population. 

Collectively, these results indicated amelioration of magnesium toxicity by chemical 

antagonism in water bodies receiving RUM wastewaters, rather than by a selection process 

for H. viridissima strains more tolerant of magnesium. 

Further laboratory tests to clarify the effect of calcium amelioration on magnesium toxicity 

were undertaken in Magela Creek water. Magnesium concentrations were maintained at a 

concentration above previously determined LOECs and calcium concentrations were 

increased with each treatment. These experiments showed that magnesium was not toxic at 

concentrations of 10 mg/L magnesium when the magnesium:calcium ratio was maintained at 

9:1 or below. The major mechanism allowing H. viridissima to exist in waters elevated in 

magnesium therefore appeared to be through elevated calcium concentrations also present in 

the RP1 discharge. The unusually high toxicity of magnesium in Magela Creek waters is 

therefore likely due to the extremely soft nature of the receiving waters and is ameliorated 

with concomitantly elevated calcium concentrations. 

At a greater spatial, temporal and ecological complexity scale, a range of magnesium sulfate 

dosed natural creek pools were used to assess community-level effects to elevated 

magnesium sulfate concentrations. However, due to the unconstrained hydrology of these 

pools these tests only resulted in acute exposures as pool magnesium concentrations were not 

maintained. Nevertheless, this natural mesocosm experiment demonstrated an apparent 

relationship of macroinvertebrate (although not phytoplankton) community structure to 

elevated magnesium concentration, with toxicity evident at the highest magnesium 

concentration of 99 mg/L. 
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A further mesocosm experiment was completed with 3,000 L fibreglass mesocosms placed 

in the creek bed and seeded with resident creek communities during recessional flow (early 

Dry season). These mesocosms were sampled for community structures of benthic 

macroinvertebrates, pelagic microinvertebrates, diatoms on artificial substrates, and 

phytoplankton (through proxy chlorophyll a, b and c pigments). 

The artificial mesocosm study determined that diatom and benthic macroinvertebrate 

community structure was not altered at the highest magnesium concentration (68 mg/L) four 

weeks after dosing. Benthic macroinvertebrate community structure was, however, different 

between two of the lower (2.5 mg/L and 8 mg/L) and the highest magnesium (68 mg/L) 

dosing concentrations after seven weeks’ exposure. The primary taxonomic and functional 

benthic macroinvertebrate responses to increasing magnesium sulfate at these concentrations 

were declines in grazing crustacea abundances. 

A more consistent biotic response to increasing magnesium sulfate concentration was seen 

by a seral change in community structure of pelagic microinvertebrate grazers over 

increasing magnesium sulfate concentrations. A concomitant mean decrease of chlorophyll 

pigments with increasing magnesium sulfate concentration suggested that macroinvertebrate 

zooplankton grazers (ostracods, copepods and cladocerans) were responding to a reduced 

food resource in a bottom-up trophic response. 

At the greatest scale, field studies re-examined previous studies of water bodies receiving 

RUM waste waters, and also examined field population abundances (or in the case of 

Chlorella sp., proxy chlorophyll pigments) of taxa studied in the laboratory tests. 

The strongest response to elevated electrical conductivity (EC, and thus magnesium 

concentrations) in the re-examination of previous studies was found for microinvertebrate 

zooplankton, with EC as a consistently important environmental variable for explaining 

community variability of this group, indicating that RUM wastewaters may alter 

microinvertebrate community structure. However, many of the previous surveys were 

potentially confounded by catchment differences between reference water bodies and water 

bodies receiving RUM mine waters. Nevertheless, collectively, previous surveys indicated 

elevated magnesium concentrations would not alter aquatic biotic community structure at 

concentrations above 10 mg/L, at a concomitantly elevated calcium concentration of 

magnesium:calcium ratio of 9:1 or less. 

Examination of the effects of elevated magnesium on bioassay taxa in water bodies showed 

no relationship between population abundance and EC (magnesium concentration). 

However, chlorophyll pigments, as a proxy for Chlorella sp. abundance, showed increased 

concentrations in water bodies receiving RUM waste waters. This higher phytoplankton 
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biomass in receiving water bodies may be due to higher nutrient concentrations in RUM 

waste waters, relative to the extremely low solute Magela Creek waters. 

An overall assessment of the data from these different scales of ecosystem organisation and 

exposure times yielded good agreement that magnesium concentrations above 10 mg/L may 

alter community structure of aquatic biota, when magnesium:calcium ratios exceed 9:1. 

As pelagic phytoplankton appear to be a sensitive ecological community to magnesium 

toxicity, it is hypothesised that elevated magnesium may lead to decreased primary 

production cascading through to higher trophic levels, with reductions of biomass at each 

trophic level, leading to a final reduced abundance of top-level organisms. Nevertheless, 

when whole effluents with elevated magnesium concentrations of up to 110 mg/L but 

magnesium:calcium ratios below 9:1 were considered, there appeared to be no significant 

effect upon aquatic biota directly attributable to elevated magnesium concentrations. 
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1.1 The science of ecotoxicology 

Ecotoxicology is the scientific study of the effects of toxic substances (chemical, physical, 

etc.) on a receiving environment (Moriarty, 1983). Ecotoxicological testing by way of 

bioassays is valuable for ranking the toxicity of different chemicals and other stressors, for 

determining their acceptable concentrations in receiving systems, and for elucidating cause 

and effect relationships in the environment (Chapman, 1995b). Aquatic ecotoxicology, 

although a relatively new science, compares well with the advancement of other branches of 

ecotoxicology such as those of air and soil pollutant impacts (Calow, 1995). Biological 

methods of assessing toxicity in aquatic environments have found support (or are appealing) 

because they have the capacity to integrate effects through continuous exposure, and because 

they measure directly the level of change at which a particular substance becomes toxic. This 

approach supplants earlier efforts at indirectly estimating toxicity, using chemical and 

physical surrogate measurements alone (Auer et al., 1990; Karr & Chu, 1997, 1999). 

Comprehensive and effective assessment and management of water quality relies on 

integrating biological approaches with the more traditional chemical and physical-based 

approaches, where chemical data provide explanatory variables for trends observed for biota 

(“cause for consequence”) (Chapman, 1990). 

Single-species laboratory testing 

Much published work in ecotoxicology is restricted to examining the effects of a single 

toxicant on only a single species (Sprague, 1990). Acute (short-term) studies have also 

dominated the ecotoxicological literature, although there is an increasing focus on chronic 

(long-term) and sublethal (e.g., population growth rate) assays (Maltby & Calow, 1989; 

ANZECC/ARMCANZ, 2000a; Bunce & Remillard, 2003). Data from single-species tests are 

typically derived using established standard protocols, where tests are maintained in 

relatively simple form, in small scale and under highly controlled ambient conditions. Such 

procedures enable tests to be more easily reproduced within and amongst different 

laboratories, and in a given laboratory at different times (Calow, 1992b). These features, 

together with use of standard species (e.g., rainbow trout, Oncorhynchus mykiss) also enable 

comparisons of quantitative results from different studies and toxicants. Repeatability 

(precision) for chronic ecotoxicity tests may be quite high (Anderson, 1991), and mode of 

toxicity information can typically be readily inferred from one toxicant to another. 

Despite these advantages, laboratory-based ecotoxicity tests suffer from a number of 

limitations. These may include inappropriate test species selection, inherent confounding of 

toxicity responses in the experimental design, inappropriate test species selection, and a 

failure to accommodate all modes of toxicant exposure to an organism. 
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It is often not recognised by researchers that different species may respond differently in 

their tolerance to different toxicants (Cairns & Pratt, 1986). The species chosen for testing 

are generally those that are most easily maintained in captivity (Kimball & Levin, 1985; 

Schindler, 1987). This represents a major bias toward the relatively few robust taxa 

occurring in an ecosystem that are amenable to laboratory testing. More often than not, the 

few taxa that are amenable to laboratory testing do not meet other important criteria relating 

their ecological significance to key ecosystem processes or to their toxicant sensitivity being 

representative of other receiving system taxa (Bacher et al., 1992). 

Experimental design limitations will also lead to confounding of toxicity responses. For 

example, test organism deaths during the period of culture and/or maintenance may remove 

the weaker test individuals, thereby potentially underestimating toxicity for that population 

(Cairns, 1983; Cairns & Pratt, 1986). Alternatively, stress associated with the culture and 

testing procedures may reduce the genetic variability of a test species population and thereby 

render individuals more susceptible to the stress of the test toxicant. This increased 

susceptibility may in turn lead to overestimation of toxicity compared with the unstressed 

populations in the actual toxicant receiving populations (Forbes & Depledge, 1992). 

Short-term, single-species laboratory tests also fail to address issues of community 

complexity as they have no way of incorporating factors such as the role of species 

interactions including predation and competition, or other population processes such as 

immigration and emigration (Schindler, 1987). Consequently, when there is differing 

sensitivity of test species to different toxicants, reliance on too few test species without 

regard to the test species’ relevance to higher scales of ecological complexity may lead to a 

lack of agreement with field responses (McPherson & Chapman, 2000). 

Finally, single-species bioassays usually treat uptake from ambient water as the only 

pathway for toxicant accumulation, whereas other pathways, including accidental ingestion 

with food may be more significant to toxicant activity (Barata et al., 2002). 

Nonetheless, practicality and convenience are the dominant influences on the choice of 

ecotoxicological testing. This is why single-species tests still predominate and are likely to 

do so for some time (Kimball & Levin, 1985; Maltby & Calow, 1989; Clements, 1994; 

Clements & Kiffney, 1994). The extent to which one species can act as a proxy and provide 

predictive information on the effect of a toxicant to the receiving ecosystem is clearly a 

critical issue (Maltby & Calow, 1989). However, the ability of single-species assays to 

accurately predict the impact on an ecosystem, even when the species chosen for assay are 

indigenous to the receiving waters, has frequently been called into question both empirically 
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(Cairns, 1986a; Larsen et al., 1986; Cairns, 1988, 1995; Parkhurst, 1995; deVlaming & 

Norberg-King, 1997) and philosophically (Hedgpeth, 1977; Mentis, 1988). 

Single-chemical laboratory toxicity tests also continue to play a role in water quality 

assessment e.g., derivation of water quality standards or guidelines. In these assessments, the 

direct toxicity assessment (DTA) approach, using chronic (or sub-chronic) tests on 

appropriate species and using local dilution waters, is now regarded as the preferred, more 

realistic methodology for predicting effects on ecosystems (ANZECC/ARMCANZ, 2000a). 

DTA has been shown to result in stronger agreement between field validations and 

laboratory studies (see review by deVlaming and Norberg-King (1997)). For example, the 

USEPA Complex Effluent Toxicity Testing Program determined that if sufficient test species 

were examined using single-species, laboratory-based bioassays, then predictive accuracy 

was high enough to evaluate whether or not a receiving water will be affected by a discharge 

(Wall & Hanmer, 1987). 

There have been few field validations of the conclusions of laboratory-based, single-species 

bioassays (Connell et al., 1999). Nevertheless, reviews of studies comparing predictions of 

laboratory-based, single-species bioassays to field studies indicate good agreement when 

toxicity is high, such that only a single study of either laboratory or field approach may be 

required to characterise the toxicant’s risk (Birge et al., 1989; Eagleson et al., 1990; Dickson 

et al., 1992). Nonetheless, there has also been criticism that responses of laboratory studies 

are not representative of responses in natural ecosystems where local differences in species 

composition and community complexity are integrated (Odum, 1984; Kimball & Levin, 

1985; Cairns, 1986a; Cairns & Niederlehner, 1987). Thus, studies which have compared 

predicted “ecosystem” responses (generally using community characteristics as a surrogate 

for ecosystem responses) by way of single-species bioassays have reached mixed 

conclusions. For example, field studies validated the laboratory predictions of 

Ceriodaphnia dubia single-species bioassays (Eagleson et al., 1990) and single-species tests 

on fish and cladocera carried out on stream banks compared well with standard field 

assessments of effects on aquatic communities (Mount et al., 1984). Similarly, an eight-day 

fathead minnow laboratory bioassay (Pimephales promelas) showed good agreement with 

field experiments evaluating fish and macroinvertebrate community composition and 

macroinvertebrate trophic groups (Birge et al., 1989). Both national and international 

laboratory bioassay data, mesocosm macroinvertebrate communities and field 

macroinvertebrate communities were also found to respond in a similar manner to 

endosulfan toxicity (Hose & Van den Brink, 2004). 

In summary, the major criticism of single-species bioassays is their failure to integrate and 

link toxicants (and other associated abiotic components) with higher scales of biological and 
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ecological complexity (predation, competition, etc.) (Kimball & Levin, 1985; Calow & 

Sibly, 1990; van Dam & Chapman, 2001; Ward & Tockner, 2001). 

Microcosms/mesocosms 

A compromise between the two extremes of spatial and organismal scales of assessment that 

both single-species tests and field studies represent, is intermediate scale microcosm and 

mesocosm systems. Suitable enclosures representative of receiving water communities of 

micro- and macroinvertebrates have been variously described as artificial “ecosystems” and 

“multispecies toxicity tests”. Smaller-sized enclosures are often termed “microcosms” and 

medium-sized enclosures “mesocosms” (Odum, 1984). Fish are generally excluded from the 

enclosures in natural water bodies and populations of test organisms are assessed by 

conventional field sampling techniques (Sprague, 1990). 

Approaches to the use of microcosms and mesocosms have evolved over recent years from 

large and highly variable outdoor ponds, to much smaller and more tightly-controlled, 

manipulative experiments (Maund et al., 1999). However, higher-level endpoint criteria for 

manipulative ecotoxicity experiments is still unclear (Calow, 1994). Moreover, there is a 

general consensus amongst researchers that the results of community and ecosystem studies 

are often complex, highly variable, and therefore, difficult to interpret (Clements, 1994; 

Horwitz & Nichols, 2002). Natural spatial and temporal variability of communities may 

render detection of effects of stressors difficult at community scale in all but extreme cases 

(Millward & Grant, 1995). Luoma and Carter (1991) assert this unequivocally with their 

statement that “at no level of biological organisation is it more difficult to adequately 

understand the dose of a metal to a system than at the level of community”. For example, 

there may be difficulty in ascribing the change seen in a community to the toxicant in 

question when different concentrations and different community endpoints are 

simultaneously assessed (Clements, 1994). Thus, historically, one of the most challenging 

tasks for ecologists is determining whether or not a stressor is detrimentally affecting the 

biological communities of a receiving aquatic ecosystem (Dickson et al., 1992). Mesocosms 

do not entirely simulate the ecosystem they come from, rather they mirror only the general 

properties that characterise that system (Tsirtsis & Karydis, 1997). Notwithstanding, 

mesocosms are often part of the data from a variety of sources and approaches which are 

recommended for the management of large, unique ecological systems (Schrader-Frechette 

& McCoy, 1993). 

There may also be problems with the low amount of replication often associated with both 

mesocosm and field studies due to the relatively high intrinsic costs of construction and 

establishment (Maund et al., 1999). Compared with laboratory approaches, proponents of 
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community-scale testing have argued that single-species toxicant testing has become so 

widely entrenched that it has hindered the development and greater use of community-scale 

testing (Kimball & Levin, 1985). 

Field studies 

Manipulative field exposure experiments are typically of similar cost to mesocosm tests, 

(high initial and low ongoing costs), whilst observational field exposure tests are, by their 

nature, testing over long durations regardless of their initial setup expenses. The exposure of 

entire ecosystems in field studies means that these studies are, by definition, typically 

reactive rather than proactive. 

Similarly to mesocosm studies, the reliability of laboratory studies to predict effects in the 

field does not seem to be consistent. Some comparisons have found underestimations of 

effects whilst others have found overestimations (Chapman et al., 1998). To this end, 

Sprague (1990) regarded it as “highly desirable to validate single-species laboratory tests by 

studying effects in a functioning community”. Others have since taken up this call for field 

validation, where possible (e.g., Eason et al. (1993), Power (1993), Cairns (1995), Holdway 

(1997) and Warne (1998). Some authors have stated even more strongly that while 

laboratory bioassays may be useful as initial screening tools, more comprehensive studies 

must form the basis of ecosystem management (Schindler, 1987). Consequently, it may not 

be sufficient to simply detect a change in a sensitive or “early detection” indicator, because 

such a change cannot easily be linked to prediction of a change at the population, community 

or ecosystem scale in the field. Instead, responses must be sought in the field from suitable 

surrogates for these higher scales of organisation and complexity (Humphrey et al., 1995a) 

using, for example: 

a) species richness, community composition or structure (Baskin, 1994), 

b) patterns of abundance and distribution of species of high conservation value or 

ecological significance (ANZECC/ARMCANZ, 2000a), 

c) physical, chemical or biological processes e.g., production/respiration ratios, primary 

production, energy flow pathways (Cummins, 1973; Bunn, 1995; Davies, 1997; 

Bunn & Davies, 2000; Boulton, 2003; Kremen, 2005). 

Many studies have used results from field surveys showing correlations of pollutants with 

measures of (biological) community structure to determine a toxicant’s scale of effect (Gray 

et al., 1990; Agard et al., 1993; Stark, 1998). Such field assessments, although extremely 

useful in determining site-specific impacts, are still frequently limited through a lack of 

proper experimental control, including too few or poorly-positioned reference sites and by 
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confounding effects from impacts unrelated to the disturbance of concern (Hickey & Pyle, 

2001). Consequently, the scale of biological organisation producing the most ecosystem-

relevant dataset (e.g., biological communities) also provides the least reliable database for 

regulators (Kimball & Levin, 1985; McArdle et al., 1990). Nonetheless, although there is a 

need to trade-off between test simplicity, costs and environmental relevance, relevance may 

still deserve greater consideration in many ecotoxicological and broader ecological risk 

assessments (Clarke, 1999). Thus, ecology has a strong contribution to make in addressing 

the need for greater environmental relevance where single-species bioassays are often taken 

as the conclusion to toxicant assessments (Moriarty, 1983). Since risk assessment studies are 

typically aimed at determining effects of a stressor on higher scales of organisation, it is 

critical that analysis and interpretation should be performed at the same scale (Maund et al., 

1999). Furthermore, in addition to having more ecological relevance, evidence also suggests 

that approaches in ecotoxicology that address effects at higher-scales of organisation are at 

least as powerful in detecting the biological effects of pollutants as single-species approaches 

(Cairns, 1986b; Maund et al., 1999). This is especially so when multivariate analyses are 

applied to these community data (Clarke, 1999). 

Multiple scales of evidence studies 

The failing of any down-scaled bioassay design to address all the complexities of actual 

receiving ecosystems has long been recognised (Cairns, 1983; Cairns & Pratt, 1986; Larsen 

et al., 1986; Cairns, 1988; Parkhurst, 1995; deVlaming & Norberg-King, 1997). 

Additionally, large-scale system behaviour cannot generally be predicted from individual 

sub-units (Kimball & Levin, 1985). Indeed, in many situations it may be that laboratory-

based ecotoxicological testing measures the wrong variables more precisely than the less 

repeatable (but more environmentally realistic) field-based experiments (Calow, 1994). For 

example, although population abundance and growth may be measured, this measurement is 

made in the absence of many factors that limit abundance such as direct predation and 

competition and consequent resource limitation. A more holistic ecotoxicological approach 

would employ laboratory and field-based approaches as complementary methods. 

Nevertheless, single-species toxicity tests have been, are, and most likely will be, the 

mainstay of toxicological assessment (ANZECC/ARMCANZ, 2000a) as risk prediction of 

environmental impacts arising from pollutants is likely to remain an inexact science for some 

time yet (Moriarty, 1983). What is important is that their limitations and context are realised 

and accounted for. Ideally, ecotoxicological assessments should include endpoints from 

many different scales ranging from cellular and physiological processes at the individual 

level through to ecosystem changes such as functional feeding group relationships and food 

web structure (Bradbury, 1995) (Figure 1). 
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Figure 1  Increasing environmental relevance at increasing scale of complexity of pollution assessment 

typically undertaken and their relationship to each other in order. 

Ecological field studies are sometimes initiated when laboratory tests have indicated the 

existence of a potential risk (Kedwards et al., 1999b). The integration of different scales of 

organisation in this manner may provide complementary information and, ultimately, a better 

understanding of both the scales at which a stressor is likely to affect a community and in 

what manner this stress will reveal itself (Clements & Kiffney, 1994). Ecotoxicology is 

already, and needs to be more widely recognised, as a multi-disciplinary subject (Moriarty, 

1983; Bartell, 1997). As such, there is always scope for criticisms of particular individual 

discipline’s methods; all have different advantages and disadvantages, and consequently 

there is a need for multiple approaches to an ecosystem-scale toxicity assessment (Kefford et 

al., 2002). To this end, an integrated assessment approach has been especially recommended 

for situations where the effect of the toxicant is subtle (Clements & Kiffney, 1994). An 

example of such an assessment, the “weight-of-evidence” approach (also know as “multiple 

lines of evidence” or a “meta-analysis” approach) (Clarke & Warwick, 2001; Downes et al., 

2002) seeks concordance between controlled experimental findings and actual field results 

(Suter II, 1996; Humphrey et al., 1999). The weight-of-evidence approach has been 

recommended where different types of site-specific data provide partial information on 

different aspects of a stressor’s action at those sites (Menzie et al., 1996). Now 

recommended by the Australian and New Zealand Water Quality Guidelines 

(ANZECC/ARMCANZ, 2000a), this approach is achieved at its simplest through testing at a 

variety of ecological scales (Hendrix, 1982; Kimball & Levin, 1985). The essence of this 

multi-scalar process is that, where necessary, toxicant information from water physico-
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chemistry, single-species tests, multi-species tests, and ecosystem processes (e.g., changes in 

trophic relationships as indicated by functional feeding groups) are all considered in the 

ecotoxicological assessment (Kimball & Levin, 1985). As such, a multi-scalar type weight-

of-evidence approach has proven to be a reliable complex risk assessment strategy 

(Wickwire & Menzie, 2003). 

1.2 The Ranger Uranium Mine 

Like much industry, the mining industry is expected to operate to prescribed environmental 

standards across a range of criteria. Often the, often regulatory emphasis is on repeatability 

of scientific results (often best achieved by studies at lower scales) of a standard approach, 

and not so much their applicability and relevance (often better achieved at greater 

organisational scales). Consequently, there is often little relevant ecological data upon which 

to assess the environmental risk, as could be determined from studies at higher scales of 

organisation or from different study approaches. However, this is not the case with Ranger 

Uranium Mine (RUM), the industry of interest in this project. Much of the historical and 

current environmental regulation of this mine is based upon multiple scales of environmental 

indicators. Indeed, while the first report of the Ranger Uranium Environmental Inquiry (Fox 

et al., 1976) only considered the broad issues arising from the proposed involvement of 

Australia in the uranium mining and export industry, the second report recommended 

development of the Ranger Mineral Lease under much more strict and diverse environmental 

controls (Fox et al., 1977). An essential element of these reports was the Federal 

Government’s establishment of a supervisory body, now known as the Supervising Scientist 

Division (SSD) of the Department of Environment and Heritage (Waggit & Needham, 

1998). The SSD has the task of developing environmental standards as well as overseeing, 

and now engaging in monitoring directly, the potential impact of the RUM on Kakadu 

National Park. 

Kakadu National Park is an area of high conservation and cultural value, which lies 

immediately outside all of the RUM leases. Research related to uranium mining in the 

Alligator Rivers Region (ARR) is executed by the Environmental Research Institute of the 

Supervising Scientist (eriss), the research branch of the SSD (Fox et al., 1977; Supervising 

Scientist, 2002a, c). The environmental threat of uranium mining in Australia in general, and 

specifically within leases enclosed by Kakadu National Park, continues to engender intense, 

and varied, public interest in the ongoing protection of this area (Supervising Scientist, 1998; 

Waggit & Needham, 1998; Supervising Scientist, 2002a). Consequently, many elements of 

the potential impact of the Ranger Uranium Mine (RUM) operation on surrounding Kakadu 

National Park have been scrutinised by this statutory body. 
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Runoff water from RUM waste rock is released or dispersed to Magela Creek each wet 

season (January–April) (discussed in more detail in Chapter 2–GENERAL METHODS). 

This waste water contains elevated concentrations of magnesium, uranium and sulfate, 

together with lower concentrations of other ions. Published water quality guidelines are of 

very limited value as a source of release standards for magnesium sulfate in Magela Creek. 

Neither magnesium nor sulfate is listed as a potential toxicant in the Australian & New 

Zealand Water Quality Guidelines (ANZECC/ARMCANZ, 2000a) as magnesium sulfate is 

regarded as benign in terms of toxicity to aquatic biota (Wallen et al., 1957; Den Dooren de 

Jong, 1965; Mount et al., 1997). However, following two studies conducted in nearby 

billabongs (O'Connor et al., 1996; O'Connor et al., 1997), concerns were raised about the 

effects of magnesium sulfate on biota of Magela Creek. The 1995 study found differences 

between the benthic macroinvertebrate communities within billabongs receiving RUM mine 

waste waters and those from reference billabongs. This difference between communities was 

correlated with water quality differences, particularly elevated electrical conductivity in 

water bodies adjacent to the RUM. Relevant water release standards for the protection of 

Magela Creek from RUM mine waste waters had been set by the SSD in the early 1980s. 

These standards had been based upon statistical distributions of selected analytes and at 

concentrations simply deemed conservative by biologists (Supervising Scientist, 2002c). 

These guidelines were always considered preliminary as they clearly had significant 

shortfalls. Apart from the fact that published data from ecosystems elsewhere would not take 

into account environmental and biological conditions relevant to Magela Creek, it was also 

possible that laboratory results may over- or underestimate effects that occur in the real 

environment. For example, changes to the metal:calcium ratio of waters can have adverse 

physiological effects upon some organisms (Markich et al., 2001). Metal:calcium ratios are 

potentially an important issue in Magela Creek where surface waters are extremely soft 

(Klessa, 2000). Any published data based on the results of laboratory toxicity tests may 

therefore be of limited value for the purpose of deriving standards. As discussed above, 

laboratory studies to address this issue may also fail to encapsulate fundamental inter-

organism interactions (such as predation and competition) which influence species 

abundance, as actual scale of experimentation is of primary importance to many ecological 

studies (Tilman, 1999; Freckleton, 2004; Hill & Hamer, 2004). 

Finally, novel and more scientifically defensible approaches to deriving water quality 

guidelines have only recently become available with publication of the revised Australian & 

New Zealand Water Quality Guidelines (ANZECC/ARMCANZ, 2000a). As well as 

providing improved methods for water quality guidelines derivation, these Guidelines 

emphasise derivation of locally-relevant ‘trigger values’ through testing of local species in 
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local waters. These guidelines also provide for greater levels of protection through their 

ability to more directly relate responses of ecotoxicity test species to the communities from 

which they are naturally found. 
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1.3 Study area 
This study was conducted in the area historically known as the Alligator Rivers Region 

(ARR). The ARR is a 28 000 km2 area broadly defined by the East, South and West 

Alligator Rivers (Press & Lawrence, 1995; Supervising Scientist, 1998; Lawrence, 2000) 

(Figure 2). This research was largely conducted within the Ranger Uranium Mine (RUM) 

lease in the mid-upper reaches of the catchment of Magela Creek. Magela Creek has its 

headwaters in Arnhemland, flows into the World Heritage listed Kakadu National Park, 

through the RUM lease and then back into Kakadu National Park (Figure 2). 

 

 

Figure 2  Study area location in Kakadu National Park, within the Alligator Rivers Region (ARR) of the 

Northern Territory of Australia. 
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Since the late 1970s, a substantial body of work has accumulated on the physical and 

biological nature of Magela Creek (Gardner et al., 2002). This research has largely been 

through the work of eriss and associated collaborative organisations (e.g., universities, 

contract researchers) (Gardner et al., 2002). 

1.3.1 Climate 

Located in the monsoonal tropics of Northern Australia, the ARR has a relatively high and 

very seasonal annual rainfall pattern where more than 2 000 mm of rain can fall within the 

five months of the Wet season, from December to April. At the other extreme, drought-like 

conditions prevail for around six months of the year during the Dry season. April and 

October are generally transition months between these two broad climate states (Simkiss & 

Taylor, 1994; Russell-Smith et al., 1995). 

Average annual rainfall for this region is around 1 500 mm, whereas evaporation is around 

2 200 mm (Morley et al., 1985; Russell-Smith et al., 1995). This strong climatic seasonality 

over an annual cycle causes great changes in the physical environment of lowland water 

bodies in this region, such as Magela Creek (Figure 3Error! Reference source not found.). 

Air temperatures are consistently high throughout the year, with a minimum in July 

( x  = 18.3oC) and a maximum in October ( x  = 37.4oC) (Commonwealth of Australia 

Bureau of Meteorology, 28/05/2001). 

 

Figure 3  Mean monthly rainfall and mean daily maximum and minimum temperature at Jabiru East 

Airport near the study site (1984–2001) (Commonwealth of Australia Bureau of Meteorology, 

28/05/2001). 
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1.3.2 Stream geomorphology 

Soils of the RUM district are dominated by kaolinitic clays and are non-saline and non-sodic 

with a very low organic content (<6%). Upland soils are predominantly shallow to 

moderately deep consisting of brown to yellowish brown, massive earthy sands. Soils of 

lower topographies are sandy earths with duplex soils occurring in some isolated areas 

(Wigston, 1991). 

Magela Creek has its headwaters in the highly-leached sandstone plateau of the southern and 

eastern section of Kakadu National Park and adjacent Arnhemland (13o00`S, 133o05`E, 

MGA 1994). From here the creek flows some 90 km north before flowing through the dense 

grass and sedgelands of the seasonally-inundated Magela floodplain (2–5 m AHD ca. 15% 

catchment area) (Finlayson et al., 1989) to finally discharge via the East Alligator estuary 

into the Timor Sea (12o16`S, 132o52`E, MGA 1994) after a further 80 km (Roberts, 1991a, 

b) (Figure 2). 

The 8–12 m deep and 200–400 m wide channel of the ca. 25 km middle reaches of Magela 

Creek adjacent to RUM are cut into Pleistocene alluvial sediments and bedrock during 

lowered sea-levels and then progressively and almost completely backfilled with medium to 

coarse siliceous (predominantly quartzite) sediments during the mid to late Holocene 

(Nanson et al., 1993). The anastomosing channels of these middle reaches are laterally 

stable, sand-floored, steep-sided with a dense root mat, and are separated by islands with 

well-defined marginal levees (Nanson et al., 1993; Erskine, 2000; Erskine & Saynor, 2000). 

1.3.3 Catchment vegetation 

The vegetation of the Magela Creek catchment consists of sandstone heathland set in the 

Arnhemland plateau and escarpment in the upper reaches, savannah woodland in the middle 

reaches and grasses, aquatic plants and melaleucas of the seasonally inundated floodplain in 

the lower reaches (Russell-Smith, 1995; Russel-Smith et al., 1998). 

The canopies of the undulating savannah woodlands of the middle reaches (20–50 m AHD, 

ca. 55% catchment area) are dominated by woollybutt and stringybark (E. miniata and E. 

tetradonta respectively). Sub-canopy vegetation includes bush-plum (Terminalia spp. and 

Buchanania obovata), acacia (Acacia spp.) and ironwood (Erythrophleum chlorostachys) 

(Williams & Douglas, 1995). Groundcover is mainly tall annual speargrass (Sorghum spp.) 

although groundcover is to a large extent burned off during the Dry season, laying much of 

the woodland groundcover bare until the humidity rises and the Wet season rains return 

(Anderson, 1999). 
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Canopy species of the riparian communities along creeks and billabongs include the 

paperbarks Melaleuca viridiflora and M. argenteus and the bush-apples Syzygium forte and 

S. armstrongii. Sub-canopy is composed of pandanus (Pandanus spiralis), carallia (Carallia 

brachiata), lophopetalum (Lophopetalum arhemnicum), Acacia spp. and freshwater 

mangrove (Barringtonia acutangula) (Finlayson et al., 1989; Brock, 1993). Sub-canopy 

communities are maintained over the Dry season through extensive groundwater reserves 

(Murray et al., 2003). Middle-reach riparian vegetation also often occurs in patches in the 

main channel as predecessors to new anabranch island formation (Nanson et al., 1993). 

1.3.4 Hydrology and water chemistry of Magela Creek 

Typical of the waterways of this region, Magela Creek is intermittent in nature sensu stricto 

Comin & Williams (1994). The upper reaches are groundwater fed and flow all year, 

whereas the middle and lower reaches cease flowing in most Dry seasons, and recede to a 

series of billabongs or smaller pools, of which the latter may also eventually dry out 

(Woodland & Ward, 1992; Russell-Smith et al., 1995). Flow along the Creek in its entirety 

only typically occurs from January to May (Finlayson et al., 1989). The Wet season 

discharge pattern for the lowland sections of the Creek consists of a series of flood peaks 

super-imposed upon a more stable base flow in a manner that may vary greatly from year to 

year (Humphrey et al., 1990). The significance of this great inter-annual variation is that 

biological data collected during a Dry season must be interpreted in light of the past Wet 

season climatic conditions (Taylor & Tulloch, 1985) (Table 1). 

Table 1  Rainfall and Magela Creek flow at monitoring Site GS821009 for Dry season study years. 

Study year Rainfall (mm) Flow begins* Flow ceases* Discharge (Gm3) 

2000 1 923 30/10/99 01/07/00 579 

2001 2 030 27/11/00 01/07/01 565 

2002 1 364 28/11/01 09/05/02 222 

*At Site GS821009 

Most of the water body sodium and chloride (and indeed the majority of Wet season rainfall 

solute load itself) is derived from rainfall, with monsoonal rains showing a cationic 

composition similar to sea water (Hart et al., 1982b; Noller et al., 1985; Hart et al., 1987a; 

Roberts, 1991a, b). Once Wet season flows have become established, water quality is largely 

uniform throughout the creek and downstream floodplain (Morley et al., 1985; Humphrey & 

Dostine, 1994). However, water quality varies greatly between pools once flow ceases 

during the Dry season, with only the permanent sections of the Creek and some billabongs 

within the main channels retaining physico-chemical qualities similar to the Wet season 
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(Humphrey et al., 1990). For some billabongs, higher concentrations of solutes resulting 

from either evaporation and/or groundwater influx may result in higher conductivities 

(>100 µS/cm) being encountered near the end of the Dry season. Cationic ion dominance in 

these situations is usually by sodium (>>magnesium) with the anion sulfate making 

significant contributions also (Hart et al., 1987a; Humphrey et al., 1990). 

Magela Creek water pH has a broad range of natural pH (from 4.0–7.0, with a mean pH of 

6.2), largely due to significant amounts of organic acids from decaying vegetation (e.g., 

humic and fulvic acids) and atmospheric activity (e.g., nitrous acids), in combination with 

the extremely soft waters of the creek (ERA, 2003) and the limited capacity of the rocks and 

soils of the catchment to buffer the acidity of rainfall run-off (Hart et al., 1987a). 

The hydrodynamics of the billabongs directly associated with the creek and the effects of 

anastomosing channel morphology on creek water mixing are also complex in this area, with 

mixing often incomplete in the region immediately below the mine (Erskine & Saynor, 

2000). 

1.3.5 Aquatic biological communities 

The aquatic ecology of northern tropical savannah creeks has been examined and reviewed 

by a number of authors (Bishop et al., 1982; Marchant, 1982c; Bishop & Forbes, 1986; 

Williams, 1988; Finlayson et al., 1989; Fernando, 1994; Humphrey & Dostine, 1994; Bishop 

et al., 1995; Paltridge et al., 1997; Douglas, 1999b; Kay et al., 1999; Ward & Tockner, 2001; 

Gardner et al., 2002; Bishop & Walden, 2003a, b). Although substantial research effort has 

gone into the ARR, the majority of material published on both water chemistry and aquatic 

biology of Magela Creek has major biases. Most of the work has been conducted on 

billabongs either within (channel), or alongside (backflow), the main creek channel (Chaney 

et al., 1979; Hart & MacGregor, 1980; Bishop et al., 1982; Marchant, 1982b, c; Walker & 

Tyler, 1985; Hart et al., 1987a, b; Outridge, 1987, 1988; Brady, 1991; Corbett, 1996; 

O'Connor et al., 1996; O'Connor et al., 1997). Similarly, there is little published information 

on communities of the Creek channel when in flow. 

A great number of biological changes occur over the seasonal hydrological cycle. As flow 

(“first flush”) travels down the Creek from headwater billabongs, representatives of some of 

the billabong communities travel with it (Bishop & Forbes, 1986; Bishop et al., 1995; 

Paltridge et al., 1997; Bishop & Walden, 2003a, b). Population abundances of bacteria, 

aquatic macrophytes and aquatic micro- and macroinvertebrates all rise sharply (Hart, 1980). 

Once creek connectivity is achieved, floodplains commence filling and creek banks overflow 

and many fish species migrate upstream from Dry season lowland billabongs and 

downstream from headwater refugia e.g., chequered rainbowfish (Melanotaenia spp.) and 
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perchlets (Ambassis spp.) (Bishop et al., 1995; Bishop & Walden, 2003a, b). Considerable 

areas of littoral aquatic vegetation may occur during the Wet season, with species of 

Eriocaulon, Xyris, Blyxa, Eleocharis and Triglochin developing during the periods of flow 

(Douglas, 1999a; Gardner et al., 2002). For most aquatic species this Wet season period is 

the main period of feeding, growth and reproduction (Bishop & Forbes, 1986; Sainty & 

Jacobs, 2003). As the end of the Wet season nears, water levels drop and aquatic vegetation 

begins to die back (Sainty & Jacobs, 2003). Floodplain vegetation communities of dense 

grass and sedgelands, composed of introduced paragrass (Brachia mutica), endemic wild-

rice (Oryza spp.), hymenachne (Hymenachne acutigluma) and Pseudoraphis spinescens, 

spike-sedge (Eleocharis spp.), water primrose (Ludwigia spp.), willow weed (Polygonum 

spp.) and water-lily species (Nymphaea spp., Nymphoides spp. and Nelumbo 

nucifera)(Finlayson et al., 1989; Vardavas, 1989), also decline. Aquatic fauna retreat to 

permanent waters such as billabongs, or enter diapause or aestivate (Paltridge et al., 1997). 

Phytoplankton production increases throughout the Dry season as oligotrophic waters of the 

Wet season proper recede (when waters are flowing they are especially low in concentrations 

of nutrients and other solutes). Productivity also increases with distance downstream, with 

the nutrient status of billabongs ranging from oligotrophic to eutrophic (Humphrey et al., 

1990). 

Zooplankton fauna of the ARR is characterised by Malaysian affinities and by the virtual 

absence of species commonly found elsewhere in the tropics (Koste, 1981). However, many 

of the zooplankton species remain undescribed. Although uncommon in lotic waters such as 

the creek proper, they are a significant component of the fauna of the slower flowing and 

lentic waters (i.e. billabongs) of this system (Humphrey & Bouckaert, (in prep)). 

Aquatic macroinvertebrate communities are a diverse and abundant component of the biota 

of creeks and billabongs in the Alligator Rivers Region, typically being dominated by 

immature stages of insect species (Cranston et al., 1997). These communities develop during 

the Wet season periods of flow, with their abundance and community structure changing 

over time as flow drops and pools begin to develop (Marchant, 1982c; Outridge, 1988; 

Paltridge et al., 1997; McCullough, 2001). As flow recedes at the end of the Wet season, 

natural pools of various sizes develop along the mid-reaches of Magela Creek. Typically, 

these pools contain a diversity of plants and animals, with macroinvertebrate and fish 

communities in neighbouring pools as different as those from pools separated by many 

kilometres (Woodland & Ward, 1992; Paltridge et al., 1997; McCullough, 2001). Early Dry 

season macroinvertebrate communities of pools are typically very similar to those occurring 

during the flowing creek stages (Jones, 1995; Tripodi, 1997). Creek pool communities then 

begin to diverge from each other in structure during this period of isolation, as pools are 
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exposed to both different founder effects and also different environmental influences, e.g. 

pool volume, over the Dry season as they evolve (McCullough, 2001; Pidgeon & Boyden, 

unpublished). Pools diminish during the Dry season, and many dry out completely before the 

next Wet season. For the majority of middle-reach pools, a successional cycle of pool 

community development and structural changes proceeds until the pools dry out completely. 

The aquatic biota of these pools either perish, or tolerate or resist this dry phase through 

aestivating stages or migrating to permanent water bodies before recolonising at the start of 

the next Wet season (Marchant, 1982a, b, c; Paltridge et al., 1997). During the time of 

rainfall decline at the end of the Wet season, many fish species migrate to permanent refugia 

in billabongs (Bishop et al., 1995; Bishop & Walden, 2003a, b). Creek pool fish 

communities will eventually perish through piscatorial and avian predation or desiccation 

(Woodland & Ward, 1992). Until the seasonal waters again begin to flow, permanent deep 

water billabongs may therefore act as important refugia for many biotic groups (Marchant, 

1982b, c; Everts, 1997; Gunn, 1997; Lahr, 1997; Paltridge et al., 1997; Tripodi, 1997). 

From the results of faunal and floral surveys, there does not appear to be any species of an 

aquatic or semi-aquatic nature restricted to the downstream reaches of Magela Creek and not 

found elsewhere in the ARR (Humphrey, 1999). 
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1.4 Mining influences on Magela Creek 

1.4.1 Ranger Uranium Mine (RUM) 

Although mining activity is widespread across Australia, most of Australia’s uranium is 

concentrated within the Top End of the Northern Territory, in the Alligator Rivers Region 

(ARR) (Supervising Scientist, 2002a). Orebodies that comprise Ranger Mine were 

discovered as anomalies during airborne radiometric surveying of an ancient geological 

basin known as the Pine Creek Geosyncline, in October 1969 and were confirmed by test 

drilling in the mid-1970s. Construction of RUM commenced shortly after 1979, and as 

recommended in the Federal Government’s subsequent Ranger Uranium Environmental 

Inquiry (Fox Inquiry) (Fox et al., 1976, 1977), Stage 1 of the long-proposed Kakadu 

National Park came into being (Press et al., 1995; Lawrence, 2000). 

The 520 hectare Ranger Project Area (RPA) is located within the 79 km2 mining lease and 

now completely surrounded by Kakadu National Park. Energy Resources Australia (ERA) 

has been mining and processing uranium ore at its Ranger Mine since May 1980. 

1.4.1.1 Water management considerations 

Climatic influences have greatly shaped mining practices at RUM since operations began 

20 years ago. The influence of the Northern Territory’s two distinct seasons, the “Wet” and 

the “Dry”, makes water management the primary environmental consideration for RUM’s 

operations. The operations also have to contend with both high inter-annual and spatial 

rainfall variability (Taylor & Tulloch, 1985). For example, rainfall recordings at RUM can 

vary by 300 mm between sites merely 2 km apart (RUM unpublished data).  

Although RUM’s original Environmental Impact Statement (EIS) factored for no discharge 

of mine waters outside of the mining lease, a poor understanding of climatic conditions of 

the area led to the accumulation of contaminated waters within the lease (Mudd, 2003). The 

two main mine contaminants in mine waste waters reaching Magela Creek include uranium 

and magnesium (the latter associated with elevated sulfate concentrations). Magnesium has 

been identified as the main constituent of concern in RUM wastewaters (Supervising 

Scientist, 2002b). As a consequence of concerns about waste water constituents, water at 

RUM is now partitioned depending on its use and where it was collected. The main excess 

water collection points are as follows: 

Retention Pond One (RP1) and Two (RP2) 

RP1 collects uncontaminated water run-off from surrounding woodland together with all 

water run-off from the base of the mine tailings dam wall (LeGras & Klessa, 1997) and 

associated seepage, the constructed wetland filter, flood irrigation area and from all low-
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grade waste rock stockpiles also located in its catchment (Figure 1). Waste rock 

accumulating in the catchment of RP1 contributes magnesium sulfate to waste water 

chemistry from weathering and oxidation of magnesite, chlorite and minor sulfites (Waggitt 

et al., 1993; Overall et al., 2003) to sulfuric acid. This acid reacts with magnesium rich 

component rock types such as clinochlore, leuchtenbergite, and a range of montmorillonitic 

clay minerals (Armstrong, 1986), mobilising magnesium (LeGras et al., 1993). The presence 

of carbonate minerals in the waste rock matrix produces alkalinity that neutralises remaining 

acidity (Acid Mine Drainage, AMD) (Harries, 1997; Earman & Hershey, 2004). 

RP1 is Ranger’s cleanest water storage body and, except in Wet seasons of unusually low 

rainfall, its high solute waters are allowed to overflow into the natural Coonjimba Billabong 

and from there directly into the middle reaches of Magela Creek (Erskine & Saynor, 2000) 

Although RP1 is reported as having an elevated electrical conductivity (EC) (ca. 400 µS/cm) 

largely unchanged since 1990 (Overall et al., 2003), concentration of all solutes, and 

consequently EC, has been significantly increasing over seasonal cycles for some years now 

(Figure 5). 

Total mass of solute discharged to the Creek from RP1 was 155 t for the Wet season of 

1999–2000 and 185 t for the higher rainfall period of the Wet season of 2000–2001 (Overall 

et al., 2003). Further solute loads have also been observed moving along a hydraulic gradient 

into both shallow and deep aquifers (Martin & Akber, 1996; LeGras & Klessa, 1997). 

Water within Retention Pond 2 (RP2) has a high EC (ca. 1 000 µS/cm) and is comprised of 

rainfall run-off and wash down from workshop areas, a power station and from higher-grade 

ore stockpile areas. The excess water collected in the RP2 system is dissipated during the 

Dry season by passing the water through a wetland filtration system. The treated RP2 water 

is then irrigated at three designated areas within the RUM lease (Willet et al., 1993). The 

major solutes of this waste water are also magnesium and sulfate (Klessa, 2000, 2001). 

Using the more concentrated waters of RUM Retention Pond 1 as an indicator of waste rock 

run-off chemistry, there is a highly significant relationship between both magnesium and 

sulfate in RUM mine wastewaters (Figure 6). 
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Figure 4  Primary sources of mining waters that are released to Magela Creek catchment. Magnesium 

sulfate pathway to Creek shown by arrows (after Mudd and Ludlam (2000)). 
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Figure 5  Regression of smoothed magnesium, and sulfate within RP1 over time (all regression 

statistically significant p<<0.01). 

 

Figure 6  Least-squares linear regression of magnesium on sulfate- for RP1 waters 

(y = 0.140x + 55.290, p<<0.001) 

Although there is little baseline data on downstream water quality for Magela Creek prior to 

development of RUM (Supervising Scientist, 2002c), an extensive dataset has been collected 

from the monitoring point “MCUS” immediately above the influence of the mine. Both 

natural suspended solids and dissolved loads for the ARR and Magela Creek are extremely 

low (Hart & MacGregor, 1980; Hart & McGregor, 1982; Hart et al., 1987a; Humphrey & 

Dostine, 1994). Dissolved solutes are also especially low relative to suspended solids, as has 
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been found with many of the world’s major tropical rivers (Douglas & Spencer, 1985; 

Roberts, 1991b, a). Ionic composition of Wet season waters is of the concentration rank 

order of sodium > magnesium ≈ calcium > potassium for cations, and bicarbonate > chloride 

> sulfate for anions (Humphrey et al., 1990). Electrical conductivity for Magela Creek 

ranges from 5 µS/cm during flood peaks to 47 µS/cm during low flow periods due to simple 

dilution of solutes (ERA, 2003). 

Approximately 5 km downstream of RUM, at the downstream compliance monitoring site 

“GS821009”, EC becomes elevated through natural solute additions from tributaries and 

their billabongs, as well as anthropogenic mine-derived additions, which include uranium, 

magnesium and sulfate in their dissolved fraction (Humphrey et al., 1999; Klessa, 2000) 

(Table 2). However, statistically significant ion increases are only noted for the solutes Al, 

U, Mn, Mg and SO4 (Klessa, 2001). There are also few contributions of acid-generating 

sulfides and associated metals by RUM to this downstream water (Humphrey et al., 1999) 

(Figure 8). 

 

Figure 7  Magela Creek major solute data at monitoring site MCUS (GS8210067) upstream of RUM 

(smoothed data) (ERA, 2003). 
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Table 2  Mean baseline (pre-mining) and mining phase concentrations, and 2000–2001 Wet season 

concentrations of major dissolved ions (mg/L) upstream and downstream of RUM (Klessa, 2000, 

2001). 

 Magnesium Sulfate Calcium 

Baseline (pre-mining) (GS009) 0.72 0.62 0.65 

Mining phase (GS009) 0.98 1.68 0.48 

2000-2001 Wet Season    

Upstream (MCUS 0.53 0.48 0.39 

Downstream (GS009) 1.17 2.40 0.45 

 

 

Figure 8  Magela Creek major solute data at monitoring site GS821009 downstream of RUM 

(smoothed data) (ERA, 2003). 

1.4.2 Summary 

Management at RUM aims to minimise the impact on natural water bodies of the mineral 

lease by using selective storage, treatment or disposal of water depending on rainfall levels 

and level of contamination (Supervising Scientist, 2002a, c). Water run-off from RUM 

occurs during the Wet season, and for a few months thereafter, as part of this environmental 

water management strategy. As discussed, these mine waters are elevated in various solutes, 

primarily in magnesium sulfate, and reach the Magela Creek during the Wet season via the 

primary paths of the land irrigation area and overflow of RP1 into Magela Creek via 

Coonjimba Billabong. 
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Given adequate organic matter and anaerobic conditions (e.g., through soil remaining wet) 

sulfur can accumulate in sediments, (Nedwell, 1982; Johnson & Hallberg, 2003). However, 

magnesium is more conservative and is not expected to undergo any physical or bio-

chemical attenuation (Fordham 1993; Somlev & Banov, 1998; Batterham & Overall, 2000; 

ERA, 2000). The catchment of RP1 will, therefore, continue to accumulate run-off from 

mining-evolved landforms until decommissioning, thus maintaining an early Wet season 

spike in solute loading through to Magela Creek. 
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1.5 Thesis aims and structure 
The literature review above shows how varying views about the relevance of data pertaining 

to different scales of observation (namely, single-species ecotoxicity tests to higher-scale 

studies) have been presented by different authors. The present study, conducted with 

differing scales and approaches, was intended to contribute to a better understanding of how 

such studies of differing scales and approaches relate to each other. A key research issue was 

to compare the sensitivity of responses found in ecotoxicological experiments of different 

spatial scales as means of validating (or refuting) the use of laboratory-derived 

measurements used as a basis for setting regulatory criteria. 

A primary point of interest was the apparent disparity between the low toxicity of 

magnesium sulfate reported in laboratory tests in the literature and apparent field effects 

observed in water bodies near the RUM site at concentrations well below these reported 

levels. This discrepancy raised further key research questions that are also explored in this 

thesis, including the following primary aims. 

1. To determine which ion in the magnesium sulfate molecule is primarily contributing to 

environmental toxicity. 

2. to examine if environmental conditions are responsible for observed toxicity, including 

possible chemical synergism or antagonism exacerbating or ameliorating toxicity 

respectively (i.e. modifiers of toxicity). 

3. To determine a possible mode of action of any observed toxicological response. 

As part of the applicability of these findings, secondary aims included: 

4. To describe the responses of aquatic organisms native to Magela Creek to a range of 

concentrations of magnesium sulfate, in both laboratory toxicity tests, field mesocosms 

and nearby natural water bodies. 

5. To determine the magnesium sulfate concentration at which population responses of 

aquatic organisms native to Magela Creek and nearby water bodies are significantly 

altered. 

6. From the concentration of magnesium sulfate determined in 2, to suggest a standard for 

the safe release of the salt from the RUM site to the environment during operational and 

rehabilitated phases of mining at RUM. 

In order to address the study objectives, this thesis is structured accordingly: 

Chapter 1 (INTRODUCTION) is an introduction and discussion of the concepts of water 

quality derivation at different spatial and organismal scales. This chapter examines 
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advantages and disadvantages of different approaches, from laboratory-based 

ecotoxicological experiments of short duration and higher precision, through to community 

and ecosystem-scale approaches such as microcosms/mesocosms and field studies, and 

provides an overview of the study area. 

Chapter 2 (GENERAL METHODS) provides an overview of the field, laboratory and 

statistical methods used in this study. More detailed methodology for each specific approach 

is included in the respective ensuing chapters. 

Chapter 3 (LABORATORY TESTING) addresses the project’s objectives through a 

laboratory-based bioassay approach. This approach incorporates direct toxicity assessment 

techniques, using multiple single-species tests of locally occurring test organisms. The mode 

of action of toxicity, the different degrees of toxicity of the cation (magnesium) and anion 

(sulfate), and the synergy of this toxicant with other chemical species in the Ranger mine 

waste waters are examined. The role of different source populations of the invertebrate, 

Hydra viridissima, in accounting for the results of these bioassays is also examined. 

Chapter 4 (MESOCOSM EXPERIMENTS) utilises larger-scale, manipulative mesocosm 

experiments, using natural creek pools and artificial enclosures to examine magnesium 

sulfate toxicity under more controlled conditions. This chapter also explores and compares 

de novo methods for determining toxicity guideline values from multivariate data sets. 

Chapter 5 (FIELD STUDIES) re-analyses field-scale, survey data from previous ecological 

studies of the effect of RUM wastewaters on receiving billabongs and their reference water 

billabongs. This chapter also includes some novel data from ad hoc surveying for 

abundances of endemic laboratory test species in either receiving or reference water bodies. 

Chapter 6 (SYNTHESIS) discusses the results from the various approaches, comparing and 

contrasting the inherent values of ecotoxicity data derived from different scales, culminating 

in recommendations for acceptable discharge levels of magnesium sulfate to Magela Creek 

and recommendations for future work. 
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2 GENERAL METHODS 
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2.1  Data acquisition 

2.1.1 Field collection 

Study site pools were selected as natural mesocosms in the upper-middle reaches of Magela 

Creek during the Dry seasons of 2001 and 2002 (Figure 2). Pools ranged in distance from 

around 300 m to 2 km upstream of the confluence of Georgetown Creek. These pools are 

above the influence of both point source and diffuse RUM mine water influences to Magela 

Creek (Klessa, 2001). 

2.1.1.1 Environmental variables 

General water quality variables for all field experiments were collected using a calibrated 

Hydrolab Quanta multi-parameter meter. Water quality variables measured with this 

instrument included temperature (oC), pH, specific conductance (EC, µS/cm) and dissolved 

oxygen (as both % saturation and mg/L). Turbidity (Nephelometric Turbidity Units, NTU) 

was measured for 2002 and 2003 sampling only as a new model Quanta was available for 

these years. To control for diurnal variation confounding in sampling, water quality variables 

in the 2002 mesocosm study were collected at 1700 h on each sampling day. 

Water samples for concentrations of metals were collected in pre-rinsed 60 mL high-density 

polypropylene plastic (HDPE) containers, transported under darkened and chilled conditions 

and maintained in a darkened and refrigerated state until analysed. 

For the 2001 natural pool dosing experiment, Total Organic Carbon (TOC) samples were 

collected in reagent quality water-rinsed high-density polypropylene plastic containers 

(Speers & leGras, 1997) and frozen until analysed. TOC data were not collected for the 2001 

natural pool studies as previous studies in creek pools had found this expensive measurement 

to explain few changes in macroinvertebrate community structure of natural pools 

(McCullough, 2001). 

2.1.1.2 Biological variables 

Macroinvertebrates  

The macroinvertebrate sampling protocol in both study years used a modified electric 

benthic sampler (after Brooks (1994)) with a substrate sampler head surface area of 0.043 m2 

(Figure 9). This quantitative sampler filters hand-elutriated pool water and 

macroinvertebrates through a 250 µm net in a closed circuit. The sampler was operated for a 

period of 120 s for each sample and then the sample net was emptied and the sampler head 

re-positioned for the next sample. 
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Macroinvertebrate samples were removed from the electric suction sampler bag into a sieve 

of matching mesh size and then thoroughly rinsed in pool/mesocosm water previously 

filtered through another 250 µm mesh sieve. Macroinvertebrates and associated organic 

matter were placed in 250 mL sample jars and then fixed in 80% ethanol, with a few drops of 

glycerine added (to maintain flexibility of preserved animals). 

 

Figure 9  Modified electric suction sampler used in community ecotoxicology sampling, after Brooks 

(1994). 

Microinvertebrates 

Due to cost restrictions, microinvertebrate samples were only collected for the 2002 study. 

Samples were collected from the water column in the centre of each mesocosm by rapidly 

lowering down into the water a 20 L plastic carboy. The carboy sampler was then removed 

from the mesocosm and filtered through a 30 µm plankton net with a 200 mL vial at its base. 

The plankton net was thoroughly rinsed with 90% ethyl alcohol between each sample 

filtering to ensure a strong concentration of fixative was maintained in all samples. Sample 

vials were topped up with 100% ethyl alcohol for a final sample alcohol strength of around 

80% (Black & Dodson, 2003). 

Diatom communities 

Artificial substrates for periphyton sampling (“periphytometers”) were used to quantify 

diatom community structure, in addition to controlling for substrate differences. Diatom 

communities were studied for the mesocosm study only (2002). Unlike many of the other 

taxonomic groups studied, there are no established standard methods for assaying diatom 

communities (Aloi, 1990). Therefore, this study relied upon previous reporting of exposure 
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times required to achieve a climax community and a sufficiently thick diatomaceous film and 

hence representative periphyton community to develop (Elwood & Nelson, 1972; Tuchman 

& Blinn, 1979; Korte & Blinn, 1983; Aloi, 1990; Matveev, 1993). Given the lack of 

standardisation in the use of artificial substrates in periphyton studies (Reid et al., 1995), 

there was an emphasis on thorough documentation of our methodology to facilitate result 

interpretation and repeatability. 

The periphytometers used to sample benthic diatom communities in this study consisted of 

an acrylic plastic frame with 10 glass microscope slides (25 mm x 75 mm x 

1 mm = 18.75 cm2 surface area on each slide side) inserted vertically (John, 2000a, b) so as 

to reduce the extent of siltation through settling of suspended solids (Biggs, 1988; APHA, 

1998). This periphytometer design and slide orientation is one of the most common forms of 

artificial substrate recommended for experimental studies (Aloi, 1990; APHA, 1998). 

Prior to use, new glass slides were first rinsed in Neutracon Decon laboratory detergent 

and then soaked in 5% HCl for 48 h to remove production residues. Twenty-five 

periphytometers were utilised, one for each of the five replicates of the five treatments, with 

each periphytometer placed on the sandy benthos in the centre of the mesocosm. 

Periphytometers were deployed two weeks prior to dosing mesocosms with magnesium 

sulfate (i.e. week -2 to week 0), exposed for two weeks and then retrieved. The 

periphytometers were then wrapped in wetted cloth and placed in the dark in an insulated 

container containing ice-cold water. Periphyton samples were then returned to the laboratory 

where they were fixed (see below). Mesocosms were then dosed with magnesium sulfate. A 

day was allowed for disturbance from dosing to settle, and then new cleaned slides were 

replaced into the periphytometers for redeployment. This second deployment was for a 

longer period, of 4 weeks (i.e. week 0 to week 4), because only low levels of microbial 

accretion were evident after the initial two-week period of deployment (personal 

observations). 

Upon return to the laboratory, each of the 10 slides from each periphytometer was carefully 

scraped clean with a razor blade into 30 mL of demineralised water, and a few drops of 

alcohol and 3–4 drops of Lugol’s solution added. Due to cost restrictions, random selection 

of four replicates from each treatment, with the same replicates chosen for both times, were 

analysed for both the pre- and post-dosing sampling events. 

Phytoplankton 

In both 2001 natural pool and the 2002 mesocosm experiments, chlorophyll pigment 

concentrations within the 2001 pool or 2002 mesocosm waters were used as an indicator of 

algal biomass and phytoplankton community structure. For the natural dosed pool 
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experiments, a replicate sample was taken in 250 mL plastic screw-cap jars from 5 cm below 

the surface on the edge of pools at post-dosing week 2 from each of two randomly selected 

pools per treatment (= 5 treatments x 2 replicates). For the 2002 mesocosm study, a single 

2.5 L sample from each replicate tub (= 5 treatments x 5 replicates) was taken of water 

column water with amber Winchester bottles, from 10 cm below the surface of the centre of 

the mesocosm. In all sampling events, samples were immediately placed into a darkened 

insulated container containing ice and taken back to the laboratory for further processing. 

2.1.2 Laboratory methods 

2.1.2.1 Environmental variables 

Water samples (including a blank) were taken for all laboratory ecotoxicological tests to 

confirm nominal concentrations of chemical variables and also to assess for contamination 

from other metals. Water samples for laboratory examination were filtered to 0.45 µm to 

remove particulate material, as it is typically assumed that metals in their dissolved phase are 

bioavailable from the ambient environment (Struijis et al., 1997). Measured concentrations 

were used in all analyses for determination of NOEC (no-observed-effect concentration) and 

LOEC (lowest-observed-effect concentration) endpoints and point estimates (see Chapter 

2.3.3–Data manipulation and analysis, for statistical analysis details). Additionally, pH, 

conductivity and dissolved oxygen were measured from the previous day’s test solutions and 

from new replacement test solutions (Riethmuller et al., 2003) to help explain unexpected 

experimental results. 

Dosed natural pool (2001) analyses of magnesium, sulfate and calcium were performed 

using High Performance Liquid Chromatography (HPLC) within the eriss (Jabiru) 

laboratories (LeGras, 1993). Inductively Coupled Plasma Absorbance Emission 

Spectrometry (ICP-AES) scans were performed to determine major ions of water chemistry 

(i.e. Ca, Mg and SO4) in laboratory ecotoxicology testing and mesocosm and field water 

sampling. Minor ions were determined by semi-quantitative Inductively Coupled Plasma-

Mass Spectrometry (ICPMS) for each water sample taken on the same days to confirm the 

absence of significant concentrations of minor ions (i.e. Al, Cd, Cr, Cu, Fe, K, Mn, Na, Ni, 

Se, U, Zn ) (Noller, 1994). ICP-AES and ICP-MS analyses were made by Northern Territory 

Environmental Laboratories (NTEL). 

Laboratory analysis for dissolved organic carbon (DOC) measured in surface waters of the 

dosed natural pools was via an OI Analytical Ltd Model 700 TOC analyser, with only the 

results of the second of two replicates recorded to minimise inter-sample residue carry 

through. 
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Combustible Fine Particulate Organic Matter (FPOM) (0.45–500 µm) was determined for 

the dosed natural pools study by filtering 1 L benthic sampler filtrate samples through glass 

fibre paper (GFC) filter discs of approximately 0.45 µm median pore size. This retained 

material was dried for 24 hours at 105oC, weighed and then ashed for 24 h at 550oC and 

weighed again. The difference between the sample dried and ashed weights was then 

determined to give FPOM c.f. Dostine et al. (1992). 

Combustible Coarse Particulate Organic Matter (CPOM) (500 µm–2 mm) was also 

determined for both the dosed natural pools and mesocosm study. Macroinvertebrate 

samples were first elutriated in a photographic developing tray to separate lighter organic 

material from the denser quartzite sands. Organic material was then filtered through nested 

2 mm and 500 µm sieves into a ridged white plastic photographic developing tray. Samples 

from the CPOM fraction were placed into a white photographic developing tray and sorted 

through with two bidirectional passes for larger macroinvertebrates by eye. After removal of 

macroinvertebrates, the coarser fraction retained on a 2 mm sieve was then placed into a 

small aluminium foil dish and dried for 24 h at 105oC and weighed to give CPOM dry 

weight (Minshall, 1996). 

2.1.2.2 Macroinvertebrates 

Laboratory macroinvertebrate sorting began with the macroinvertebrates from the larger 

fraction CPOM sieving. Organic matter was elutriated from the denser inorganic sand in the 

ridged white plastic photographic developing tray and sieved at 250 µm. The 250 µm sample 

was then placed into a four-channel sorting tray and sorted through for two bidirectional 

passes with a Leica MZ12 stereo dissecting microscope under 10X magnification with a 

1.0X apochromatic objective. Macroinvertebrates from both the larger fraction CPOM 

sieving and from the smaller fraction sorting tray were also identified under this same 

microscope. 

In samples with very high numbers of cladocerans, copepods and ostracods (e.g., greater 

than 200 individuals in the final count), these taxa were ignored in the first two-pass count. 

A 20% subsample of the remaining fraction (organic matter and crustacean taxa) was then 

two-pass counted again for these high abundance taxa. Subsampling was via a Caton-type 

100 cell subsampler after Marchant (1989) with cells chosen randomly with a random 

number table. Prior to removal, samples were well shaken in the subsampler to break up 

organic clumps and therefore increase the random nature of the following settling (Lund, 

1999). Samples were entered into the eriss macroinvertebrate database for later extraction 

and analysis. 
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Identification of animals sorted from surrounding debris was made to appropriate taxonomic 

levels based on the work of O’Connor et al. (1995; 1997) and Faith et al. (1991; 1995) on 

the influence of taxonomic resolution to determining receiving water effects. These works 

indicated that there was not a large increase in the power of the analysis to discriminate 

between receiving water types above family taxonomic resolution. This approach has been 

further supported by work indicating that a decrease in small-scale variability occurs at 

taxonomic levels greater than species, yielding a clearer picture as to the effect of an impact 

(Olsgard et al., 1997; Olsgard et al., 1998; Stark, 2003). In this context, the following 

rationale was pursued. Where animals were difficult to key (e.g., due to larval instars being 

too small of size, external damage to animals, or lack of taxonomic information), and the 

differences in ecology between these lower levels did not justify the extra effort (Hawking, 

1993; Choy et al., 1998; Barbour et al., 1999), these animals were only keyed to the higher 

taxonomic levels such as order e.g., orders Collembola and sub-order Oribatida and 

remaining Acariformes. Where identification was relatively simple and reliable, and/or 

significant differences in ecology were suspected, keying was to genus in some cases e.g., 

Tasmanocoenis spp. and Austrogomphus spp. 

The taxonomic levels and keys used in this study were as follows. 

Mites (order: Acariformes) were separated into oribatid mites and remaining suborder 

members due to differences in feeding ecology via Harvey & Growns (1998). Caddisfly 

larvae (order: Trichoptera) were identified to genus level in most cases via Cartwright 

(1997), St Clair (1997; 2000), and Wells (1985; 1991; 1997) with Helicopsyche larvae 

identified to species level via Johanson & Ka (1995) and Wells (1991). Beetle larvae (order: 

Coleoptera) were sorted to family level in the case of Dytiscidae and genus in the case of 

Elmidae (Glaister, 1991, 1999). Mayflies (order: Ephemeroptera) were sorted to family level 

in the cases of Leptophlebiidae and Baetidae and genus in the cases of Caenidae (Suter, 

1992). Two-winged flies (order: Diptera) were generally sorted to family level, with tribe in 

the cases of the family Culicidae and subfamily Chironominae and other Chironomidae in 

the case of Chironomidae (Cranston, 1991). Dragonflies (order: Anisoptera) were sorted to 

family level in the cases of the Corduliidae, and species in the cases of the family 

Gomphidae via Hawking, (1993). Molluscs were identified to genus level via Smith (1996). 

Decapod crustaceans were identified to family level using Horwitz (1995). In addition to 

these specialised keys, the general keys of Williams (1980) were also used as an accessory 

aid. 

2.1.2.3 Microinvertebrates 

Russel Shiel (University of Adelaide) applied the following methodology for his 

microinvertebrate sorting and identification in this work. 
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Ethanol preserved samples were concentrated to 100 mL by gently withdrawing the 

supernatant from the settled volume using a bulbed 10 mL Kimax pipette, without disturbing 

the settled contents. This 100 mL was then decanted and the sample bottle flushed into a 

measuring cylinder, sealed with Parafilm, its volume recorded, and then inverted several 

times to thoroughly mix the contents. A 1 mL auto-pipette was used to extract 1 mL quickly 

from the agitated volume and the cylinder was then resealed. This 1 mL was then drained 

into a 1 mL Sedgewick-Rafter counting cell, with a 1–2 drops drop of distilled water added 

to displace any bubbles before a coverslip was placed on the counting cell. The entire 1 mL 

contents were enumerated by grid rows, with taxon identified where possible, in the 

Sedgewick-Rafter counting cell at 20 times magnification with Nomarski interference 

contrast optics. If taxon identification was not possible within the counting cell, then the 

contents were decanted into a glass well-block at the end of the count with the suspect 

organisms extracted for high-powered microscopy (up to 1,600 times magnification). Keys 

used for identification were largely from Shiel (1995), with more recent keys used where 

available e.g., Nogrady & Segers (2002). Most microinvertebrates were identified to genus 

or species level. 

The total cell-count was then multiplied by 100 to provide an estimate of the number of 

individuals in the bulk sample, and then divided by 20 to give microinvertebrate density per 

litre. (Original sample volume from the mesocosms was for 20 L). 

For each sample series there was a single triplicate series of 1 mL aliquots. The first was 

counted, then returned to the original sample, agitated, a second 1 mL subsample extracted, 

counted, returned etc., to give a sub sampling error value. This sub-sampling error was 

typically around 2%, which was expected to be more than enough accuracy for the sampling 

method (Russ Shiel, University of Adelaide pers comm). 

Phytoplankton also collected in the pelagic sample (>30 µm) were identified by Russel Shiel 

to three broad groupings to provide for extra phytoplankton community information. These 

categories were dinoflagellates (including Peridinium), monads (including Trachelomonas) 

and greens (including Staurastrum and Cosmarium). 

2.1.2.4 Diatoms 

Paired samples for week 0 and post-dosing week 4, were prepared, counted and identified by 

Diatomata Ltd (University of Adelaide) as follows. Cells were identified using the keys of 

Gell et al. (1999). 

Diatom sorting methods follow Battarbee (1986), with the exception that samples were not 

given the first treatment of HCL as it was not necessary to remove carbonates from this 

study’s samples. Sample processing may be summarised as follows: 
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Twenty mL of decanted original sample was first removed with a pipette and added to a 

beaker. Beakers were topped up with 10% hydrogen peroxide and allowed to simmer for 2 h 

to remove organics. After allowing beakers to sit covered and undisturbed for a minimum of 

6 h, all but approximately 10 mL of sample was decanted and replaced with distilled water. 

This was repeated twice for a minimum of 6 h between washes to enable all diatoms to 

settle. Following the final decantation, the beakers were filled to 20 mL, and whilst all 

particulates were in suspension, a sample was placed onto a coverslip. Although standard 

coverslip samples are normally 0.4 mL, due to the very small number of diatom valves in 

some of the samples, three times this volume (1.2 mL) was sorted instead. When dried again, 

the coverslips were inverted onto a warmed microscope slide and sealed with the mountant 

Naphrax. Two coverslips were utilised per slide with a maximum of 150 valves counted (i.e. 

75 valves per coverslip). 

Cell density calculation methods were as follows: 

 

Equation 1.  cell density (valves/mL) =
v

flyx ××)/(
v

flyx ××)/(
 

 Where x = Number of valves counted 

  y = Number of mm of transect 

  f = Number of fields per view 

  l = coverslip length 

  v = volume of fluid under coverslip 

 

Note that valves/mL is an approximation only and is based on the overall length of transects 

travelled to count the total number of diatom valves. 

2.1.2.5 Phytoplankton 

Characterisation of algal community structure through photosynthetic pigment compositions 

has proven to be a rapid and accurate measure of community composition and health (Jeffrey 

et al., 1999; Noble et al., 2003). In this current study, phytoplankton community structure 

was characterised through use of chlorophyll a, b and c pigment as uncalibrated proxies for 

broad algal classes (Jeffrey et al., 1999). It is unusual to identify specific community 

components of the photosynthetic pigment signature, as a difference from reference 

conditions still represents an impact, albeit cause unqualified (Noble et al., 2003). 
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For the 2001 mesocom pool dosing studies, processing and analysis of phytoplanktonic algae 

closely followed the recommendations of Steineman and Lamberti (1996) and Franson et al. 

(1998) as local experience has found fluorescence methods to be poor indicators of algal cell 

numbers (Hart et al., 1982a). All processing took place under low-light conditions to reduce 

light induced chlorophyll degradation (APHA, 1998). 

On return to the laboratory, each water sample was promptly filtered through ‘Whatman’ 

brand ultra-fine glass fibre paper (GFC) filter discs of approximately 0.45 µm pore size. 

Typically three discs were required due to clogging of the filter pores with organic material. 

Unused discs were added to samples to maintain this total of three discs where less than 

three filter discs had been required, to prevent bias and confounding due to difference in 

turbidity of samples. The resulting filtered material and filter discs were then placed into 

40 mL of a 90% acetone/water mixture in a 60 mL HDPE bottle, shaken and then 

refrigerated at 4oC for 24 hours. Samples were finely ground in a ‘Janke & Kunkel Ultra-

Turrax T25’ tissue macerator at 24 000 RPM for 10 minutes, then refrigerated at 4oC for a 

further 24 h. Following further removal of chlorophyll into solution, the sample bottles were 

centrifuged at 1 200 RPM for 15 minutes at 4oC in a refrigerated ‘MSE Coolspin’ centrifuge 

to clarify. Three mL of clear sample was then analysed for discrete spectral absorption in a 

‘Perkin Elmer Lamba 2’ scanning UV/visible spectrophotometer at the wavelengths 630 nm, 

645 nm, 664 nm and 750 nm corresponding to chlorophylls a, b and c respectively. 

Calculations to convert these sample concentration values to study pool concentrations of 

chlorophyll were then made according to APHA (1998). 

Chlorophyll samples from the 2002 mesocosm experiment were analysed by commercial 

laboratories at Charles Darwin University (Niels Munksgaard) using two spectrophotometric 

methodologies from a homogenised and then split sample: (i) the trichromatic method was 

used to give chlorophyll a, b and c, and (ii) an acidification method with HCl was used to 

remove phaeophytin and thereby increase chlorophyll a accuracy. Both methods followed 

APHA (1998). 

For the mesocosm studies, algae simultaneously collected with zooplankton were also 

broadly quantified by Russ Shiel (University of Adelaide). 

2.1.3 Data manipulation and analysis 

Both single-species bioassay and ecological community data were analysed using 

complementary standard univariate and multivariate techniques c.f. Anderson and 

Underwood (1997). 
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2.1.3.1 Univariate analysis 

Robust smoothing techniques were utilised to tease out a signal from often very highly 

variable time-series water chemistry data (Cleveland, 1979; ANZECC/ARMCANZ, 2000a). 

For this study, smoothing of highly variable data was accomplished within the software 

SigmaPlot using a single-factor negative exponential polynomial, with a sampling proportion 

of 0.10 (Cook & Peters, 1981; SPSS Inc., 2000). 

To enable a comparison between the responses of different taxa and their endpoints, dose-

response data were normalised according to the following equation. 

 

Equation 2.  Formula followed for normalisation of treatment responses. 

100
response Control

responseTreatment 
   Response ×








=

 

 

 The associated errors of these responses were normalised as. 

 

Equation 3.  Formula followed for normalisation of treatment response errors. 

100
responseTreatment 

error standardTreatment 
  error  response  treatmentNormalised ×








=

 

 

To more clearly demonstrate biological response to toxicant concentration, non-linear 

regressions from these data were fitted with SigmaPlot (SPSS Inc., 2000) via iterative trial 

and error of a number of sigmoidal functions frequently utilised and recommended in 

ecotoxicological model-fitting (e.g., logistic, Weibull) (Moore & Caux, 1997). Final dose-

response model preference was given to models with the most parsimonious solution for 

adjusted r2-values (fewest variables giving the best fit) by least-squares regression sensu 

(Box & Jenkins, 1970). 

Statistical endpoints for all toxicity experiments included hypothesis-testing values (NOEC 

values and LOEC values; see below), and also IC50 point estimates (toxicant concentration 

producing a 50% inhibition in reproduction) (Pack, 1993). The additional reporting of point 

estimates followed the recommendations of van Dam and Chapman (2001) with either 

trimmed Spearman-Karber or linear interpolation methods used as applicable (Hamilton et 

al., 1977). Fifty percentile effect values have the advantage of being a) accepted summary 



GENERAL METHODS 

39 

statistics in ecotoxicology, b) regression points representing the smallest confidence interval, 

and c) regression points being the least model-dependent (Moore & Caux, 1997). 

Nevertheless, to be able to confidently estimate an ECp value a dose-response relationship 

must first be evident (van Dam & Chapman, 2001); dose-response models were therefore 

tested for goodness of fit via an F-test. 

Unless NOEC/LOEC data from range-finder tests were of a comparable concentration range, 

only definitive test data were used to derive endpoints. Where a non-monotonic dataset 

prevented the use of these, measurement data were adjusted via Abbott’s correction (Abbott, 

1925). 

Other than simple abundance and species richness indices, other indices e.g., the evenness 

index (J’) (Pielou, 1966) were not employed due to a complementary multivariate approach 

negating the need without the reduction and loss of data encountered with these methods 

(Resh & Unzicker, 1975; Washington, 1984; Stark et al., 1999; Hubálek, 2000). 

If data was normally distributed, univariate ANOVA was used to test for differences of 

means amongst different groups. Prior to analysis by univariate parametric methods e.g., 

ANOVA, sample data were first tested for normality via the Shapiro and Wilk (1965) Test. 

This test is recommended for sample sizes less than 50 (D'Agostino et al., 1990; Gan & 

Koehler, 1990) although ANOVA is reasonably robust to even moderate departures from this 

assumption (Salsburg, 1986; Underwood, 1997). Following the test for normality, the 

assumption of homogeneity of variances amongst treatments was also then tested for via 

Levene’s Test on transformed and untransformed data (Levene, 1960; Sokal & Rohlf, 1981). 

For univariate statistical analyses, ratio data were log10(x+1) transformed to ensure normality 

and homogeneity of variances. Graphical methods (plots of residuals, normal plots) were 

also examined to ensure these assumptions were met (McGuiness, 2002). For proportional 

data, values were arcsine transformed to meet these same parametric assumptions (Smith, 

1995; Underwood, 1997). 

Following an observation of a statistically significant difference, post hoc multiple 

comparison tests and pairwise-control comparisons determined the nature of these 

differences. Differences amongst all treatment groups were tested for with Tukey’s HSD 

(Highest Significant Difference) (Tukey, 1953), and differences between control and all 

other treatments were tested for by Dunnett’s (1980) pair-wise tests (Day & Quinn, 1989). 

Dunnett’s test was used for single species bioassays to determine the lowest-observed-effect 

concentration (LOEC), and the no-observed-effect concentration (NOEC). 

To avoid pseudoreplication (Hurlbert, 1984), sites within water bodies were considered to be 

sub-replicates and were pooled prior to statistical analysis. The resulting means of these 
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multiple samples from the same water body (mesocosms, billabongs or otherwise) were then 

considered as replicates of their respective treatments. Hypothesis testing was therefore 

calculated from the means of water body attributes. 

For the mesocosm experiments, sample replicates from different times were considered to be 

independent of each other due to the short life-cycles of the biotic communities sampled 

(tropical invertebrates and algae) and the spacing of sampling times of three weeks or 

greater. Furthermore, less than 10% of the habitat of communities sampled repeatedly was 

disturbed by sampling on any one sampling event. Consequently, as replication of both 

factors were considered independent, repeated measures ANOVA was not considered 

necessary and simpler two-way ANOVA was used for balanced experimental designs and 

one-way ANOVA for unbalanced designs (Hurlbert, 1984; Underwood, 1997; Quinn & 

Keough, 2002). 

All univariate data analyses were performed using the software packages Minitab (Minitab 

Inc., 2001), ToxCalc (Ives, 1999), and SigmaPlot (SPSS Inc., 2000). Factors and 

relationships were considered significant if they displayed an individual or family-wise 

Type 1 error rate (wrongly rejecting the null hypothesis) of 0.05 or less (α = 0.05) (Hubbard 

& Bayarri, 2003). Higher Type 1 values approaching the value of 0.05 were also considered 

in their context, for example, small sample sizes having inherently low statistical power, for 

a more reasonable approach to their significance (Cherry, 1998). 

Where relationships were assumed to be linear, bi-variate correlations were tested for with 

Pearson’s product moment test (r). Where relationships were not assumed to be linear, 

correlations were tested for with Spearman’s rank correlation (?). 

2.1.3.2 Multivariate analysis 

Other than total abundance and simple taxa richness, biotic community structure indices 

(“metrics”) e.g., SIGNAL (Chessman, 1995) or Rapid Bioassessment Protocols (Barbour et 

al., 1999), were not used in this study. Biotic community structure indices have been 

criticised by many authors due to their estimates of toxicant tolerance being too subjective to 

the nature of the particular toxicant from which they were derived e.g., organic enrichment, 

and for their actual meaning remaining unclear (Sloof, 1983; Washington, 1984; Clements & 

Kiffney, 1994; Hickey et al., 1999; Barmuta, 2003). Additionally, the performance of these 

different indices may also be species and geographical area specific (Sloof, 1983; 

Washington, 1984; McCarty & Munkittrick, 1996). 

Although field studies with community data have relied mainly upon traditional univariate 

statistics (Maund et al., 1999), in some cases multivariate techniques have been found to be 

statistically more powerful and able to resolve finer detail than univariate methods such as 
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ANOVA (Green, 1989; Warwick & Clarke, 1991, 1992; Potvin & Roff, 1993; Maund et al., 

1999). Multivariate techniques have also proven to be more informative on causality and 

ecological consequence than other approaches to analysis of multivariate data sets such as 

the use of indices (Clarke & Ainsworth, 1993; Suter II, 1993; Olsgard et al., 1997; Carignan 

& Villard, 2002; Van den Brink et al., 2003). 

Consequently, multivariate statistical methods were applied to all community-based studies 

with multivariate data, i.e. the natural pool and mesocosms studies and many of the field 

study communities. Multivariate analyses of microinvertebrate and diatom communities 

were conducted at the highest taxonomic level determined. Multivariate analyses of 

phytoplankton communities were based upon the three chlorophyll pigment concentrations 

as an index of their community structure. Multivariate analyses of macroinvertebrate 

communities were conducted at both levels of the highest taxonomic level determined and 

also at the level of a functional feeding group. 

 Functional Feeding Groups 

Benthic macroinvertebrates were sorted into Functional Feeding Group (FFG) categories, 

with the abundance within each category representing the total number of individual animals 

of that FFG (Appendix 1–Functional Feeding Group (FFG) categories). 

The functional feeding group approach was developed by freshwater ecologists as an 

alternative to the less-detailed trophic level approach (herbivore, detritivore, carnivore) for 

understanding food web relationships (Cummins, 1973, 1974; Cummins & Klug, 1979; St. 

Clair, 1994; Merrit & Cummins, 1996; Hawking & Smith, 1997; Barbour et al., 1999). The 

functional feeding group approach is an attempt to classify organisms according to their role 

in the processing of organic matter (Cale & Edward, 1990). Quite often, an organism can be 

placed in more than one functional feeding category, especially through ontogenetic changes 

(e.g., Trichoptera: Hydroptilidae) (Havens et al., 1996), generalist feeding requirements, and 

as knowledge of their ecology continues to grow (Karr & Chu, 1997). Not commonly 

researched and used in Australia (e.g., Choy et al. (1998), Marshall & Choy (1999)), 

functional feeding groups are reasonably well-understood and more frequently analysed in 

risk assessment and macroinvertebrate assemblage studies in the USA (Birge et al., 1989; 

Merrit & Cummins, 1996; Barbour et al., 1999). 

Although structural changes of communities (e.g., replacement of a sensitive taxa with a 

lesser sensitive one) have often been found to be more sensitive as early indicators of 

ecosystem stress (Odum, 1985; Cairns & Pratt, 1986; Schindler, 1987), perturbations in 

functional feeding groups for macroinvertebrate data were examined in this study to provide 

more information on the likely effect of magnesium sulfate upon higher-level trophic 
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relationships. Although structure and function are so tightly linked that measuring one 

intrinsically measures the other, communities may be stressed sufficiently to alter their 

functional capacity within an ecosystem without altering their population abundances at 

higher taxonomic levels (Cairns & Pratt, 1986; Livingston, 1987). Conversely, sensitive 

species may be replaced by more tolerant taxa without any change in community 

functionality (Livingston, 1987; Calow, 1994; Clements & Kiffney, 1994; Harris, 1998). An 

analysis of functional feeding groups, therefore, also gives information about a higher 

dimension of the ecological significance of a stressor. Macroinvertebrate data were analysed 

by ordinations at both lowest taxonomic level (i.e. species in some cases) and at FFG level. 

 Manipulation of data prior to analysis 

Although removal of rare taxa prior to data analysis is common in many studies (Cao & 

Williams, 1999; Cao et al., 1999b; Marchant, 1999), the Bray-Curtis dissimilarity matrix is 

not easily influenced by these occasional taxa and so for this study rare species were retained 

(Clarke & Warwick, 2001). 

Transformations of abundance data for multivariate analysis were used to reduce 

contributions to community dissimilarity by abundant taxa, and consequently to increase the 

contribution to analyses of less abundant taxa (Faith et al., 1987; Austen & Somerfield, 

1997; Stark, 1998). The transformations chosen for analyses were data dependent; a wide 

range of taxa abundance values within a sample generally leading to a stronger 

transformation e.g., log10(x+1). Unlike many studies where choice of transformation is often 

largely arbitrary, transformations for the analyses of this study were primarily chosen from 

those which gave the greatest returns of most statistically powerful ANalysis-Of-SIMilarity 

(ANOSIM) results (c.f. statistical power, lowest α value) (Olsgard et al., 1997). 

Transformations of environmental data were not made (Cao et al., 1999a). All 

standardisations and transformations were conducted within the relevant PRIMER routines. 

 Ordinations of biotic community data 

Ordination is the arrangement of species and/or samples along gradients, generally used as 

an exploratory tool for the assessment of multivariate datasets. Thus the ordination is 

primarily descriptive in nature, and separates samples based on their differences in 

community structure to each other (Clarke, 1993). Ordination is also considered to be a more 

powerful class of multivariate technique than classification, being more able to detect the 

gradients and natures of clusters. However, unlike clustering, outliers have a significant 

effect on ordination (Belbin, 1991). Non-metric multidimensional scaling (nMDS), in 

particular, makes fewer assumptions than many other metric multivariate ordination models 

(Minchin, 1987; Hair Jr et al., 1998; Van den Brink et al., 2003). Non-metric 
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multidimensional scaling is therefore considered to be one of the most robust methods of 

ordination and is more reliable than metric techniques based upon principal 

components/coordinates (PCA) as well as correspondence analysis/reciprocal averaging 

(CA) as the latter make assumptions that are typically not met with biological data. These 

assumptions include 1). linearity of biotic abundance response with environmental gradients, 

the fact that biotic data is rarely of a Gaussian distribution, and (3) that biotic data often does 

not have a high signal to noise ratio. (Kruskal, 1964; Austin, 1985; Faith & Norris, 1989; 

Belbin, 1991; Bunn, 1995; Marshall & Choy, 1999). 

PRIMER software was used for all multivariate analyses other than plots of seral change 

(see below). Specifically, two-dimensional nMDS ordinations of multivariate data were 

constructed for taxa frequency data using 100 iterations, based on the Bray-Curtis 

dissimilarity matrix (Bray & Curtis, 1957; Faith et al., 1987). The Bray-Curtis distance-

measure emphasises relative structure of communities and as such is often favoured as being 

the most suitable measure for ecological distancing (Legendre & Gallagher, 2001; McArdle 

& Anderson, 2001). Ordinations with Kruskal stress values of approximately less than 

ca. 0.20 (Kruskal & Wish, 1978) were considered to be acceptable (Clarke & Green, 1988; 

Clarke & Gorley, 2001; Clarke & Warwick, 2001). 

Ordinations were examined for the presence of outliers, and if a rationale was found for their 

exclusion e.g., chemistry of the outlier was markedly unusual, they were excluded from the 

analysis. Removal of outliers only occurred on very rare occasions and is always noted. 

 Statistical testing between ordinations 

Testing for a statistically significant difference between a pair of dissimilarity matrices 

underlying different nMDS ordinations was made using the PRIMER RELATE module, 

with 9 999 iterations to produce Spearman rank correlation (ρ) values. This method was used 

to test for significance in differences of mean treatment community structure in the 

mesocosm experiment prior to and after dosing. In the derived model, a significant 

difference amongst community dissimilarities is assigned to time, dosing across a range of 

treatments from control to highest treatment concentration and time/dosing treatment 

interactions (Equation 4). 

 

Equation 4  PRIMER RELATE model to test for differences between pre and post-

dosing communities. 

 Week0+x Community =  Week0 community + time effects + dosing effects + error 

 Where: x = number of weeks after dosing. 
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 Statistical testing between treatments 

Differences between a priori treatment groups were tested using the ANOSIM permutation 

routine with 9 999 iterations (all other variables default) (Mantel, 1967; Clarke & Gorley, 

2001). ANOSIM is a hypothesis-testing tool and the multivariate equivalent of the univariate 

ANOVA. Although this method is not able to calculate an interaction term when applied to 

two-factor data sets (i.e. a “two-way” ANOSIM) (Underwood et al., 2003), ANOSIM makes 

fewer assumptions than other non-parametric methods that test for the interaction e.g., the 

novel PERMANOVA (Anderson, 2001a; Anderson, 2001b). Instead, multivariate data sets 

were analysed for the effects of dosing treatment with one-way ANOSIM. Due to a risk of 

accumulating the probability of a type I error during multiple pair-wise comparisons, the 

nature of differences amongst treatments was only examined in a post-hoc fashion i.e. 

following a statistically significant global test result. 

 Taxa contributing to differences between biotic communities 

The environmental variables and taxa most contributing to average dissimilarity between 

treatment pairs were determined using the PRIMER SIMilarity-PERcentages (SIMPER) 

routine (all default settings). This routine analyses and reports the overall percentage 

contribution that each taxon makes to the average pairwise dissimilarity between all groups 

(Clarke, 1999).  Due to the large amount of data that multiple pairwise comparisons produce 

over many treatments, pairwise comparison were examined only for the control and the 

highest concentration treatment 

SIMPER derives a number of output variables, as follows. The calculated Average 

Dissimilarity% value details the proportional contribution of each taxon to the mean 

dissimilarity differences between each treatment. The Dissimilarity/SD% is a measure of the 

variability around this average Dissimilarity%. Contribution% normalises the dissimilarity 

contribution of each taxon to that of the dissimilarity difference between each treatment in a 

diminishing order of importance from the taxon with the highest Contribution%. 

Cumulative% sums the Contribution% normalised dissimilarities as accumulating taxon 

differences between treatments are accounted for. 

A transformation matching that of the ordination and consequent ANOSIM analysis was 

made for SIMPER analysis of biological variables with Bray-Curtis dissimilarity and no 

standardisation. Euclidean distance was used prior to SIMPER analysis of environmental 

variables. 

 Relating biotic communities to environmental variables 

The BIO-ENV procedure identifies the combination of environmental variables that best 

rank correlate with the dissimilarity matrix of samples based on their biological communities 
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(Clarke & Ainsworth, 1993). These best correlating environmental variables are likely to be 

those that are most important in defining community composition. An analogy to the BIO-

ENV routine is that of best sub-sets multi-linear regression for relating environmental data to 

a biotic community. Prior to BIO-ENV analysis, environmental variables were normalised to 

the maximum value encountered (Olsgard et al., 1997; Clarke & Warwick, 2001). Prior to 

analysis, draftsman plots were created to determine which variables were highly (i.e., 95% or 

greater, Bob Clarke, Plymouth Marine Laboratory UK pers comm) Spearman rank correlated 

with each other. These variables were then deleted to leave only a single dummy variable 

which then represented all of these correlated variables. For example, the two variables 

dissolved oxygen (%) and dissolved oxygen (mg/L) were reduced to just dissolved oxygen 

(%) to form a dummy variable “dissolved oxygen” representing an index of the availability 

of dissolved oxygen. Data were then log10 transformed to enhance a linear relationship 

between variables and finally normalised to account for different variable scales (Clarke & 

Warwick, 2001). 

For both of these procedures Euclidean Distance was used to generate the dissimilarity 

matrix for environmental variables. Euclidean Distance has been found most appropriate for 

environmental data (Clarke & Warwick, 2001). The underlying assumption of BIO-ENV is 

that appropriate environmental variables have been measured such that biological 

community patterns are a function of variations in the measured environmental variables 

(Olsgard et al., 1997). The five environmental variable subsets with the highest Spearman 

Rank correlations to biological community structure were reported. 

Principal Components Analysis (PCA) was also used with PRIMER software to produce 

ordinations of environmental data. Although not suitable for analysis of biotic community 

structure (as discussed earlier), the implicit underlying Euclidean Distance matrix of this 

method makes it very suitable for environmental data, with an advantage over nMDS 

ordination that ordination axes are interpretable (Clarke & Warwick, 2001). As with BIO-

ENV, correlations between pairs of environmental variables were then examined in PRIMER 

with draftsmen plots, and sets of environmental variables with Spearman rank correlations 

higher than 95% were accordingly reduced to a single environmental variable, indicative of 

that entire group. 

 Summary of multivariate methods 

In summary, multivariate data analysis followed a procedure of data transformation, 

graphical exploration and then statistical hypothesis testing. Differences between treatments 

were examined for their primary contributors and correlations between biotic communities 

and environmental variables were then made (Figure 10). 
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Figure 10  Summary of analytical method types and their sequence used for multivariate data in this 

study. * = this statistical method was only used in Chapter 4.3–Mesocosm testing. 

 Comparing data analysis methods 

The complementary statistical methods of univariate ANOVA, multivariate ANOSIM and 

seriation testing were used in conjunction and their results compared for statistical power. 

Where a NOEC and LOEC were able to be derived, these values were also given. Finally, a 

high reliability guideline trigger value from field or mesocosm studies was derived by 

application of an assessment factor (AF) of 10 to the lowest community type NOEC. 

Applying this arbitrary AF factor helps to account for the fact that more sensitive species 

may not have lived in the experimental system (ANZECC/ARMCANZ, 2000a). 
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3 LABORATORY TESTING 
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3.1 Introduction 

Ecotoxicology is the science of investigating the effects of toxicants on, and their 

relationship with, the ecology of a receiving ecosystem. The ecosystem in question may be 

either the atmosphere, the soil or as in the case of this project, an aquatic system (Moriarty, 

1983). As such, ecotoxicology provides a basis for making decisions about the likely impact 

of a chemical or physical change on the ecosystem of a given receiving environment 

(Chapman, 1995b). Although a relatively new field, the essence of this science is that risk 

evaluation and regulation of toxic discharges is incomplete unless biological organisms are 

also used as indicators of the presence of toxic effects (Wall & Hanmer, 1987). Biological 

assessment of water quality, and ecotoxicological testing as a subset of this, arose from the 

recognition that measurement of physico-chemical variables alone does not allow for an 

assessment of the endpoint for most waterway monitoring, that is, the suitability of such 

waters for sustaining of biological communities (Chapman, 1995a; Schofield & Davies, 

1996). 

A fundamental premise of toxicology is that any chemical occurring at a high enough 

concentration may cause toxicity. Indeed, this original analysis can be traced back to 

Paracelsus, often recognised as the father of pharmacology (Deichmann et al., 1986). 

“Poison is in everything, and no thing is without poison. The dose makes it either a poison or a 

remedy.” 

Paracelsus (1492–1541) 

Ecotoxicology is therefore most typically used to determine at what concentration a 

detrimental effect will become apparent for a given toxicant. In this regard many 

ecotoxicological tests occur as single-species laboratory bioassays in the screening of 

complex effluents or cases where there is little knowledge of the toxicity and mechanism of 

toxicity of a discharged substance (Chapman, 1995b). Therefore, ecotoxicological testing 

can also identify the absence of toxic effects with regards to the environmental safety of a 

discharge (Wall & Hanmer, 1987). Indeed, a large proportion of bioassays may function as 

these “screening tests” (Cairns, 1995). Toxicity testing, both within the laboratory and in the 

field has formed a significant component of the environmental protection mechanisms in 

place at RUM since the early 1980’s (Supervising Scientist, 2002a, c). 

By definition there is no disturbance (pollution) to a biological community without an 

observable change in the structure/function or other definable characteristics of that 

community (Parliamentary Commissioner for the Environment, 2006). Ecotoxicology is 

most frequently used to determine the concentration at which a harmful impact occurs 

(Sprague, 1990). The use of toxicity testing involving biological organisms (bioassays) is 
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therefore of prime importance in anticipating the likelihood of environmental impacts 

(Sprague, 1990). However, there has been much published criticism that responses in 

laboratory-scale studies are not representative of responses in natural ecosystems (Odum, 

1984; Kimball & Levin, 1985; Cairns, 1986a; Cairns & Niederlehner, 1987). Nevertheless, 

the direct cause and effect nature and repeatability of a single-species test is also very 

important in maintaining the credibility of conclusions with scientists, regulators and lay-

persons. Indeed, across various test types, measurement repeatability (precision) for chronic 

bioassays may be quite high (Anderson, 1991). Furthermore, more sensitive responses to 

stress have been predicted with smaller organisms with rapid population turnover rates 

(Schindler, 1987). Consequently, although there is more of a trend toward multi-species and 

community scale experimentation, single-species tests, often even on non-indigenous 

species, remain the most frequent ecotoxicological approach (Cairns, 1983, 1988; Maltby & 

Calow, 1989; Chapman, 1995a; Chapman, 1995b). 

In situ single-species real-time assessments of the toxicity of RUM waters to the ecology of 

Magela Creek (“Creekside monitoring”) are conducted during Wet season periods of Creek 

flow both upstream of the RUM influence and at monitoring site 821009. These tests involve 

both the larvae of the locally endemic species black striped rainbowfish (Melanotaenia 

nigrans), and a planorbid snail (Amerianna cumingi) with survival, and egg production and 

survival respectively as endpoints (Humphrey et al., 1999; Humphrey et al., 2001). These 

two species have been shown to be particularly sensitive to RUM wastewaters (Humphrey et 

al., 1999) in an in situ assessment of RUM wastewater that involves a Direct Toxicity 

Assessment (DTA) of the integrated toxicity of both magnesium sulfate and other toxicants 

(e.g., uranium) in the complex waste stream (Humphrey & Dostine, 1994; Humphrey et al., 

1994; Humphrey et al., 1999). The DTA bioassay method is considered the most 

ecologically relevant method of toxicity testing currently available (van Dam & Chapman, 

2001). The data from this annual in situ testing program indicate that to date no 

environmentally deleterious effects on Magela Creek have resulted during the operation of 

RUM (Klessa, 2001; Supervising Scientist, 2002a). 

3.1.1 Magnesium sulfate 

Magnesium sulfate (“Epsom salts”, MgSO4), is a common contaminant in mine wastewaters 

(Taylor & Waters, 2003). This is also true for the waste rock of RUM, where magnesium 

sulfate is a major wastewater constituent (Overall et al., 2003). Magnesium sulfate (also 

known as magnesium sulphate) is a highly soluble, highly hygroscopic salt that exists at 

room temperature and humidity as a white crystalline heptahydrate (MgSO4.7H2O) 

(Mallinckrodt Chemicals, 1999). Magnesium is the eighth most abundant natural element 
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(CCREM, 1987), usually the second or third most abundant intracellular cation and an 

essential element for normal cellular function in most organisms (ANZECC/ARMCANZ, 

2000a). Magnesium is usually highly biologically available with high solubility salts and 

ambient concentrations generally abundant in relation to metabolic demands (Wetzel, 2000). 

Magnesium exists primarily in the divalent (+2) oxidation state, with univalent (+1) existing 

only under exceptional circumstances (CCREM, 1987). A necessary co-factor for hundreds 

of enzymes, magnesium plays a vital role in protein synthesis (Flatman, 1993; Heaton, 1993; 

Williams, 1993). For example, the sodium/potassium pump at the cellular membrane 

maintains a high cellular potassium concentration by active transport against a considerable 

gradient. This pump is activated by magnesium so that under magnesium deficiency 

(hypomagnesia) the pump is impaired and intracellular hypokalemia may occur (Schroll, 

2002). 

Sulfate (SO4
2-) is also widely distributed in the natural aquatic environment and is the most 

common stable oxidised form of sulfur under oxic conditions (CCREM, 1987). Sulfur is also 

an essential cellular constituent, but is required in relatively low concentrations in relation to 

typical availability in freshwaters (Wetzel, 2000). It is frequently the dominant anion in mine 

waters (Nedwell, 1982; Robb & Robinson, 1995; Bowell, 2000; Woelfl, 2000). Sulfate may 

be produced by the respiration of heterotrophic chemolithotrophic bacterial acidophiles on 

reduced sulfur compounds under aerobic conditions (Nedwell, 1982; Woelfl, 2000). 

Conversely, sulfate may be reduced to sulfide and lost from an aquatic system to the 

atmosphere as hydrogen sulfide (H2S) or precipitated as insoluble salts (e.g., lead sulfate, 

PbSO4) under anaerobic conditions (Lamers et al., 1998; Kleeberg, 2000; Johnson & 

Hallberg, 2003). Sulfate is generally understood to be of low environmental toxicity (Bowell, 

2000). 

Concentrations of magnesium and sulfate at the compliance point for RUM (GS821009) are 

not remarkably elevated in either relative or absolute terms. Furthermore, as mentioned 

above, no evidence of detrimental effects to the aquatic ecology of the Creek has been 

established (Klessa, 2001; Supervising Scientist, 2002a). However, there is still a need for 

ecotoxicological data on these chemical species in order to provide further assurance of the 

protection of the downstream receiving system in Kakadu National Park. A detailed site-

specific risk assessment of magnesium sulfate toxicity, including the derivation of a water 

quality guideline trigger value, would provide information and knowledge to ensure that 

concentrations of magnesium sulfate within the Magela Creek do not reach or exceed those 

that may be toxic to aquatic biota. 
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The aims of the study described in this chapter were as follows. 

1. To study magnesium sulfate toxicity across several different taxonomic and trophic 

scales using a single-species laboratory-based bioassay approach. 

2. To determine the primary ion (magnesium or sulfate) responsible for this toxicity. 

3. To test for effects of other RUM wastewater constituents on magnesium sulfate toxicity. 

4. Finally, to derive a high reliability trigger value conforming to ANZECC/ARMCANZ 

water quality guidelines from the entire single-species bioassay dataset. 
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3.2 Toxicity of magnesium sulfate 

3.2.1 Background 

Toxicity testing via single-species bioassays has been the mainstay of the evaluation of the 

effects of key toxicants associated with the operation of RUM, with formal testing 

procedures having been in place for over 15 years (Riethmuller et al., 2003; van Dam, 2004). 

The toxicants tested for have resulted both from the operation of RUM and from other 

related issues of risk within the ARR (Camilleri et al., 1998; Franklin et al., 2000; 

Riethmuller et al., 2000; Camilleri et al., 2002; Hogan et al., 2003). The well-refined 

techniques that single-species bioassays offer were therefore a clear choice as one of the 

tools for assessing the risk of magnesium sulfate to the aquatic ecology of Magela Creek. 

The salinity arising from MgSO4 has received very little ecotoxicological and environmental 

assessment and when data have been available, results of these studies have been conflicting 

(e.g., Den Dooren de Jong (1965), Mount et al. (1997)). However, in general, magnesium 

sulfate, along with other naturally occurring salts, has not been regarded by ecotoxicologists 

as a toxicant, except at very high concentrations (Kelly, 1988; Kefford et al., 2002). The 

concentration of magnesium in natural waters varies considerably, with concentrations in 

natural freshwaters ranging from <1 mg/L to >1 000 mg/L, depending on catchment geology 

(Meybeck, 1979; Galvin, 1996; APHA, 1998). 

Surprisingly, however, studies in the ARR have shown elevated magnesium sulfate to inhibit 

the germination of 13 out of 20 terrestrial plant species endemic to the RUM lease (Malden 

et al., 1994; Malden, 1995). Magnesium can effectively lower the Ca and K availability to 

plants through cation antagonism, causing calcium or potassium deficiencies (Mengel & 

Kirby, 1987). Magnesium salts have also been found to be more toxic to germinating seeds 

than both potassium and sodium salts at equivalent concentrations (Younis & Hatata, 1971). 

These studies indicate that magnesium toxicity in the ARR may be greater than studies have 

found elsewhere. 

An ECOTOX (USEPA, 2003) database search was made for freshwater toxicology data on 

magnesium sulfate that meet experimental design requirements of an ANZECC/ARMCANZ 

Water Quality Guideline trigger value derivation data (ANZECC/ARMCANZ, 2000a). This 

ANZECC/ARMCANZ publication is considered to be one of the world’s leading guidelines 

for aquatic ecosystem protection, promoting an integrated approach to water quality 

assessment and toxicant trigger derivation using chemical, toxicological and biological 

indicators (Warne, 2001). This ECOTOX database search revealed only a single appropriate 

study, for Chlorella vulgaris population growth rate, (Den Dooren de Jong, 1965) with 
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chronic NOEC/LOEC data as an endpoint (Table 3). Instead, ECOTOX database endpoints 

were dominated by acute EC50 and LC50 endpoints from lethal tests and ranged across more 

than an order of magnitude of concentration (USEPA, 2002b). Endpoint values from these 

published studies were all generally high, indicating an accepted understanding in the 

literature of magnesium sulfate being of low toxicity (Humphrey et al., 1999). 
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Table 3  Summary of previous studies of magnesium sulfate toxicity and their findings of magnesium 

(Mg2+) toxicity. 

Species Common name Endpoint [Mg2+] (mg/L) Duration Test solution Reference 

Ceriodaphnia dubia Water flea LC50 357 48 h MHRW* 

(Mount et al., 

1997) 

Daphnia magna Water flea LC50 368 48 h MHRW* 

(Mount et al., 

1997) 

Daphnia magna Water flea LC50 55 96 h Filtered lake water 

(Dowden & 

Bennett, 1965) 

Daphnia magna Water flea LC50 263 96 h Reference water 

(Dowden & 

Bennett, 1965) 

Gambusia affinis Mosquitofish LC50 1 072 96 h Turbid pond water 

(Wallen et al., 

1957) 

Lymnaea sp. Pond snail EC50 432 96 h Filtered lake water 

(Dowden & 

Bennett, 1965) 

Pimephales promelas Fathead minnow LC50 569 96 h MHRW* 

(Mount et al., 

1997) 

Chlorella vulgaris Green algae NOEC 85 3 months  

(Den Dooren de 

Jong, 1965) 

Perca fluviatilis Perch NOEC 1 798ψ 14 days 

Moderately hard 

cistern water 

(Young, 1923) 

Perca fluviatilis Perch NOEC 1 695ψ 78 days 

Extremely hard 

Well water 

(Young, 1923) 

* Moderately Hard Reconstituted Water (MHRW) (USEPA, 2002b), ψ Mean value of an increasing range 

An incomplete study previously conducted by eriss, examined the toxicity of seepage 

waters from RUM on the aquatic ecology of Magela Creek (1992–1993) (Rippon et al., 

1998; van Dam, 1999). This study utilised Hydra viridissima and Moinodaphnia macleayi as 

test species with exposure times of 96 h and 144 h respectively and also examined effects of 

ambient calcium concentrations on magnesium toxicity. For H. viridissima, NOEC values 

ranged from 7.3–11 mg/L, and LOECs from 12–17 mg/L. Amelioration by calcium appeared 

to be induced at magnesium:calcium mass ratios around 16:1 and lower (Rippon et al., 1998; 

van Dam, 1999). There were fewer bioassays conducted for magnesium sulfate toxicity on 

M. macleayi, and no calcium amelioration studies were done on this species. The NOEC and 

LOEC values for M. macleayi were 21 and 26 mg/L respectively. 

As the results of this previous study were insufficient to derive a reliable water quality 

guideline value for the Magela Creek with its high ecological and cultural values (Humphrey 

et al., 1999), a more comprehensive dataset was required (Iles, 2003). To this end, this work 

involved an assessment of magnesium sulfate toxicity using established toxicity bioassay 
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protocols for five endemic species. The ecotoxicological responses of species endemic to an 

ecosystem are considered more relevant than the data of the responses of exotic species 

(Bacher et al., 1992). An additional range-finding experiment using the locally occurring 

freshwater snail A. cumingi was also designed and performed. Aquatic molluscs have been 

found to be sensitive indicators of elevated concentrations of dissolved metals (Jugdaohsingh 

et al., 1998), and inclusion of this additional species provided another trophic and taxonomic 

type to the broad test-species suite already employed in the project. Additionally, A. cumingi 

is especially relevant to the toxicity of RUM waters as it is used in the in situ DTA of RUM 

waters during the Wet season as part of eriss’s annual monitoring program (Humphrey et 

al., 1994; Humphrey et al., 1995a; Humphrey et al., 1999). 

Selecting a range of “sensitive” species for bioassay of a particular toxicant is not without 

problems, as it is well-established that an organism may be sensitive to one pollutant, yet be 

tolerant to another (Cairns, 1986a; Kooijman, 1992). Therefore, a test-species suite with a 

broad taxonomic range has been developed at eriss, as different taxa may have very 

different, and unpredictable, sensitivities (Eason, 1997; ANZECC/ARMCANZ, 2000a). Five 

standard ecotoxicological bioassay species are routinely used at the eriss laboratories 

(Riethmuller et al., 2003; van Dam, 2004) with the choice of species and method based upon 

the following characteristics. 

• Short life-cycles allowing for chronic durations. 

• Ecologically relevant endpoints (population based) e.g., reproduction (Calow, 

1992b; OECD, 1992). 

• The ability to be cultured under laboratory conditions. 

• Representation of a wide range of taxonomic and trophic scales. 

Additionally, these species have all demonstrated a broad sensitivity to RUM wastewaters 

(McBride et al., 1988). 

3.2.2 Methods 

The test details for standard bioassays used for this study are fully described by Riethmuller 

et al. (2003) and meet the full requirements for acceptability of toxicity test data for use in 

the ANZECC/ARMCANZ water quality guidelines (Appendix 4–Overview of BurrliOZ 

distribution-fitting) (ANZECC/ARMCANZ, 2000a). Of the six tests utilised for this study, 

five measured chronic responses to toxicants and one measured an acute response (Table 4). 
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Table 4  Summary of single-species ecotoxicological testing methods used for assessing the toxicity of 
magnesium sulfate (Riethmuller et al., 2003). NP = new protocol developed as part of this study. 

Test organism  Endpoint Duration Exposur

e 

Protocol 

Chlorella sp. Planktonic algae Cell division rate 72 h Chronic BTT-G 

Lemna aequinoctialis Angiosperm Plant growth 96 h Chronic BTT-L 

Hydra viridissima Cnidarian Population growth 96 h Chronic BTT-B 

A. cumingi Mollusc Embryo production 4-8 days Chronic NP 

Moinodaphnia macleayi Crustacaean Reproduction 5-6 days 

(production of 3 

broods) 

Chronic BTT-I 

Mogurnda mogurnda Fish Sac fry survival 96 h Acute BTT-E 

 

All toxicity testing experiments followed the standard eriss bioassay protocol conditions, 

that is, 12:12 h light:dark, 27±1°C (30°C for L. aequinoctialis), and standard test volumes, as 

discussed in more detail below for each test species. Prior to June 2002, experiments were 

undertaken at the eriss laboratory in Jabiru. After July 2002, remaining experiments were 

undertaken at the new eriss facilities in Darwin. Brood stock for all tests was maintained in 

Magela Creek water over the course of the study. Diluent water was collected during the Wet 

season well above the influence of RUM, via the Creekside Monitoring station where it was 

pumped from sampling site MCUS (Humphrey et al., 1995b). In the Dry season, diluent 

water was collected from the Bowerbird billabong; a permanent channel billabong some 

15 km upstream of the Creekside Monitoring station (12° 46’ 15” S, 132° 55’ 52” E). Diluent 

water was immediately refrigerated to 4°C, and then filtered through GFC filter media 

(ca. 2.5 µm) prior to use to remove biological material. Diluent water was stored for a 

maximum of up to three weeks. Due to the conservative nature of magnesium biochemistry, 

all tests only considered aqueous exposures. All tests also featured static renewal solution 

replacement (100%) every 24 h, except those of the autotrophs Chlorella sp. and L. 

aequinoctialis where nutrient enriched growth media were required to be maintained. 

Measured values of magnesium and other relevant analytes were used in preference to 

nominal concentrations for all statistical analyses (see Chapter 2.3.2–Laboratory methods for 

details). 

Stock solutions were made up for each treatment concentration from hydrous analytical 

grade magnesium sulfate (MgSO4.7H2O), and Magela Creek stock water. 

Although both dissolved and particulate organic substances, such as humic acids, may bind 

to and reduce the toxicity of many metals (Erickson et al., 1996; Hollis et al., 1997), 
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amelioration by binding with DOC is unlikely to be significant with magnesium cations. It 

was expected that magnesium was largely conservative in this regard (Tipping & Hurley, 

1992), and thus DOC values were not recorded in this study. 

Post-testing manipulation of data and statistical analysis of test data are described in more 

detail in Chapter 2–GENERAL METHODS. 

Chlorella sp. 

Unicellular algae were first used in toxicity tests in eutrophication assessment (USEPA, 

1971). Being broadly sensitive to many toxicants and with a short generation time, 

unicellular algal tests readily conform to the requirements of short-term chronic tests and are 

typically highly reproducible thus forming a fundamental part of a bioassay analysis suite 

(Stauber, 1995). The species of Chlorella (Chlorophyceae) used in these test is unknown 

(simple morphological taxonomy of coccoid green microalgae is often difficult (Huss et al., 

2002)), but was isolated from Georgetown Billabong in the early 1990s (Padovan, 1992) and 

has been used since 1999 as part of the standard eriss ecotoxicological testing suite. 

Original selection and ecology of Chlorella sp. is described further in Franklin et al. (1998). 

One rangefinder test using the concentration range 0.9–1 110 mg/L magnesium was 

conducted, followed by three definitive tests; two of ca.1.0–220 and one of 0.8–470 mg/L 

magnesium. Following inoculation of 1-2×104 cells/mL pre-washed Chlorella sp. from an 

exponentially growing stock, the Chlorella sp. test was conducted over 72 h, with cell counts 

made at both 48 h and 72 h. Electronic cell counts were made with a Coulter Multisizer II 

Particle Analyser on a 2.5 mL subsample taken from well-mixed flasks. Chlorella sp. tests 

were conducted in 250 mL Erlenmeyer flasks with eight treatment concentrations and three 

replicates per treatment concentration. Flasks were coated with a silanising solution to reduce 

toxicant adsorption, dried and then acid washed again immediately before use. Test endpoints 

were presented as 72 h IC50 values calculated through linear interpolation and as NOEC/LOEC 

values from units of cell density doublings/day. 

Lemna aequinoctialis (Welwitsch) 

The macrophyte species bioassayed was the small floating endemic Lemna aequinoctialis 

Welwitsch (Spathiflorae, Lemnaceae) commonly known as “tropical duckweed” (Allison & 

Holdway, 1989a). This macrophyte has a broad distribution throughout temperate and 

tropical regions of both hemispheres and propagates both by seed and vegetatively by frond 

production and eventual separation (Mannion, 1990; Mazzeo et al., 1998; Sainty & Jacobs, 

2003). Asexual reproduction is the prevalent mode of reproduction for many aquatic 

macrophyte taxa (Taraldsen & Norberg-King, 1990), and the small size and rapid 

reproduction of this simple plant makes it an ideal laboratory macrophyte test species 
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(Riethmuller et al., 2003). Bioassay tests were conducted in clean 250 mL Erlenmeyer flasks 

(eight treatment concentrations, three replicates of each concentration) that had been coated 

with a silanising solution (to reduce toxicant adsorption), dried, acid washed and then well 

rinsed in analytical-grade water immediately before use. Initial inoculation density was four 

plants, each with three fronds (two mature fronds and one smaller, slightly less developed 

frond). One rangefinder test using a concentration range 0.8–1 100 mg/L magnesium was 

followed by three definitive tests of ca. 0.4–50 mg/L magnesium. Test endpoints were 

presented as 96 h IC50 values calculated using linear interpolation and as NOEC/LOEC values 

calculated for percent increase in frond number relative to controls. 

Hydra viridissima (Pallas) 

Two species of Hydra (Cnidaria, Hydrozoa) occur ubiquitously in the surface waters of the 

ARR; the cosmopolitan green Hydra (“Hydra” H. viridissima syn. H. littoralis) (Brereton, 

1956; Williams, 1980) with its symbiotic green alga, and the pink Hydra (Hydra vulgaris) 

(Bale, 1919). Although both species have been used in ecotoxicological testing by eriss, this 

study used only H. viridissima as it has been found to be more sensitive to RUM wastewaters 

(Allison & Holdway, 1989b). Hydra viridissima was first collected from Bowerbird 

Billabong (Riethmuller et al., 2003) and has been utilised in the ARR in single species 

bioassays since 1987, with a chronic test endpoint based on population growth (McBride et 

al., 1988; Allison & Holdway, 1989b). 

Asexually reproducing (budding) H. viridissima from eriss brood stock were exposed to a 

geometric series of concentrations of magnesium sulfate in Magela Creek water and the 

number of hydroids (defined as an animal inclusive of attached buds) were counted daily. 

Three replicate petri dishes, each containing 10 animals and 30 mL of test solution, were 

used for each of eight concentrations. One rangefinder test of concentration range 0.8–

1,100 mg/L magnesium was conducted, followed by three definitive tests of ca. 0.4–50 mg/L 

magnesium. The endpoint measurement for this test was a calculation of the growth rate 

index for 96 h, k96 (Lenhoff, 1983b). Test endpoints were presented as 96 h IC50 values 

calculated through linear interpolation and as NOEC/LOEC values from k96. 

Amerianna cumingi (Adams) 

Bioassaying for Amerianna cumingi involved development of a new test, so a more detailed 

description of the procedure is provided than for the other test species. 

The locally endemic freshwater snail A. cumingi (Pulmonata: Planorbidae) was selected for 

use in this study, based on a previous study into the viability for ecotoxicological testing 

purposes of various native gastropod molluscs found in the freshwater bodies of the ARR 

(Lewis 1992). This species is endemic to the Magela Creek floodplain (Humphrey et al., 
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1994; Humphrey et al., 1995b; Humphrey et al., 1999) and closely related species commonly 

occur in Magela Creek backflow billabongs (O'Connor et al., 1996; O'Connor et al., 1997). 

The shell of A. cumingi is sinistral with a rounded depressed spire. Adult snails typically 

measure 8–12 mm in shell length and 8 mm in width; hermaphroditic individuals may reach 

15 mm in length. As their shells are only moderately robust, they must be handled very 

carefully. Test animals were healthy adults obtained from maintained outdoor ponds of eriss 

Creekside Monitoring brood stock. 

A broad concentration rangefinder test was run at the end of both the 2001 and 2002 Wet 

seasons, when reproduction has been found to be highest (Lewis, 1992). The first experiment 

used brood stock removed directly from the holding tanks of the eriss Creekside Monitoring 

program. However, where brood stock waters differ from test waters, two weeks of 

acclimation to test waters have been recommended for fish (OECD, 1981; 

ANZECC/ARMCANZ, 2000a). Jabiru laboratory brood stock water (tap water) is 

chemically very different from that of Magela Creek water, having greater water hardness, 

being more alkaline and with greatly higher concentrations of copper, zinc, uranium and 

magnesium (water hardness 230 mg/L as calcium carbonate, Appendix 6–Ion concentrations 

for snail ecotoxicology). Consequently, because of concerns about the effect of brood stock 

being maintained in very hard Jabiru East tap water, snails were acclimated in the 2002 

experiment for two weeks in freshly collected water from the nearby stream, Radon Springs. 

This water body is above any influence of RUM. During the experiments, fifty percent of the 

water was replaced each day with fresh treatment solution made up from a stock collection 

of aerated Magela Creek water. The concentrations of magnesium sulfate used in these 

range-finding tests are shown in Table 5. 

Table 5  Summary of mean magnesium treatment concentrations for unacclimated and acclimated 

A. cumingi tests (all concentrations mg/L). 

 Unacclimated Acclimated 

Treatment Nominal Measured Nominal Measured 

1 Control 0.6 Control 0.6 

2 0.2 0.8 1.0 1.8 

3 7.3 8.1 2.0 2.6 

4 24 24 10 11 

5 73 70 20 21 

6 243 246 101 103 
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The experimental design for testing A. cumingi used a static replacement system consisting 

of two replicates for a control and each of five different magnesium sulfate concentrations 

using 10 L clear plastic tanks. Prior to use, all equipment was first washed with the 

laboratory detergent Decon Neutracon (Decon laboratories Ltd, Sussex, UK), soaked for at 

least 24 h in 2% nitric acid and rinsed in analytical-grade water to remove remaining metals. 

Treatment solution renewal was 50% every 24 h. Treatments were randomly allocated to 

tanks, with replicates of each treatment on each side of the laboratory in a blocked-random 

experimental design. Tanks were aerated with one airstone per tank, although snails should 

be tolerant to low dissolved oxygen conditions (naturally low in their billabong habitat) 

(Jones, 1991, 1992). 

Two randomly selected snails (but free from visible disease and damage) were placed into 

50 mm diameter clear plastic cylindrical laying chambers with the ends then sealed with 

nylon mesh. Gentle movement of the sample cylinder through the test water removed any air 

bubbles to prevent egg masses from being exposed to air. Cylinders were then placed on 

their sides to facilitate water exchange. Four individuals per replicate tank of each of three 

different size classes (10–10.9 mm, 11–11.9 mm, and 12–12.9 mm) (i.e. 12 snails per 

replicate total, or 6 pairs) were distributed evenly within and amongst treatments. Self-

fertilisation with individuals of A. cumingi is possible, although cross-fertilisation is the most 

common mode of reproduction (Jones, 1991, 1992). Snails were paired to other snails of the 

same size class. The test was deemed to have commenced when all chambers were in 

position. 

Tests were run over a total period of 8 days, with egg masses examined on both days 4 and 8. 

Clearly dead or injured snails were removed and replaced after the first 24 h of the first day 

of the experiment, with notes taken of these removals. This was to compensate for mortality 

associated with initial handling. Notes were taken of any further mortality at this time. 

Each snail pair was fed daily two 20 mm discs of lettuce rinsed in Magela Creek (control) 

water. Daily inspections involved removal of mesh ends of laying chamber to remove faeces 

and uneaten lettuce. 

After four days all snails were removed from the laying chambers within one hour of each 

other, taking care not to dislodge egg masses. Each chamber was then placed on its side in a 

dish of treatment water and examined under a dissecting microscope. The numbers of egg 

masses and embryos per egg mass were recorded. All eggs were then removed and the 

chambers replaced until day 8 when the final count of eggs and egg masses was done. 

Neither temperature nor light intensity were specifically controlled for. Nevertheless, due to 

the influence of temperature on snail fecundity, laboratory air temperatures were monitored 
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with a minimum/maximum alcohol thermometer and were recorded daily to the nearest 

0.5oC at approximately 09:00 and 18:00 h. An oscillating pedestal fan was used to mix room 

air evenly and water temperatures of each replicate tank were also recorded to the nearest 

0.5oC daily with a mercury thermometer. There was a photoperiod of 12 h:12 h light:dark 

under fluorescent lighting.  

Measured endpoints were egg mass and embryo production, with further notes made of 

mortality on days 4 and 8. Although data from both experimental endpoints were analysed, 

data from only the 8-day exposure period were selected for taxa NOEC generation as this 

endpoint represented the period of longest exposure. This experimental methodology closely 

followed that of the Creekside Monitoring protocol used by eriss in the broad sense 

(Humphrey et al., 1995b; Humphrey et al., 1999). Humphrey et al. (1999) reject nil egg-

production and infertile egg-masses values for a snail pair from the control solution 

replicates on the rationale that failure to lay eggs is highly abnormal and indicated either 

disease or damage. In this experiment, however, they were considered to be part of the 

inherent natural variability in snail pairs. 

Fecundity data were transformed by the formula )8
3(2 +x  (Zar, 1999) to achieve 

normality (p>0.05) and analysed with ANOVA. 

Snails remaining from the experiment were humanely anaesthetised with Benzocaine and 

then destroyed by freezing (Kreiberg, 1994). 

Moinodaphnia macleayi (King) 

Moinodaphnia macleayi King (Crustacea, Cladocera) is widespread throughout Australia 

(Shiel & Dickson, 1995) and rapidly reproduces asexually under acceptable environmental 

conditions (Smirnov & Timms, 1983). The test brood stock were originally sourced from 

Bowerbird Billabong (15 km above sampling point MCUS on Magela Creek) (McBride et 

al., 1988). For the M. macleayi test, female neonates were placed in 45 mL polypropylene 

vials (10 replicates per treatment, 8 treatment concentrations) and exposed to a geometric 

series of magnesium sulfate concentrations in a test volume of 30 mL. The single adult 

within each vial was fed 3 x 106 cells (2 x 105 cells/mL) of Chlorella sp. and an additional 

food supplement (Riethmuller et al., 2003) daily via replacement water. One rangefinder test 

of concentration range 0.8–1 010 mg/L magnesium was conducted, followed by a single 

definitive test of ca. 0.8–110 mg/L magnesium. Other definitive tests failed due to poor 

control survivorship. Daily measurements were made of the survival of each female, the 

number of new neonates produced and the survival of these new neonates over 96 h. 

Endpoint statistics were calculated from the total three brood, 5–6 day neonate production. 



LABORATORY TESTING 

62 

Test endpoints were presented as 96 h IC50 values calculated through linear interpolation and as 

NOEC/LOEC values. 

Mogurnda mogurnda (Richardson) 

Northern purple spotted gudgeon (Eleotridae: M. mogurnda) are widely distributed across 

Northern Australia and are tolerant of a wide range of environmental conditions (Merrick & 

Schmida, 1984). Newly hatched sac-fry, however, are expected to be the most sensitive life 

stage of a fish species (Sprague, 1969; van Winkle, 1986), and this test therefore capitalises 

upon this sensitivity as an acute 96 h test with sac-fry survivorship as the endpoint. Ten per 

petri dish and three replicate dishes per treatment of M. mogurnda fry (less than 10 h old) 

were exposed to 8 treatment concentrations of a geometric series of magnesium sulfate 

concentrations in 30 mL test volume. Observations were made every 24 h. To minimise 

toxicant response variability, fry were all sourced from the same pair of parents (Duis, 2001). 

One rangefinder test of concentration range 0.8–1 100 mg/L magnesium was conducted, 

followed by definitive tests of ca. 0.4–110, 140 and 170 mg/L magnesium. All tests with M. 

mogurnda were completed at the eriss laboratory in Jabiru, with brood stock maintained in 

Jabiru tap water. Eggs laid into this water were then immediately placed in Magela Creek 

water diluent. However, as with A. cumingi testing, there were concerns that the lack of 

acclimation afforded in this test may have produced confounded results. Certainly, large 

differences in LC50 values of acclimated fishes surviving at high salt concentrations have 

been recorded in other assessments with related salts (Clunie et al., 2002). Fish larvae 

remaining from the experiment were humanely anaesthetised with Benzocaine and then 

destroyed by freezing (Kreiberg, 1994). 

3.2.3 Results 

Chlorella sp. 

Chlorella sp. growth rates and % coefficient of variation (% CV, in parentheses) of the 

controls were 1.5 (2.9%), 1.7 (1.6%), 1.6 (0.8%) and 1.7 (0.8%) doublings per day for the 

rangefinder test and first, second and third definitive tests respectively. These were all within 

the test acceptability criteria of 1.4±0.4 doublings per day and <20% CV (Riethmuller et al., 

2003). The pH of test water in these tests ranged from 6.2–6.9. 

The effect of increasing concentrations of magnesium sulfate upon Chlorella sp. cell division 

rate is shown in Figure 11 and summarised in Table 6. Chlorella sp. was far more tolerant of 

magnesium sulfate than any of the other species tested, showing no decrease in population 

growth under magnesium concentrations of up to 80 mg/L (Figure 11). 
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Due to surprisingly high test precision for definitive test three, statistical power was 

relatively higher than previously and no NOEC value was able to be calculated due to 

insufficient treatment concentrations below the LOEC concentration (Table 6). Rather, the 

LOEC occurred at the lowest treatment concentration. Relatively high magnesium sulfate 

tolerance over all tests resulted in geometric mean NOEC and LOEC values of 78 and 

128 mg/L magnesium respectively. 

 

Figure 11  Concentration-response of Chlorella sp. to magnesium sulfate. Logistic curve fit to aid 

visual interpretation. Error bars indicate standard error of the mean. Arithmetic mean control cell 

division rate = 1.65/day (N = 4). 

Table 6  Summary of toxicity of magnesium sulfate to Chlorella sp. All values magnesium 

concentrations in mg/L. 

Test NOEC Mg2+ (MgSO4) LOEC Mg2+ (MgSO4) IC50 Mg2+ (MgSO4) 

Range-finder 55 (272) 109 (545) >1 100 (5 446) 

Definitive 1 75 (374) 85 (426) >216 (1 069 

Definitive 2 112 (561) 220 (1 101) >645 (3 193) 

Definitive 3 <61 61 (302) >467 (2 312) 

Geometric mean* 78 (386) 128 (635)  

*Test summary statistics based upon range finder and two definitive tests only. 

Lemna aequinoctialis 

Lemna aequinoctialis growth rates and % coefficient of variation (% CV in parentheses) of 

the controls were 89.3 (11.5%), 80.3 (7.2%), and 87.7 (4.0%) % of control doublings per day 

for the first, second and third definitive tests respectively. The pH of test water in these tests 
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ranged from 6.3–7.1. These tests were all within the acceptability criteria of 60 plant fronds 

per flask and <20% CV (Riethmuller et al., 2003). 

The effect of increasing concentrations of magnesium sulfate upon L. aequinoctialis 

population growth is shown in Figure 12 and summarised in Table 7. 

Growth of L. aequinoctialis (as a function of frond production) decreased sharply at low 

concentrations of magnesium and effectively ceased by 20 mg/L. Lemna aequinoctialis 

NOEC values were all under 3.0 mg/L and LOEC values below 7.0 mg/L of magnesium. 

Definitive tests were highly reproducible. 

 

Figure 12  Concentration-response of L. aequinoctialis to magnesium sulfate. Logistic curve fit to aid 

visual interpretation. Error bars indicate standard error of the mean. Arithmetic mean control growth 

rate = 66.1 fronds (N = 3). 

Table 7  Summary of toxicity of magnesium sulfate to L. aequinoctialis. Concentrations in mg/L. 

Definitive test NOEC Mg2+ (MgSO4) LOEC Mg2+ (MgSO4) IC50 Mg2+ (MgSO4) 95% confidence intervals 

Mg2+ (MgSO4) 

1 2.0 (10) 2.9 (15) 5.8 2.9 (14)–7.3 (36) 

2 2.8 (14) 6.5 (33) 5.5 4.7 (23)–8.8 (44) 

3 1.2 (17) 1.6 (20) 4.1 1.4 (6.9)–5.2 (26) 

Geometric mean 1.9 (16) 3.1 (21)   

 



LABORATORY TESTING 

65 

Hydra viridissima 

The mean number of healthy hydroids in each of the controls at the end of the test period 

were 52, 33, 36 and 47 for the rangefinder test and first, second and third definitive tests 

respectively. Although there are no coefficient of variation acceptability criteria for the H. 

viridissima test, coefficient of variations were <20% CV. The pH of test water in these tests 

ranged from 6.1–7.0. These were all within the test acceptability criteria of >30 hydroids 

present (Riethmuller et al., 2003). 

The effect of increasing concentrations of magnesium sulfate upon H. viridissima population 

growth is shown in Figure 13 and summarised in Table 8. 

Early in the experimental run, H. viridissima showed signs of tentacle clubbing at 

magnesium concentrations of around 5 mg/L magnesium. At higher concentrations, tentacle 

elongation and an inability to either capture or ingest food were observed. Although almost 

all buds were successfully dropped on the first day of the experiment in high concentration 

treatments, both parent and bud were usually dead by 96 h. Hydra viridissima was 

surprisingly sensitive to magnesium sulfate additions, and gross modifications of the original 

range-finding test (spanning 2.9–1 100 mg/L magnesium) were required to refine 

NOEC/LOEC estimates. 

Population growth of H. viridissima decreased at magnesium concentrations of around 

3.0 mg/L or less and, as for L. aequinoctialis, effectively ceased by 20–50 mg/L. 

Hydra viridissima NOEC values were all under 3.0 mg/L and LOEC values below 6.0 mg/L 

of magnesium. As has been found with tests for other toxicants (Wagner & Hogan, 2003), 

H. viridissima definitive tests with magnesium sulfate proved to be very reproducible. 
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Figure 13  Concentration-response of H. viridissima to magnesium sulfate. Logistic curve fit to aid 

visual interpretation. Error bars indicate standard error of the mean. Arithmetic mean control growth 

rate (k) = 0.36 (N = 4). 

Table 8  Summary of toxicity of magnesium sulfate to H. viridissima. Concentrations in mg/L. 

Definitive test NOEC Mg2+ (MgSO4) LOEC Mg2+ (MgSO4) IC50 Mg2+ (MgSO4) 95% confidence intervals 

Mg2+ (MgSO4) 

1 2.0 (10) 5.5 (27) 11 (54) 26 (129)–76 (376) 

2 2.0 (9.9) 2.9 (14) 7.3 (36) 2.8 (14)–26 (129) 

3 2.2 (10) 5.7 (28) 16.2 (80) 8.9 (44)–21 (104) 

Geometric mean 2.2 (10) 4.6 (22) 10.9 (53)  

 

Amerianna cumingi 

Due to the A. cumingi test being in the initial stages of development, there were no test 

acceptability criteria. However mortalities are reported with other endpoints to indicate 

validity of test data. 

Both experiments with A. cumingi demonstrated a high degree of variability in their response 

to magnesium sulfate both within, and between, experiments. 

Unacclimated 

Although typically cooler than the room’s air temperature, water temperatures between 

replicates varied little over the course of the experiment and were essentially identical 

(replicate a, 26.9 ± 0.2oC; replicate b, 26.7 ± 0.2oC, mean ± standard errors of the mean). 
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The effect of increasing concentrations of magnesium sulfate upon A. cumingi embryo 

production from unacclimated adults is shown in Figure 14 and summarised in Table 10. 

Both egg mass and embryo production at day 4 and day 8 showed a rapid increase at 

0.8 mg/L magnesium and then decreased sharply and consistently at 8 mg/L magnesium. No 

egg masses were produced at concentrations of 70 mg/L magnesium. 

Mean egg mass and embryo production at day 8 also showed a strong initial hormetic 

response to slight increases in magnesium sulfate concentration from pure Magela Creek 

water (control) and then declined to nil production at the highest treatment of 246 mg/L 

magnesium. 

At the end of day 4, egg mass production was not reduced significantly in dosed treatments 

relative to control (F5,6 = 2.836, p = 0.118). However, snails in both 70 mg/L and 246 mg/L 

magnesium concentrations produced significantly fewer embryos than the control 

(F5,6 = 6.284, p = 0.022). For day 8, only the 246 mg/L treatment produced significantly 

fewer egg masses (F5,6 = 11.477, p = 0.005), although both the 70 mg/L and 246 mg/L 

magnesium treatments produced fewer embryos (F5,6 = 55.377, p<0.001). When summed 

over the entire experimental period, magnesium sulfate concentration had no significant 

effect on either egg or embryo fecundity (F5,6 = 2.388, p = 0.160 and F5,6 = 2.366, p = 0.162 

respectively) (Table 9). 

An approximately equal number of mortalities were recorded within both four-day periods 

during the course of the experiment. However, even though substantially more egg masses 

and embryos were produced in the second four-day period (2.7 versus 2.4 times more 

respectively) this difference was not significant (F1,2 = 2.92, p = 0.230) due to large 

variations in replicate results at day 4 (Table 10). 
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Figure 14  Day 4 (a) and day 8 (b) mean response of unacclimated A. cumingi to increasing 

magnesium sulfate concentrations. Error bars indicate standard error of the mean (n = 2). 

Table 9  Summary of results for unacclimated A. cumingi testing. Endpoints are magnesium 

concentrations in mg/L. – indicates no significant differences amongst dosing treatments. 

 Day 4 Day 8 All days 

 NOEC LOEC NOEC LOEC NOEC LOEC 

Egg masses – – 70 246 – – 

Embryos 24 70 24 70 – – 
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Table 10  Summary of reproduction variable totals of unacclimated A. cumingi 4-day and 8-day 

exposure tests, ± single standard error of the mean. 

Exposure period Embryos Egg masses Deaths (%*) 

4 days 447±136 28±9.0 3 (2%) 

8 days 1192±44 61±1.5 2 (1%) 

Total 1639 89 5 (3%) 

*Proportion of total exposure period population 

Acclimated 

The effect of increasing concentrations of magnesium sulfate upon A. cumingi embryo 

production from acclimated adults is shown in Figure 15a,b and summarised in Table 11. 

Snail fecundity after 4 days was unresponsive to magnesium concentrations of less than 

20 mg/L magnesium (Figure 15a). However, fecundity declined in all magnesium 

concentrations after 8 days (Figure 15b). As the elevated response of the 20 mg/L treatment 

occurred at such a high concentration (day 8, Figure 15b), it was assumed that its removal 

was justified on the low likelihood of this response at such a high concentration being due to 

hormesis and that instead the fecundity value may have been miscalculated. 

Although there was a statistically significant difference between magnesium concentration 

treatment egg mass at day 4 (with 103 mg/L magnesium producing significantly less), there 

was no such significant difference at day 8 (Table 11). This was caused by lowered 

production in one control duplicate and the mean fecundity of snails in the 103 mg/L 

treatment increasing by around 80% in the day 8 results. The significant difference between 

control and egg production of other treatments observed at day 4 was, however, also 

observed for the sum of the data over all days at 103 mg/L magnesium (F5,6 = 5.06, 

p = 0.037). Similarly, significant depression in embryo production for 103 mg/L was 

observed on day 4 (F5,6 = 22.81, p = 0.001) but not on day 8 (F5,6 = 3.18, p = 0.096). The 

trend of no fecundity decrease until a threshold of around 20 mg/L magnesium in day 4 was 

also strong enough to influence the result of all days summed data, with a significant 

depression of embryo production at 103 mg/L magnesium (F5,6 = 8.58, p = 0.010). 
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Figure 15  Day 4 (a) and day 8 (b) mean response of acclimated A. cumingi to increasing magnesium 

sulfate concentrations. Outliers of treatment 20 mg/L magnesium have been removed. Error bars 

indicate standard error of the mean (n = 2). Logistic curve fitted to aid visual interpretation. 

Table 11  Summary of results of acclimated A. cumingi testing. Endpoints are magnesium 

concentrations in mg/L. – indicates no significant differences amongst dosing treatments. 

 Day 4 Day 8 All days 

 NOEC LOEC NOEC LOEC NOEC LOEC 

Egg masses 10 103 – >103 21 103 

Embryos 10 103 –  >103 21 103 

 

Summary 

When the outlier from the non-monotonic responding treatment was removed, the 

concentration-response plots of means of the two tests showed the acclimated A. cumingi 

were less tolerant to magnesium sulfate than unacclimated A. cumingi (Figure 16). 
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Percentage coefficients of variation (%CV) for embryo and egg controls were extremely 

high for both unacclimated/acclimated tests (40.8% , 47.1% and 47.0%, 47.9% respectively). 

The large variation encountered within these experiments suggests that hypothesis testing 

might have failed to confirm a real toxic effect at lower concentrations and that estimated 

values of NOEC and LOEC may therefore be unreasonably high (Chapman et al., 1996). 

Point estimate values of 5–10% inhibition have been put forward as alternative measures of 

the NOEC in cases of low statistical power (Noppert et al., 1994). Thus, IC10 and IC20 values 

were chosen as test summary statistics, as model-dependence may occur at values less than 

10% of control response (i.e. IC10) and confidence limits may be excessively large at IC5 

values (Moore & Caux, 1997). Linear interpolation was used to calculate IC10 and IC20 point 

estimates for embryo production (Table 12). Due to concerns about the lack of an 

acclimation period with the unacclimated A. cumingi test, the data from this test were not 

used in further analyses. 

As noted above, high variability in the controls for the unacclimated experiment led to no 

day 8 significant differences and test endpoints being determined. Thus, IC10 and IC20 point 

estimates derived from the two experiments were quite different with acclimated IC10 and 

IC20 estimates approximately four to five times lower than those derived from the test where 

snails were not acclimated to Creek water (Table 12). 

Embryo development also appeared to be detrimentally affected at high concentrations of 

magnesium sulfate (Plate 2a). Developmental deformities would further reduce the numbers 

of viable offspring of treatments exposed to elevated magnesium concentrations, compared 

with that of a normally developing egg mass from creek water (Plate 2b). Although elevated 

magnesium sulfate appeared to have a negative effect on embryo development this was not 

quantified and was therefore not used as an additional measure of effect. 
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Figure 16  Comparison of day 8 embryo production responses of unacclimated and acclimated 

A. cumingi brood stock to magnesium sulfate. Unacclimated 0.8 mg/L and acclimated 20 mg/L 

magnesium outliers plotted but removed from regression fitting. Error bars indicate standard error of 

the mean. Straight line and logistic curve fit to aid visual interpretation. 

Table 12  Summary of bioassays for A. cumingi including outlier data. Point estimates for embryo 

production only. Concentrations in mg/L. 

Definitive test NOEC 

Mg2+ 

(MgSO4) 

LOEC Mg2+ 

(MgSO4) 

IC10 

Mg2+ 

(MgSO4) 

IC20 

Mg2+ 

(MgSO4) 

IC50 

Mg2+ 

(MgSO4) 

IC50 confidence 

intervals 

Mg2+ (MgSO4) 

Unacclimated 24 (119) 70 (347) 4.6 (23) 8.7 (43) 24 (119) 3.5 (17)–169 (837) 

Acclimated 21 (104) 104 (515) 1.1 (5.1) 1.6 (7.9) 11 (55) 0.4 (2)–324 (1604) 

 

 

 



LABORATORY TESTING 

73 

 

 

Plate 2  Amerianna cumingi egg mass laid under (a) control, and (b) 103 mg/L magnesium, at day 8. 

The egg mass exposed to high concentrations of magnesium sulfate shows delayed and variable 

states of embryo development. 

Moinodaphnia macleayi 

Mean M. macleayi mortality of the combined controls was 20% for the rangefinder test and 

10% for the only successful definitive test. These were all within the test acceptability 

criteria of ≤20% mean combined control mortality, and the production of three broods at the 

end of the test period. The pH of test water in these tests ranged from 6.4–7.1. 

The effect of increasing concentrations of magnesium sulfate on M. macleayi neonate 

production is shown in Figure 17. 

Difficulties with control survivorship in the M. macleayi test meant that only one of the four 

definitive tests was successful. Both the rangefinder and the successful definitive test showed 

slight non-monotonic response at concentrations up to at least 10 mg/L magnesium.  

(a) 

5 mm 

10 mm 

(b) 
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Figure 17  Concentration-response of M. macleayi to magnesium sulfate. Logistic curve fit to aid visual 

interpretation. Error bars indicate standard error of the mean. Arithmetic mean control offspring 

abundance = 37.5 (N = 2). 

Neonate production of M. macleayi decreased gradually at concentrations above 10 mg/L of 

magnesium and ceased at 100 mg/L. The single definitive M. macleayi test gave a NOEC of 

10/50 mg/L and a LOEC of 18/89 mg/L (magnesium/magnesium sulfate). An IC50 value of 

51 mg/L magnesium was also calculated. 

Mogurnda mogurnda 

Mean mortality of the combined controls were 0%, 0%, 7% and 0% for the rangefinder test 

and all three definitive M. mogurnda tests respectively. These were all within the test 

acceptability criteria of <20% mean combined control mortality (Riethmuller et al., 2003). 

The pH of test water in these tests ranged from 5.8–7.1. 

The effect of increasing concentrations of magnesium sulfate on M. mogurnda fry 

survivorship is shown in Figure 18 and summarised in Table 13. 

Mogurnda mogurnda fry moved more slowly and displayed bent spines in the high 

magnesium sulfate treatments. The M. mogurnda test was particularly variable both amongst 

and within treatments. 

Survival of M. mogurnda fry decreased sharply at magnesium concentrations between 20 

and 50 mg/L except for test 3 and effectively ceased at higher concentrations. Mogurnda 

mogurnda NOEC values were all under 35 mg/L and LOEC values below 66 mg/L of 

magnesium. Nevertheless, marked differences remained between hypothesis testing 

endpoints of different tests (Table 13). 
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Figure 18  Concentration-response of M. mogurnda to magnesium sulfate. Logistic curve fit to aid 

visual interpretation. Error bars indicate standard error of the mean. Mean control survival = 97% 

(N = 3). 

Table 13  Summary of toxicity of magnesium sulfate to M. mogurnda with numbers in parentheses for 

new values following adjustment by an assessment factor of five. All values magnesium concentrations 

in mg/L. 

Definitive test NOEC Mg2+ 

(MgSO4) 

LOEC Mg2+ 

(MgSO4) 

LC50 Mg2+ (MgSO4) 95% confidence intervals 

Mg2+ (MgSO4) 

1 23.7 (4.7) 44 (8.9) 33.8 (6.8) 29.4 (5.9)–38.8 (7.8) 

2 10.3 (2.1) 22.7 (4.5) 27.9 (5.6) 23.0 (4.6)–34.0 (6.8) 

3 33.2 (6.6) 65.2 (13.0) 75.4 (15.2) 66.2 (13.4)–85.8 (17.3) 

Geometric mean 20.1 (4.0) 40.4 (8.1) 41.4 (8.3)  

 

3.2.4 Discussion 

Test taxa responded very differently to elevated magnesium sulfate. A. cumingi, 

L. aequinoctialis and H. viridissima were particularly sensitive whereas Chlorella sp. was 

relatively tolerant (Figure 19, Table 14). Nevertheless, test data are still depauperate for 

A. cumingi and M. macleayi, and consequently more toxicity testing is required with these 

taxa. 
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Figure 19  Summary of mean dose-response relationships for single-species tests. 

There was a higher degree of variability in the test results for M. mogurnda than for tests of 

other species. As the M. mogurnda test was an acute test, the LC50 magnesium concentration 

data were converted to a chronic NOEC value equivalent to enable some comparison with 

the other species tested. Ideally this would be by a chemical-specific acute-to-chronic ratio 

(ACR). However, there were insufficient data from a search of the USEPA ECOTOX 

database to determine a chemical-specific ACR value (USEPA, 2002b). Similarly, this same 

lack of raw data prevented the method of calculating an LC0 developed by Mayer & 

Ellersieck (1986) and Sun et al. (1995) from being followed. Conversion of acute values into 

chronic estimates was therefore made using an assessment factor (AF) prior to inclusion in 

the BurrliOZ model (Warne, 2001) (see Appendix–Overview of BurrliOZ distribution-

fitting). 

Magnesium is recognised as an essential element (CCREM, 1987). The recommended 

arbitrary acute-to-chronic assessment factor of two for essential metals (Warne, 2001) gave a 

magnesium concentration of 21 mg/L magnesium. However, for M. mogurnda this 

represented a consequent decrease of 44% from mean control survival, yet the NOEC value 

is generally considered appropriate to approximately a 10% reduction in control response 

(i.e. an IC10) (Noppert et al., 1994; Moore & Caux, 1997). Therefore an arbitrary AF of five 

was used to convert from acute LC50 results to chronic NOEC equivalent. This AF thus gave 

a NOEC equivalent magnesium concentration of 8.3 mg/L magnesium with associated 10% 

reduction from control response. 
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Therefore, in order of decreasing sensitivity, A. cumingi proved to be the most sensitive, 

followed by L. aequinoctialis, H. viridissima, M. mogurnda (acute value corrected), 

M. macleayi and finally Chlorella sp. (Table 14). 

Table 14  Geometric means of definitive ecotoxicological end-points for local species tested against 

magnesium sulfate. 

Species tested End-point 

(measured 

response) 

Toxicant NOEC 

(mg/L) 

LOEC 

(mg/L) 

Number of 

valid tests 

A. cumingi* 

(Freshwater snail) 

Reproduction Mg2+ 

MgSO4 

1.1 

5.4 

1.6 

7.9 

1 

L. aequinoctialis 

(Duckweed) 

Population growth Mg2+ 

MgSO4 

1.9 

9.4 

3.1 

16 

3 

H. viridissima 

(Hydra, cnidarian) 

Population growth Mg2+ 

MgSO4 

2.2 

11 

4.6 

23 

3 

M. mogurnda** 

(Purple-spotted gudgeon) 

Larval survival Mg2+ 

MgSO4 

8.3 

41 

– 

– 

3 

M. macleayi 

(Water flea) 

Reproduction Mg2+ 

MgSO4 

10 

51 

18 

89 

1 

Chlorella sp. 

(Unicellular alga) 

Population growth Mg2+ 

MgSO4 

78 

386 

128 

635 

3 

*IC10 (Inhibition Concentration affecting 10% of the population) & IC20 results, **NOEC equivalent obtained from LC50 test response 

via a correction factor of 5 for metals (ANZECC/ARMCANZ, 2000a) 

The results of this experiment are similar to those of the previous study of Rippon et al. 

(1998) in the assessment of magnesium sulfate toxicity to H. viridissima. Their study also 

observed similar behavioural responses of loss of muscular control and consequently reduced 

feeding rates in higher magnesium sulfate concentrations. However, Rippon et al. (1998) 

found toxicity occurring at somewhat higher concentrations than in this study. A comparison 

between the endpoint geometric means of H. viridissima bioassays by Rippon et al. (1998) 

and this study showed NOEC/LOEC values of 7.9/14.2 mg/L and 2.2/4.6 mg/L magnesium 

respectively. The results of this study are therefore a minimum of three-fold lower than that 

of the NOEC/LOEC values of Rippon et al. (1998). The difference in H. viridissima 

sensitivity between the two studies is, however, relatively small given differences in 

laboratory equipment and procedures and the use of different diluent water (Buffalo 

Billabong downstream of RUM). 

Unlike most other metazoan higher forms of life, H. viridissima maintains virtually no 

extracellular body fluids (Stebbing & Pomroy, 1978). With no vascular system, coelom or 



LABORATORY TESTING 

78 

pseudocoelom, the relationship between the cells and the ambient fluid environment plays a 

much greater functional role in the physiology of these animals. The flaccidity and the 

inability of H. viridissima to feed when exposed to elevated magnesium sulfate may 

consequently be due to interference of micromesocosmule physiology (disturbance of 

calcium chemistry) by magnesium as an analogue of calcium, and through interference of 

cnidoblast development (Loomis, 1954; Loomis & Lenhoff, 1956; Macklin & Burnett, 

1966). 

Reduced growth in the presence of magnesium salts has previously also been observed in 

H. viridissima, and was attributed to contamination by other metals in test solutions (Lenhoff 

& Bovaird, 1960). The ions of magnesium and sulfate have not previously been identified as 

toxic for H. viridissima at even higher concentrations than those used in this study (Macklin 

& Burnett, 1966). Rather, magnesium has instead simply been noted as an essential element 

for organism development and survival (Loomis, 1954; Loomis & Lenhoff, 1956). However, 

the diluent test waters of these experiments are likely to be of quite different chemical 

composition than the unique chemistry of the extremely soft waters in Magela Creek 

(Klessa, 2000). 

The assessment factor modified (Mayer et al., 1994) tolerance of M. mogurnda to 

magnesium sulfate was comparable to that of the chronic endpoints of the majority of the 

other species considered in this study. However, the sensitivity of M. mogurnda was much 

greater than that reported for other fish taxa (Table 3). This is possibly due to the higher 

background concentrations of calcium in the diluent water used in these previous studies 

because calcium has an ameliorating effect on magnesium toxicity (Rippon et al., 1998). The 

low concentrations of aqueous calcium in low alkalinity waters, such as that of Magela 

Creek, have been found to increase the permeability of biological membranes of fish to 

metals (Markich & Jeffree, 1994). Increased permeability is expected to increase rates of 

uptake of metals, such as elevated ambient magnesium, from both water and food sources 

(Spry & Wiener, 1991). The higher degree of variability observed amongst tests for this 

species relative to the other species tests is typical (Alicia Hogan, eriss, pers comm) and is 

possibly due to the nature of the M. mogurnda test. For example, M. mogurnda fry are 

selected from the most readily available freshly laid egg brood; typically from a different 

adult pair each time. Therefore, genetic differences in adults may contribute to variability in 

the offspring and result in large inter-test variability. 

Moinodaphnia macleayi has previously been identified as being sensitive to mine waters 

(Corbett, 1996). However, other zooplankton crustacea have been found to be tolerant to 

elevated salt concentrations (Nielsen & Hillman, 2000; Kefford et al., 2002; Kefford et al., 

2004). Comparable tolerances were found for the other taxa bioassayed; however, M. 
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macleayi displayed greater tolerance to elevated magnesium sulfate concentration than the 

other test species. Whilst the problems associated with poor control survivorship have since 

been overcome (van Dam, 2004), it was beyond the scope of this study to complete the 

definitive testing for M. macleayi. Nevertheless, the tolerance of M. macleayi to magnesium 

was comparable both to that of the results of previous eriss tests with this species (Rippon et 

al., 1998) and also to other taxa of Cladocera in other reported tests (Dowden & Bennett, 

1965; Mount et al., 1997). Furthermore, as for M. mogurnda, part of the variance between 

these new results and those of previous tests may be due to the varying concentration of 

calcium in the diluent water of the latter. 

Three different tests of magnesium sulfate toxicity by Rippon et al. (1998) have also been 

completed previously for M. macleayi. As for H. viridissima, Rippon et al. (1998) found 

toxicity occurring at higher concentrations than found in this study, with recorded 

NOEC/LOEC values similar to those reported in this study (15.9 mg/L and 78 mg/L 

magnesium). Nevertheless, as with Hydra sensitivity between the two studies, these inter-test 

differences for Moinodaphnia are relatively small. 

Unicellular algae are the primary basis of food chains for many water bodies (Stauber, 

1995), and this is also true for the predominantly autotrophic food chains of the open creeks 

of the northern Australian tropical savannas (Frampton et al., 2000; Charles et al., 2002). 

The inclusion of this especially regionally-relevant trophic scale is therefore of significance 

when extrapolating laboratory data to the real environment (OECD, 1992). In their study of 

the toxicity of various metals on Chlorella vulgaris, Den Doreen de Jong (1965) found the 

ions of “…magnesium to be tolerated exceptionally well” indicating that this high tolerance 

is not restricted to the unknown Chlorella sp. tested here. Diluent water composition (e.g., 

hardness) was not, however, reported by Den Doreen de Jong (1965). Magela Creek water 

chemistry is, nonetheless, significantly different to that of the nutrient-enriched media in which 

the algae are cultured; especially in regards to the elements of water hardness (calcium and 

magnesium concentrations). Both of these ions are of much greater concentration in the culture 

medium than in  Creek water. Although it is unclear what the effect of these differences may 

have been, results from this experiment must be interpreted in light of these gross chemical 

differences. A similar situation of unclear but potential confounding of results exists with 

nitrate and phosphate nutrients included during bioassay testing (Table 15). 
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Table 15  Differences for magnesium and calcium concentrations between Magela Creek water and 

Chlorella and L. aequinoctialis growth media (Klessa, 2000; Riethmuller et al., 2003). 

 Creek water 

(mg/L) 

Growth media 

(mg/L) 

x Difference 

Chlorella sp.    

Calcium 0.7 8.2 12.7 

Magnesium 0.7 3.7 5.1 

Hardness 4.6 35.6 7.8 

L. aequinoctialis    

Calcium 0.7 64.0 98.3 

Magnesium 0.7 17.0 24.0 

Hardness 4.6 229.8 50.1 

 

Furthermore, Magela Creek water chemistry is significantly different to that of the 

L. aequinoctialis bioassay growth/test media with particular regard to water hardness ions. 

How the difference in composition of the media and Creek water may affect the response of 

L. aequinoctialis (i.e. causing a more/less sensitive response than otherwise) is unknown, but 

appears to be unavoidable in the course of testing with this species, at this time. 

Nevertheless, it seems unlikely that L. aequinoctialis is any more sensitive to magnesium 

than has been estimated in these tests, as it survives well in background magnesium 

concentrations of these values in the ARR (unpublished data). 

The hormetic response of fecundity in A. cumingi in the unacclimated test may be due to the 

lack of an acclimation period prior to bioassay testing. The tap water filled ponds in which 

eriss brood stock snails were maintained become very concentrated as a consequence of the 

high evaporation rates and tap refilling that occurs over the Dry season. Pond water then 

becomes diluted throughout the following Wet season. Continual replacement of evaporative 

loss during the 2000 Dry season is likely to have maintained very high calcium 

concentrations in the ponds relative to Magela Creek (Appendix 2 – Ion concentrations for 

snail ecotoxicology). Sudden water quality changes have been found to stimulate rapid 

oviposition of eggs by snails in other studies (Wilbur, 1984). Sudden exposure to the 

naturally extremely soft and solute-poor water from Magela Creek may have led to both 

osmotic stress and specific ion deficiencies within this treatment group, remedied by the 

extremely slight dosing of magnesium sulfate in the first treatment (0.6–0.8 mg/L 

magnesium). However, the potential for this is unclear as floodplain water is of a uniform 

high quality (Morley et al., 1985) and a water sample taken near the site of original brood 



LABORATORY TESTING 

81 

stock A. cumingi collection in early March showed only low values of magnesium, sulfate, 

calcium and most other elements (Appendix 6 – Ion concentrations for snail ecotoxicology). 

Although brood stock maintenance conditions have been being changed as a result of the 

findings of this study, the hormetic response has implications for interpretation of the past 

eriss Creekside Monitoring A. cumingi data, the brood stock of which has historically been 

maintained in this very hard tap water rich in both magnesium and calcium (Appendix 2–Ion 

concentrations for snail ecotoxicology). As the freshwater snail A. cumingi is able to remove 

large amounts of calcium directly from ambient water (Allison, H. E. unpublished data), 

there is the possibility that A. cumingi reared in high calcium concentration water may be 

less sensitive to magnesium toxicity than if reared in softer waters more representative of the 

ARR. 

Juvenile snails have been found to be more sensitive than their embryo life-stage to other 

chemicals (Tchounwou et al., 1991). However, the effect of high but below-LOEC 

concentrations of magnesium sulfate upon embryo development suggests that simple 

endpoints of egg-mass and embryo counts may have underestimated actual likely population 

growth rates and thus the likely impact of magnesium sulfate at these concentrations. There 

also appears to be the potential for inhibition of A. cumingi larvae development by 

magnesium sulfate levels below concentrations inhibiting fecundity. The egg-case membrane 

and capsule fluid are a chemically and physically complex colloidal medium and normally 

act to buffer chemical changes in surrounding waters for many ambient ions e.g., elevated 

magnesium during short periods of exposure (Wilbur, 1984). Therefore, interference with 

normal embryo development is likely to be either due to direct maternal effects or through 

greater ionic diffusion occurring across this barrier than can be buffered by the protective 

envelope. A previous unpublished study of magnesium sulfate toxicity on embryos of the 

closely related species, A. carinata, also reported either delayed pre-hatching development 

below NOEC values, or death shortly after hatching (eriss, unpublished data). These 

observations imply that significant toxic effects may occur at magnesium concentrations 

below that ascertained as NOEC values from testing with simple embryo/egg mass 

production endpoints. 

Magnesium is known to play an important role in a large number of physiological transport 

processes at the cellular scale (e.g., acting as a cofactor for enzyme reactions and trans-

membrane ion transportation). Magnesium also fulfils an important function in protein 

synthesis and is a key cofactor for many proteins (e.g., chlorophyll). Further, both internal 

and external cellular reserves of magnesium assist in regulation of the sodium/potassium 

pump (Bara et al., 1993). 
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Nevertheless, in mammalian smooth muscle cells and hearts, magnesium gas been found to 

inhibit both the passive sodium–calcium and calcium–calcium cellular transport 

mechanisms, with calcium–calcium being the more sensitive to inhibition (Ledvora & 

Hegyvary, 1983; Smith et al., 1987). General sodium–magnesium exchange is extremely 

similar to sodium–calcium exchange, and perhaps utilises the very same transport 

mechanism (Flatman, 1993). Magnesium inhibits sodium/calcium exchange at high 

(unphysiological) concentrations by competitively inhibiting the slow calcium influx through 

the calcium channels of the sarcolemmal membrane in myocardial cells (Schroll, 2002). 

Although the cellular exchange of calcium within an organism is poorly understood, 

interference of calcium channels by direct pore blocking may occur with a number of 

toxicants, including many metals (Audesirk et al., 2000). 

Thus, the conclusion of the laboratory study, that toxic effects of magnesium sulfate were 

observed at lower concentrations than in many other studies, is likely to be due to the 

different chemical composition of the diluent (receiving) waters of the Magela Creek 

compared to those of the other studies. The compositional difference of this study’s diluent 

(Magela Creek water) compared to other studies is primarily due to the paucity of calcium 

(calcium water hardness) in creek water. Calcium has been observed to provide a protective 

function against the toxicity of other metals in many studies (Charles et al., 2002). 

Additionally, it is still not clear whether it is the cation (magnesium), or the anion (sulfate), 

that causes the toxic effect of magnesium sulfate in these waters. These remaining issues are 

investigated further in the following chapters. 
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3.3 Roles of the anion and cation in magnesium sulfate 

toxicity 

3.3.1 Background 

The paucity of data available on magnesium sulfate toxicity is indicative of the low toxicity 

typically expected of both ions formed through dissolution of this salt (USEPA, 2003). 

Nevertheless, identification of the specific causative toxicant in a complex mixture often 

enables the toxic mechanism to be more easily understood and potentially resolved (Wall & 

Hanmer, 1987). Following investigations that demonstrated surprisingly high toxicity of 

magnesium sulfate in Magela Creek water, it was still unclear which ion of this salt was 

primarily responsible for magnesium sulfate toxicity. There is also little in the literature to 

suggest that one ion (magnesium or sulfate) is markedly more toxic than the other. For 

example, the environmental toxicology of neither magnesium nor sulfate are described in the 

2000 Australasian water quality guidelines (ANZECC/ARMCANZ, 2000a), although 

toxicity of high sulfate levels are noted in relation to livestock drinking water that give a 

limit for stock drinking water of 1 000 mg/L sulfate (ANZECC/ARMCANZ, 2000a). 

Insufficient information is currently available to set trigger values for magnesium in either 

human or stock drinking water, due to confounding of health effects with other associated 

cations (ANZECC/ARMCANZ, 2000a). Instead, trigger values for human and stock 

drinking water are only available as water hardness, incorporating the sum of magnesium 

and calcium concentrations (48 mg/L and 120 mg/L CaCO3 respectively), with no difference 

in toxicity ascribed to either chemical species. Similarly, sulfate in human drinking water is 

restricted to a maximum of 250 mg/L (based upon taste) and 500 mg/L for short-term toxic 

(purgative) effects (NHMRC/ARMCANZ, 1996) (Table 16). 

Table 16  Comparison of published Australasian magnesium and sulfate water quality criteria (mg/L). 
*= From magnesium as water hardness (CaCO3 equivalent), – = No value available. 

 Aquatic 

ecosystems 

Terrestrial Stock Aquaculture Human drinking 

Magnesium – 600 (ANZECC, 1992) 15 

(ANZECC/ARMCANZ, 

2000a) 

48* 

(NHMRC/ARMCANZ, 

1996) 

Sulfate – 1 000 

(ANZECC/ARMCANZ, 

2000a) 

– 250 

(NHMRC/ARMCANZ, 

1996) 
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Conversely, although toxicity of magnesium salts has generally been understood to be 

extremely low, research has still found magnesium salts to be more toxic than sulfate salts 

(Mount et al., 1997). 

This study therefore aimed to determine whether the cation (magnesium) or the anion 

(sulfate) was contributing most to toxicity within the aqueous solution of magnesium sulfate. 

3.3.2 Methods 

The test species used for these experiments was H. viridissima, following the standard eriss 

H. viridissima bioassay protocol (see Riethmuller et al. (2003). 

Magnesium toxicity in the absence of sulfate was tested for using magnesium chloride 

(applied as the hexahydrate MgCl2.6H2O). One definitive bioassay with a concentration 

range 2–150 mg/L magnesium was tested. This particular magnesium salt was used because 

of its high solubility and associated low anion toxicity (Den Dooren de Jong, 1965). 

Likewise, bioassay testing for sulfate toxicity in the absence of magnesium was tested for 

using disodium sulfate (applied as the heptahydrate Na2SO4.10H2O). One rangefinder 

bioassay of concentration range 0.5–3,500 mg/L sulfate was tested, followed by a single 

definitive test of 0.2–220 mg/L sulfate. 

This salt was used because sodium has also been identified as being of very low toxicity 

(Mount et al., 1997; Davies et al., 2003). 

As with the assessment of the toxicity of magnesium sulfate, this study was carried out with 

Magela Creek water as diluent. Magnesium concentrations were therefore constant in control 

treatments at 0.8 mg/L throughout the magnesium chloride and disodium sulfate testing. 

Test measures were derived as NOEC, LOEC and IC50 values. Differences for NOEC and 

LOEC values between test treatments and toxicity tests for magnesium chloride and sodium 

sulfate were analysed by ANOVA. 

3.3.3 Results 

Measured values of magnesium and sulfate, rather than nominal values, were used for 

statistical analysis. 

As indicated by its growth rate, H. viridissima was extremely tolerant to increasing additions 

of sulfate in the form of disodium sulfate (Figure 20). However, there was significant 

decrease in growth rate to much lower concentrations of magnesium in the form of 

magnesium chloride (Figure 20). 
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NOEC and LOEC values for magnesium and sulfate were also very different in magnitude. 

Based upon mass, magnesium NOEC and LOEC values were some 30 and 60 times lower, 

respectively, than for sulfate. Based upon molar concentration, magnesium NOEC and 

LOEC values were some 7 and 15 times lower, respectively, than for sulfate (Table 17). For 

example, growth rate for the highest concentration of magnesium tested (49.1 mg/L 

magnesium) was significantly lower (k = 0.10) than that of even the 363 mg/L sulfate 

treatment (k = 0.18) (d.f. = 1,4; F = 21.4; p = 0.01). 

 

Figure 20  Relative toxicity of the cation magnesium (as MgCl2) and the anion sulfate (as Na2SO4) in 

Magela Creek water to H. viridissima. Control k96-values = 0.37 (MgCl2) and 0.31 (Na2SO4). Sulfate 

toxicity response includes data from range finder experiment. 

Table 17  Hydra viridissima endpoints for magnesium (as magnesium chloride) and sulfate (as sodium 

sulfate) bioassays. 

Magnesium Sulfate  

(mg/L) (mmol/L) (mg/L) (mmol/L) 

NOEC 2.5 0.1 73. 0.8 

LOEC 6.1 0.3 366 3.8 

IC50 26.9 1.1 471 4.9 

IC50 confidence 10.2–36.9 0.4–1.5 323–625, 3.4–6.5 
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3.3.4 Discussion 

The growth rate tolerance of H. viridissima to relatively high concentrations of sulfate is 

consistent with reports of the tolerances of other taxa to sulfate toxicity. For example, 

Goestch and Palmer (1997) found an LC50 of 548 mg/L sulfate (in the form of disodium 

sulfate) for the endemic South African river mayfly Tricorythus sp. (family Tricorythidae). 

Rippon et al. (1998) also performed an experiment determining the toxicity of sulfate (as 

disodium sulfate) to H. viridissima and found no significant toxicity at sulfate concentrations 

as high as 100 mg/L. Similarly, studies with the aquatic moss Fontinalis antipyretica 

(Fontinalaceae) revealed a toxic threshold at 100 mg/L for K2SO4 and 800 mg/L for Na2SO4, 

(Frahm, 1975). Another study found sodium to be “insignificant” in explaining toxicity of 

salts to two crustaceans and a fish, whilst sulfate (although also of low toxicity) was still a 

significant predictive variable for toxicity (Mount et al., 1997). Both increasing water 

hardness and increasing calcium:magnesium ratios appear to ameliorate sulfate toxicity 

(Davies et al., 2003) which may also account for differences between test results reported in 

the literature. Accounting for this antagonistic effect of water hardness, Davies et al. (2003) 

recommended maximum allowable sulfate concentrations from 200 mg/L to 400 mg/L in 

water hardness concentrations from less than 50 mg/L to more than 100 mg/L respectively 

(as CaCO3). Toxicity in these experiments with sodic salts is therefore most likely to have 

been due to the sulfate rather than the sodium ion. 

Magnesium toxicity as magnesium chloride was approximately equal to that of magnesium 

sulfate toxicity as determined earlier in this study (see Chapter 3.2–Toxicity of magnesium 

sulfate). This result concurs with those for Gambusia affinis where Median Tolerance Limit 

(TLm) values of magnesium sulfate (15,500 mg/L) was very similar to toxicity of both 

magnesium chloride (16,500 mg/L), and sodium chloride (17,550 mg/L) (Wallen et al., 

1957). Similar results have also been found for H. viridissima, albeit with higher 

concentration endpoint values (Rippon et al., 1998) (Table 18). 

Table 18  Comparison of H. viridissima 96 h endpoint values for magnesium ion concentrations (mg/L) 

of different magnesium salts (Mg mg/L). 

Study Magnesium salt NOEC) LOEC 

Rippon et al. (1998) MgSO4 7.9 14.2 

 MgCl2 11.0 16.5 

This study MgSO4 2.2 4.6 

 MgCl2 2.5 6.1 
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In contrast to these other studies, one of the few published analyses of magnesium toxicity 

comparing different salts (Mount et al., 1997) found that 1:1 mass mixtures of magnesium 

sulfate and magnesium chloride gave toxicological results intermediate in magnitude to that 

of a single salt.  Magnesium chloride was also found to be significantly more toxic than 

magnesium sulfate. For example, the 48 h LC50 values for Ceriodaphnia dubia and Daphnia 

magna were 358 mg/L magnesium as magnesium sulfate and 217 mg/L magnesium as 

magnesium chloride respectively. Similarly, 96 h LC50 values for Pimephales promelas were 

570 mg/L magnesium as magnesium sulfate and 411 mg/L magnesium as magnesium 

chloride, respectively (Mount et al., 1997). 

Thus, when analysed for their component ions, LC50 values decreased as magnesium 

concentrations decreased, with no clear pattern of difference in toxicity for either associated 

anion as Mount (1997) also found. For the two pure magnesium salt solutions, a slight 

decrease in mortality with increasing magnesium concentration may be in part due to greater 

toxicity of the sulfate ion than that of chloride, as has also been found with sodium salts in 

other studies (Goetsch & Palmer, 1997; Mount et al., 1997). 

The LC50 values for C. dubia and D. magna in the experiment of Mount et al. (1997) are also 

much higher than those of this study’s experiments with the related crustacean M. macleayi. 

This may, in part, be due to differences in taxonomic sensitivity. However, dilution waters 

for the former test were Moderately Hard Reconstituted Water (MHRW) (USEPA, 2002b). 

This diluent is much harder than the Magela Creek water diluent used in M. macleayi 

toxicity testing, which contained 6.0 and 6.1 mg/L of calcium and magnesium respectively 

(i.e., 40 mg/L as CaCO3). Calcium is known to have a protective effect on the toxicity of 

many metals as discussed further in the following section (Chapter 4.6–Effect of calcium 

water hardness on magnesium sulfate toxicity) (Jayaraj et al., 1992; Bervoets et al., 1996; 

Hollis et al., 1997; Naddy et al., 2002). 

In conclusion, this evaluation of the toxicity of the ions of magnesium sulfate following 

dissolution in Magela Creek water has found that the cation is significantly more toxic than 

the largely benign anion. Below RUM, Creek concentrations of sulfate are on average 

0.6 mg/L (standard deviation 1.2 mg/L) (Klessa, 2000) and so are therefore unlikely to be of 

ecotoxicological concern. However, Magela Creek concentrations of magnesium (as noted in 

Chapter 3.2–Toxicity of magnesium sulfate) are much closer to the LOEC values of 

magnesium sulfate and therefore were the focus of further investigation and final trigger 

value derivation in the following chapters. 
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3.4 Hydra viridissima population tolerance differences to 

magnesium toxicity 

3.4.1 Background 

Laboratory bioassay tests are used to predict ecological effects on natural populations of 

species. However, laboratory test data are often based upon captive stocks; the gene pool of 

which may differ from wild stocks, yielding erroneous toxicology conclusions (Snyder et al., 

1991). For example in this study, a geometric mean magnesium LOEC value for 

H. viridissima of 4.6 mg/L (Chapter 3.2–Toxicity of magnesium sulfate) represented a 

population growth rate of approximately 70% of control response. Thus, given no other 

chemical or biological interactions, field populations of H. viridissima exposed to greater 

concentrations of magnesium would be expected to be significantly impacted by this 

toxicant. However, when bioassay LOEC values were compared with field H. viridissima 

abundances and magnesium concentrations, there were significant disagreements. For 

example, Corbett (1996) found H. viridissima in all billabongs except for Jabiru Lake in 

plankton seine net samples of May 1995. Despite having concentrations of magnesium well-

above reported LOEC values, RP1 and even Djalkmara Billabong had abundant populations 

of this supposedly magnesium sulfate sensitive animal in at least three of the four replicates, 

at a time when magnesium concentrations were 18 mg/L in RP1 and around 10–20 mg/L in 

Djalkmara Billabong (Ranger Uranium Mine, unpublished data). These magnesium 

concentrations are substantially higher than that reported as toxic to H. viridissima in 

Chapter 3.2–Toxicity of magnesium sulfate. It was unclear whether chemical amelioration 

through elevated calcium, or differences in physiological tolerances, or a combination of 

both, explained the unexpected tolerance of H. viridissima to magnesium sulfate in the 

receiving billabongs of RP1, Coonjimba Billabong, and Djalkmara Billabong. 

Two hypotheses were proposed to explain the existence of populations of H. viridissima in 

billabongs receiving high concentrations of magnesium. 

1. A local, tolerant strain of H. viridissima had evolved in these specific billabongs 

over time. 

2. Antagonism of magnesium toxicity by other components of the chemically complex 

mine waters was ameliorating toxic effects. 

Significant salinity in RP1, and consequently Coonjimba Billabong, has only occurred over 

the last 10 years (Overall et al., 2003). However, adaptation to pollutants has been observed 

to occur over comparable time scales, for example, industrial melanism in moths (Kettlewell, 

1955), copper tolerance in nematodes (Millward & Grant, 1995), and rainbow trout (Dixon 
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& Sprague, 1981); and closer to this study’s relevance, copper tolerance in Northern 

Territory black-banded rainbowfish (Gale et al., 2003). Clearly, organisms may acclimate to 

certain toxicants at a given range of concentrations in much the same way that they do to 

natural environmental stressors. A non-reversible (i.e. obligatory) form of enhanced 

tolerance could therefore form in H. viridissima of receiving billabongs through evolutionary 

adaptations of a population over successive generations as a result of selective mortality of 

naturally less tolerant members of the population (Skidmore, 1964). 

The extent to which differing races/locales of the same species may differ in their response 

to toxicants is an important consideration for ecotoxicological science. This is especially so 

when environmental conditions from whence populations are sourced may be appreciably 

different (Wu, 1996). Thus, a relative ranking of toxicant toxicity risk will depend very much 

upon which strain(s) are tested (Forbes & Depledge, 1992). This question is particularly 

pertinent when considering relating the responses of laboratory maintained brood stocks to 

naturally occurring populations. Testing for comparability of response of laboratory-

maintained stock and wild stock is therefore also a good way of achieving high laboratory 

quality control (Forbes & Depledge, 1992; van Dam & Chapman, 2001). 

For example, Baird et al. (1991b) reported that random sampling of brood stocks of 

Daphnia magna indicated that 26 of 27 laboratories throughout Europe and North America 

were maintaining single-genotype cultures after more than 30 generations. Similar concerns 

have also been voiced for asexually reproducing laboratory populations of 

Ceriodaphnia dubia (Snyder et al., 1991), Lemna gibba (Mazzeo et al., 1998) and other test 

animals in general (Forbes & Depledge, 1992). Therefore, it is possible that a clone with a 

slight selective advantage under specific laboratory conditions may successfully exclude 

other genotypes, resulting in less variability of test results within labs because of reduced 

genetic diversity but increased variability of test results between labs culturing populations 

of separate genotypes (Snyder et al., 1991). 

Further repercussions expected from this altered gene pool following transfer from a natural 

population include predictions of increased magnitude of the effect concentration of a 

toxicant and at the same time reduced variation of their response (Baird, 1992). Measures of 

toxicity obtained from a subsample of a natural population with reduced variability are 

therefore likely to lead to an underestimate of the variability of the response of the more 

genetically diverse natural populations, although by how much is difficult to quantify 

(Luoma, 1977; Millward & Grant, 1995) (Figure 21). 
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Figure 21  Expected response to a captive population of a test species relative to its original wild 

population. From Baird (1992). 

If a population receiving elevated toxicants is more resistant to the given toxicant than 

natural, reference populations; then this may be taken as direct evidence that the toxicant 

concentration has been sufficient to elicit biological community changes. Furthermore, this 

effect on the population of one species in the receiving system strongly implies that other 

species are likely to be affected by the toxicant in similar fashion (Luoma, 1977). The 

presence of tolerant forms may therefore be used as an indicator that a community is being 

subjected to an environmental stress (Grant, 1976; Calow, 1992a). The nature of this 

resistance can also provide insight into the nature of the stressor (e.g., if tolerance is 

observed the toxicant may be an anthropogenic toxicant). 

Consequently, the ecological consequence of favouring obligatory pollution-tolerant 

genotypes may result in species being rendered less fit in other areas which are necessary for 

their success (Schindler, 1987; Humphrey et al., 1995a; van Dam & Chapman, 2001). 

Although previously this tolerance had led to improved fitness under stressful conditions, it 

may become deleterious when these conditions are removed (Cook et al., 1972; Dixon & 

Sprague, 1981). This is because physiological tolerance of a stressing factor frequently 

incurs energetic costs (McNeilly, 1968; Bryan, 1974). Alternatively, the tolerance response 

may be facultative (i.e. non-evolutionary and reversible) and may be removed once the 

stressor is absent. Nevertheless, development of even a facultative tolerance toward one 

stressor may be at the expense of tolerance to another stressor of even a similar nature e.g., 

from one heavy metal to another (Williams, 1975; Forbes & Depledge, 1992). 
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Once a toxicant enters an organism, the damage that it causes is dependent to a large extent 

on the suite of physiological responses that the organism has available as a function of its 

genotype (Williams, 1975). Therefore, the ability of an opportunist species (such as H. 

viridissima) to survive is diminished by a loss of the variety of genotypes available by the 

evolutionary selection of the toxicant on the population’s gene pool (Hughes, 1990). Because 

of this physiological “cost”, resistant strains have typically been found only in areas of 

sufficient toxicant concentration. The level of resistance to a toxicant has also been found to 

be directly related to the concentration of the toxicant to which the population is exposed 

(Forbes & Depledge, 1992). 

Asexual populations have been expected to consist of only one or a few highly fit genotypes 

(Sugiyama, 1983). These genotypes have broad ecological and physiological tolerances that 

have been described as “general purpose” genotypes (Forbes & Depledge, 1992). This high 

degree of physiological flexibility within a single genotype has been ascribed to the typically 

high level of heterozygosity that these organism types display (Sugiyama, 1983). 

Isolation of H. viridissima for mutant strains has been achieved via sexual inbreeding, and 

clearly shows how genotypes not normally encountered in wild populations of this species 

may readily become dominant in laboratory-maintained cultures (Hughes, 1990). 

Consequently, a consideration of the asexual life-history strategy of H. viridissima is 

fundamental for interpretation of the results of ecotoxicological testing with this species 

(Sprague, 1990; Lo, 1994). 

Comparative experiments with eriss stock populations and H. viridissima from both 

reference and receiving billabongs, therefore sought to answer the following questions: 

1) Are the differing responses to magnesium sulfate of eriss Hydra bioassays and actual 

billabong populations due to differences in toxicity between the whole RUM wastewater and 

the magnesium sulfate dosed Magela Creek water? 

2) Alternatively, are Coonjimba Billabong H. viridissima an obligatory tolerant strain, hence 

their ability to exist under concentrations of magnesium sulfate that are much higher than 

laboratory LOEC values for the same species? 

This chapter sought to answer these questions by comparing the responses of Hydra 

populations from both reference billabongs and billabongs receiving mine water, to 

magnesium sulfate in Magela Creek water, and also to a series of dilutions of high 

magnesium-containing mine water from Coonjimba Billabong. 



LABORATORY TESTING 

92 

3.4.2 Methods 

To determine the effect of elevated magnesium concentrations upon H. viridissima in a 

natural water body, simple qualitative observations for the presence of H. viridissima in RP1, 

Coonjimba and Anbangbang Billabongs were made in April 2001. Macrophytes from these 

billabongs were placed in white trays and left to settle for two hours. They were then 

examined for hydroids under an illuminated magnifying lamp (4 times magnification) 

(Campbell, 1983a, b). Water samples from these billabongs were also taken and analysed for 

major ions by ICP-MS. 

In April 2002, wild H. viridissima were sourced from the reference water body Anbangbang 

Billabong (Nourlangie Creek catchment) and from Coonjimba Billabong (Magela Creek 

catchment), which receives RUM mine water. Three replicate 20 L buckets were filled with 

water and macrophytes from either Anbangbang or Coonjimba billabongs. Buckets were 

aerated over night then emptied the next day. An index finger was gently rubbed over the 

surface of the bucket as water was poured past to dislodge H. viridissima that had attached 

overnight. This water was then poured into a culture vessel that they were to be maintained 

in. Hydra viridissima were then transferred into the laboratory and slowly acclimated to 

Magela Creek water through gradual replacement of the original water over a period of two 

weeks. During this time, feeding, temperature and light levels were maintained as for the 

normal conditions of eriss H. viridissima brood stock (Riethmuller et al., 2003). 

To determine the toxicity of whole mine effluents from Coonjimba Billabong and RP1, 

asexually reproducing (budding) H. viridissima from eriss brood stock were exposed to a 

geometric series of dilutions of Coonjimba water, with the number of hydroids (defined as an 

animal inclusive of attached buds) counted daily. This dilution series consisted of 0%, 6.3%, 

12.5%, 25%, 50% and 100% dilutions of Coonjimba Billabong water. Three separate 

replicate petri dishes were used for each of the 6 treatments tested. Each dish contained an 

initial 10 H. viridissima in 30 mL of test solution. The endpoint measurement for this 

reproduction-based test was a calculation of the growth rate index for 96 h, k96 (Lenhoff, 

1983b). Test endpoints were presented as 96 h IC50 calculated through linear interpolation and 

as NOEC/LOEC values from k96.calculated through one-way ANOVA. 

In a parallel experiment, bioassays testing for magnesium sulfate toxicity were completed on 

each water body population isolate, following the same standard testing protocol as for 

trigger value derivation tests (Chapter 3.2–Toxicity of magnesium sulfate). These results 

were compared with that of mean definitive H. viridissima tests from the earlier magnesium 

sulfate toxicity evaluation. 
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3.4.3 Results 

Concentrations of both calcium and magnesium were greatly elevated in RP1 and Coonjimba 

Billabong relative to the reference water body, Anbangbang Billabong (Table 19). 

Table 19  Comparative concentrations of magnesium and calcium between reference and receiving 

billabongs sampled for the presence of H. viridissima. 

 Magnesium (mg/L) Calcium (mg/L) Mg:Ca mass ratio 

Coonjimba Billabong 21 2.5 8.2 

RP1 Spillway 32 3.7 8.5 

Anbangbang Billabong 1.1 0.8 1.4 

 

Hydra spp. were common in samples of both Coonjimba and Anbangbang Billabong, and in 

RP1. Much greater relative and absolute abundances of pink Hydra (H. vulgaris) were 

present in RP1 than in either Coonjimba or Anbangbang Billabong. 

Although there is only limited, and variable, information from a single test each, Coonjimba 

Billabong H. viridissima may have been slightly more robust to Coonjimba Billabong water 

than were eriss H. viridissima at high concentrations (Figure 22). Nevertheless, there were 

no significant differences between H. viridissima source (F1,24 = 0.572, p = 0.457). 

Therefore, given normal inter-test variability, the difference in response between strains at 

100% Coonjimba water (8% more growth relative to control) is unlikely to indicate a 

difference in strain tolerance. Neither strain showed sufficient growth suppression to enable 

derivation of NOEC/LOEC or point estimate concentration summary statistics, as seen by 

differences in error bar width (Figure 22). Coonjimba H. viridissima also appeared to be less 

variable in response than the eriss H. viridissima. Mean control percentage coefficient of 

variation (% CV) for eriss H. viridissima was 2.4 and for Coonjimba H. viridissima was 5.0 

(Figure 22). 

There were large differences amongst the water chemistry of the three billabongs, with the 

greatest differences between the two reference billabongs, Magela Creek and Anbangbang 

Billabongs, and the receiving Coonjimba Billabong (Table 20). Magnesium sulfate 

concentrations and magnesium:calcium ratios all followed this pattern with all three of these 

chemical species greatly elevated in Coonjimba Billabong, which receives mine waters 

(Table 20). 

Hydra viridissima strains from these three different billabongs displayed different degrees of 

intra-treatment variation in their response to elevated magnesium sulfate (Figure 23). 

Anbangbang Billabong H. viridissima displayed the least intra-treatment variation (% CV = 
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8.5%), eriss H. viridissima twice this (16.6%), and Coonjimba Billabong H. viridissima the 

greatest variation (23.6%). Responses of the different population sources were very similar, 

with initial detrimental effects of elevated magnesium sulfate occurring at very similar 

concentrations for all three experiments. 

The more variable Coonjimba Billabong data also reduced the statistical power of the 

hypothesis test for NOEC/LOEC summary values (Table 21), resulting in higher NOEC and 

LOEC values even though concentration-response models across all populations were 

broadly similar. For example, even though NOEC and LOEC values were some 3 and 4 

times respectively greater for Coonjimba Billabong than for eriss brood stock H. viridissima 

dataset, their IC50 results appeared to be very similar. Additionally, the overlap in confidence 

intervals of the IC50’s of these tests indicates that they are not significantly different 

(Sprague, 1990; Lo, 1994) (Table 21). 

 

Figure 22  Relative response (population growth rate) of eriss H. viridissima stock and Coonjimba 

Billabong H. viridissima stock to Coonjimba water. eriss stock results from magnesium sulfate toxicity 

tests. Error bars indicate standard error of the mean. Control k-value = 0.32 (eriss stock) and 0.33 

(Coonjimba Billabong stock). Lines of best fit to aid visual interpretation. 
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Table 20  Summary mean water chemistry of billabong tested for H. viridissima communities’ tolerance 

to magnesium sulfate. – = no data. 

Element: 

Coonjimba 

Billabong 

Anbangbang 

Billabong 

Magela 

Creek* 

Aluminium, (µg/L) 6.3 6.3 – 

Calcium, (mg/L) 2.5 0.8 0.7 

Cadmium (µg/L) <0.02 <0.02 – 

Chromium (µg/L) 0.9 0.6 – 

Copper (mg/L) 0.4 0.54 0.8 

Iron (µg/L) 184 40 – 

Potassium(mg/L) 1.1 0.6 0.3 

Magnesium (mg/L) 20.6 1.1 0.7 

Manganese (µg/L) 5.4 0.7 10.3 

Sodium (mg/L) 5.0 2.6 1.4 

Nickel (µg/L) 0.8 0.2 – 

Lead (µg/L) 0.2 – 1.0 

Selenium (mg/L) – 0.2  

Sulfate (mg/L) 69.3 0.3 0.6 

Uranium (µg/L) 6.7 0.0 0.6 

Zinc (µg/L) 3.9 5.5 9.4 

Magnesium:calcium ratio 8.2 1.4 1.1 

Total water hardness (mg/L CaCO3) 91.0 6.5 4.6 

* Mean data from Klessa (2000) 
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Figure 23  Relative response (population growth rate) of eriss H. viridissima stock and Coonjimba 

and Anbangbang Billabongs H. viridissima stock to magnesium sulfate in Magela Creek water. Error 

bars indicate single standard errors of the mean. Control k-value = 0.32 (eriss stock), 0.32 

(Coonjimba Billabong stock) and 0.25 (Anbangbang Billabong stock). 

Table 21  Summary statistics for comparisons amongst different sources of H. viridissima (mg/L 

magnesium). – = confidence intervals unable to be calculated. 

 NOEC LOEC Mean 

control k 

IC50 IC50 95% confidence intervals 

Coonjimba Billabong 6.2 18 0.33 17 0–16.2 

eriss brood stock* 2.2 4.6 0.36 – 0–16.7 

Anbangbang Billabong 1.1 1.5 0.36 6.2 2.1–14.8 

*Geometric mean results of three definitive experiments 

3.4.4 Discussion 

There is inconsistency in the published literature regarding the evolutionary responses of 

different biological populations exposed to toxicants. While some studies of populations 

collected from contaminated sites have found no indications of enhanced tolerance to the 

toxicants of concern (Moraitou-Apostolopoulou et al., 1982; Lefèbvre & Vernet, 1990), 

many others have found populations from contaminated sites to be more tolerant of toxicants 

than reference populations (Bodar et al., 1990; Millward & Grant, 1995). The fact that 

studies have found tolerance developed in some species with some toxicants and not with 

other species/toxicant combinations implies that development of species tolerances to 

differing toxicants is both species and toxicant specific (Semaan et al., 2001), and also 
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depends upon the variability of concentration of the toxicant in space and time of the 

receiving environment (Chapman, 1996). 

Whilst initial toxicological studies in the ARR predicted an absence of H. viridissima from 

waters with concentrations of magnesium around 5 mg/L, H. viridissima has been found to 

exist even in the high magnesium waters of RP1 (>30 mg/L). These results confirm 

Chapman’s (1996) caveat regarding interpreting toxicity test data from simple mixtures to an 

extrapolation of an effect of an entire effluent on a receiving environment. Entire effluents, 

or in this case an already contaminated receiving water, may contain a multitude of different 

toxicants in differing concentrations. For example, the toxicity of mixtures tested using 

bioassays that demonstrate high concentration endpoints, differ more from a model of 

additive toxicity than do low concentration endpoints (Warne & Hawker, 1998). The non-

toxic effect of Coonjimba Billabong water and its elevated magnesium component is 

therefore not surprising as the process of DTA has often been found to identify antagonism 

of toxic effects in situations involving a discharge of a complex effluent into a receiving 

water body (van Dam & Chapman, 2001). Similar results of lower than expected toxicity of 

a whole effluent have been also found with metal toxicants on algae (Luoma & Carter, 1991; 

Stauber et al., 1996). 

Furthermore, greater abundances of pink Hydra (H. vulgaris) than green Hydra 

(H. viridissima) in these billabongs may be an example of Pollution Induced Community 

Tolerance (PICT), whereby more tolerant taxa become more abundant within a receiving 

community than less tolerant taxa (Millward & Grant, 1995). Similar patterns of H. vulgaris 

being more common in these receiving billabongs and H. viridissima more common in 

reference billabongs have also been observed before (Douglas Holdway, University of 

Ontario Institute of Technology pers comm). This qualitative data may indicate a selective 

disadvantage for H. viridissima in these billabongs, with competition with H. vulgaris 

replacing these taxa as ecological analogues rather than through a mechanism of direct 

toxicity sensu stricto. Although outside the scope of this study, the apparent differences in 

intrageneric tolerance of these two species highlights the potential for further laboratory and 

field study of the Hydra genus to investigate the mechanism of magnesium toxicity. 

As discussed previously (Chapter 3.2–Toxicity of magnesium sulfate), relatively high 

ambient levels of magnesium are likely to lead to hypocalcaemia under conditions of already 

low ambient calcium concentrations, through competition of these two divalent ions of 

similar molecular mass and size. Consequently, the nearness of the mean 

magnesium:calcium ratio within RP1 to that of the laboratory-derived NOEC indicates that 

H. viridissima populations of this water body may be under stress. Given the large 

fluctuations of magnesium and calcium concentrations of this water body over time, it is also 
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possible that extinctions may have occurred in the past, requiring recolonisation from nearby 

billabongs acting as refugia. However, preliminary data demonstrate substantial variation of 

the Coonjimba H. viridissima strain in response to magnesium sulfate in Magela Creek water 

diluent, thus implying that a diverse gene pool remains within the H. viridissima population 

of Coonjimba Billabong (Chapter 3.5–Effect of calcium water hardness on magnesium 

sulfate toxicity). 

These preliminary results indicate there were no statistically significant differences between 

tolerances to magnesium sulfate from H. viridissima sourced from Coonjimba Billabong and 

those from either Anbangbang Billabong or eriss brood stock. 

Similarly, a comparable eriss study evaluating the tolerances to uranium of the endemic 

cladoceran M. macleayi from the reference water body Bowerbird Billabong, the RUM mine 

water body Djalkmara Billabong and eriss brood stock (Semaan et al., 2001), found no 

significant differences between the responses of the different populations. This study 

concluded that the responses of the laboratory M. macleayi brood stock to elevated uranium 

were still representative of their wild populations after more than 10 years of captive 

maintenance. 

Reasons why tolerance may not have developed within the Coonjimba Billabong population, 

even when exposed to high levels of magnesium sulfate, may therefore be summarised as 

follows: 

a) Although elevated magnesium concentrations may select for tolerant genotypes (as 

would be seen by H. viridissima in RP1) regular, even slight, incoming genetic flow 

from a non-tolerant H. viridissima gene pool, such as H. viridissima transported from 

natural billabongs on the feet of waterfowl, would be expected to be sufficient to disrupt 

a water body-specific selection process (Futuyma, 1998). 

b) Even as an allopatric population, Coonjimba H. viridissima may be unable to adapt to 

magnesium sulfate toxicity. This may be through a simple physiological inability, or 

through more complex prevention via alternative selective pressures occurring against 

these adaptations. For example, adapting to a heightened tolerance to magnesium sulfate 

may result in a loss of tolerance to another environmental stressor (toxicant, natural 

environmental variable, etc.). 

c) Tolerances for magnesium sulfate toxicity may have developed, but these may be 

merely facultative in nature and therefore reversible once this stressor is removed i.e. 

once Coonjimba H. viridissima were isolated into Magela Creek maintenance water 
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they lost their tolerance to magnesium as it was no longer present in stressful 

concentrations e.g. Baird et al. (1991b), Barata et al. (1998). 

d) There may no toxic effect attributable to magnesium sulfate within Coonjimba 

Billabong and therefore no selective force present that would result in a modified 

response of these resident populations to toxicity of this chemical (McNeilly, 1968; 

Cook et al., 1972). For example, the disparity between laboratory bioassay results and 

the presence of high numbers of H. viridissima at high concentrations of magnesium 

sulfate in this water body may be due to any environmental factor or factors that reduce 

or prevent toxicity. 

This study’s results indicate that elevated calcium water hardness is likely to ameliorate 

magnesium toxicity. The low magnesium:calcium ratios encountered in Coonjimba 

Billabong waters do not appear to suppress reproduction in either eriss or Coonjimba 

billabong H. viridissima populations. It therefore follows that the lack of toxic action by 

magnesium is the best explanation of why resident H. viridissima populations have not 

developed in RP1 waters. Thus, although the other factors addressed are also likely to 

contribute to the responses of the H. viridissima within Coonjimba Billabong, amelioration 

of magnesium toxicity via elevated concentrations of calcium also present in RUM waste 

waters would appear to be permitting a H. viridissima population of natural sensitivity to 

magnesium to remain unaltered. 

Additional evidence in support of this hypothesis comes from the large variations seen with 

the response of Coonjimba Billabong H. viridissima to increasing magnesium 

concentrations. Whilst population variance is generally expected to decline in populations 

under stress (Baird et al., 1991a, b; Baird, 1992; Forbes & Depledge, 1992) the high intra-

treatment response of H. viridissima from this receiving water body instead indicates they 

were the most diverse of the three population sources studied. The treatment response of the 

reference Anbangbang Billabong’s population was the least variable and consequently likely 

the least diverse. A more varied response relative to this reference billabong was even 

encountered in that of the 15 year-old eriss brood stock. 

Thus, the considerable similarity between the response of H. viridissima maintained in the 

laboratory for over 15 years and that of “wild” H. viridissima only recently collected from a 

natural billabong implies that the test results of magnesium sulfate bioassays using the 

former H. viridissima population are likely to be representative of natural populations of the 

area. However, responses to different toxicants may vary and given the length of time these 

test animals have been in culture, a confirmatory comparative evaluation of the responses of 
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H. viridissima brood stock and a population from a natural water body to other toxicants may 

be advisable. 

In conclusion, the maintenance of populations of H. viridissima under exposure to high 

magnesium concentrations appeared to be due to concomitantly elevated calcium 

concentrations. The effect of calcium amelioration was therefore identified as of prime 

importance for better understanding of the toxicity of magnesium to aquatic biota. 
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3.5 Effect of calcium water hardness on magnesium toxicity 

3.5.1 Background 

Both synergism (toxicity enhancement) and antagonism (toxicity reduction) may occur when 

different chemicals coexist in a complex waste mixture (Jayaraj et al., 1992; Vadas & Orth, 

1993; Erickson et al., 1996; Mol et al., 1999; Naddy et al., 2002). For example, silica is 

known to ameliorate aluminium toxicity to the purple spotted gudgeon (M. mogurnda) 

through an unknown mechanism (ANZECC/ARMCANZ, 2000a; Camilleri et al., 2002). 

Increased ambient concentrations of alkali metals (collectively known as “water hardness”) 

(APHA, 1998) are known to reduce the toxicity of many toxicants, especially metals 

(Markich et al., 2001; Markich et al., 2002). Of these metals, the physiological role of 

calcium has been the most studied and is thus best understood, with very little attention 

being focused on the physiological role of magnesium within cells (Grubbs & Maquire, 

1987). Units of hardness are normally expressed as equivalent levels of calcium carbonate as 

hard water is generally associated with high water alkalinity (sodium, potassium, etc.) 

(ANZECC/ARMCANZ, 2000a). 

The literature is sparse on the effect of ambient calcium concentrations on the toxicity of 

magnesium per se to aquatic life. Although calcium and magnesium are usually considered 

together as total hardness, this combined measure is usually dominated by either calcium or 

magnesium ions (Hickey & Pyle, 2001). Indeed, measurement of calcium alone (known as 

“calcium” water hardness) is rarely undertaken, even though calcium has been found to be a 

far more effective antagonist to metal toxicity than magnesium (Jayaraj et al., 1992). 

Furthermore, in addition to being identified as an essential element in physiological 

processes, loss of calcium from ecosystems has been considered indicative of disturbance 

(Schindler & Turner, 1982) and has even been proposed as a general indicator of ecosystems 

undergoing stress (Schindler, 1987). Given that the waters of Kakadu National Park are 

extremely soft relative to the world average (Humphrey et al., 1999), knowledge of the effect 

of ambient calcium concentrations on magnesium toxicity is therefore crucial. 

Experiments assessing magnesium toxicity found no effect on the growth of H. viridissima at 

concentrations of ca. 25–28 mg/L with magnesium:calcium ratios up to around 15:1 (Rippon 

et al., 1998). The antagonism of calcium exchange by magnesium is therefore relevant for 

mining effluent which may have both elevated magnesium sulfate concentrations and 

magnesium:calcium ratios (the latter variable has been generally overlooked) in their 

discharge (Haefner & Rowe, 1997). 
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Why then is there not more literature reporting toxic effects of magnesium both in field and 

in laboratory studies? The answer is likely to be in the composition of the receiving/diluent 

waters concerned. Mean world concentrations in freshwater rivers are 3.7 mg/L for sulfate 

and 4.1 mg/L for magnesium. Mean water hardness for these same water bodies is 54 mg/L 

as calcium carbonate (Brownlow, 1979). Recommended USEPA “very soft” laboratory 

bioassay reagent water contains 1.5 mg/L calcium and 1.5 mg/L magnesium (USEPA, 

2002b). By this criterion, Magela Creek water may be regarded as “extremely soft” with 

background concentrations of 0.7 mg/L for calcium and 0.7 mg/L for magnesium (Klessa, 

2000). This very different receiving water chemistry has great implications for the toxicity of 

many toxicants, including metals (Markich & Camilleri, 1997; Markich et al., 2001). 

Most bioassays are completed with technical grade or higher purity formulations, whereas 

chemicals introduced into a receiving environment are generally more complex mixtures 

(Warne, 1998). These unconsidered chemicals may drastically change the toxicity of the 

chemical species of interest (Spry & Wiener, 1991). Single toxicant testing may therefore not 

be representative of the stress encountered by the ecosystem as an organism will rarely be 

exposed to just a single toxicant in a waste stream (van Dam & Chapman, 2001). Additional 

components may result in either additive or synergistic toxicity, antagonism of toxicity, or no 

effect on the toxicant of interest. Whilst some models are available for predicting the whole-

water effluent toxicity from such mixtures, they require a good knowledge of both the 

effluent chemistry and the interactions of their components and introduce another degree of 

uncertainty into the risk assessment process (van Dam & Chapman, 2001). Consideration of 

the toxicity of an effluent in its entirety has been reflected in a recent increase of interest in 

Australia in tests designed to meet the environmental conditions of the site of impact (van 

Dam & Chapman, 2001). 

This need to understand and predict the toxicity of complex wastewaters is very relevant to 

an assessment of the waste stream arising from RP1. Consequently, this study aimed to 

determine whether amelioration of magnesium toxicity by calcium water hardness explains 

the surprisingly toxic effects of magnesium in the unusually soft receiving waters of Magela 

Creek. 

3.5.2 Methods 

Two experiments, with overlapping calcium dosing concentration ranges, were undertaken to 

determine the effect of elevated calcium ions on magnesium toxicity. Hydra viridissima was 

chosen as the test species for these experiments due to the reasonable toxicological dataset 

from this and other studies with magnesium toxicity and due to the high sensitivity of 

H. viridissima to magnesium. Hydra viridissima is also a cosmopolitan species, making it a 
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good bioindicator for translation of these test conclusions to other waters (Trottier et al., 

1997). 

Both experiments held magnesium concentration constant at 10 mg/L and varied calcium 

additions from nil added (control concentration of 0.4 mg/L) through to 12 mg/L in a 

geometric series. The magnesium value of 10 mg/L was decided upon as a concentration at 

which a toxic response for H. viridissima was expected, as it was more than twice that of the 

geometric mean LOEC (4.6 mg/L). Further data (three points) were collected from 

treatments of the previous definitive H. viridissima tests where magnesium concentrations 

were within 10% of 10 mg/L. This test data pooling was justified on the basis that, aside 

from different calcium concentrations tested, and different timing of tests by a matter of 

weeks, all other environmental variables were held constant. These overlapping ranges 

represented magnesium:calcium ratios from 0.9–35. Calcium was added in the form of 

hydrous calcium sulfate (CaSO4.2H2O) from a weak stock solution in creek water to avoid 

the accidental addition of un-dissolved material. 

No-Effect-Concentration-Ratio (NOER) and Lowest-Effect-Concentration-Ratio (LOER) 

values were derived by one-way ANOVA and IC10 values as an indicator of 90% population 

protection from linear interpolation. 

3.5.3 Results 

Both tests yielded similar NOER, LOER and IC10 values (Table 22). Variability was also 

low in each test, with a mean %CV of only 6.3% and 4.7% for the first and second tests 

respectively. With magnesium held at 10 mg/L, there was also a very good linear 

relationship between the changing magnesium:calcium ratio of pooled experimental data and 

normalised H. viridissima growth rate (Figure 24). 

For magnesium concentrations of 10 mg/L, amelioration of toxicity by calcium appeared to 

be significant up to a magnesium:calcium ratio of 9.3:1 (geometric means of both tests). 
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Table 22  Hypothesis-testing and point estimation endpoints for calcium amelioration of magnesium 

toxicity. NOER = No-Observed-Effect-Ratio, LOER = Lowest-Observed-Effect-Ratio. 

Test Endpoint Mg2+:Ca2+ mass 

ratio 

Mg2+:Ca2+ molar 

ratio 

1 NOER 8.2:1 13.5:1 

 LOER 13.1:1 21.6:1 

 IC10 8.0:1 13.2:1 

2 NOER 10.6:1 17.5:1 

 LOER 15.3:1 25.2:1 

 IC10 9.5:1 15.7:1 

 

 

Figure 24  Ameliorative effect of calcium on magnesium toxicity expressed as magnesium:calcium 

ratio, as assessed using H. viridissima population growth rate (Y = -1.42x + 102.51), r2 = 0.96, 

p<<0.01. Results pooled from two definitive tests. 

The arithmetic average of magnesium:calcium ratio of the RP1 discharge across the last 

10 years is 9.2:1 (range = 1.36–15.3). Assuming a logistic cumulative distribution 

(Anderson-Darling statistic = 8.3), the magnesium:calcium mass ratio of 9.3 was exceeded in 

RP1 34% of the time in the last 10 years. There is also considerable temporal variation, with 

magnesium:calcium ratios ranging from 5.8 to 15 (standard error of the mean = 0.2). This is 

due to significant variation being displayed in concentrations of both magnesium (coefficient 

of variation, CV = 51.2%) and calcium (51.3%) (Figure 25). 

This relationship between magnesium and calcium concentrations in RP1 discharge water is 

not directly proportional; the ratio is even slightly lower at discharges of higher magnesium 
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concentrations, thereby imparting greater calcium protection at higher magnesium 

concentrations (Figure 26). 

Following mixing of RP1 water with Magela Creek water, the magnesium:calcium ratio 

drops to around 2.0 (standard error of the mean = 0.1, range from 0–7.1), greatly lower than 

that in RP1 and less than the range where toxicity was observed at magnesium 

concentrations of 10 mg/L (Figure 27). There also appears to be no trend in the 

magnesium:calcium ratios in RP1 over time. 

 

Figure 25  Linear regression of magnesium:calcium ratio at RP1 weir over time (n = 103, p = 0.09). 
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Figure 26  Increasing ameliorating calcium concentrations with increasing magnesium concentrations 

in RUM mine waste waters (RUM unpublished data from 1996–2003, n = 103). Hyperbolic curve fitted 

to aid visual interpretation. 

 

Figure 27  Linear regression of magnesium:calcium ratio at GS821009 over time (p>0.09). 

3.5.4 Discussion 

Harrison et al. (1966) found that high magnesium:calcium ratios of 12.4:1 in a natural stream 

were deleterious, lowering the egg-laying rate of the planorbid snail Biomphalaria pfeifferi. 

Similarly, there were no eggs laid over a four-week period for another natural stream with a 
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magnesium:calcium ratio of 20:1 (magnesium concentrations of 62 and 105 mg/L 

respectively) (Harrison et al., 1970). Working in the same catchment, Harrison et al. (1970) 

also showed that egg-laying rate was increased at higher concentrations of calcium at the 

same magnesium:calcium ratios, with highest production at 10–36 mg/L calcium. At lower 

magnesium:calcium ratios of 3.5, 10 and 11 Rippon et al. (1998), found only slight delays in 

egg laying and reductions in egg mortality (actual magnesium concentrations not given). For 

H. viridissima, low ratios of magnesium to calcium (1.7 and 7.7) have also been found to 

provide protection against moderate concentrations of magnesium (ca. 25–28 mg/L), with 

adverse effects only observed at magnesium:calcium ratios greater than 16 (Rippon et al., 

1998). 

The extremely low water hardness for Magela Creek diluent water is likely to have elicited 

the toxic response of magnesium at calcium concentrations that are much lower than those of 

other published bioassays and field studies. The toxic mechanism through which magnesium 

affects an organism is likely to occur at a cellular scale. Across a broad range of organisms 

and their tissue types, many organic and inorganic toxicants are known to directly interfere 

with calcium transfer across the cell membrane (Kuffler et al., 1984; Audesirk et al., 2000). 

Additionally, magnesium is also known to inhibit antiporters (proteins that transport two 

different molecules in opposite directions across a membrane) in many tissue types (Ledvora 

& Hegyvary, 1983; Olivereau et al., 1987; Smith et al., 1987). The atoms of magnesium 

share similarities to calcium in size and valency (Markich & Jeffree, 1994; Markich et al., 

2001). It is therefore likely that the toxic action of magnesium is broadly through 

interference (blocking or competitive binding) of cellular calcium channels and other 

species, in addition to interference with tissue-specific calcium reactions (Kuffler et al., 

1984). For example, magnesium has been shown to inhibit sodium/calcium exchange at high 

(unphysiological) concentrations by competitively inhibiting the slow calcium influx through 

the calcium channels of the sarcolemmal membrane (Schroll, 2002). Sodium/calcium 

exchange has also been found to be dependent on ambient calcium concentrations in 

myocardial cells (Slaughter et al., 1983; Bara et al., 1993). Furthermore, magnesium has 

been shown to cause interference of sodium–calcium antiport activity within sarcolemmal 

vesicles, through competitive inhibition of calcium uptake by analogous ions of magnesium 

binding to the “A” site (Butler, 1993; Schroll, 2002). Similar antagonism of magnesium by 

calcium under a magnesium deficiency is also known (Macklin & Burnett, 1966). 

The influence of ambient calcium concentrations on H. viridissima itself has been identified 

previously, with high concentrations causing neoblast cells to differentiate into cnidoblasts 

(Santoro & Salleo, 1991a, b). Specific to the toxic response of magnesium to H. viridissima, 

calcium is also vital to proper nematocyst functioning for many Cnidarians (Loomis, 1953, 
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1954; Loomis & Lenhoff, 1956; Lenhoff & Bovaird, 1959, 1960, 1961; Lenhoff, 1983a, c). 

Disoperation of cnidoblasts may therefore occur under the conditions of hypocalcaemia 

encountered when animals are exposed to high magnesium:calcium ratios. 

A further explanation of the continued presence of H. viridissima in RP1 may be that 

magnesium:calcium ratios as low as 9:1 may not be required at the higher magnesium 

concentrations encountered there. That is, amelioration of magnesium toxicity by calcium 

over a range of magnesium concentration is not constant but rather may decline as calcium 

channels become “saturated” with sufficient calcium such that they are no longer being 

inhibited by high concentrations of ambient magnesium. Further research is required in the 

areas of both testing for the amelioration of toxicity by calcium on further taxa and also at 

different magnesium concentrations other than the 10 mg/L magnesium described in this 

project. 

If it is assumed that elevated calcium ameliorates magnesium toxicity in other taxa in a 

manner comparable to that observed with H. viridissima, then elevated magnesium 

concentrations accompanied by low magnesium:calcium ratios in Magela Creek waters are 

unlikely to be deleterious to aquatic ecology in Magela Creek. Environmental protection at 

this site, immediately upstream of where Magela Creek enters Kakadu National Park from 

the RUM lease, is expected to ensure environmental protection of downstream aquatic 

ecosystems within the Park’s lower Magela Creek reaches and floodplain. 
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3.6 Derivation of toxicant guideline values 

3.6.1 Background 

The first stage in the preliminary protection of Magela Creek from elevated magnesium and 

sulfate concentrations arising from the activities of RUM, was through the adoption of a 

magnesium trigger value considered conservative by biologists (expert opinion). This 

criterion was based upon the statistical distribution of the natural fluctuations of previously 

identified chemicals of concern: uranium, sulfate, manganese and magnesium (Supervising 

Scientist, 2002a). 

The second stage of this protection was an ecotoxicological assessment of the likely impact 

of these chemicals of concern on the receiving ecosystem. For most of these chemicals 

(including magnesium and sulfate) it was considered that sufficient ecotoxicological data 

existed in the scientific literature to recommend a change from the previous preliminary 

conservative standards to values in line with other environmental protection agencies. For 

magnesium this gave a limit of 20 mg/L and for sulfate a limit of 200 mg/L (Supervising 

Scientist, 2002a). 

However, concerns remained over likely increases in the concentrations of magnesium 

sulfate in Magela Creek over the short-term as mining continued (Overall et al., 2003). Data 

also suggested that impacts may have occurred at high magnesium sulfate concentrations in 

billabongs on the mining lease (Corbett, 1996; O'Connor et al., 1996; O'Connor et al., 1997). 

Added to the high conservation value of Magela Creek within Kakadu National Park 

downstream of RUM, it was necessary to formally determine magnesium sulfate 

concentrations that would be sufficiently low to conserve/protect the aquatic ecosystems of 

Magela Creek and which should not be exceeded in mine wastewater releases to the Creek. 

In an unpublished synthesis of Rippon et al.’s (1998) incomplete research of magnesium 

sulfate toxicity to local species, van Dam (1999) also derived an interim trigger value for 

Magela Creek. This provisional magnesium concentration trigger was determined by 

applying an assessment factor of 10 (ANZECC/ARMCANZ, 2000a) to the lowest NOEC 

value for the most sensitive species tested (7.3 mg/L for H. viridissima), to give a trigger 

value of 0.7 mg/L. An interim trigger value of maximum magnesium:calcium ratio of 15 was 

also recommended. This value corresponded to the magnesium:calcium ratio at the lowest 

reported NOEC for magnesium, and also to the approximate magnesium:calcium ratio that 

would be recorded at monitoring site GS821009 if the magnesium concentration was to 

equal the trigger value (based on an historical approximate average calcium concentration at 

GS821009 downstream monitoring station of 0.4–0.5 mg/L) (Klessa, 2000). However, it was 
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recognised that this data set was still inadequate for derivation of a high reliability trigger 

value given the paucity of species studied. A trigger value based simply on EC as a surrogate 

for all dissolved ions, was therefore the most limiting criteria for concentrations of 

magnesium sulfate in Magela Creek. 

Neither magnesium nor sulfate have been considered key variables under the current 

Environmental Requirements of the Commonwealth of Australia for the Operation of the 

Ranger Uranium Mine. In the absence of a well-defined baseline for magnesium and sulfate, 

and given that the ions of magnesium and sulfate are the major solute contributors to EC in 

Magela Creek water downstream of RUM, EC has been adopted as a surrogate key variable 

for these two ions (van Dam, 1999). A regression of magnesium concentration on EC gives a 

good linear fit, although it may under-estimate magnesium concentrations at higher EC. 

Similarly, a regression of sulfate ion concentration on EC gave an excellent fit for lower 

concentrations (Figure 28). 

However, given the continuing lack of ecotoxicological data regarding magnesium sulfate 

ecotoxicity, further research was recommended. This research was intended to incorporate 

both the toxicological responses of more taxonomic/trophic groups and also to further 

elucidate the protective mechanism of calcium (Supervising Scientist, 2002c). This research, 

described in Chapter 3.2–Toxicity of magnesium sulfate, thus provides sufficient data to now 

derive a high reliability trigger value. 

The recently published ANZECC/ARMCANZ Water Quality Guideline 

(ANZECC/ARMCANZ, 2000a) methods were chosen as a means of determining a “trigger” 

value for magnesium sulfate, relevant to local aquatic ecosystems, with higher confidence. 

These guidelines are recognised as world-leading protocols capable of providing state-of-

the-art environmental protection to aquatic systems (Warne, 2001). Different qualities of 

datasets are able to determine different reliabilities of water quality guideline trigger values. 

When there are only very limited toxicological data, an Environmental Concern Level (ECL) 

low reliability trigger value may be calculated (ANZECC/ARMCANZ, 2000a). ECLs are 

derived for chemicals for which there is no trigger value and are used as working levels until 

more data can be obtained. Further data (e.g., results from more taxa) provide greater 

reliability of trigger values (Table 23). 
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Figure 28  Least-squares linear regression of magnesium and sulfate on EC (for magnesium, 

y = 0.075x - 0.301, r2 = 0.89, p<<0.01, and for sulfate, y = 0.266x - 2.802, r2 = 0.80, p<<0.01). 

Table 23  Summary of ANZECC/ARMCANZ trigger value derivation methodologies 

(ANZECC/ARMCANZ, 2000a) for single species data. 

Reliability Data requirements Method for calculation trigger value 

High Include basic ecosystem properties Statistical interpolation/extrapolation 

 Tests of chronic durations Calculated from chronic NOEC data 

 Of sufficient statistical power  

Moderate Tests of acute duration Statistical interpolation/extrapolation 

 EC50/LC50 data converted to chronic 

estimates 

Calculated from acute toxicity data (e.g., 

LC50) following conversion by an acute-

chronic conversion factor (value of 10) 

Low Minimum three chronic NOEC or 

acute EC50/LC50 values 

Calculated via an assessment factor applied 

to what data is available e.g., ECL 

  Only used as an interim working value, 

modified as soon as more data becomes 

available 

 

Following publication of the ANZECC/ARMCANZ Water Quality Guidelines (1992), an 

independent review recommended the Aldenburg-Slob (1993) approach to deriving water 

quality guidelines (NZ Ministry for the Environment, 1996; Warne, 1998). This Species 

Sensitivity Distribution (SSD) method (Aldenberg & Slob, 1993) has now been incorporated 

into the new ANZECC/ARMCANZ guidelines. The SSD method uses a more sophisticated 
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technique which employs more of the total species dataset available for its toxicity 

evaluation (Wagner & Lokke, 1991). 

However, like any simplified model of a complex system, the SSD approach makes many 

assumptions (Newman et al., 2000; Hickey & Pyle, 2001; Warne, 2001), including the 

following. 

1 Data have fitted the chosen model, i.e. that there is a clear concentration-response 

relationship for the function selected. 

2 The chosen level of protection is adequate. 

3 The test species is representative of the ecosystem. 

4 There are no significant interactions amongst species. 

5 NOEC data are the most appropriate data type. 

Nevertheless, this method currently represents the state-of-the art in trigger value derivation. 

Consequently, the aim of this chapter is to use this ANZECC/ARMCANZ method and the 

data reported in Chapter 3.2–Toxicity of magnesium sulfate, to derive a more reliable trigger 

value for magnesium which should not be exceeded in mine wastewater releases to the creek. 

3.6.2 Methods 

Although this was a site-specific assessment, the USEPA ECOTOX database (USEPA, 

2002a, 2003) was searched for ecotoxicological data for magnesium sulfate that best met the 

ANZECC/ARMCANZ water quality guideline criteria for a high reliability trigger value 

(ANZECC/ARMCANZ, 2000a). These data provided some background insights into the 

ubiquity and mode of magnesium toxicity. However, there were no results that met all these 

criteria as all datasets were found to be older than the approximate 20 year cut-off date 

recommended by Warne (2001). Most literature datasets also failed to report the diluent 

calcium concentration, which further reduced their usefulness for trigger value derivation 

given the clear importance of calcium water hardness on magnesium sulfate toxicity (see 

Chapter 3.5–Effect of calcium water hardness on magnesium sulfate toxicity). 

3.6.2.1 Interim ECL guideline 

As a first step toward improving guidelines for magnesium in Magela Creek, a low reliability 

ECL trigger value was derived from published data following the procedure of the 

ANZECC/ARMCANZ guidelines (2000a). Arbitrary assessment factors of 10 were used for 

extrapolations from laboratory to field effects and from results of few to many species. The 

lowest toxicological endpoint value available to extrapolate from was a NOEC of 357 mg/L 

for a 48 h Ceriodaphnia dubia test (Mount et al., 1997). For extrapolating from acute to 
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chronic responses, a conversion ratio was derived from available fathead minnow 

(Pimephales promelas) data from 24 h and 96 h endpoint data of the same study (Mount et 

al., 1997). A ‘few-to-many species’ assessment factor of 10 was then applied as there were 

few species represented in the available tolerance data (Warne, 2001). 

3.6.2.2 High-reliability guideline 

A high-reliability trigger value was then derived from data sourced from the recent 

experiments of the eriss ecotoxicology laboratory (Chapter 3.2–Toxicity of magnesium 

sulfate). Because these test species were originally obtained from the Magela Creek 

receiving system, their bioassay results are directly relevant to the aquatic biota of this 

system. The six taxa used to derive this trigger represent at least four different taxonomic 

groups and trophic scales as required for the Shao (2000) method used in the 

ANZECC/ARMCANZ water quality guidelines (Aldenberg & Slob, 1993; 

ANZECC/ARMCANZ, 2000a). Single-species testing laboratory data provided chronic 

NOEC values from four taxa (M. macleayi, H. viridissima, L. aequinoctialis and Chlorella 

sp.) and an IC10 (A. cumingi) and chronic-adjusted IC50 (M. mogurnda). 

Bioassays undertaken during this project (Chapter 3.2–Toxicity of magnesium sulfate) 

demonstrated low variation in calcium concentrations both within and amongst tests. This 

precision was of concern as magnesium sulfate toxicity has been found to vary markedly in 

toxicity with varying calcium water hardness (Chapter 3.5–Effect of calcium water hardness 

on magnesium sulfate toxicity). Development of site-specific guidelines for magnesium also 

require consideration of the many variables encountered in the receiving waters including 

toxicant background concentrations, (calcium) water hardness, the potential of factors to 

modify bioavailability and toxicity e.g., organic matter and speciation; and experimentation 

with relevant bioassay taxa (e.g., relevant local species as in this case) 

(ANZECC/ARMCANZ, 2000a). However, ecotoxicological data on water hardness for 

magnesium are only preliminary (Rippon et al., 1998; van Dam, 1999) and are insufficient to 

derive a hardness-dependent algorithm for magnesium toxicity sensu Markich et al. (2001). 

Thus, the derived high-reliability trigger value reflects magnesium toxicity at the typical 

Magela Creek water calcium concentration and water hardness values encountered during 

testing (0.7 mg/L calcium and 4.6 mg/L as calcium carbonate) (Klessa, 2000). 

The SSD method assumes a Gaussian concentration-response relationship for the population 

(Austin, 1985) with the region of interest in the lower tail. The smaller bell-shaped curve in 

Figure 29 represents the unprotected 1-percentile of an ecosystem’s taxa with recommended 

50% probability limit i.e. an HC1 50% sensu Aldenburg & Slob (1993). Various Empirical 

Cumulative Probability Distribution Functions (ECPDFs) can be used to fit to this 
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distribution, although the ANZECC/ARMCANZWater Quality Guidelines recommends the 

more flexible Burr type III model (Burr, 1942; ANZECC/ARMCANZ, 2000a; Shao, 2000). 

The tails of a fitted curve are very sensitive to the choice of underlying model (Shao, 2000). 

 

Figure 29  Fitting a distribution to an ecosystem’s NOEC data. The large curve is the distribution of 

species’ NOEC values, PC99(50) is the expected concentration that will provide for protection of 99% 

of species and the small curve shows the distribution of the PC99 value from which the 50% probability 

limit of this concentration is determined (after Struijis et al. (1997)). 

As a result of model dependence, a range of other commonly used models e.g., log-logistic, 

log-normal, were fitted to these data in addition to the Burr type III model, and tested for 

goodness-of-fit (ANZECC/ARMCANZ, 2000b). Other than for the Burr type III curve, all 

model-fitting was done using Minitab statistical software (Minitab Inc., 2001). The Burr type 

III model should be expected to perform a fit to raw data just as well as the log-logistic 

distribution (Stephens, 1974). Indeed, the Burr Type III distribution has been quoted as being 

…“guaranteed to fit... …the toxicity data at least as well as the Aldenberg and Slob (1993) 

method because the log-logistic distribution is a Burr type III distribution” (Stephens, 1974). 

However, it has been observed that the maximum likelihood method used in the 

ANZECC/ARMCANZ trigger value derivation software “BurrliOZ” (Campbell et al., 2001) 

to select the statistical distribution that best fits the data may become unreliable when the 

dataset contains less than 8 NOEC values. Thus, cases have been found where log-logistic 

models did provide for a better fit e.g., with derivation of triggers for chromium III in marine 

water and dibutylphthalate (ANZECC/ARMCANZ, 2000a) and uranium in freshwater. 

Therefore, given that only six NOEC values were available for the trigger value derivation 

for magnesium, the best fitting distribution from not only the oft recommended log-logistic, 

but also from amongst the Weibull, log-normal (common and natural) and logistic 
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distribution families was chosen through distribution ID-plot right censoring after 

ANZECC/ARMCANZ(2000b). 

The fit of the log-normal distribution was tested with both the ANZECC/ARMCANZ 

recommended older Kolmogorov-Smirnov goodness-of-fit test (Kolmogorov, 1933; 

Smirnov, 1939; Seier, 2002; NIST/SEMATECH, 2003) and the Anderson-Darling test 

(Stephens, 1974). This latter test is more frequently used in reliability testing statistics as the 

Kolmogorov-Smirnov test has very low power with small sample sizes and is more sensitive 

to the tail end of the distributions tested (D'Agostino et al., 1990; Fox, 1999). Testing for 

goodness-of-fit to this alternative distribution was achieved through common log 

transformation of magnesium NOEC data (NIST/SEMATECH, 2003), with consequent 

normality testing. 

Comparison of the goodness-of-fits of the Burr type III and log-normal ECPDFs were then 

made by comparing the predicted NOEC values of these distributions against actual NOEC 

values by Pearson correlation least-squares estimation. The ECDPF giving the highest 

correlation coefficient value was judged the best fitting distribution and thus the preferred 

distribution for PC99(50) trigger value derivation. All model fitting was completed with 

Minitab (Minitab Inc., 2001). Further details on the ANZECC/ARMCANZ method for SSD 

fitting is discussed in Appendix 4–Overview of BurrliOZ distribution fitting. 

3.6.3 Results 

3.6.3.1 Interim ECL guideline 

Derivation of an interim ECL guideline prior to evaluation with the new ecotoxicological 

data required application of both laboratory-to-field, acute-to-chronic and few-to-many 

derived assessment factors. Beginning with an LC50 of 357 mg/L, the final interim guideline 

value for magnesium was 2 mg/L (9.9 mg/L magnesium sulfate) (Table 24). 

Table 24  Derivation of a low reliability ECL guideline from 24 h LC50 Ceriodaphnia dubia data (Mount 

et al., 1997). 

Extrapolation Assessment factor Guideline value 

(magnesium mg/L) 

Acute LC50  357 

Laboratory to field 10 36 

Acute to chronic 1.6 22 

Few to many 10 2 
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3.6.3.2 High-reliability guideline 

Distribution fitting of single-species NOEC data with BurrliOZ appeared to give a very good 

fit for Burr Type III and the log-logistic distributions (Figure 30). The BurrliOZ fit for the 

log-normal distribution appeared poorer than the fit for the Burr Type III (Figure 30). 

Using BurrliOZ software and a 99% ecosystem protection level, the NOEC data of the six 

taxa tested gave a trigger value of 0.6 mg/L (0.4–1.6 mg/L 95% confidence limits) for 

magnesium (2.8 mg/L of magnesium sulfate) protection in the extremely soft waters of 

Magela Creek. This value is equivalent to the Danish HC1 50%. 

When the alternative models were compared for goodness of fit to these data, the best fitting 

alternative model was the log-normal (base 10) distribution. This distribution has also 

generally been found to produce a good fit to SSD data (Wilson & Crouch, 1987; Wagner & 

Lokke, 1991) (Table 25). 

The log-normal distribution gave a statistically significant fit to the magnesium NOEC data, 

with Anderson-Darling test probability values of p = 0.405 (A2 = 0.319) and approximate 

Kolmogorov-Smirnov probability values of p>0.15. The log-normal (base 10) distribution 

also gave a much lower PC99 value than the Burr Type III distribution prediction of only 

0.3 mg/L (50% confidence intervals of 0.1–0.5 mg/L, 1.3 mg/L of magnesium sulfate) 

(Figure 31). 

 

Figure 30  BurrliOZ graphical output showing test species NOEC data fitted to various cumulative 

frequency functions. 
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Table 25  Fit quality of standard cumulative frequency functions to magnesium NOEC data. Distribution 

row order is of decreasing goodness-of-fit (larger values) as shown by increasing Anderson-Darling 

test statistics. 

95% Normal CI 

Distribution 

Anderson-Darling 

statistic Mean Standard Error Lower Upper 

Log-normal (base 10) 1.97 15.4 12.7 3.1 77.2 

Weibull 2.02 15.9 9.9 4.7 54.0 

Log-logistic 2.03 24.4 47.1 0.6 1 079.4

Logistic 2.99 9.9 8.4 -6.5 26.3 

 

 

Figure 31  Cumulative probability distribution of log-normal (base 10) magnesium NOEC data. 

However, as demonstrated by a higher Pearson correlation coefficient value for the Burr type 

III distribution predicted values, the Burr type III distribution represented a better prediction 

of original NOEC values than the log-normal model (Table 26). 
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Table 26  Magnesium NOEC values, cumulative frequency model-specific predictions of NOEC values 

by Burr Type III and the log-normal distributions and their Pearson correlations with actual NOEC 

values. 

 Predicted NOEC values 

Magnesium NOEC Burr Type III Log-normal (base 10) 

1.1 1.1 0.8 

1.9 2.1 2.1 

2.2 3.3 4.1 

8.3 5.6 7.4 

10.2 10.8 14.3 

78.0 38.5 38.6 

r 0.99 0.97 

p-value <0.001 0.001 

 

The predicted NOEC for Chlorella sp. was consistently and markedly underestimated by 

both distributions (Table 26). Given the possibility that this value may be an outlier (either 

due to an unrepresentative high species/clone tolerance or through confounding by high 

calcium and magnesium concentrations in growth media) the effect of the removal of this 

taxa’s NOEC on trigger value magnitude was determined. Removal of the Chlorella sp. 

NOEC datum still resulted in a similar PC99 by the BurrliOZ model of 0.7 mg/L magnesium 

(0.6–1.8 mg/L 95% confidence limits). 

3.6.4 Discussion 

The interim ECL guideline was different to that of the high-reliability guideline by only a 

factor of three. Although likely to be only due to serendipity, this value was very close to the 

more data demanding and complex trigger value derivation method of BurrliOZ. For this 

particular case, the more cost effective and simple interim ECL guideline appears to have 

provided reasonable environmental protection. 

Although 95% protection is recognised as the default protection level 

(ANZECC/ARMCANZ, 2000a), 99% was used for this analysis as Kakadu National Park is 

acknowledged as both pristine and of very high ecological value (IUCN, 2000; Supervising 

Scientist, 2002a). However, in reality this value is merely an index for ecosystem 

impairment rather than an absolute value for impairment per se (Chapman, 2001; Chapman 

et al., 2001). An ad-hoc selection of an assumed magnitude of effect acknowledges that there 

is always a risk evident in such an assessment (Wilson & Crouch, 1987; 

ANZECC/ARMCANZ, 2000a). This in turn is based upon the simple premise that must be 
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considered when determining water quality standards: that absolute environmental safety 

does not exist and therefore cannot be sensibly sought (Supervising Scientist, 2002c). 

Acceptance of a 99% protection level does not mean that 1% of the ecosystem is not of 

value. This portion of the ecosystem may contain already endangered and legally protected 

species, or so-called “keystone species” vital for normal ecosystem function (Schindler, 

1987; Hopkin, 1993; Taylor et al., 2006). 

A high reliability trigger value is generally expected to be greater than the geometric means 

of experimental chronic NOEC values from species representative of important trophic 

scales. However, this was certainly the case with the eriss dataset NOEC values for 

magnesium sulfate, with the lowest NOEC geometric mean being almost twice that of the 

trigger value. 

Yet this magnesium trigger value is exceeded frequently during a Wet season RUM 

discharge period, with apparently no deleterious effects on the aquatic ecosystem 

(Supervising Scientist, 1998; Klessa, 2001; Supervising Scientist, 2002a). This may be 

because even with very well designed risk evaluation and monitoring programs it is still very 

difficult, if not impossible, to differentiate between natural variation in the communities of a 

receiving ecosystem and a stressor displaying a low-level effect (Schindler, 1987; van Dam 

et al., 2004). Alternatively, as shown in Chapter 3.5–Effect of calcium water hardness on 

magnesium toxicity, correlated increases of calcium when magnesium is elevated are likely 

to provide a protection mechanism for these otherwise extremely soft receiving waters. 

Additionally, the other conservatisms built into this trigger value may render it lower than a 

value that would even cause a 1% community effect; i.e. the potential 1% community impact 

of magnesium toxicity is an unrealised worst-case scenario. 

However, this value of only 0.6 mg/L of magnesium is below the pre-mining mean Creek 

magnesium concentrations of 0.7 mg/L (Table 3). This situation is not novel, indeed 99% 

protection guidelines for other essential metals (e.g., Cu, Cr, Ni and Zn) have also been 

found to be so low that they are below background concentrations and/or may actually result 

in metabolic deficiencies for some taxa (Hickey & Pyle, 2001). The Dutch Water Quality 

Guideline method recommends addition of the trigger value to background concentrations on 

the basis that naturally occurring background concentrations of toxicants have an ecological 

function (Struijis et al., 1997; ANZECC/ARMCANZ, 2000a). Thus, these background 

concentrations must be taken into account in trigger value derivation. The background water 

chemistry for Magela Creek has been established with good confidence based on more than 

20 years of regular monitoring of water quality (Klessa, 2000). It would therefore clearly be 

unreasonable to insist on a guideline value below the background concentration. The 

preferred ANZECC/ARMCANZ approach is, however, having first established the 
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background concentration with a high degree of certainty, that initially the 80th percentile of 

the established background concentration becomes the site-specific guideline for total metal 

concentration (ANZECC/ARMCANZ, 2000a; Chapman, 2001). This clearly requires high 

quality baseline data, which is available in this situation. For example, 80th percentile values 

for magnesium are 0.8 mg/L (Iles, 2004). 

However, a trigger value of only 0.6 mg/L still appears unreasonably low given that it is 

naturally exceeded in most of the freshwaters of the world (Brownlow, 1979). Furthermore, 

a non-parametric survival plot of monitoring site GS821009 water chemistry data indicates 

that magnesium concentrations of 0.6 mg/L have already been exceeded in the Creek in 72% 

of water samples (95% confidence intervals of 68–76%) and 0.9 mg/L exceeded in 40% of 

water samples (95% confidence intervals of 36–45%) taken between 1993 and 2003. 

The large NOEC value for Chlorella sp. also does not appear to be an outlier in the dataset. 

In a similar manner in which individual species populations abundances peak at different 

levels of environmental variable gradients, so responses of taxa to a particular toxicant will 

vary (Ward & Tockner, 2001). However, toxicological datasets are still sparse for M. 

macleayi. Additionally the six taxa tested are close to the minimum required for the method, 

and therefore ideally more bioassay data are still required from more taxa. 

Tests for bioavailability or models for metal speciation e.g., Quantitative Structure Activity 

Relationships (QSARs) could be incorporated into trigger value derivation. However, given 

that magnesium is recognised as being conservative in nature with regards to binding to 

organic matter, and that only a single valency form exists, these are, unlikely to reduce this 

value further (Tipping & Hurley, 1992; Williams, 1993; Cowan, 1995). 

Given that no hardness modifier is available for the BurrliOZ-derived trigger value, it is only 

relevant to extremely soft waters receiving pure magnesium sulfate. Given that the discharge 

from RUM into Magela Creek is not a pure magnesium sulfate solution, but rather a complex 

effluent, what then is the whole water toxicity of magnesium from this discharge into Magela 

Creek? The DTA undertaken for this project (Chapter 3.4–Hydra viridissima population 

tolerance differences to magnesium toxicity) takes this important variable into account with 

use of whole effluents and local species. Results from this work indicate that magnesium 

toxicity at concentrations of 10 mg/L are insignificant at magnesium:calcium ratios of 9.3:1 

or less (Chapter 4.6–Effect of calcium water hardness on magnesium sulfate toxicity). 

Potential for bioaccumulation may also be an issue with many metal toxicants (Markich & 

Jeffree, 1994; Markich & Camilleri, 1997; Nigam et al., 1998; Markich et al., 2001; Markich 

et al., 2002). In this manner, the ability of bivalves to absorb substances from the ambient 

water and concentrate them in their tissues has enabled them to become useful pollution 
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indicators (Abraham et al., 1986). Along with many other metals, magnesium concentrations 

have been found to change inconsistently in the soft tissues of the local freshwater mussel 

Velesunio angasi (Mollusca: Unionidae), as a function of both age and ambient 

concentration (Allison & Simpson, 1989). Although there are still no clear international 

guidelines for deriving guidelines to account for bioaccumulation of metals, 

ANZECC/ARMCANZ water quality guidelines recommend that metals with Biological 

Concentration Factors (BCF) values >10 000 are considered to be potential bioaccumulators 

(ANZECC/ARMCANZ, 2000a). Biological Concentration Factor values as low as 0.0682 

have been reported for this metal (USEPA, 1987), thus bioaccumulation of magnesium by 

aquatic organisms is unlikely to be an important ecotoxicological consideration. 

In conclusion, derivation of regional guidelines from locally-derived species data will 

frequently tend to lead to derivation of only low reliability trigger values due to a lack of 

available data (Chapman et al., 2001). However, the absence of magnesium sulfate toxicity 

data available in this case meant that all endpoint data developed in this project would be 

directly applicable to local trigger value derivation for magnesium sulfate at the spatial scale 

of Magela Creek. Relevance of these endpoint data would be likely to decline with 

increasing spatial scale from the Magela Creek to the Top End in general, and then on to 

Australia and the rest of the world. Nevertheless, this trigger value of only 0.6 mg/L is 

extremely low, especially with regards to background concentrations of magnesium. Such a 

trigger value is also unlikely to be representative of the complex RUM discharge 

encountered in the Creek during the Wet season flow period, with complementary increases 

of elevated concentrations of calcium occurring simultaneously with that of magnesium. 

Therefore more data, including testing of further species of higher biotic scale of complexity, 

is required to more accurately determine the toxicity of elevated magnesium to Magela 

Creek biota. Further testing of the other bioassay species used for Mg toxicity, but at 

different levels of water hardness ,would also allow for development of a Ca hardness 

correction algorithm in the presence of elevated calcium. 

The metal lanthanum also has similar chemical and physical properties to calcium (Barry & 

Meehan, 1997), and displays a similar mode of toxicity thought to occur with magnesium; 

namely that of causing a state of hypocalcaemia through inhibiting calcium uptake at the cell 

membrane level (Chris Wood, McMaster University pers comm). Therefore, further 

experiments utilising increasing doses of lanthanum (e.g., as the hydrous sulfate salt 

La2(SO4)3.H2O) could be performed to test for similar physiological sub-lethal response as a 

test of this hypothesis for the mode of magnesium toxicity. 
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3.7 Conclusions 
Single-species laboratory ecotoxicological experiments using a range of endemic species in 

local creek water have been used to determine that magnesium sulfate is toxic at a 

NOEC/IC10 range of 1.6 mg/L for A. cumingi through to 128 mg/L for Chlorella sp. These 

results further illustrate that toxicants and pollutants do not effect all species equally (Cairns, 

1986a). 

From the equations of the two regression models for magnesium and sulfate against EC 

(Figure 28), ion concentrations encountered at the different regulatory levels of EC are able 

to be predicted. Inclusion of these data in the derivation of an ANZECC/ARMCANZ water 

quality guideline high reliability trigger value gave a magnesium concentration of only 

0.6 mg/L. This value is markedly below that of previous preliminary trigger value 

concentrations established by statistical distribution methods (Table 27). 

Table 27  Regulatory trigger concentrations for magnesium and sulfate ion concentrations. BurrliOZ 

values for sulfate and EC derived from arithmetic average ratios of magnesium to these two variables. 

– = no data available. 

Trigger valuesΩ  Preliminary 

trigger 

values 
Focus Action Guideline 

NHMRC 

drinking water 

guidelines* 

ANZECC/ARMCANZ 

BurrliOZ method 

EC (µS/cm) – 21 30 43 – 13 

Magnesium (mg/L) 20ψ 1.3 2.0 2.9 – 0.6 

Sulfate (mg/L) 200ψ 2.8 5.2 8.6 500 1.2 

ΩSource; Iles (2004), *source; NHMRC (1996), ψsource; Supervising Scientist (2002b) 

However, it was not clear whether this toxicity was due to the cation (magnesium ion, Mg2+) 

or the anion (sulfate, SO42-). To determine the contribution of sulfate to magnesium sulfate 

toxicity, experiments were conducted where H. viridissima were exposed to sodium sulfate 

over the same range of sulfate concentrations tested in the magnesium sulfate toxicity 

experiments. Hydra viridissima were far less sensitive to sodium sulfate compared to 

magnesium sulfate, indicating that the toxicity was not due to the anion, sulfate. 

To further clarify this difference in ion toxicity, another experiment looked at the toxic effect 

of the magnesium cation on H. viridissima in the absence of sulfate, using magnesium 

chloride (MgCl2). The results of this experiment further indicated that the cation magnesium, 

rather than the anion sulfate, was responsible for the toxic effect of magnesium sulfate. 

Nevertheless, qualitative surveying revealed that H. viridissima still occurs in billabongs 

receiving mine outflow, such as RP1 itself, at magnesium concentrations exceeding this 

threshold (RUM water quality database). This continued population existence appeared to be 
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through amelioration of toxicity by elevated calcium concentrations in the discharge. 

However, it could also have been argued that this apparent over-prediction of RP1 water 

toxicity could be due to a more tolerant variety of H. viridissima inhabiting these impacted 

waters. 

To test for tolerance to have developed in populations of H. viridissima exposed to elevated 

concentrations of magnesium, another series of experiments were undertaken. Hydra 

viridissima from Coonjimba Billabong were tested for their tolerance to elevated magnesium 

concentrations, and both Coonjimba Billabong and eriss stocks of H. viridissima were also 

exposed to a series of dilutions of Coonjimba water. Both strains (eriss and Coonjimba 

Billabong) demonstrated no LOEC for Coonjimba water, yet Coonjimba Billabong H. 

viridissima displayed a NOEC and LOEC to magnesium sulfate of very similar magnitude to 

that of eriss H. viridissima stock. This similarity in response implies amelioration of 

magnesium sulfate toxicity via chemical antagonism in Coonjimba Billabong rather than a 

selection process for strains tolerant to magnesium sulfate. 

Hydra viridissima tests were also undertaken where the magnesium concentration was 

maintained at the IC50 concentration, whilst calcium concentrations were increased with each 

successive treatment. These tests showed that as long as the magnesium:calcium ratio was 

maintained at 9:1 or below, then magnesium should not be of significant toxicity to 

H. viridissima at magnesium concentrations of 10 mg/L. Although physiological 

relationships between the two ions are very complex (Padgham et al., 1993), the major 

mechanism allowing H. viridissima to exist in waters elevated in magnesium appears to be 

through antagonism of magnesium toxicity by the calcium cations also present in the RP1 

discharge. Moreover, it is possible that less calcium is required relative to magnesium at high 

magnesium concentrations, although further tests are required to confirm this. These 

experiments have determined that the unusually high toxicity of this characteristically benign 

metal is due to the extremely soft nature of the receiving waters (characteristic of much of 

Northern Australia), and that this toxicity is ameliorated with increasing ambient calcium 

concentration. 

By increasing the ambient ionic concentration, magnesium ions may be forced to enter cells 

where they normally would not be encountered at such high concentrations i.e. 

hypermagnesemia occurs (Macklin & Burnett, 1966). As well as being found to be less 

effective than calcium in ameliorating toxicity of many metals (Erickson et al., 1996), 

magnesium has also been found to exacerbate toxicity of copper, cadmium, and zinc when 

combined in binomial mixtures (de March, 1988). The physiological mechanism of the 

magnesium toxicity in Magela Creek water is therefore thought to be through hypocalcaemia 
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by inhibition of calcium transport channels at a cellular scale for many organisms (Olivereau 

et al., 1987). 

In conclusion, although single-species laboratory bioassays illustrated magnesium toxicity at 

very low concentrations of a few mg/L magnesium, these tests also show the ameliorative 

effects of calcium at low magnesium:calcium ratios of below 9:1. Furthermore, in the last 

10 years the concentration of magnesium in Magela Creek below all sources of Ranger mine 

discharge (as measured by monitoring site GS821009) has not exceeded 10 mg/L at a mean 

magnesium:calcium ratio of 2.2:1. The extremely low BCF of magnesium also indicates that 

bioaccumulation is unlikely to be a consideration as an ecotoxicological pathway of concern 

in the risk assessment of this metal. These results together suggest that RUM discharges are 

not likely to cause detrimental effects to the aquatic ecosystems of Magela Creek in Kakadu 

National Park. 

A remaining problem for this study (and for single-species risk assessments in general) is 

that the toxicological responses of the higher complexities of population, community and 

finally ecosystem-scale responses are still unquantified by the proxy of single-species 

testing. Indeed, these responses have only been estimated by the BurrliOZ statistical model 

with (as for any extrapolation from a simple to a more complex system) many associated and 

untested assumptions. Consequently, the accuracy of this model for the responses of the 

entire aquatic biotic community interacting together, further confounded by the complex 

water chemistry of the RUM exacerbating this, remains unverified (Supervising Scientist, 

2002b). Thus, a multi community-scale validation of the single-species predictions of the 

ecotoxicity of elevated magnesium sulfate on the aquatic ecology of Magela Creek was 

embarked upon and is described in the next chapter. 
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4 MESOCOSM EXPERIMENTS 
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4.1 Introduction 

There has been a growing interest amongst the ecotoxicological research community in the 

use of larger scale (and consequently, higher scale of biological organisation) studies for the 

assessments of risks associated with toxicants (see Chapter 1–INTRODUCTION for a 

review). The most frequently cited advantages of these studies over single-species bioassays, 

are improved environmental realism and greater predictive abilities (Maltby & Calow, 1989; 

Calow, 1995; Warne, 1998; Caux & Kent, 2001). Despite the development of ecologically-

relevant, population-based test endpoints in the laboratory, such as reproduction, there is a 

belief amongst ecotoxicologists that a complete risk analysis of a toxicant still requires 

studies at the scales of populations, communities and finally ecosystems themselves (Cairns, 

1983, 1986b; Bradbury, 1995). Shortcomings of single-species studies have been 

increasingly addressed through use of various multi-species tests, which may range in scale 

from laboratory studies using mixed-flask cultures (Larsen et al., 1986) to field studies using 

algae and macroinvertebrates on artificial substrates (Tuchman & Blinn, 1979), microcosm 

and mesocosm communities (Van den Brink et al., 2000), and model streams and lake 

enclosures (Hart et al., 1981; Hart et al., 1982a; Hart et al., 1985). 

A useful definition of the term “mesocosm” is provided by Odum (1984), describing it as a 

middle-sized experimental environment falling between a laboratory-based (microcosms) 

and a full field-scale (macrocosm) multi-species study. The appreciation of the importance of 

spatial scale and higher scales of organisation in risk assessment experiments has increased 

in the last two decades, such that mesocosm methods are now often employed to 

complement existing single-species data as part of a multi-scale risk assessment e.g., 

Clements & Kiffney (1994). The attractiveness of the larger scale experimental mesocosms 

is that they retain a strong element of environmental realism and applicability, whilst 

permitting laboratory-like manipulations to be performed. 

However, there are also many disadvantages to using mesocosms. Even though they may be 

more environmentally realistic than smaller-scale studies, they typically still exclude 

predators which may control populations of some species (Schmidt et al., 2002). Replication 

is also often poor while variability amongst the communities of replicate mesocosms is often 

very high (Lawrence & Hendry, 1995; Schmidt et al., 2002). 

The concept of mesocosms was an extension of early experiments at the scale of farm ponds 

(Kedwards et al., 1999a, b). Unlike larger water bodies such as natural water features, 

mesocosms can be replicated while still retaining a greater degree of environmental realism, 

which sets them apart from laboratory-based experiments. The greater realism of mesocosm 

environments is achieved through their capacity to include higher scale components of 
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ecosystem responses such as micro/macroinvertebrate communities as well as basic 

ecosystem interactions. However, when referring to mesocosm experiments, the literature 

terms “community” and “ecosystem” have often been confused and used synonymously 

(Schindler, 1987). Mesocosms are still merely a portion of the entire ecosystem under 

evaluation, albeit a more significant proportion than is encountered in either single-species 

examinations or even in most microcosms. 

It has also long been proposed by some that there is a direct link between ecosystem 

complexity and its stability (Clements, 1916; Elton, 1958; Tilman, 1999). This proposal 

suggests that, for an ecosystem already near a threshold level of tolerance to a stressor, the 

loss of even a small portion its species diversity may reduce both the resistance and 

resilience of the ecosystem to further perturbation (van Voris et al., 1980; de March, 1988). 

Therefore, the loss of any taxa from complex ecosystems has been interpreted as having an 

effect of reducing the stability of the system to perturbations and stressors (May, 1972; 

Pimm, 1979; van Voris et al., 1980; Tilman, 1999). Consequently, an underlying theoretical 

basis of community ecotoxicological studies is often that deletion of a single species from a 

natural community may cause a simplification of the biological system and that this may 

then lead to species losses, possibly including losses of significant species such as keystone, 

flagship or economically important taxa (Connell, 1978; Pimm, 1979; Davic, 2003). 

Suitability of environmental conditions for the continued existence of a species can, 

therefore, only strictly be evaluated by assessing an impact at a community scale. Testing of 

more than one community type within mesocosms has also been recommended (Cairns, 

1981). 

The communities of organisms that are potentially useful for assessing water quality in 

artificial (experimental) and natural settings include the following: 

Macroinvertebrates are typically the most popular biological group chosen to assess effects 

at the community scale. Internationally, analysis of benthic macroinvertebrate communities 

has been the foremost tool for biological assessment of aquatic ecosystems due to the 

availability of good taxonomy and extensive literature of pollutant effects (Schofield & 

Davies, 1996; ANZECC/ARMCANZ, 2000a). Macroinvertebrates are also often the most 

speciose community in aquatic ecosystems (Havens et al., 1996). Although historically 

biological methods have been slow to be accepted in Australia, water managers now rely 

heavily upon these animals for day-to-day assessment of water quality across the country 

(Norris & Norris, 1995; Norris et al., 1995). Their typical characteristics of relatively long 

life cycles, ecological relevance, low motility and comparatively simple identification are 

good qualities for assessing the impacts of pollutants (Resh & Unzicker, 1975; Resh & 

Jackson, 1993; Rosenberg & Resh, 1993; Resh et al., 1995). 
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The aquatic macroinvertebrate fauna of the ARR is highly suitable for water quality 

assessment as it is very diverse, is sensitive to mine wastes (Faith et al., 1991, 1995) and 

remains largely un-affected by human related activities (Supervising Scientist, 2002a), 

providing good reference systems with which to compare. Additionally, compared to many 

other regions in Australia, the knowledge of macroinvertebrate taxonomy in the ARR is 

detailed, especially for key macroinvertebrate groups such as Ephemeroptera, Trichoptera, 

Odonata and Chironomidae for which there is comprehensive knowledge to species scale 

(e.g., Cranston (1991) and Hawking (1993)). 

Another group of biota suitable for water quality assessment is the aquatic 

microinvertebrates. Conventionally, microinvertebrates are invertebrates less than 250 µm 

in body length that share many of the desired characteristics of macroinvertebrates, but with 

shorter life cycles and thus faster community responsiveness to environmental change (Van 

den Brink et al., 2000). They are also important components of aquatic ecosystems, grazing 

on detritus, bacteria and phytoplankton and often forming an important link between lower 

organisational levels of energy (primary producers) and those of higher trophic scales such 

as the numerous fish species (Merrick & Schmida, 1984; Bishop & Forbes, 1986; Woodland 

& Ward, 1992; Fernando, 1994; Bishop & Walden, 2003b). A significant disadvantage of 

this group for water quality assessment is their smaller size which may make their 

enumeration and taxonomic identification difficult and consequently limit their use to more 

specialised applications. 

As primary producers, unicellular algae are also excellent ecotoxicological indicators and 

they are often employed in single-species tests. They provide fundamental information on an 

important trophic scale and act as an interface between the water chemistry and a significant 

component of the aquatic food web. In primarily autotrophic-based communities, they are of 

great importance to ecosystem functioning (Stauber, 1995). 

Periphyton is often the greatest source of primary production for communities of both 

littoral and pelagic habitats (Havens et al., 1996) and may represent the major source of 

energy to secondary and higher trophic scales (Lewis et al., 2001). Periphytic diatoms 

(family Bacillariophyceae) have been especially suitable for the biomonitoring of aquatic 

ecosystems (Dixit et al., 1992; Reid et al., 1995). Diatoms occur ubiquitously in high 

numbers and diversity, are generally relatively sensitive to changes in water chemistry, are 

easily collected, analysed and preserved and can be readily identified to species scale 

(Patrick et al., 1968; Reid et al., 1995). Good preservation in sediments also enhances the 

usefulness of these algae in both temporal and historical studies such as restoration and 

palaeolimnology (Millspaugh & Whitlock, 1995; Clark et al., 1996). The distributions and 

associated water chemistry of diatom taxa are cosmopolitan and well documented and there 
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is good information available on their environmental requirements. Furthermore, diatoms 

often have narrow ranges of tolerance to pH, nutrients and salinity, which have been widely 

studied and defined (Dixit et al., 1992; Reid et al., 1995). Nevertheless, as for 

microinvertebrates, the application of diatoms may be limited because of their small size and 

requirements for preparation prior to sorting and expert identification (John & Moore, 1985; 

Dixit et al., 1992; John, 1993; Reid et al., 1995; John, 2000a, b). 

Sampling of diatom communities on natural rather than artificial substrates has been 

recommended by some authors, although many have realised the limited statistical power 

that the intrinsic variability of these methods allows for in experimental studies. A review by 

Aloi (1990) concluded that artificial substrates were generally unrepresentative analogues for 

naturally occurring diatom communities. For example, differing communities on replicate 

artificial substrates within the same treatment (e.g., different replicate mesocosms) are 

thought to arise predominantly through a “founder effect” (Aloi, 1990). This may occur 

through either differing inter-replicate seeding potential for the algae themselves, or through 

differences at higher trophic scales such as zooplankton grazers or their fish predators. 

Along with macroinvertebrates, periphyton have historically received the most attention in 

community-scale assessments of environmental quality (Clements, 1994; Clements & 

Kiffney, 1994). 

Phytoplankton are also often used as indicators of water quality because of their high 

sensitivity to environmental change and short generation time. Phytoplankton are also useful 

indicators of high nutrient conditions due to their ability to reproduce rapidly under ideal 

conditions. Indeed, van Dam et al. (1998) considered phytoplankton studies as potentially 

the most promising indicators of wetland degradation. 

Analysis of the responses of the aforementioned biological communities to a toxicant lends a 

different, and also more informative, insight into the expected effects of perturbation on an 

ecosystem. The scale and multivariate nature of their data also requires a different statistical 

approach. Many ecological applications of multivariate techniques are readily extended to 

ecotoxicological field studies. As a consequence, caveats and considerations for ecological 

study design, such as optimum scale of taxonomic resolution, type of community summary 

and replication, must also be provided for during the design phase of experiments involving 

communities. The low number of replicates and, conversely, high intra-treatment variability 

frequently encountered in field and even mesocosm studies may lead to communities of 

artificial enclosures diverging for reasons unrelated to that of the dosed toxicant, such as 

confounding by unconstrained variables and founder effects (Futuyma, 1998). Hence, 

replication and associated variability must be fundamental in consideration of study design 
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(Maund et al., 1999). However, the more environmentally realistic and relevant scale of data 

gives field community studies more power to predict expected ecological effects than do 

single-species studies (ANZECC/ARMCANZ, 2000a). 

To this end, this current study made full use of a variety of community types established in a 

large mesocosm experiment. The communities studied in this experiment included: a) 

benthic macroinvertebrates, b) periphytic diatoms, c) pelagic microinvertebrates, and d) 

phytoplankton (via proxy photosynthetic pigments). 

This chapter describes the application of the more environmentally relevant and larger scale 

experimental approach of using communities for determining magnesium sulfate toxicity to 

the aquatic biota of Magela Creek, in both natural pools and in artificial mesocosms. As well 

as testing for impacts on each of the four different community types, interactions amongst 

these communities arising from their responses to magnesium sulfate and other 

environmental variables are also examined. Finally, No-Observed-Effect-Concentration 

(NOEC) for each community type is derived and an overall mesocosm-scale NOEC is 

derived from the mesocosm community data. 
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4.2 Natural creek pool dosing 

4.2.1 Methods 

Initially, Magela Creek natural pools with water quality typical of Wet season flow were 

used as mesocosms of biological communities. Responses of macroinvertebrate and 

phytoplankton communities (biomass, measured as chlorophyll) were examined. 

During the Dry season of 2001, 20 pools were selected above the influence of RUM 

(monitoring site GS0067), along the main channel of the mid-reaches of Magela Creek. 

These pools were chosen to be of similar size (ca. 20 m3) and location within a 1 km stretch 

of creek bed. To minimise both longitudinal (e.g., different rates of drying at different 

distances up the creek bed) and pool volume effects, treatment concentrations were allocated 

as evenly as possible across the broad range of pool size with the creek divided into four 

100 m sections and the treatments allocated randomly within each of these sections as a 

stratified-random design. 

Length, width and maximum depth of each pool were measured one week prior to dosing, 

and calculations of pool surface area and volume were made from these measurements, 

according to the equations of Korn and Korn (1968). 

Pool water surface area was calculated as for a hemispheric-ellipse, i.e. 

 

Equation 5  Pool surface area = πr1r2 

 

Pool volume was calculated as for a half hemispheric-ellipse, i.e. 

 

Equation 6  Pool volume = (1/2)π(4/3)r1r2r3 

 

Where rx = pool radius in one of the three dimensions: length, breadth and depth. 

Due to the limited availability of pools, great variation was evident in the shape and sizes of 

selected pools. However, ANOVA testing showed that neither pool lengths, widths, nor 

depths were significantly different amongst treatments (p > 0.20 in all three dimensions). 

Five treatments, each with four replicate pools, were used: a control with no magnesium 

sulfate added, and the remaining four treatments with geometrically increasing 

concentrations of magnesium sulfate, 0.5, 1.0, 10 and 99 mg/L magnesium. Magnesium 
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concentrations were determined through the surrogate variable EC (Figure 6). Study pools 

were sampled once prior to, and then twice after, dosing with magnesium sulfate in a two-

way factorial experimental design according to the schedule shown in Table 28. 

Table 28.  Timeline of natural pool experiment dosing and sampling in the dosed natural pools (2001). 

WC = Water chemistry; M = macroinvertebrates; P = phytoplanktonic biomass (chlorophyll a, b and 

c). – = no data collected. 

Date Sample week Activity Attributes sampled 

21–August Week -1 Pre-dose sampling WC, M 

28–August Week 0 Dosing – 

11–September Week 2 First post-dose sampling WC, M, P 

26–September Week 4 Second post-dose sampling WC 

 

Water chemistry measurements were taken (described in Chapter 2–GENERAL 

METHODS) prior to sampling for macroinvertebrate communities. Chlorophyll pigment 

samples were only taken on the first of the two post-dosing occasions (week 2). On each 

sampling occasion, two samples of benthic macroinvertebrates were collected from each 

pool with 500 µm mesh nets (described in Chapter 2–GENERAL METHODS). The data 

from these two samples were pooled to derive a single replicate for each pool (Heffner IV et 

al., 1996). 

Pools were dosed with British Pharmacopoeia (BP) grade magnesium sulfate heptahydrate, 

which was mixed through each pool with a twin-impeller, four-stroke pump mounted on the 

bank with intakes and outlets at either end of the pool, until electrical conductivity (EC) 

readings stabilised. 

To determine the correct magnesium sulfate concentration to apply to pools in the field, EC 

was used as an easy-to-measure surrogate, after determining the relationship between EC and 

six different MgSO4 solution concentrations diluted in creek water. The EC measurements 

gave an excellent predictive model (magnesium (mg/L) = 0.15EC – 6.66, p<0.001, r2 = 

0.997). 

Samples of shallow groundwaters were also taken one week after dosing from around two 

pools dosed with the highest salt concentration to help determine rates and directions of any 

possible solute loss. Shallow bores were drilled with a 10 cm diameter corer in the sandy 

creek bed at different points away from the pools and water samples were collected for later 

HPLC analysis of magnesium, sulfate and calcium concentrations. 
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4.2.2 Results 

4.2.2.2 Environmental variables 

Following dosing, dilution of solute concentrations in pools was rapid. EC reduced greatly 

within days of pool dosing (unpublished data). Although some of the highest dosed pools 

(99 mg/L magnesium) were still markedly elevated in week 2, by post-dosing week 4 pool 

EC had largely returned to background levels (Figure 32). 

Nominal and measured concentrations of magnesium for week 2, together with 

magnesium:calcium ratios, are shown in Table 29. 

The EC of shallow groundwater sampled from above, below and to the side of a 99 mg/L 

magnesium dosed pool one week after dosing indicated that solutes lost from the pool moved 

primarily downstream at least 30 m. However, high EC values were also found upstream of 

the dosed pool (Figure 33). This loss was clearly associated with alluvial, sub-surface flow, 

present in the sandy creek channels well after surface flows had ceased. While this 

phenomenon was known prior to dosing, the magnitude of this sub-surface flow and 

associated rapidity of dilution of surface pools was not anticipated. 

The rapid loss of dosed solute from treatment pools indicated that the aquatic biota of these 

pools would only experience an acute exposure to magnesium sulfate. Furthermore, only two 

of 20 dosed pools retained an enhanced magnesium sulfate concentration over the first 

(three week) test period from sampling week -1 to sampling week 2, namely sites 2E and 3A 

(Figure 32). 
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Figure 32  Change over time in conductivity of natural creek pools dosed with magnesium sulfate. 

Label number refers to site and letter to nominal treatment concentration in increasing order, i.e. 

1A = Site 1 and control treatment, 3C = Site 3 and 1.0 mg/L magnesium treatment, etc. 

Table 29  Mean nominal and measured magnesium concentrations for dosed natural pools. Mean 

measured values for magnesium sulfate of the five dosing treatments were calculated for week 2 from 

a regression of magnesium cation concentration and EC data of pools sampled. 

magnesium (mg/L) = 0.03EC + 0.27 (r2 = 0.99, p <<0.01). Errors given are one standard error of the 

mean. (n) indicates number of replicates sampled. 

Magnesium 

Nominal 

(mg/L) 

EC 

Measured 

(µS/cm) 

Mg2+ Measured 

(mg/L) 

Mg2+:Ca2+ 

ratio 

Control 23±3 1.0±0.4 1.4±1.0 (3) 

0.5 19±2 0.9±0.4 1.7±0.2 (2) 

1.0 25±4 1.1±0.4 1.2±0.1 (2) 

10 42±6 1.6±0.5 2.1±2.1 (3) 

99 219±96 8.2±3.8 9.0±18  (3) 
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Figure 33  Groundwater samples taken around a 99 mg/L magnesium dosed pool, analysed for (a) 

magnesium, and (b) sulfate. X and Y axis scaling 1:1. 

4.2.2.3 Biological responses 

 Macroinvertebrates 

Due to the unexpectedly high rate of loss of dosed solute over such a short exposure period, 

analysis of macroinvertebrate community data was restricted to those week 2 pools (and 

corresponding pre-dosing pools) which had demonstrated a close maintenance of nominal 

concentrations of solute for that period. These pools were predominantly of the 99 mg/L 

magnesium treatment. 

Prior to dosing (week –1), the control treatment pools displayed the greatest abundances 

(445 animals per replicate) and the highest taxa richness (18 taxa per replicate). Although it 

was not possible to statistically test for significant differences amongst pairs of treatments 

with these low levels of replication other than control and 99 mg/L, there were no 

statistically significant differences amongst treatments for either abundance or taxa richness 

(Figure 34) (Table 30). 

Within-treatment variation for both total macroinvertebrate abundance and taxa richness was 

very low for the control group after dosing (week 2) (Figure 34). The low-dosed 

concentration of 1.0 mg/L magnesium displayed the greatest mean macroinvertebrate 

abundance (394 animals per replicate) while the 0.5 mg/L magnesium treatment displayed 

the greatest mean macroinvertebrate taxa richness (20 taxa per replicate). Although it was 

not possible to statistically test for significant differences between pairs of treatments other 

Transverse distance from pool centre (m) 

a. b. 
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than control and 99 mg/L (as described above), there were also no significant differences 

amongst all treatments for either macroinvertebrate abundance or taxa richness following 

dosing (Table 30). 

 

 

Figure 34  Average macroinvertebrate abundance and taxa richness per sample for week -1 and 

week 2 dosed natural pools. Bars indicate single standard errors of the mean. Numbers near bottom of 

treatment bars indicate number of replicates sampled. 
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Table 30  Results of ANOVA tests for differences in macroinvertebrate abundances and taxa richness 

over time and amongst treatments for natural pool study. 

Variable Factor F-test p-value 

Abundance Time F1,10 = 0.517 0.488 

 Treatment F4,4 =  2.343 0.215 

 Interaction F4,10 =  0.349 0.839 

Taxa richness Time F1,10 =  0.549 0.480 

 Treatment F4,4 =  0.440 0.777 

 Interaction F4,10 =  0.637 0.648 

 

Prior to dosing, ANOSIM testing showed no significant difference in macroinvertebrate 

community structure amongst treatments (ANOSIM global R -0.111, p = 0.678) (Figure 35). 

Following dosing, there was still no statistically significant difference (ANOSIM global R -

0.099, p = 0.630) in macroinvertebrate community structure amongst treatments. 

Communities did, however, appear to separate in a gradient response to increasing EC from 

right to left of the ordination plot (Figure 35). All major taxa primarily contributing to 

differences between control and 99 mg/L magnesium treatments displayed decreases in 

abundance from control replicates to the highest dosed magnesium sulfate concentration of 

99 mg/L magnesium (Table 31). 

BIO-ENV analysis identified FPOM and pool size as the most important variables 

influencing pre-dosing (week -1) natural pool communities. Together, FPOM and pool size 

correlated 0.39 of macroinvertebrate community structure variability. Electrical conductivity 

(as a surrogate of magnesium sulfate concentration) and FPOM were identified as the most 

important variables influencing post-dosing (week 2) natural pool communities. BIO-ENV 

analysis found that, following dosing, 0.78 of all macroinvertebrate community variation 

was most parsimoniously correlated by EC and FPOM together (Table 32). 
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Figure 35  nMDS ordinations of macroinvertebrate communities of dosed natural pools before 

(week -1) and after (week 2) dosing. Data log10(x+1) transformed. Diameter of symbol indicates 

concentration of Mg. 
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Table 31  SIMPER analysis of natural pools macroinvertebrate community differences before (week -1) 

and after (week 2) dosing (taxa contributing >2.0% to inter-treatment dissimilarities). ‘Contribution %’ 

indicates proportion of total dissimilarity between treatments that each taxon contributed in a 

diminishing order. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD 

Contribution Cumulative 

 Control 99 mg/L % % % % 

Pre-dosing week -1       

Stempellina sp. 3.81 2.08 2.82 1.42 10.25 10.25 

Austrolimnius larvae 2.11 1.61 2.39 1.27 8.70 18.94 

Baetidae 2.52 1.75 2.12 1.55 7.70 26.64 

Tasmanocoenis  sp. 1.84 1.39 1.48 1.24 5.39 32.03 

Baetidae 1.33 0.45 2.06 1.41 6.47 34.50 

Average dissimilarity between treatments = 27.50% with biological data log10(x+1) 

transformed  

Post-dosing week 2       

Leptophlebiidae 1.16 0.76 2.34 0.83 7.33 7.33 

Corixidae 2.57 1.42 2.31 1.06 7.24 14.57 

Austrolimnius larvae 2.46 1.61 2.23 1.15 6.98 21.55 

Acarina 2.07 1.83 2.07 1.34 6.49 28.04 

Average dissimilarity between treatments = 70.14% with biological data log10(x+1) 

transformed  
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Table 32  BIO-ENV results for macroinvertebrate communities of natural pools pre- (week –1) and 

post-dosing (week 2). X indicates inclusion of this environmental variable in the explanatory subset, 

while highest correlation coefficient (ρ) indicates the best subset of environmental variables explaining 

macroinvertebrate community structure. Biological data log10(x+1) transformed, environmental data 

untransformed. 

ρ 
Number of 

variables F
P

O
M

 

pH
 

P
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M
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O
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O

C
 

T
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Pre-dosing week -1       

0.394 2 X  X    

0.362 2   X  X  

0.352 2  X X    

0.438 3 X X X    

0.395 3  X X  X  

Post-dosing week 2       

0.781 2 X   X   

0.793 3 X X  X   

0.776 3 X   X X  

0.774 3 X   X  X 

0.797 4 X X  X  X 

 

 Functional feeding groups 

Following dosing, there was a similar pattern between macroinvertebrate Functional Feeding 

Groups (FFGs) and elevated magnesium sulfate in pools as there was between 

macroinvertebrate community structure and elevated magnesium sulfate. The ordination 

showed macroinvertebrate community FFGs changing with increasing EC in a left to right 

direction across the first dimension. However, there was no statistically significant difference 

between the FFGs of control and dosed pools (ANOSIM global R = 0.036, p = 0.381) 

(Figure 36). 

Functional Feeding Group differences between the control and 99 mg/L treatments included 

decreases in population abundances of omnivores and gatherer/collectors (45 and 39% 

respectively) and more marked increases in abundances of shredders and filterer/collectors 

(1 150 and 288% respectively) (Table 33). Predators also contributed a small amount to these 
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differences, declining in abundances in dosed pools. Scrapers were not an important group 

type in either pool type. 

pH alone accounted for the greatest corellation of the variability of FFG in the pools post-

dosing (0.46). Inclusion of ion concentration did not notably improve this correlation (Table 

34). 

 

Figure 36  nMDS ordination of macroinvertebrate community FFGs in pools post-dosing (week 2). 

Data log10(x+1) transformed. Diameter of symbol indicates concentration of Mg. 

Table 33  SIMPER analysis of macroinvertebrate FFG differences between control and pools post-

dosing (week 2) (taxa contributing >5.0% to inter-treatment dissimilarities). ‘Contribution %’ indicates 

proportion of total dissimilarity between treatments which each taxon contributed in a diminishing order. 

Average dissimilarity between treatments = 16.54%. Biological data log10(x+1) transformed. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD 

Contribution Cumulative 

 Control 99 mg/L % % % % 

Omnivore 14.60 7.80 4.14 1.02 25.02 25.02 

Shredder 0.80 9.20 3.78 0.96 22.85 47.87 

Filterer/collector 1.60 4.60 3.57 1.39 21.55 69.42 

Gatherer/collector 193.40 117.80 3.22 1.00 19.48 88.90 

Predator 70.40 58.80 1.33 1.45 8.04 96.94 

Scraper 0.00 0.20 0.51 0.49 3.06 100.00 
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Table 34  BIO-ENV results for macroinvertebrate community FFGs of dosed natural pools of week 2. X 

indicates inclusion of this environmental variable in the explanatory subset, while highest correlation 

coefficient (ρ) indicates best explaining environmental variable subset. Biological data log10(x+1) 

transformed, environmental data untransformed. 

ρ 
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0.464 1    X   

0.499 2   X X   

0.386 3 X   X  X 

0.378 3 X  X   X 

0.386 4 X X   X X 

 

 Phytoplankton 

There appeared to be substantially more chlorophyll c in the drying creek pools than either of 

the other two photosynthetic pigments measured (Figure 37). However, intra-treatment 

variability (differences amongst pools within treatments) was very high for all pigment 

types. There was no effect of magnesium sulfate dosing on the concentrations of any of the 

pigments across the treatment range (Table 35).  

 

Figure 37  Phytoplankton pigment concentration for dosed natural pools of different dosing regimes at 

week 2. Bars indicate single standard errors of the mean. 
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Table 35  ANOVA results for difference amongst dosing concentrations of magnesium sulfate on 

week 2 chlorophyll communities in the dosed natural pools experiment. 

Variable F-test p-value 

Chlorophyll a F4,15 = 0.69 0.609 

Chlorophyll b F4,15 = 0.35 0.837 

Chlorophyll c F4,15 = 0.32 0.859 

Total chlorophyll F4,15 = 0.14 0.963 

 

Furthermore, phytoplankton communities (as measured by chlorophyll pigments) did not 

appear to be influenced by dosing with magnesium sulfate; multivariate analysis showed an 

apparently random pattern of response to pool dosing with no significant difference amongst 

treatments (ANOSIM global R 0.035, p = 0.313) (Figure 38). The apparent unimportance of 

magnesium concentrations in defining phytoplankton communities of dosed natural pools 

was further confirmed with very little phytoplankton community variability being explained 

by ion concentrations overall. The best solution offered for variability in phytoplankton 

communities was for combined temperature and DO, although this correlation was low 

(ρ = 0.162) (Table 36). 

 

Figure 38  nMDS ordination of phytoplankton community in the natural pools post-dosing (week 2). 

Data log10(x+1) transformed. Diameter of symbol indicates concentration of Mg. 
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Table 36  BIO-ENV results for week 2 chlorophyll communities in the dosed natural pools. X indicates 

inclusion of this environmental variable in the explanatory subset, while highest correlation coefficient 

(ρ) indicates best explaining environmental variable subset. 
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0.162 2   X X  

0.163 3  X X X  

0.162 3   X X X 

0.161 3 X  X X  

0.122 3 X X X   
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4.3 Mesocosm testing 

4.3.1 Methods 

4.3.1.1 Establishment of mesocosm communities and experimental dosing 

To overcome the problem of loss of solutes to groundwater in dosed natural pools and the 

large, inherent natural variability of the pools, mesocosm enclosures were used to create 

approximations of drying creek pools with associated resident animal and plant 

communities. 

During the period of early Dry season recessional flow (mid-May 2002), 25 2,700 L 

fibreglass mesocosms (Figure 39) were placed on Magela Creek bed above the influence of 

RUM (monitoring site “GS0067”). 

 

Figure 39  Fibreglass mesocosms deployed for mesocosm experiment. 

Mesocosm vessels were first thoroughly rinsed with creek water to remove dust left from 

their manufacture and then moved into position and levelled in a loose elongated grouping 

along 50 m in the middle of the creek bed. Mesocosms were positioned in such a manner that 

shading from riparian vegetation, the only obvious natural feature varying in the creek bed, 

was as evenly dispersed as possible. 

For substrate, each mesocosm was filled to approximately 300 mm depth with wet sand from 

the nearest creek pool using a small excavator. All work was undertaken from a downstream 

to upstream direction to prevent contamination from water flowing past the excavator. 

Mesocosms were then filled to the brim with creek water using a centrifugal pump. No other 

water was added to the mesocosms during the experiment. 
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Leaf litter was collected from pools located above the experimental reach and following 

thorough mixing, approximately 8 L of wet leaf litter material was placed into each replicate 

mesocosm. 

Mesocosms were left for one month prior to any sampling to allow for colonisation and 

establishment of faunal and floral communities. Faunal and floral colonists would have 

entered the pools through four major pathways: 

1. Aerial dispersal from the adjacent creek surface waters including nearby (<500 m) 

billabongs. 

2. Wet sand taken from within the flowing creek bed during filling of the mesocosms. 

3. Leaf litter deliberately added following mesocosm filling. 

4. Creek water pumped into the mesocosm during filling. 

Sampling of biota followed a two-way factorial design, with a random factor for sampling 

week and a fixed factor for magnesium sulfate concentration. Magnesium sulfate treatments 

were dosed at five treatment levels; a control and four geometrically increasing 

concentrations. Each treatment consisted of 5 replicates. Due to the highly variable nature of 

replicates in field experiments, replication within treatments was increased at the expense of 

extra treatment levels (Maund et al., 1999). All mesocosm communities were immediately 

sampled prior to dosing of the mesocosms, then twice after dosing as outlined in Table 37. 

Table 37  Timeline of mesocosm experiment establishment and sampling (2002). 

Date Sample week Activity Attributes sampled* 

10–May  Establishment of mesocosms – 

09–July Week 0 Pre-dose sampling WC, Ma, Mi, D, P 

10–July  Dosing – 

08–August Week 4 First post-dose sampling WC, Ma, Mi, D, P 

27–August Week 7 Second post-dose sampling WC, Ma, P 

* WC = Water chemistry; Ma = macroinvertebrates; Mi = microinvertebrates; D = diatoms; P = phytoplanktonic biomass (chlorophyll 

a, b and c) – = no data collected. 

As with dosed natural pool testing, macroinvertebrate sampling was via a benthic suction 

sampler after Brooks (1994) (Figure 9). However, this sampling differed from sampling of 

the dosed natural pools in the following way. 

• To maximise animal abundances, 250 µm sampler net and sieves were used for field 

sampling and subsequent laboratory sorting.  
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• During laboratory sorting, elutriated organic debris and macroinvertebrate material 

were filtered through nested 2 mm and 250 µm sieves. Coarse leaf litter caught in 

the 2 mm sieve was then placed in a sorting tray for sorting of animals retained in 

this coarser mesh. 

• Although macroinvertebrate communities are often associated with FPOM (Minshall 

& Minshall, 1977; Winterbourn, 1982; Winterbourn et al., 1984; Minshall, 1996), 

FPOM data were not collected as previous work had not found good explanation of 

macroinvertebrate community variability by FPOM data (McCullough, 2001). 

• Mesoveliidae, Collembola and Notonectidae were removed from data sets prior to 

analyses as they are not benthic in habitat and therefore were only incidentally 

sampled by the Brooks sampler (Brooks, 1994). 

For the mesocosm experiment, three benthic macroinvertebrate samples were collected on 

each sampling occasion, with two sorted from each replicate mesocosm. These sub-replicate 

data were then averaged to represent a single treatment replicate. Together, these two 

samples represented 6% of the benthic surface area of each mesocosm. Samples of 

microinvertebrate, periphytic and phytoplanktonic communities were taken as per their own 

specific methodologies (see Chapter 2–GENERAL METHODS). 

To test for chronic effects, macroinvertebrate and phytoplankton community samples were 

collected after both a four-week period and a seven-week period of exposure. Generally, as 

the duration of exposure to a given toxicant increases, the toxicant concentration required to 

elicit a response decreases (Chapman, 2001; Chapman et al., 2001) such that this longer 

exposure time provided a more conservative approach to toxicity assessment. 

Allocation of treatments to mesocosm replicates followed a systematic arrangement, giving 

an equal mean of shading to each treatment in the first week of sampling (week 0). The 

proportion of shading over each replicate tub benthos was estimated by eye at each sampling 

week and in the week prior to dosing (week 0) at 1200 h. Rather than using a completely 

random allocation of treatments to replicate tubs to compensate for possible unknown 

gradients, treatments were allocated in a block design to the uncontrolled (yet clearly 

important) variable of riparian shading (Davies-Colley & Quinn, 1998; Pusey & Arthington, 

2003) In this manner, shading effects amongst all treatments were planned to be 

representative and evenly dispersed (Underwood, 1997; Quinn & Keough, 2002). 

The range of treatment concentrations was based upon concentrations expected to occur in 

Magela Creek (Klessa, 2000, 2001), from previous local (Jones, 1992; Corbett, 1996; 

O'Connor et al., 1996; O'Connor et al., 1997; Rippon et al., 1998; van Dam, 1999) and 

international (Wallen et al., 1957; Den Dooren de Jong, 1965; Mount et al., 1997) 
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assessments of the sensitivity of different organisms to magnesium sulfate and from results 

of local, single-species ecotoxicity tests (Camilleri et al., 2003). As with standard bioassay-

testing protocols, the range that the geometric series of treatments was intended to 

encompass included a no-response treatment (i.e. control), partial-effect treatments and a 

whole-effect treatment (ANZECC/ARMCANZ, 2000a). 

Magnesium sulfate dosing masses were calculated for each mesocosm tub from water level 

and treatment allocation. Direct dosing of pools was then made by hand with gentle mixing 

of mesocosm waters (Table 38). 

Table 38  Nominal concentrations of magnesium sulfate for 2002 mesocosm experiment. 

Treatment 

MgSO4 

mol/L 

MgSO4 

mg/L 

Mg2+ 

mg/L 

SO4
2- 

mg/L 

Mass/replicate 

(kg) 

1 (control) 0.000 0.0 0.0 0.00 0.00 

2 0.001 126 2.5 9.9 0.04 

3 0.003 377 7.5 29.6 0.1 

4 0.009 1130 23 88.9 0.4 

5 0.028 3390 68 266.8 1.2 

 

Small fishes (Mariana’s hardyhead, Craterocephalus marianae, and Black striped 

rainbowfish, Melanotaenia nigrans) were observed in the mesocosms a few weeks after 

establishment. Due to the potential for these predators to influence and thus confound results 

from invertebrate communities, they were removed. 

4.3.1.2 Data analysis 

Only a random subsample of four of the five diatom replicates (one replicate periphytometer 

per treatment tub) were sorted and analysed for weeks 0 and 4. Similarly, although all 

replicates of macroinvertebrate samples of post-dosing week 7 were sorted, only control and 

68 mg/L treatment replicates for post-dosing week 4 and a random subsample of all 

treatments for week 0 were sorted and analysed. 

 Plotting seral responses to an environmental gradient 

Although metric multivariate methods for analysing ecological gradients have been used for 

some time e.g., Hobbs (1986), a new method of constructing a community-scale, 

concentration-response model was also devised and tested. This method provides for 

accurate representations of all the relationships amongst all treatment means in a plot, by 

way of a statistically robust non-metric single-dimensional ordination. 
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Using the multivariate data analysis software package PATN (DOS version), a single-

dimension ordination was constructed from a dissimilarity matrix derived from the 

community means of each treatment. (Both PRIMER-E (2001) and PATN 3.0 for Windows 

(Belbin, 2004) currently only provide options for two or three-dimensional ordinal plots.) 

The resulting single-dimension ordination was then used to produce a plot of relative mean 

differences of each treatment to each other for a given sampling period. The y-axis values 

are the resulting axis integer rankings, whilst the x-axis values are the toxicant concentration 

at each respective treatment. Like all nMDS ordination scales, the y-axis scaling is therefore 

arbitrary, showing only how similar each treatment’s mean community was to that of the 

other treatment’s mean community. Direction of community response is also consequently 

arbitrary, however this direction was modified so that highest treatment concentration was 

associated with a negative (downwards) movement relative to that of a control, as a 

multivariate analogue of single-species dose-response plots. Like other nMDS ordinations, 

inaccuracies in the fitting of all treatments together in this single-dimensional space are 

shown by a stress value, which indicates how accurately the dissimilarity matrix is illustrated 

by the plot as per a normal nMDS ordination (Kruskal, 1964; Kruskal & Wish, 1978). 

However, due to increased stress in single-dimensional ordinal space, this method is only of 

value for small numbers of treatments and averaged replicates. Nevertheless, this graphic 

method also allows for non-monotonic responses, whereby slightly dosed treatments may in 

fact be more dissimilar to highest treatments than they are to experimental controls. 

Specifically, analysis within the PATN software was as follows. Rare species were retained 

and abundance data were transformed as per the most appropriate transformation found 

during the PRIMER analysis. Ordinations of multivariate macroinvertebrate community data 

were via 999 iterations in the Semi-Strong Hybrid (SSH) multi-dimensional scaling 

subroutine ‘SSH’ in PATN (Belbin, 1991, 1992; Faith et al., 1995) based on the Bray-Curtis 

dissimilarity matrix (Bray & Curtis, 1957; Faith et al., 1995). Ordinations with stress values 

to around 0.30 were considered to be acceptable. Note that this value is greater than that 

typically used as a threshold for acceptance of ordination plots. More commonly 0.20 is 

considered to be a maximum acceptable stress value (Clarke & Ainsworth, 1993) because 

PATN uses a different algorithm to that of Kruskal (1964; 1978) to calculate stress (Growns 

& Marsh, 2000). All PATN standardisations and transformations were executed through the 

PATN TRND module. 

 Statistical testing for seral changes over an environmental gradient 

Seriation is the ability of a group of samples, in this case different samples of biological 

communities, to demonstrate a seral change (i.e. a sere) over an environmental gradient. 

Losses of an established natural seriation, indicated by the Index of Multivariate Seriation 
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(IMS), have been used to detect an environmental disturbance upon a biological community 

(Clarke et al., 1993). Conversely, establishment of a biological seriation in response to a 

superimposed toxicant gradient may also be used to indicate the presence of a disturbance 

(Wong, in prep). This “correlational” approach may be favoured over that of the 

“categorical” hypothesis-testing methodology when a gradient of biological responses to an 

environmental variable is expected to exist rather than separate categories of no-effect/effect 

(Figure 40) (PRIMER-E Ltd, 2001; Cottingham et al., 2005). 

 

Figure 40  Correlational and categorical testing approaches to dose-response relationships. 

NOEC values based upon detection of a multivariate seral response to the toxicant, 

calculated by statistical testing of the IMS, were obtained following Wong (in prep) after 

Somerfield et al. (2002) and Clarke et al. (1993). The IMS value is a measure of how well a 

biological community change across a toxicant gradient/treatment dose range (in this case 

increasing magnesium concentration) conforms to a rank monotonic sequence, i.e. a seriation 

of the toxicant gradient. This index is calculated by comparing a Bray-Curtis similarity 

matrix of biological data for each community and sample time, with a Bray-Curtis similarity 

matrix based on concentration values of the environmental variable in question. A Spearman 

rank correlation (?) value of 1.0 indicates that differences between each treatment replicate 

and its respective biological community are entirely consistent over a rank gradient; a rank 

correlation of 0 indicates that there was absolutely no relationship between the biological 

community sere and the environmental gradient in question. Although the seriation model 

matrix is usually taken from nominal values of treatment concentrations (Wong, in prep) to 

minimise the effects of typically high mesocosm intra-treatment toxicant variation and to 

maximise treatment numbers, measured toxicant concentration values were used instead. The 
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similarity matrix of the biological community at each sampling time was then compared with 

the seriation model matrix in the RELATE module of PRIMER software (PRIMER-E Ltd, 

2001) over 9,999 iterations. Prior to dissimilarity matrix computation, biological data was 

log10(?+1) transformed to reduce the effects of differences in taxa abundance (Wong, in 

prep). 

 Change in biotic community structure over time relative to controls 

Where three sampling occasions were available, dissimilarity-response curves for the dataset 

of phytoplankton were constructed after Wong et al. (2003) as another data exploratory tool. 

These plots demonstrated mesocosm community structure changes over time. By plotting 

community-scale responses of mean dosed treatments relative to mean control over time, the 

effects of each treatment are clearly separated from those of time and are therefore more 

easily interpreted. Specifically, these graphs plot mean dissimilarity values for each 

treatment as relative deviations from a mean control value on the y-axis, over time on the x-

axis. This non-metric graphical method is analogous to the metric Redundancy 

Analysis/Principal Response Curves (PRC) of Van den Brink and Ter Braak (1999). 

Principal Response Curves (PRC) are an alternative approach to illustrating community 

compositional changes over time, by illustrating the positions of dosed treatments relative to 

that of the control (Van den Brink & Ter Braak, 1998, 1999; Van den Brink et al., 2003). 

However, unlike PRC in which the y-axis values are based on Euclidean distance, this new 

method uses Bray-Curtis dissimilarity values to produce response curves with a constrained 

control response, sensu lato, to that of the PRC method. Nevertheless, this method has an 

advantage of a non-metric underpinning and consequently few assumptions and a clearer 

representation. Consequently this new method avoids problems associated with assumptions 

and potential confounding of the Euclidean dissimilarity measure utilised by the canonical 

ordination-based methods of Van den Brink and Ter Braak (1999) and has been found to 

provide a clearer visualisation of community change than ordination (Wong et al., 2003). 

Nevertheless, unlike PRC, this method does not allow for statistical estimation of community 

NOEC/LOEC values, instead relying on a more subjective visual estimation method. 

 Relative measures of variability within biotic communities 

An Index of Multivariate Dispersion (IMD) was also calculated for results of the different 

mesocosm communities at different times (Clarke & Ainsworth, 1993; Warwick & Clarke, 

1993). The IMD index has a maximum value of +1 when all the dissimilarities from amongst 

other treatments are higher than those from amongst any control replicates. Conversely, 

when all dissimilarities are higher amongst control replicates than any dissimilarities 

amongst the other treatments, then this index will yield a maximum value of -1 (Warwick & 

Clarke, 1993). 
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This index calculates the mean increased variability in multivariate structure within the 

highest treatment examined relative to that of the control treatment. The IMD is presumed to 

function as an indicator of community-scale stress as increasing dispersion (increasing index 

value) is thought to correlate with environmental stress (Clarke & Ainsworth, 1993; 

Warwick & Clarke, 1993). The IMD was calculated as follows (Equation 7): 
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4.3.2 Results 

4.3.2.1 Environmental variables 
Following dosing, EC of all treatments increased slightly over time through evaporation of 

creek water diluent. Although often difficult to maintain in mesocosm experiments, the 

overall stability of EC and thus of the concentration of the toxicant (magnesium), (Sprague, 

1990; SETAC (Europe), 1992), supported the understanding of the conservative 

environmental chemistry of magnesium by not being lost through either absorption or 

vaporisation processes (Williams, 1993; Mclean, 1994) (Figure 41). 

Prior to dosing, mean magnesium:calcium concentration ratios were not significantly 

different across treatments (F4,20 = 0.142, p = 0.965). Following the addition of background 

concentrations of magnesium, however, many of the measured magnesium concentrations 

were not within 10% of nominal treatment concentrations for the first three treatments for 

post-dosing week 4, and any of the treatments for post-dosing week 7. Mean treatment 

magnesium:calcium ratios were, however, never less than 2:1 and never exceeded 26:1 at 

any treatment for any sampling time. For both post-dosing weeks, only the 23 and 68 mg/L 

treatments displayed magnesium:calcium ratios higher than 10:1. Nevertheless, even though 

evaporation increased overall solute concentration as expected, disproportionately greater 

increases in concentrations of calcium following dosing compared to that of magnesium 

implied a gain of calcium from somewhere within the mesocosms. This relatively greater 

gain of calcium, therefore, caused a decrease in magnesium:calcium ratios at higher 

treatment magnesium concentrations with increasing exposure (Table 39). 
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The difference in mean shading of treatments for each sampling occasion was not 

statistically significant (p = 0.937), although overall mesocosm shading in post-dosing 

week 7 was significantly lower than that of previous weeks as the sun’s azimuth increased 

after the winter solstice (Table 40). Whilst there was no correlation between shading and 

treatment in either pre-dosing week 0 or post-dosing week 7, mean treatment shading 

displayed a strong and statistically significant seriation with treatment concentration in post-

dosing week 4, with decreasing shading correlating with increasing magnesium sulfate 

concentration (Table 41). 

 

Figure 41  Change in magnesium concentration of 2002 mesocosm experiment over total study period 

(7 weeks duration). Y-axis reference lines represent nominal concentration values. Bars are single 

standard errors of the mean. 
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Table 39  Comparison of measured values of magnesium with nominal concentrations for 2002 

mesocosm experiment. 

 

Nominal 

Mg2+ (mg/L) 

Mean Measured 

Mg2+ (mg/L) 

mean error 

from nominal (%) 

Magnesium:calcium 

ratio 

Pre-dosing week 0 0.0 0.9 – 2.5:1 

 0.0 0.9 – 2.4:1 

 0.0 0.9 – 2.1:1 

 0.0 0.9 – 2.1:1 

 0.0 0.9 – 2.0:1 

     

Post-dosing week 4 0.0 1.3 – 2.3:1 

 2.5 3.5 40 4.0:1 

 7.5 8.6 15 6.8:1 

 23 24.3 6 12:1 

 68 65.2 -4 25:1 

     

Post-dosing week 7 0.0 1.7 – 2.4:1 

 2.5 4.0 60 4.0:1 

 7.5 10 33 6.6:1 

 23 28 22 11:1 

 68 78 15 22:1 
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Table 40  Mean % shading of mesocosms at noon across treatments over the 7 week experimental 

period. 

Date Treatment Mg (mg/L) Mean (%) Standard error (%) 

Pre-dosing week 0 Control 53 14 

 2.5 45 10 

 7.5 43 12 

 23 53 14 

 68 48 14 

Post-dosing week 4 Control 59 18 

 2.5 59 14 

 7.5 42 15 

 23 23 5.4 

 68 33 10 

Post-dosing week 7 Control 23 8.0 

 2.5 19 9.1 

 7.5 21 7.0 

 23 26 11 

 68 17 6.0 

 

Table 41  Extent of seriation of mean shading over dosing treatments. 

Date r p-value 

Pre-dosing week 0 -0.069 0.91 

Post-dosing week 4 -0.872 0.05 

Post-dosing week 7 -0.226 0.71 

 

A PCA analysis of replicate environmental variables in week 0 (prior to dosing with 

magnesium sulfate) did not show a strong pattern of mesocosm chemistry and shading. Thus, 

the ordination demonstrated the successful random allocation of a priori-selected treatments 

to mesocosm replicates (Figure 42). PCA analysis of replicates for post-dosing week 4 

clearly separated treatments according to increasing EC from left to right along PCA axis 1. 

This separation and gradient was also evident in post-dosing week 7, though with some 

overlap amongst the lower magnesium sulfate concentration treatments. 

The first principal component in week 0 separated mesocosms according to a broad range of 

water quality and other variables, including an increase in temperature and decreases in pH, 
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dissolved oxygen, chlorophyll pigments as well as depth and shade (36.5% variability). The 

second principal component was predominantly correlated with decreases in magnesium and 

sulfate ion concentration (25.6% variability). 

The first principal component in post-dosing week 4 separated mesocosms largely through 

increases in ion concentrations and decreases in chlorophyll concentrations (41.2% 

variability). The second principal component was predominantly correlated with decreases in 

pH and water depth, and increases in turbidity and chlorophyll concentrations (17.6% 

variability). 

In post-dosing week 7, the first principal component also separated mesocosms according to 

decreases in ion concentrations and increases in chlorophyll concentrations (35.9% 

variability). The second principal component separated mesocosms by decreases in turbidity 

and chlorophyll concentrations and increases in water depth (24.8% variability). 

As magnesium, sulfate and calcium ion concentrations were all highly correlated with EC in 

dosed treatments, a single composite variable of “ion concentration” was used in SIMPER 

and BIO-ENV analysis to account for the variability of biotic communities by these ions. 

Chemistry of mesocosms was significantly different between all sampling weeks (ANOSIM 

global R = 0.749, pairwise comparisons all p<0.01). The environmental variables 

contributing most to the significant differences between the environment of pre-dosing 

week 0 to that of post-dosing weeks 4 and 7 were primarily different concentrations of 

magnesium sulfate dosing, and extent of mesocosm shading in the control and the highest 

magnesium concentration treatment in particular (Table 42). 
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Figure 42  PCA analysis of artificial mesocosm environmental data (two principal components) for 

week 0, 4 and 7 magnesium dosing treatment replicates. Data untransformed and normalised. 
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Table 42  SIMPER analysis of week 0, post-dosing week 4 and post-dosing week 7 differences in 

environmental conditions amongst treatments (contributors >7.0%). Individual ‘Contribution %’ 

indicates proportion of environmental variable contribution to total dissimilarity amongst treatments. 

Order of environmental variable contribution is of diminishing contribution to dissimilarity amongst 

treatments. Data log10(x+1) transformed and normalised. 

Date Variable Average 

Control 

Average 

68 mg/L 

Average 

Dissimilarity % 

Dissimilarity 

SD% 

Contribution 

% 

Cumulative 

% 

Week 0 Chlorophyll c 0.33 0.26 3.43 0.67 15.45 15.45 

 Ca, EC, Mg, SO4,  0.35 -0.11 3.32 0.61 14.98 30.44 

 Depth 0.05 -0.25 3.00 0.85 13.52 43.96 

 Turbidity 0.38 0.51 2.37 0.93 10.69 54.65 

 % shade 0.16 -0.08 2.35 0.93 10.62 65.27 

 Temperature 0.01 0.19 1.91 0.91 8.63 73.90 

Average distance between treatments = 2.17.      

Week 4 Ca, EC, Mg, SO4,  -1.26 1.46 7.44 8.25 21.11 21.11 

 Total Chlorophyll 0.92 -0.92 4.28 1.33 12.15 33.26 

 Chlorophyll a 0.97 -0.84 4.21 1.30 11.96 45.22 

 Chlorophyll c  0.74 -0.92 3.96 1.05 11.25 56.47 

 Dissolved Oxygen 0.28 -0.66 3.18 0.62 9.02 65.49 

 Depth 0.15 -0.20 2.85 0.77 8.09 73.58 

Average distance between treatments = 35.23.      

 Week 7 Ca, EC, Mg, SO4,  -1.24 1.47 7.35 6.76 25.48 25.48 

 Dissolved Oxygen 0.26 -0.69 3.08 0.59 10.66 36.14 

 Turbidity -0.33 0.40 3.00 0.54 10.38 46.53 

 Depth 0.05 -0.12 2.83 0.82 9.80 56.33 

 Chlorophyll a 0.46 -0.67 2.67 0.77 9.25 65.58 

 Total Chlorophyll 0.39 -0.64 2.31 0.85 8.01 73.58 

Average distance between treatments = 28.86.      

 

4.3.2.2 Macroinvertebrates 

 Natural versus enclosed communities 

Mesocosms are often considered the “middle ground” between smaller laboratory-scale 

experiments and full-scale field studies (Odum, 1984). Although mesocosms are more 

realistic than laboratory-scale experiments, applicability of the results of these studies 

requires information on the degree to which mesocosms match real communities. The 
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mesocosm macroinvertebrate communities were, therefore, compared with those from 

natural stream pools and billabongs in Magela Creek. 

There were several differences amongst the benthic macroinvertebrate communities found in 

the mesocosms and those recorded from the original billabong surveys which prompted the 

current study (O'Connor et al., 1996; O'Connor et al., 1997). In particular, typical billabong 

macroinvertebrate taxa such as Glossiphoniidae were absent in the 2002 mesocosm 

experiment. 

More relevantly, however, macroinvertebrate community structure of the 2002 mesocosm 

experiment also differed significantly (ANOSIM global R = 0.932, p<0.01) from that of 

natural pools of Magela Creek, described in the related research of the prior two years 

(McCullough, 2001) (Figure 43). Taxa primarily contributing to differences between the 

communities of mesocosm and natural pools were more abundant in mesocosms, particularly 

zooplankton and chironomid larvae. Nevertheless, in general, the majority of taxa found in 

the creek pools in 2000 and 2001 were also observed in the 2002 mesocosm experiment 

(Table 43). Thus, the main difference between communities of natural creek pool and 

mesocosms appears to be related to differences in abundances of species common to both, 

rather than differences in taxa per se. This is confirmed by the fact that the dissimilarity 

matrices of both square root and binary (presence/absence) data were practically identical 

(ρ = 0.883, p = 0.01). 

 

Figure 43  nMDS ordination of macroinvertebrate community structure data for all natural control pools 

and mesocosm control replicates (square root transformed data). Ellipse represents level of 39.5% 

dissimilarity. 
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Table 43  SIMPER analysis of differences between macroinvertebrate communities of natural control 

pools and mesocosm control replicates (taxa contributing >3.0% to inter-treatment dissimilarities). 

‘Contribution %’ indicates proportion of total dissimilarity between pool-mesocosm comparison which 

each taxon contributed in a diminishing order. Average dissimilarity between pool-mesocosm 

comparison = 70.36 with data square root transformed. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

% 

Dissimilarity 

SD% 

Contribution 

% 

Cumulative 

% 

 Natural pools Mesocosms     

Copepoda 1.35 64.38 13.71 1.23 19.48 19.48 

Ostracoda 0.02 62.84 11.63 0.93 16.53 36.01 

Chironominae 49.22 86.37 11.32 1.27 16.09 52.11 

Other Chironomidae 9.88 45.52 8.26 1.49 11.75 63.85 

Cladocera 1.00 44.61 7.00 0.71 9.94 73.80 

 

 Differences in absolute abundance and taxa richness amongst treatments 

Due to time constraints, only two replicates from control, four from 2.5 mg/L magnesium, 

four from 7.5 mg/L magnesium, two from 23 mg/L magnesium and four from 68 mg/L 

magnesium treatments were processed and analysed for pre-dosing week 0. All five 

replicates from control and 68 mg/L magnesium were processed and analysed for post-

dosing week 4. All replicates were processed and analysed for post-dosing week 7. 

Although macroinvertebrate community (total) abundance was not significantly different 

amongst treatments prior to dosing (week 0), mean taxa richness was significantly lower in 

control replicates than those of the 2.5 mg/L magnesium treatment in post-dosing week 7 

(Figure 44) (Table 44). 

Mesocosm replicates in post-dosing week 4 had significantly lower macroinvertebrate 

abundances than those of pre-dosing week 0 and post-dosing week 7 (Table 44). Post-dosing 

week 4 macroinvertebrate abundances at this time were also substantially lower in 68 mg/L 

magnesium than in the control treatment (Figure 44). However, although macroinvertebrate 

abundance was lower in the 68 mg/L magnesium treatment in both dosed weeks 4 and 7, 

there was no statistically significant effect of magnesium dosing upon macroinvertebrate 

abundances in any of the sampling weeks (Table 44). 

However taxa richness was not significantly different between control and 68 mg/L 

treatments in post-dosing week 4 (Table 44). Mesocosms in post-dosing week 7 had 

significantly lower taxa richness than those of the earlier sampling weeks. After a slight 

increase from control to 2.5 mg/L magnesium, mean macroinvertebrate taxa richness in post-
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dosing week 7 declined consistently with increasing magnesium sulfate concentration 

(Figure 44). 
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Figure 44  Macroinvertebrate community abundances of pre- and post-dosing sampling periods. Error 

bars represent single standard errors of the mean. All five replicates sampled for week 4 and 

week 7, week 4 replicates as indicated by number inside bars. 
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Table 44  ANOVA results of tests for differences in macroinvertebrate abundances and taxa richness 

over time and amongst treatments. Bold type indicates significant differences. 

Variable Factor F-test p-value 

Abundance Sample week F2,37 = 4.254 0.022 

 Treatment F4,37 = 1.958 0.121 

 Interaction F5,37 = 1.114 0.370 

Taxa richness Sample week F2,37 = 20.214 <0.000 

 Treatment F4,37 = 1.202 0.326 

 Interaction F5,37 = 3.073 0.020 

 

 Differences in macroinvertebrate community structure amongst treatments 

Due to time constraints, only two replicates from control, four from 2.5 mg/L, four from 

7.5 mg/L, two from 23 mg/L and four from 68 mg/L were analysed. As expected, replicates 

of the limited dataset available for week 0, prior to dosing, showed no significant differences 

in the structure of macroinvertebrate communities amongst different treatments (ANOSIM 

global R = -0.154, p = 0.869) (Figure 45). 

Examination of macroinvertebrate community structure ordinations from the full mesocosm 

dataset for pre- and post-dosing weeks identified a replicate from the 68 mg/L magnesium 

treatment in post-dosing week 4 as being a prominent outlier. The high inter-treatment 

variation this caused was traced back to, and explained by, both a large black fruitbat 

(Pteropus alecto) and a large branch of a riparian white apple (Syzygium forte) falling into 

this replicate tub and remaining submerged and undetected for several days prior to 

sampling. These isolated influences are thought to have lead to the contamination and 

intense tannin discolouration that this single replicate displayed. Consequently, this replicate 

was removed from further analyses. 

Nevertheless, although the remaining four replicates of the 68 mg/L magnesium treatment 

displayed a grouping away from those of the control replicates for post-dosing week 4, there 

was no significant difference between these treatments for this sampling week (ANOSIM 

global R = 0.213, p = 0.079). 

Examination of macroinvertebrate data at sub-replicate level from the full dataset of week 7 

showed that the two sub-replicates within each treatment tub were generally close to each 

other and were thus an adequate representation of the treatment tub’s macroinvertebrate 

community structure (Figure 46). An nMDS ordination of post-dosing week 7 benthic 

macroinvertebrate community data for replicate means appeared to separate samples from 

the 68 mg/L magnesium treatment within the scatter plot to the left of the first dimension 
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(Figure 45). There were, however, no significant differences between the benthic 

macroinvertebrate communities of control and 68 mg/L, although there were significant 

differences for all other dosed treatments and 68 mg/L magnesium (ANOSIM global 

R = 0.174, p = 0.022) (Table 45). 

Table 45  ANOSIM results for treatment effects on macroinvertebrate communities for post-dosing 

week 7 untransformed data, one replicate excluded from 68 mg/L magnesium). Bold type indicates 

significant differences. 

Groups R-Statistic p-value 

Control, 2.5 mg/L 0.22 0.143 

Control, 7.5 mg/L -0.06 0.667 

Control, 23 mg/L -0.06 0.683 

Control, 68 mg/L 0.19 0.119 

2.5 mg/L, 7.5 mg/L 0.19 0.167 

2.5 mg/L, 23 mg/L 0.04 0.421 

2.5 mg/L, 68 mg/L 0.48 0.029 

7.5 mg/L, 23 mg/L -0.04 0.643 

7.5 mg/L, 68 mg/L 0.42 0.032 

23 mg/L, 68 mg/L 0.38 0.024 
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Figure 45  nMDS of macroinvertebrate communities pre- and post-dosing. Data untransformed. Two 

replicates from control, four from 2.5 mg/L magnesium, four from 7.5 mg/L magnesium, two from 

23 mg/L magnesium and four from 68 mg/L magnesium shown for week 0. Control and 68 mg/L 

magnesium shown with one replicate excluded from 68 mg/L magnesium in post-dosing week 4. One 

replicate excluded from 2.5 mg/L and 68 mg/L magnesium in post-dosing week 7. 
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Figure 46  nMDS of macroinvertebrate community sub-replicates (mesocosms 1-25) for post-dosing 

week 7 (one replicate excluded from 68 mg/L magnesium). Data untransformed. Number indicates 

mesocosm replicate number. 

In terms of the nature of any macroinvertebrate community differences observed amongst 

treatments, few differences were observed between control and the pre-dosed 68 mg/L 

magnesium treatments for week 0. Of the 7 taxa contributing to inter-group dissimilarity, 

only half were more abundant in control replicates than in the 68 mg/L magnesium treatment 

and vice versa (Table 46). 

Differences between macroinvertebrate communities of the control and 68 mg/L magnesium 

treatments in post-dosing week 4 were chiefly due to gross reductions in abundances of all 

zooplankton taxa (sans Cyclestheria hislopi) and increases in chironomid larvae in the 

highest dosed treatment (Table 46). 

Differences between macroinvertebrate communities of the control and 68 mg/L magnesium 

treatments in post-dosing week 7 were also mainly due to large reductions in abundances of 

all zooplankton taxa sampled, although there were increases in abundance of C. hislopi. 

Except for C. hislopi, all taxa contributing most to control and 68 mg/L magnesium 

macroinvertebrate community differences showed a decrease in abundance in 68 mg/L 

magnesium relative to control (Table 46). 

Distance between replicates of the control and dosed treatments lessened in ordinations 

following increasingly strong data transformations of post-dosing week 4 and week 7 

macroinvertebrate data. This weakening of inter-treatment difference with increasingly 

strong data transformations implies that the driving difference between the control 



MESOCOSM EXPERIMENTS 

167 

communities and those of the dosed communities was one of changes in relative abundances 

of species, rather than that of some taxa becoming completely excluded or replaced. 
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Table 46  SIMPER analysis of mesocosm experiment macroinvertebrate community differences 

between control and 68 mg/L (taxa contributing >3.5% to inter-treatment dissimilarities). ‘Contribution 

%’ indicates proportion of total dissimilarity between treatments which each taxon contributed in a 

diminishing order. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Control 68 mg/L %  % % 

Pre-dosing, week 0       

Copepoda 71.25 96.13 9.67 1.82 24.80 24.80 

Chironominae 78.00 84.63 8.68 1.05 22.25 47.06 

Cladocera 5.50 35.63 4.80 0.78 12.32 59.38 

Other chironomid 58.50 53.88 3.89 1.52 9.98 69.36 

Ostracoda 26.25 20.75 2.02 1.43 5.18 74.54 

Cyclestheria hislopi 9.50 4.13 1.55 1.17 3.97 78.51 

Nematoda 8.75 5.88 1.44 1.64 3.68 82.20 

Average dissimilarity between treatments = 31.76% with data untransformed  

Post-dosing, week 4       

Ostracoda 77.60 8.75 13.43 1.43 30.72 30.72 

Cladocera 39.50 5.75 6.74 0.69 15.42 46.14 

Chironominae 57.80 75.50 5.58 0.98 12.76 58.90 

Other chironomid 38.50 46.38 4.23 1.18 9.68 68.58 

Copepoda 27.80 24.00 3.83 0.86 8.75 77.33 

Cyclestheria hislopi 6.20 6.88 1.75 1.13 4.01 81.34 

Average dissimilarity between treatments = 43.72% with data untransformed and one replicate 

excluded from 68 mg/L treatment 

Post-dosing, week 7       

Ostracoda 187.40 16.75 3.28 2.03 11.48 11.48 

Cladocera 101.70 6.25 2.57 1.41 9.00 20.48 

Cyclestheria hislopi 3.60 15.88 1.90 1.15 6.66 27.14 

Ferrissia petterdi 11.60 3.00 1.87 1.44 6.55 33.69 

Oligochaeta 10.70 3.50 1.22 1.65 4.26 37.96 

Dugesiidae 3.00 2.50 1.22 1.41 4.26 42.22 

Plea sp. 2.30 1.50 1.01 1.34 3.55 45.77 

Copepoda 43.00 27.38 1.01 1.30 3.52 49.29 

Average dissimilarity between treatments = 28.58% with data log10(x+1) transformed and one replicate 

excluded from 2.5 mg/L and 68 mg/L treatments 
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 Relationships between environmental and community data 

Prior to dosing, benthic macroinvertebrate communities appeared to be primarily correlated 

with background solute concentrations and pH. However, the low amount of community 

variability correlated by these two variables together (0.294) suggested that founder effects 

may have been more important in structuring macroinvertebrate communities (Table 47). 

After dosing, in post-dosing week 4, the most parsimonious explanation of benthic 

macroinvertebrate community variability was given by just two environmental variables; 

chlorophyll a and dissolved oxygen (correlation of 0.674) while for week 7, community 

variability was best correlated by turbidity, shade, magnesium and sulfate concentration 

(0.411) (Table 47). There were also no significant correlations found between 

macroinvertebrate and the periphytic diatom communities also sampled in post-dosing 

week 4 (n = 4, ? = 0.246, p = 0.754). 

The most parsimonious explanation of variability for macroinvertebrate communities of 

post-dosing week 7 came from only EC and turbidity (correlation of 0.411). 
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Table 47  BIO-ENV results for macroinvertebrate communities pre- and post-dosing. Environmental 

and biological data untransformed. X indicates inclusion of this environmental variable in the 

explanatory subset, while highest correlation coefficient (ρ) indicates best explanatory environmental 

variable subset. 
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Pre-dosing, week 0         

2 0.294      X X   

2 0.263      X  X  

2 0.263     X X    

3 0.270  X   X X    

3 0.264     X X  X  

Post-dosing, week 4         

2 0.674   X  X     

2 0.627  X   X     

3 0.539  X   X    X 

3 0.539   X  X    X 

3 0.547   X  X X    

Post-dosing, week 7         

2 0.411      X   X 

3 0.441      X  X X 

3 0.423 X     X   X 

4 0.436 X     X  X X 

4 0.434    X  X  X X 

 

Macroinvertebrate communities failed to display a clear seriation response to increasing 

concentrations of magnesium sulfate both (a) prior to dosing and (b) after 7 weeks (Figure 

47). A clear seriation would have appeared as a monotonic community response to the 

magnesium gradient. In support of this observation, no statistically significant seriation 

gradient relating to treatment allocation was found prior to magnesium sulfate dosing in 

week 0. Some seriation was evident between control and 68 mg/L treatments in post-dosing 

week 4, although this was not statistically significant. No seriation was evident in post-

dosing week 7 (Table 48). 
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Figure 47  Macroinvertebrate community single dimension ordination SSH-nMDS plots over 

magnesium concentration for (a) pre-dosing week 0 and (b) post-dosing week 7. Data untransformed 

and log10(x+1) transformed respectively, one outlier replicate excluded from 2.5 mg/L and 68 mg/L 

magnesium in post-dosing week 7. Week 4 not shown as only two treatment analysed. 
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Table 48  Spearman rank correlation (ρ) between dissimilarity matrices of biological variables for 

macroinvertebrate communities for each sampling week, and seriation model matrices for different 

magnesium concentrations. One replicate excluded from 2.5 mg/L and 68 mg/L magnesium in post-

dosing week 7. Bold type indicates significant seriations. Week 4 not shown as only two treatment 

analysed. 

 Treatments tested (magnesium, mg/L) ρ p-value 

Week 0 Control, 2.5, 7.5, 23, 68 0.117 0.073 

 Control, 2.5, 7.5, 23 0.059 0.241 

 Control, 2.5, 7.5 -0.042 0.656 

 Control, 2.5 -0.052 0.693 

Week 7 Control, 2.5, 7.5, 23, 68 0.202 0.015 

 Control, 2.5, 7.5, 23 0.089 0.178 

 Control, 2.5, 7.5 -0.003 0.482 

 Control, 2.5 0.117 0.073 

 

 Macroinvertebrate functional feeding groups 

The y-axis of the ordination of macroinvertebrate FFG data separated the 68 mg/L 

magnesium treatment replicates from control and other treatment replicates (Figure 48). 

While this difference was not statistically significant (ANOSIM global R = 0.117, p = 0.11), 

there did appear to be potential for disruption to the normal nutrient flow in the 68 mg/L 

magnesium dosed mesocosm (Table 49). Thus, there were greatly decreased population 

abundances of filter/collectors in this treatment compared to the control. Except for slight 

increases in populations of predators and omnivores, all other FFGs demonstrated, slight 

decreases in average abundance in the 68 mg/L magnesium treatment compared to the 

control (Table 49). 

Nevertheless, very little macroinvertebrate community FFG variability was explained by the 

environmental variables collected (correlation of only 0.199) (Table 50). The best correlate 

was provided by turbidity and turbidity was significantly correlated with chlorophyll a 

concentration as an index of phytoplankton biomass (n = 25, r = 0.470, p = 0.024). Primary 

production pigments of chlorophyll b and c were also often associated with high turbidity in 

correlation with FFG composition (Table 50). 

As with macroinvertebrate community structure, macroinvertebrate FFGs also failed to 

demonstrate a clear seral change over the concentration range of magnesium sulfate dosing 

(Figure 49). Seriation gradients of macroinvertebrate FFGs were therefore also not 

statistically significant over the magnesium sulfate dosing range (Table 51). 
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Figure 48  nMDS ordination of macroinvertebrate community FFG response in mesocosm experiment 

for post-dosing week 7. Data untransformed, one outlier replicate excluded from 2.5 mg/L and 68 mg/L 

magnesium. 

Table 49  SIMPER analysis of mesocosm experiment FFG differences between control and 68 mg/L 

magnesium for post-dosing week 7. ‘Contribution %’ indicates proportion of total dissimilarity between 

treatments which each taxon contributed in a diminishing order. Average dissimilarity between 

treatments = 40.89% with data untransformed and one replicate excluded from 2.5 mg/L and 68 mg/L 

magnesium treatments. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Control 68 mg/L %  % % 

Filterer/collector 336.70 67.00 29.47 1.77 72.07 72.07 

Gatherer/collector 131.90 128.88 6.01 1.28 14.69 86.75 

Predator 51.80 59.75 3.16 1.34 7.73 94.49 

Scraper 11.60 3.50 1.25 1.20 3.05 97.54 

Omnivore 5.70 8.50 0.80 1.29 1.95 99.49 

Shredder 3.10 2.50 0.21 1.13 0.51 100.00 
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Table 50  BIO-ENV results for macroinvertebrate community FFGs at post-dosing week 7 post-dosing. 

X indicates inclusion of this environmental variable in the explanatory subset, while highest correlation 

coefficient (ρ) indicates best explaining environmental variable subset. Data log10(x+1) transformed, 

one replicate excluded from 2.5 mg/L and 68 mg/L. 
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1 0.199     X 

2 0.201   X  X 

2 0.200 X    X 

2 0.191    X X 

2 0.183  X   X 

 

 

Figure 49  Macroinvertebrate FFG concentration-response SSH-nMDS plot for post-dosing week 7. 

Data untransformed, one replicate excluded from 2.5 mg/L and 68 mg/L. Logistic curve fitted to aid 

interpretation. 
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Table 51  Spearman rank correlation (ρ) and significance levels between dissimilarity of biological 

variables for post-dosing week 7, post-dosing macroinvertebrate FFGs and seriation model matrices at 

different magnesium concentrations. 

Treatments tested (magnesium, mg/L) ρ p-value 

Control, 2.5, 7.5, 23, 68 0.059 0.160 

Control, 2.5, 7.5, 23 -0.076 0.874 

Control, 2.5, 7.5 -0.041 0.580 

Control, 2.5 0.102 0.217 

 

4.3.2.3 Microinvertebrates 

 Differences in absolute abundance and taxa richness amongst treatments 

Planktonic microinvertebrate abundances varied greatly within treatments. Prior to dosing, 

abundances were higher for the three ‘highest’ dosing treatments than for the control or 

2.5 mg/L magnesium treatment (Figure 50). In contrast, mean zooplankton taxa richness was 

evenly distributed across treatments at this time (Figure 50). Following dosing, however, 

both mean microinvertebrate abundance and taxa richness of week 7 appeared lower in all 

dosed treatments. Nevertheless, there were no statistically significant differences between 

treatment microinvertebrate abundances or taxa richness for either pre-dosing sampling 

week 0 or post-dosing week 7 (Table 52). 

There was a significant difference in microinvertebrate abundances observed between the 

two sampling times, pre- and post-dosing, with higher total abundances found in pre-dosing 

week 0 (6 298 microinvertebrates) than in post-dosing week 4 (4 409 microinvertebrates) 

(Table 52). However, as a result of large intra-treatment differences in the microinvertebrate 

samples, there was no statistically significant difference observed between taxa richness for 

the two sampling times. Neither was there a significant interaction between sampling time 

and magnesium sulfate dose concentration for either microinvertebrate abundance or taxa 

richness (Table 52). 
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Figure 50  Total microinvertebrate abundances and taxa richness pre- and post-dosing with 

magnesium sulfate. Error bars represent single standard errors of the mean. 
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Table 52  ANOVA results of tests for differences in microinvertebrate phytoplankton and zooplankton 

abundances and taxa richness over time and amongst treatments. Bold type indicates significant 

differences. 

Variable Factor F-test p-value 

Abundance Time F1,40 = 10.979 0.030 

 Treatment F4,40 =  2.031 0.255 

 Interaction F4,40 =  0.420 0.793 

    

Taxa richness Time F1,40 =  5.351 0.082 

 Treatment F4,40 =  0.382 0.813 

 Interaction F4,40 =  0.815 0.523 

 

 Differences in microinvertebrate community structure amongst treatments 

There were no significant differences found amongst the microinvertebrate communities of 

‘treatments’ prior to dosing (Figure 51) (ANOSIM global R = -0.079, p = 0.887). Similarly, 

no clear pattern or significant differences amongst treatment communities were observed 

after dosing (ANOSIM global R = 0.042, p = 0.265) (Figure 51). 

Following dosing, the week 4 largest mean group differences between communities in the 

control and 68 mg/L magnesium treatments were primarily due to the rotifers Keratella 

cochlearis/hispida, Anuraeopsis fissa (Brachionidae) and Polyarthra sp. (Synchaetidae), the 

rhizopod Netzelia mesocosmerculata and copepod nauplii. Apart from K. cochlearis/hispida, 

which showed a slight increase in abundance with elevated magnesium sulfate, all of these 

other taxa demonstrated decreases in abundance from their respective control populations. 

Some of these reductions in abundance were particularly marked, for example, populations 

of Polyarthra sp. were reduced by more than two orders of magnitude in the 68 mg/L 

magnesium treatment relative to control (Table 53). 

 Relationships between environmental and community data 

Prior to dosing with magnesium sulfate the structure of microinvertebrate communities best 

correlated with water temperature, pH and chlorophyll b (Table 54). Chlorophyll b, 

mesocosm depth and magnesium sulfate concentrations were consistent explanatory 

variables for mesocosm microinvertebrate communities following dosing. 

Although there was no clear seriation in microinvertebrate communities prior to dosing, after 

dosing microinvertebrate communities showed a clear gradient of response to increasing 

magnesium sulfate dosing (Figure 52a,b). Similarly, whilst there was no statistically 
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significant seriation within pre-dosing microinvertebrate communities (week 0), the apparent 

seriation at week 4 was significant to a LOEC of 23 mg/L magnesium (Table 55). 

 

 

Figure 51  nMDS of microinvertebrate communities pre- and post-dosing. Data square root 

transformed. 
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Table 53  SIMPER analysis of microinvertebrate community differences between control and 68 mg/L 

magnesium (taxa contributing >4% to inter-treatment dissimilarities). ‘Contribution %’ indicates 

proportion of total dissimilarity between treatments which each taxon contributed in a diminishing order. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative

 Control 68 mg/L %  % % 

Pre-dosing, week 0       

Eunotia bilunaris 6.57 3.39 9.89 1.37 14.1 14.10 

Gomphonema gracile 3.59 0.88 5.48 1.57 7.81 21.91 

Urosolenia eriensis 0.50 2.92 4.49 0.75 6.40 28.32 

Fragilaria capucina 0.00 2.96 4.37 0.66 6.22 34.54 

Melosira varians 2.39 1.38 4.30 0.87 6.13 40.67 

Navicula 

heimansioides 1.76 2.80 4.03 1.34 5.75 46.43 

Average dissimilarity between treatments = 70.14% with data square-root transformed  

Post-dosing, week 4       

Keratella 

cochlearis/hispida 71.60 79.8 9.29 0.88 14.04 14.04 

Netzelia 

mesocosmerculata 34.20 6.40 7.62 1.23 11.50 25.54 

Anuraeopsis fissa 114.4 4.60 6.30 0.93 9.52 35.06 

Copepoda nauplii 32.20 31.40 4.81 1.13 7.27 42.33 

Polyarthra sp. 22.40 0.20 3.10 1.01 4.69 47.02 

Average dissimilarity between treatments = 28.58% with data log10(x+1) transformed 
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Table 54  BIO-ENV results for 2002 mesocosm microinvertebrate communities pre- and post-dosing 

for weeks 0 and 4. Biological community data log10(x+1) transformed, environmental data 

untransformed. X indicates inclusion of this environmental variable in the explanatory subset, while 

highest correlation coefficient (ρ) indicates best explanatory environmental variable subset. 
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Pre-dosing, week 0         

3 0.355  X     X  X 

4 0.369 X    X  X  X 

4 0.365  X   X  X  X 

4 0.358 X X     X  X 

4 0.356 X   X   X  X 

Post-dosing, week 4         

2 0.285  X    X    

3 0.310  X  X  X    

4 0.287  X  X  X  X  

4 0.280  X X X  X    

4 0.280  X  X X X    
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Figure 52  Microinvertebrate community single dimension ordination SSH-nMDS plots over 

magnesium concentration for (a) pre-dosing week 0 and (b) post-dosing week 4 Logistic curve fitted to 

aid interpretation. Data square root transformed. 
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Table 55  Spearman rank correlation (ρ) between dissimilarity matrices of biological variables for 

macroinvertebrate communities for each sampling week, and seriation model matrices for different 

magnesium concentrations. Bold type indicates significant seriations. 

Week Treatments tested (mg, mg/L) ρ p-value 

0 Control, 2.5, 7.5, 23, 68 0.117 0.073 

 Control, 2.5, 7.5, 23 0.059 0.241 

 Control, 2.5, 7.5 -0.042 0.656 

 Control, 2.5 -0.052 0.693 

4 Control, 2.5, 7.5, 23, 68 0.169 0.018 

 Control, 2.5, 7.5, 23 0.202 0.015 

 Control, 2.5, 7.5 0.089 0.178 

 Control, 2.5 -0.003 0.482 

 

4.3.2.4 Diatom communities 

 Differences in relative abundance and taxa richness amongst treatments 

Observations of periphytometer periphyton showed heavy grazing in samples of both week 0 

and post-dosing week 4. However, there were no significant correlations found between 

microinvertebrate and diatom abundance for either week 0 or post-dosing week 4 (n = 10, 

r = 0.492, p = 0.149 and n = 10, r = 0.062, p = 0.865 for both sampling times respectively). 

Due to very high intra-treatment variability (Figure 53), no significant differences were 

observed in diatom cell density and taxa richness between pre- and post-dosing sampling 

weeks or amongst different treatments of magnesium (Table 56). There were also no 

significant interactions found between sampling week (pre- or post-dosing) and dosing 

concentration for either diatom cell density or taxa richness (Table 56). 

 

 



MESOCOSM EXPERIMENTS 

183 

 

 

Figure 53  Diatom abundances and taxa richness pre- and post-dosing with magnesium sulfate. Error 

bars represent single standard errors of the mean. 

Table 56  ANOVA test results for differences in diatom abundances and taxa richness between 

sampling weeks and amongst magnesium treatments. 

Variable Factor F-test p-value 

Abundance Sampling week F1,4 = 7.060 0.056 

 Treatment F4,4 = 0.709 0.627 

 Interaction F4,29 = 1.227 0.321 

Taxa richness Sampling week F1,4 = 4.091 0.112 

 Treatment F4,4 = 1.076 0.473 

 Interaction F4,29 = 0.583 0.677 
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 Differences in diatom community structure amongst treatments 

Prior to dosing, diatom communities showed no clear treatment-related pattern in ordination 

space (Figure 54), with control and all treatment replicates well interspersed with each other. 

There were also no significant differences observed amongst diatom communities of the 

different treatments after two weeks of colonisation and prior to dosing (ANOSIM global 

R = -0.023, p = 0.729)  

Similarly, following dosing with magnesium sulfate, diatom communities also showed no 

clear response in ordination space to increasing concentrations of magnesium sulfate. There 

were also no significant differences found amongst diatom communities of the different 

treatments after dosing (ANOSIM global R = -0.156, p = 0.971). 

Eight taxa were mainly responsible for diatom community differences between control and 

68 mg/L magnesium treatments in pre-dosing week 0. As per the univariate analyses of 

abundance and taxa richness summary variables, the population response of these taxa to 

increasing magnesium sulfate concentration was mixed; three taxa were greater in abundance 

at 68 mg/L magnesium relative to control and three taxa lower in abundance (Table 57). 

Only two taxa contributed more than 4% of average inter-treatment dissimilarity in post-

dosing week 4. The response of these taxa to increased magnesium concentration was also 

inconsistent, with one of these taxa increasing in abundance and the other decreasing in 

abundance (Table 57). 

 Relationships between environmental and community data 

A correlation of only 0.23 of diatom community variability could be given by chlorophyll b 

variance in pre-dosing week 0 (Table 58). Diatom communities were also poorly explained 

by the environmental variables measured at the end of the post-dosing (week 4) sampling 

period (Table 58). Only 0.25 of diatom community variability could be satisfactorily 

correlated by the most parsimonious environmental variable subset of chlorophyll b alone in 

post-dosing week 4. EC did not appear to significantly contribute to diatom community 

variability at all, in either sampling week (Table 58). 

Neither prior to nor after dosing were there obvious monotonic responses in the treatment 

concentration range (Figure 55a,b). The apparent development of seriation following dosing 

was, however, neither strong nor statistically significant, indicating a failure of the post-

dosing diatom communities to respond to increasing concentrations of magnesium (Table 

59). 
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Figure 54  nMDS of diatom communities pre- and post-dosing with magnesium sulfate (an all-zero 

value replicate in week 0 for 23 mg/L removed). Data square root transformed. 
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Table 57  SIMPER analysis showing taxa differences between control and 68 mg/L (taxa contributing 

>4% to inter-treatment dissimilarities). ‘Contribution %’ indicates proportion of total dissimilarity 

between treatments which each taxon contributed in a diminishing order. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Control 68 mg/L %  % % 

Pre-dosing, week 0       

Eunotia bilunaris 6.57 3.39 9.89 1.37 14.1 14.10 

Gomphonema gracile 3.59 0.88 5.48 1.57 7.81 21.91 

Urosolenia eriensis 0.50 2.92 4.49 0.75 6.40 28.32 

Fragilaria capucina 0.00 2.96 4.37 0.66 6.22 34.54 

Melosira varians 2.39 1.38 4.30 0.87 6.13 40.67 

Navicula heimansioides 1.76 2.80 4.03 1.34 5.75 46.43 

Average dissimilarity between treatments = 70.14% with data square root transformed  

Post-dosing, week 4       

Nitzschia gracilis 1.15 4.27 4.33 1.43 8.87 8.87 

Melosira varians 3.70 2.62 4.28 1.21 8.77 17.64 

Average dissimilarity between treatments = 48.81% with data square root transformed 
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Table 58  BIO-ENV results for mesocosm diatom communities of pre-dosing week 0 and post-dosing 

week 4. Biological community data square root transformed, environmental data untransformed. X 

indicates inclusion of this environmental variable in the explanatory subset, while highest correlation 

coefficient (ρ) indicates best explanatory environmental variable subset. 

Number of variables ρ 

C
hl

or
op

hy
ll 

b 

C
hl

or
op

hy
ll 

c 

D
ep

th
 

D
O

 

M
g,

 S
O

4,
 C

a 

pH
 

T
ur

bi
di

ty
 

Pre-dosing, week 0       

1 0.226 X       

2 0.157 X   X    

2 0.154 X      X 

2 0.145 X X      

2 0.145 X    X   

Post-dosing, week 4       

1 0.247 X       

1 0.104      X  

2 0.149 X     X  

2 0.122 X  X     

2 0.103  X    X  
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Figure 55  Diatom community single dimension ordination SSH-nMDS plots over magnesium 

concentration for (a) pre-dosing week 0 and (b) post-dosing week 4 Logistic curve fitted to aid 

interpretation. Data square root transformed. 
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Table 59  Spearman rank correlation (ρ) between dissimilarity matrices of macroinvertebrate 

communities for each sampling week, and seriation model matrices for different magnesium 

concentrations. 

Week Treatments tested (magnesium, mg/L) ρ p-value 

0 Control, 2.5, 7.5, 23, 68 0.009 0.410 

 Control, 2.5, 7.5, 23 -0.042 0.601 

 Control, 2.5, 7.5 0.051 0.288 

 Control, 2.5 0.009 0.485 

4 Control, 2.5, 7.5, 23, 68 -0.053 0.719 

 Control, 2.5, 7.5, 23 -0.076 0.785 

 Control, 2.5, 7.5 -0.102 0.808 

 Control, 2.5 -0.188 0.944 

 

4.3.2.5 Phytoplankton communities 

 Differences in phytoplankton abundance and taxa richness amongst treatments 

Just prior to dosing (week 0), significant correlations were observed between phytoplankton 

abundance made during microinvertebrate sorting, and chlorophyll pigment concentrations 

(ρ = 0.221, p = 0.021). This correlation between the two different phytoplankton community 

descriptors disappeared, however, following dosing (at week 4) (ρ = 0.002, p = 0.464). 

There was also an increasingly strong relationship observed between mesocosm turbidity and 

total chlorophyll over time as communities developed, culminating in a positive correlation 

between the two variables in the final post-dosing week 7 (Table 60). 

However, mean turbidity declined from 6.6, to 4.5, to 3.5 NTU across sampling weeks 0, 4 

and 7 respectively, with no apparent trend amongst treatments and with significant 

differences only between weeks 0 and 7. 

 

 

Table 60  Pearson correlation between turbidity and total chlorophyll over time. Bold type indicates 

statistical significance. 

Week r p-value 

0 0.21 0.30 

4 0.33 0.11 

7 0.46 0.02 
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Chlorophyll a concentrations were not significantly different amongst different treatments or 

times. However, chlorophyll b concentrations were significantly lower in post-dosing week 4 

than in either week 0 or post-dosing week 7, and chlorophyll c concentrations were also 

significantly lower in week 0 than in either post-dosing week 4 or post-dosing week 7 (Table 

61). There were also lower concentrations of chlorophyll c than had been encountered in the 

previous year’s experiments in natural pools. However, there were no significant interactions 

between sampling week (pre- or post-dosing) and dosing concentration for any of the 

chlorophyll pigment concentrations. Nevertheless, there was a positive correlation between 

magnesium concentration and chlorophyll c pigment concentrations prior to dosing (week 0), 

and negative correlations between magnesium concentration and chlorophyll a and c, in 

post-dosing week 4, and with magnesium concentrations and chlorophyll a in post-dosing 

week 7 (Table 62). 
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Figure 56  Effects of magnesium sulfate on chlorophyll a, b and c concentrations per sampling periods 

pre- and post-dosing. Missing bars indicate chlorophyll pigment concentrations below limits of detection. 

Error bars represent single standard errors of the mean. 
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Table 61  Results of tests for differences amongst phytoplankton chlorophyll pigment sampling weeks 

and treatments. Bold type indicates significant differences. 

Variable Factor F-test p-value 

Chlorophyll a Sample week F2,4 = 0.458 0.648 

 Treatment F4,8 = 2.081 0.175 

 Interaction F8,60 = 1.689 0.120 

Chlorophyll b Sample week F2,4 = 16.765 0.001 

 Treatment F4,8 = 2.593 0.117 

 Interaction F8,60 = 0.395 0.919 

Chlorophyll c Sample week F2,4 = 10.421 0.006 

 Treatment F4,8 = 1.805 0.221 

 Interaction F8,60 = 1.494 0.178 

 

Table 62  Spearman Rank correlation (ρ) between magnesium concentration and chlorophyll 

pigments. Bold type indicates statistically significant correlations. 

Sampling week Chlorophyll pigment ? p-value 

Week 0 Chlorophyll a 0.134 0.522 

 Chlorophyll b 0.245 0.238 

 Chlorophyll c 0.437 0.029 

Week 4 Chlorophyll a -0.588 0.002 

 Chlorophyll b -0.036 0.864 

 Chlorophyll c -0.542 0.005 

Week 7 Chlorophyll a -0.457 0.022 

 Chlorophyll b -0.269 0.194 

 Chlorophyll c -0.174 0.404 

 

 Differences in phytoplankton community structure amongst treatments 

Prior to dosing with magnesium sulfate (week 0) there were no statistically significant 

differences observed amongst broad phytoplankton community types, as characterised by 

photosynthetic pigments (ANOSIM global R = -0.037, p = 0.660). 

Following dosing (week 4), the replicates of the highest magnesium concentration (68 mg/L) 

were clustered tightly together towards one end of the first ordination dimension. 

Chlorophyll pigments, and hence broad phytoplankton community types, of week 4 
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replicates of the highest magnesium concentration were also significantly different to all 

other (lower) concentrations of magnesium (Table 63). 

This difference, however, diminished in the seventh week of exposure when no statistically 

significant differences amongst dosing treatments were observed (ANOSIM global 

R = 0.018, p = 0.360) (Figure 57Figure 55). 

Pre-dosing photosynthetic pigments, representing broad phytoplankton communities of 

control and 68 mg/L magnesium treatments, displayed only slight inter-treatment variation in 

week 0,. However, all pigments showed greater concentrations in the pre-dose 68 mg/L 

magnesium treatment than in control replicates (Table 64). 

Differences between the phytoplankton communities of control and 68 mg/L treatments were 

moderately large in post-dosing week 4 and were characterised by large decreases in all 

photosynthetic pigment types at high magnesium sulfate concentrations relative to controls 

(Table 64). 

During post-dosing week 7, all photosynthetic pigments were lower in concentration in 

68 mg/L magnesium treatments than in the control. Furthermore, differences between control 

and 68 mg/L magnesium treatments were greatest for total chlorophyll and then chlorophyll 

a, accounting for 83% of the dissimilarity between these treatments (Table 64). 

 Relationships between environmental and community data 

Only a very limited amount of variability in phytoplankton pigment concentration prior to 

dosing (week 0) was correlated by the environmental variables measured (0.405). Of these, 

temperature, pH and shade were most important as possible explanatory environmental 

variables (Table 65). 

As characterised by photosynthetic pigments, phytoplankton community structure at post-

dosing week 4 was correlated weakly, albeit predominantly and consistently with 

magnesium and sulfate concentration (0.248) arising from treatment dosing (Table 65). 

Unlike week 4, the variability of phytoplankton pigments (communities) of week 7 was 

unable to be satisfactorily correlated by the environmental variables collected during this 

period (maximum correlation of 0.134). The most parsimonious solution for explaining 

phytoplankton community structure was magnesium and sulfate concentration and turbidity. 

The addition of shade improved the explanatory power of the environmental data by only 

0.007 (Table 65). However, the presence of a negative correlation between mean treatment 

shade and mean treatment total chlorophyll during post-dosing week 4 may have confounded 

and even exacerbated effects of elevated magnesium and sulfate concentration on these 
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different treatments (Table 66). Nevertheless, a sufficient range of shading within each 

treatment allowed for an evaluation of the effects of shading on phytoplankton response. 

Table 63  ANOSIM results for phytoplankton communities, as characterised by chlorophyll pigment 

concentrations, following dosing (post-dosing week 4). Data log10(x+1) transformed. Bold type indicates 

pair-wise significant differences. ANOSIM global R = 0.265, p = 0.006. 

Pairwise groups R-Statistic p-value 

Control, 2.5 mg/L -0.11 0.810 

Control, 7.5 mg/L 0.20 0.159 

Control, 23 mg/L 0.22 0.103 

Control, 68 mg/L 0.772 0.008 

2.5 mg/L, 7.5 mg/L 0.08 0.286 

2.5 mg/L, 23 mg/L 0.004 0.421 

2.5 mg/L, 68 mg/L 0.396 0.048 

7.5 mg/L, 23 mg/L -0.012 0.437 

7.5 mg/L, 68 mg/L 0.804 0.008 

23 mg/L, 68 mg/L 0.388 0.024 
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Figure 57  nMDS of phytoplankton photosynthetic pigment characteristics for pre-dosing week 0 and 

post-dosing weeks 4 and 7. Data log10(x+1) transformed. 

Pre-dosing 

(week 0) 

Post-dosing 

(week 4) 

Post-dosing 

(week 7) 
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Table 64  SIMPER analysis of phytoplankton community (characterised by chlorophyll pigments) 

differences between control and 68 mg/L (pigments contributing >40% to inter-treatment 

dissimilarities). ‘Contribution %’ indicates proportion of total dissimilarity between treatments which 

each pigment contributed in a diminishing order. 

Chlorophyll pigment Average 

concentration 

(µg/L) 

Average 

concentration 

(µg/L) 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Control 68 mg/L %  % % 

Pre-dosing, week 0       

Total chlorophyll 1.04 1.09 6.68 1.51 42.10 42.10 

Chlorophyll a 0.87 0.97 5.80 1.51 36.52 78.61 

Chlorophyll b 0.07 0.10 2.29 1.10 14.40 93.02 

Average dissimilarity between treatments = 15.87% with data log10(x+1) transformed  

Post-dosing, week 4       

Total chlorophyll 1.65 0.61 20.54 2.81 45.10 45.10 

Chlorophyll a 1.52 0.56 18.75 2.54 41.17 86.28 

Chlorophyll c 0.33 0.00 6.25 1.70 13.72 100.00 

Average dissimilarity between treatments = 45.54% with data log10 (x+1) transformed 

Post-dosing, week 7       

Total chlorophyll 1.47 0.92 12.71 1.61 43.12 43.12 

Chlorophyll a 1.27 0.73 11.63 1.47 39.46 82.58 

Chlorophyll c 0.21 0.16 2.58 1.40 8.75 91.33 

Average dissimilarity between treatments = 29.47% with data log10 (x+1) transformed 
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Table 65  BIO-ENV results for mesocosm phytoplankton pigments of weeks 0, 4 and 7. Biological 

variables log10(x+1) transformed, environmental variables untransformed. X indicates inclusion of this 

environmental variable in the explanatory subset, while highest correlation coefficient (ρ) indicates best 

explanatory environmental variable subset. 

Number of variables ρ 

%
 s
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de

 

C
a 
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pH
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ur

bi
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ty
 

D
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Pre-dosing, week 0       

3 0.405 X    X X   

3 0.389 X  X  X    

4 0.411 X X   X X   

4 0.394 X X X  X    

4 0.388 X   X X X   

Post-dosing, week 4       

1 0.248    X     

2 0.257    X   X  

2 0.239 X   X     

2 0.236    X    X 

2 0.235   X X     

Post-dosing, week 7       

2 0.134    X   X  

2 0.103 X   X     

3 0.141 X   X   X  

3 0.131    X  X X  

3 0.100 X   X    X 

 

Table 66  Pearson correlations between mean treatment shade and mean treatment total chlorophyll 

for phytoplankton data. Bold type indicates significant correlation. 

Week r p-value 

1 0.49 0.40 

4 -0.91 0.03 

7 0.06 0.93 

 

An analysis of phytoplankton pigment (broad community) changes in dosed treatments, 

relative to that of control communities, showed that prior to dosing (week 0, magnesium at 
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7.5 mg/L) ‘treatment’ phytoplankton communities were quite similar, with a mean 

dissimilarity of only 15.3% or less (Figure 58). Following dosing (week 4), however, 

phytoplankton communities showed an increasing difference in control versus treatment 

structure, with the highest (68 mg/L magnesium) treatment demonstrating the greatest 

difference from the mean control treatment of 55.1%. There then followed an apparent 

recovery in week 7, with mean treatment dissimilarities to control all declining. During this 

study period of 7 weeks, the 2.5 mg/L magnesium treatment was the only dosed 

concentration to show no clear change before and after dosing (Figure 58). 

These observations were further supported in an analysis of the ‘tracking’ movements of 

phytoplankton communities in an ordination over the three sampling weeks. Differences in 

treatment tracking patterns were most pronounced at week 4 with 7.5 mg/L and 

progressively higher concentrations of Mg departing from control and 2.5 mg/L Mg 

treatments (Figure 59). 

Additionally, prior to dosing there was no apparent seriation in mean phytoplankton 

community structure relative to that of control communities (Figure 60a). However, 

following dosing at post-dosing week 4, a strong monotonic seriation formed with increasing 

difference of dosed phytoplankton communities from controls occurring at increasing 

magnesium concentrations (Figure 60b). This visual trend strengthened further in post-

dosing week 7 with a more marked inflection point occurring at a magnesium concentration 

of around 5.0 mg/L magnesium (Figure 60c). This strong inflection point effectively 

separated phytoplankton communities into two groups: a group displaying control, or no-

response to magnesium dosing (highest value = NOEC), and a group above this inflection 

point of magnesium concentration (lowest value = LOEC), displaying differences to the 

control. 
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Figure 58  Dissimilarity to control response of mean 2002 mesocosm phytoplankton communities to 

magnesium over time. 

 

Figure 59  nMDS ordination tracking of mean 2002 mesocosm phytoplankton community changes over 

time for weeks 0, 4 and 7 (symbols indicate magnesium concentration, sampling week). Data 

log10(x+1) transformed. 
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Figure 60  Phytoplankton community single dimension ordination SSH-nMDS plots over magnesium 

concentration for (a) pre-dosing week 0, and (b) post-dosing week  4, and (c) post-dosing 7 Logistic 

curve fitted to aid interpretation. Data log10(x+1) transformed. 
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Statistically significant seriation was evident to 68 mg/L magnesium in post-dosing week 4 

phytoplankton communities with a still strong (yet statistically insignificant) seriation to 

23 mg/L magnesium. In spite of the strong visual indications (Figure 60c) there was no 

statistically significant seriation for phytoplankton of post-dosing week 7 (Table 67). 

Table 67  Spearman rank correlation (ρ) between biological variables dissimilarity matrices of 

macroinvertebrate communities of each sampling week, and dissimilarity matrices of different 

magnesium concentrations. Bold type indicates significant seriations. 

Week Treatments tested (magnesium, mg/L) ρ p-value 

0 Control, 2.5, 7.5, 23, 68 0.132 0.072 

 Control, 2.5, 7.5, 23 0.133 0.100 

 Control, 2.5, 7.5 0.141 0.105 

 Control, 2.5 0.526 0.023 

4 Control, 2.5, 7.5, 23, 68 0.268 0.001 

 Control, 2.5, 7.5, 23 0.069 0.178 

 Control, 2.5, 7.5 -0.036 0.588 

 Control, 2.5 -0.072 0.612 

7 Control, 2.5, 7.5, 23, 68 0.092 0.090 

 Control, 2.5, 7.5, 23 0.042 0.264 

 Control, 2.5, 7.5 0.039 0.314 

 Control, 2.5 0.111 0.208 

 

4.3.2.6 Summary of biotic community responses to elevated magnesium 
concentrations 

Changes in the Index of Multivariate Dispersion (IMD) of each community generally 

indicated no clear relationship between community variability and toxicant concentration. If 

anything, differences in the IMD of biological communities of this study more often 

indicated decreases in variability at highest dosing concentrations relative to control, the 

opposite of that predicted by Warwick and Clarke (1993) (Table 68). 
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Table 68  Index of Multivariate Dispersion (IMD) between control and dosed treatments. Bold type 

indicates larger pairwise IMD value between control and 68 mg/L than for control and 2.5 mg/L 

magnesium. 

  IMD treatment pairwise comparisons 

Community Week Control–

2.5 mg/L 

Control–

7.5 mg/L 

Control–

23 mg/L 

Control–

68 mg/L 

Macroinvertebrates 4 – – – 0.14 

 7 0.2 0.56 0.58 -0.57 

Microinvertebrates 4 0.14 0.34 0.12 -0.04 

Diatoms 4 -0.28 0.06 -0.39 0.28 

Phytoplankton 4 -0.22 0.36 -0.06 0.68 

Phytoplankton 7 0.56 0.10 0.04 0.24 

 

By finding significant differences from controls at different treatment levels, the different 

analytical methods used in this study demonstrated different statistical significance and thus 

conclusions for different biological communities and sampling weeks (Table 69). For 

univariate studies, different statistical power was also observed for the different biotic 

variables assessed for abundance or taxa richness. Nevertheless, overall, multivariate 

methods were more statistically powerful than univariate methods at detecting effects of 

magnesium sulfate on all communities at all sampling times (Table 69). In general, the 

relatively novel analysis of seriation gradients also proved to be a more powerful method of 

detecting effects of magnesium then either of the hypothesis-testing approaches of ANOVA 

and ANOSIM (Table 69). 

Rather than an arbitrary recommended assessment factor of two (ANZECC/ARMCANZ, 

2000a) an (arbitrary) assessment factor of 10 was made to the lowest community NOEC data 

value. Although magnesium is recognised as an essential element (CCREM, 1987), the 

assessment factor of 10 was chosen in recognition of the high environmental values of 

Kakadu National Park. Of the two communities responding and having data from a sufficient 

range of treatment concentrations displayed, week 4 microinvertebrate community data 

(treatment of 7.5 mg/L magnesium) gave a trigger value from this mesocosm experiment of 

0.8 mg/L magnesium (i.e. 7.5 mg/L/10 = 0.8 mg/L). 
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Table 69  Lowest NOEC and LOEC values for different mesocosm response end-points, their most 

sensitive sampling week(s) and the most statistically powerful detection method for a one-way analysis 

of dosing concentration. Only control and 68 mg/L treatments analysed for macroinvertebrate 

communities of post-dosing week 4. – = effect of elevated magnesium sulfate not statistically 

significant. N/A indicates NOEC/LOEC not applicable as no dosing had occurred at this time. Bold type 

indicates NOEC/LOEC effect successfully determined. 

Community Test type Week Statistical method p-value NOEC LOEC 

Macroinvertebrates Univariate* 0 ANOVA 0.024 n/a n/a 

Macroinvertebrates Univariateψ  4 ANOVA 0.031 Control 68 

Macroinvertebrates Multivariate 7 Seriation 0.023 32 68 

Macroinvertebrates (FFG) Multivariate 7 ANOSIM 0.268 – – 

Microinvertebrate Multivariate 0 Seriation 0.073 n/a n/a 

Microinvertebrate Multivariate 4 Seriation 0.015 7.5 23 

Diatoms Multivariate 0 Seriation 0.288 n/a n/a 

Diatoms Univariate* 4 ANOVA 0.461 – – 

Phytoplankton Multivariate 0 ANOSIM 0.470 n/a n/a 

Phytoplankton Multivariate 4 Seriation 0.001 23 68 

Phytoplankton Univariateθ 7θ ANOVA 0.059 – – 

*Taxonomic richness, ψabundance, θunivariate tests for both chlorophyll a and total chlorophyll only 
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4.4 General discussion 

4.4.1 Natural creek pool dosing 

Groundwater from the extensive sandy aquifers beneath Magela Creek is low in both 

magnesium and sulfate (Hart et al., 1982b) and therefore the measured values of both 

magnesium and sulfate from interstitial waters surrounding dosed natural pools are likely to 

be primarily from the pool dosing experiment. Consequently, although the middle reaches of 

the Magela Creek are dry for most of the Dry season, substantial flow still appears to 

continue beneath the sand-bed surface. Although greatest hyporheic interaction is expected 

in the middle reaches of rivers (Boulton et al., 1998), this finding was nevertheless surprising 

as, although the mid-grained quartzite sands of the creek bed would be expected to have a 

high hydraulic conductance (Gordon et al., 1992), hydraulic head is very low in the mid-

reaches of the creek (Roberts, 1991a). As such, this process is analogous to that of better 

studied alpine braided rivers where groundwater is similarly recognised as the major 

contributor to system hydrology over winter and autumn (Ward & Tockner, 2001). The 

solute transport in creek groundwater downstream but also upstream suggests transfer both 

via downstream groundwater movement and via passive diffusion in all directions away 

from the pool. Peaks of solute measured at the greatest distance from the pool suggested a 

high concentration front moving away from the pool followed by a “tail” of waning 

concentration. 

Loss of magnesium sulfate via hyporheic/groundwater pathways following pool dosing 

resulted in only an acute exposure for the macroinvertebrate and phytoplankton 

communities. Although no effect of this short period of elevated magnesium sulfate was 

found for phytoplankton communities, the highest dose magnesium concentrations did 

appear to be sufficient to affect macroinvertebrate community structure, even though total 

abundance and diversity appeared unchanged. Most macroinvertebrate populations decreased 

in the highest dosed pools, relative to the control pools. Similarly, FFG results indicated 

large declines in abundances of omnivores and gatherer/collectors, although shredders and 

filterer/collectors concomitantly increased greatly in relative abundance. Population 

abundances of predators remained largely unchanged, although this functional group is often 

found to be sensitive to environmental disturbance (Thorp, 1986; Rawer-Jost et al., 2000). 

Although benthic macroinvertebrate communities showed a response to high concentrations 

of magnesium sulfate over a short duration, the discharge from RP1 during the wet season 

exposes aquatic organisms to longer durations (i.e. more chronic effects) of elevated ambient 

magnesium sulfate concentrations. Furthermore, changing treatment concentrations make it 

difficult to ascribe effects to a single specific toxicant threshold and thus derive a NOEC. 
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4.4.2 Mesocosm testing 

Although mesocosms are generally smaller than their natural full-scale aquatic ecosystem 

counterpart, in the case of this study the larger-than-average vessels used were of similar size 

to small early-Dry season Creek pools (Woodland & Ward, 1992; McCullough, 2001). This 

consideration of scale is important as mesocosm size has been found to influence many 

ecological variables (a thorough review is found in Petersen et al. (1999)). Furthermore, 

given the small size of the organisms examined in this study, the size of these vessels was 

also considered sufficient, while the duration over which the study was conducted (49 days) 

is slightly longer that that of typical mesocosm toxicology experiments which often run for 

only a few weeks (Petersen et al., 1999). Given the fact that the nature of the exposure to the 

toxicant of concern is chronic (Chapter 2.2–Mining influences on Magela Creek) the 

relatively long duration of the experiment employed in this study increased the ecological 

relevance of the results (Odum, 1984, 1985). 

A current problem with higher-scale studies is the lack of attention paid to developing broad 

standards and criteria for their deployment. Nevertheless, the artificial mesocosm experiment 

largely met the broad recommendations of the OECD (1989; 1992) guidelines as follows 

(Table 70). 

Table 70  OECD (1992) mesocosm bioassay experiment recommendations. 

Recommendation Current study 

Include fish and shellfish Fish not assessed but gastropods Ferrissia 

petterdi and A. cumingi assessed 

Include components that represent basic properties of the 

ecosystem 

Phytoplankton and periphytic primary 

production assessed via phytoplankton and 

diatom biomass 

Be of a sufficient duration to account for life-history of the 

organisms 

Seven week long test with mesocosm taxa 

all having relatively short life-cycles meant a 

sufficient exposure duration was met 

Have a rigorous experimental design with adequate controls 

and exposures 

Five replicates per treatment, five treatments 

including a control 

Have sufficient replication for statistical power No formal power-analysis undertaken 

 

Although slightly higher than nominal concentrations of magnesium were found in 

mesocosms due to evapoconcentration and also due to background contributions of solute in 

creek water, nominal magnesium concentrations were still representative of the 

concentration range of treatments. Nevertheless, it is advised that measured toxicant 

concentration values are used whenever possible when using notoriously variable mesocosm 



MESOCOSM EXPERIMENTS 

206 

data. Measured toxicant concentration values are expected to better account for intra-

treatment biotic community variation than nominal concentrations which may introduce a 

source of error. 

The source of the increase in calcium concentrations between weeks 4 and 7 is unknown and 

decreases in the magnesium:calcium ratio at high dosing treatments may possibly have been 

due to calcium leaching from the fibreglass construction of the mesocosm vessels as an ion-

exchange process with magnesium. 

However, whilst shading effects were well allocated amongst treatments in week 0, 

confounding by this frequently uncontrollable environmental variable (Petersen et al., 1999) 

is likely have occurred in post-dosing weeks; especially post-dosing week 4 where there was 

much greater shading in control than in the 68 mg/L magnesium replicates. Nevertheless, 

even under increased shading, control replicates still displayed higher chlorophyll pigment 

concentrations than high-dosed treatments, indicating that shading was of lesser importance 

than magnesium concentration for phytoplankton. 

Results are discussed for each of the communities investigated in the mesocosm study, as 

follows. 

4.4.2.1 Macroinvertebrates 

Benthic macroinvertebrates have historically been found to be amongst the most sensitive 

taxa, responding to a variety of stressors (Schindler, 1987). However, in this study they 

appeared to be one of the least sensitive to magnesium of the four community types 

examined. Although this study was unable to detect community changes at magnesium 

concentrations measured in the original 1995 study (O'Connor et al., 1996), O’Connor et al. 

(1997) suggest that long exposure times (e.g., due to the higher rainfall of 1995) may be 

required before elevated magnesium affects macroinvertebrate communities. 

Due to slight methodological differences, it is unknown whether differences observed 

between macroinvertebrate communities of the artificial and natural mesocosm studies were 

due to differences in actual community structure or not, given the difference in mesh sizes 

used to retain animals. Greater numbers of smaller invertebrates were collected in the 

artificial mesocosm study where a smaller 250 µm mesh was used, which may have 

confounded the ability to attribute causal differences in macroinvertebrate communities 

between these studies. Moreover, the absence of common creek pool taxa (such as 

Stempellina spp.) (McCullough, 2001) from the mesocosms may indicate differences in 

communities due to artefacts of the artificial enclosures used. 

‘Functions’, in the context of ecosystems, refers to the interactions and partitioning between 

organisms and their environment of such elements as energy, materials and pollutants 
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themselves (Hunsacker & Levine, 1995) in space and time. Analyses of the impact of a 

toxicant on functional feeding groups allow for the integrity of an ecosystem to be tested at a 

level of greater consequence than simply that of its community taxonomic composition 

(Underwood & Peterson, 1988). Functional Feeding Groups may also demonstrate the mode 

of toxicity when it is encountered through bioconcentration (Peterson et al., 2002). However, 

FFGs of both natural pools and mesocosms did not display the high proportions of 

omnivores encountered in other published studies of aquatic macroinvertebrate communities 

(Havens et al., 1996), and expected by trophic dynamic theory (Hutchinson, 1953, 1959) and 

trophic niche theory (MacArthur, 1965; MacArthur & Wilson, 1967; Underwood & 

Peterson, 1988). This may simply be due to the generally unreliable allocation of FFGs and 

invertebrate biology in general, which is still being overcome (Rawer-Jost et al., 2000). 

Similarly, FPOM and CPOM have previously been found to be important predictive 

variables for benthic macroinvertebrate community structure (Egglishaw, 1964, 1969; 

Rabeni & Minshall, 1977; 1996). Nonetheless, CPOM was not identified as being an 

environmental variable of significance for explaining macroinvertebrate community 

structure in a previous study in Magela Creek (McCullough, 2001). Neither was FPOM 

identified as a significant explanatory environmental variable in this study. Primary 

production may, therefore, have been the major source of energy supply to both mesocosm 

macroinvertebrates, rather than allochthonous detrital inputs. 

Neither Corbett et al. (1996) nor O’Connor et al. (1996; 1997) tested for differences between 

FFGs of reference billabongs and those receiving mine waters. Nonetheless, a p-value of 

0.079 for differences between control and 68 mg/L magnesium macroinvertebrate 

community structure in post-dosing week 4 of this mesocosm study suggests that energy 

flow may possibly be perturbed at high ambient magnesium concentrations. 

Simple univariate measures of organism response have been criticised for their use in the 

assessment of an environmental impact (e.g., abundance is a notoriously poor metric for 

assessing environmental impact (Karr et al., 1986; Karr & Chu, 1997, 1999)). However, 

ANOVA testing on taxonomic richness and abundance data proved the most statistically 

sensitive method for detecting differences amongst macroinvertebrate communities in post-

dosing weeks 4 and 7 respectively. This is likely to be due to the sudden and marked 

decrease in abundances of zooplankters when macroinvertebrate communities were exposed 

to elevated magnesium. 

Correlations between macroinvertebrate communities and environmental variables were 

highest when abundance data were untransformed, suggesting that the macroinvertebrate 

communities are responding to extreme values rather than to the gradient of change across 

treatments (Austen & Somerfield, 1997). Although macroinvertebrate communities of post-
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dosing week 4 were best accounted for by photosynthetic pigment concentrations (indicating 

phytoplankton structure), this may have been an artefact of the establishment of a significant 

shading gradient correlated with mesocosm treatment allocation. However, 

macroinvertebrate communities of post-dosing week 7 were instead best explained by 

enhanced ion concentrations and light exposure, and not by phytoplankton structure (i.e. 

chlorophyll pigment concentrations). The lack of contribution of phytoplankton biomass, and 

yet the presence of a contribution by shading, in explaining macroinvertebrate community 

variability in post-dosing week 7 may, therefore, be a response to primary production from a 

different source e.g., benthic periphyton. Thus, although increased magnesium sulfate 

concentrations appeared to reduce abundances of the filterer/collector functional feeding 

group, this effect was probably more upon the collector groups which graze upon benthic 

algae than for the filterer groups which filter phytoplankton and other organic particles. 

Equally, filterer taxa in these communities of low productivity waters may be more 

dependant upon organic particles other than phytoplankton. For example, rather than 

macroinvertebrates predominantly acquiring their energy sources directly from the water 

column the dominant source of energy may instead be from the benthos, i.e. periphyton such 

as diatom flora. However, lack of correlation between diatom abundance and 

macroinvertebrate abundance in this study have not indicated this to be necessarily so. 

4.4.2.2 Microinvertebrates 

The consistent importance of calcium concentration in mesocosm water for explaining 

microinvertebrate community structure may indicate that this is a limiting nutrient for 

zooplankton of these extremely soft water systems. For example, ostracods have been found 

to generally require circum-neutral pH and a ready source of calcium carbonate (Delorme, 

1991). Further evidence for microinvertebrate sensitivity to ambient calcium availability 

comes from the observation that when control and highest magnesium concentrations were 

compared, all major zooplankton taxa, including those taxa encountered in the benthic 

macroinvertebrate sampling (aside from C. hislopi which is thought to mainly graze upon 

benthic algae), showed declines in abundances at higher magnesium concentrations. 

Chlorophyll pigment concentrations (as a surrogate for phytoplankton abundance) also 

emerged in the suite of the most important variables describing microinvertebrate 

community structure, implying that microinvertebrate population abundance and structure 

may have been influenced by the phytoplankton communities on which they fed. However, 

when combined with other significant environmental variables, the photosynthetic pigment 

chlorophyll b only correlated with 0.355 of pre-dosing and with 0.285 post-dosing 

microinvertebrate community variability. The low variability of microinvertebrate 

community structure suggests that there may be direct effects of magnesium sulfate on 
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microinvertebrates in addition to indirect effects on food sources. Therefore differences in 

phytoplankton community sensitivity to elevated magnesium may have directly led to a 

change in microinvertebrate community structure. Through different grazing preferences, a 

different algal community (or greater relative proportions of benthic algae) in elevated 

magnesium treatments could have led to bottom-up selection for the less-common 

conchostrocan C. hislopi as the main phytoplankton grazer. Cyclestheria hislopi was mainly 

encountered in benthic macroinvertebrate sampling and was the only large zooplankter that 

increased in abundance at higher magnesium concentrations. In a natural ecosystem this 

change in grazer composition could theoretically change the entire energy flow pathway 

(Anderson & Underwood, 1997) as the larger size of these zooplankton may make this level 

of secondary production less available to many predators such as fish (Boubée & Ward, 

1997; Jeppesen et al., 1997). A clearer picture may have been gained if finer taxonomic data 

for phytoplankton had been available, rather than just the photosynthetic pigment categories 

used. 

The differences between zooplankton community structure encountered in the 2002 

mesocosm experiment and the zooplankton communities normally found in creek pools, 

however, may also have confounded the finding of this study. Other authors have found that 

the loss of predators frequently, and severely, disrupts community structure (Schindler, 

1987). Experiments with either microcosms or mesocosms frequently fail to include fish, 

which are likely to have been responsible for the large abundances of zooplankters 

encountered in the mesocosm environment of the present study. No similar zooplankton 

blooms nor conchostrocans as a taxonomic group were observed in natural creek pools 

adjacent to mesocosms during the course of the study, nor have they been observed 

previously (Tripodi, 1997; McCullough, 2001). However, Paltridge et al. (1997) isolated 

conchostrocans from rewetted Dry season Creek sediments in the absence of fish. 

Furthermore, substantial zooplankton blooms, including conchostrocans, frequently occurred 

in this region in the fishless pools of small seasonal streams forming before flow occurred 

(Douglas, 1999b). The high spatial and temporal variability in zooplankton communities in 

this study suggest that colonisation is often highly opportunistic (Julli, 1985) and 

communities will exploit the absence of the control of an effective predator. 

4.4.2.3 Diatoms 

Like any experiment, interpretation of results must be conducted in the context of an 

acknowledgement of the full limitations of the experimental design. Although many authors 

have not tested or even questioned the assumption that their artificial substrates may have 

had different communities to those that would have occurred on natural substrates, this was 

identified at an early stage as a possible weakness in this current study. Further natural 
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substrate samples were then also collected for a comparative study done at a later stage. It 

was, nevertheless, felt that although (like the mesocosms themselves) the periphytometers 

used may not have developed a community identical to that on the nearby sand substrates, 

they still represented valuable bioassay data from a higher scale of ecological complexity 

and relevance than single-species tests. 

Heavy grazing by the aforementioned exceptionally large populations of zooplankton in the 

absence of significant higher level predation (i.e. fishes) may also have reduced the realism 

of the diatom results. Community climax usually arises through a combination of causes 

including self-shading, underlying community cells sloughing off, competitive interactions 

and grazing by invertebrate populations (Tuchman & Blinn, 1979). Grazing may be either by 

zooplankton or by insect fauna (Brook, 1953). Although it is not certain which community 

type was grazing the diatoms in this study, it is likely to be a combination of both 

macroinvertebrates and benthic zooplankton e.g., harpacticoid copepods (Kalff, 2003). 

Benthivorous zooplankters are likely to be the main grazer due to their exceptionally high 

abundances encountered in the macroinvertebrate sampling of control and pre-dosing 

mesocosms relative to natural creek pools (Tripodi, 1997; McCullough, 2001). Indeed, there 

is a growing recognition that top-down effects are relatively important in oligotrophic water 

bodies such as the Magela Creek system, where a high fraction of the phytoplankton are 

small enough to be grazed by zooplankters (Kalff, 2003). 

Of the environmental variables which affect diatom community structure, pH has often been 

found to have the greatest influence, with most species showing a preference for a narrow 

pH range (Chessman, 1986; Tudor et al., 1991; O'Connell et al., 1997; Denichola, 2000). 

Although pH changed little amongst replicate mesocosms, pH still proved to be a 

consistently important correlate for diatom communities in this study. However, diatom 

community variability remained poorly explained by the suite of environmental variables 

included in this study, including magnesium concentration, suggesting that unmeasured 

variables, such as predation, may have been important to community structure. 

4.4.2.4 Phytoplankton 

The wide range of replicate shading exposures available for treatments allowed for 

consideration of the effects of shading within each treatment, demonstrating the value of 

blocking for shade effects in the mesocosm experimental design. However, surprisingly, 

actual phytoplankton community structure was not particularly well correlated with shade 

alone in any week, even though degree of shading has been found to be of foremost 

importance in determining algal biomass (Mosisch et al., 2001). As for diatom communities, 

this suggests that other unmeasured variables such as zooplankton predation may have been 

more important in the structuring of these algal communities. Chlorophyll c levels in 
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mesocosms were also much lower relative to chlorophyll a than for the natural pools 

experiment. Given the lower abundances of diatoms in the well-grazed artificial substrates of 

the mesocosm experiment, lower chlorophyll c concentrations provides support for the 

theory that diatoms were contributing to the relatively high chlorophyll c concentrations of 

the previous year’s natural pools experiment. Unusually high chlorophyll c results for natural 

pool phytoplankton communities are possibly due to domination of phytoplankton 

communities by pseudo-planktonic diatoms, chrysophytes, or dinoflagellates. 

Prior to dosing, temperature, pH and shade together were the variables most strongly 

correlated with mesocosm phytoplankton pigment composition. For week 0, pH was 

significantly correlated with total chlorophyll (n = 25, r = 0.408, p = 0.043) and therefore pH 

was likely to represent a product of photosynthesis, rather than a direct causal variable of 

phytoplankton composition and abundance. Following dosing, phytoplankton community 

structure was correlated with concentrations of dosed magnesium sulfate. The lack of 

correlation between chlorophyll measurements and either pH or DO in post-dosing week 4 

implied that phytoplankton communities were not contributing to either of these variables. 

Differences amongst algal communities characterised by concentrations of different 

photosynthetic pigments and those from counts during zooplankton sorting, are likely to 

primarily be due to inaccuracies in the latter method (George Ganf, University of Adelaide 

pers comm). Floral community preservation was second priority to the preservation of 

zooplankters, as algae were already being assessed through the proxy of photosynthetic 

pigment concentrations in the water column. Preservation of microinvertebrates in 90% 

ethanol would have rendered many phytoplankters invisible through dissolution of their 

photosynthetic pigments by the alcohol. Phytoplankter enumeration was further compounded 

by the relatively lower magnifications used to identify and enumerate zooplankters where 

many other smaller flora such as small green and coccoid algae may also have been missed. 

For example, although the genus Dinobryon (Chrysophyta: Chromista) was abundant in 

many replicates, the cells (loricate) of this genus decolourise very readily when not 

appropriately preserved (e.g., by Lugol’s stain) and therefore identification and enumeration 

of living from dead loricae is not possible (Russell Shiel, University of Adelaide pers 

comm). Discrepancies between the two algal community evaluation techniques for post-

dosing week 4 may therefore be chiefly due to the relatively high chlorophyll c 

concentrations of abundant Chrysophyta which had not increased in cellular counts. 

Nevertheless, the high degree of agreement between the two descriptors indicated that 

measurement of chlorophyll pigments alone might provide for rapid assessment of 

phytoplankton community structure without time consuming and expensive sorting of floral 

taxa being required for pre-dosing data. 
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Reduction of turbidity over the period of the experiment, congruent with increasing 

correlations between turbidity and chlorophyll concentrations, may have been due to settling 

or biological assimilation of fine particles over time. Reduction of abiotic mesocosm 

turbidity may have resulted in a greater proportion of phytoplankton contributing to total 

turbidity and thus an improvement in the correlation between these two variables. 

Visual estimates from both the dissimilarity-response plot and also of the nMDS tracking 

plot suggested NOEC values of 2.5 mg/L and LOEC values of 7.5mg/L for phytoplankton 

communities in week 4. However, there are reasonable concerns that phytoplankton 

community structure changes in the short term may merely represent transient dynamics, the 

character of which is very different in the longer term (Petersen et al., 1999). Although it is 

difficult to compare different slopes due to their arbitrary scale, further information as to 

these longer-term effects may have been given by the steepness of the seriation plot for 

phytoplankton community concentration-response from post-dosing week 4 to post-dosing 

week 7. This dose-response plot increased in steepness from week 4 to week 7, giving a 

more pronounced inflection point. This steepness increase appeared to be caused by an 

apparent recovery in week 7 of the 7.5 mg/L magnesium treatment’s phytoplankton 

community and a shift to one more like that of the control communities. Phytoplankton 

community recovery may have occurred through development of either physiological 

tolerance as phenotypic plasticity, or through selection for more tolerant types with the same 

photosynthetic pigment characteristics. Conversely, the phytoplankton community of the 

23 mg/L magnesium treatment of post-dosing week 7 became more dissimilar to the control 

communities and more similar to the phytoplankton communities of 68 mg/L magnesium. 

This loss of tolerance of the artificial mesocosm phytoplankton community to 23 mg/L 

magnesium may reflect the inability of this community to be maintained under this ambient 

magnesium concentration for more than a few weeks, i.e. during a “press disturbance” sensu 

Bender et al. (1984). 

The exploratory visual methods of determining endpoints are subjective and this is a 

limitation of the method. Nevertheless, similarly to the seriation test and plot, visual 

estimates of both the dissimilarity-response plot and also of the nMDS tracking plot 

suggested NOEC values of 7.5 mg/L and LOEC values of 23 mg/L for phytoplankton 

communities in week 7. However, the implication of a change in community structure over 

four weeks of exposure to magnesium that requires a further three weeks for recovery to 

occur is that increases in magnesium concentrations over short rather than extended periods 

of time may not be able to be accommodated by phytoplankton communities. Hence use of 

the lower week 4 exposure NOEC/LOEC values rather than of the more chronic and likelyto 
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prevail week 7 NOEC/LOEC values represent a more precautionary application of these 

data. 

Overall, phytoplankton community response, as indicated by chlorophyll pigments, 

demonstrated a much higher level of sensitivity to magnesium than did the Chlorella sp. 

single-species tests. There was a marked difference between the response of the 96 h 

Chlorella sp. bioassay, which appeared to begin a decline in reproduction at around 70 mg/L 

magnesium (Figure 1, Table 6), and the week 4 mesocosm phytoplankton communities, 

which demonstrated a community structure change at around 23 mg/L (Figure 59, Figure 

60b). This difference may be due to the greater exposure duration of the mesocosm test, 

and/or it may be due to differences in magnesium tolerance of the species primarily 

composing the phytoplankton mesocosm community compared with Chlorella sp. in the 

single-species tests. Indeed, because of the uncertainty regarding sensitivity amongst algal 

groups, and the difficulty in identifying any particular taxonomic group as the most sensitive, 

the OECD recommends that an algal growth inhibition test consist of a battery of tests with a 

number of different algal species (OECD, 1989). To this end, Swanson et al. (1991) and 

Maestrini et al. (1984) suggested that the species’ battery should also be representative of 

each major algal class. 

Other authors have found small, rapidly-dispersing species such as phytoplankton to be 

sensitive and early indicators to ecosystem stress (Schindler & Turner, 1982; Schindler, 

1987; Stauber, 1995; Stauber et al., 1996). As demonstrated, this also appeared to be the case 

with this study where phytoplankton photosynthetic pigment showed a strong negative 

correlation with magnesium concentration. As discussed previously (Chapter 4.4.2.2–

Microinvertebrates), the similarly strong response of microinvertebrate grazers to 

magnesium concentration may thus have been due to the effect of magnesium on their food 

source of phytoplankton. Toxicity to phytoplankton communities from elevated ambient 

concentrations of magnesium is not necessarily surprising. Magnesium is an essential 

element for many organisms, and as magnesium is the central atom in the chlorophyll 

molecule, good physiological balance of magnesium is vital for most plant life to a higher 

degree (Williams, 1993). As an example, magnesium has also been implicated as a factor 

influencing phytoplanktonic productivity in an oligotrophic lake (Goldman, 1960). 

4.4.2.2 General 

In a previous study, enclosures of similar volume as those used in this study were found to 

adequately represent the physico-chemical environment of full-sized billabongs of this 

region (Hart et al., 1981; Hart et al., 1982a; Hart et al., 1985). Thus, this study’s enclosures 

were considered to be satisfactory for creek pool emulation because a prerequisite of 

mesocosm size selection is that they must be large enough to sustain a diverse assemblage of 
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organisms in sufficient abundances to be able to faithfully detect effects on populations of 

multiple species (Hickey et al., 1999; Petersen et al., 1999). 

Variability amongst biotic assemblages (as measured by the IMD) has been suggested as 

being greater in areas of environmental impact than those from reference sites (Warwick & 

Clarke, 1993; Clarke & Warwick, 2001). However, although no statistical inferences can be 

applied to the results of this test, this study found little support for this hypothesis. Instead, 

trend variability decreased slightly with increasing impacts. Although Warwick and Clarke 

(1993) proposed that spatial community variability should increase with increasing stress, 

many other studies over a wide range of ecosystems have also failed to support this 

hypothesis, from marine benthic and specifically marine nematode communities (Vopel  et 

al., 2001; Stark, 2003), freshwater chrysophytes (Paterson et al., 1998) and freshwater 

phytoplankton (Nicholls et al., 2003). This alternative view of lesser variability amongst 

sites under environmental stress may be explained by the large, singular, selective force that 

an impact typically represents, given that the effect of a pollutant stressor acting as a strong 

environmental variable would be expected to dominate over other local environmental 

conditions. A strong environmental variable may then over-ride existing environmental patch 

heterogeneity and limit biota to a more select few that can tolerate both more 

environmentally homogenous and stressful surroundings. 

The increased diversity of communities under the influence of a “slight” or “intermediate” 

stress is predicted by the Intermediate Disturbance Hypothesis (IDH) of Connell (1978). A 

similar phenomenon (the ”paradox of the plankton”) has also been described as an 

explanation of the high numbers of species coexisting in lake plankton communities 

(Hutchinson, 1961). In brief, this theory predicts highest diversity in slightly-disturbed 

systems where competitive exclusion is reduced and yet fewer numbers of opportunistic 

species are not yet able to dominate. Nutrients (of all sorts) may also be enhanced under 

circumstances of disturbance. The results of this mesocosm study appear to corroborate this 

theory. Following dosing, taxonomic richness was either greatest or greatest-equal-with-

control, for benthic macroinvertebrate, zooplankton and diatom communities of 2.5 mg/L 

magnesium. The predicted non-monotonic nature of species richness with increasing toxicant 

concentration, therefore, weakens the value of species richness as an endpoint in community 

ecotoxicology. Furthermore, this theory provides for implications of low concentration 

discharges which are both difficult to interpret in a regulatory light, and information that is 

also largely irrelevant. For example, can low concentration discharges be “better” for the 

environment as they help to “improve” biodiversity?! 

The trophic guilds of benthic macroinvertebrates predominantly encountered in the 

mesocosm communities were gatherer/collectors which feed non-exclusively upon diatomic 
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periphyton (Winterbourn et al., 1984; Closs & Lake, 1994). Microinvertebrate grazers, 

however, are often considered more dependent upon phytoplankton as a food source 

(Fernando, 1994). Periphytic diatoms appeared not to be affected by elevated magnesium 

concentrations and consequently the stability of this primary energy source may explain why 

there was less (indirect) impact on macroinvertebrates than was apparent upon zooplankton 

communities. Phytoplankton abundances (as indicated by chlorophyll concentrations) were, 

nonetheless, negatively affected by elevated magnesium. A concomitant change in 

abundances was also seen in their microinvertebrate grazers. This connection could be 

expressed as a bottom-up trophic cascade to these herbivores and higher trophic scales as 

tropical river food webs have been found to be strongly dependent on algal production 

(Douglas et al., 2005) (Figure 61). However, the possibility remains that in a natural 

environment a sensitive zooplankton species may be excluded by the toxicant, yet replaced 

by an ecologically-equivalent (same ecosystem functionality) yet less stressor-sensitive 

species (Cairns, 1983, 1986b; Cairns & Pratt, 1986; Cairns & Niederlehner, 1987). 

 

Figure 61  Potential pathway of effects of elevated concentrations of magnesium on aquatic biota of 

Magela Creek. 
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Many multi-species studies often only include a single community as an endpoint; typically 

protists (Millward & Grant (1995), Hickey et al. (1999) and Wong et al. (2003)). However, 

although executed as a single experiment, the simultaneous analysis of four community types 

within this experiment rendered data as equivalent to that from four separate single 

community tests. Furthermore, two of the communities (periphytic diatoms and pelagic 

zooplankton communities) had exposure durations of 4 weeks, and the remaining two 

(benthic macroinvertebrate and phytoplankton communities) had exposure durations of 

7 weeks. All of these exposure durations were, therefore, much greater than the 4 or 6 day 

exposures of this study’s single-species, laboratory tests for magnesium sulfate toxicity. 

Thus, it was concluded that mesocosm community data are able to provide, potentially, a 

highly reliable trigger value which would be superior to that derived from single-species 

datasets (Warne, 2001). 



MESOCOSM EXPERIMENTS 

217 

4.5 Conclusions 

The results of natural pool dosing experiments differed somewhat from those of the 

mesocosm testing. Whereas there appeared to be strong effects of magnesium sulfate upon 

macroinvertebrate community structure and FFGs in the natural pool dosing study, these 

effects were weaker (magnesium appeared to be less toxic) in the mesocosm study, with 

phytoplankton community structure and abundance conversely appearing to be more 

sensitive. Whether this reduced toxicity was because of different exposure times, or simply 

through differences in the community structure (including absence of fish predation in the 

latter) remains unclear. 

Phytoplankton and zooplankton communities are historically the most commonly used 

endpoints in mesocosm community experiments (Petersen et al., 1999). However, the 

addition of diatoms and macroinvertebrates to the mesocosm study provided a 

comprehensive and robust assessment of the risk of magnesium toxicity to Magela Creek at a 

high level of community organisation. Nonetheless, it is well established that fish can be a 

major determinant/influence on both zooplankton (Fernando, 1994) and macroinvertebrate 

communities (Power, 1993). Therefore, a better way of executing the mesocosm experiment 

may have been to include an even allocation to each treatment replicate of higher level 

predators, namely the freshwater fishes that were common in the adjacent pools. This may 

have been achieved through standardisation of both fish species, number of individuals and 

size. 

The relatively powerful performance of testing for a seriation community gradient correlated 

with that of an environmental gradient (Clarke et al., 1993) shows the merit of this technique 

being included in the “statistical toolbox” available to the ecologist. As reported by 

Somerfield et al. (2002), the correlative method comparing community treatment responses 

to a model seriation provides the most statistically powerful multivariate method for 

assessment of community disturbances. Similarly, Ellis & Schneider (1997) also found 

gradient methods to be of more value than categorical methods in a univariate-based impact 

assessment. Nevertheless, the varying ability of different statistical approaches to resolve 

different ecological questions illustrates the importance of using these complementary 

techniques together. Furthermore, these different methods all ask different ecological 

questions, further contributing to more holistic analyses of datasets than a standard approach 

using only a single analysis type. However, a problem with the use of simpler, non ordinal, 

multivariate time-response curves for interpreting the effects of different treatments on a 

community sensu Wong (in prep), is that whilst differences between treatments and control 

are accurately illustrated, differences amongst the different treatments are not. For example, 
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although the dissimilarity between control and a treatment concentration are taken into 

account and accurately plotted, the distances between this treatment concentration and any 

other treatment concentration are not. The concentration-response plots for a single time 

avoids this through fitting the entire dataset of all treatments into the single-dimensional 

ordination space, with a stress value indicating the accuracy of this representation. Although 

stress values may become prohibitively high with datasets with large numbers of treatments 

and/or replicates, mesocosm and other higher-scale experiments tend to have fewer 

treatments levels due to the greater expense of these studies (Liber et al., 1992). 

Non-metric, single-dimensional ordinations of communities over a single environmental 

gradient also appear to afford a visual means of interpreting the community correlative 

methods of Clarke et al. (1993). The mean community-response (y-axis) to elevated toxicant 

(x-axis) can also then be more directly related to value or the concentration of the primary 

environmental variable via the PRIMER BIO-ENV routine, if the toxicant is thought to be an 

important predictive variable. Furthermore, although the values of the y-axis are arbitrary, 

the value of the community concentration-response method may illustrate a community 

tolerance threshold at the toxicant concentration at which a point of inflection occurs. In 

another manner, a non-monotonic (c.f. hormesis, which is a change along a univariate axis 

and is not an appropriate term for multivariate seral) community response within a 

community dose-response plot might indicate that the slightly dosed community is 

responding with different composition and abundance changes than the higher toxicant 

concentration treatments. That is, there may be different modes of action for the toxicant at 

different concentrations, as there is in the univariate sense. 

Finally, the AF-derived trigger value of 0.8 mg/L magnesium from the 2002 mesocosm 

dataset is very close to the value of 0.6 mg/L determined from the statistical distribution 

approach with data derived from single-species testing (Chapter 3.6–Derivation of toxicant 

guideline values). The strong agreement between the conclusions of these two very different 

testing methods provides support for both the use of more convenient, rapid and cost-

effective single-species toxicity testing, and also support for the reliability of the final trigger 

value (derived from mesocosm community data) of 0.8 mg/L magnesium. Nevertheless, this 

agreement may be simply fortuitous, and there remain strong concerns over the lack of 

evidence supporting the use of what are less often referred to by their real name of 

“Arbitrary Assessment Factors”. 

In the same manner as additional single-species tests, additional mesocosm testing would 

provide further toxicity data to allow a statistical distribution approach, for example an 

application of the BurrliOZ model (Appendix 4–Overview of BurrliOZ distribution-fitting). 

There are already NOEC data from two mesocosm communities presented by this study 
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(microinvertebrates and phytoplankton). If further mesocosm experimentation of magnesium 

sulfate toxicity are completed using different communities, then NOEC values from these 

different datasets could be combined together and analysed through the statistical 

distribution approach. 
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5.1 Introduction 

Prior to this current study, eriss researchers had examined the effect of RUM mine waters 

on nearby aquatic ecosystems through field observational studies. In the earliest of these 

studies (1993), the environmental effects of elevated salts efflorescing in the Magela Creek 

bed were investigated (Pidgeon & Boyden, unpublished). These salts, predominantly 

magnesium sulfate, arose from land irrigation with mine waste waters on the RUM lease. 

The water chemistry of a total of four small creek pools was affected by this discharge, and 

one particular pool markedly so. 

In the original study of the impact of the RUM discharge on fish communities in pools of 

Magela Creek, fish communities of nine receiving and one reference pool in and around the 

affected site were sampled with up to seven passes through the pools with 4 mm mesh seine 

nets (Pidgeon & Boyden, unpublished). Water chemistry data for pH, EC and turbidity, 

distance from seepage, as well as pool dimensions of maximum and average depth, length 

and width were also collected at this time. However, other than simple plots of fish 

abundance and taxa richness in relation to pool size (Pidgeon & Boyden, unpublished) no 

other interpretations were made. Consequently, these data represented an opportunity to 

further investigate the likely effect of elevated magnesium sulfate on the natural fish 

communities of Magela Creek. 

As part of a broader program to assess the environmental health of biological communities in 

water bodies within the RUM lease, studies of macroinvertebrate (O'Connor et al., 1996) and 

microinvertebrate (Corbett, 1996) communities inhabiting both reference and receiving-

water bodies were also undertaken in 1995 as part of a whole-ecosystem analysis of RUM 

effects on the surrounding environment. Detailed morphology and hydrology of the 

billabongs sampled for the macro- and microinvertebrate billabong studies of 1995 and 1996 

are discussed in detail in Humphrey et al. (1990). For the 1995 study (O'Connor et al., 

1996), macroinvertebrate samples were collected over a five-week period from mid-May to 

mid-June, from billabongs on the RUM lease that were receiving mine waters and from 

reference sites elsewhere in the KNP that were not influenced by RUM. Samples were 

collected with a 500 µm mesh sweep net from macrophytes of the littoral margin as well as 

from the top 2 cm of the littoral benthos. Data on macrophyte composition of the sampling 

area were collected at the time of sampling, together with field measurements of general 

water quality variables. Macroinvertebrate sampling was standardised (sweep number), with 

animals subsequently live-sorted in the laboratory for one hour. 

Littoral microinvertebrates were collected in 1995 using a 160 µm mesh plankton seine net 

or dip-net. General water quality variables were measured in the field (pH, temperature, etc.) 
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along with data on macrophyte composition of the sampling area. However, although SSH 

nMDS ordination and classification had been used to relate microinvertebrate communities 

to environmental variables, an analysis of the presence of gradients in the abundance of taxa 

amongst water body types (other than for the single taxon M. macleayi) was not undertaken. 

Furthermore, formal univariate/multivariate statistical testing for the influence of mine 

waters on microinvertebrate community structure was not made (Corbett, 1996). 

Macroinvertebrates from the same receiving water bodies and additional reference water 

bodies in the Magela Creek catchment were also sampled in the following year (1996) to test 

for potential confounding effects in the 1995 study arising from all reference water bodies 

being located in the Nourlangie Creek catchment (O'Connor et al., 1997). The time of 

sampling and methods for this 1996 macroinvertebrate study (O'Connor et al., 1997) were 

the same as the 1995 study, with the exception that field measurement of water quality 

variables was limited to EC and pH, and that analysis of macroinvertebrate data in the 1996 

study was reduced to simple presence/absence. As with the 1995 study (O'Connor et al., 

1996), formal univariate and multivariate statistical testing for the influence of mine waters 

on macroinvertebrate community structure was not completed. 

More recently, a field study on the influence of RUM mine waters on diatom flora was 

conducted in the early Dry seasons of 2000 and 2001 (Bedells, 2001). Diatom flora and 

water quality of water bodies receiving mine waters were analysed along with comparable 

data from other reference water bodies. Diatom communities on natural substrates were 

sampled during the Dry seasons of 2000 and 2001 within KNP. Detailed descriptions are 

given in Bedells (2001). Water quality data for temperature, pH, EC and DO (mg/L) were 

also collected at the time of sampling. Problems subsequently identified by Bedells’ (2001) 

analysis and interpretation include: (i) insufficient replication of mine water receiving water 

bodies; (ii) measurement of associated environmental variables, including pH, dissolved 

oxygen and temperature, not set to a fixed time and hence confounding due to diurnal 

fluctuations; and (iii) likely measurement error in some EC data (e.g., relatively high 

conductivities observed in some undisturbed water bodies). 

Collectively, there was some evidence from these previous studies to indicate possible 

effects of RUM waters on biota of aquatic ecosystems adjacent to RUM. However, as well as 

deficiencies in experimental design (in particular, the lack of pre-mine-disturbance data from 

the receiving water bodies), there were also significant inadequacies in the statistical 

analyses of these datasets. Foremost amongst these inadequacies were as follows: 

1. a lack of hypothesis testing for differences in the biological communities between 

reference water bodies and water bodies receiving mine waters; 
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2. for the diatom study, inappropriate use of Principal Components Analysis (PCA) for 

multivariate ordination of diatom data, and use of biotic indices for interpretation of 

multi-species data (see criticism of both approaches in Chapter 2.1.3.2–Multivariate 

analysis); and, 

3. for micro- and macroinvertebrate studies, inappropriate application of the Principal 

Axis Correlation (PCC) routine in PATN multivariate software (Belbin, 1994) for 

ordination and analysis of environmental (and taxa) correlates of multivariate 

biological pattern. 

Dealing with issue 3, stress values for determining dimensions of SSH nMDS ordinations for 

these studies were taken from those recommended by the author of PATN; i.e. acceptable 

when less than ca. 0.20 (Belbin, 1994). However, this value of 0.20 was based on Kruskal’s 

ordination technique (1964; 1978), which utilises a weak monotone rather than the Guttman 

& Lingoes (1968; 1973) strong monotone algorithm used in PATN (Belbin, 1991). 

Consequently, the number of dimensions chosen for ordinations of the data were often more 

than necessary for undistorted data interpretation causing complications in interpretation of 

ecological patterns. Three dimensions were thus used in the ordinations of the previous 

studies. Nonetheless, because PATN uses a strong monotone algorithm to calculate stress, an 

acceptable stress value of up to 0.30 has instead been recommended as the acceptance 

criterion for nMDS ordinations with this software (Growns & Marsh, 2000). (Note Linke et 

al. (1999; 2002) recommends up to 0.25). 

As only certain combinations of the multiple dimensions were generally displayed, inter-

point distances were often unclear or even misleading, due to the projection of the three-

dimensional figure onto a two-dimensional plot. 

Also in relation to issue 3 and PATN’s analysis of environmental (and taxa) correlates of 

multivariate biological pattern, one problem with the PCC based approach of PATN is that a 

functional regression will not eliminate or reduce predictor variables that are correlated with 

each other. In a predictive model this can over-emphasise a single weak gradient, if this 

gradient is represented by more than one variable. 

Since the earlier studies of the effects of RUM mine water releases on water bodies were 

completed in the mid-1990s, new multivariate analysis software incorporating a weak 

monotone method of ordinating communities have become available. These packages (e.g., 

PRIMER’s “BIO-ENV”) also include more appropriate ways of analysing relationships 

amongst taxa with groups rather than individual environmental variables (Clarke & 

Ainsworth, 1993). In particular, it was believed that reanalyses of the original data at a more 

appropriate ordination dimensionality would give clearer interpretation and better 



FIELD STUDIES 

224 

demonstrate the potential effects of RUM waters on the invertebrate communities. Moreover, 

the best-subsets approach used by PRIMER’s BIO-ENV routine is a robust approach for 

eliminating auto-correlated variables as it selects the strongest combination of variables, 

whilst dropping minor and auto-correlated influences (Neter et al., 1996). 

In summary, partly because of inappropriate and incomplete data analysis methods the 

results and conclusions of previous field studies were not considered to be robust. These data 

represent some of the only data available on the impacts of RUM waters on aquatic biota, 

and provide an important context for the assessment of risks of magnesium sulfate to the 

aquatic biota of Magela Creek. This chapter aims to achieve a better understanding of the 

effects of RUM waste waters on the aquatic biota of the receiving water by reanalysing these 

earlier data. These data sets will be analysed using newly available and more appropriate 

multivariate methods, as well as additional univariate hypothesis testing. 
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5.2 Previous studies 

5.2.1 Methods 

When reanalysing the fish community data, pool treatment type was assigned on the basis of 

previous surveys of reference pool and billabong chemistry (Woodland & Ward, 1992; 

McCullough, 2001). Reference pools were defined as having EC below 50 µS/cm. 

Being separate isolated waterbodies, waterbodies were independent replicates of their 

receiving waterbody type and hence were able to be pooled together to test for differences in 

water body receiving-type by ANOVA. Similarly, replicates of the patchy biotic 

communities sampled in the 1995/1996 field studies were of limited motility and were 

collected haphazardly within sites with each replicate collected some distance from the 

others. Consequently within site replicates were also independent of each other for the 

purposes of ANOVA (Dr. Keith McGuinness, Charles Darwin University, pers. comm.) 

Original analyses for the 1995 and 1996 water body surveys were made with the DOS PATN 

software package (Belbin, 1993). Re-analyses of the multivariate data were made with 

PRIMER 5.0 (PRIMER-E Ltd, 2001) and of univariate data with Minitab (Minitab Inc., 

2001). Further details regarding general manipulation and interpretation of these and other 

data of this work are discussed in Chapter 2–GENERAL METHODS. Unlike the 1995 

macroinvertebrate study (O'Connor et al., 1996), general water chemistry and aquatic 

vegetation data of billabongs, available from the original reports, were also included in the 

microinvertebrate reanalysis. 

Diatom community data collected in 2000 and 2001 (Bedells 2001) contained many sites that 

are affected by influences other than mining (e.g., samples from highway margins). Because 

they were spread over a very large region, these diatom community and environmental data 

may have also been confounded by catchment and other unknown regional differences. 

Following screening for unconfounded, reliable data, a smaller subset of sites from within 

Kakadu and the RUM lease was selected for analysis. Screening criteria included knowledge 

of other confounding influences upon sites (e.g., land use), distance from the KNP and data 

displaying variables of questionable accuracy. Retained sample sites were: Baralil Billabong, 

Coonjimba Billabong, Georgetown Billabong, Gulungul Creek, Magela Creek immediately 

above Georgetown confluence, Magela Creek immediately below Georgetown confluence, 

Mudjinberri Billabong, Nourlangie Creek, RP1, S-Bends, and Yellow waters (Gobala site). 

Of these sites, RP1 and Coonjimba Billabong receive mine waters. 

Diatom data were analysed with a combination of both univariate and multivariate 

techniques as outlined in Chapter 2–GENERAL METHODS. 
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For all analyses, and unlike the previous studies, all rare taxa were retained, and 

transformations other than the log10 transformation used in the original analyses were also 

explored. 

5.2.2 Results 

5.2.2.1 Results of previous 1993 fish pool community study (Pidgeon & Boyden, 

unpublished) 

There was a wide range of pool sizes within the study area range of pools, including both 

those that received seepage and those that did not. Receiving pools (by definition) displayed 

elevated EC, and in the most affected pool, very high EC (1 450 µS/cm) was accompanied 

by a very low pH (3.3). Pidgeon and Boyden (unpublished) plotted linear regressions that 

demonstrated greater abundances and diversity of fish species in larger pools. The high EC 

pools did not significantly deviate from these regression lines. Nevertheless, significant 

divergence of many pools from the trend of increasing abundance and diversity of larger 

pools indicated that pool size alone failed to adequately explain these response measures and 

that other environmental factors were also important. Pidgeon and Boyden (unpublished) 

concluded that although the seepage had a profound effect upon pool chemistry pH and EC, 

it had not affected the fish communities of these receiving pools. 

5.2.2.2 Reanalysis of 1993 fish pool community study 

There were no statistically significant differences for either fish species taxa richness 

(F1,8 = 1.531 p = 0.251) or abundance (F1,8 = 0.461, p = 0.516) between reference and 

receiving pools (Figure 62). 

Other than EC, environmental conditions were broadly similar across most pools. However, 

pool 5 (which received the most seepage) and reference pool 3 (which had the greatest 

surface area) were both separated from other pools by their greater EC and size respectively. 

Although there was less consistency in the ordination of fish communities across the 

treatments of receiving and reference pools, pool 5 was notably displaced from reference 

pools. There was no significant difference between the fish communities of reference and 

receiving pools (ANOSIM global R = 0.06, p = 0.281) (Figure 63). 

The direction of response to elevated EC differed amongst fish species. Nevertheless, 

rainbowfish (Melanotaenia spp.) accounted for most of the difference between fish 

communities of reference and receiving pools (56%). This difference was characterised by 

decreases in both adult and juvenile M. splendida ornata and increases in both adult and 

juvenile M. nigrans in pools with elevated EC. Nevertheless, there were no statistically 
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significant overall differences in fish communities between reference pools and those 

receiving mining seepage (Table 71). 

Either pool turbidity or volume alone correlated with 0.59 of fish community variability. 

There was an inverse relationship between these two important variables with turbidity 

decreasing with increasing pool volume. Electrical conductivity did not contribute to an 

improved explanation of fish community structure (Table 72). 

Pool volume alone correlated with 0.28 of the variability in fish taxa richness and 0.27 of 

fish abundance variability (Figure 64) with the magnitude of both indices increasing with 

increasing pool volume. 

 

Figure 62  Fish abundance and taxa richness from Magela Creek pools in 1993. Data from Pidgeon & 

Boyden (unpublished). S.E. = single standard error of the mean. ‘Receiving’ defined as pools with EC 

greater than 50 µS/cm. 
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Figure 63  nMDS ordination of 1993 Magela Creek pool fish survey (data square root transformed). 

Data from Pidgeon & Boyden (unpublished). ‘Receiving’ defined as pools with EC greater than 

50 µS/cm. Symbol size indicates pool EC. 

Table 71  SIMPER analysis of receiving and reference 1993 Magela Creek pool environmental data 

(taxa contributing >7% to inter-treatment dissimilarities). Data from Pidgeon & Boyden (unpublished). 

‘Contribution %’ indicates proportion of total dissimilarity between treatments which each taxon 

contributed in a diminishing order. Average dissimilarity between treatments = 73.77% with data square 

root transformed. 

Parameter Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

Melanotaenia splendida ornata (adult) 72.7 49.8 14.23 1.44 20.88 20.88 

Melanotaenia nigrans (adult) 44.8 57.3 11.05 1.36 16.21 37.09 

Melanotaenia splendida ornata (juvenile) 29.0 17.3 8.32 1.95 12.20 49.29 

Melanotaenia nigrans (juvenile) 3.0 17.8 4.84 0.95 7.10 56.38 
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Table 72  BIO-ENV results for 1993 Magela Creek pool fish survey data. Data from Pidgeon & Boyden 

(unpublished). X indicates inclusion of this environmental variable in the explanatory subset, while 

highest correlation coefficient (ρ) indicates best explaining environmental variable subset. 

ρ 
Number of 

variables T
ur
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V
ol

um
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S
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0.590 1  X  

0.588 1 X   

0.766 2 X X  

0.630 2 X  X 

0.706 3 X X X 

 

 

Figure 64  Relationship of pool volume to fish taxa richness (r2 = 0.28, p = 0.143) and abundance 

(r2 = 0.27, p = 0.121). Symbol size indicates pool EC. 

5.2.2.3 Results of previous 1995 macroinvertebrate study (O'Connor et al., 1996) 

Environmental variables of reference and receiving water bodies contrasted greatly, 

especially in regards to EC which was much higher in water bodies receiving mine waters 

than in water bodies that did not receive mine waters (reference) (Table 73). 

 

Table 73  Chemical characteristics of water bodies 1995. – = data not collected. eriss (unpublished 

data).

Water bodies not receiving mine waters Conductivity [Mg2+] [SO4
2-] 
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(EC) (µS/cm) (mg/L) (mg/L) 

Buba Billabong 41 1.4 0.2 

Sandy Billabong 13 0.4 0.6 

Georgetown Billabong 33 1.6 1.6 

Jabiru Lake 45 – – 

Water bodies receiving mine waters    

Coonjimba Billabong 120 7.5 25 

Retention Pond One (RP1) 190 18 56 

Djalkmara Billabong 830 110 320 

 

A three-dimensional SSH nMDS ordination of macroinvertebrate communities clearly 

separated receiving from reference water bodies (O'Connor et al., 1996). Environmental 

variables that were correlated with this gradient included density of Eleocharis spp. and EC. 

Macroinvertebrate taxa responding to this gradient in a positive manner (representing either 

a tolerance to, or preference for, this gradient) included adult dytiscid beetles, coenagrionid 

damselflies and mesoveliid bugs. Taxa responding in a negative direction were pleid bugs 

and curculionid beetles. 

Although taxa richness did not differ greatly amongst water bodies in general, the lowest 

taxa richness for macroinvertebrates was found in the water body with the highest 

concentrations of mine waters, Djalkmara Billabong. O’Connor et al. (1996) concluded that 

there were differences in the macroinvertebrate communities in the receiving water bodies 

resulting from high EC and/or aquatic macrophyte richness. 

5.2.2.4 Reanalysis of 1995 macroinvertebrate study 

There were no significant differences amongst water bodies for either macroinvertebrate 

abundance (F1,5 = 0.03; p = 0.958) or macroinvertebrate taxa richness (F1,5 = 1.3; p = 0.306). 

Macroinvertebrate abundance in RP1 ( x  = 202.0) was significantly higher (F6,22 = 3.15; 

p = 0.017; Tukey’s HSD test p = 0.020) than in Coonjimba billabong ( x  = 120.8). These 

were also the water bodies with the highest and lowest macroinvertebrate abundances 

respectively of those surveyed (Figure 65a). There were, however, no significant differences 

amongst water bodies for macroinvertebrate taxa richness (F6,22 = 2.14; p = 0.09) (Figure 

65b). 

When 1995 macroinvertebrate community data were re-ordinated (two dimensions), there 

was a reasonably clear separation of receiving water bodies from reference sites with a single 

outlying replicate from Jabiru Lake (Figure 66a). This concurs with the results of O’Connor 



FIELD STUDIES 

231 

et al (1996). This pattern of separation was maintained for the (presence/absence) data as 

well (Figure 66b). To assess whether or not the location of references sites in a different 

catchment to those of the receiving water bodies was a confounding factor in this study, 

replicates from the two Nourlangie Creek water bodies (Sandy and Buba) and the single 

Magela Creek water body (Georgetown) were ordinated separately (Figure 66c). The 

grouping of Georgetown Billabong reference sites amongst those of Nourlangie reference 

sites, however, tends to counter this argument. Separation of water bodies from the two 

catchments in the ordination could suggest such confounding. As seen in Figure 65c, there is 

some overlap amongst replicates of the three water bodies, indicating little evidence for a 

catchment artefact, though the number of natural reference water bodies represented is small. 

The largest 1995 environmental differences between receiving and reference water bodies 

were primarily attributable to EC, submerged feathery macrophytes, 

Pseudoraphis spinescens and Nymphaea spp., days from beginning of sampling, and then 

other aquatic macrophytes in decreasing order of importance (Table 74). 

There were no significant differences between macroinvertebrate communities of reference 

and receiving water bodies (ANOSIM global R = 0.241, p>0.143). As only a small number 

of water bodies were available as replicates for each treatment this result was not surprising 

as the test had low power. Nevertheless, the low interspersion of treatment replicates in 

Figure 66a still clearly suggested that mine waters appeared to have influenced the 

macroinvertebrate community structure of these receiving water bodies, consistent with the 

conclusions of O’Connor et al. (1996). 

Differences in macroinvertebrate communities between water body treatment types 

(reference/receiving) for mine waters were largely due to aquatic mites in lower abundances 

and mayfly nymphs and adult beetles in higher abundances in receiving water bodies (Table 

75). 

The macroinvertebrate community was most strongly related to a simple combination of the 

relative abundance of aquatic macrophyte species Najas, Caldesia, Haloragaceae, and 

overall macrophyte richness. Together, these four environmental variables gave the best 

correlation with macroinvertebrate variability of 0.42 (Table 76). 

Although they do not report the actual depths encountered in the water bodies studied (only a 

rank order), O’Connor et al. (1996) observed that rank depths were greatest in the artificial 

water bodies. However, the equal allocation of shallow and deep sites to both reference and 

receiving water body treatments suggests no confounding by either receiving or reference 

water bodies being deeper than the other in these ranked data . 
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Figure 65  (a) Average macroinvertebrate abundance and, (b) taxa richness for 1995 water body 

survey. Data from O’Connor et al. (1996). Bars indicate single standard errors of the mean. 
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Figure 66  nMDS ordinations of 1995 macroinvertebrate survey data. Black symbol shading indicates 

reference water body and grey symbol shading indicates receiving water body. Data from O’Connor et 

al. (1996). (a) data log10(x+1) transformed, (b) data presence/absence transformed, (c) receiving and 

artificial water bodies removed, black symbol shading indicates Magela Creek catchment water body 

and grey symbol shading indicates Nourlangie Creek catchment water body. Symbol size indicates 

pool EC. 
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Table 74  SIMPER analysis of receiving and reference water body environmental data (environmental 

variables contributing >5% to inter-treatment dissimilarities). Data from O’Connor et al. (1996). 

‘Contribution %’ indicates proportion of total dissimilarity between treatments which each taxon 

contributed in a diminishing order. Average dissimilarity between treatments = 55.34% with data 

log10(x+1) transformed. 

Parameter Average 

value 

Average 

value 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

EC 41.00 383.33 2.56 2.33 7.01 7.01 

Submerged/emergent feathery 12.01 3.68 2.47 1.69 6.76 13.77 

Pseudoraphis spinescens 9.48 2.48 2.05 1.09 5.62 19.39 

Nymphaea spp. 5.96 13.73 1.98 1.81 5.44 24.83 

Days 13.30 13.67 1.95 1.38 5.35 30.18 

 

Table 75  SIMPER analysis of reference/receiving water body macroinvertebrate community 

differences (contributors >4%). Data from O’Connor et al. (1996). Individual taxon ‘Contribution %’ 

indicates proportion of taxa contribution to total dissimilarity between treatments. Order of taxon is of 

diminishing contribution to cumulative dissimilarity between treatments. Data log10 (x+1) transformed. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

Acarina 30.25 3.40 2.79 1.27 6.26 6.26 

Hydrophilidae (adults) 3.50 8.13 2.05 1.45 4.60 10.86 

Caenidae 6.25 8.33 2.04 1.43 4.58 15.44 

Dytiscidae (adults) 2.80 7.60 1.94 1.40 4.34 19.78 

Baetidae 2.70 5.47 1.87 1.40 4.19 23.97 
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Table 76  BIO-ENV results for reanalysis of 1995 macroinvertebrate survey. Data from O’Connor et al. 

(1996). X indicates inclusion of this environmental variable in the explanatory subset, while highest 

correlation coefficient (ρ) indicates best explaining environmental variable subset. 
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0.42 4 X  X   X X  

0.41 5 X X X   X X  

0.40 5 X  X  X X X  

0.40 5 X  X   X X X 

0.39 5 X  X X  X X  

 

In conclusion, this reanalysis confirmed the finding of the original 1995 study that 

macroinvertebrate communities of reference and receiving water bodies were different. 

However, and significantly, the reanalysis found that macroinvertebrate community structure 

was not correlated with EC, but rather was consistently correlated with the abundances of 

many aquatic macrophyte taxa, including macrophyte taxa richness. 

5.2.2.5 Results of previous 1996 macroinvertebrate study (O'Connor et al., 1997) 

As for 1995, EC, magnesium concentrations and sulfate concentrations of 1996 reference 

and receiving water bodies contrasted greatly (Table 77). 
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Table 77  Chemical characteristics of water bodies during 1996 sampling. Data from O’Connor et al. 

(1997). –-= Data not collected.

Water bodies not receiving mine waters EC 

(µS/cm) 

[Mg2+] 

(mg/L) 

[SO4
2-] 

(mg/L) 

Baralil Billabong 67 2.0 0.2 

Sandy Billabong 16 0.3 0.1 

Condorl Billabong 27 1.0 0.1 

Gulungul Billabong 28 1.0 0.1 

Anbangbang Billabong 29 -–- –- 

Buba Billabong 50 1.0 0.1 

Georgetown Billabong 33 1.6 1.2 

Jabiru Lake 87 –- –- 

Water bodies receiving mine waters    

Coonjimba Billabong 104 7.9 5.6 

Retention Pond One (RP1) 159 14 47 

Djalkmara Billabong 646 6.7 12 

 

Repliates from water bodies grouped together well in the original nMDS ordination of the 

1996 study (O'Connor et al., 1997). While there was some apparent separation between 

reference and receiving water bodies, this separation was weaker than that found in the 1995 

analysis. Furthermore, macroinvertebrate communities from Nourlangie Creek catchment 

water bodies appeared to be more similar to receiving water bodies than to other reference 

water bodies located in Magela Creek catchment. The confounding caused by the use of 

Nourlangie Creek water bodies as reference sites suggests that differences in 

macroinvertebrate community structure between reference and receiving water bodies may 

be obscured. 

Electrical conductivity was not as well correlated with macroinvertebrate structure in this 

study (p>0.05) as it had been in the 1995 study (p<<0.01). Indeed, differences in 

macroinvertebrate communities between the two water body types in 1996 appeared to be 

primarily related to aquatic macrophyte community structure and density, rather than water 

quality variables. 

Lowest and highest taxa richness also both occurred in reference water bodies (Anbangbang, 

and Condorl and Gulungul water bodies respectively), unlike the 1995 study which had 

reduced values for these two indices in receiving water bodies. 
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O’Connor et al. (1997) attributed the weaker response of macroinvertebrates to elevated EC 

in 1996 to greater rainfall in the 1994/1995 Wet season than in the 1995/1996 Wet season, 

increasing exposure concentration and prolonging exposure duration. O’Connor et al. (1997) 

also concluded that differences in macroinvertebrate community structure between reference 

and mine water receiving water bodies in 1996 appeared to be more related to differences in 

aquatic macrophytes communities than differences in water quality variables. 

5.2.2.6 Reanalysis of 1996 macroinvertebrate study 

There were no significant differences between receiving and reference water bodies for 

either macroinvertebrate abundance (F1,9 = 0.01; p = 0.94) or macroinvertebrate richness 

(F1,9 = 0.86; p = 0.38) (Figure 67a,b). There were also no significant differences amongst 

water bodies for macroinvertebrate abundances (F10,44 = 1.30; p = 0.26). Jabiru Lake, 

followed by Coonjimba Billabong and Anbangbang Billabong, had the lowest 

macroinvertebrate taxa richness of water bodies surveyed. No significant differences were 

found amongst water bodies for taxa richness (F10,44 = 1.87; p = 0.08). 

The largest differences between the measured aquatic environment of 1996 receiving and 

reference water bodies were primarily due to differences in P. spinescens, EC, and then other 

aquatic macrophytes in a decreasing order of importance (Table 78). 

Unlike the 1995 study, the new nMDS ordination of 1996 did not indicate EC as an 

important environmental variable influencing the macroinvertebrate community structure of 

receiving water bodies, although the ordination stress level was also high (0.22) (Figure 

68a). 

Even with the extra Magela Creek reference sites included there were no significant 

differences between macroinvertebrate communities of reference and receiving water bodies 

(ANOSIM global R = 0.167, p = 0.218). 

However, when only natural, reference water bodies were considered (removing 

confounding influences of mine water/ artificial construction artefacts) the potential for 

confounding effects from the two catchments of Magela and Nourlangie Creeks was clear. 

This catchment effect was so strong that, even with such a small sample size (e.g., only three 

replicate water bodies for Nourlangie Creek catchment), there was a statistically significant 

difference between reference macroinvertebrate communities of Nourlangie and Magela 

Creek catchments (ANOSIM global R = 0.778, p = 0.029) (Figure 68b). 

By selecting common waterbodies, the potentially confounding catchment effect was 

nullified (ANOSIM global R = -0.222, p = 0.943) (Figure 68c). Although there was a clearer 

separation between reference and receiving water bodies in this ordination, the Georgetown 

Billabong (reference) sites were all separated to the same ordination side as the mine waste 
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water receiving sites. Georgetown Billabong has received low levels of mine contaminants 

since the late 1980s (Chris Humphrey, eriss pers. comm.). Nevertheless, if EC was the 

cause of separation between reference/receiving water bodies, Georgetown Billabong would 

be expected to be closer to the other reference sites in the common ordination than receiving 

water bodies. Furthermore, Georgetown Billabong sites were also furthest from the receiving 

water bodies in the 1995 ordination of macroinvertebrate data (Chapter 5.2.2.4–Reanalysis 

of 1995 macroinvertebrate study). 

As with the 1995 study, differences between reference and receiving water bodies were 

primarily due to fewer mites and more adult Hydrophilidae beetles in receiving water bodies. 

However the 1996 macroinvertebrate communities responded differently in other areas. For 

example, 1996 caenid nymphs declined slightly rather than increasing in abundance in 

receiving water bodies as they had in 1995. Also, although Dytiscidae and Baetidae had both 

markedly contributed to macroinvertebrate community differences for the 1995 study water 

bodies, they did not in 1996. Conversely, Bithyniidae and Naucoridae families both now 

contributed to water body type differences through decreasing in abundance in receiving 

water bodies (Table 79). 

The consistent correlation with Ipomoea, Persicaria and grasses suggested that reference and 

receiving water body macroinvertebrate communities were primarily correlated with these 

aquatic macrophyte taxa as well as EC (Table 80). The combined influence of these three 

macrophyte taxa and EC as environmental variables gave a correlation of 0.54 for 

macroinvertebrate community variability for the 1996 year’s study; 10% more than 

environmental variables explained for the 1995 study. Indeed the most parsimonious variable 

combination was simply for Ipomoea, Persicaria, grasses and EC (ρ = 0.54) (Table 80). 
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Figure 67  Average macroinvertebrate abundance (a), and taxa richness (b), for 1996 water body 

survey (data log10(x+1) transformed). Data from O’Connor et al. (1997). Bars indicate single standard 

errors of the mean. 
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Figure 68  nMDS ordinations of 1996 macroinvertebrate survey. Data from O’Connor et al. (1997). 

Black symbol shading indicates reference water body and grey symbol shading indicates receiving 

water body. (a) log10(x+1) transformed, (b) data from receiving and artificial water bodies removed, 

grey symbol shading indicates Nourlangie Creek catchment and black symbol shading indicates 

Magela Creek catchment, (c) nMDS ordination of waterbodies common to 1995 (O'Connor et al., 1996) 

study. Symbol size indicates pool EC. 

 

 

 

 



FIELD STUDIES 

241 

Table 78  SIMPER analysis of 1996 reference/mine-water water body macroinvertebrate community 

differences (taxa contributing >6% to inter-treatment dissimilarities). Data from O’Connor et al. (1997). 

‘Contribution %’ indicates proportion of total dissimilarity between treatments which each taxon 

contributed in a diminishing order. Average dissimilarity between treatments = 53.17% with data 

log10(x+1) transformed. 

Parameter Average 

value 

Average 

value 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

Pseudoraphis spinescens 11.87 27.53 3.26 1.37 8.34 8.34 

EC 303.07 41.87 3.11 1.97 7.96 16.30 

Emergent narrow leafed 40.33 45.24 2.77 1.27 7.10 23.40 

Submerged/emergent feathery 12.33 16.68 2.73 1.24 6.99 30.38 

Nymphaea spp. 32.00 11.45 2.61 1.49 6.69 37.07 

Eleocharis spp. 28.47 7.98 2.52 1.19 6.44 43.51 

 

Table 79  SIMPER analysis of reference and receiving water body macroinvertebrate community 

differences (contributors >3.5%). Data from O’Connor et al. (1997). Individual taxon ‘Contribution %’ 

indicates proportion of taxa contribution to total dissimilarity between treatments. Order of taxon is of 

diminishing contribution to cumulative dissimilarity between treatments. Data log10(x+1) transformed. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD 

Contribution Cumulative 

 Reference Receiving % % % % 

Bithyniidae 12.20 0.00 2.15 1.10 4.88 4.88 

Acarina 34.18 11.07 2.00 1.43 4.54 9.43 

Hydrophilidae (adults) 9.83 19.47 1.86 1.34 4.22 13.64 

Naucoridae 7.95 2.93 1.80 1.34 4.09 17.73 

Caenidae 11.63 9.07 1.64 1.29 3.73 21.47 
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Table 80  BIO-ENV results for reanalysis of 1996 study. Data from O’Connor et al. (1997). X indicates 

inclusion of this environmental variable in the explanatory subset, while highest correlation coefficient 

(ρ) indicates best explaining environmental variable subset. 
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0.52 4 X X X  X    

0.54 5 X X X X X    

0.54 5 X X X X  X   

0.53 5 X X X X   X  

0.53 5 X X X X    X 

 

Table 81.  Major ion concentrations in dates of macroinvertebrate survey sampling in 1995 and 1996. 

All concentrations in mg/L (eriss unpublished data). 

Waterbody Date Mg SO4 Ca 

RP1 April/May 1995 16 53 1.6 

 April/May 1996 14 47 1.3 

Djalkmara Billabong April 1995 96 380 7.2 

 April 1996 6.7 12 0.5 

Coonjimba Billabong March 1995 7.5 25 - 

 March 1996 6.8 5.7 - 

 

In conclusion, this reanalysis confirmed the two core findings of the original 1996 study, 

observing receiving/reference waterbody separation, and a weak correlation of water body 

macroinvertebrate community structure with EC, albeit confounded by correlation with the 

abundances of many aquatic macrophyte taxa. However, as with the original 1996 study, it 

was still likely that catchment differences were confounding this study. 

5.2.2.7 Results of previous 1995 littoral microinvertebrate study (Corbett, 1996) 

The original semi-quantitative data from the 1995 zooplankton study (Corbett, 1996) were 

used to produce an hierarchical agglomerative clustering dendrogram that separated 

zooplankton communities from reference and receiving water bodies at the first linkage. 

They were also used to produce a two-dimensional plot from the first two dimensions of a 

three-dimensional ordination (stress = 0.16) that separated these treatments. Other than 

identifying the dominant plant taxon present in a sampling site, data on aquatic macrophyte 

communities associated with samples were not collected. 
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Corbett (1996) concluded that, relative to other water bodies, Djalkmara Billabong had a 

depauperate microinvertebrate fauna. He surmised that the mixture of different types 

billabongs (backflow, channel floodplain, etc.) may have led to some confounding of a mine 

water effect. Consequently, Corbett (1996) did not explicitly conclude either for or against 

an impact of mining water bodies upon microinvertebrate communities, though he did offer 

that the cladocerans Moinodaphnia macleayi and Alona rectangula and the copepods 

Thermocyclylops spp. were the best taxa for discriminating between reference and mine 

water receiving water bodies. 

5.2.2.8 Reanalysis of 1995 littoral microinvertebrate study 

The mean microinvertebrate abundance for reference water bodies was only 8% higher (40) 

than that of receiving water bodies (36.9) and there was no significant difference between 

microinvertebrate abundances (F1,5 = 1.17 p = 0.33). Similarly, although the mean 

microinvertebrate taxa richness for reference water bodies was 13% higher (32.6) than that 

of receiving water bodies (28.2), there was no significant difference between these two 

treatments (F1,5 = 1.87; p = 0.23). Although there was also no significant difference between 

individual water bodies for microinvertebrate abundance (F6,22 = 2.14; p = 0.09 ), there was a 

significant difference for microinvertebrate taxa richness (F6,22 = 4.56; p = 0.003). Djalkmara 

Billabong had significantly fewer taxa ( x  = 19.8) than all other water bodies (Tukey’s HSD, 

p<0.030) except for Coonjimba Billabong ( x  = 29.0) (Tukey’s HSD, p = 0.066) (Figure 

69a,b). 

Reanalysis of the previous data with nMDS ordination more clearly separated the two 

treatment groups than the original analysis. Microinvertebrate communities of Djalkmara 

Billabong, where highest EC was observed, formed clear outliers (largest symbols; Figure 

69a) to all other sites except for a single Georgetown Billabong replicate. There was, 

however, no statistically significant difference between microinvertebrate communities of 

receiving and reference water bodies (ANOSIM global R = 0.222, p = 0.143), although there 

was the appearance of a gradient in the microinvertebrate community ordination responding 

to increasing EC from left to right of the nMDS (Figure 70a). 

Although each taxon made only a small contribution to explaining community dissimilarity, 

the difference between the microinvertebrate communities of these two water body types 

was primarily due to decreases in abundances of ostracods, copepods and cladocerans in 

receiving water bodies (Table 82). Contributing taxa, Cypretta spp., Thermocyclops spp., 

Chydorus nr eurynotus and Alona nr guttata, are all phytoplankton grazers and are large 

enough to be a food source available to larval fishes of this region’s waterbodies. The 

reduction of this trophic scale may therefore indicate that energy flow from primary 
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producers to higher trophic scales may occur under the stress of high concentrations of 

magnesium sulfate. The large dissimilarity to SD ratio of the cladoceran Chydorus nr 

eurynotus indicated that it was the most reliable discriminating taxon between reference and 

receiving water bodies (Table 82). Conversely, unlike the original analysis, the abundances 

of the cladoceran M. macleayi were not found to be a useful discriminator between reference 

and mine water receiving waterbodies. 

The most parsimonious explanation of microinvertebrate community composition was given 

by the simple combination of dissolved oxygen, pH, EC and Najas tenuifolia (ρ = 0.63) 

(Table 83). 

Nevertheless, the potentially confounding factor of having most of the reference water 

bodies located in a separate catchment to those of the receiving water bodies remained in 

these reanalyses. Consequently, differences between reference water bodies in Nourlangie 

Creek catchment and receiving water bodies in Magela Creek catchment may simply be due 

to watershed differences (O'Connor et al., 1997), although there were insufficient data for 

this effect to be clear (Figure 70b). 
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Figure 69  Average microinvertebrate abundance (a), and taxa richness (b), for 1995 water body 

survey. Data from Corbett (1996). Bars indicate single standard errors of the mean. 
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Figure 70  (a) nMDS ordinations of May 1995 microinvertebrate data (data log10(x+1) transformed). 

Data from Corbett (1996). Black symbol shading indicates reference water body and grey symbol 

shading indicates receiving water body, (b) nMDS ordination of replicates of 1995 macroinvertebrate 

water body replicates by catchment with data from receiving and artificial water bodies removed, grey 

symbol shading indicates Nourlangie Creek catchment and black symbol shading indicates Magela 

Creek catchment. Symbol size indicates pool EC. 
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Table 82  SIMPER analysis of reference/mine-water water body microinvertebrate community 

differences (taxa contributing >2.5% to inter-treatment dissimilarities). Data from Corbett (1996). 

‘Contribution %’ indicates proportion of total dissimilarity between treatments which each taxon 

contributed in a diminishing order. Average dissimilarity between treatments = 56.42 % with data 

log10(x+1) transformed. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

Cypretta spp. 1.57 1.00 1.71 1.16 3.03 3.03 

Thermocyclops spp. 1.64 0.93 1.65 1.25 2.92 5.96 

Chydorus nr eurynotus 1.36 1.33 1.61 1.28 2.85 8.8 

Alona nr guttata 1.21 0.47 1.54 1.03 2.73 11.53 

 

Table 83  BIO-ENV results for May 1995 microinvertebrate survey. Data from Corbett (1996). X 

indicates inclusion of this environmental variable in the explanatory subset, while highest correlation 

coefficient (ρ) indicates best explaining environmental variable subset. 

ρ 
Number of 

variables D
ep

th
 

D
O

 

E
C

 

N
aj

as
 

te
nu

ifo
lia

 

P
er

si
ca

ria
 

pH
 

0.63 4  X X X  X 

0.63 4 X X X   X 

0.62 4 X X X   X 

0.62 4 X  X  X X 

0.65 5 X X X X  X 

 

5.2.2.9 Results of previous 2001 diatom study (Bedells, 2001) 

One hundred and twenty-five diatom taxa were collected in 2000 and 2001 and identified to 

species scale where possible (Bedells, 2001). The distribution and relative abundance of 

diatom taxa were most strongly related to EC and then pH. 

Bedells (2001) also concluded that the three taxa Achnanthidium minutissimum, Nitzschia 

gracilis (A) and Nitzschia palea were positively correlated with EC greater than an arbitrary 

100 µS/cm. However, this result was based upon a linear discriminant function analysis and 

severe violations of this method’s assumptions of data variance, homogeneity and a 

parametric distribution are found with most biological data, which is typically non-

parametric (Hair Jr et al., 1998). 
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5.2.2.10 Reanalysis of 2001 diatom study 

Unreliable environmental data likely to result in error, and the paucity of mine water 

receiving sites in the diatom study of Bedells (2001), resulted in an unclear picture of how 

diatom communities respond to elevated magnesium sulfate concentrations. The two mine 

water receiving sites (Coonjimba Billabong and RP1) did, however, both separate from other 

water bodies to opposite sides of the ordination; indicating (albeit inconsistently) little 

commonality to reference diatom communities (Figure 71). 

Six diatom taxa most contributed to differences (>5%) between water bodies receiving mine 

waters and those that did not. Of these taxa, Cymbella minuta, C. microcephela and 

Brachysira serians var. acuta showed increases in abundance in the two mine water 

receiving water bodies and Navicula radiosa, B. exilis var. lanceolata and B. serians var. 

brachysira (A) showed decreases. Indeed, whilst N. radiosa was common in most water 

bodies it was absent in all water bodies receiving mine waters. Similarly, whilst 

Cymbella microcephela was absent in all reference water bodies it was reasonably common 

in all water bodies receiving mine waters. Thus, the abundances of both N. radiosa and 

Cymbella microcephela appear to be good predictors of the presence of mine water (Table 

84). 

The environmental variable best explaining diatom community structure was pH, with a 

correlation of 0.46 for community variability being explained by this variable alone. 

Inclusion of EC improved this correlation to 0.65 (Table 85). 

 

Figure 71  nMDS ordination of diatom community data from 32 most dominant taxa. Data from Bedells 

(2001) screened study sites. Data square root transformed. Symbol size indicates pool EC. 
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Table 84  SIMPER analysis of reference and receiving 2001 diatom community differences (taxa 

contributing >5% to inter-treatment dissimilarities). Data from Bedells (2001) screened study sites. 

‘Contribution %’ indicates proportion of total dissimilarity between treatments which each taxon 

contributed in a diminishing order. Average dissimilarity between treatments = 63.18% with data square 

root transformed. 

Taxa Average 

abundance 

Average 

abundance 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

Cymbella minuta 2.62 5.70 8.31 2.27 13.15 13.15 

Navicula radiosa 3.23 0.00 5.30 2.18 8.38 21.53 

Brachysira serians var. acuta 0.80 3.32 4.66 1.51 7.38 28.91 

B. exilis var. lanceolata 3.16 2.12 4.28 1.20 6.78 35.69 

B. serians var. brachysira (A) 2.76 0.69 3.80 0.88 6.01 41.70 

C. microcephela 0.00 2.14 3.74 0.96 5.92 47.62 

 

Table 85  BIO-ENV results for reanalysis of 2001 diatom study. Data from Bedells (2001) screened 

study sites. X indicates inclusion of this environmental variable in the explanatory subset, while highest 

correlation coefficient (ρ) indicates best explaining environmental variable subset. 

ρ 
Number of 

variables D
O

 (
m

g/
L)

 

E
C

 

pH
 

T
em

pe
ra

tu
re

 

0.46 1   X  

0.65 2  X X  

0.59 2   X X 

0.56 2 X X X X 

0.46 2  X X  
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5.3 Field validation of single-species toxicity tests 

5.3.1 Introduction 

Estimates of toxicant risk to ecosystems are generally extrapolated from single-species 

bioassays without substantial validation of the accuracy of the specific response of the 

toxicant in the field (Cairns, 1986a; Holdway, 1997). This lack of field validation represents 

a limitation of both the real and perceived value of these toxicological data. Field validation 

of bioassay results has, therefore, been found to be a useful approach in assessing the 

ultimate effects of stressors and also in determining the confidence in the prediction of 

simpler ecotoxicological models (Dickson et al., 1992; van Dam & Chapman, 2001). 

As mentioned previously (Chapter 3–LABORATORY TESTING), the eriss toxicity test 

species (Amerianna cumingi, Chlorella sp., Hydra viridissima, Lemna aequinoctialis, 

Mogurnda mogurnda, Moinodaphnia macleayi) occur naturally in the local area 

(Riethmuller et al., 2003). Routine biological monitoring of many of the region’s waterways 

is undertaken to assess the impact of the mine (Humphrey et al., 1990; Humphrey & 

Dostine, 1994; Humphrey et al., 1999; Bishop & Walden, 2003a, b). Therefore, both 

previous and new collections of test species field abundance data across mine water 

receiving and reference water bodies offer a rare opportunity to compare the field responses 

of many species to their laboratory responses, albeit with differing statistical power. 

Although water chemistry data did not always include magnesium concentrations, EC was 

reported in all cases, allowing an interpolation of expected magnesium concentration at the 

given EC. Such laboratory-field comparisons were made for all the eriss toxicity test 

species sans L. aequinoctialis in the following approach. 

5.3.1.1 Chlorella sp. 

Water body chlorophyll a, b and c concentrations can be used as proxies for phytoplankton 

biomass and general composition. The concentrations of these different photosynthetic 

pigments from various receiving conditions of mine waters may, therefore, be expected to 

act as proxies for validating the (single-species) laboratory Chlorella sp. bioassay results in 

an ecosystem-scale field setting (Jeffrey et al., 1999). 

5.3.1.2 Mogurnda mogurnda 

Populations of the fish, M. mogurnda, are sampled annually as part of biological monitoring 

and baseline collections for both the Jabiluka mineral lease and RUM operations (e.g., 

Pidgeon and Bodyen (1993), Pidgeon et al. (2003)). Sampling methods consist of both semi-

quantitative visual procedures such as creek-side counts of seasonally migrating fishes and 
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quantitative “pop-net” trapping within billabongs (Humphrey et al., 1999). Abundances of 

M. mogurnda have been reported in the results of these techniques, along with associated 

environmental data including billabong physical morphology, aquatic macrophyte structure 

and water chemistry. This large dataset presented an opportunity to compare laboratory 

bioassay results with responses of M. mogurnda exposed to dilutions of the complex whole 

effluent in the environment. 

5.3.1.3 Moinodaphnia macleayi 

The cladoceran, M. macleayi, was described in Corbett (1996) as being “the single best taxon 

in differentiating the water bodies”. However, further analyses and discussion of the specific 

responses of this species to mine waters were not made, even though this species is common 

in the local area (Tait et al., 1984). There is no regular monitoring for microinvertebrates as 

part of the RUM monitoring procedures, although single-species testing with M. macleayi, 

are used prior to release of mine waters each Wet season (Supervising Scientist, 2002c). The 

use of M. macleayi as a laboratory test species for MgSO4 ecotoxicity enabled a comparison 

to be made with thi species’ field responses to MgSO4 in a complex whole effluent. 

5.3.1.4 Hydra viridissima 

Field surveys of reference and receiving water bodies also gave data suggesting responses to 

elevated EC in water bodies for Hydra viridissima (Corbett, 1996) 

5.3.1.5 Amerianna cumingi 

As for H. viridissima, field populations of Planorbid snails (O'Connor et al., 1996; O'Connor 

et al., 1997) (were also used as a surrogate for the test species Amerianna cumingi. The use 

of proxy species from related taxonomic groups has been validated by findings that tolerance 

to many toxicants is generally most similar at the most similar taxonomic scale (Warwick, 

1988; Olsgard et al., 1997; Olsgard et al., 1998) (although see Cairns Jr. (1986a) for an 

opposing view). The similarity of environmental response by closely-related taxa to RUM 

mine waters has also been validated (O'Connor et al., 1996). Consequently, although the 

laboratory test species A. cumingi per se was not found in the wetland surveys of O’Connor 

et al. 1995 and 1996, further information was collected on whether complex mine waste 

water chemistry with elevated MgSO4 was likely to cause an impact on this taxonomic group 

in a whole-ecosystem setting. 

5.3.2 Methods 

5.3.2.2 Chlorella sp. 

Changes in phytoplankton community structure were assumed to be correlated with changes 

in field chlorophyll pigment concentrations. To determine field chlorophyll a, b and c 
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concentrations, water samples were taken from reference and receiving water bodies over 

9 days from mid-September 2002. Two replicate samples were taken from below the water 

surface with well-rinsed, amber-tinted Winchester bottles. Chemical analyses were the same 

as those adopted as for the 2002 mesocosm experiment (described in Chapter 2–GENERAL 

METHODS). Water chemistry measurements for EC and turbidity were also taken at this 

same time; but, measurements for variables likely to be temporally confounded by the 

greatly varying sampling times (temperature, pH etc.) were not. However, turbidity data 

were not used due to re-suspension of bedded sediments by wading activity during sampling. 

Replicate water samples for cation and anion concentrations were also taken at each 

sampling site for later analysis by ICP-AES/MS. 

5.3.2.3 M. mogurnda 

The eriss annual pop-net monitoring database was queried for data on abundances of the 

eleotrid M. mogurnda and associated water chemistry results for magnesium concentrations 

(eriss unpublished data). Data for the period 1994 to 2003 were analysed. Analyses for the 

significance of magnesium concentration in explaining M. mogurnda abundances and 

distributions, using both categorical (ANOVA) and regression techniques. 

5.3.2.4 M. macleayi 

Abundance data for the cladoceran, M. macleayi, were extracted from the May 1995 survey 

dataset of Corbett (1996) and reanalysed. Differences in abundances of M. macleayi in 

billabongs of different water quality were tested for with ANOVA and regressions were 

examined between M. macleayi abundances and EC. 

5.3.2.5 H. viridissima 

The relationship between H. viridissima abundances and magnesium sulfate was determined 

by comparing semi-quantitative findings of H. viridissima abundances with EC data 

collected in May 1995 from a selection of reference and receiving water bodies of Magela 

and Nourlangie Creek catchments, using original data reported in Corbett (1996). Both 

categorical (ANOVA) and regression analyses were made. 

5.3.2.6 A. cumingi (via planorbid snails) 

Planorbid snails (Gastropoda: Planorbidae) were used as a surrogate for A. cumingi 

populations to compare the field effects of elevated EC on this laboratory toxicity test 

species. The datasets of O’Connor et al. (1996; 1997) were queried for abundances of 

planorbid snails collected in the samples from 1995 and 1996 from different water body 

types. These data were then related to the EC of these billabongs. Although only single water 
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chemistry measurements were available for entire billabongs in 1995, for 1996 data EC 

measurements were associated with each macroinvertebrate sample. 

5.3.3 Results 

5.3.3.1 Chlorella sp. (via proxy photosynthetic pigments) 

Although magnesium:calcium ratios were quite high in billabongs receiving mine waters in 

2002, they did not exceed a ratio of around 9:1 (Table 86), the ratio determined as providing 

protection from magnesium toxicity (Chapter 3.5–Effect of calcium water hardness on 

magnesium toxicity). 

Mean chlorophyll a and total chlorophyll of receiving water bodies (11.4 µg/L, 16.8 µg/L) 

was slightly higher than that of reference water bodies (10.3 µg/L, 15.4 µg/L for mean 

chlorophyll a and total chlorophyll respectively). There was considerable variability in the 

relative concentrations of chlorophyll pigments of water bodies of receiving and reference 

water types (Figure 72). 

There were significantly lower concentrations of chlorophyll a in Baralil Billabong than in 

either Gulungul or Coonjimba Billabong, and significantly higher concentrations in RP2 than 

in either RP1 or Jabiru Lake. Gulungul Billabong also had significantly higher chlorophyll a 

concentrations than Djalkmara Billabong. However, there was no significant difference 

between the chlorophyll a and total chlorophyll concentrations of reference water bodies and 

those of receiving mine waters (Table 87). 

When ordinated, component pigments of phytoplankton communities of both receiving and 

reference water bodies appeared to be different (Figure 73). There was , however, no 

statistically significant difference observed between the chlorophyll characteristics 

(phytoplankton communities) of receiving and reference water bodies (ANOSIM global 

R = -0.073, p = 0.571). As with the univariate analysis, chlorophyll characteristics were 

different between reference and receiving water bodies due to the higher concentrations of 

all chlorophyll pigments in receiving water bodies (Table 88). 

Very little pigment concentration could be explained by the environmental variables 

measured, although the addition of nutrient data (not collected in this study) may have 

helped contribute to the explanation of community structure variability. Date of sampling 

was the most important of the measured variables to correlate with phytoplankton 

community abundance (0.26). Neither the addition of magnesium nor sulfate markedly 

improved this correlation. However magnesium:calcium ratio was the second-most 

correlated environmental variable (Table 89). 

 



FIELD STUDIES 

254 

Table 86  Ion concentrations of water bodies sampled for chlorophyll pigments in September 2003. * =  

water bodies receiving mine waters. 

Sampling water body EC 

(µS/cm) 

Magnesium 

(mg/L) 

Sulfate 

(mg/L) 

Magnesium:calcium 

ratio 

Sandy Billabong 39 0.7 0.2 0.8 

Gulungul Billabong 70 2.6 0.4 1.9 

Baralil Billabong 115 4.3 0.3 1.0 

Jabiru Lake 154 7.2 0.4 1.2 

Coonjimba Billabong 243 22 62 8.6 

RP1* 385 47 151 9.2 

RP2* 1106 170 687 8.0 

Djalkmara Billabong* 1185 183 778 8.1 

 

 

Figure 72  Concentrations of chlorophyll a and total chlorophyll for receiving water bodies. Error bars 

are single standard errors of the mean. 
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Table 87  Results for comparisons amongst water bodies and between mine waters reference or 

receiving type for chlorophyll a and total chlorophyll. Bold type indicates statistically significant 

difference. 

 Chlorophyll a Total chlorophyll 

 F-test p-value F-test p-value 

Water bodies F7,8 = 18.46 <0.001 F7,8 = 18.93 <0.001 

Mine waters F1,14 = 0.67 0.428 F1,14 = 0.44 0.158 

 

 

Figure 73  nMDS of chlorophyll survey data. Symbols indicate mean pigment concentrations of two 

replicate samples. Data square root transformed. Symbol size indicates pool EC. 

Table 88  SIMPER analysis of photosynthetic pigment concentration (mg/L) differences between 

reference and receiving water bodies. Individual ‘Contribution %’ indicates proportion of pigment 

contribution to total dissimilarity between treatments. Order of pigments is of diminishing contribution to 

cumulative dissimilarity between treatments. Average dissimilarity between treatments = 22.37% with 

data square root transformed. 

Taxa Average 

concentration 

Average 

concentration 

Average 

Dissimilarity 

Dissimilarity 

SD% 

Contribution Cumulative 

 Reference Receiving %  % % 

Total chlorophyll 2.42 2.67 7.13 1.66 30.32 30.32 

Chlorophyll a 2.04 2.34 7.05 1.74 29.98 60.30 

Chlorophyll b 0.80 1.02 4.77 1.34 20.28 80.57 

Chlorophyll c 0.58 0.72 4.57 1.81 19.43 100.00 
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Table 89  BIO-ENV results for chlorophyll validation. X indicates variable included. 

ρ 
Number of 

variables D
at

e 

M
g:

C
a 

0.260 1 X  

0.163 2 X X 

0.059 1  X 

 

5.3.3.2 Mogurnda mogurnda 

Although the two regularly monitored receiving water bodies appeared to have lower 

abundances, inter-annual variability of M. mogurnda populations for individual water bodies 

was high (Figure 74). 

Mogurnda mogurnda in Wirmuyurr Billabong were significantly more abundant than those 

in either Coonjimba, Condorl, Georgetown and Sandy water bodies (F9,48 = 3.64, p = 0.002). 

Nevertheless, with this low level of replication of receiving water bodies, no significant 

difference was found between abundances of fish in reference and receiving water bodies 

(F1,56 = 1.40, p = 0.241). There was also no statistically significant correlation between 

magnesium concentration and M. mogurnda abundances (r = -0.099, p = 0.460) (Figure 75). 

The pattern of abundance of M. mogurnda shown in Figure 74, highest in Wimmuyurr and 

Cathedral billabongs, is consistent with the known habitat preferences of this species. In the 

ARR, M. mogurnda is most common in upland water bodies, in close proximity to sandstone 

headwater portions of streams (Bishop & Forbes, 1986; Bishop et al., 1995). Both 

Wimmuyurr and Cathedral billabongs abut sandstone outliers or escarpment. 

 



FIELD STUDIES 

257 

 

Figure 74.  Mean water body abundances of M. mogurnda over sampling years (1994–2003) as a 

function of reference or receiving mine waters. Error bars are single standard errors of the mean. 

 

Figure 75.  Relationship between M. mogurnda abundance and water body EC. Data from eriss 

(unpublished data). 

5.3.3.3 M. macleayi 

Moinodaphnia macleayi abundances were extremely variable between and within water 

bodies (Figure 76). Although mean M. macleayi abundances appeared to be greater in 

receiving than reference water bodies, there was no significant difference between water 

body types (F1,5 = 5.032, p = 0.075). 
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Nevertheless, a linear regression found a moderately strong positive relationship 

(r2 = 0.66, p = 0.082) between M. macleayi relative abundances and EC, implying increasing 

M. macleayi abundance with increasing EC (magnesium sulfate concentration) (Figure 77). 

This relationship between M. macleayi relative abundances and EC was stronger and 

statistically significant as a rank correlation (? = 0.857, p = 0.014). 

 

Figure 76.  Relative mean abundances of M. macleayi from 1995 survey data of Corbett (1996). Bars 

indicate single standard errors of the mean. 

 

Figure 77.  Relationship between mean M. macleayi abundance and water body EC. Data from 

Corbett (1996). 
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5.3.3.4 H. viridissima 

Hydra viridissima appeared to be present, although not common, in all water bodies sampled 

by Corbett (1996), except Jabiru Lake. Mean relative abundances were 40% higher in 

receiving water bodies than in reference water bodies (Figure 78). 

Nevertheless, there was considerable variation in H. viridissima abundances from both 

receiving and reference water bodies, with no significant correlation observed between EC 

and H. viridissima abundance (r = -0.04, p = 0.94) (Figure 79). Furthermore, there was no 

significant difference in the abundance of H. viridissima between reference and receiving 

water bodies (F1,5 = 0.76, p = 0.422). 

 

Figure 78.  Relative mean abundances of H. viridissima as a function of reference or receiving water 

bodies. Error bars are single standard errors of the mean. 
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Figure 79.  Relationship between H. viridissima abundance and water body EC. Data from Corbett 

(1996). 

5.3.3.5 A. cumingi (planorbid snails) 

Both within and between water bodies, planorbid snail abundances were very variable in 

1995 and 1996 (Figure 80a, b), although abundances were generally lower in 1995 than in 

1996 samples. However, there was no significant difference between reference and receiving 

water body abundances for either 1995 (F1,5 = 1.374, p = 0.294) or 1996 (F1,9 = 0.660, 

p = 0.438). 

There also appeared to be no relationship between EC and planorbid snail abundance 

although snail abundance was frequently higher in high EC receiving water bodies than in 

reference water bodies. The low importance of EC as an explanatory variable for planorbid 

snail distribution was confirmed with a non-significant rank correlation between these two 

variables for both 1995 (? = -0.270, p = 0.558) and 1996 (? = -0.114, p = 0.739) surveys. 
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Figure 80.  Mean abundance of planorbid snails for (a) 1995, and (b) 1996 surveys. Data from 

O’Connor et al. (1996; 1997). Error bars are single standard errors of the mean. 
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Figure 81  Relationship between mean abundance of planorbid snails and water body EC for (a) 1995, 

and (b) 1996 surveys. Data from O’Connor et al. (1996; 1997). 
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5.4 Discussion 

5.4.1 Previous studies 

The 1993 preliminary study of fish communities in Magela Creek reported that while the 

high EC seepage did have a profound effect on water chemistry (including lowered pH) it 

did not affect the resident fish communities of the exposed pools (Pidgeon & Boyden, 

unpublished). It was therefore concluded that the fish species encountered in these creek 

pools were tolerant of low pH waters and of those concentrations of magnesium sulfate 

(Pidgeon & Boyden, unpublished). 

Reanalysis of these data found greater inter-pool differences for environmental variables 

other than EC. Nonetheless, fish communities in the pools with elevated EC did not differ 

significantly from fish communities in reference pools. Similarly, EC was not considered a 

significantly important explanatory variable of fish community structure, unlike turbidity and 

pool volume. In agreement with the original preliminary conclusions (Pidgeon & Boyden, 

unpublished), this more detailed univariate and multivariate examination of these data 

confirms the absence of any statistically significant effect of elevated EC on fish 

communities in Dry season pools of Magela Creek at the magnesium sulfate concentrations 

and magnesium:calcium ratios observed. 

Conversely, the original 1995 analyses of water body macroinvertebrates found that 

differences in community structure were correlated with increased EC arising from 

magnesium sulfate, and that macroinvertebrate communities of receiving water bodies 

differed from those of reference water bodies (O'Connor et al., 1996). The 1995 study 

concluded that macroinvertebrate community structure had likely been altered in receiving 

water bodies. This was attributed to either a direct change in water quality (i.e. increased 

EC), or indirectly through a difference in aquatic plant community structure. The receiving 

water bodies were dominated by air-breathing taxa such as the coleopteran beetles rather 

than gilled taxa, which is indicative of poor water quality (Mason, 2001). Different 

macrophyte morphologies may result in different resident macroinvertebrate communities 

through differences in plant architecture that affect ecological processes such as predation 

rates, food availability and water quality, etc. (Douglas & O'Connor, 2003). Nevertheless, as 

observed by O’Connor et al. (1996), macroinvertebrate community structure of receiving 

water bodies may, or may not, be due to elevated EC. The potentially confounding factor of 

having 2/3 reference water bodies located in a separate catchment to those of receiving water 

bodies means differences between reference water bodies in Nourlangie Creek catchment 

and receiving water bodies in Magela Creek catchment may simply be due to catchment 

differences (O'Connor et al., 1996; O'Connor et al., 1997). 
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In the 1996 macroinvertebrate study, the response of macroinvertebrate communities in that 

year was primarily correlated with dissolved oxygen and aquatic macrophytes. The addition 

of EC made only a very small improvement to the overall explanation of macroinvertebrate 

community variability. However, the potentially confounding factor of having 3/7 reference 

water bodies located in a different catchment to those of receiving water bodies was evident 

as differences were observed between macroinvertebrate communities of reference water 

bodies of Nourlangie Creek and reference water bodies of Magela Creek. The weaker 

response of macroinvertebrates to elevated EC in 1996 was also attributed by O’Connor et 

al. to greater rainfall in the 1994/1995 (1 737 mm) season than for the 1995/1996 

(1 440 mm) Wet season (21% more rainfall). The higher rainfall in 1995 led to greater waste 

rock erosion and dissolution. Consequently, larger volumes of waste water reached the 

receiving water bodies and thus contributed a greater total solute load and duration of 

elevated solute concentrations than in the shorter Wet season of 1996 (O'Connor et al., 

1997). Greater solute load and exposure duration would appear to be the best explanation for 

the large difference between macroinvertebrate communities in 1995 and 1996.  

Using different transformations and without removing rare taxa (as done in the previous 

studies), reanalyses of macroinvertebrate community data yielded different ordination plots 

to those of the original invertebrate studies. Macroinvertebrate communities in both years of 

the study correlated primarily with vegetation characteristics and EC (this latter variable in 

turn strongly correlated with magnesium concentration) in the reanalysis. In contrast to the 

conclusion of O’Connor et al. (1997), however, the importance of EC as an explanatory 

variable still appeared to be high in 1996, even though differences in macroinvertebrate 

community structure between receiving and reference water bodies were less in 1996. 

Nevertheless, these differences in the significantly correlated environmental variables of all 

the macroinvertebrate studies are still confounded by differences in methodologies. 

Dissolved oxygen, temperature and depth index had all been deemed to be unimportant 

environmental variables after the 1995 study and were thus not included in the 1996 study. 

The absence of these data consequently excluded these variables as significant 

environmental correlates in the 1996 study. Water depth was also based upon actual sample 

depth in the 1996 study rather than maximum ranked water body depth as in the 1995 study, 

making comparison between the results and conclusions of the two studies more difficult. 

Moreover, the reanalyses of these macroinvertebrate community data demonstrated that 

although EC was very different between receiving and reference water bodies for both 1995 

and 1996, so too was the aquatic macrophyte community structure of these water bodies. 

This reanalysis, however, also confirmed the findings of the original studies by concluding 

that there was an apparent (albeit not statistically significant) difference between the 
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macroinvertebrate communities of reference and receiving water bodies for 1995 but not for 

1996 when additional reference sites were selected and with a markedly different Wet 

season. This conclusion emphasises the importance in ecosystem-scale studies in controlling 

for large-scale differences, such as catchment effects, when choosing reference sites. It also 

illustrates that catchment effects are still likely to have confounded the studies of both 1995 

and 1996. Thus, due to remaining confounding from catchment differences it is still unclear 

whether mine waters were the cause of differences between reference and receiving water 

bodies. 

The 1995 microinvertebrate survey found low numbers of taxa typical of the region (Shiel & 

Williams, 1990; Fernando, 1994) and different community structures between natural and 

artificial water bodies. There was an especially depauperate fauna in the high EC Djalkmara 

Billabong. Additionally, there were catchment differences in the presence/absence of some 

microinvertebrate taxa. The original SSH nMDS ordination separated reference and 

receiving water bodies, placing Djalkmara Billabong at an extreme, with M. macleayi the 

best single taxon differentiating the water bodies (Corbett, 1996). Reanalysis of the 1995 

microinvertebrate community data, with Primer software and rare taxa retained, more clearly 

separated reference and mine water receiving water bodies than did the original study’s 

analysis. As in the original analyses, EC was also a consistently important environmental 

variable for explaining community variability. However, a reanalysis with SIMPER found 

that M. macleayi was in fact not the best discriminating taxon between reference and 

receiving water bodies as reported by Corbett (1996), with a number of other taxa showing 

both stronger and more consistent responses to elevated EC. Nevertheless, microinvertebrate 

abundance appeared to decline across receiving water bodies with increasing waste water 

concentration, indicating that waste water may have inhibited microinvertebrate 

communities. However, it is also possible that increased nutrients, also likely to be in the 

mine waters, lead to increased phytoplankton cell size and consequent decreased grazing 

efficiency (Jiang et al., 2005). 

The fact that accompanying macrophyte data were sparse in the microinvertebrate study 

(mean water body data available only) may in part contribute to this weighting towards EC 

as an explanatory variable. The strong response of microinvertebrate communities to EC 

may indicate that microinvertebrate communities were more sensitive than 

macroinvertebrate communities to elevated solute concentrations. Conversely, preliminary 

research with waters elevated in sodium chloride has indicated microinvertebrates have 

greater tolerance of this salt than do macroinvertebrates (Nielsen & Hillman, 2000), 

implying a different mechanism of toxicity for magnesium. A difference between reference 

water body microinvertebrate community structure of Magela Creek and Nourlangie Creek 
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catchments was also found for this study’s microinvertebrate data. This difference implies 

that differences in watersheds confounded this study as with the 1995 and possibly 1996 

macroinvertebrate studies. 

The lack of statistically significant differences between reference and mine waste water 

receiving water bodies was likely to have been due to insufficient replication of water 

bodies, even though the reanalysis more clearly separated the two microinvertebrate 

community types of receiving and reference water bodies. 

Contrary to the conclusions of Bedells (2001), no differences were found in diatom taxa 

richness between reference and artificial water bodies in the reanalysis. However, the 

reanalysis found diatom assemblages responding to pH and EC in a manner similar to 

Bedells (2001). Similarly, this reanalysis found the abundance of N. radiosa to be a reliable 

predictor of mine water absence, although the reliability of this indicator taxon was found to 

be greater than in the original study. Moreover, the reanalysis found that inclusion of EC 

with pH as an explanatory variability for diatom community structure weakened the model 

by 0.05 compared with an explanatory variable of pH alone. These confounding effects of 

EC as an explanatory variable suggest diatom communities may have been primarily 

responding to pH. Of the environmental variables which affect diatom community structure, 

pH has often been found to have the greatest influence, with most diatom taxa showing 

preference for a narrow pH range (Dixit et al., 1992; Gell & Gasse, 1994; Reid et al., 1995; 

Denichola, 2000; John, 2000a, b). As with Bedells (2001), the reanalysis of the diatom data 

also found a high degree of variability between water bodies and treatments. Although 

results from Bedell’s data are both highly variable within water bodies and inconsistent with 

results from other studies of the water chemistry of the surface waters of the area e.g., Hart 

and Hart et al. (1980; 1980; 1982; 1987a; 1987b), EC does not appear to be as important an 

environmental variable as pH. 

Although there were few data for diatom communities of water bodies receiving RUM 

waters in the 2000/2001 sample dataset, the two treatments separated to either side of the 

ordination. This separation implies that other environmental variables that also differed 

between the reference and receiving water bodies were probably more important in 

structuring diatom communities at a landscape scale than was EC. A lack of a clear pattern 

primarily to the broad range of EC concentrations in the treatments is surprising, even 

though many diatom taxa have previously been regarded as broadly-tolerant opportunists 

(Tudor et al., 1991). 
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5.4.2 Field validation of single-species tests 

One of the great difficulties in evaluating ecosystem-scale risks is the difficulty in replicating 

treatments adequately enough to account for their large variability. Every water body serving 

as a replicate is also different in many more ways than just the treatment in question e.g., 

physical morphometrics, micro-climate patterns, water retention time etc. (Schindler, 1987). 

Indeed, in this study, the lack of replication and additional high within-treatment variability 

contributed to reduce statistical power such that there were no statistically significant effects 

of mine waters on single-species populations (or their surrogates) at magnesium 

concentrations above laboratory-derived LOECs on field populations of all taxa studied. 

There was no clear relationship found between magnesium concentrations in the field and 

population abundance of the bioassay taxa examined (Table 90). Indeed, test species 

occurred in waterbodies at magnesium concentrations well above those known to adversely 

affect populations on the basis of single-species ecotoxicological test results, albeit without 

consideration of the ameliorative effect of calcium. 

Field-scale phytoplankton photosynthetic pigment concentrations (Table 90) were slightly 

higher in receiving water bodies and overall pigment structure was also different in reference 

water bodies. However, pigment concentration variability was unrelated to magnesium 

concentration and magnesium:calcium ratios at this time were 8.1:1, below the 9:1 ratio 

found to ameliorate magnesium toxicity in H. viridissima (and hence protective). These 

results may have been confounded by the majority of receiving water bodies being sampled 

up to a week after those of reference water bodies, at a time when phytoplankton 

communities may have been rapidly changing as a result of changing seasonal conditions. 

Chlorophyll pigments may also not be a good proxy for Chlorella sp. in these field 

populations, which may instead be dominated by other chlorophyte taxa. Most likely, 

however, the complex mine waste water may also have contained nutrients such as elevated 

nitrate residual from blasting activities with ANFO (Ammonium Nitrate, Fuel Oil), which 

facilitated greater algal population growth. Mine waters may also have been toxic to 

zooplankton grazers (other than M. macleayi which showed no negative response to mine 

waters), c.f. mesocosm study results, which would have reduced grazing pressure. 

Similarly, there was no correlation between EC and H. viridissima abundance, nor were 

there differences between abundances of H. viridissima of populations in receiving and 

reference water bodies. 

There appeared to be lower abundances of M. mogurnda in water bodies receiving mine 

waters. However, there were too few of these sites for statistically significant differences to 

be observed. The distribution and abundance of M. mogurnda observed has also already been 
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well-explained by known longitudinal clines of fish community change (Bishop & Forbes, 

1986; Bishop & Walden, 2003a, b). Moreover, monitoring of entire freshwater fish 

communities in reference and receiving water bodies over many years has failed to detect 

differences in fish structure between the two water body types (Bishop & Walden, 2003a, b; 

Pidgeon et al., 2003). 

There were marked correlations of magnesium sulfate concentration and population 

abundances of M. macleayi (albeit not statistically significant), with this microinvertebrate 

responding in a positive manner to increasing EC. 

Planorbid snail abundances were also very variable both amongst water bodies and at 

different sampling times in water bodies of similar EC range. There was no strong 

relationship between EC and planorbid snail abundance. 

Summary 

The examination of responses of population abundances of laboratory test species (or their 

surrogates) in the field demonstrated a different pattern to that of the original laboratory 

responses. Whereas laboratory LOECs were 10 mg/L and below for all taxa other than 

Chlorella sp., field surveys of receiving water bodies failed to find deleterious effects at 

magnesium concentrations over 183 mg/L and magnesium:calcium ratios of greater than 

14:1 (Table 90). 

Table 90.  Comparison of single-species field validation survey results with laboratory bioassay results. 

– = no result calculable. 

Species tested Laboratory 

NOEC/LOEC 

(Mg2+ mg/L) 

Year(s) of 

survey(s) 

Highest Mg concentration in 

receiving waterbodies when 

surveyed (mg/L) 

Mg:Ca ratio of highest Mg 

concentration waterbody 

when surveyed 

Amerianna spp. 

(Planorbid snail) 

1.1/1.6 1995 96 13.3:1 

  1996 6.7 13.4:1 

H. viridissima 

(green Hydra) 

2.2/4.6 1995 96 13.3:1 

M. mogurnda 

(Purple-spotted 

gudgeon) 

8.3/– 1994–2003 130 14:1 

M. macleayi 

(Water flea) 

10/18 1995 96 13.3:1 

Chlorella sp. 

(Unicellular alga) 

78/128 2003 183 8.1:1 

L. aequinoctialis 

(Duckweed) 

1.9/3.1 
No field population abundance data collected for this taxa to date 

 



FIELD STUDIES 

269 

5.5 Conclusions 
Due to the high degree of confounding by uncontrolled variables (i.e. a high degree of 

variability from catchment effects and from differing macrophyte communities of the water 

body treatments) the role of magnesium sulfate in structuring aquatic communities of 

receiving water bodies still remains unclear from these survey data. As is often the case with 

correlative studies such as these, it is difficult to imply causality in the highly variable 

natural environment (Chapman, 1995a). 

Furthermore, although all these observational studies had minimal temporal replication (e.g., 

only two years of macroinvertebrate data), they contribute further value to yet another level 

of evidence in the assessment of magnesium sulfate aquatic toxicity, in addition to that 

offered by the laboratory single-species bioassays and in-situ mesocosm experiments. 

Consequently, although these field studies are largely uncontrolled and heavily confounded 

in their toxicant exposure duration/concentration/composition matrix, they still represent a 

valuable insight into a “whole ecosystem” response to the potential impacts of magnesium 

sulfate in RUM discharge to the Magela Creek catchment. The data from these studies, 

therefore, contribute to each other both where information from each study may be absent, 

and also to different but complementary ecological scales of analysis (Menzie et al., 1996; 

Chapman, 2001; Chapman et al., 2001). 

These field studies do imply a convincing conclusion of an ecological effect of magnesium 

sulfate at high concentrations on the diverse biotic assemblages studied. Collectively, these 

previous studies imply aquatic biotic community structure changes attributable to mine 

waters may have occurred in RP1 and Djalkmara Billabong at a time when these mine water 

receiving billabongs would have had elevated concentrations of magnesium (10 mg/L and 

higher), and at this same time when these waterbodies had magnesium calcium ratios of 10:1 

to 14:1 (above that found protective to H. viridissima). Hence, these field studies also 

provide support for amelioration of magnesium toxicity at magnesium:calcium 

concentrations of around 9:1 or below. Magnesium toxicity to phytoplankton may also have 

been reduced through nutrients also present in the complex mine waste water concomitantly 

encouraging algal growth. 

However, taxa of the single-species bioassays are also represented in the biotic communities 

of these previous studies. Direct ad hoc examination of the population response of some of 

these bioassay species provides further insight into the ecotoxicology of magnesium sulfate 

at a field scale and as a component of a complex mine waste water. Field data pertaining to 

these toxicity test species in a field environment and receiving mine waters demonstrated no 
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deleterious effects at chronic exposures to concentrations of magnesium and 

magnesium:calcium ratios for which such effects would be predicted. 

As previously discussed (Chapter 1.1–The science of ecotoxicology), discrepancies observed 

between results of single-species tests and those of field studies may be due to many reasons. 

For instance, they are likely to be due to the more complex mixture of mine waste waters 

relative to the simple magnesium sulfate solution in Magela Creek water diluent which was 

used in the single-species bioassays. In addition to elevated magnesium, sulfate, calcium and 

other ions (eriss unpublished data) this more complex mixture also included elevated 

uranium concentrations (albeit below guideline concentrations (Hogan et al., 2005)). 

Furthermore, even though related taxa tend to respond in a similar manner to environmental 

variables, responses of taxonomically closely related surrogates may still differ markedly 

through dissimilar physiologies (Holdway, 1997). As a specific example, magnesium sulfate 

has been found to be much more toxic to the green hydra Hydra viridissima, than to the more 

common, yet clearly closely-related species pink hydra Hydra vulgaris (unpublished data). 

Similarly, the response of photosynthetic pigments as a proxy may differ from actual 

phytoplankton community structure. The complex and unpredictable interactions of resource 

competition, predation etc. encountered in these field studies may also both confound and 

greatly modify the response of populations of these taxa in an ecosystem setting (Cairns, 

1983, 1986a, 1988; Calow et al., 1997). Notwithstanding biological and chemical 

explanations for the differences observed between these study types, the reduced statistical 

power due to the limited replication and greater variability of the field validation studies 

could also explain the adverse effects seen in the laboratory studies but not in the field 

surveys. Nevertheless, the consideration of this further level of scaling in the assessment of 

the environmental toxicology of magnesium sulfate from the RUM discharge still lends itself 

to a more complete understanding of the likely ecosystem responses of this toxicant. 

There were significant data and analytical issues in the original studies which weakened 

confidence in their conclusions. Furthermore, individually these studies provide little support 

for management of the environmental risk arising from this discharge. Notwithstanding, 

collectively these studies comprise a multi-scale assessment that suggests elevated 

concentrations of magnesium sulfate, in a whole effluent of other elevated ions, complex 

ecosystem setting and over chronic exposures, may impact aquatic biota at magnesium 

concentrations >10 mg/L, when calcium concentrations are low. 
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6 SYNTHESIS 
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6.1 Conclusions of the multi-scale assessment of 

magnesium toxicity 

This thesis has described an analysis of the responses of aquatic organisms endemic to 

Magela Creek to elevated concentrations of magnesium, measured across a range of spatial 

and temporal scales. At the first scale, single-species testing in a laboratory provided the 

most toxicological information, identifying that magnesium, not sulfate, was the cause of 

toxicity. Using a Species Sensitivity Distribution (SSD) modelling approach with BurrliOZ 

software, the single-species laboratory assays for six different locally-sourced taxa indicated 

a site-specific 99% (95% confidence limits) environmental protection guideline value for 

magnesium of 0.6 mg/L (0.4–1.6 mg/L) in Magela Creek waters. Although magnesium is 

recognised as an essential element (CCREM, 1987), a 99% protection level was thought 

reasonable given the significant environmental value of the receiving system, Kakadu 

National Park. Single-species testing also identified that the extremely low concentrations of 

calcium in the soft receiving waters of Magela Creek receiving waters, contributed greatly to 

magnesium toxicity. Concomitantly elevated calcium concentrations in the RUM mine waste 

water discharge were found to ameliorate magnesium toxicity, with complete amelioration 

for H. viridissima at a magnesium:calcium ratio of 9:1 in 10 mg/L magnesium. 

Consequently, the mode of action of magnesium toxicity is thought to be due to magnesium 

successfully competing against calcium for binding sites at a cellular level (the competitive 

analogue model), as a result of the very similar size and valency of the more concentrated 

magnesium cation. Since mining began, observed magnesium concentrations and 

magnesium:calcium ratios in Magela Creek have rarely exceeded 9:1 which have been 

demonstrated to be toxic to aquatic biota. 

Nevertheless, as a result of the continuing evolution of “ecotoxicology”, the emphasis on 

extrapolation of laboratory results to field expectations is considered an increasingly 

important requirement (Chapman, 1995c; Hose & Van den Brink, 2004). A large part of the 

change in emphasis is because, although toxicological data derived from laboratory 

bioassays may provide repeatable results, they may still not provide an accurate assessment 

of actual receiving system ecotoxicity. Inaccurate assessments may either fail to sufficiently 

protect receiving ecosystems or, conversely, may contribute to overly conservative 

guidelines which unnecessarily restrict industry more than is required for environmental 

protection (Chapman, 1995c; Carpenter, 1996). Consequently, a hegemony on the evolution 

of ecotoxicological science and practice is that the primary application of ecotoxicological 

data is regulatory (Cairns, 1988). Scientific results from the various forms of 

ecotoxicological testing available are frequently held in higher esteem by regulatory bodies 

when they are more precise and repeatable (Andrea Hinwood, Environmental Protection 
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Agency of Western Australia pers. comm.). This is the case even if these data may not be 

relevant or sufficiently comprehensive for the receiving system of concern. Consequently, 

many of the criticisms of the validity of single-species, laboratory-test data relate more to the 

regulatory application of the science within its limitations, than to the way the science itself 

is executed (Cairns, 1988; Gray, 1994). 

A broader criticism of single-species testing is that it is relatively rare for a single line of 

evidence to reach a definitive risk conclusion (Fairbrother, 2003). Indeed, some authors 

consider that single species studies alone cannot be used to assess environmental toxicant 

risk e.g., Joern & Hoagland (1996). While extrapolation of results from small-scale studies to 

larger scales may be sufficient for generic or screening assessment, small-scale study data on 

their own are likely to be unreliable for site-specific and high reliability requirements 

(Chapman, 2002; Freckleton, 2004). An example is this assessment for the Magela Creek in 

Kakadu National Park. Furthermore, there is a danger that these smaller-scale studies can 

easily become the over-interpreted object of study, rather than the toxicological issue they 

are designed to address (Carpenter, 1996; Chapman, 2002). Studies at smaller, proxy scales 

to that of the receiving system in question often encourage a “Type III error” of the original 

definition of sensu Kimball (1957), where an irrelevant question is answered. In this type of 

error, the questions “is there an impact on the proxy?” and “what mode of action on the 

proxy does the toxicant take?”, etc. become the sole questions of analysis, with little regards 

to the context of scale or management application which initiated them. Given that 

ecological systems do not have a single characteristic of scale, the context and relevance of 

toxicant guidelines have been considered more reliably derived from studies at more 

appropriate, higher scales (Carpenter, 1996). 

To address many of the criticisms levelled at guideline values derived from single-species 

toxicity testing, mesocosm studies using both natural creek pools and artificial enclosures 

were also used to assist in the derivation of a guideline value for magnesium in Magela 

Creek. Although the results from the natural pool experiment were rendered inconclusive by 

groundwater interactions, this mesocosm-scale experiment indicated alteration of 

macroinvertebrate community structure at high magnesium concentrations, albeit with no 

effect of elevated magnesium sulfate upon phytoplankton communities. The more controlled 

artificial enclosure mesocosm experiment yielded reliable data from the four biotic 

communities of macroinvertebrates, microinvertebrate, benthic diatoms and phytoplankton 

(via chlorophyll pigment proxies). Of these four biotic communities, microinvertebrates 

were the most sensitive to elevated magnesium. Seriation analysis of the microinvertebrate 

community yielded a NOEC value of 8 mg/L. The application of an order-of-magnitude 

assessment factor to the NOEC concentration (ANZECC/ARMCANZ, 2000a) gave a final 
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magnesium concentration guideline value from mesocosms of 0.8 mg/L. This mesocosm-

derived guideline value was very similar to the guideline value given by single-species 

bioassay testing (0.6 mg/L). 

The close similarity between the single-species and mesocosm derived trigger values is 

surprising given the much greater variance, and thus lower statistical power, of the latter. 

Even though a gain in replicability and statistical power of mesocosms or any reduced-scale 

ecological study is usually coupled with a loss of relevance to the natural system (Tsirtsis & 

Karydis, 1997), the high level of concordance between the two very different derivation 

methods may be simply serendipitous. For example, choice of arbitrary assessment factor 

value clearly greatly influenced the final mesocosm guideline concentration. The good 

correlation between the two guideline values may merely indicate that the two datasets share 

a similar pattern and not that one predicts the other particularly well (Cairns, 1988). 

Nonetheless, even though geographical origin has been thought likely to be independent of 

the sensitivity of organisms tested (Hose & Van den Brink, 2004), the use of locally-sourced 

endemic species in the single-species toxicity tests would be expected to have increased the 

similarity of responses of the single-species bioassays to those of Creek-derived mesocosm 

communities. 

Previous field-scale surveys, which had examined the effect of mine waste waters on aquatic 

biological communities of local water bodies, were reanalysed. This analysis also examined 

the effect of mine waters on population abundances of the same taxa or closely related 

proxies assessed in single-species laboratory toxicity testing. As with the original survey 

analyses and conclusions, the reanalyses of the same data found aquatic biotic community 

changes which could be related to high concentrations of magnesium in the waste water 

matrix. Furthermore, the field surveys of test taxa were consistent with the results of the 

single-species laboratory toxicity testing that elevated calcium ameliorates magnesium 

toxicity. As the laboratory based single-species studies predicted, these field studies of the 

bioassay taxa in the water bodies receiving mine waste waters found no ecological effects on 

these taxa at magnesium:calcium ratios of 9:1 or less. These results appear to confirm that 

environmental protection at higher scales may be supplied by ecological studies at lower 

scales. 

Laboratory-based, single-species tests have been found to best predict the field effects of 

strong toxicants upon common species (Birge et al., 1989; Kefford et al., 2004). However, 

this is likely to be because taxa selected for single-species ecotoxicological testing are 

typically common species (Cairns, 1986a). By definition, these species are unlikely to be of 

as much conservation significance as a consequence of their higher abundances and broader 

environmental tolerances. Conversely, rare species may already be constrained in abundance 



SYNTHESIS 

275 

and distribution by narrower environmental tolerances, placing them at greater risk of 

extinction at a particular scale and increasing their conservation value. Yet these same higher 

conservation-value species may be the least protected by single-species testing (Cao & 

Williams, 1999; Cao et al., 1999b; Marchant, 1999). 

Notwithstanding, results in this study from single-species toxicity testing (few species 

assessed, more artificial conditions and shorter exposure times) agreed surprisingly well with 

results from mesocosm studies (entire communities assessed, more realistic environmental 

conditions and chronic exposure times). They also agreed well with results from field studies 

(entire communities assessed in ecosystem-scale realistic environmental conditions with 

exposure times to organism generations). The higher-scale organisation studies of 

mesocosms and field studies were more variable, confounded (in the case of the natural pool 

study) and consequently statistically less powerful. However, these higher-scale studies 

provide higher-reliability trigger value data through their consideration of more species, 

under more environmentally relevant conditions. Hence, the guideline value for magnesium 

providing the greatest confidence in ecological protection, in the absence of any 

consideration given to the ameliorative effects of calcium, is given by the mesocosm 

assessment (0.8 mg/L). Similarities between the results of single-species toxicity testing and 

those of the mesocosms are nonetheless still surprising, in part because the single-species 

toxicity testing datasets used to derive guideline values were under-represented in aquatic 

insects, as ecotoxicological data in the literature typically are (Hickey & Pyle, 2001). Single-

species tests had been expected to be more sensitive as the eriss testing suite is comprised of 

species specifically selected, from an initial broad test species suite, to be sensitive to RUM 

mine waters. However, exposure durations in mesocosm bioassays and field exposure 

experiments are also frequently greater than those in single-species laboratory tests 

(deVlaming & Norberg-King, 1997; Warne, 1998). The predominant reason for greater 

exposure times in mesocosm experiments is a function of their more expensive setup costs 

and cheaper ongoing costs than for the smaller-scale but more intensive single-species 

laboratory tests (Odum, 1984). The reason for greater exposure times in field studies is by 

reason of their observational nature, where existing exposures are assessed retrospectively. 

These greater exposure durations of the large-scale experiments would be expected to 

increase the sensitivity of these studies. Further differences in sensitivity between single-

species toxicity testing and the community assessments of the mesocosm and field studies 

were expected to be due to the absence or, at best, greatly reduced contribution of the single-

species bioassay test species themselves to the mesocosm communities (i.e., possible lack of 

relevance of the test species). 
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Nevertheless, although differences between assessment scales are expected, the alternative 

approach of employing more relevant field-scale data is rarely used to derive water quality 

guidelines, and better use of field monitoring data has not been addressed in the latest 

ANZECC/ARMCANZ guidelines (Pollino & Hart, 2005). Some authors have even 

questioned whether field studies still give managers enough information about the risks of 

potential toxicants on which to base management decisions (Power & McCarty, 1997). 

Rather, on the rare occasion that they have been completed (such as in this current study), 

studies that have combined data from laboratory tests with data from field observations have 

often been found to provide the greatest information about a toxicant and its likelihood of 

ecosystem-scale effects (Shugart Jr. et al., 1976; van Voris et al., 1980; Thompson & 

Thompson, 2004). 

This greater understanding of a toxicant’s risk increases both the scientific validity of the 

water quality criteria derivation process, and also improves the confidence for managers and 

stakeholders (Haskel, 1942). Consequently, “validation” (sensu Cairns (1986b)) of single-

species toxicity assessments of this sort (or from tests of similar lower levels of complexity) 

by high level assessments, remains the highest standard for ecotoxicological trigger value 

derivation. As such, multi-scale assessments are recognised as providing trigger values of the 

highest reliability for environmental protection (ANZECC/ARMCANZ, 2000a). 

Although numerous endeavours have been made e.g., Hickey (2000), Hose and Van den 

Brink (2004), Kefford et al. (2004), there still appears to be no parsimonious way of 

marrying data from very different scales of study together into a single holistic trigger value 

derivation, without significant loss of information specific to each scale. Nevertheless, there 

remains great value in the holistic use of studies from multiple ecological scale toxicological 

assessments. 

Bayesian inference is one statistical method of analysis for ecological impact data that, 

although not used in this particular study, already shows great promise in the field of 

environmental risk prediction and management (Pollino & Hart, 2005). Bayesian Belief 

Networks can provide a useful approach for combining available data where causal 

relationships are generally well understood, but are still difficult to quantify (Fox, 2006). 

Bayesian methods are also especially well suited to situations with data from multiple scales 

(Hart et al., 2006) or results and information from previous relevant studies or expert 

opinions (Roelofs et al., 2003) which would lend themselves to a much more robust 

assessment if they could be brought together (Ellison, 2004). Although this study did not 

incorporate Bayesian methodology into trigger value derivation, another study has already 

successfully incorporated this strategy for determining scientifically defensible assessment 

factors prior to derivation of a uranium water quality guideline for this same RUM 
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wastewater discharge (Fox, 2006). Incorporation of the current work’s ecotoxicological 

findings in a similar Bayesian analysis would be a logical next step in the ongoing 

refinement of water quality criteria for this situation. 

Given that the two activities of science and policy are distinct (Cairns, 1988), some authors 

also suggest that ecotoxicological data should not provide guidelines alone. Instead 

ecotoxicological data are best incorporated into a risk assessment framework which accounts 

for the confidence in quality and relevance of the data to indicate whether environmental 

harm will occur, and if so, the acceptability of this harm to society (Hart et al., 2006). 

Formal risk assessments provide an ideal framework for integrating ecotoxicological and 

other data (Burgman, 2005) as economic, political and sociological considerations are also 

important in ecological risk-management (Horwitz & Nichols, 2002), but are often not 

considered in risk-assessment (Roelofs et al., 2003). Clearly, in addition to this work’s 

ecotoxicological findings, these further considerations would also be required in the 

suggested Bayesian analysis. 
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6.2 Limitations of this work, and recommendations for 
further work 

Another important consideration for ongoing refinement of water quality criteria for 

magnesium is the need for further research to enable a better understanding of the ecological 

toxicity of magnesium. For example, magnesium may slowly penetrate membranes and yet 

concentrations of magnesium inside cells are kept within narrow limits, regardless of gross 

extra-cellular magnesium concentration changes. This concentration difference, far from an 

electrochemical equilibrium, implies the presence of specialised magnesium transport 

systems. Although magnesium transport across certain membranes (e.g., nerve and muscle 

tissue) shows qualities in common with calcium transport, some organelles (including 

mitochondria) demonstrate very different features implying different transport systems in 

these tissues (Flatman, 1993). Furthermore, no high-affinity magnesium binding sites have 

been reported that do not bind calcium even more strongly (Flatman, 1993). For both 

magnesium and other toxicants preferentially ameliorated by calcium (as opposed to 

magnesium), calcium concentration (calcium water hardness) should, therefore, be 

increasingly used as a ‘correction’ factor to consider in water quality guidelines (Markich & 

Jeffree, 1994) rather than the broader “total water hardness” measurement (expressed as 

calcium carbonate equivalent), which includes magnesium (APHA, 1998). 

As has been demonstrated (Chapter 2.2–Mining influences on Magela Creek), there is also a 

strong relationship between both magnesium and sulfate ion concentration and EC in RUM 

mine waters. Although this means that a rapid and simple method for measuring 

concentrations of these ions may be achieved by monitoring EC, concomitant calcium 

concentrations are not evaluated by this method. Therefore, rather than simple EC, a 

preliminary magnesium guideline concentration should be based upon the demonstrated 

magnesium calcium protective ratio of 9:1 or less, at magnesium concentrations of 10 mg/L 

or lower. This ion-specific guideline will also reduce the confounding influence of other ions 

contributing to creek water EC (e.g., sodium and chloride, Appendix 2–Ion concentrations 

for snail ecotoxicology). Consequently, for the non-bioaccumulating and highly water-

soluble magnesium sulfate within Magela Creek Wet season waters, the old maxim of “the 

solution to pollution is dilution” appears to hold true for magnesium sulfate. 

The low toxicity of sulfate renders a guideline for sulfate irrelevant at the concentrations 

encountered at RUM downstream monitoring site GS821009. Nevertheless, because 

concentrations of magnesium and sulfate are closely correlated in the RUM waster water 

discharge, water quality management based on a magnesium trigger value will also maintain 

sulfate concentrations well below environmentally deleterious levels. 
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Another potential water quality consideration is that much of the 240 t of sulfur contained in 

the anaerobic benthic sediments of RP1 would be expected to be remobilised as sulfate 

(Simpson et al., 1998) if this water body were to be dewatered and sediments subsequently 

oxidised (Overall et al., 2003). Maintaining saturated and thus anaerobic sediments to retain 

sulfur as sulfides is recommended for immobilisation of such sulfidic sediments (Simpson et 

al., 1998; Smith, 2004). 

Variations in the aquatic ecology of Magela Creek have been closely linked with creek 

hydrology (Hart, 1980). A greater knowledge of the interplay between billabong and creek 

hydrology is, therefore, likely to be very important in predicting expected concentrations of 

magnesium in this complex system. Understanding and predicting the fluvial transport of 

magnesium (and indeed RUM wastewater constituents in general) is an important component 

of the assessment of risks associated with magnesium toxicity in Magela Creek that remains 

largely absent from this current work. 

Other effects of elevated magnesium sulfate may also need to be considered. For example, 

greater Wet season rainfall events encourage greater freshwater fish recruitment (Bishop et 

al., 1995) but also lead to greater Magela Creek flows and concomitant greater volumes of 

the RP1 discharge of elevated magnesium sulfate, uranium, and other solutes altering Creek 

chemistry. Greater volumes of RP1 discharge also increase the exposure time of the Creek to 

elevated solute discharge (O'Connor et al., 1996). Avoidance responses to waste waters that 

were not examined by this study may therefore potentially occur with aquatic biota of 

Magela Creek. For example, point discharges of toxicants might directly interfere with both 

migration ability of juvenile fishes and invertebrates (Boubée et al., 1997) and juvenile 

survivorship (Rowe et al., 1998). Both invertebrates and fish migrating up the Magela Creek 

at the end of the Wet season could demonstrate these avoidance responses. However, 

potential effects of the mine waste water discharge on fish communities in the higher-

concentration waste stream within Magela Creek above Gulungul Billabong has not been 

evaluated. For example, following release of Retention Pond 4 water, avoidance behaviour 

of some migrating fish populations has been observed to have occurred within a short mixing 

zone within the RUM mining lease (Humphrey et al., 1990). Conversely, slightly enhanced 

snail egg production and larval fish survival has been observed during creekside monitoring 

at GS009 (Chris Humphrey, eriss pers. comm.), possibly arising from micronutrient 

enhancement by RP1 water in the very low solute waters of Magela Creek. This 

enhancement, similar to that postulated as an explanation for the elevated chlorophyll a 

pigment concentrations of mine waste water receiving water bodies (Chapter 5.3–Field 

validation of single-species toxicity tests), may mask any deleterious effects of waste water 

constituents to other taxa. 
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The fate of high-solute waste waters moving into groundwater may also need to be 

considered, as these waters are likely to be eventually expressed within the Magela Creek. 

Whilst solute contributions from leakage from the RP1 wetland filter are primarily to 

shallow aquifers, those from the tailings dam (which contains higher solutes) are 

predominantly to deeper aquifers (Overall et al., 2003). The occurrence (pers. obs.) and 

significance of the eventual emergence of these waters into the Magela Creek system, quite 

possibly during recessional flow when hydraulic gradient is maximised (Gordon et al., 

1992), should also be examined. 

For ecosystems such as KNP that require the highest level of protection, the objective of 

water quality criteria should be to ensure that there is no detectable change (beyond natural 

variability) in the scales of ecosystem physical and chemical stressors 

(ANZECC/ARMCANZ, 2000a). For such highly-valued ecosystems, the statistical decision 

criteria for detecting any change should be both ecologically conservative and based on 

sound ecological principles. This position should only be relaxed where there is considerable 

biological assessment data showing that such changes will not affect biological diversity in 

the system. Furthermore, maintenance of ecosystem resilience is also important in light of 

other stressors (natural or anthropogenic) which the ecosystem may be experiencing or may 

experience in the future (Scheffer et al., 2001) from broader scale anthropogenic influence, 

e.g., greenhouse warming. 

Environmental protection of an ecosystem from a toxicant does not, therefore, finish with 

simple environmental guidelines. Single-species tests in particular should often be 

recognised as only the first stage in an ongoing development of criteria (Cairns, 1988). 

Feedback from monitoring and integration of new knowledge will necessitate continual 

review and modification of guidelines as required. Ongoing monitoring of receiving aquatic 

systems both during and after rehabilitation of RUM already provide additional indications 

of the existence of any toxicological concerns (Humphrey & Dostine, 1994; Humphrey et 

al., 1994; Humphrey et al., 1999). Further ad hoc studies of natural communities of benthic 

macroinvertebrates and fishes are also made from receiving sites below RUM and at 

reference sites both upstream of the mine and also in other creeks (both same and different 

catchments). These data provide further ecological information in the form of powerful and 

highly relevant whole-effluent, community-scale assessments of the effect of RUM 

wastewater discharge (Humphrey et al., 1999). Incorporation of phytoplankton sampling in 

the regular water body monitoring surveys, for example with handheld 

monochromatic/trichromatic fluorometry with concomitant collection of macro-nutrient data 

(total phosphorus, free orthophosphate, Kjeldahl nitrogen) may also be a simple and relevant 
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addition to the ongoing ecosystem protection studies given that primary production is an 

important ecosystem function and is potentially sensitive to magnesium toxicity. 

A re-survey of aquatic biotic communities of the same sites examined in the 1995 (O'Connor 

et al., 1996) and 1996 (O'Connor et al., 1997) studies would also be advantageous for better 

understanding the effect of Wet season exposure arising from magnesium. This survey 

would be most valuable if it included the more sensitive (to mine waste waters) 

microinvertebrate and phytoplankton communities (e.g., with the latter as chlorophyll 

pigment proxies, or better as entire unfiltered and fixed water samples) as well as the 

macroinvertebrate communities of the previous studies. Inclusion of these extra communities 

would facilitate a better understanding of the effect of elevated magnesium concentrations on 

these different communities and on overall ecosystem function. EC measurements at each 

sampling site within each water body may also explain site variability in terms of differences 

in water chemistry if the water bodies are not well mixed. 

In conclusion, “ecology” may be defined as the “branch of biology dealing with organisms’ 

relation to one another and their surroundings” (Pearsall, 2002), recognising that ecosystems 

receive pressure from a multitude of anthropogenic and natural stressors. In contrast, as a 

result of its toxicological ancestry and of being specifically designed to identify clear 

ecological impacts, ecotoxicology does not always sufficiently consider elements other than 

chemicals in the functioning of an ecosystem (Chapman, 1995c; Steinberg & Ade, 2005). 

However, the “eco” component is of great value to the relevance and credibility of the 

science of ecotoxicology through demonstration of a clear link between highly controlled 

single-species tests and potential damage to higher scales of the more complex complete 

ecosystem (Chapman, 1995b). Although “validation” by higher-scale experimentation 

increases assessment costs, as this current work has demonstrated, the addition of this scale 

provides for greater confidence in guideline values for sites of high ecological value such as 

Magela Creek of Kakadu National Park. 
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Appendix 1  Functional Feeding Group (FFG) categories 

Table 91  Functional feeding group (FFG) categories used in this study. Developed from (Winterbourn 

et al., 1984; Hawking & Smith, 1997; Choy et al., 1998; Barbour et al., 1999; Gooderman & Tsyrlin, 

2002) 

Taxa Life stage FFG 

Acarina n/a Predator 

Aedes Larvae Filterer/Collector 

Anophelini Larvae Filterer/Collector 

Antipidogomphus Nymph Predator 

Atyidae n/a Omnivore 

Austrogomphus Nymph Predator 

Austrolimnius Larvae Gatherer 

Baetidae Nymph Gatherer 

Belostomatidae n/a Predator 

Bithyniidae n/a Scraper 

Ceratopogonidae Larvae Predator 

Chaoboridae Larvae Predator 

Cheumatopsyche Larvae Filterer/Collector 

Chimarra Larvae Filterer/Collector 

Chironominae Larvae Gatherer 

Chironomidae Pupae n/a 

Chrysomelidae Adult Shredder 

Coenagrionidae Nymph Predator 

Corduliidae Nymph Predator 

Corixidae n/a Omnivore 

Culicini Larvae Filterer/Collector 

Curculionidae Adult Shredder 

Conchostroca n/a Filterer/Collector 

Dugesiidae n/a Omnivore 

Dytiscidae Larvae Predator 

Dytiscidae Adult Predator 

Ecnomina Larvae Predator 

Ecnomus Larvae Predator 

Ecnomidae Pupae Predator* 
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Table 91  Functional feeding group (FFG) categories used in this study. Developed from (Winterbourn 

et al., 1984; Hawking & Smith, 1997; Choy et al., 1998; Barbour et al., 1999; Gooderman & Tsyrlin, 

2002) (continued). 

Taxa Life stage FFG 

Ferrissia petterdi n/a Scraper 

Gerridae Adult Predator 

Glossiphoniidae n/a Predator 

Haliplidae Larvae Herbivore 

Hebridae n/a Predator 

Helicopsyche alicea Larvae Scraper 

Hellyethira Larvae Scraper 

Hydrochus Larvae Scraper 

Hydrochus Adult Scraper 

Hydrophilus Adult Predator 

Hydroptilidae Larvae Herbivore 

Hyriidae n/a Filterer/Collector 

Leptophlebiidae Nymph Gatherer 

Lestidae Nymph Predator 

Naididae n/a Gatherer 

Naucoridae n/a Predator 

Nematoda n/a Omnivore 

Noteridae Adult Predator 

Oecetis Larvae Predator 

Oligochatea n/a Gatherer 

Oribatida n/a Gatherer 

Other chironomid Larvae Predator/Gatherer 

Palaemonidae n/a Omnivore 

Ranatra n/a Predator 

Sisyridae Larvae Predatorψ 

Staphylinidae Adult Predator 

Stempellina Larvae Gatherer 

Stenochironomus Larvae Shredder 

Stratiomyidae Larvae Gatherer 

Tabanidae Larvae Predator 

Tanyderidae Larvae Gatherer 
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Table 91  Functional feeding group (FFG) categories used in this study. Developed from (Winterbourn 

et al., 1984; Hawking & Smith, 1997; Choy et al., 1998; Barbour et al., 1999; Gooderman & Tsyrlin, 

2002) (continued). 

Taxa Life stage FFG 

Tasmanocoenis Nymph Gatherer 

Thiaridae n/a Scraper 

Tipulidae Larvae Shredder 

Mesocosmificidae n/a Gatherer 

Veliidae n/a Predator 

Wundacaenis Larvae Gatherer 

ψSpecialist sponge (Spongillidae) predator 
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Appendix 2  Ion concentrations for snail ecotoxicology 

Table 92  Jabiru tap water (14/02/02) used at eriss laboratories for gudgeon and snail (2001) brood stock maintenance and mean Magela Creek water chemistry. 

Sample Al 

(µg/L) 

Ca 

(mg/L) 

Cd 

(µg/L) 

Cr 

(µg/L) 

Cu 

(µg/L) 

Fe 

(µg/L) 

K 

(mg/L) 

Mg 

(mg/L) 

Mn 

(µg/L) 

Na 

(mg/L) 

Ni 

(µg/L) 

Pb 

(µg/L) 

SO4 

(mg/L) 

U 

(µg/L) 

Zn 

(µg/L) 

Tap water 0.9 23.2 0.03 9.4 6.87 <20 0.30 41.7 0.71 1.8 0.87 2.41 1.3 6.54 42.5 

Creek water* – 0.65 – – 0.84 – 0.30 0.72 10.3 1.40 – 0.98 0.62 0.62 9.4 

* after Klessa, – = no data 

Table 93  Maximum ion concentrations less Mg2+ and SO4
2- encountered in A. cumingi unameliorated (2001) bioassays. 

Ion Al 

(µg/L) 

Ca 

(mg/L) 

Cd 

(µg/L) 

Co 

(µg/L) 

Cr 

(µg/L) 

Cu 

(µg/L) 

Fe 

(µg/L) 

K 

(mg/L) 

Mn 

(µg/L) 

Ni 

(µg/L) 

Pb 

(µg/L) 

Se 

(µg/L) 

Ni 

(µg/L) 

Ni 

(µg/L) 

Concentration 8.90 1.00 0.19 0.07 0.70 2.57 <20 1.20 1.94 1.13 0.31 0.80 0.08 23.80 

 

 

Table 94  Water chemistry of the Magela Floodplain near the site of original A. cumingi brood stock collection (sampled 06/03/03). 

Ion Al 

(µg/L) 

Ca 

(mg/L) 

Cd 

(µg/L) 

Cr 

(µg/L) 

Cu 

(µg/L) 

Fe 

(µg/L) 

K 

(mg/L) 

Mn 

(µg/L) 

Cr 

(µg/L) 

Na 

(mg/L) 

Ni 

(µg/L) 

Total N 

(mg/L) 

Total P* 

(mg/L) 

SO4 

(mg/L) 

Ni 

(µg/L) 

Ni 

(µg/L) 

Concentration 151 0.30 <0.02 0.50 0.30 100 0.70 0.40 1.80 1.70 0.29 0.12 0.005 0.2 0.12 2 
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Table 95  Mean concentrations of majopr ions in uaclimated snail toxicity test treatments over days 4 and day 8 (unacclimated 2001).  

 Treatment nominal values Magnesium Magnesium sulfate Calcium 

MgSO4 (mol) Mg (mg/L) Average S. E. Average S. E. Average S. E. 

Control Control 0.6 0.1 0.5 2.5 0.2 0.2 

0.00001 0.2 0.8 0.0 0.0 0.0 0.1 0.1 

0.0003 7.3 8.1 0.2 1.0 4.9 0.2 0.7 

0.001 24 24 0.5 2.5 12 0.2 2.6 

0.003 73 70 1.1 5.4 27 0.1 4.2 

0.01 243 246 4.7 23 115 0.1 16 
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Appendix 3  Summary of A. cumingi results 

Table 96  Results summary of treatment effects for A. cumingi unacclimated (2001) tests. 

 Day 4 Day 8 Cumulative days 

Treatment 

(Mg2+, mg/L) 

Embryos Egg 

masses 

Deaths Embryos Egg 

masses 

Deaths Embryos Egg 

masses 

Deaths 

Control 94 6 0 210 12 0 304 18 0 

0.2 213 11 0 453 21 1 666 32 0 

7.3 122 7 0 267 14 1 389 21 3 

24.3 18 1 1 198 10 0 216 11 0 

72.9 0 0 2 66 4 0 66 4 2 

243.1 0 0 0 0 0 0 0 0 0 

Totals 447 25 3 1194 61 2 1641 86 5 
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Appendix 4  Overview of BurrliOZ distribution-fitting 

The Aldenburg and Slob method (1993) was originally published with the limitation 

of only using a log-logistic ECPDF to fit data to. The log-logistic distribution 

generally provides good fits to small datasets with additional mathematical 

convenience afforded by the simplicity of this model (Shao, 2000). The 

ANZECC/ARMCANZ (2000a) method instead fits ecotoxicity data to the Burr type 

III distribution of curves (Burr, 1942) to protect a chosen percentage of an 

ecosystem’s species according to the level of protection desired e.g., 99% for high 

conservation value ecosystems. 

The Burr type III distribution is a very flexible three-parameter ECPDF that can 

provide good approximations to many of the commonly used distributions such as 

the log-normal, log-triangular and Weibull (Shao, 2000). The cumulative distribution 

function for the Burr type III distribution is as follows. 

 

Equation 8  Cumulative Burr III distribution  
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 Where: b = eµ 

 c = 1/θ 

 k = 1 

 

Protecting concentrations (PC(q)) for receiving water communities are typically 80 

or 95 percentiles (with 50% confidence limits) depending on original degree of 

impairment and ecological value. The high conservation and ecological value 

systems of the receiving waterways of Kakadu National Park warrant a level of 

protection that would be expected to ensure no change in biological diversity beyond 

natural variability (Supervising Scientist, 2002a). However, until the trigger value 

that achieves this protection is known, a 99% trigger value is recommended as a 

default value for such areas of high value (ANZECC/ARMCANZ, 2000a). The PC99 
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of the magnesium NOEC data were calculated for the Burr type III distribution as 

follows. 

 

Equation 9  Protecting concentration of q% taxa ( )
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This method, although conceptually simple, is mathematically complex and requires 

the use of a specialised program (Campbell et al., 2001). However, new software 

“BurrliOZ” specialising in this method has simplified this task (Campbell et al., 

2001). Confidence intervals for this trigger value were constructed from Monte-Carlo 

simulations using the computer-intensive re-sampling method of bootstrapping 

(Efron & Tibshirani, 1993). 
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ENDPIECE 

 

 

Plate 3  Traditional Owners assisting with the magnesium sulfate project. Andrew Moore collects a 

macroinvertebrate sample from a drying pool in the Magela Creek bed on the border of Arnhemland, 

whilst Colin Liddy checks on an approaching bushfire smoke cloud. 

 


