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Abstract 

Sewage effluent can be a major point source of nutrients in receiving waterways if 

conventional sewage treatment methods cannot effectively reduce nutrient loads. I 

investigated the dispersion and ecosystem uptake of nutrients from treated sewage 

discharged into Buffalo Creek, a macro-tidal mangrove ecosystem near Darwin, 

Northern Australia. Prior to this study, the dispersion and assimilation of sewage-

derived nutrients in Buffalo Creek ecosystem were poorly constrained. This study 

combines for the first time a multi-isotope approach to detect and quantify the 

influence of treated sewage effluent, which is the main nutrient source in Buffalo 

Creek. Nutrient dynamics in the creek were mainly governed by physical processes 

on spring tides and wet season neap tides, while both physical and biogeochemical 

processes were important during dry season neap tides. On spring tides, the creek 

was well flushed and showed an improved water quality compared to neap tides. 

High loads of stormwater inputs during wet season neaps and minimum in-situ 

processing of ammonium during dry season neaps, allowed transport of effluent-

derived nutrients downstream, and export to Shoal Bay. Water column denitrification 

and benthic nutrient fluxes were important biogeochemical processes during this 

period. Sedimentation of freshwater phytoplankton and sediment resuspension were 

important physical process during dry season neaps. Thus, sediment in the creek acts 

as a sink for sewage-derived N and a source of dissolved inorganic N to the water 

column. Mangrove leaves and gastropods contained a 
15

N/
14

N enriched sewage 

signal along the creek compared to samples in the control creek, indicating that 

uptake by mangroves and benthic feeders are an important pathway for sewage-

derived nitrogen. Sewage-derived nitrogen was retained in sediment and transferred 

to mangroves along the entire length of the creek but in the lower reaches of the 



 

xvi 

 

creek tidal mixing supplied additional nitrogen sources in marine organic matter. 

Nitrogen isotope ratios measured in gastropods showed a down-creek gradient 

similar to mangrove leaves and sediment. However for gastropods, intra- and inter-

specific isotopic variations were influenced by spatial differences in available food 

sources. This variability in gastropod snails did not compromise their potential as 

early bio-indicators of sewage pollution. Mangrove leaves and gastropod snails are 

suitable bio-indicators to track dispersal and assimilation of sewage-derived 

nutrients. This study provided a more comprehensive and robust assessment of 

impacts of nutrient loading on mangrove ecosystems that will help guide future 

management practices on macro-tidal ecosystems.  
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1 General Introduction 

1.1 Anthropogenic impacts on estuaries  

Estuaries are physically controlled ecosystems characterised by wide variations in 

environmental conditions. A multitude of anthropogenic activities often affects these 

coastal ecotones and can significantly impact their water quality, habitats, and biotic 

communities. These activities are closely coupled to population growth and 

development in coastal watersheds (Schwartz 2005, Tchakonte et al. 2015, Cui et al. 

2016). By the year 2025, the coastal population worldwide is expected to approach 

six billion people (Weber 1994, Hameedi 1997, Kennish 2002). People are attracted 

to coastal areas because of their great commercial, recreational, and aesthetic values 

and opportunities. Estuaries support multi-billion dollar commercial and recreational 

pursuits, such as tourism, fisheries, mariculture, transportation, shipping, electric 

power generation, oil and gas recovery, and other endeavours (Kennish 2002, 

Barbier et al. 2011). Poorly planned human settlement in the coastal zone will lead to 

greater stresses on estuarine systems worldwide. 

 

The nutrient loading in estuarine waters, particularly large inputs of nitrogen and 

phosphorus from point and nonpoint sources, promote rapid algal growth (e.g., 

phytoplankton blooms) and biomass accumulation which can lead to hypoxic or 

anoxic conditions and reduced phytoplankton species richness (Schwartz 2005), 

which is known as eutrophication. Point sources are primarily associated with 

sewage effluents, including human emissions and sewage from industrial activities, 

and are generally located in urban areas (Lee 2006, Van Drecht et al. 2009). Whilst 

anthropogenic nutrients, such as urban and rural run-off, can add substantial nutrient 

loads to receiving waters, sewage effluent discharge is often the most significant 
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point source of nutrients to waterways (Cromey et al. 1998, Alonso -Rodriguez et al. 

2000, Riera et al. 2000). Sewage effluent is a rich source of dissolved nutrients and 

particulate organic matter that can disrupt the natural nutrient balance of estuarine 

and coastal systems, altering primary producers (McClelland et al. 1997, 1998 a, 

Costanzo et al. 2001, 2003, Cole et al. 2004, Bannon and Roman 2008) and 

consumers (Van Dover et al. 1992, Roberts 1996, Waldron et al. 2001, Savage et al. 

2002). While nutrients from sewage effluents are still a small source at the global and 

continental scales, they may be a significant source at the local scale and may have 

severe consequences locally, especially in heavily populated areas (McClelland and 

Valiela 1998, Tewfik et al. 2005).  

 

Global sewage discharges are increasing in parallel with population growth and are 

predicted to double by the year 2050 (Van Drecht et al. 2009). This is especially true 

in fast growing cities. Darwin, which is the second fastest growing capital city in 

Australia and encompasses Darwin city, Darwin suburbs, Palmerston and Litchfield, 

increased by 28,000 people in the 10 years from 2003 to 2013, from 108,000 to 

136,000 (http://www.ntnews.com.au/news/northern-territory/darwin-the-second-

fastest-growing-capital-city-in-australia-but-its-putting-pressure-on-housing/story-

fnk0b1zt-1226874385551/ Date of access: 10/10/2015). Continuing population 

growth and land development means there is a potential for more severe impacts on 

coastal water quality and overall ecological health in the future. As a consequence, 

the expanding coastal areas of Darwin city represent particularly vulnerable 

environments where point source inputs and associated nutrient enrichment may 

threaten the surrounding ecosystems with eutrophication. 
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1.2 Coastal eutrophication  

Sustained nutrient overload can lead to eutrophication which can have a negative 

impact on the marine and coastal environment (Cloern 2001, Diaz and Rosenberg 

2008, Romero et al. 2013).  Nutrients promote the growth of phytoplankton, and 

excessive algal growth increases the delivery of organic matter to the bottom of the 

water body (Jorgensen and Richardson 1996, Cloern 2001, Levin et al. 2009). 

Consequently, decomposition of high concentrations of organic matter by 

microorganisms will increase oxygen consumption, which may eventually cause 

oxygen depletion of bottom waters and drive drastic changes in community structure 

or kill benthic fauna (Conley et al. 2007, Diaz and Rosenberg 2008). Furthermore, 

excess nutrients can promote the risk of harmful algal blooms that cause foams, 

seawater discoloration, death of fish and benthic fauna, or shellfish poisoning of 

humans (Montresor and Smetacek 2002). However, the magnitude and manner of 

ecosystem response to nutrient enrichment will differ from one system to another, 

mainly depending on the ability of the ecosystem to tolerate nutrient enrichment 

and/or sequester or remove nutrients (e.g. efficient burial in sediments or enhanced 

denitrification in the case of nitrogen).   

 

1.3 Buffer function of coastal ecosystems against nutrient enrichment 

Estuaries are sites of intense biological activity and are well known to modify and 

attenuate N transfer from rivers/creeks to the coastal sea depending on water 

residence times in the estuary (Seitzinger et al. 2005, Brion et al. 2008, Damashek et 

al. 2016).  Moreover, land-derived N loads can also be trapped by estuaries where 

system specific biological processes can remove and/or retain discharged nutrients.  

Tropical inshore tidal creeks are often characterised by mangroves, and they form the 
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interface between increased nutrient supply from human activities and the adjacent 

marine waters. Mangrove forests are often considered the tropical counterparts of salt 

marshes and are considered as nutrient sinks and important buffer zones protecting 

adjacent ecosystems from nutrient enrichment (Morell and Corredor 1993, Valiela 

and Cole 2002). Mangrove creeks have very low levels of inorganic nutrients partly 

due to the high nutrient demand by mangrove vegetation (Alongi et al. 1996, Alongi 

2009). A number of studies have emphasized nutrient limitation in mangrove 

environments, and tree growth is stimulated following the addition of nutrients (N 

and/or P) (Feller et al. 2003, Lovelock et al. 2004, Naidoo 2009). Furthermore, 

earlier studies have shown that mangrove sediments have the potential to trap 

nutrients (Middelburg et al. 1996, Kristensen et al. 1998) and natural mangrove 

ecosystems act as sinks for dissolved inorganic nitrogen (DIN) (Rivera-Monroy et al. 

1995a, Alongi 1996); thus, they function as natural filters maintaining water quality 

and mitigating nutrient pollution (Morrel and Corredor 1993, Valiela and Cole 2002, 

Lin and Dushoff 2004). Nedwell (1975) suggested using mangrove ecosystems for 

tertiary sewage treatment and there have been a number of studies aimed at assessing 

the potential use of mangroves for sewage treatment/disposal in existing natural 

settings or in constructed mangrove wetlands or laboratory-scale cultures (e.g. Tam 

and Wong 1995, Wong et al. 1997, Boonsong et al. 2003, Wu et al. 2008). These 

studies reported that mangroves cope well with sewage dumping and operate as 

efficient filtration systems, thereby removing 30% to 80% of ammonium (NH4
+
) and 

nitrate (NO3
–
) contained in discharged sewage. In contrast, other studies have shown 

that nutrient enrichment is a major threat for mangrove trees (Lovelock et al. 2009, 

Reef et al. 2010), and an indirect cause in several cases of dieback. Macro-algae, 

such as Ulva lactuca, proliferate in response to elevated nutrients, which kills aerial 
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roots and retards growth of mangrove seedlings (EPA 1998, in Schaffelke et al. 

2005). Thus, mangrove responses to nutrient enrichment are complex, with examples 

of both enhanced growth and dieback (Lovelock et al. 2009). 

 

Potential sinks of N loads within an estuary includes the biological uptake and 

deposition in sediments leading to a permanent retention of N within the system. On 

the other hand, the only natural process that allows the permanent removal of 

nutrients from the system is water column and sediment denitrification (coupled with 

nitrification) and in some cases anammox (ammonium oxidation) through the release 

of N2O and N2 gasses to the atmosphere (Dahnke and Thamdrup 2013, Devol 2015). 

However, the uptake and processing mechanisms as well as the fate of sewage-

derived nutrients in natural mangrove environments is still poorly understood. 

Nutrient enrichment can also have profound effects on faunal communities, 

especially benthic fauna, but relatively few studies have looked at the possible 

impact of nutrient enrichment and sewage impact on mangrove faunal communities. 

Therefore, developing an understanding of the changes in nutrient status occurring in 

each estuary/creek system as a result of nutrient enrichment using a range of relevant 

parameters is vital in understanding the functioning of these ecosystems and to assess 

their health. 

 

1.4 Monitoring and management of nutrient enrichment 

Physico-chemical indicators of ecosystem processes have provided reliable 

information in the past, but problems have arisen from attempts to relate these 

measures to biological impacts, particularly for estuaries with large inter-annual 

variability (Wankel et al. 2009). Physico-chemical methods of monitoring sewage 
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dispersal around sewage outlets often include spot measurements of nutrient 

concentrations and/or phytoplankton biomass. These methods often only provide a 

generalized pattern of effluent dispersal and provide no clear source signal. In well-

mixed environments the signal of these tracers can be rapidly lost as the pollutant is 

diluted and biochemical reactions take place. Unless sampling is integrated over time 

(or flow) the acquired data provide only an instantaneous view of sewage dispersal.  

 

Physico-chemical parameters, such as temperature, pH, dissolved oxygen, salinity 

and turbidity, provide key information in understanding the fate and cycling of 

pollutants from sewage effluent (e.g. nutrients). Relatively small changes in these 

parameters can affect water quality, and have a significant impact on chemical and 

biological processes. Another approach employed to assess internal recycling 

processes in estuaries is the use of mixing diagrams, which involve plotting nutrient 

concentrations as a function of salinity along the estuarine gradient. Mixing plots 

provide details on the dynamics of the aquatic system emphasizing potential sources 

and sinks of nutrients (Dennison and Abal 1999). The limitation of using mixing 

plots is that they assume a steady state and are a net result of competing processes 

rather than revealing critical details of chemical processes (Ferguson et al. 2004a).  

 

Many water quality variables are subject to large fluctuations in space and time. 

Understanding these fluctuations in the physical environment and determining 

whether such changes are natural or a result of anthropogenic influences can be a 

challenge. The analysis of stable isotope (SI) ratios in key ecosystem components has 

been proposed as a versatile approach for assessing and monitoring anthropogenic 

contamination on ecosystems, (Cabana and Rasmussen 1996, Costanzo et al. 2001, 
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Vizzini et al. 2005, Cole et al. 2005). The use of SI to address biogeochemical 

problems in ecosystem analysis is increasing rapidly as SI data can be used to track 

an element from source to sink and to inform cycling and transfer processes 

(Robinson 2001, Fry 2006). Biological and non-biological processes can change the 

distribution of these isotopes in predictable ways as elements cycle through the 

biosphere and geosphere. 

 

1.5 Use of stable isotopes in environmental studies 

1.5.1 Definition, notation and terminology 

Isotopes are atoms with the same number of protons and electrons but differing 

numbers of neutrons, which results in different atomic masses. For example, carbon 

(C) and nitrogen (N) each have two stable isotopes (
12

C, 
13

C and 
14

N, 
15

N, 

respectively). Stable isotopes often have skewed distributions on Earth, mostly 

reflecting details of their synthesis long ago in stars. For example, the lightest stable 

isotope accounts for more than 98% of all the isotopes for elements such as hydrogen 

(H), C, N, and oxygen (O) (Fry, 2006, Table 1.1). Naturally occurring small 

variations in the abundances of these isotopes can be measured with high precision 

using mass spectrometry. 
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Table 1.1. Relative abundance of H, C, N and O stable isotopes on earth (Fry, 

2006) 

 

 

The isotope ratios are commonly reported as δ values (e.g. δ
13

C) which are a measure 

relative to a reference/standard material. The δ definition usually involves a final 

multiplication by 1000 in which case the unit is given as per mille (‰), as this 

amplifies the small actual differences measured between samples and reference 

standards. 

 

δ
A
X = [(Rsample / Rstandard) -1] *1000 

 

Where X refers to the element (C, N, etc.…), A is the heavy isotope mass of that 

element (e.g. 
13

C) and R is the ratio between heavy and light isotope (e.g. 
13

C/
12

C). 

The reference standards (δ = zero) used for Carbon is Vienna Pee Dee Belemnite 

(VPDB) and atmospheric molecular nitrogen (Air N2) is used for nitrogen. In the 

case of stable water isotopes (δ
18

O and δ
2
H) the V-SMOW reference standard 

(Vienna - Standard Mean Ocean Water) is used. 

 

 

Element

Low mass High mass

Hydrogen   1
H      99.984

  2
H      0.016

Carbon 12
C      98.89

13
C      1.11

Nitrogen 14
N      99.64

15
N      0.36

Oxygen 16
O      99.76

18
O      0.20

Isotope abundance (%)
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1.5.2 Principals of stable isotope fractionation mechanisms  

Various isotopes of an element have slightly different chemical and physical 

properties because of their mass differences. For elements of low atomic numbers, 

these mass differences are large enough for many physical, chemical, and biological 

processes or reactions to fractionate (change) the relative proportions of various 

isotopes. Two different types of fractionation effects, equilibrium and kinetic isotope 

effects cause isotope fractionation (Kendall and Caldwell 1998, Fry 2006). As a 

consequence of fractionation processes, water and solutes often develop unique 

isotopic compositions (ratios of heavy to light isotopes) that may be indicative of 

their source or of the processes that formed them (Kendall and Caldwell 1998, Fry 

2006). 

 

Equilibrium isotope-exchange reactions involve the redistribution of isotopes of an 

element among various species or compounds according to thermodynamic 

properties that arise from quantum mechanical effects in the atomic nucleus (Urey 

1947). At equilibrium, the forward and backward reaction rates of any particular 

isotope are identical. This does not mean that the isotopic compositions of two 

compounds at equilibrium are identical, but only that the ratios of the different 

isotopes in each compound are constant at a given equilibrium temperature (Hoefs 

2004). During phase changes, the ratio of heavy to light isotopes in the molecules in 

the two phases also changes. For example, as water vapour condenses (an 

equilibrium process), the heavier water isotopes (
18

O and 
2
H) become enriched in the 

liquid phase, while the lighter isotopes (
16

O and 
1
H) tend toward the vapour phase 

(Hoefs 2004). 
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Kinetic isotope fractionations occur in systems where forward and backward reaction 

rates are not identical i.e., out of thermodynamic equilibrium. The reactions may, in 

fact, be unidirectional if the reaction products become physically isolated from the 

reactants (Kendall and Caldwell 1998, Fry 2006). Reaction rates depend on the ratios 

of the masses of the isotopes and their vibrational energies; as a general rule, bonds 

between the lighter isotopes are broken more easily than the stronger bonds between 

the heavy isotopes. Hence, the lighter isotopes react more readily and become 

concentrated in the products, and the residual reactants become enriched in the heavy 

isotopes (Kendall and Caldwell 1998, Hoefs 2004, Fry 2006). 

 

Biological processes are generally unidirectional and are excellent examples of 

kinetic isotope reactions (Fry 2006). Organisms preferentially use the lighter isotopic 

species because of the lower energy "costs" (Kendall and Caldwell 1998, Fry 2006), 

resulting in significant fractionations between the substrate (heavier) and the 

biologically mediated product (lighter). The magnitude of the fractionation depends 

on the reaction pathway utilized and the relative energies of the bonds being severed 

and formed by the reaction (Kendall and Caldwell 1998, Fry 2006). In general, 

slower reaction steps show greater isotopic fractionation than faster steps because the 

organism has time to be more selective (Fry 2006). Kinetic reactions can result in 

fractionations that are very different from, and typically larger than, the equivalent 

equilibrium reaction (Kendall and Caldwell 1998, Fry 2006). 
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1.5.3 Use of the natural abundance of stable isotopes as tracers 

Tracing anthropogenic nitrogen sources 

Stable N isotope ratios (δ
15

N values) in key ecosystem components have been 

proposed as a versatile approach for assessing and monitoring anthropogenic 

contamination of ecosystems (Cabana and Rasmussen, 1996, Costanzo et al. 2001, 

Vizzini et al. 2003, Cole et al. 2005, Dudley and Shima 2010, Connolly et al. 2013). 

The δ
15

N signatures of water, sediment, primary producers and consumers have 

shown great potential as early indicators of anthropogenic pollution, such as sewage 

impacts, even at low sewage concentrations (McClelland et al. 1997, McClelland and 

Valiela, 1998a, Costanzo et al. 2001, Cole et al. 2004).  

 

Stable isotope detection of sewage impacts has relied on the analysis of δ
15

N values 

in a variety of ecosystem compartments exposed to sewage-N (Cabana and 

Rasmussen 1996, Pitt et al. 2009, Connolly et al. 2013). The technique is based on 

predictable differences in the abundance of the heavy (
15

N) and light (
14

N) isotopes 

between sewage and other N sources such as fertilizers. δ
15

N values in treated 

sewage are generally elevated compared to background N as sewage effluent is 

enriched in the heavier isotope 
15

N due to an enzymatic preference for 
14

N by 

bacteria used to treat sewage in waste water treatment plants (Heaton 1986) and 

monitoring of sewage inputs exploits this higher concentration of 
15

N (Cole et al. 

2004, Connolly et al. 2013). 

 

The enriched N isotope signature is subsequently transferred to primary producers 

and consumers.  A fractionation in δ
15

N values occurs between trophic levels; 

typically there is an average 3–4 ‰ increase in δ
15

N from prey to consumer 
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(Minagawa and Wada, 1984). Consequently, the enriched δ
15

N signal from sewage 

effluent can persist, or even increase, through the food web. The distinct 
15

N 

signature in biota that derive much of their N from sewage have been used to 

determine the spatial extent of sewage plumes (Costanzo et al. 2001, Gartner et al. 

2002) and the degree to which sewage-N is incorporated into biota (Hansson et al. 

1997, DeBruyn and Rasmussen 2002, Gaston and Suthers 2004). Studies aimed at 

detecting N discharged from sewage outfalls based on δ
15

N in biota have drawn upon 

a wide variety of taxa, including mangroves (Costanzo et al. 2001, 2003, Jones et al. 

2001, Pitt et al. 2009), macro-algae (Dailer et al. 2010, Fernandes et al. 2012), 

shellfish (Conlan et al. 2006, Carmichael et al. 2012, Fertig et al. 2009, 2010), fish  

(Morris et al. 2016) and gastropods (France 2011, Vermeulen et al. 2011). Most of 

these studies concluded that these taxa were ‘suitable’ as an ecological indicator of 

sewage-N, and that spatial patterns in relation to sewage sources can be mapped, or 

at least interpreted in a spatial context of known inputs (Costanzo et al. 2001, 

Northington and Hershey 2006).  

 

Previous N isotope studies have provided evidence that increasing sewage loads can 

be detected not only in primary producers and consumers but also in sediment. 

Sediment may act as sinks for sewage-N through burial (Holmes et al. 2000, Savage 

et al. 2004), and mangrove sediments in particular are recognized for their ability to 

accumulate and retain N (e.g. Rivera-Monroy and Twilley 1996). Some of the 

organic matter that enters the estuaries (allochthonous material) or is produced within 

the estuary itself (autochthonous material) is ultimately deposited on the estuary 

bottom and becomes incorporated permanently into estuarine sediments. Therefore, 
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stable N isotope analysis of sediment is useful as an N source indicator of organic 

matter (Bouillon et al. 2008). 

 

In addition, the δ
15

N- of ammonium and nitrate in water bodies can provide detailed 

insight into N dynamics as a tracer of N sources and transformation processes such 

as nitrification, denitrification, remineralisation and assimilation (Brabandere et al. 

2006, Dahnke et al. 2008, Wong et al. 2014). In regards to tracing the effects of N 

point sources, spatial and temporal variation in ammonium and nitrate isotope 

compositions can provide information on the downstream dispersion, biological 

uptake and exports of N (Middelburg and Nieuwenhuize 2001, Li et al. 2013). 

However, there have been few successful studies on combined use of ammonium and 

nitrate isotopes in surface waters to trace N point sources such as sewage effluents 

because of the higher likelihood that competing biological processes such as uptake, 

nitrification of ammonium, and denitrification will cause significant isotopic 

fractionations and by analytical challenges and high analytical costs. Large variations 

have been reported for the N isotopic composition of treated sewage effluents from 

different wastewater treatment plants (e.g. Cravotta 1997, Tucker et al. 1999a, 

Lapointe et al. 2005). The principal mechanism for varying δ
15

N values in sewage 

effluent is the emission of 
15

N depleted gases (N2, N2O and NH3) during microbial 

processing (Heaton 1986, Cravotta 1997, Liu et al. 2006, Kanazawa and Urushigawa 

2007).  
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Nitrogen cycling and δ
15

N as an ‘integrator’ of N cycle processes in mangrove 

ecosystems 

Nitrogen is an essential element for life, existing in both inorganic and organic forms 

as well as many different oxidation states and therefore has one of most complex 

cycling of all the major elements. The most common dissolved inorganic forms of 

nitrogen in the water column include NH3/NH4
+
, NO3

–
 and NO2

– 
while common 

organic forms include amino acids and urea (Scarlatos 1997). The major N fluxes 

and transformation processes in a mangrove ecosystem is shown in Figure 1.1. 

Nitrogen cycle processes within mangrove ecosystem is mediated predominantly by 

microbial organisms (Alongi et al. 1996). Key processes of N cycle include fixation, 

mineralisation, nitrification, denitrification and assimilation. In addition, 

dissimilatory nitrate reduction (DRNA) and anammox (anaerobic ammonia 

oxidation) has also been discovered as important N cycle processes (Arrigo 2005, 

Kartal et al. 2010, Hu et al. 2013). 
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Figure 1.1. Conceptual diagram showing major N cycle processes in a mangrove 

ecosystem. DNRA= Dissimilatory Nitrate Reduction, Anammox =Anaerobic 

ammonia oxidation. 

Nitrogen fixation is important for building N stocks in mangrove ecosystems, but 

usually represents a small part (~ 5%) of the total N inputs, and fixation rates are 

lower than internal N cycling rates (Kristensen et al. 1998, Kristensen et al. 2000).  

The high productivity of mangroves is largely driven by internal nutrient cycling 

which is coupled with organic matter (OM) mineralisation. Mineralisation is a key 

source of nutrients for plant growth. Mineralisation is the process by which microbes 

decompose organic N in sediments, to NH4
+
. Because it is a biological process, rates 

of mineralisation vary with sediment temperature, moisture and the amount of 

oxygen in the sediment (aeration) as well as the total N inputs to sediments (Alongi 

2009).  As a result, mineralisation rates vary widely among ecosystems (Nedwell et 

al. 1994, Kristensen et al. 2000, Alongi et al. 2001). The produced NH4
+
 could be 

assimilated by primary producers or nitrified. Nitrification converts NH4
+
 to NO2

–
and 
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NO3
– 

by nitrifying bacteria. Ultimately, the NO3
– 

is reduced to N2/N2O gasses by 

denitrification permanently removing N from the ecosystem. Some studies have 

shown that nitrification in sediment was the main source of NO3
–
 to denitrification 

(Kristensen et al. 1998) while other studies showed no coupling between sediment 

nitrification and denitrification (Rivera-Monroy 1995, Alongi 2002). Denitrification 

occurs in deoxygenated sediments, water logged environments or where there is a 

large quantity of detritus. It has been suggested that this process is most likely to 

occur in tropical environments when there is a high nutrient load, residence times are 

long or the system is subject to periods of drying out (Furnas 1992). Anammox refers 

to the mechanism where NH4
+
 is oxidised to N2 using NO2

– 
as an oxidant (Arrigo 

2005). Dissimilatory nitrate reduction to ammonium (DNRA) is an anaerobic process 

in which bacteria reduce nitrate to ammonium, a process which competes with 

denitrification but retains nitrogen in the ecosystem (Burgin and Hamilton 2007). 

When sulphide concentrations are high in anoxic sediment, DNRA is favoured over 

denitrification (Arrigo 2005).  

 

Initial studies of the pathways of N substances involved in the N cycle used 
15

N-

enriched isotope tracers (Knowles and Blackburn 1993). However, measurements of 

natural abundance of N isotopes have become more common in ecological research, 

but this demands the characterisation of the isotope fractionation factors associated 

with transformation, utilization and immobilization of N substances as they move 

through the N cycle. Biologically mediated reactions (e.g., assimilation, 

mineralisation, nitrification, and denitrification) control nitrogen dynamics, and these 

reactions almost always result in 
15

N enrichment of the substrate and 
15

N depletion of 

the product. The reaction processes and typical ranges of the associated fractionation 
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factors within the N cycle are shown in Table 1.2. However, these processes do not 

always fractionate N isotopes to the same degree because the absolute fractionations 

depend on the specific reactions, external conditions (e.g. temperature); extent of 

reactions (product/reactant ratio) whether products are removed from the system and 

on the availability of N sources (Kendall and Caldwell 1998).  

 

Exact quantification of N isotope fractionation is complex in natural ecosystems, 

such as estuaries due to variable fractionation factors, tight coupling of N cycle 

processes and varying degree of exchange among compartments (Brades and Devol 

1997) especially when there are external substantial N inputs, such as sewage 

effluents with varying N concentrations and isotopic compositions. While the 

complexities of N cycling may limit our ability to disentangle all details of N 

pathways, N isotope tracing techniques can still reveal large-scale patterns when 

applied as integrators of the N cycle (Robinson 2001). 

 

Stable isotope data can provide insight to sources of an element, and as well, 

information about its processing. Stable isotopes are most useful in field studies 

when one or the other (source or process) signal dominates, or when sampling over 

space and time can be used to differentiate the two. It must be acknowledged that 

interactions between source and process signals can confound data interpretation. 

Therefore, to maximise their power, stable isotopes should be used in concert with 

other techniques and strands of evidence to understand the system under 

investigation. 
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Table 1.2. Major processes and associated fractionation factors within the N cycle. 

 

 

Carbon isotope discrimination and photosynthesis  

Plants have substantially higher concentrations of carbon than the surrounding 

atmosphere on which they rely for photosynthesis.  Although plants contain far 

greater 
13

C concentrations in absolute terms than the atmosphere, they are 

proportionally “depleted” of 
13

C relative to 
12

C and have lower δ
13

C values compared 

with the atmosphere. This depletion is caused by enzymatic and physical processes 

that discriminate against 
13

C in favour of 
12

C (Farquhar et al. 1989, Marshall et al. 

2007). Isotopic discrimination varies among plants using different photosynthetic 

pathways, i.e. the Calvin cycle (C3), Hatch-Slack cycle (C4) and crassulacean acid 

metabolism (CAM) photosynthetic pathways (O’Leary 1988, Farquhar et al. 1989, 

Marshall et al. 2007). This is due to the different fractionation factors associated with 

photosynthetic CO2 fixation enzymes, i.e. ribulose bisphosphate carboxylase 

(Rubisco) in C3 plants and phosphoenolpyruvate (PEP) carboxylase in C4 and CAM 

plants. As a result δ
13

C values range between –25‰ to –35‰ (median of about –

28‰, O’Leary, 1988) and –7 to –20‰ (median of about –13‰, Marshall et al. 2007) 

Process Fractionation References

factor (‰)

Nitrification +14 to +38 Mariotti et al., 1981, Kendall 1998, Casciotti et al., 2003

Denitrification

Water column +10 to +40 Delwiche and Steyn 1970, Barford et al., 1999, Granger et al., 2006

Sediment  0 to +6 Sigman et al., 2001, Lehmann et al., 2004, Lehmann et al., 2007,

Granger et al., 2011, Alkhatib et al., 2012

Assimilation of NH4
+

 0 to +14 York et al., 2007 

Assimilation of NO3
-

+3 to +10 Granger et al., 2004, Neeboda and Harrison 2004, Kendall et al., 2013

Minaralisation -3 to +1 Hoch et al., 1994, Kendall 1998

(Organic N to NH4+)

Ammonia volatalization +25 to +35 Dawson and Siegwolf, 2007 

(equllibrium)
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in C3 and C4 plants, respectively. Mangroves show characteristic C3 photosynthesis 

(Basak et al. 1996) and therefore δ
13

C values in mangrove leaves range between 

typical values recorded for C3 photosynthetic pathway (O’Leary, 1988). 

 

Benthic microalgae (BMA) are usually consistently enriched in δ
13

C relative to their 

pelagic counterparts by an average value of ~5‰ in coastal environments (France 

1995). The main reason for this difference is the boundary layer that is more 

important in benthic environments. The viscosity of water creates a stagnant 

boundary layer around aquatic plants restricting the rate of CO2 or HCO3
–
 diffusion, 

and thereby representing a major rate-limiting step in photosynthesis (Smith and 

Walker 1980). Benthic algae are known to have diffusive boundary layers of over 

1 mm in thickness (Jorgensen and Revsbech 1985, Riber and Wetzel 1987) and this 

thicker boundary layer restricts the diffusion of dissolved inorganic carbon (DIC) 

into the cell, and thereby, reduces the degree of C isotope fractionation by the algae. 

This means that contribution of benthic and pelagic microalgae in the food of macro-

benthic organisms can be traced (France 1995, Bouillon et al. 2002a). 

 

Stable isotopes as tracers of organic matter and trophic interactions 

Organic matter in estuarine systems can be derived from a range of sources, which 

include autochthonous inputs of planktonic and benthic primary productivity, along 

with allochthonous inputs, such as terrigenous, river run off and anthropogenic 

sources (e.g. sewage). A significant portion of organic matter sinks through the water 

column and is ultimately preserved in sediments (Hu et al. 2006) by the interaction of 

a series of physical, chemical and biological processes (Liu et al. 2006). The 

terrestrial organic matter represents a substantial fraction of organic matter in 
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estuarine sediments (Prahl et al. 1994) and varies with production patterns, transport 

pathway and environmental conditions (Dai and Sun 2007).  

 

Better knowledge of sources of organic matter in estuarine sediments and the factors 

controlling their distribution is important to the understanding of global 

biogeochemical cycles (Hu et al. 2006). A series of bulk parameters, such as C/N 

ratio, δ
13

C and δ
15

N have been employed in organic geochemical studies to assess the 

source, fate and seasonal variations of sedimentary organic matter (Andrews et al. 

1998, Liu et al. 2006, Rumolo et al. 2011, Gao et al. 2012). The efficacy of C/N, 

δ
13

C and δ
15

N tracers relies on the premise that there exist characteristic source-

specific elemental and isotopic signatures for terrigenous, anthropogenic, marine and 

in-situ bulk organic matter.  

 

Anthropogenic organic matter can enter the food web through primary producers’ 

assimilation of carbon and nitrogen sources or direct consumption by consumers 

(Vizzini et al. 2005). As the organic matter in sediments enters the food web, stable-

isotope signatures should undergo small variations when passing through the trophic 

levels. From lower to higher trophic levels, the isotope values tend to increase due to 

the discrimination against lighter isotopes during metabolism and excretion (Peterson 

and Fry 1987). It has, thus, been suggested that δ
15

N can be used to determine the 

trophic position of species along food webs, because each trophic level is on average 

3–4‰ more enriched than its source of nitrogen (Minagawa and Wada 1984). A 

slight average enrichment of 0.5–1‰ in δ
13

C with each trophic level also allows δ
13

C 

to trace carbon pathways in food webs and organic-matter sources (DeNiro and 

Epstein 1978, Fry and Sherr 1984, Vander Zanden and Rasmussen 2001, Post 2002). 
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The consumer isotopic composition value varies with food composition, consumer 

species, and fractionation during food processing, trophic level and among habitats in 

the same aquatic ecosystem (Hart and Lovvorn 2002, Caut et al. 2009). Moreover, 

the tissues isotopic signatures generally reflect the assimilated diet over the period 

during which the tissue is synthesized, such that tissues with different turnover rates 

will integrate dietary information over different temporal periods (Bearhop et al. 

2004, Sweeting et al. 2005). 

 

Stable isotopes can be used to identify the contribution of food derived from sources, 

such as sewage, at an early stage before the increased nutrient availability leads to 

detectable changes in the community (McClelland and Valiela 1998). Furthermore, a 

relatively limited number of samples enable evaluation of the origin of food sources 

assimilated by animals and energy flow through food webs (Sampaio et al. 2010). 

 

Use of stable water isotopes as a hydrological tool 

The isotopic compositions of O and H in water are a powerful tracer in the 

hydrosphere (Hoefs 2004). Oxygen has three stable isotopes, 
16

O, 
17

O, and 
18

O and H 

has two stable isotopes, 
1
H and 

2
H (deuterium). Because of their close relationship 

the O and H isotopic compositions and their isotopic fractionation characteristics are 

usually considered together.  

 

The stable isotopic compositions of water (δ
18

O and δ
2
H) are determined by the 

integrated effects of evaporation, precipitation and mixing processes and provide a 

characteristic fingerprint of a water body’s origin (Clark and Fritz 1997, Hoefs 

2004). Identifying and quantifying the dominant sources of water to estuaries 
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(freshwater inputs, surface water runoff, seawater, etc.) is important to determine ion 

balance of water, and the delivery of nutrients and other chemical constituents to the 

estuary. This technique has been used successfully in determining different water 

sources in estuaries (Swart and Price 2002, Price et al. 2012). Furthermore, using 

plots of δ
18

O vs δ
2
H, different sources of freshwater can be discerned spatially across 

an estuary.  

 

1.6 Study site- Buffalo Creek, Darwin, NT 

1.6.1 Introduction and background 

Buffalo Creek is located approximately 14 km north-northeast of Darwin’s CBD. 

This macro-tidal creek flows into Shoal Bay (Figure 1.2) and is subject to extreme 

tidal flushing (up to 7 m tidal range) and strong climatic impacts associated with the 

extremes of the wet (December to April) and dry (May to November) seasons. The 

wet season is characterised by monsoonal rains and storms. The average annual 

rainfall is around 1730 mm and >95% of rain falling during the wet season (www. 

bom.gov.au/climate/averages/tables/cw_014015.shtml). The dry season is 

characterised by warm, dry sunny days and cool nights. Temperatures during the wet 

and dry seasons typically range from 25
o
C to 34

o
C and 21

o
C to 32

o
C, respectively 

(www. bom.gov.au/climate/averages/tables/cw_014015.shtml).  

 

The creek is lined by a dense mangrove environment; the majority of the creek has 

occasional intertidal mudflats on the meander bends and parts of the main channel 

(Smith and Haese 2009). The creek and Shoal Bay are prime recreational fishing 

areas for the people of Darwin and visitors. 
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The upstream and downstream sections of Buffalo Creek are characterized by 

meander bends which, in combination with a large intertidal sand bar across the 

mouth, inhibits tidal exchange on low tides (Smith and Haese 2009).Treated sewage 

effluent is discharged into mangroves in the upper part of the creek from the 

Leanyer-Sanderson Sewage Treatment Plant (STP) which is the largest treatment 

plant in Darwin, servicing an estimated population of 50,000. In addition, there is 

input of stormwater from urban drains. However, the nutrient loads attributed to 

stormwater are insignificant compared to the sewage-derived loads (Aurecon 

Australia Pty Ltd, 2013).  

 

Buffalo Creek has been identified as being similar to an in-pipe mixing model where 

water from pipes of different diameter is mixed (Kennedy 2014). No salt wedge has  

been identified and the estuary is considered to be well mixed vertically (Burford et 

al. 2012, Smith et al. 2012). Therefore, significant differences between surface and 

bottom water masses are unlikely to be observed.  

 

Mickett Creek which is located adjacent to Buffalo Creek in an adjacent catchment 

with approximately similar in size was selected as the control creek. This creek has 

no known sewage effluent inputs and is relatively pristine. The water quality in 

Mickett Creek is assumed to reflect the background water quality in Buffalo Creek 

with influence of catchment runoff and tidal flushing from Shoal Bay but excluding 

the effect of sewage effluent. 
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Figure 1.2. Map showing study area and locations. 

 

1.6.2 Current understanding of impacts of effluent discharge on the Buffalo 

Creek ecosystem 

Short-term studies have been carried out previously in Buffalo Creek (Burford et al. 

2012, Smith and Haese 2009, Smith et al. 2012). Smith et al. (2012) identified 

denitrification in sediment, benthic nutrient fluxes and pelagic primary production as 

the biogeochemical processes most affected by nutrient loadings from the STP 

effluent in this tidal creek system. The study reported that benthic nutrient flux is 

elevated and denitrification is depressed in Buffalo Creek sediments with a relatively 
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low denitrification efficiency compared to the reference site (unnamed creek) they 

studied. Figure 1.3 summaries the major inputs, exports and current understanding of 

impacts in Buffalo Creek in comparison to control Mickett Creek.  
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Figure 1.3. Conceptual Diagram showing the major inputs and exports into 

Buffalo and Mickett creeks in Darwin, NT. (This diagram was prepared by 

editing the original diagram prepared by Dr. Jane Thomas, Integration and 

Application Network, http://www.ian.umces.edu). 
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1.6.3 Leanyer-Sanderson wastewater stabilisation ponds. 

The Leanyer-Sanderson wastewater stabilisation ponds consist of two parallel 

treatment trains (Leanyer and Sanderson) each consisting of one facultative pond and 

four maturation ponds in series (Figure 1.4). These treatment trains were constructed 

between 1969 –1972 and have been discharging sewage effluent into Buffalo Creek 

since 1972 (PWC 2011). 

 

The treatment system is reliant on natural processes including biological-anaerobic 

and aerobic bacteria consumption to treat the sewage and remove pathogens in the 

water and there is no chemical disinfection included in the treatment process. The 

facultative pond treatment functions to remove TSS, grit and gross pollutants through 

settling/sedimentation; produce algae to provide oxygen for biological treatment; 

enhance reduction in biological oxygen demand through biological treatment 

(oxidation by bacterial respiration) and allow for nitrification/denitrification 

processes (PWC 2011). Some removal of faecal bacteria and helminth eggs is also 

possible in facultative ponds. Critical factors that influence the performance of 

facultative ponds include temperature, organic loading and sunlight (PWC 2011). 

 

The maturation ponds that follow the facultative pond in series have a lower organic 

loading (lower BOD) and are, therefore, typically well oxygenated. These ponds are 

shallower with less vertical stratification and a more diverse algal population. The 

primary function of the maturation ponds is the removal of pathogens (i.e. faecal 

bacteria and viruses). Some BOD reduction and nutrient removal can also be 

achieved. Critical factors that influence the performance of maturation ponds include 
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time and temperature, pH and high light intensity combined with high dissolved 

oxygen concentration (PWC 2011).  

 

Figure 1.4. Leanyer Sanderson waste stabilisation ponds site layout (modified from 

PWC 2011).  

1.7 Significance of this study 

Developing an understanding of the changes occurring in tropical estuaries as a result 

of nutrient enrichment from point and non-point sources is vital in understanding the 

functioning of these ecosystems and to assess the health of the ecosystems. In 

contrast to the large number of studies aimed at detecting nutrients discharged as 

sewage into aquatic environments (as described above), investigations that provide a 

more comprehensive and quantitative assessment of sewage-derived nutrient 

dispersal and uptake in macro-tidal ecosystems using isotope indicators in a range of 

species and sample types (e.g. water, particulate matter, sediment and biota) are less 
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common. Furthermore, only a few isotope studies have investigated the stable 

isotope systematics of sewage treatment plants themselves. An improved 

understanding of isotope compositions in treatment ponds and effluent will improve 

the isotopic tracing of sources of excess nutrients and cycling processes in the 

receiving environments. 

 

Although a few short term studies have been conducted at Buffalo Creek (as 

mentioned above), we lack a detailed understanding of the effects of watershed 

dynamics and biogeochemical processing on the fate of sewage-derived nutrients, 

and ecosystem uptake of sewage-derived nutrients is unknown. A more 

comprehensive and quantitative assessment of these effects is required to assess and 

possibly prevent further degradation of the aquatic habitat. However, initial effects 

are likely to be missed if measurements are restricted to physicochemical water 

properties (e.g. nutrient concentrations, salinity, plume dispersion, etc.) and 

community compositions, as these are known to vary greatly in time and space (e.g. 

Carballo et al, 1996). Moreover, these analyses do not provide direct evidence of an 

uptake of sewage-derived nutrients by biota in the receiving environment (Costanzo 

et al, 2001).  

 

The aims of this PhD project was to: (i) identify and quantify the relative 

contribution of major point and nonpoint sources of nutrients to Buffalo Creek; (ii) 

identify the major reservoirs, sources and pathways of C and N in Buffalo Creek; and 

(iii) define the spatial and temporal variation in the dispersal of treated sewage 

effluent by means of natural abundance of multiple stable isotopes in water, 

suspended matter, sediment and resident biota. 
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One potential outcome to emerge from this study is the development of specific 

stable-isotope tools for long-term monitoring of sewage-impacted tropical macro-

tidal ecosystems. The identification of nutrient sources and the extent of nutrient 

dispersal and uptake will assist water resource managers and policy makers in 

selecting measures that can directly deal with specific sources or flow paths of 

nutrients. Possible options in those cases would include the management or planning 

of urban development and enhanced sewage treatment and thereby achieve a more 

effective targeting of future investments to maintain or improve ecosystem quality. 

 

1.8 Research hypotheses 

Based on the above review, my overall working hypothesis was that the stable 

isotopic values in water, suspended particulate matter, sediment and biota accurately 

reflect the relative importance of sources and pathways of nitrogen and carbon in the 

Buffalo Creek ecosystem. Therefore, stable isotope compositions of water, 

suspended particulate matter, sediment and biota can be used to delineate dispersion, 

assimilation and in-situ processing of STP effluent derived nutrients in Buffalo 

Creek. 

 

To test the overall working hypothesis, several more specific hypotheses were tested. 

 

1. Concentrations of effluent-derived nutrients will be lower during the spring tides 

while during the neap tides less physical dilution by tides will show nutrient 

gradients along the creek and allow identification of key processes controlling the 

nutrient dynamics in wet and dry seasons.  
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2. Seasonal and tidal influences will result in high variability in elemental and stable 

isotopic composition in suspended particulate matter while long-term spatial trends 

in isotopic and elemental concentrations in suspended particulate matter and 

sediment will provide useful means to trace the sewage impact along Buffalo creek.  

 

3. As the readily available N source, the high δ
15

N values in effluent will be 

transferred to mangrove trees and benthic feeding gastropod snails; and therefore, 

these can be used as ecological indicators to monitor the sewage impact in Buffalo 

Creek qualitatively and quantitatively. 

 

In Chapter 2, the first hypothesis was addressed by assessing the nutrient and stable 

isotopic composition in water under different seasonal and tidal conditions in Buffalo 

Creek. In Chapter 3, the second hypothesis was addressed by using stable isotopic 

and elemental concentration data for suspended particulate matter and sediment 

along Buffalo Creek and Mickett Creek obtained under different seasonal and tidal 

conditions. In Chapter 4, I addressed the third hypothesis by examining the stable 

isotopic and elemental concentrations of mangrove leaves and foot muscle of two 

gastropod species along Buffalo Creek and Mickett Creek. In Chapter 5, the overall 

study results were synthesised and discussed, conclusions drawn and future research 

directions identified. Chapter 4 is an adapted version of paper accepted by Journal of 

Marine and Freshwater Research, December 2016 (a copy of accepted paper is given 

in appendix E). The aspects of the sewage treatment plant discussion in Chapter 2 

have been published in Journal of Environmental Monitoring and Assessment, 

December 2016 (a copy of published paper is provided in Appendix D). 



 

 

Chapter 2 

 

Seasonal variations in sources and cycling of nitrogen 

in water in Buffalo Creek  

 

 

 

 

Aspects of the sewage treatment plant discussion in this chapter have been 

published in Journal of Environmental Monitoring and Assessment,  

December 2016. 

(Copy of published paper is provided in appendix D)
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2 Seasonal variations in sources and cycling of nitrogen in water in 

Buffalo Creek  

 

2.1 Introduction 

Nitrogen (N) is an essential nutrient in aquatic ecosystems, but excess N can act as a 

pollutant, seriously disturbing natural ecosystems (Cole et al. 2004, Conlan et al. 

2006, Bannon and Roman, 2008). Sewage effluent is often a major point source of 

dissolved inorganic N (DIN) in estuarine systems (Cromey et al. 1998). Ecological 

impacts of these enhanced DIN loads include excess rate of primary production 

(Cromey et al. 1998, Alonso -Rodriguez et al. 2000, Riera et al. 2000) and changes in 

community structure, e.g. from rooted macrophytes to algae or from diatoms to 

flagellates (Herbert 1999). Usually most of the DIN is in the form of nitrate but high 

ammonium concentrations are measured in estuaries receiving untreated or only 

partially treated sewage (Soetaert and Herman 1995, Ogilvie et al. 1997, Trimmer et 

al. 2000). An understanding of the origins, cycling and fate of the various DIN 

sources in estuaries is a prerequisite to effective assessment and management of 

nutrient impacts and may eventually lead to more successful environmental 

regulation of sewage-derived N. 

 

Water quality in estuaries is influenced by dynamic physical and biogeochemical 

processes (Forsberg, 1989, Smith et al. 2012). Physical factors include 

morphological characteristics of the estuary, water residence times, tidal regime, and 

rainfall (Burford et al. 2008, Smith et al. 2012, Pamplona et al. 2013). 

Biogeochemical processes are also well known to modify and attenuate DIN in 

estuaries (Eyre 1993, Arakel 1995, Smith et al. 2012). For example, 
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riverine/freshwater ammonium entering estuaries is oxidised to nitrate (nitrification) 

as a consequence of water column aeration (Soetaert and Herman 1995a, Middelburg 

and Nieuwenhuize 2001); whereas, denitrification in estuaries causes significant 

removal of nitrate from the water column (Sebilo et al. 2006). In addition, variations 

in DIN can be due to assimilation of nitrate and ammonium by phytoplankton 

(Mariotti et al. 1984, Cifuentes et al. 1989, Brabandere et al. 2006). 

 

Plots of salinity versus nutrient concentrations have been used to describe tidal 

mixing between two end members in estuaries where there can be large salinity 

gradients between seawater and freshwater over small distances. Where conservative 

mixing is the sole process, mixtures of the two sources plot in a straight line between 

the two end members. In contrast, when compositions fall above a mixing line, this 

generally indicates the presence of an additional source, either a point source or the 

product of a more diffuse biological transformation (e.g. nitrification or 

remineralisation). On the other hand, compositions falling below the mixing line 

suggest the presence of a nutrient sink (e.g. assimilation or denitrification; Horrigan 

et al. 1990, Eyre and Balls 1999, Ahad et al. 2006). However, mixing plots alone are 

not always useful to determine the biogeochemical processes responsible for non-

conservative behaviour of nutrients in estuarine systems, especially those with a 

complex morphology and varying end-member mixing at different times (Billen 

1975, Wankel et al. 2009, Middelburg and Nieuwenhuize 2000a, 2000b). Nutrient 

inputs into a tidal estuary by seawater and freshwater are subject to cyclic and erratic 

fluctuations in composition, and therefore, are not a direct function of the volume of 

supply. This is especially true when there is marked freshwater contributions for 
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which the mass input is strongly influenced by the fluctuations in volume discharge 

(Morris 1983).  

 

Stable N isotopes and water isotopes (O and H isotopes) have proven useful to 

apportion multiple water sources and evaluate N cycling. The stable isotopic 

compositions of water (δ
18

O and δ
2
H) are determined by the integrated effects of 

evaporation, precipitation and mixing processes and provide a characteristic 

fingerprint of a water body’s origin (Clark and Fritz 1997, Hoefs 2004). Similarly, 

the stable N isotope compositions (δ
15

N) of ammonium, nitrate and organic matter in 

water bodies can provide detailed insight into N dynamics as a tracer of N sources 

and transformation processes, such as nitrification, denitrification, remineralisation 

and assimilation (Brabandere et al. 2006, Dahnke et al. 2008, Wong et al. 2014). 

Spatial and temporal variation in N isotope compositions can provide information on 

the downstream dispersion, biological uptake and exports of N to trace the effects of 

N point sources (Middelburg and Nieuwenhuize 2001, Li et al. 2013).  

 

Different transformations of N are associated with fractionation of the 
15

N/
14

N 

isotopic ratio. The fractionation associated with these transformations are relatively 

well understood; usually the  light isotope 
14

N is preferentially transformed relative 

to 
15

N, so the product becomes depleted in 
15

N while the residual substrate (the 

reactant) is enriched in 
15

N. Fractionation associated with nitrification and 

denitrification is larger and more variable. Fractionation factors for nitrification 

ranges from 13‰ to 38‰ (Mariotti et al. 1981, Kendall and Caldwell 1998, Casciotti 

et al. 2003). For denitrification, the range of fractionation is 10‰ to 40‰ (Delwiche 

and Steyn 1970, Barford et al. 1999, Granger et al. 2008) in water, with smaller 
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values associated with sediment denitrification (near zero; Sigman et al. 2001, 

Lehmann et al. 2004, Lehmann et al. 2007). Phytoplankton uptake of N also causes 

fractionation ranging from 3‰ to 10‰ for nitrate (Granger et al. 2004, Neeboda and 

Harrison 2004, Kendall et al. 2015) and 0‰ to 14‰ for ammonium (York et al. 

2007). During uptake, the light isotope is preferentially utilized by phytoplankton. 

Thus, phytoplankton attains a δ
15

N value that is less than that of the nitrate or 

ammonium being utilized. 

 

Sediment and sedimentary biota is a major sink and/or source for N, the main 

nutrient that controls the productivity of estuaries (Nixon 1981, Boynton et al. 1982) 

and benthic metabolism plays an important role in the regulation of nutrient 

concentrations and thus the productivity of these ecosystems. Mineralisation is the 

process by which microbes decompose organic N in sediments, to NH4
+
 which 

provides a major source of NH4
+
 to the water column. Because it is a biological 

process, rates of mineralisation vary with sediment temperature, moisture and the 

amount of oxygen in the sediment (aeration) as well as the total N inputs to 

sediments (Alongi 2009).  As a result, mineralisation rates vary widely among 

ecosystems (Nedwell et al. 1994, Kristensen et al. 2000, Alongi et al. 2001). The 

NH4
+
 derived from mineralisation in sediment can be assimilated by primary 

producers or nitrified in sediment or the water column. Nitrification converts NH4
+
 to 

NO3
– 

by nitrifying bacteria. Ultimately, the NO3
– 

is reduced to N2/N2O gasses by 

denitrification permanently removing N from the ecosystem. Some studies show that 

nitrification is the main source of NO3
–
 to denitrification (Kristensen et al. 1998) 

while conversely, other studies show no coupling between sediment nitrification and 

denitrification (Rivera-Monroy 1995, Alongi 2002). Denitrification occurs in 
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deoxygenated sediments, water logged environments or where there is a large 

quantity of detritus. It has been suggested that this process is most likely to occur in 

tropical environments when there is a high nutrient load, residence times are long or 

the system is subject to periods of drying out (Furnas, 1992). 

 

Fractionation associated with remineralisation is small, from 1‰ to −3‰ (Hoch et 

al. 1994, Kendall and Caldwell 1998), i.e., the δ
15

N value of remineralised 

ammonium ranges from 1‰ greater than and 3‰ lower than the organic matter 

source. However, nitrification of remineralised NH4
+
 in the water column would 

leave the NH4
+
 in the water column isotopically heavier (Mariotti et al. 1981, 

Peterson and Fry 1987, Kendall and Caldwell 1998, Casciotti et al. 2003), since 

nitrifiers preferentially oxidize 
14

NH4
+
. Only a few estimates of N isotope 

fractionation in sediments have been published (Devol 2015).  Brandes and Devol 

(1997) used a benthic lander to measure the change in the 
15

N composition of 

nitrogen gas during sedimentary denitrification and found an effective fractionation 

factor of basically zero. Similar near zero values have also been measured in other 

studies (Sigman et al. 2001, Lehmann et al. 2004, Lehmann et al. 2007). Because the 

effective fractionation factors are different for the water column and sediments, it is 

possible to evaluate the relative importance of sedimentary and water column 

denitrification. 

 

Exact quantification of N isotope fractionation is complex in natural ecosystems, 

such as estuaries, due to variable fractionation factors, tight coupling of N cycle 

processes and varying degree of exchange among compartments (Brades and Devol 

1997) especially when there are external substantial N inputs, such as sewage 
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effluents with varying N concentrations and isotopic compositions. Large variations 

have been reported for the N isotopic composition of treated sewage effluents from 

different wastewater treatment plants (e.g. Cravotta 1997, Tucker et al. 1999a, 

Lapointe et al. 2005).The δ
15

N values in sewage effluents is a result of a combination 

of linked reactions, that is: removal and transformation of nitrogen by processes such 

as nitrification, denitrification, DNRA and algal uptake occurring within the plant or 

treatment ponds (Munksgaard et al. 2017). Therefore, where sewage effluents are a 

main nutrient source into water bodies, it is crucial to first understand the variation in 

N isotopes in different N species over time in the effluents to better understand the N 

sources and cycling in the receiving environments. While the complexities of N 

cycling may limit our ability to disentangle all details of N pathways, N isotope 

tracing techniques can still reveal large-scale patterns when applied as integrators of 

the N cycle (Robinson 2001).  

 

In this chapter, the major sources and transformation processes influencing N in the 

water column of Buffalo Creek are identified. To do this, nutrient concentrations, 

stable N and water isotopes and their spatial and temporal variation were measured.  

In many tropical macro-tidal creeks, such as Buffalo Creek, which is affected by 

different tidal cycles, mixing of fresh and salt water and flushing of the creek is 

variable and is also subject to seasonal variation in rainfall. These factors together 

result in a temporally complex mixture of water sources in addition to the substantial 

inputs of treated sewage effluent to the creek. While the poor water quality of 

Buffalo Creek is well documented, a detailed understanding of the effects of 

watershed dynamics and biogeochemical processing on the fate of sewage-derived N 

in the creek system is not well understood.  
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My first hypothesis was that the concentration of effluent-derived nutrients will be 

significantly lower during spring tide flushing of the creek in both wet and dry 

seasons compared to neap tides. To test this hypothesis I measured the nutrient and 

Chlorophyll a (Chl-a) concentrations in Buffalo Creek and its contributing water 

sources during neap and spring tides over two consecutive wet and dry seasons in 

years 2013 and 2014.  

 

My second hypothesis was that during neap tides when physical dilution of creek 

water is at a minimum, high freshwater runoff during the wet season will result in 

shorter residence times in both sewage treatment ponds and in Buffalo Creek leading 

to less microbial transformation of sewage-derived N compared to the dry season. 

During neap tide conditions physical dilution is at its lowest, and therefore, optimal 

for studying the biogeochemical N transformation processes. The degree of microbial 

transformation should be reflected in δ
15

N values of N species in the water column. 

To test this hypothesis, isotopic data were collected in the wet and dry seasons under 

neap-tide conditions only in 2014 due to the high analytical cost of isotope analysis 

of N species, such as ammonium and nitrate.  In addition, N isotopic composition in 

dissolved (total dissolved N or TDN, ammonium and nitrate) and suspended 

particulate matter in STP effluent and Buffalo Creek water were measured. The N 

isotope results were used to build a simplified conceptual model of N sources and 

cycling in Buffalo Creek for the first time. Water isotopes (O and H isotopes) were 

measured in treated sewage effluent (STP effluent), stormwater, and seawater and 

creek water in wet and dry seasons to determine the relative importance of each 

water source. 
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2.2 Materials and methods  

2.2.1 Sampling sites and times 

Sampling sites 

The main source of nutrient input to Buffalo Creek is effluent from the Leanyer-

Sanderson wastewater stabilisation ponds. In addition, there is stormwater from 

urban areas and natural catchment runoff during the wet season. Furthermore, 

seawater entering Buffalo Creek from Shoal Bay flushes the creek substantially 

during the spring tides but flushing is less effective during neap tides. Mickett Creek, 

which is located in the adjacent catchment to the Buffalo Creek catchment was 

selected as the control creek and has no known sewage inputs and is in a relatively 

unmodified condition. Both creeks have parts of their catchments that are not 

developed (most of Mickett Creek and part of Buffalo Creek). The urban input from 

the developed part of the catchment into Buffalo Creek was measured in this study 

using the samples collected from the urban input drains. Therefore, water quality in 

Mickett Creek is assumed to represent the background conditions for Buffalo Creek 

due to catchment runoff and tidal flushing from Shoal Bay, but without the input 

from sewage effluent and urban runoff.  

 

Sampling sites along Buffalo Creek and Mickett Creek are shown in Figure 2.1A. 

Buffalo Creek is a narrow estuary that has naturally poor and highly variable flushing 

across different zones along the creek. The upstream section of Buffalo Creek 

including sites A1 (discharge point), A2 and A3 is closest to the STP outfall and this 

section of creek is physically narrow with meander bends (see Figure 2.1A). 

Flushing/dilution in the channel between A1 and A2 is also constrained by a rock 

bar. A few large meander bends are also present at the downstream end, where a 
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large intertidal sand bar across the mouth hampers tidal movement during low neap 

tides. Figure 2.1B illustrates a simplified cross section view of the sampling sites 

along Buffalo Creek. Generally, Buffalo Creek is considered to be well mixed 

vertically (Burford et al. 2012, Smith et al. 2012). Therefore, significant differences 

between surface and bottom water masses are unlikely to be observed.  

 

Both creeks are lined by a dense mangrove environment and predominantly have 

straight-sided banks with occasional intertidal mudflats on the meander bends and 

parts of the main channel (Smith and Haese 2009). 

 

The STP effluent is discharged to Buffalo Creek upstream of the constrained section 

(see Figure 2.1A). Upstream of the discharge point, the main channel divides into 

two main tributaries which receive urban stormwater (see Figure 2.1A). Compared to 

Buffalo Creek, Mickett Creek is wider and flows through a dense mangrove 

environment which opens to Shoal Bay through a wider passage.  

 

Sampling times 

Water samples were collected over two years for two consecutive wet and dry 

seasons, during both neap and spring tides in April 2013, September 2013, February 

2014 and July 2014. The months of July and September fall within the dry season, 

and the months of February and April within the wet season, of the North Australian 

monsoonal climate. Field work usually started around 10 am and all the study sites 

along the creeks were visited within 2-3 hours, so that all grab samples were 

collected with sun light and around noon (solar time). 
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Figure 2.1 A .Maps showing the main nutrient - sources (STP effluent, urban 

stormwater drains and Shoal Bay) to Buffalo Creek and sampling sites along 

Buffalo Creek and Mickett Creek. 
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Figure 2.1 B. Schematic drawing showing the sampling sites along Buffalo Creek 

2.2.2 Sample collection and processing 

Nutrients 

Water samples were collected from the main nutrient sources in Buffalo Creek (STP 

effluent, stormwater drains, Shoal Bay) and at each sampling site along Buffalo and 

Mickett Creeks. Water samples were collected approximately 0.5 m below the water 

surface at each site in both creeks. 100 mL of water samples were collected 

unfiltered (for total N (TN)) and filtered (filtered through a 0.45-µm glass-fibre 

filters for total dissolved N (TDN), ammonium (NH4
+
), nitrate (NO3

–
), nitrite (NO2

–
) 

and phosphate (PO4
3–

) and were kept frozen until transported to laboratory. Nutrients 

were analysed using a Flow Injection Analyser (FIA) – Detailed method is given in 

Appendix A. The dissolved organic N (DON) concentration was calculated by 

subtracting the DIN (including NH4
+
 + NO3

–
 +NO2

–
) concentrations from TDN 

concentrations. 

 

Chlorophyll-a 

Unfiltered samples for Chlorophyll-a (Chl-a) were collected into amber glass bottles 

(one litre) and kept on ice (not frozen) in the field. Upon transport to the laboratory 
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samples were filtered through Whatman GF/F glass-fibre filters. The pigments were 

extracted by vigorously grinding the filter with a 90% aqueous acetone solution and 

absorbance of the extract was measured using a U-1100 Hitachi UV-Vis single beam 

spectrophotometer (method adapted from Standard Methods, American Public 

Health Association 2005). Detail method is given in Appendix A. 

 

N isotopes in suspended particulate matter and total dissolved N  

One litre of unfiltered water samples were collected and placed on ice (but not 

frozen) in the field. Upon transport to the laboratory, samples were immediately 

filtered through pre-combusted (450
0
C for 24 h), pre-weighed, Whatman GF/C glass- 

fibre filters and the filtrate volume was recorded. Filters were dried at 60C for 24 

hours in an oven and post-weights were recorded. Filtrates from STP effluent 

samples were acidified with HCl to pH <2 to avoid loss of NH3, then frozen at -20C 

and evaporated to dryness in a freeze dryer and post weights were recorded. 

 

The suspended particulate matter in Buffalo Creek and STP effluent mainly consisted 

of phytoplankton material which was reflected by the high Chl-a concentrations and 

low (<200) particulate organic carbon: Chl-a ratio (Cifuentes et al. 1988, Savoye et 

al. 2012; discussed in Chapter 3). Previous research has also observed phytoplankton 

as a main component of suspended particulate matter in Buffalo Creek (Smith et al. 

2012). Furthermore, the close correlation between %N and %C of suspended 

particulate matter suggests that most of the particulate N was in organic form (Liu et 

al. 2006, Rumolo et al. 2011; discussed in Chapter 3). Therefore, in this chapter, the 

stable N isotope values of suspended particulate matter were used as proxies for 
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phytoplankton N isotopes (δ
15

NPN ) in the creek and STP effluent. Also N 

concentration of suspended particulate matter was used as particulate N (PN). 

 

Nitrate and ammonium isotopes 

100 mL samples were collected from STP effluent and selected sites from Buffalo 

Creek (wet neap 2014: A2, A4 and A6, dry neap: A1, A2, A4 and A6) and were kept 

on ice frozen until transport to laboratory. Frozen samples were acidified with 10% 

HCl to pH ~3, immediately after thawing. 

 

2.2.3 Stable isotope analysis 

N isotopes in suspended particulate matter and total dissolved N  

Filter and filtrate samples were analysed for stable N isotope ratios using a 

continuous flow-isotope ratio mass spectrometer (Thermo - Finnigan Delta V Plus 

Isotope Ratio Mass Spectrometer (IRMS) interfaced with a Flash EA 1112 elemental 

analyser) at Southern Cross University, Lismore, Australia. Isotope ratios are 

expressed as δ
15

N (in ‰) and were calculated according to the equation:  

 

δ
15

Nsample (‰) = [(Rsample / Rstandard ) – 1)] x 1000; 

 

Where R = 
15

N/
14

N; Rstandard is atmospheric molecular N (Air N2). Duplicate analyses 

were run for selected samples for quality assurance. The average measurement 

standard deviations were 0.3‰.  
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Nitrate and ammonium isotopes 

Water samples were analysed for N isotope ratios in nitrate (hereafter δ
15

NNO3) and N 

isotopes of ammonium (hereafter δ
15

NNH4) at GNS Science, National Isotope Centre, 

New Zealand using an Isoprime IRMS. Water samples were converted to nitrite 

(NO2
-
) using cadmium, then to nitrous oxide (N2O) using sodium azide in an acetic 

acid buffer. The nitrous oxide was then purged from the water sample, passed 

through a series of chemical traps to remove H2O and CO2, the N2O was then 

cryogenically trapped under liquid N. After being cryo-focused in a second trap, the 

N2O passed through a GC column and into an Isoprime IRMS to determine its 

isotopic signature of N and oxygen (modified from McIlvin and Altabet 2005). All 

results were reported with respect to δ
15

NAIR by normalising to the international 

standards; USGS 34 (-1.8‰), IAEA-NO3 (4.7‰) and to an internal standard; 

KNO3b (10.7‰). The analytical precision for these measurements is 0.3‰.  

 

Ammonium was converted to nitrous oxide (N2O) for measurement of δ
15

N using the 

method of Zhang et al (2007). This method converts NH4
+
 to NO2

-
 using 

hypobromite (BrO
-
) for subsequent conversion using sodium azide to N2O gas, 

which is suitable for δ
15

N analysis using gas source isotope ratio mass spectrometry 

(IRMS). Measured concentrations of NH4
+
 were used divide into aliquot samples 

in12-mL, septum-capped, glass reaction vials to produce a target sample size of 4 

nanomoles of NH4
+
-N per sample. After conversion to N2O, samples were sparged 

with He gas, isolated on a double-trap, cryogenic, pre-concentration device, with 

N2O further separated from trapped trace gases using an isothermal GC column, and 

then measured on an IsoPrime IRMS. Standardisation was carried out using the 

international ammonium sulphate standards IAEA N1, IAEA N2, and USGS25 (δ
15

N 
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values of 0.4, 20.3 and -30.4 ‰, respectively, on the AIR scale). The analytical 

precision for these measurements is 0.2‰.  

 

Water samples from Shoal Bay did not have sufficient NO3
–
 and NH4

+
 

concentrations for the analysis of δ
15

NNO3 and δ
15

NNH4 values. Due to the high 

analytical cost, these analyses were limited to Buffalo Creek, and samples were not 

collected from the control Mickett Creek.  

 

Water isotopes 

The δ
18

O and δ
2
H (δD) values of Buffalo Creek water and sources (STP effluent, 

stormwater, marine water from Shoal Bay) were analysed using a Wavelength 

Scanned-Cavity Ring-down Spectrometer (Picarro) fitted with a diffusion sampler 

(DS-CRDS; Munksgaard et al. 2011). The DS-CRDS continuously pumps the 

sample water through a permeable expanded-PTFE tube housed in a sealed chamber 

supplied with dried air. Diffusion through the permeable tube saturates the air with 

water vapour before it is pumped into the laser spectrometer. 

 

Isotope ratios are expressed as δ
18

O or  δ
2
H (in ‰) according to the equation: δ

18
O or 

δD sample (‰) = [(Rsample / Rstandard ) – 1)] x 1000; where R = 
18

O/
16

O or 
2
H/

1
H. 

 

The continuous DS-CRDS data were standardised to the VSMOW scale by analysis 

of three secondary standard waters (Seawater: δ
18

OVSMOW = 0.02 ‰, δD = 3.24 ‰; 

Italian Water: δ
18

OVSMOW = -7.68 ‰, δD = -48.16 ‰; and Tap Water: δ
18

OVSMOW = -

2.12 ‰, δD = -20.25 ‰) which in turn were determined by Isotope Ratio Mass 
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Spectrometry (IRMS) using the primary international standards IAEA VSMOW2, 

VSLAP2 and GISP. 

 

2.2.4 Leanyer-Sanderson treatment plant data for influent and effluent 

samples 

Nutrient concentrations and flow rates of sewage influent, and discharged treated 

effluent for 2013–14 was provided by Power and Water Corporation.  

 

2.2.5 Data analysis 

The PRIMER and PERMANOVA data analysis package (PRIMER-E Ltd, 

Plymouth, United Kingdoms, Version 7) was used to determine if nutrient and Chl-a 

concentrations and physico-chemical parameters in water were different between 

seasons, tides, and sampling sites within each creek and between creeks. 

Permutational analysis of variance (PERMANOVA) design with fixed factors 

seasons, tides, and sampling sites applied separately for each variable, and for each 

creek. As the selection of sites was not random, but systematically chosen based on 

distance to the site from the creek mouth, this factor was also fixed. All 

PERMANOVA tests were performed on Euclidian distance matrices with 999 

permutations. Resemblance matrices were used for PERMANOVA analysis. If the 

overall test was significant at the 0.05 level, pairwise tests were conducted to 

determine where the significant differences were observed.  ANOVA (general linear 

model) was used to compare nutrients and Chl-a concentrations between impacted 

Buffalo Creek and control Mickett Creek at a significance level (p) of 0.05 using 

MINITAB 17 software. 
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Using monthly average concentrations (n = 8 to10) of TN and monthly total STP 

discharge, monthly STP fluxes of TN were calculated and summed up for each of the 

wet and dry seasons. Stormwater discharge into Buffalo Creek during wet and dry 

seasons was estimated by multiplying the total monthly rainfall by catchment area 

and runoff coefficients (0.78 – Skinner et al. 2009). Stormwater fluxes of TN for 

each of the wet and dry seasons were estimated by multiplying the seasonal average 

concentrations of TN by the total seasonal stormwater discharge. Rainfall data were 

obtained from www.bom.gov.au/climate/averages/tables/cw_014015.shtml 

(21/10/2016). 

 

The mixing model software IsoSource (Phillips and Gregg 2003) was used to 

estimate the relative contribution of water sources (effluent, stormwater and marine) 

in wet and dry season neap tides in 2014 for each location (A1 to A7) in Buffalo 

Creek (using values for source increment = 10% and tolerance = 1, Phillips and 

Gregg 2003). 

 

2.3 Results 

2.3.1 Temperature, pH and salinity of water in Buffalo Creek 

Surface water temperatures along Buffalo Creek and Mickett Creek were lower 

during the dry seasons (mean=26.0
o
C) than wet seasons (mean =30.2

o
C). Dissolved 

oxygen saturation (DO %) in Buffalo Creek generally ranged between 70% and 

100% (concentration = 4 –7.8 mg L
-1

 for all sampling rounds, except at upstream 

sites (A2 and A3) where saturations were significantly lower (p=0.031 and p=0.019) 

during dry neap tides and ranged between 30% and 50% (2.2 –3.1 mg L
-1

). In 

Mickett Creek, DO saturation was always above 70% (concentration=5.0 – 7.1 mg L
-
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1). The pH in water in Buffalo Creek and Mickett Creek showed no significant 

variations with seasons, tides or sampling sites (all p values >0.05) and ranged 

between 7–8 during all sampling rounds, with slightly higher values during spring 

tides (close to 8) than neap tides. 

 

In both wet and dry seasons during spring tides, the salinity was >32 at sites A2 to 

A7. However, at site A1 salinity was <10 reflecting the influence from freshwater 

sources (STP effluent and stormwater during the wet season) and limited ingress of 

seawater upstream past the rock bar.  

 

During the dry season neap tides, seawater enters the upper sections of Buffalo 

Creek, and average salinity value at upstream sites (A2 and A3) of Buffalo Creek 

reached >30. In contrast, during the wet season neap tides, freshwater inputs from the 

catchment reduce seawater ingress to Buffalo Creek, and average salinity values 

were <20 at upstream sites. During wet season neap tide conditions in 2014, salinity 

was 21.6 at site A7 close to the creek mouth. This sampling event was influenced by 

high monsoonal rainfall in the period prior to sampling and Buffalo Creek carried 

large volumes of freshwater (Figure 2.2) limiting tidal inflow of marine water. 

Salinity in MC was also relatively low during this sampling round, reaching 25.0 at 

the creek mouth. 
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Figure 2.2. Total monthly rainfall during years 2013 and 2014 (source: 

www.bom.gov.au/climate/averages/tables/cw_014015.shtml). 

 

2.3.2 Nutrient status of water in Buffalo and Mickett Creek  

Nutrient concentrations 

Dissolved and total nutrient concentrations for all sampling rounds in Buffalo Creek 

and Mickett Creek are provided in Appendix B. Nutrient concentrations (both 

dissolved and total) in Buffalo Creek were significantly higher (p values for all 

nutrients were <0.05) compared to Mickett Creek, during all sampling events (both 

dry and wet seasons and both spring and neap tidal conditions) reflecting the 

influence of sewage effluent and poor water quality in Buffalo Creek. Nutrient 

concentrations in Buffalo Creek water (Figure 2.3A) were generally more enriched in 

dissolved inorganic N (DIN: NH4
+
 + NO3

-
 + NO2

-
) and particulate N (PN) compared 

to phosphorus (PO4
3-

). Total dissolved N (TDN) was dominated by NH4
+
 (NH4

+
; 

always more than 60% of TDN) over NO3
-
 , NO2

-
 and dissolved organic N (DON) 

(Figure 2.3A).   

 

 

 

 

Dry neap and  
spring 2013 
sampling 

Dry neap and spring 2014 sampling 

Wet spring 2014 sampling 

Wet spring 2013 sampling 
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The NH4
+
 concentrations in Buffalo Creek were substantially higher than the default 

water quality trigger values (15 μg L
-1

) for estuarine ecosystems in tropical Australia 

(ANZECC/ARMCANZ, 2000) at all locations during neap tides and spring tides in 

both wet and dry seasons, except at sites close to the creek mouth (A6 and A7) where 

the values were lower than the default trigger values (default trigger values are 

shown in Figure 2.4). However, for the dry season spring tide (2014) sampling, NH4
+
 

concentrations from midstream site A3 to A7 (creek mouth) were lower than the 

default water quality trigger values (Figure 2.4). 

 

The NO3
-
 and NO2

-
 concentrations in Buffalo Creek were higher than the default 

water quality trigger values (30 μg L
-1

) for estuarine ecosystems in tropical Australia 

(ANZECC/ARMCANZ, 2000) at all locations during neap tides except at sites close 

to the creek mouth (A6 and A7) where the values were lower than the default trigger 

values (Figure 2.4). However, the concentrations were lower than the default trigger 

values at all sampling sites during spring tides, except at site A1 (effluent discharge 

point) where the values still exceeded the trigger values (Figure 2.6). The PO4
3- 

concentrations were above default trigger value (5 μg L
-1

) during all seasons and 

tidal conditions.  In Mickett Creek, all nutrient concentrations were lower than the 

default trigger values for estuaries in tropical Australia (ANZECC/ARMCANZ, 

2000) at all locations during all seasons and tidal conditions.  

 

The DIN: PO4
3-

 ratios in water can be used to assess the nutrient status of a water 

body (Downing and McCauley 1992, Silva et al. 2015).  Overabundance of DIN 

concentrations in water results in higher DIN : PO4
3-

 ratios than the Redfield ratios 

(16:1). The DIN : PO4
3-

 ratios in Buffalo Creek were higher than the Redfield ratio at 
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all sites, except at sites A6 and A7 close to the creek mouth, where the ratios were 

lower than the Redfield ratio (Figure 2.5). During wet neap 2014 sampling,  

DIN : PO4
3-

 ratios were higher than Redfield ratio at all sites along the creek (Figure

2.5). On spring tides the DIN : PO4
3-

 ratios were lower than the Redfield ratio, except

at site A1 the ratios were higher than the Redfield ratio (Figure 2.5). In Mickett 

Creek, the DIN : PO4
3-

 ratios were always lower than the Redfield ratio (Figure 2.5).

Figure 2.3. N speciation in (A) Buffalo Creek and (B) Mickett Creek during 

sampling rounds in 2013 and 2014. PN= Particulate N, DON= dissolved organic 

N. A1 to A7 represents the sampling sites along Buffalo Creek and a1 to a3 

represents the sampling sites along Mickett Creek. 



55 

Figure 2.4. Spatial variation of nutrient concentrations with salinity along Buffalo 

Creek for all sampling rounds. Y axis values are shown in logarithmic scale. 

Conservative mixing lines between end members STP effluent (black cross) and 

seawater from Shoal Bay (black triangle) are indicated by dash lines. The STP 

effluent and seawater from Shoal Bay was not sampled in wet neap 2013 and wet 

spring 2013, and therefore, mixing lines are not shown for these two sampling 

rounds. The solid black line indicates the trigger values for estuaries in tropical 

Australia (ANZECC and ARMCANZ, 2000). Guidelines do not provide trigger 

values for TDN concentrations. 
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Figure 2.5. DIN:PO4
3–

ratios in water from (A) Buffalo Creek and (B) Mickett

Creek during sampling rounds in 2013 and 2014. The solid red lines indicate the 

typical Redfield ratio (16:1). A1 to A7 represents the sampling sites along Buffalo 

Creek and a1 to a3 represents the sampling sites along Mickett Creek. 

Chlorophyll-a concentrations 

Chlorophyll-a (Chl-a) concentrations in Buffalo Creek were significantly higher than 

in the control Mickett Creek (p=0.001). Chlorophyll-a concentrations in Buffalo 

Creek (site A2 to A7) were substantially higher (> 30 μg L
-1

) than default trigger

values (2 μg L
-1

) during neap tides in both wet and dry seasons (Figure 2.6). The
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highest Chl-a concentrations (>60 μg L
-1

) were measured at the STP discharge point

at site A1 at all sampling times. During spring tides in both wet and dry seasons 

Chl-a concentrations at sites A2 to A7 ranged between 1.3 – 4.5 μg L
-1

. With

increasing salinity from the STP discharge point towards the mouth of the creek 

(Shoal Bay), concentrations of Chl-a showed a gradual decrease but were relatively 

high (>20 μg L
-1

 ) at the creek mouth in wet season neap tides (Figure 2.6).

Figure 2.6. Chlorophyll-a concentrations in Buffalo Creek during sampling 

rounds in 2013 and 2014. The shaded columns show the two sampling trips (wet 

and dry neap high tide water in 2014) for which isotope data are available. A1 to 

A7 represents the sampling sites along Buffalo Creek. The solid black line 

indicates the trigger values for estuaries in tropical Australia (ANZECC and 

ARMCANZ, 2000). 
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2.3.3 Spatial variations in nutrient concentrations in Buffalo Creek during 

neap and spring tidal conditions 

All nutrient concentrations were significantly lower in spring tide samples compared 

to neap tide samples (all p values were <0.05) and there were no strong gradients in 

nutrient concentration along most of the length of Buffalo Creek during spring tides 

(Figure 2.4). In contrast, strong gradients in nutrient concentrations were measured 

along the length of Buffalo Creek during neap tides. This difference between spring 

and neap tides is due to the much higher volumes of seawater entering and exiting 

Buffalo Creek during the former. Hence, there is much more efficient flushing of the 

STP-derived nutrient loads in Buffalo Creek during spring tides. During neap tides, 

high nutrient loads discharged from the STP are more persistent throughout Buffalo 

Creek due to lower levels of tidal exchange. 

Sampling site A1 (the STP discharge site) in Buffalo Creek had the highest nutrient 

concentrations of all sampling sites at all sampling events, except for the wet season 

neap tide in 2014 when nutrient concentrations were lower at site A1 than further 

downstream (Figure 2.4). The DIN and PO4
3-

 concentrations in Buffalo Creek were

generally higher during the wet seasons than dry seasons (although not statistically 

significant; p values were >0.05). With increasing salinity from the STP discharge 

point towards the mouth of Buffalo Creek (Shoal Bay) concentrations of these 

nutrients decreased gradually but nutrient concentrations at the Buffalo Creek mouth 

was higher during the wet seasons compared to the dry seasons (Figure 2.4). 
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2.3.4 Nutrient sources in Buffalo Creek under neap tide conditions in wet and 

dry seasons in 2014 

Water sources and N fluxes 

The main freshwater source with high concentrations of nutrients is the treated 

sewage effluent from the Leanyer-Sanderson STP. Other freshwater sources to 

Buffalo Creek are catchment and urban stormwater runoff, particularly during the 

wet season (flows and nutrient inputs are negligible during dry seasons), which has 

relatively low NH4
+
 concentrations but high NO3

-
 concentrations. In contrast, marine

water from Shoal Bay, which enters Buffalo Creek during high tides, is characterised 

by high salinity and low nutrient concentrations. 

In addition to salinity, the isotopic compositions of water (δ
2
H and δ

18
O) have been

used as tracers to characterise different water sources contributing to rivers and 

watersheds (Clark and Fritz 1997, Simpson and Herczeg 1991, Kattan 2008). To 

characterise the different water sources contributing to Buffalo Creek, δ
18

O and δ
2
H

values were measured in creek water and rainfall collected at the time of the neap 

tide surveys in wet and dry seasons 2014 (Figure 2.7 A and B). 
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Figure 2.7. δ
2
H vs. δ

18
O values in Buffalo Creek and water sources in (A) wet

neap and (B) dry neap 2014. A1 to A7 represents sampling sites along Buffalo 

Creek. GMWL=Global Meteoric Water Line; LMWL=Local Meteoric Water Line 

(Liu et al. 2010). The dashed lines show mixing lines between STP effluent and 

marine water. The average δ
2
H and δ

18
O of rainfall three days before sampling in

February 2014 (wet season) is shown in A (n=6). No rainfall was recorded in the 

three days prior to sampling in July 2014 (dry season). 

The decrease in δ
2
H and δ

18
O values of creek water from sites A1, A2 and A3 to

values below those of the STP effluent indicates that stormwater and catchment 

runoff was an important source of fresh water in Buffalo Creek during sampling in 
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February 2014 wet season (Figure 2.7A). The rainfall measured three days before 

wet neap sampling constituted approximately 50% (198.2 mm) of the total rainfall 

during the month of February (399.2 mm). The measured δ
2
H and δ

18
O values of

rainfall showed an average value of -6.8‰ for δ
18

O (range: - 6.3‰to -7.1‰) and -

44.85‰ for δ
2
H (range: - 43.74‰ to -45.85‰). The low δ

2
H and δ

18
O values

measured are typical of wet season (monsoon) rainfall (Zwart et al. 2016). In 

comparison to rain, effluent δ
2
H and δ

18
O values are higher in the wet season

because the effluent is a mix of ‘old’ water from the urban water supply and rain 

falling on the ponds.  In contrast to the wet season, catchment runoff to Buffalo 

Creek was strongly reduced in the dry season (Figure 2.7B). During this sampling 

round, the STP effluent point plots to the right of the Global Meteoric Water Line 

(GMWL) due to the high evaporation rate of water from the treatment plant ponds 

during the dry season. The estimated monthly stormwater discharge to Buffalo Creek 

during the year 2014 was highest in January and February, peaking at 3.73 x 10
9
 L

month
–1

 during the wet season. During the wet season, estimated total stormwater

discharge to Buffalo Creek (1.9  10
10

 L) was ~4 times higher than the total STP

discharge to Buffalo Creek (4.8  10
9
 L).

In order to provide a quantitative assessment of water sources in BC the mixing 

model IsoSource was used with the following sources as the main end-members to 

the estuary: (i) STP effluent, (ii) stormwater and (iii) marine water from the ocean 

(Figure 2.8 A and B). 
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Figure 2.8. Relative contributions of water sources and salinity along Buffalo 

Creek in (A) wet neap and (B) dry neap 2014. A1 to A7 represents sampling sites 

along Buffalo Creek. 

During wet season neap tides, sites A1, A2 and A3 were dominated mainly by 

stormwater (≥ 60%) while the relative amount of stormwater decreased moving 

further downstream (Figure 2.8A). Effluent was present at all sites along Buffalo 

Creek with varying proportions along the creek. The effluent constituted 30% – 40% 

of total volume at sites A1, A2 and A3 while sites A4 and A5 were dominated 

mainly by effluent (60%). At site A7 (creek mouth) the effluent was present in a 
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smaller proportion (10%). There were no marine inputs at sites A1, A2 and A3 

(salinity range: 0.2–2.3) while marine input was present in smaller proportions at site 

A4 (10%, salinity = 5.4) and A5 (20%, salinity= 7.9). The contribution of marine 

water was ≥50% at sites A6 (salinity = 17.4) and A7 (20.7). At some of these sites, 

there was a small discrepancy between proportions of sources estimated by SI and 

salinity, e.g. A4 salinity suggests 5/35 = 14%, although this may be within the 

uncertainties in the mixing calculations. 

 

During the dry season neap tides, site A1 was dominated by the STP effluent (90%, 

salinity=0.3) with a small proportion of marine water (10%). Sites A2 to A7 were 

mainly dominated by marine water (≥80%, salinity > 32). Effluent was present in 

smaller proportions at sites A2, A3 and A4 (20% – 10%) but was absent from sites 

A6 and A7 close to the creek mouth. 

 

The relative importance of calculated N inputs from landward (STP effluent and 

stormwater) for the wet and dry seasons during neap tides are shown in Table 2.1. 

 

The TN inputs from stormwater were negligible compared to the STP effluent inputs 

during the dry season (approximately 0.1%). Furthermore, the TN input from 

stormwater during the wet season was around 3% of that of TN inputs from STP 

effluent. However, it should be noted that the estimated stormwater discharge 

represents an approximate value for the seasons as an annual runoff coefficient was 

used for the calculations, and the runoff coefficient is likely to vary with the rainfall 

amount and distribution within the catchment. Very low nutrient concentrations were 

observed in water (lower than the default trigger values for estuaries in tropical 



 

64 

 

Australia) collected from the control Mickett Creek, which is located adjacent to 

Buffalo Creek in a similar creek catchment. Therefore, natural catchment runoff is 

unlikely to add a significant amount of N to Buffalo Creek. 

 

Table 2.1. Mass inputs of TN (Total N) into Buffalo Creek from STP effluent and 

stormwater during wet (January to April) and dry seasons (May to October).  

 

 

Nitrogen budgets and δ
15

N values in sewage treatment plant influent and effluent 

To get a better understanding of how the STP effluent may vary through the changes 

in the operation and efficiency of the STP ponds during seasonal changes, and how 

this will affect the contribution of N (in terms of concentrations as well as isotope 

ratios) to Buffalo Creek, the percentages of N species in STP influent and effluent 

were estimated using daily STP monitoring data for the wet and dry seasons. The 

estimated percentages of N species are shown in figure 2.9.  

 

TN flux 

(tonnes)

STP effluent

Wet season 2014 240.2

Dry season 2014 164.8

Total during year 2014 405.0

Stormwater

Wet season 2014 8.0

Dry season 2014 0.2

Total during year 2014 8.2
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Figure 2.9. Percentage of influent N and effluent N in wet and dry season (n=27 

for the wet season and n=36 for the dry season). DON=dissolved organic N; 

PN=particulate N. 

The highest removal percentage of influent N is for NH4. However, the removal of 

NH4 and gain of NOx is higher during the dry season compared to the wet season. 

The percentage reduction in NH4 during the wet and dry seasons are 29.4% and 

50.5% respectively while the percentage gain of NOx are 1.3% and 13.9% 

respectively. The higher removal and gains in the dry season is likely due to the 

longer residence times in ponds that allows more time for N transformation 

processes. The longer residence times in the dry season is indicated by the relatively 

lower mean monthly outflow (426.0 ML) compared to the mean monthly inflow 
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(688.1 ML) of the effluent. In contrast, the mean monthly inflow and outflow of the 

effluent in wet season was 1108.0 ML and 1167.5 ML respectively.  

 

The measured δ
15

N values of effluent filtrate, i.e. total dissolved N (TDN), exceeded 

the δ
15

N values of effluent particulate N (PN) at all sampling times (Figure 2.10). 

There were relatively small variations in δ
15

N values between samples collected in 

the same season but there were considerable differences between wet and dry PN and 

TDN δ
15

N values, with higher values measured in the dry season (Figure 2.8). The 

STP effluent had δ
15

NNOx and δ
15

NNH4 values of 4.1‰ and 26.1‰, respectively, 

during the dry season and 8.2‰ and 16.8‰, respectively, during the wet season 

suggesting a greater isotopic fractionation between the two N species during the dry 

season (n=1 for each season). The wet season δ
15

NNH4 value presented in Fig. 2.10 

was calculated by mass balance using δ
15

N values and N concentrations for TDN and 

NOx as the laboratory reported value for δ
15

NNH4 was clearly erroneous due to an 

unidentified sampling or laboratory error.  
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Figure 2.10. The δ
15

N values in total dissolved N and particulate N in STP effluent 

during the sampling rounds. The δ
15

NNO3 and δ
15

NNH4 values in the STP effluent 

during wet and dry neap tides 2014 are also shown. TDN δ
15

N values were not 

sampled during the dry neap and dry spring sampling campaigns in 2013. 

Stable isotopic compositions of NO3
-
, NH4

+
 and particulate N in Buffalo Creek 

Wet season neap tides  

In the wet season, the δ
15

NNH4 value in STP effluent (16.8‰) was similar to the 

δ
15

NNH4 values measured at three sites along Buffalo Creek (A2=17.4‰; A4 18.6‰; 

A6=17.8‰ Figure 2.11A). Furthermore, δ
15

NNO3 values in STP effluent (8.2‰) was 

also similar to the δ
15

NNO3 in the creek (A2=7.6‰; A4 7.1‰; A6=7.3‰, Figure 

2.11A). The δ
15

NNH4 values were always higher than δ
15

NNO3 values (Figure 2.11A). 

The N isotopic composition of particulate N (δ
15

NPN) in STP effluent and Buffalo 

Creek was also relatively invariant from the STP discharge point to the creek mouth 

(Figure 2.11A). 
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Dry season neap tides  

Very high δ
15

NNH4 values were measured both in STP effluent and at all creek sites 

during the dry season. The δ
15

NNH4 value of STP effluent (26.1‰, n=1) was similar 

to the value observed at the discharge site A1 (25.7‰). The δ
15

NNH4 value was 

slightly lower (22.4‰) downstream at site A2 but was invariant further downstream 

towards the creek mouth (A4 22.7‰; A6=22.3‰, Figure 2.11B). In the dry season, 

the δ
15

NNO3 value of STP effluent (4.1‰, n=1) was similar to the value measured at 

the discharge site A1 in Buffalo Creek (4.8‰), but was significantly lower than the 

δ
15

NNO3 values measured further downstream in the creek (A2=14.7‰; A4= 15.4‰; 

A6=14.4‰, Figure 2.11B). The δ
15

NPN values in STP effluent and in the creek at the 

discharge point A1 (15.3‰ and 18.3‰, respectively) were intermediate between the 

δ
15

NNH4 values (STP= 26.1‰ and A1=25.7‰) and δ
15

NNO3 values (STP=4.1‰ and 

A1=4.8‰). There was a substantial decrease in δ
15

NPN values from the discharge 

point A1 towards the creek mouth (Figure 2.11B).  
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Figure 2.11.  Longitudinal variations of δ
15

NNO3, δ
15

NNH4 and δ
15

NPN with salinity 

along Buffalo Creek and in STP effluent in (A) wet season neap tide samples and 

(B) dry season neap tide samples (2014 data). STP= STP effluent; A1 =discharge 

point; A2=upstream; A4=midstream; A6= Creek mouth. 

Table 2.2. The δ
15

NNO3, δ
15

NNH4 and δ
15

NPN values in STP effluent and Buffalo 

Creek in wet season neap tide and dry season neap tide samples. ns: no sample.  

 

Season Sources δ
15

NNO 3 δ
15

NNH4 δ
15

NPN 

and sites (‰) (‰) (‰)

Wet neap 2014 STP effluent 8.2 16.8 4.0

Shoal Bay ns ns 3.7

A1 ns ns 5.0

A2 7.6 17.4 4.3

A3 ns ns 4.2

A4 7.1 18.6 4.4

A5 ns ns 3.8

A6 7.3 17.8 4.0

A7 ns ns 3.9

Dry neap 2014 STP effluent 4.1 26.1 15.3

Shoal Bay ns ns 3.0

A1 4.8 25.7 18.3

A2 14.7 22.4 14.3

A3 ns ns 11.5

A4 15.4 22.7 8.8

A5 ns ns 8.8

A6 14.4 22.3 7.2

A7 ns ns 1.4

ns=no sample
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2.4 Discussion 

In this section, I first discuss the importance of N loads from the STP effluent and 

stormwater, and their distribution along the creek during neap and spring tides. I then 

discuss the physical and biochemical N cycle processes in water and sediment 

responsible for the measured nutrient and stable isotope values in Buffalo Creek in 

wet and dry seasons under neap tide conditions.  

 

2.4.1 Nutrient loads and export dynamics  

The estimated N fluxes of STP effluent and stormwater showed that the main N 

source in Buffalo Creek is the STP effluent in both wet and dry seasons. While the 

stormwater drains were an important source of freshwater into Buffalo Creek during 

the wet seasons (stormwater discharge was ~4 times higher than the STP effluent 

discharge during wet season 2014), the TN flux was negligible (< 3%) compared to 

the STP effluent inputs. Hence, stormwater drains, while perhaps locally important, 

do not contribute substantially to the N load in Buffalo Creek.  

 

During spring tides in both wet and dry seasons, absence of measurable nutrient and  

Chl-a concentration gradients along Buffalo Creek, is largely due to the high tidal 

flushing in this macro-tidal ecosystem. All nutrients displayed an approximate 

conservative mixing behaviour with data falling along the conservative mixing line 

(Figure 2.4). The significantly lower nutrient concentrations and high salinities 

during spring tides (except at discharge site A1) compared to neap tides indicates a 

strong dilution of effluent-derived nutrients from incoming marine water.  

Consequently, nutrient concentrations (NO3
-
 and NO2

-
) in water at all sites (except at 

discharge site A1) on spring tides was below ANZECC/ARMCANZ water quality 
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guideline levels for estuaries in tropical Australia. Previous studies have also 

reported strong dilutions of nutrients in tidal estuaries on spring tides (Furnas 1992, 

Nixon et al.1996). However, the slightly higher NH4
+
 concentrations than the 

ANZECC/ARMCANZ water quality guideline levels at up-and midstream sites in 

Buffalo Creek even during spring tides are due to the presence of NH4
+
 in 

substantially higher concentrations compared to NO3
-
 and NO2

-
 in the effluent. The 

DIN: PO4
3
 
–
 ratios in water were lower than the Redfield ratio on spring tides 

compared to neap tides, due to relatively low N abundance on spring tides and a 

strong dilution by tides. However, higher nutrient and Chl-a concentrations were still 

measured at effluent discharge site A1, where seawater ingress is limited indicating 

the directed influence of the STP effluent. 

 

In contrast, during neap tides in both wet and dry seasons, when physical dilution by 

tides are at a minimum, significantly higher nutrient and Chl-a concentrations were 

recorded in Buffalo Creek (except nutrients at sites A6 and A7 at the creek mouth) 

indicating less dilution of STP-derived nutrients by marine water than on spring 

tides. Therefore, tides are a significant factor that modifies the STP-derived nutrient 

levels in Buffalo Creek as previously reported by Smith et al. (2012) and Burford et 

al. (2008). All nutrient concentrations on neap tides were higher than the values 

recommended by the ANZECC/ARMCANZ guidelines for estuaries in tropical 

Australia at all sites except at creek mouth where nutrient levels are substantially 

reduced due to mixing of seawater from Shoal Bay. However, the high Chl-a 

concentrations at the creek mouth during wet season neap tides, exceeded the 

ANZECC/ARMCANZ guidelines. This is likely due to the substantial amount of 

phytoplankton discharged with STP effluent and high plankton growth in 
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hypereutrophic upper and mid sections of the creek that have been transported to the 

creek mouth with the high stormwater inputs (discussed later). In the dry season 

during neap tides, Chl-a concentrations were only slightly higher than 

ANZECC/ARMCANZ guidelines at the creek mouth and is likely due to the 

deposition of phytoplankton in sediment (discussed later). Furthermore, the higher 

DIN: PO4
3
 
–
 ratios compared to the Redfield ratio during neap tides indicates the 

environmental availability of N for primary production in water. 

 

In comparison to Buffalo Creek, the low nutrient concentration in Mickett Creek 

(below ANZECC/ARMCANZ guidelines) during both neap and spring tides in the 

wet and dry seasons indicates near-baseline water quality. The DIN: PO4
3
 
–
 ratios 

were always lower than the Redfield ratio and indicates an N-limited environment 

for primary production. 

 

2.4.2 Biogeochemical transformations in Buffalo Creek 

Figures 2.12A and B presents the likely major biogeochemical N transformations in 

Buffalo Creek during neap tide conditions during sampling in the wet and dry 

seasons in 2014 based on measurements of salinity, concentrations of N species and 

δ
15

NNH4, δ
15

NNO3 and δ
15

NPN values.  When interpreting the data it must be noted that 

water samples taken at the different sites over the course of a few hours represent 

water masses with different histories in terms of STP input, tidal mixing and 

biogeochemical transformation.  Water masses downstream are ‘older’ in terms of 

their STP input than an upstream water mass that received STP effluent closer to the 

time of sampling. The downstream water masses would have been subjected to more 

tidal mixing (repeated cycles) than the upstream water mass. 
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Figure 2.12.  Conceptual diagrams summarizing the sources and N cycle processes 

in (A) wet season neap tide and (B) dry season neap tide conditions based on 

measurements of salinity, concentrations of N species and δ
15

NNH4, δ
15

NNO3 and

δ
15

NPN values. The measured isotope values (in red) and nutrient concentrations

(in blue) are shown in white circles. Units of all isotope values are in per mil (‰) 

and nutrient concentrations are in μg L
–1
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Wet season neap tides 

The concentrations of nutrients (NH4
+
, NO3

-
 and NO2

-
) in the wastewater treatment

ponds are diluted due to increased catchment runoff entering the sewage system, as 

well as due to rain falling on the ponds during the wet season. Therefore, lower 

nutrient concentrations were observed in STP effluent from the ponds during the wet 

season compared to the dry season. The high rainfall events during the wet season 

also lowered the pond retention times in the treatment plant (mean monthly inflow 

and outflow of the STP effluent in wet season was 1108.0 ML and 1167.5 ML 

respectively) and decreased processing time of DIN species. This is likely to have 

reduced the treatment efficiency of the ponds as indicated by the smaller difference 

(isotopic fractionation) in δ
15

NNH4 and δ
15

NNO3 values (8.6‰) in STP effluent in the

wet season compared to the dry season (22‰). The lower fractionation between 

NH4
+ 

and NO3
-
 suggests that microbial N transformations, including nitrification

/denitrification and anammox (Kartal et al. 2010, Hu et al. 2013) which produce 

gaseous N emissions, and uptake of NO3
–
 and/or NH4

+
 by phytoplankton that

enhances isotopic fractionation, did not progress to the same extent in the wet season 

as in the dry season. A previous study has observed genomic evidence for both 

denitrification (nosZ gene) and anammox (hszA gene) activity in treatment plant 

ponds (Rose et al. 2016). Lower microbial N transformation activity and/ or less time 

for assimilation of N by phytoplankton within the treatment ponds also resulted in 

the lower δ
15

N values in effluent TDN recorded in the wet season compared to the

dry season. 

Low nutrient concentrations were also measured at discharge site A1 in wet season 

compared to the dry season. A likely reason for this is the dilution of nutrients from 
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STP by high loads of stormwater (the proportion of stormwater was 70% at site A1 at 

time of sampling) and catchment water. The higher nutrient concentrations (NH4
+
,

NO3
-
 and NO2

-
) at sites A2 to A6 than at A1 may be explained by a lower degree of

dilution of STP effluent by stormwater in the creek prior to the rainfall event that 

occurred shortly before sampling. Subsequently this water mass was pushed 

downstream by the increased creek flow during the rainfall event which also caused 

increased dilution of STP effluent entering the creek immediately prior to sampling. 

As a result, an overall decrease in TDN concentrations was observed (Figure 2.4). 

Furthermore, there was low seawater ingress up to midstream site A4 (10%) and no 

marine input at sites A1 and A2. There were higher modelled proportion of STP 

effluent (60%) present at midstream sites A4 and A5, compared to upstream sites A2 

and A3 (30% –40%, Figure 2.8). Although runoff from the creek catchment added 

freshwater into Buffalo Creek, it is unlikely that it would have been responsible for 

the high nutrient concentrations measured from site A2 to A6 in Buffalo Creek as 

low nutrient concentrations were measured at the same time from control sites in 

Mickett Creek which received runoff from the same rainfall event. 

High freshwater flows in Buffalo Creek during the wet season also reduced water 

residence time in the creek, increasing the rate of transport of nutrient and particulate 

matter loads from the STP discharge point, towards the creek mouth. This reduced 

accumulation of phytoplankton in Buffalo Creek and minimised the time for N cycle 

processes to take effect within the creek system as shown elsewhere by Abreu et al. 

(2010) and Zingone et al. (2010). This observation is supported by lower salinity, 

higher nutrient and Chl-a concentrations and the modelled proportion of the effluent 

being 40% and 10% at the creek mouth sites A6 and A7, respectively, in the wet 
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season. The relatively invariant δ
15

NNH4, δ
15

NNO3 and δ
15

NPN values obtained from 

the effluent discharge site A1 and along the creek towards the creek mouth during 

the wet season sampling round also indicate rapid transport of effluent-derived N 

downstream which will have reduced the time available for N transformation 

processes to occur within the creek (Figure 2.12A). 

 

Dry season neap tides 

The wastewater treatment plant ponds receive negligible amounts of rainfall during 

the dry season. Therefore, nutrients in ponds were not diluted as in the wet season 

and high nutrient concentrations were observed in STP effluent from the ponds. 

Negligible freshwater inputs to wastewater treatment plant ponds during the dry 

season results in higher pond retention times, and subsequently increased processing 

time of N species in the ponds. The STP effluent had δ
15

NNH4 and δ
15

NNO3 values of 

4.1‰ and 26.1‰, respectively, typical of the strong isotopic fractionation between 

these the two N species (Cravotta 1997) due to microbial N transformation processes, 

such as nitrification, denitrification (Henze et al. 2008, Mayo and Abbas 2014) and 

anammox (Kartal et al. 2010, Hu et al. 2013). The higher δ
15

N values in TDN in the 

dry season compared to the wet season also indicates high levels of microbial N 

transformation processes and assimilation of NH4
+
 and NO3

– 
by phytoplankton. 

 

The high nutrient concentrations in STP effluent during the dry season compared to 

wet season, in addition to negligible stormwater inputs and restricted mixing with 

seawater (modelled proportion of seawater = 10%, salinity = 0.3) upstream of the 

rock bar, means that high nutrient concentrations were measured at discharge site 

A1. The flushing times of the upstream section of Buffalo Creek including site A1 
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have previously been estimated to be 4.8 days during dry neap tides and this value 

reduces moving downstream (A2 to A6: 0.6 – 0.3 days, Smith et al 2012). 

Consequently, the longer residence time upstream of the rock bar including at site A1 

allows more time for biochemical transformation of N species within the creek 

system than at sites further downstream. The δ
15

NNO3 values at the discharge site A1

(4.8‰) is similar to the mean value of the STP effluent (4.1‰). However, 

significantly higher δ
15

NNO3 values were observed further downstream at site A2

(14.7‰) and can be attributed to denitrification and phytoplankton uptake of DIN 

species. Denitrification is an important step in the N cycle that removes excess 

nitrate from aquatic environments (Li et al. 2013) and leads to isotopic enrichment of 

the residual NO3
- 
(Kendall 1998, Chen et al. 2009). Reported isotopic enrichment

factors for denitrification in water are large, ranging from -10‰ to -40 ‰ (Delwiche 

and Steyn 1970, Barford et al. 1999, Granger et al. 2008), but would be expressed to 

differing degrees depending on the extent of reaction completion (Casciotti 2009). 

Phytoplankton uptake of NO3
– 

also causes isotopic fractionation ranging from 3‰ to

10‰ (Granger et al. 2004, Neeboda and Harrison 2004, Kendall et al. 2015). During 

uptake, the light isotope is preferentially utilized by phytoplankton; they should 

attain a lower δ
15

N value than that of the nitrate or ammonium being utilized, leaving

residual nitrate or ammonium isotopically enriched. As the δ
15

NPN was higher than

the δ
15

NNO3 at the discharge point A1, it is unlikely that assimilation of NO3
-
 by

phytoplankton was an important process at this site. Instead, assimilation of the much 

more abundant and preferred NH4
+
 is likely at site A1 as reported elsewhere (Kendall

et al. 2015). Upstream of the rock bar DO saturation decreased to 30%–40% at site 

A2 indicating that conditions were suitable for denitrification upstream of rock bar 

including at site A1. 
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In contrast, the section of the creek which includes sites A2 to A6 was well mixed 

with seawater, with modelled proportions of seawater being >80% (salinities >30). 

The δ
15

NPN values showed a gradual decrease (from 14.3‰ to 1.4‰) moving

downstream in this section of the creek despite the virtually constant values of 

δ
15

NNH4 (range: 22.4‰ to 22.7‰) and δ
15

NNO3 (range: 14.4‰ to 15.4‰). This

suggests that uptake by phytoplankton was not an important process in this section of 

the creek as uptake would result in an increase in δ
15

NNH4 and δ
15

NNO3 values in

residual NH4
+
 and NO3

-
 at downstream sites.  Therefore, an alternative explanation

for the observed decreasing trend in δ
15

NPN is required. A gradual succession in

phytoplankton assemblages along Buffalo Creek may be responsible for the observed 

decreasing trend in δ
15

NPN values along the creek. The STP effluent discharged into

Buffalo Creek contains freshwater algae with high δ
15

N values. As salinity increases

above a range of 0.5 and 10, freshwater phytoplankton species are usually replaced 

by marine species (Snoeijs 1995). In Buffalo Creek, there is a succession from 

typical freshwater diatoms like Cyclotella sp. (15,400,000 cells /L) and Chaetoceros 

sp. (14,200,000 cells/L) at the upstream section with low salinities, to marine 

diatoms like Thalassiosira sp. close to the creek mouth at high salinities (Burford et 

al. 2009, Kaestli 2014, PWC 2014). The phytoplankton succession along the salinity 

gradient has generally been ascribed to the fact that most phytoplankton species are 

stenohaline and suffer osmotic stress upon exposure to salinity changes (Kirst 1990, 

Flameling and Kromkamp 1994, Bisson and Kirst 1995). Thus, the decrease in 

δ
15

NPN from below the rock bar to the creek mouth (from A2 to A6) is possibly due

to the settling of dead freshwater plankton (mainly of STP origin and with high δ
15

N

values) after mixing with seawater. In Buffalo Creek, phytoplankton is a substantial 

contributor to the organic content in sediment as indicated by the significant 
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correlation between δ
15

N and δ
13

C values in suspended particulate matter and

sediment (discussed in chapter 3). This is further supported by the sharp decrease in 

Chl-a content in water from midstream sites to the creek mouth during the dry 

season. Higher percentages of plankton N contributed to sediment N at sites A2 

(82%) and A3 (77%) compared to sites further downstream (50% –30%, explained in 

detail in chapter 3). A previous study has also reported that dead phytoplankton was 

an important source of organic matter to the sediment in Buffalo Creek due to high 

pelagic primary production, the benthic production: respiration ratio being close to 1 

and low C: N ratios in Buffalo Creek (Smith et al. 2012). 

The high proportion of seawater (>80%, salinities >30) at the creek section including 

sites A2 to A6 indicates a strong dilution of STP-derived nutrients in this section of 

the creek. This is further supported by the NH4
+
, NO3

–
 and NO2

– 
concentration in dry

neaps being plotted close to the conservative mixing line (Figure 2.4).  However, the 

nutrient/salinity relationships (Figure 2.4) show an excess in NH4
+
, NO3

–
 and NO2

– 
at

these sites relative to conservative mixing suggesting an additional source of 

nutrients
 
into this section of the creek. The modelled proportion of STP effluent 

observed at upstream (site A2) and midstream (site A4) sites was low (10% to 20%) 

and was completely absent at the creek mouth (site A6) due to strong mixing with 

seawater. This indicates that STP-derived nutrients alone are not responsible for the 

higher nutrient concentrations observed at sites A2 to A6. The 3‰ decrease in 

δ
15

NNH4 values from sites A1 (25.7‰) to sites A2, A4 and A6 (range: 22.4‰ –

22.7‰) show that additional N transformation processes occurred downstream. 
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Benthic nutrient fluxes and sediment resuspension are processes that could add 

nutrients to the water column (Tobias et al. 2003, Stahlberg et al. 2006, Smith et al. 

2012). A previous study reported significant contributions of benthic DIN fluxes to 

the DIN pool in Buffalo Creek during dry season neap tides (Smith et al. 2012). 

These authors measured NH4
+
 fluxes ranging from 21.9 to 45.0 mmol N m

–2
 day

–1

accounting for a significant amount of DIN flux to creek waters. The high NH4
+

fluxes are possibly due to increased remineralisation of freshly deposited 

phytoplankton. NOx fluxes were highly variable with the standard deviations at sites 

typically exceeding the mean fluxes. Although Smith et al (2012) found both positive 

and negative N2 fluxes, the mean N2 fluxes in Buffalo Creek were lower than at the 

reference creek they studied. They concluded that the high benthic NH4
+
 fluxes into

Buffalo Creek water is a result of low denitrification efficiencies in sediment which 

removes only a small proportion of sedimentary N as N2. 

It is expected that the NH4
+
 produced due to mineralisation will have δ

15
N values

similar to, or slightly lower than, the sediment δ
15

N values, because of the small

isotopic fractionation associated with mineralisation 1‰ to –3‰; Hoch et al. 1994, 

Kendall 1998). Sediment δ
15

N values in Buffalo Creek did not show any seasonal

variations and ranged between 10.3‰ and 6.6‰ at this section of the creek (site A2 

to A7, chapter 3). Therefore, the expected δ
15

N values for mineralised NH4
+ 

should

range between 11.3‰ and 3.6‰. However, the observed δ
15

NNH4 in water at this

section of creek was significantly higher (range: 22.4‰ –22.7‰) than the expected 

values. One possible explanation for the observed higher values could be water 

column nitrification of the mineralised NH4
+
 (Mariotti et al. 1981, Peterson and Fry

1987, Kendall 1998, Casciotti et al. 2003).  Nitrification leads to isotopic enrichment 



81 

of the residual NH4
+ 

and the fractionation factors for nitrification ranges from 13‰

to 38‰ (Mariotti et al. 1981, Kendall 1998, Casciotti et al. 2003). If nitrification in 

water was an important process the δ
15

NNH4 values in water should increase

significantly moving downstream. However, the nearly constant δ
15

NNH4 values from

site A2 to A6 (22.4‰ to 22.7‰) suggests nitrification was not an important process 

along this section of the creek during the dry neap. Another possible explanation for 

the higher δ
15

NNH4 values observed could be the release of porewater NH4
+ 

with high

δ
15

NNH4 due to the associated coupled sediment nitrification and denitrification via

sediment resuspension as reported elsewhere (Hopkinson 1985, Stahlberg et al. 2006, 

Almroth et al. 2009). As the section of creek from A2 to A6 was well flushed with 

seawater (modelled proportion >80%), sediment resuspension seems an important 

processes during dry neap. Overall, the measured high nutrient concentrations and 

variation in δ
15

NNH4 and δ
15

NNO3 values from A2 to A6 is likely to represent a

combined effect of mixing of nutrients from benthic fluxes, resuspension and STP 

effluent. 

2.5 Conclusions 

Stable isotopic ratios provided insights into key processes of nitrogen cycling in 

Buffalo Creek that would not have been revealed by nutrient concentrations alone. 

The main source of N in Buffalo Creek is the STP effluent. Tidal mixing with 

seawater and seasonal freshwater flows are the main physical factors that modify the 

STP-derived nutrients in this macro-tidal creek. During spring tides in both the wet 

and dry seasons the creek is well flushed and shows much better water quality 

compared to neap tide conditions. Processes that influence the nutrient dynamics 

varied between wet and dry seasons on neap tide conditions. During wet season neap 
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tide conditions, nutrient dynamics are driven mainly by physical processes. Low 

residence times in creek water due to high stormwater and catchment runoff rapidly 

transports nutrients downstream minimizing the time available for biogeochemical 

transformations of N. During dry season neap tides biogeochemical processes 

become more important in transforming and cycling of N due to longer residence 

times of water masses within the creek system. Denitrification in water is an 

important process in the creek section upstream of the rock bar including the STP 

discharge site. Deposition of freshwater phytoplankton due to rapid mixing with 

seawater contributed significantly to the sediment organic matter in the creek section 

further downstream (sites A2 to A6). Benthic DIN fluxes and release of porewater 

nutrients via sediment resuspension were identified as additional processes that 

contributed to the high nutrient load in the water column during the dry neaps. It 

would, thus, be beneficial to obtain higher frequency measurements that derive actual 

N budgets for the water column. This would provide a more time-integrated and 

holistic view of changes in N cycling in the water column including sediment N 

transformation processes (such as denitrification efficiencies) and recycling to the 

water column. 



 

 

Chapter 3 

 

Distribution and sources of carbon and nitrogen  

in suspended particulate matter and sediment in 

Buffalo Creek 
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3 Distribution and sources of carbon and nitrogen in suspended 

particulate matter and sediment in Buffalo Creek 

3.1 Introduction 

Urban estuaries are particularly susceptible to pollution by nutrient-rich organic 

matter from domestic sewage. Organic matter (OM) in estuarine systems can be 

derived from both autochthonous sources (such as planktonic and benthic primary 

productivity and plants growing on sediment surface) and allochthonous sources 

(such as marine and riverine inputs as well as direct sewage and industrial effluent 

inputs from land into the estuary) (Middelburg and Nieuwenhuize, 1998, Graham et 

al. 2001, Yu et al. 2010). Although particulate N is known to be one of the most 

critical elements in nutrient enrichment and eutrophication of coastal ecosystems 

(Seitzinger et al. 2002b), relatively few studies have focused on particulate N 

(Seitzinger et al. 2002a) in comparison to the numerous studies on particulate C 

fluxes and dynamics. 

In tidal creeks, particulate organic matter (POM) is subjected to intensive physical 

mixing and a series of chemical and biological processes (Liu et al. 2006). Much of 

the POM sinks through the water column and is eventually preserved in sediments 

(Hu et al. 2006). Therefore, the quantity and quality of suspended particulate matter 

(SPM) in the water column can vary over a spectrum of time scales—from short 

(hours to days, Rheault and Rice, 1996, Smaal and Haas, 1997) to long (annual and 

greater, Cranford and Hill, 1999, Huang et al. 2003)—and space scales, from the 

very small (meters and less, Judge et al. 1993, Wilson-Ormond et al. 1997) to large 

(kilometres, Peterson et al. 1985, Gardner, 2000). These variations in quantity and 
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quality of SPM can lead to variations in elemental and isotopic compositions. On the 

other hand, the integration of elemental and isotopic values in sediment can provide 

information of the OM sources accumulated over time (Machiwa, 2000).  

 

Stable C and N isotopes have been used extensively to trace OM sources in estuaries 

(e.g. Andrews et al. 1998, Barros et al. 2010, Rumulo et al. 2011, Shynu et al. 2015). 

Terrestrially derived OM, when not under the influence of C4 plants has a δ
13

C value 

ranging between -30‰ and -24‰ while OM of marine origin have higher δ
13

C 

values of between -22‰ and -18‰ (Barros et al. 2010, Gireeshkumar et al. 2013). 

The δ
13

C values of OM of sewage effluents varies between -27‰ and -25‰ 

(Sweeney et al. 1980, Gearing et al. 1991, Ruiz-Fernandez et al. 2002, Barros et al. 

2010). Therefore, δ
13

C values of sewage overlap the values of terrestrial sources and 

due to this overlap, δ
15

N is used as an additional discriminating tracer to identify 

sewage inputs (Hansson et al. 1997, Barros et al. 2010). Nitrogen transformations in 

human-affected watersheds cause a depletion of 
14

N (e.g. Anderson and Cabana, 

2006). Thus, high sewage influence resulting in strong nitrogen loading to aquatic 

systems is accompanied by elevated δ
15

N (e.g. Xiao and Liu, 2010). These high 

values can be traced from areas directly affected by sewage to more distant area (e.g. 

Barros et al. 2010, Xiao and Liu, 2010, Herbeck and Unger 2013). In contrast, low 

δ
15

N values in synthetic fertilizer (-3 to 3‰, e.g. Maksymowska et al. 2000, Panno et 

al. 2006) may cause low δ
15

N of SPM in areas of direct application (Kuramoto and 

Minagawa, 2001). The δ
15

N value of sources depends on the intensity and rates of 

different nitrogen cycle processes (nitrification, denitrification, fixation, 

volatilisation, and mineralisation) and isotope fractionations during each process 

(Sarma et al. 2012, Shynu et al. 2015), as well as during organic matter degradation 
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(Lehmann et al. 2002). As a result, in complex ecosystems, such as estuaries and 

bays, a wide range of values for δ
15

N has been measured (Tucker et al. 1999 a, b and 

c, Voss et al, 2005, Hu et al. 2006). A number of studies have also proposed the use 

of C/N ratios (e.g. Sweeney and Kaplan, 1980, Meyers, 1997, Middelburg and 

Nieuwenhuize, 1998, Rumulo et al. 2011) as powerful tools to distinguish between 

terrestrial and marine OM sources. Combined use of all three indicators (δ
15

N, δ
13

C 

and C/N ratios) may help overcome any potential restrictions (Raymond and Bauer 

2001, Rumulo et al. 2011, Bristow et al. 2012). 

  

In addition to the substantial inputs from STP effluent, Buffalo Creek is also affected 

by varying tidal amplitudes (spring – neap cycles), large seasonal variations in 

stormwater inputs, and variable mixing and flushing of creek water associated with 

the creek morphology (Chapter 2). These factors result in seasonal and spatial 

variations in water sources along the creek (Chapter 2). Synthesis of data sets can 

provide important information in understanding key processes and addressing 

environmental issues. While the poor water quality of Buffalo Creek is well 

documented, the distribution and sources of OM within Buffalo Creek ecosystem has 

not yet been studied. This chapter aims to identify: the potential sources of OM in 

SPM and sediment and how they vary temporally and spatially; the potential to use 

stable C and N isotopes and elemental concentrations in SPM and sediment to trace 

the sewage impact along Buffalo Creek; and assess the relative contribution of 

sewage-derived SPM in sediment using elemental and stable isotopic compositions.   

 

My first hypothesis was that SPM will display a high temporal variation due to the 

seasonal and tidal variations in Buffalo Creek, together with the high variability in 
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elemental and stable isotopic composition of SPM in STP effluent. To test this 

hypothesis, I measured the stable isotopic and elemental concentrations of SPM 

along Buffalo Creek in two consecutive wet and dry seasons during neap and spring 

tidal conditions in years 2013 and 2014.  

 

My second hypothesis was that spatial trends in isotopic ratios and elemental 

concentrations in sediment would provide a useful means to trace the long-term 

influence of sewage effluent along Buffalo Creek by integrating the periodic 

fluctuations in STP contributions to creek sediment, STP nutrient discharge and 

downstream dilution. To test this hypothesis, I evaluated the spatial trends in stable 

isotopic and elemental concentrations in sediment along Buffalo Creek. 

 

The deposition of decaying freshwater phytoplankton (which is the main component 

of SPM) in sediment is likely to be an important process in Buffalo Creek (Chapter 

2). Therefore, my third hypothesis was that there would be a significant contribution 

of sewage-derived SPM to OM in sediment in Buffalo Creek. To test this hypothesis, 

I used a simple end-member mixing model and estimated the relative contribution of 

sewage-derived SPM to sediment along Buffalo Creek. 
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3.2 Materials and methods 

3.2.1 Sampling locations and times 

Sampling sites 

Sources in Buffalo Creek and sampling sites along Buffalo Creek and Mickett Creek 

are shown in Figure 3.1. A complete description of the study sites is given in chapter 

2, section 2.2.1. 

Sampling times 

Water samples were collected over two years for two consecutive wet and dry 

seasons, during both neap and spring tides in April 2013, September 2013, February 

2014 and July 2014; while surface sediments were collected only during neap tides. 

The months of July and September fall within the dry season, and the months of 

February and April within the wet season, of the North Australian monsoonal climate 

zone. 
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Figure 3.1. Maps showing sources (STP effluent, stormwater drains and Shoal 

Bay) in Buffalo Creek and sampling sites along Buffalo Creek and Mickett Creek. 
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3.2.2 Sample collection and processing 

Suspended particulate matter and Chl-a 

Water samples were collected from potential sources of SPM (STP effluent, 

stormwater drains, Shoal Bay marine water) and at each sampling site along both 

creeks (A1 to A7 along Buffalo Creek and a1 to a3 along Mickett Creek). Water 

samples were collected from approximately 0.5 m below the water surface at each 

site in both creeks. Unfiltered samples were collected into amber glass bottles (one 

litre) for Chl-a and were kept on ice (not frozen) in the field. Upon transport to the 

laboratory samples were filtered through Whatman GF/F glass fibre filters (0.7 μm). 

The pigments were extracted by vigorously grinding the filter with a 90% aqueous 

acetone solution and absorbance of the extract was measured using a U-1100 Hitachi 

UV-Vis single beam spectrophotometer (method adapted from Standard Methods, 

American Public Health Association 2005). Detailed method is given in Appendix A. 

One litre of unfiltered water sample at each site was collected and placed on ice (but 

not frozen) in the field. Upon transport to the laboratory, samples were immediately 

filtered through pre-combusted (450

C for 24 h), pre-weighed, Whatman GF/C glass

fibre filters (1.2 μm), and the filtrate volume was recorded. Filters were dried at 60
°
C

for 24 hours in an oven and post-weights were recorded. 

Surface sediment 

Two sediment cores were collected from the non-drying creek bed at each site using 

a core sampler (to10-cm depth, 5-cm diameter) and were packed in zip-lock bags, 

placed on ice in field. Upon receipt at the laboratory all samples were stored frozen 

until further processing. 
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3.2.3 Stable isotope and grain-size analysis 

The frozen sediment was dried using a freeze-drier. The dried samples were ground 

into a homogenous, fine powder using a Fritsch rotor speed mill. Both sediment and 

filter samples were acidified using HCl to remove carbonate minerals prior to C 

isotope analysis of OC. Nitrogen isotope ratios were measured on un-acidified 

samples. 

Sediment and filter samples were analysed for stable C and N isotope ratios and C 

and N concentrations using a continuous flow-isotope ratio mass spectrometer 

(Thermo - Finnigan Delta V Plus Isotope Ratio Mass Spectrometer (IRMS) 

interfaced with a Flash EA 1112 elemental analyser) at Southern Cross University, 

Lismore, Australia. Isotope ratios are expressed as δ
13

C or δ
15

N (in ‰) and were

calculated according to the equation:  

δ
13

Csample or δ
15

Nsample (‰) = [(Rsample / Rstandard ) – 1)] x 1000;

Where R = 
13

C/
12

C or 
15

N/
14

N; Rstandard for C is Vienna Pee Dee Belemnite (VPDB)

and for N is atmospheric molecular nitrogen (Air N2). Duplicate analyses were run 

for selected samples for quality assurance. The average measurement standard 

deviations were 0.3‰ for δ
15

N and 0.1‰ for δ
13

C.

Sediment grain-size distribution was analysed in wet sediment using a Malvern 

Mastersizer 2000 Particle Size Analyser at Southern Cross University. 
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3.2.4 Data analysis 

The PRIMER and PERMANOVA data analysis package (PRIMER-E Ltd, 

Plymouth, United Kingdoms, Version 7) was used to determine if stable isotopic and 

elemental concentrations in SPM and surface sediment and SPM concentrations were 

different between seasons, tides, and sampling sites within each creek and between 

creeks. Analysis of variance using PERMANOVA calculates the p values by 

permutation or randomization instead by reference to f distribution. Therefore, this 

analysis is more robust and does not require that the data are normally distributed.   

Permutational analysis of variance (PERMANOVA) design with fixed factors for 

SPM of seasons, tides, and sampling sites applied separately for each variable, and 

for each creek; for sediments with fixed factors of seasons and sampling sites applied 

separately for each variable, and for each creek. As the selection of sites was not 

random, but systematically chosen based on distance to the site from the mouth of 

creek, this factor was also fixed. All PERMANOVA tests were performed on 

Euclidian distance matrices with 999 permutations. Resemblance matrices were used 

for PERMANOVA analysis. If the overall test was significant at the 0.05 level, 

pairwise tests were conducted to determine where the significant differences were 

observed.  Long-term spatial variations of isotopic and elemental concentrations of 

SPM and sediment were analysed using simple linear regression at a significance 

level (p) of 0.05 in Excel 2010. One-way ANOVAs were used to look at the 

significant differences in the mean values of isotopic and elemental concentrations 

between SPM and sediment at a significance level (p) of 0.05 using MINITAB 17 

data analysis software. ANOVA (general linear model) was used to compare the 

isotopes and elemental concentrations of SPM and sediment between impacted 



93 

Buffalo Creek and control Mickett Creek at a significance level (p) of 0.05 using 

MINITAB 17 software. 

A single isotope, two-component linear mixing model was used to estimate the 

contribution of sewage-derived SPM to sediment (in percentage) at each site using 

nitrogen isotopes. The model is of the form: 

FSPM =  (Y   – YM / YS  – YM) x 100 

Where FSPM is the percentage contribution of sewage SPM to sediment; Y is mean 

isotopic value of sediment samples; YM is the mean isotopic value of uncontaminated 

marine sediments (obtained from Shoal Bay); and YS is the mean isotope value of 

sewage-derived SPM (from STP effluent). 

Using monthly average concentrations (n = 8 to10) of SPM and monthly total STP 

discharge (PWC personal communication), monthly STP fluxes of SPM were 

calculated and summed up for each of the wet and dry seasons. Stormwater discharge 

into Buffalo Creek during wet and dry seasons was calculated by multiplying the 

total monthly rainfall by catchment area by runoff coefficients of catchment. Then 

the stormwater fluxes of SPM for the wet and dry seasons were estimated by 

multiplying the seasonal average concentrations of SPM (n=2) by total seasonal 

stormwater discharge.  For runoff coefficient an average value of 0.78 was used 

(Skinner et al. 2009). Rainfall data were obtained from 

http://www.bom.gov.au/climate/averages/tables/cw_014015.shtml (21/10/2016). 
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3.3 Results 

3.3.1 General characteristics of SPM and sediment 

Both Buffalo Creek and Mickett Creek are macro-tidal systems, with a tidal range of 

up to 7m and are influenced by strong tidal flushing. These creeks are also subject to 

strong climatic variability associated with the extremes of the wet (December to 

April) and dry (May to November) seasons. There is no permanent vertical 

stratification in either tidal creek, as the water column in both creeks is generally 

well-mixed. In the upstream section of Buffalo Creek, STP effluent is the main 

source of particulate material. There are also inputs of catchment runoff and 

stormwater from urban drains during the wet season. The latter inputs are negligible 

during the dry season (Table 3.1). Furthermore, the estimated particulate load in 

stormwater during the two years of wet and dry seasons (39.8 and 9.0 tonnes, 

respectively) is insignificant compared to the particulate load in STP effluent (524 

and 606 tonnes, respectively; Table 3.1). At the mouths of Buffalo Creek and 

Mickett Creek there are additional inputs of particulate material from the coastal 

waters of Shoal Bay. These separate sources of SPM cause spatial gradients in the 

distribution of SPM along the creeks from the upstream catchments to the mouth, 

especially in Buffalo Creek due to the influence of the STP effluent.  

Sediment in Buffalo Creek mainly consists of clays and silts (fine grain size) at all 

sites except at sites A4 (midstream) and A7 (mouth) where it is sand dominated 

(medium grain size, Table 3.6). In Mickett Creek, only the upstream site a1 consisted 

of abundant clays and silts, while both a2 (midstream) and a3 (mouth) were sand 

dominated. 
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Table 3.1. Calculated seasonal mass inputs of suspended particulate matter into 

Buffalo Creek from STP effluent and stormwater.  

 

 

3.3.2 Temporal trends in SPM in Buffalo Creek and Mickett Creek 

PERMANOVA results showing p values for variables of SPM in Buffalo Creek and 

Mickett Creek are shown in Table 3.2. 

 

 

 

 

 

 

SPM flux 

(tonnes)

STP effluent

Wet season 2013 195.4

Wet season 2014 328.6

Total during wet seasons 524.0

Dry season 2013 315.0

Dry season 2014 291.7

Total during dry seasons 606.7

Stormwater

Wet season 2013 16.3

Wet season 2014 23.5

Total during wet seasons 39.8

Dry season 2013 7.8

Dry season 2014 1.2

Total during dry seasons 9.0
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Table 3.2. PERMANOVA results showing p values for variables of SPM in Buffalo 

Creek and Mickett Creek for both main effects and two-way and three-way 

interactions. df = Degree of freedom; p = p value. Significance level is p ≤ 0.05. 

Significant values are given in bold typeface. 

Concentration and POC: Chl-a ratios in SPM 

SPM concentration in Buffalo Creek ranged between 7.3 mg L
-1 

and 181.6 mg L
-1

during the study period with the highest concentrations (>100 mg L
-1

) at the creek

mouth sites during the wet season neap tides. Excluding these extreme values, 

concentrations were still significantly higher during the wet than the dry season 

(p=0.001) in Buffalo Creek. SPM concentrations were also higher during neap tides 

than spring tides at all sites, except at mid-stream sites A4 and A5, where 

concentrations were higher during spring tides than neap tides (Table 3.2). However, 

pairwise tests showed these tidal difference were significant only at the creek mouth 

site A7 (p=0.011). In Mickett Creek, significant differences in SPM concentrations 

Creek

δ
15

N δ
13

C N% C% C/N SPM

df Pseudo-F p value Pseudo-F p value Pseudo-F p value Pseudo-F p value Pseudo-F p value Pseudo-F p value

Buffalo Creek

Season 1 11.8 0.004 0.4 0.521 13.1 0.003 3.6 0.058 0.3 0.575 28.4 0.001

Tide 1 1.4 0.256 32.7 0.001 17.1 0.002 3.6 0.068 10.2 0.007 8.3 0.008

Site 6 2.4 0.048 6.0 0.002 8.6 0.001 4.2 0.011 1.1 0.385 2.8 0.030

Season x tide 1 1.6 0.195 1.7 0.217 2.8 0.012 0.2 0.630 4.8 0.050 3.2 0.185

Season x site 6 1.1 0.405 1.3 0.278 1.0 0.470 0.4 0.836 0.2 0.976 2.6 0.370

Tide x site 6 0.9 0.525 4.3 0.192 0.8 0.599 0.7 0.682 0.7 0.678 6.0 0.001

Season x tide x site 6 0.6 0.731 0.4 0.830 0.7 0.704 0.8 0.545 0.3 0.896 3.8 0.526

Mickett Creek

Season 1 1.6 0.257 1.3 0.290 2.7 0.103 3.4 0.106 2.1 0.167 3.0 0.107

Tide 1 0.0 0.983 36.1 0.001 2.4 0.123 0.0 0.967 0.0 0.974 2.9 0.119

Site 2 0.5 0.590 1.5 0.250 0.7 0.594 0.8 0.475 0.7 0.500 0.6 0.556

Season x tide 1 1.3 0.280 2.2 0.167 0.9 0.358 0.5 0.529 0.6 0.449 1.0 0.325

Season x site 2 2.2 0.144 0.3 0.762 0.2 0.893 0.4 0.679 0.2 0.842 0.2 0.783

Tide x site 2 1.5 0.272 7.0 0.009 0.1 0.980 0.2 0.822 0.3 0.785 0.0 0.991

Season x tide x site 2 0.3 0.724 0.3 0.772 0.4 0.812 0.1 0.876 1.1 0.341 0.2 0.865

ns=not significant (p >0.05) 

Variables of SPM
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between seasons, tides or sampling sites were not observed. The POC: Chl-a ratios in 

SPM was < 200 (range during the study: 10–110) in Buffalo Creek and Mickett 

Creek (range during study: 21– 115). 

Stable carbon and nitrogen isotopic values of SPM  

A PERMANOVA revealed significant differences in δ
15

N values of SPM with

season and sampling site in Buffalo Creek (Table 3.2). Further pairwise tests 

revealed significantly higher δ
15

N values in the dry than the wet season (p=0.004).

There were no significant tidal differences in δ
15

N values of SPM (p= 0.256).

Pairwise tests also showed significantly higher δ
15

N values at the STP discharge site

in Buffalo Creek (A1) compared to the sites at the creek mouth (A6: p=0.01; A7: 

p=0.045). In Mickett Creek, no significant differences in δ
15

N values of SPM

between seasons, tides or sampling sites were observed (Table 3.2). ANOVA 

(general linear model) showed that the δ
15

N values of SPM in Buffalo Creek was

also significantly higher than in Mickett Creek (p=0.023). 

In Buffalo Creek, the δ
13

C values of SPM showed significant differences with tides

and sampling sites (p=0.001; p=0.002, respectively). There were no significant 

seasonal differences in δ
13

C values of SPM in both creeks (Buffalo Creek: p= 0.521;

Mickett Creek: p=0.290, Table 3.3). The δ
13

C values were higher during spring tides

than neap tides at all sites in Buffalo Creek (Table 3.4) except at sites at the creek 

mouth (A6 and A7) where the values were similar (Table 3.4). Pairwise tests showed 

significantly lower δ
13

C values at the STP discharge site (A1) compared to sites at

mid-stream (A4 and A5) and the creek mouth (A6 and A7, p values for pairwise tests 

were < 0.05). In Mickett Creek, no significant differences in δ
13

C values of SPM
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with sites was observed (p=0.590). In Mickett Creek, higher δ
13

C values were

observed at spring tides at all sites but were significantly higher only at the upstream 

and midstream sites (a1 and a2, respectively). ANOVA (general linear model) 

revealed δ
13

C values of SPM were not significantly different between Buffalo Creek

and Mickett Creek (p=0.726). 

Carbon and nitrogen elemental composition of SPM 

ANOVA (General Linear Model) showed significantly higher %N and %C in SPM 

in Buffalo Creek (p=0.029; p=0.003, respectively) than in Mickett Creek but C/N 

ratios were not significantly different between the creeks (p=0.915, Figure 3.4). 

A PERMANOVA showed significant differences in %N of SPM in Buffalo Creek 

with season, tide, sampling site and season by tide interaction (Table 3.2). Further 

pairwise tests indicated %N was significantly higher on neap tides than spring tides 

in both wet and dry seasons (p=0.015 ; p=0.005 respectively). Also the %N was 

significantly higher during the wet season neap tides than the dry season neap tides 

(p=0.023). The STP discharge site (A1) had significantly higher %N than all other 

sites (A2 to A7, all p values for all pairwise tests were > 0.05).  In Mickett Creek, 

%N did not show any significant difference between seasons, tides and sampling 

sites (Table 3.2). 

The %C of SPM in Buffalo Creek and Mickett Creek did not show any significant 

seasonal or tidal variations, but was significantly different between sampling sites in 

Buffalo Creek (Table 3.2). The %C of SPM at the STP discharge site (A1) was 
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significantly higher than all other sites (A2 to A7, p values for pairwise tests were 

<0.05). 

The C/N ratios of SPM in Buffalo Creek were only significantly different with tides 

and did not show any significant variations with seasons or sampling sites (Table 

3.2). The C/N ratios was significantly higher during spring tides than neap tides 

(p=0.007).  In Mickett Creek, C/N of SPM did not show any significant variations 

with season, tide or sampling site (Table 3.2). 

Table 3.3. Variations of SPM characteristics with seasons (wet vs. dry) at sites 

along the length of Buffalo Creek and Mickett Creek (mean±standard deviation).  

n=4 observations for wet; n=4 for dry. 

Variable Season

A1 A2 A3 A4 A5 A6 A7 a1 a2 a3

δ
15

N‰ Dry 14.1±3.3 10.6±2.8 8.6±4.3 9.4±4.5 9.0±5.3 4.5±2.7 7.1±5.1 5.0±3.5 1.8±1.5 3.3±2.3

Wet 8.2±2.4 5.6±1.7 5.6±1.8 5.4±1.6 5.4±1.5 6.4±3.8 4.0±0.1 3.6±2.0 4.7±0.9 5.1±1.1

δ
13

C‰ Dry _
26.6±0.3

_
24.3±4.1

_
22.0±5.0

_
19.8±4.2

_
19.3±4.5

_
19.1±1.2

_
17.5±1.3

_
22.4±3.1

_
22.0±3.4

_
20.2±0.6

Wet _
24.5±2.8

_
21.7±5.3

_
21.2±5.7

_
21.1±5.9

_
21.5±4.6

_
19.1±2.5

_
21.2±0.9

_
21.4±6.0

_
20.3±5.5

_
20.0±1.6

N% Dry 0.2±0.08 0.1±0.04 0.07±0.04 0.1±0.1 0.1±0.04 0.03±0.02 0.03±0.01 0.03±0.01 0.02±0.01 0.02±0.01

Wet 0.4±0.1 0.2±0.2 0.07±0.07 0.2±0.1 0.2±0.1 0.08±0.06 0.05±0.05 0.1±0.06 0.05±0.02 0.05±0.02

C% Dry 2.0±0.8 0.7±0.3 0.8±0.3 1.3±1.3 0.9±0.2 0.5±0.06 0.6±0.2 0.5±0.1 0.5±0.2 0.4±0.1

Wet 2.5±1.0 1.2±1.0 0.8±0.3 1.1±0.6 1.6±0.9 1.2±0.6 0.9±0.4 0.8±0.5 0.6±0.1 0.5±0.04

C/N Dry 10.4+5.8 13.2±5.4 17.4±13.3 15.0±6.3 18.6±11.4 23.7±16.9 21.7±12.4 16.0±6.9 27.6±21.6 21.4±8.8

Wet 7.8±4.2 15.6±12.6 19.3±12.8 15.3±11.0 16.0±14.6 15.8±11.1 21.6±11.8 12.1±6.2 16.0±13.1 14.0±8.1

SPM Dry 31.6±5.5 17.2±3.0 18.8±2.3 30.9±13.3 29.7±20.1 18.0±7.7 22.7±16.7 22.5±5.1 20.0±19.5 9.4±3.7

(mg L
-1

) Wet 45.2±7.1 28.8±7.2 34.9±11.0 44.2±18.1 51.3±19.7 54.3±56.9 103.8±110.1 44.5±39.0 27.1±15.4 31.3±32.0

Sites Sites

Buffalo Creek Mickett Creek
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Table 3.4. Variations of SPM characteristics with tide (neap vs. spring) at sites 

along the length of Buffalo Creek and Mickett Creek (mean±standard deviation). 

n=4 observations for neap; n=4 for spring. 

3.3.3 Temporal trends in sediment in Buffalo Creek and Mickett Creek 

PERMANOVA results showing p values for variables of SPM in Buffalo Creek and 

Mickett Creek are shown in Table 3.5. 

Variable Tide

A1 A2 A3 A4 A5 A6 A7 a1 a2 a3

δ
15

N‰ Neap 10.6±5.7 8.5±4.2 5.6±3.9 8.8±4.3 9.0±5.2 7.1±3.4 4.1±2.9 3.2±2.8 3.9±2.1 4.6±2.2

Spring 11.7±2.4 7.7±3.1 6.3±3.6 6.0±3.0 5.4±1.9 3.8±2.4 8.0±5.1 5.3±2.6 2.6±1.7 3.7±1.8

δ
13

C‰ Neap _
26.0±2.7

_
26.1±1.4

_
26.4±2.0

_
24.5±2.9

_
23.6±3.6

_
18.8±1.6

_
18.3±3.2

_
25.3±0.7

_
25.0±1.2

_
20.4±1.2

Spring _
25.1±1.8

_
19.9±4.6

_
18.1±2.2

_
16.5±1.4

_
17.2±2.0

_
19.4±2.2

_
19.2±1.2

_
18.5±3.8

_
17.4±2.1

_
20.0±1.0

N% Neap 0.33±0.1 0.20±0.2 0.12±0.03 0.20±0.1 0.20±0.1 0.09±0.07 0.05±0.04 0.06±0.05 0.04±0.03 0.03±0.02

Spring 0.28±0.2 0.03±0.01 0.03±0.02 0.05±0.04 0.06±0.06 0.04±0.02 0.03±0.02 0.05±0.06 0.03±0.03 0.04±0.02

C% Neap 2.2±1.0 1.4±1.0 1.0±0.2 1.7±1.2 1.3±0.7 0.9±0.4 0.9±0.4 0.6±0.3 0.6±0.1 0.4±0.07

Spring 2.3±1.0 0.5±0.1 0.6±0.1 0.8±0.2 1.1±0.8 0.9±0.7 0.5±0.1 0.7±0.5 0.5±0.2 0.5±0.1

C/N Neap 7.7±5.0 8.3±4.7 9.1±4.0 8.8±4.0 9.5±5.2 18.7±18.6 22.4±14.6 11.3±4.8 22.624.3 19.4±10.8

Spring 10.5±5.0 20.5±8.4 25.1±11.4 21.4±6.2 25.1±12.6 20.8±10.2 24.0±9.3 16.8±7.2 21.1±11.6 16.1±7.5

SPM Neap 42.7±10.2 23.1±6.0 27.7±13.2 34.2±8.8 28.0±9.1 52.7±57.1 82.6±86.4 25.3±7.6 14.0±6.9 12.9±10.1

(mg L
-1

) Spring 34.1±7.2 23.0±10.7 24.2±10.5 40.8±22.7 53.0±24.5 19.6±13.5 16.87±11.9 41.6±40.3 33.1±18.9 27.8±33.2

Buffalo Creek Mickett Creek

Sites Sites
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Table 3.5. PERMANOVA results showing p values for variables in sediment in 

Buffalo Creek and Mickett Creek for both main effects and two-way interactions.. 

Tides are not included as a factor as sediments were only sampled in neap tides. df 

= Degree of freedom; p=p value. Significance level is p ≤ 0.05. Significant values 

are given in bold typeface. 

Sediments from both creeks did not show any significant differences in δ
15

N, δ
13

C,

%N, %C and C/N ratios with seasons or tides, but δ
15

N, δ
13

C, %N and %C in Buffalo

Creek showed significant differences among sampling sites (Table 3.5). Further 

pairwise tests revealed the δ
15

N values in sediment at STP outfall site A1 were

significantly higher than at all other sites along Buffalo Creek (A2 to A7, p values 

for all pairwise tests were <0.05). Upstream sites, A2 and A3 had significantly higher 

δ
15

N values than at midstream sites (A4 and A5, p values for all pairwise tests were

<0.05) and at the creek mouth (A6, A7, p values for all pairwise tests were <0.05) 

while the midstream sites (A4 and A5) had significantly higher δ
15

N values than the

sites at the creek mouth (A6 and A7, p values for all pairwise tests were <0.05). The 

δ
13

C values in sediment at the STP outfall site A1 and upstream sites (A2 and A3)

Creek

δ
15

N δ
13

C N% C% C/N

df Pseudo-F p value Pseudo-F p value Pseudo-F p value Pseudo-F p value Pseudo-F p value

Buffalo Creek

Season 1 3.9 0.078 1.8 0.205 0.5 0.522 0.3 0.993 2.6 0.129

Site 6 14.5 0.001 13.5 0.001 6.8 0.011 5.7 0.028 1.8 0.176

Season x site 6 0.5 0.797 0.4 0.895 0.5 0.899 0.2 0.967 1.3 0.322

Mickett Creek

Season 1 0.2 0.697 0.03 0.968 0.5 0.517 0.4 0.549 0.3 0.591

Site 2 0.4 0.654 0.02 0.972 3.9 0.089 2.5 0.145 0.3 0.716

Season x site 2 2.0 0.215 0.3 0.789 1.3 0.351 0.9 0.499 0.5 0.680

ns=not significant (p >0.05) 

Variables of SPM
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were significantly lower than at sites A6 and A7 at the creek mouth and, δ
15

N values

in sediment at the midstream sites (A4 and A5) and site A6 at creek mouth were 

significantly lower than at the site A7 at the creek mouth (p values for all pairwise 

tests were <0.05). 

Further pairwise tests revealed that %N and %C in sediment was significantly higher 

at STP outfall site A1 and upstream sites (A2 and A3) than the sites at the creek 

mouth (A6 and A7) and the midstream sites (A4 and A5) had significantly higher 

values than site A7 at creek mouth. In addition, %N at upstream sites were also 

significantly higher than midstream sites (p values for all pairwise tests were <0.05). 

In Mickett Creek, sediments did not show any significant differences with seasons, 

tides, years or sampling sites (Table 3.5). 

The δ
15

N values, %N and %C in sediment in Buffalo Creek were significantly higher

than in sediment in Mickett Creek (p=0.001; p=0.002; p=0.008, respectively). The 

δ
13

C values and C/N ratios in sediment were not significantly different between

creeks (p=0.086; p=0.239, respectively, Figure 3.4). Although not significantly 

different, C/N in sediment was slightly lower at sewage outfall site A1 and upstream 

site A2 in Buffalo Creek than C/N in sediment in Mickett Creek. 

3.3.4 Spatial trends in SPM and sediment 

Salinities in Buffalo Creek and Mickett Creek decreased systematically with distance 

from the creek mouths during all sampling trips. However, due to a likely bias in the 

recorded salinity data towards high values as the creeks are only accessible at high 

tides, SPM and sediment parameters are displayed with respect to distance from the 
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creek mouth, rather than salinity, in Figure 3.2. The mean SPM concentrations were 

high at the STP discharge point (site A1) and showed a decreasing trend towards the 

creek mouth (Figure 3.2A). However, at upstream sites (A2, A3), the mean SPM 

concentrations were relatively low. The SPM concentrations were significantly 

higher during neap than spring at the creek mouth (Figure 3.2A). The mean SPM 

concentration in Mickett Creek decreased gradually from upstream to the creek 

mouth (Figure 3.2B). 

The isotopic and elemental concentrations of SPM and sediment did not show any 

interaction effects with sampling sites (see PERMANOVA results above in Table 3.1 

and 3.4). Therefore, the mean values for isotopic and elemental compositions in SPM 

and sediment at each site for all sampling rounds was used to evaluate spatial trends 

observed due to the long term accumulation and integration of N and C sources of 

SPM and sediment along the creeks (Figure 3.3). 

The mean δ
15

N values in SPM in Buffalo Creek showed a clear decreasing trend from

the STP outfall site A1 (12.7±4.8‰) towards the creek mouth (5.8±4.0‰) with a 

positive correlation with distance from the creek mouth (Figure 3.3, Table 3.6). In 

Mickett Creek, the mean δ
15

N values of SPM were relatively stable along the creek

(range: 3.8±2.0‰ to 4.3±2.3‰) and were not correlated with distance (Figure 3.3, 

Table 3.6). 
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Figure 3.2. Variations of mean suspended particulate matter concentration 

(calculated using all eight sampling trips) with distance from mouth of creek in 

Buffalo Creek and Mickett Creek. Error bars denote the one-sided standard 

deviations (for clarity). Mean values for suspended particulate matter 

concentration in Buffalo Creek in neap and spring are shown separately only at 

the creek mouth where the tidal differences were significant (p=0.011). A 

significant correlation was not observed in SPM concentration with distance in 

Buffalo Creek (R
2
=0.256, p value=0.160).

STP Discharge Point 
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Figure 3.3. Spatial variations in mean δ
15

N, δ
13

C, %N, %C and C/N ratios of

suspended particulate matter and sediment in Buffalo Creek and Mickett Creek. 

Error bars represent the standard deviations (one-sided). Conservative mixing 

lines (between end members STP effluent and marine water) are indicated by 

dashed lines for Buffalo Creek. 

     Sediment in BC 

     Sediment in MC 

     SPM in BC 

     SPM in MC 
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Table 3.6. Compositions (mean±standard deviation) of SPM from surface water 

samples in Buffalo Creek and Mickett Creek and sources in Buffalo Creek. n=8 

observations from all 8 sampling rounds. 

The lowest mean δ
13

C value in SPM in Buffalo Creek (-24.8±2.1‰) was recorded at

the sewage discharge site A1 and the highest at the creek mouth (-17.3±2.0‰). There 

was a strong negative correlation with distance from the creek mouth (Figure 3.3, 

Table 3.6). In Mickett Creek, the mean δ
13

C values of SPM showed only minor

variations (range: -20.1±1.2‰ to -21.9±4.5‰) along the creek (Figure 3.3, Table 

3.6), but no significant trend. 

Sampling site Distance from SPM δ
15

N δ
13

C (‰) C N C/N

mouth of creek (mg/L) (‰) (‰) (%) (%)

(km)

Buffalo Creek

A1 6.8 47.6±16.4 12.7±4.8
_
24.8±2.1 3.68±1.0 0.58±0.2 5.6±0.8

A2 4.7 24.2±8.3 8.4±4.6
_
22.8±4.8 0.88±0.6 0.11±0.1 12.6±8.3

A3 4.3 25.7±10.8 7.3±3.6
_
21.6±4.8 0.77±0.3 0.07±0.1 18.2±12.0

A4 3.6 36.4±15.6 7.4±3.7
_
20.5±4.7 1.16±0.9 0.12±0.1 15.1±8.3

A5 3.1 40.3±20.3 7.2±4.1
_
20.4±4.4 1.21±0.7 0.11±0.1 17.3±12.2

A6 1.3 37.0±42.0 5.5±3.2
_
19.1±1.8 0.87±0.5 0.06±0.1 19.8±13.9

A7 0.3 63.2±74.0 5.8±4.0
_
17.3±2.0 0.76±0.3 0.05±0.03 20.5±10.5

STP effluent 73.3±50.6 11.5±4.8
_
26.2±1.9 3.39±0.9 0.65±0.1 5.1±3.3

Shoal Bay 23.9±30.7 5.1±2.1
_
18.1±1.5 0.50±0.1 0.02±0.01 21.1±7.7

Stormwater 2.8±1.7 3.1±1.4
_
25.6±3.6 0.50±0.4 0.05±0.03 12.9±4.7

Mickett Creek

a1 4.6 37.9±28.6 4.3±2.3
_
21.9±4.5 0.63±0.4 0.06±0.1 14.0±6.4

a2 1.8 25.3±14.6 3.8±2.0
_
20.1±3.2 0.60±0.1 0.04±0.02 20.4±17.0

a3 0.2 18.4±21.8 4.2±1.9
_
20.1±1.2 0.46±0.1 0.03±0.02 17.8±9.5



107 

The mean %N and %C of SPM in Buffalo Creek showed similar decreasing trends 

from the STP outfall site A1 towards the creek mouth (Figure 3.3, Table 3.6). The 

mean C/N ratios in SPM showed an increasing trend from the STP outfall sites 

towards the creek mouth (Figure 3.3, Table 3.6). In Mickett Creek, mean %N, %C 

and C/N ratios of SPM were relatively stable along the creek (Figure 3.3, Table 3.6). 

In Buffalo Creek, the mean δ
15

N values in sediment were not significantly different

(p=0.260) from δ
15

N values of SPM and both SPM and sediment isotope values

displayed similar decreasing trends from the sewage outfall site towards the creek 

mouth (Figure 3.3). The highest mean δ
15

N values for sediment were recorded at the

sewage outfall site A1 and the lowest mean value at site A7 at the creek mouth 

(Figure 3.3, Table 3.7). In Mickett Creek, the mean δ
15

N value of sediment was

relatively stable along the creek (Figure 3.3, Table 3.7). 

In both Buffalo Creek and Mickett Creek, the mean δ
13

C values in sediment were

significantly lower than the mean δ
13

C values in SPM (p=0.001; p=0.003

respectively). The mean δ
13

C values in sediment in Buffalo Creek displayed a similar

increasing trend from the sewage outfall site towards the creek mouth (negative 

correlation with distance) as that of the mean δ
13

C values in SPM (Figure 3.3). In

Mickett Creek, the mean δ
13

C values in sediment were not correlated with distance

(Figure 3.3). 

There was a close correlation between %N and %C of SPM and sediment in both 

creeks and the intercepts were close to zero, which suggests that most of the 

particulate and sediment N was in organic form (Figure 3.4). 
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Table 3.7. Compositions (mean±standard deviation) and qualitative grain size of 

sediment samples in Buffalo Creek and Mickett Creek. 

 

Sampling site Distance from SPM δ
15

N δ
13

C C N C/N

mouth of creek (mg/L) (‰) (‰) (%) (%)

(km)

Buffalo Creek

A1 6.8 47.6±16.4 12.7±4.8
_
24.8±2.1 3.68±1.0 0.58±0.2 5.6±0.8

A2 4.7 24.2±8.3 8.4±4.6
_
22.8±4.8 0.88±0.6 0.11±0.1 12.6±8.3

A3 4.3 25.7±10.8 7.3±3.6
_
21.6±4.8 0.77±0.3 0.07±0.1 18.2±12.0

A4 3.6 36.4±15.6 7.4±3.7
_
20.5±4.7 1.16±0.9 0.12±0.1 15.1±8.3

A5 3.1 40.3±20.3 7.2±4.1
_
20.4±4.4 1.21±0.7 0.11±0.1 17.3±12.2

A6 1.3 37.0±42.0 5.5±3.2
_
19.1±1.8 0.87±0.5 0.06±0.1 19.8±13.9

A7 0.3 63.2±74.0 5.8±4.0
_
17.3±2.0 0.76±0.3 0.05±0.03 20.5±10.5

STP effluent 73.3±50.6 11.5±4.8
_
26.2±1.9 3.39±0.9 0.65±0.1 5.1±3.3

Shoal Bay 23.9±30.7 5.1±2.1
_
18.1±1.5 0.50±0.1 0.02±0.01 21.1±7.7

Stormwater 2.8±1.7 3.1±1.4
_
25.6±3.6 0.50±0.4 0.05±0.03 12.9±4.7

Mickett Creek

a1 4.6 37.9±28.6 4.3±2.3
_
21.9±4.5 0.63±0.4 0.06±0.1 14.0±6.4

a2 1.8 25.3±14.6 3.8±2.0
_
20.1±3.2 0.60±0.1 0.04±0.02 20.4±17.0

a3 0.2 18.4±21.8 4.2±1.9
_
20.1±1.2 0.46±0.1 0.03±0.02 17.8±9.5
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Figure 3.4. Carbon vs. nitrogen in suspended particulate matter and sediment of 

Buffalo Creek and Mickett Creek (inset plot). 95% CI=95% confidence intervals. 

Furthermore, In Buffalo Creek there was a significant correlation between mean δ
15

N

and δ
13

C values in both SPM and sediment (Figure 3.5).

Figure 3.5. Relationships between mean δ
15

N and mean δ
13

C of suspended

particulate matter and sediment in Buffalo Creek. 
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3.3.5 Composition of OM sources in Buffalo Creek. 

The mean δ
15

N and δ
13

C values of SPM in STP effluent during the study period were

11.5±4.8‰ (range: 4‰ to 15.3‰) and -26.2±1.9‰ (range: -28.5‰ to -23.3‰), 

respectively. The mean δ
15

N and δ
13

C values of SPM from water samples from Shoal

Bay during the study period were 5.1±2.1‰ (range: 4.1‰ to 7.0‰) and -18.1±1.5‰ 

(range: -20.0‰ to -16.8‰), respectively. The mean δ
15

N and δ
13

C values of SPM of

stormwater runoff collected from urban stormwater drains were 3.1±1.4‰ (range: 

1.5‰ to 5.3‰) and -25.6±3.6‰ (range: -28.9‰ to -19.1‰). The mean C/N ratios of 

STP effluent, marine water and storm water runoffs were 5.1± 3.3 (range: 5 to 10), 

21.1±7.7 (range: 13 to 31) and 12.9±4.7 (range: 10 to 17). 

The δ
13

C vs. δ
15

N and C/N vs. δ
15

N plots (Figure 3.6A & B) clearly separate the

STP-derived and marine end members, as well as samples from sewage-impacted 

Buffalo Creek from unimpacted Mickett Creek. Although the δ
13

C vs. C/N plot

clearly separates the end members, it does not allow distinction between sewage-

impacted samples in Buffalo Creek from unimpacted samples in Mickett Creek. 

Therefore, δ
15

N values of SPM were good tracers of spatial trends and sources of

STP-derived SPM in Buffalo Creek. The mean δ
15

N of SPM at sites A1 (effluent

discharge site) and A7 (creek mouth) in Buffalo Creek plots much above the mixing 

line while the mean δ
15

N of SPM at upstream sites (A2 and A3), midstream sites (A4

and A5) and at site A6 close to creek mouth (Figure 3.6) showed slight deviation 

from the mixing line, suggesting contribution of additional sources and processes 

beyond conservative mixing between SPM from STP effluent and marine water. The 

δ
13

C values, δ
15

N and C/N ratios measured in mangrove leaves (Chapter 4) were also

included in Figure 3.6 to assess the relative contribution from mangroves. Mangrove 
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leaves showed low δ
13

C (range: -30.3 to -27.9; Outfall site: -31.9) and high C/N 

ratios (range: 21 to 28; outfall site: 16) relative to SPM and sediment in Buffalo 

Creek and Mickett Creek (Figure 3.6). 

 

 

 

Figure 3.6. Plot of (A) mean δ
13

C vs. mean δ
15

N (B) mean C/N vs. mean δ
15

N and 

(C) mean δ
13

C vs. mean C/N of suspended particulate matter and sediment in 

Buffalo Creek and Mickett Creek together with mean values of potential sources 

(STP effluent, marine water from Shoal Bay and mangrove leaves). The labels 1 to 

7 of Buffalo Creek samples indicate the sites A1 to A7. Stormwater inputs are not 

included as the suspended particulate matter loads from stormwater was 

insignificant compared to loads from the STP effluent. Conservative mixing lines 

(between end members STP effluent and marine water) are indicated by the dashed 

line for Buffalo Creek. 
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3.3.6 Mixing model calculations 

Mixing model calculations based on SPM N-isotope compositions showed that the 

sewage-derived SPM contribution to sediment OM is 100% at the STP outfall site 

A1. The sewage-derived SPM contribution decreased to 82% and 77%, at sites A2 

and A3, respectively, and decreased further towards the creek mouth where it was 

30% (Figure 3.7). 

Figure 3.7. Results of model calculation of the contribution of sewage –derived 

suspended particulate matter to sediment in Buffalo Creek. A1 to A7 represent the 

sampling sites along Buffalo Creek. 
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3.4 Discussion 

3.4.1 Temporal trends and sources of SPM  

The PERMANOVA results showed that temporal scales (seasons and tides) and their 

interactions were all important influences on the abundance and composition of SPM 

in Buffalo Creek. During the wet-season neap tides, high freshwater flows 

(stormwater and catchment runoff) reduce the water residence time in the creek 

which increases the rate of transport of SPM loads from the STP effluent and of 

plankton from the hypereutrophic up-and midstream sections of the creek, towards 

the creek mouth. Mixing model calculations showed that STP effluent was present at 

all sites along Buffalo Creek during wet-season neap tides (Chapter 2). Furthermore, 

there was less seawater ingress up to midstream site A5 (proportion of 

seawater=20%) and no marine input at sites A1, A2 and A3 (Chapter 2). In contrast, 

during dry-season  neap tides the section of the creek which includes sites A2 to A7 

was well mixed with seawater, with proportions of seawater being >80% (salinities 

>30, Chapter 2). Increasing salinity causes freshwater phytoplankton (which is the 

dominant source in SPM) in creek water to die and deposit in sediments. On spring 

tides, in both wet and dry seasons the SPM concentrations are diluted to a greater 

extent by ingress of marine water. Therefore, overall SPM concentrations were 

higher in wet seasons compared to the dry seasons.   

 

The spatial pattern of δ
15

N values in SPM throughout the length of Buffalo Creek 

changed seasonally. The main source of SPM in Buffalo Creek is the STP effluent in 

both wet and dry seasons (Table 3.1). During the wet season, estimated total 

stormwater discharge to Buffalo Creek (1.9 x 10
10

 L) was ~4 times higher than the 

total STP discharge to Buffalo Creek (4.8 X 10
9
 L). Despite this substantial input of 
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stormwater, the SPM load attributed to stormwater was negligible compared to the 

substantial load derived from the STP effluent (Table 3.1). Furthermore, the δ
15

N

values in SPM observed in stormwater inputs were very low (average ±SD 

=3.4±1.4‰). The δ
15

N values in SPM in STP effluent was higher in the dry seasons

(mean=12.7±2.3‰) compared to the wet seasons (mean=6.8±3.9‰); a similar 

seasonal difference was seen in the δ
15

N values of SPM in the creek. The absence of

seasonal variations in δ
15

N values of SPM in Mickett Creek and significantly higher

δ
15

N values in SPM in Buffalo Creek compared to Mickett Creek, indicate that the

variations of δ
15

N values in SPM are mainly driven by the inputs of STP effluent to

Buffalo Creek. 

Along the length of both creeks, the δ
13

C values varied with tidal conditions (neap

versus spring tides). The δ
13

C values were higher during spring tides (-19.9 ‰ to -

16.5‰) than neap tides (-26.1‰ to -18.3‰). However, this was not very pronounced 

at the STP discharge site A1, where the mean values were only slightly higher during 

spring tides (-25.1‰) than during neap tides (-26.0‰). Higher δ
13

C values during the

spring tides indicate mixing of marine material/phytoplankton (δ
13

C range of SPM

from Shoal Bay: -20.0‰ to -16.8‰) which is transported upstream with the tides. 

However, at the STP discharge site A1 this difference was not very prominent due to 

the influence of the continuous discharge of the effluent and restricted seawater 

ingress due to the presence of the rock bar. 

The higher %N in SPM during the wet- and dry-season neap tides than during the 

wet- and dry-season spring tides is probably due the dominance of inputs from STP 

effluent with high %N in SPM during neap tides when there is less tidal flushing 
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compared to the intense tidal flushing during spring tides. The higher %N in SPM 

during wet-season neap tides than during dry-season neap tides is likely due to the 

higher effluent-derived SPM transported downstream with the high flow of 

freshwater (stormwater and catchment runoff). The deposition of dead phytoplankton 

(mainly of STP origin and with high %N values), due to mixing with seawater 

(Chapter 2) during the dry season effectively removes N from the SPM leaving the 

residual, predominantly marine derived SPM, with a lower %N. These observations 

are consistent with the relatively higher %C in SPM during wet-season neap tides 

compared to dry-season neap tides (although not significantly different). 

The absence of temporal variations in surface sediments compared to SPM indicates 

that surface sediments contain a long-term integrated store of OM. In contrast, SPM 

responds to short-term temporal changes in inputs of OM to the creek, such as 

changes to STP effluent, seawater ingress and stormwater flows driven by tidal and 

seasonal factors. In addition, the variations in δ
15

N values and C/N ratios in SPM in

STP effluent likely reflect the extent of microbiological processing within the STP 

ponds (Chapter 2). These processes likely vary with residence times in ponds and 

seasonal differences in sewage inflows (Chapter 2) as well as time of day (Henze et 

al. 2008). 

3.4.2 Spatial trends and sources of SPM  

The lower correlation of SPM with distance in Buffalo Creek (R
2
=0.256) compared

to Mickett Creek (R
2
=1.000) is likely due to its physical features resulting in highly

variable flushing efficiency along the length of the creek (See Figure 3.1 and 3.2). 
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The STP effluent with high SPM loads is continually discharged at site A1 and 

flushing/dilution at this site is additionally constrained by a rock bar (Chapter 2). 

Consequently, the higher residence times allow more time for further plankton 

growth and less seawater intrusion to help increase SPM. The upper reach of Buffalo 

Creek, including sites A2 and A3, is close to the STP discharge point is physically 

narrow with meander bends (see Figure 3.1). Consequently, longer residence times in 

this section of creek allow more time for settling of SPM into sediments when 

flushed/mixed with seawater resulting in a lowering of SPM concentrations 

compared to the discharge site and downstream sections of the creek.  

 

The STP effluent was the main freshwater source of SPM in Buffalo Creek, while the 

contribution of SPM loads from stormwater was found to be insignificant during the 

study period (see section 3.3.1). Therefore, two main end members of SPM: STP 

effluent (mean δ
15

N= 11.5, mean δ
13

C= -26.2, mean C/N=5.1) and marine water 

from Shoal Bay (mean δ
15

N= 5.0, mean δ
13

C= -18.1, mean C/N=21.1) were 

identified.  

 

The mean δ
13

C value in SPM (-18.1‰; range: -20.0‰ to -16.8‰) in marine water 

from Shoal Bay during the study is within the range attributed to SPM dominated by 

marine phytoplankton (-18‰ to -22‰, Middelburg and Nieuwenhuize 1998, Barros 

et al. 2010, Ganeshkumar et al. 2013). Furthermore, the mean δ
15

N values in SPM 

(5.0‰, range: 4.1‰–7.0‰) in marine water from Shoal Bay is within the typical 

range in SPM dominated by marine phytoplankton (4‰ to 11‰, Maksymowska et 

al. 2000, Bristow et al. 2012 and references therein). The observed, far more 

enriched δ
13

C and δ
15

N values in SPM (-20.0‰ to -16.8‰ and 4.1%–7.0‰) in 
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marine water from Shoal Bay compared to typical values for terrestrial-derived 

organic matter (δ
13

C range: -29.5‰ to -24.4‰; Kao and Liu 1999 and δ
15

N range:

1.8‰–3.5‰; Peters et al. 1978, Wada et al. 1987, Thornton and McManus 1994) 

strongly indicate that Shoal Bay waters are dominated by marine phytoplankton. This 

indication is reinforced by POC: Chl-a ratios of SPM from Shoal Bay being < 200 

(range: 86–105) during the study period. A POC/Chl-a ratio below 200 in SPM is 

generally observed when the SPM pool is dominated by phytoplankton-derived OM 

and above 200 is observed when the SPM pool is dominated by terrestrial-derived 

OM (Malet et al. 2008). 

The C/N ratios of SPM from Shoal Bay were higher than expected (mean=21.1) for 

marine phytoplankton (6–9, Redfield et al. 1963). The Redfield C/N ratio of 6.6 is 

achieved when cells contain about 45% protein and 10% RNA plus DNA when 

phospholipids account for 5–15% of cell mass; whereas, very high values of C/N 

ratios (>12) are observed in terrestrial- derived OM that is when protein declines 

below about 25% of cell mass (Hedges and Mann 1979, Meyers 1994, Hedges et al. 

1997, Lamb et al. 2006).  However, C/N ratios higher than Redfield can occur in the 

ocean due to uncoupled primary production. Whenever actively photosynthesising 

cells are exposed to conditions where carbon fluxes exceed intake of other essential 

nutrients required for formation of new biomass, cell division is arrested and the 

excess carbon is stored (e.g. as carbohydrates), excreted or directed to secondary 

functions (Dubinsky et al. 2001). The SPM of marine water from Shoal Bay had very 

low %N (mean~0.02) and this could be a reason for the high C/N ratio observed. 
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The lowest mean δ
13

C (-24.8‰) and C/N ratio (5.6) and highest δ
15

N (11.5‰) of

SPM recorded at the STP discharge site A1 were within the range of sewage-derived 

SPM (δ
13

C: -28.5‰ to -23.3‰; C/N: 5 to 10; δ
15

N: 4‰ to 15.3‰) indicating the

direct influence of the effluent at this site. Along Buffalo Creek, the mean δ
15

N and

δ
13

C values and mean C/N ratios of SPM were between that of STP effluent and

marine water from Shoal Bay (Table 3.6) and can be attributed primarily to mixing 

between STP-effluent SPM and marine SPM.  The downstream decreasing trend of 

mean δ
15

N, mean %N and mean %C of SPM, together with increasing trends of δ
13

C

and C/N ratios (Figure 3.3), reflects a decreasing influence of STP discharge towards 

the creek mouth. In contrast to Buffalo Creek, Mickett Creek with its lower 

freshwater inputs (in the absence of STP effluent and urban stormwater) and 

unconstrained mouth, is subject to stronger tidal mixing. The result is a relatively 

uniform distribution of stable isotope and elemental compositions of SPM along the 

creek. 

The deviations of mean δ
15

N values of SPM from the mixing line (between STP

effluent and marine water, Figure 3.6) in Buffalo Creek also suggests contribution of 

additional sources and processes beyond conservative mixing between SPM from 

STP effluent and marine water. One possible source is OM derived from mangrove 

leaf litter. The low δ
13

C values (range: -31.9 to -27.9) and high C/N ratios (range: 16

to 28) of mangrove leaves relative to SPM in Buffalo Creek (Figure 3.5) indicate that 

these C3 plants contribute only a small proportion of OM in SPM in Buffalo Creek. 

The low contribution of mangrove OM is possibly due to the rapid tidal export of 

intact leaf litter. The isotopic composition of SPM in Buffalo Creek also differs 

considerably from the values of C4 plants, which are characterized by higher δ
13

C
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values averaging around -14‰ to -13‰ (Bender 1971, Smith and Epstein 1971).  

High Chl-a concentrations (up to 900 µg L
-
1) and low POC/Chl-a ratios (<200) in

SPM during the study period strongly supports phytoplankton was a dominant 

component of SPM (e.g. Cifuentes et al. 1988, Savoye et al. 2012) in creek water. 

Therefore, the deviations of δ
15

N values of SPM could probably be attributed to the

addition of in-situ produced phytoplankton to the SPM pool particularly during long 

residence times in the creek. Dominance of phytoplankton in the SPM pool has been 

observed in other nutrient-polluted, shallow estuaries (e.g. Middelburg and Herman, 

2007, Unger et al. 2013). 

Resuspension of bottom sediment during periods of strong tidal flows may also be an 

important source of OM in SPM pool (Stahlberg et al. 2006). In shallow tidal creeks, 

there may be more or less continuous resuspension. However, the high Chl-a 

concentrations and POC: Chl-a ratio < 200 (range during the study: 10–110) in SPM 

indicates that phytoplankton was the dominant component in SPM. If resuspended 

sediment in the water column was a significant OM source usually a POC: Chl- a 

ratio above 200 in SPM is generally observed (Malet et al. 2008). Furthermore, 

Uncles et al 2002 used consistently derived data from 44 estuaries in Europe and the 

United States and observed there is a tendency for short, macro-tidal estuaries, such 

as Buffalo Creek, to have lesser suspended sediment concentrations in their waters 

than longer systems with comparable tidal ranges. Release of nutrient-rich porewater 

via sediment resuspension was one of the additional sources for the measured high 

nutrient concentrations in the water column during dry neap tides (Chapter 2). 

Nevertheless, sediment resuspension seems unlikely to be a significant contributor of 

OM to SPM in Buffalo Creek.  This indicates although resuspension probably 
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redistributes sediment up and downstream the main sources of OM in SPM are from 

the STP effluent and marine water. 

 

3.4.3 Spatial trends and sources of sediment 

The increasing trend of δ
13

C values along Buffalo Creek indicates a decreasing 

contribution of STP-derived OM towards the creek mouth (Figure 3.3). The similar 

downstream increasing trends of δ
13

C values in sediment and SPM along Buffalo 

Creek indicate that phytoplankton-dominated SPM is the main source of particulate 

C being deposited in sediments over time. This is further supported by the significant 

correlation between both δ
15

N and δ
13

C values in SPM and sediments in Buffalo 

Creek (Figure 3.5). Smith et al. (2012) also identified that phytoplankton is a 

substantial contributor to sediment in Buffalo Creek.  Utilization of freshly deposited 

phytoplankton by sedimentary bacteria can increase the δ
15

N values in sediment (Liu 

et al. 2006) which was also observed in Buffalo Creek (that is sediment δ
15

N values 

were higher than SPM δ
15

N values although this was not statistically significant). 

The increased benthic DIN flux due to mineralisation of deposited phytoplankton 

was identified as an important process that added DIN to the water column in 

Buffalo Creek (Chapter 2) and was also previously reported by Smith et al. (2012). 

Similarly, δ
13

C values in sediments should be generally higher than in the deposited 

OM source due to increased bacterial processing of sedimentary OM compared to the 

source OM (Ehleringer et al. 2000). However, the opposite relationship was 

measured in Buffalo creek, i.e., δ
13

C values of sediment were significantly lower 

(p=0.001) than δ
13

C values of SPM. Therefore, an alternative explanation for the low 

δ
13

C values in sediment is required. Heterotrophic microbes can contribute to low 

δ
13

C as their uptake of DOC preserves the C isotope signature of the source, and 
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biomass associated with heterotrophic microorganisms and incorporated in sediment 

is, thus, generally depleted in 
13

C (Kankaala et al. 2006). An isotope study on 

sediments from eutrophic Lake Mendota, Wisconsin illustrated that mineralisation of 

organic C by the heterotrophic microbial community, associated with expansion of 

anoxic conditions in the water column, led to sediment OM with reduced δ
13

C values 

(Hollander and Smith 2001). Although there are no data available to prove the 

presence of heterotrophic bacteria in Buffalo Creek sediments, the high organic 

carbon loads from effluent-derived SPM that are eventually deposited in sediment, 

supply bioavailable nutrients and should favour their presence.  

 

The δ
15

N values and C/N ratios of sediment also exhibit a clear downstream 

decreasing trend in Buffalo Creek showing the decreasing influence of STP effluent. 

Clear gradients of δ
15

N ratios between two distinct end-members have been shown in 

other macro- and micro-tidal estuaries (Thornton and Manus 1994, Unger et al. 

2013) indicating that in small tidal estuaries temporal integration in sediments will 

reflect the dilution effect of the two end-members, regardless of tidal regime (micro- 

to macro). This temporal integration makes sediment OM a better parameter than 

SPM to distinguish OM sources, especially in temporally limited studies. 

 

A significant linear correlation between %N and %C in sediment in both creeks 

indicates that N is predominantly bound to OM. The intercept of the regression line 

is close to zero suggesting that only a relatively small amount of ammonium ions are 

adsorbed in the surface sediments. In general, organic matter from different sources 

can be influenced by the presence of inorganic N differentially bound to clay 

minerals (Schubert and Calvert, 2001). However, in Buffalo Creek it can be assumed 
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that the measured total %N is a good estimate of organic nitrogen (Andrews et al. 

1998, Owens and Lee, 2004, Liu et al. 2006, Rumolo et al. 2011) and that measured 

C/N ratios reliably represent Corg/Norg in sediment. 

The %C and %N contents of sediment are usually related to the texture of sediments. 

For example, fine grained (clay and silts) sediments commonly show higher %C than 

medium or coarse grain sediments (sand dominated, Goni et al. 2003, Sarma et al. 

2012). However, in Buffalo Creek mean %C and %N showed a systematic decrease 

from the STP outfall site towards the creek mouth regardless of the texture of the 

sediments (Table 3.7). Furthermore, %C and %N in sediment in Buffalo Creek were 

significantly higher than in Mickett Creek. Therefore, the overall distribution of %C 

and %N in surface sediments in Buffalo Creek is not primarily controlled by 

grainsize but rather the availability and contributions of C and N sources, in 

particular the contribution by SPM from the STP effluent with high %N and %C. 

3.4.4 Tracing sewage impact along Buffalo Creek 

An increased load of sewage-derived N in estuaries is often accompanied by an 

enrichment of 
15

N in SPM (McClelland and Valiela 1998, Cole et al. 2004,

Middelburg and Herman 2007). The 
15

N of SPM depends on the DIN source

incorporated by phytoplankton. Uptake of 
15

N by phytoplankton (Mariotti et al.

1984, Cifuentes et al. 1988, Harrington et al. 1998, Middelburg and Nieuwenhuize, 

1998) translates the sewage-derived SPM into high δ
15

N of marine SPM. Therefore,

δ
15

N in SPM could be used as a useful tracer of sewage pollution in aquatic and

sedimentary systems (McClelland et al. 1997, Heaton 1986, Costanzo et al. 2001, 

Savage 2005). The δ
15

N of SPM is high in Buffalo Creek due to the inputs of SPM
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with high δ
15

N values derived from the STP effluent. The significantly higher δ
15

N

values in SPM and sediment in Buffalo Creek compared to Mickett Creek clearly 

indicates the degree of influence of sewage-derived nutrients in Buffalo Creek. The 

decreasing trends of δ
15

N and %N in SPM and sediment from the sewage outfall site

towards the creek mouth further indicates a decreasing influence of sewage-derived 

N downstream. Elevated δ
15

N values in SPM and sediment are, thus, a good tracer of

the impact of sewage effluent in Buffalo Creek. 

3.5 Conclusions 

The elemental and isotopic composition of SPM and sediment was successfully used 

to delineate sources and transformation processes of OM in a macro-tidal estuary 

influenced by sewage effluent. Elemental and isotopic composition of SPM 

displayed strong temporal variability, depending on tidal patterns and seasons 

influences as well as on local morphology and hydrology. Along Buffalo Creek, 

SPM is dominated by the direct influence of STP effluent, marine water and in-situ 

primary production, while direct terrestrial OM inputs are subordinate. In contrast, 

short term variability of sedimentary OM is absent as the influences of sources is 

integrated over multiple seasons. Consequently, sediment is a better tracer of OM 

sources along Buffalo Creek. This study has also shown that STP effluent is the main 

source of SPM and sediment OM along Buffalo Creek and that the influence of STP-

derived SPM gradually decreases towards the creek mouth. The dispersal and fate of 

sewage-derived SPM and OM in sediment can be effectively traced by measurement 

of N-isotope compositions, which may serve as a tool for monitoring sewage 

influence during future studies of similar ecosystems. 



 

 

Chapter 4 

 

Assimilation of sewage-derived nutrients by mangrove 

biota in Buffalo Creek 

 

 

 

This chapter is an adapted version of a paper accepted by Marine and 

Freshwater Research, December 2016  

(A copy of accepted paper is given in appendix E)
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4 Assimilation of sewage-derived nutrients by mangrove biota in 

Buffalo Creek 

4.1 Introduction 

Tropical estuaries and particularly macro-tidal systems are biogeochemically 

complex due to their highly variable hydrodynamics (Wolanski et al. 1980), and 

large organic matter inputs from fringing mangroves (Dittmar et al. 2006). Whilst 

anthropogenic nutrients from diverse sources, such as urban and rural run-off, can 

add substantial nutrient loadings to receiving waters, sewage effluent discharge is 

often the most significant point source of nutrients to waterways (Cromey et al. 1998, 

Alonso-Rodriguez et al. 2000, Riera et al. 2000). Sewage effluent is a rich source of 

dissolved nutrients and particulate organic matter that can disrupt the natural nutrient 

balance of estuarine and coastal systems, altering primary producers (McClelland et 

al.1997, McClelland and Valiela 1998 a, Costanzo et al. 2001, Cole et al. 2004) and 

consumers (Van Dover et al. 1992, Roberts 1996, Waldron et al. 2001, Savage et al. 

2002). For example, McClelland and Valiela (1998 a) reported losses of eelgrass 

production replaced by proliferations of phytoplankton and macro-algae as 

eutrophication progressed from wastewater nitrogen loading in Waquoit Bay, 

Massachusetts, USA. Therefore, detecting the effects of sewage discharges is a focus 

for applied ecologists and environmental managers. However, the natural variability 

in the structure and functioning of local estuarine communities (Carballo et al. 1996) 

and our limited understanding of sewage constituent uptake and assimilation into 

natural communities (Dudley and Shima 2010) are confounding factors. Such 

difficulties may be partly alleviated by using bio-indicator organisms that integrate 
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pollution signals in their tissues over time and reflect the quality of their habitat 

(Oehlmann and Schulte-Oehlmann 2003). 

 

Stable isotope values of nitrogen (δ
15

N) and carbon (δ
13

C) in the tissues of bio-

indicators are particularly valuable measures of sewage impact because they reflect 

the contributions of available nutrient sources over the period of tissue generation 

and turnover (Gartner et al. 2002, Gaston and Suthers 2004). Where effluent 

concentrations are variable in time, bio-indicators may detect biologically important 

pulses of sewage discharge that may otherwise be missed by traditional water-

column ‘grab’ sampling programmes (Fong et al. 2004).  

 

Carbon and nitrogen isotopic values in sewage effluents are often distinct from 

background isotopic values found in unimpacted ecosystems (Jones et al. 2001, 

Savage and Elmgren 2004). Stable isotope analysis, therefore, can be used for tracing 

terrestrial nutrient sources entering marine ecosystems (Fry and Sherr 1984, Fry and 

Wainright 1991). Sewage-derived N typically has higher δ
15

N values than naturally 

occurring N sources due to an enzymatic preference for 
14

N by bacteria used to treat 

sewage which leads to 
15

N enrichment in residual N in effluent from wastewater 

treatment plants (Heaton 1986). Also, sewage-derived organic matter generally has a 

terrestrial-source composition, which is more depleted in δ
13

C values than the marine 

end-member values (Fry and Sherr 1984). 

 

Mangrove trees have the potential to strip nutrients efficiently from wastewater (Tam 

and Wong 1989, Lau et al. 1997, Wu et al. 2008) via their root system. Mangroves 

including Avicennia marina (Boto et al. 1985), generally preferentially take up N as 
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NH4
+ 

(Naidoo 2009), however, they are also capable of utilising NO3
–
 (Pitt et al.

2009). Since the growth of plants in marine systems is often limited by the 

availability of N, sewage-N can quickly be assimilated by primary producers 

(Costanzo et al. 2001). As a result, tissues of primary producers that assimilate 

sewage-N become enriched in δ
15

N (Pitt et al. 2009). Studies have shown that

elevated δ
15

N values and %N in mangrove leaves reflected sewage-derived nutrient

inputs (Jones et al. 2001, Costanzo et al. 2001, 2003, Pitt et al. 2009) and can be used 

to determine the spatial extent of sewage plumes (Costanzo et al. 2001). 

Benthic deposit feeders, such as gastropods, have proven useful for mapping the 

distribution of sewage influence on the local food web in aquatic systems (France 

2011, Vermeulen et al. 2011); whereas benthic suspension feeders, such as sponges 

and ascidians, appear to less faithfully record sewage input (Gartner et al. 2002). 

Gastropods scrape detritus and algae from the sediment surface at low tide, using its 

proboscis (Willan 2013). Benthic microalgae (BMA) assimilate dissolved inorganic 

nitrogen (DIN) and dissolved inorganic carbon (DIC) directly from the water column 

(Cole et al. 2004, Cole et al. 2005). Consequently, it may be expected that the 

isotopic compositions of N and C species in the water column may be transferred to 

gastropods that feed on sewage-affected BMA and thereby provide information on 

the propensity for pollutants to cascade through aquatic food webs. 

In this study, we report the C and N stable isotope and elemental compositions in 

mangrove leaves and two species of gastropod snails sampled from a tropical macro-

tidal creek exposed to treated sewage effluent as well as from a nearby control creek 

with no known effluent exposure. The aims of this study were to: track spatial and 
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seasonal changes in the distribution of sewage-derived N and C in estuarine biota; 

assess their capability of, and sensitivity to, assimilation of elevated loads of 

nutrients; and verify their use as ecological indicators to detect the inputs of sewage 

effluents to tropical macro-tidal estuaries. 

Specifically, we focused on three potential bio-indicator species: Mangrove 

(Avicennia marina) and two gastropod snails (Telescopium telescopium and 

Terebralia semistriata). The water quality of the impacted creek has been intensively 

studied, but none of the previous studies have provided qualitative or quantitative 

estimates of the dispersal of effluent and ecosystem assimilation of the elevated 

nutrient levels. This study presents a comprehensive and robust assessment of 

nutrient dispersal and uptake in a macro-tidal ecosystem by a combination of 

indicators: mangrove leaves, gastropod snails and sediment. It also provides 

quantitative approaches to detect sewage-derived nutrients in sediment and, for the 

first time, in mangrove leaves. 

Several studies have demonstrated that dissolved sewage nitrogen can be 

incorporated into the food webs of aquatic ecosystems (Costanzo et al. 2001, Savage 

et al. 2002, Cole et al. 2004). I hypothesised that as the readily available N source, 

the high δ
15

N values in effluent will likely be transferred to mangrove trees and

gastropod snails, and therefore, could be used as ecological indicators to monitor the 

sewage impact in Buffalo Creek. To test this hypothesis, stable isotopes and 

elemental concentration of mangrove leaves and foot muscle of two gastropod 

species were measured. 
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4.2 Materials and methods 

4.2.1 Study area 

This study was conducted in two tropical macro-tidal creeks, Buffalo Creek and 

Mickett Creek near Darwin, Australia (Figure 4.1). 

Figure 4.1.  δ
15

N values (‰) and N concentration (%) in mangrove leaves and

sediment and C/N ratios in mangrove leaves with distance from the creek mouth in 

the sewage-impacted Buffalo Creek (left) and control Mickett Creek (right) during 

the three sampling rounds (all data are shown). STP = Sewage Treatment Plant 

discharge point. 
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Buffalo Creek is located approximately 14 km north-northeast of the Darwin CBD 

and has a marine outlet at Shoal Bay. Treated sewage effluent is discharged into 

mangroves in the upstream part of the creek from the Leanyer-Sanderson Sewage 

Treatment Plant (STP), which is the largest STP in Darwin, servicing an estimated 

population of 50,000. Nutrients in storm water from several urban drains are an 

additional source. However, the nutrient loads attributed to storm water are 

insignificant compared to the sewage-derived loads (Aurecon Australia Pty Ltd 2013, 

KN Warnakulasooriya unpublished data). The downstream section of Buffalo Creek 

is characterised by meander bends, which in combination with a large intertidal sand 

bar across the mouth, inhibits tidal exchange on neap low tides (Smith and Haese 

2009).  

 

Mickett Creek, which is situated to the east of Buffalo Creek, and whose largely 

unmodified catchment adjoins the Buffalo Creek catchment, was selected as a 

control creek. Both creeks are subject to similar tidal inundation cycles with a 

maximum tidal range of 7.8 m (Smith et al. 2012), but water flow at the mouth of 

Mickett Creek is less restricted than at Buffalo Creek. Both creeks have fringing 

mangrove forests along their length (Figure 4.1).  

 

4.2.2 Sample collection and processing 

Samples were collected in September 2013, February 2014 and July 2014. A more 

comprehensive sampling campaign was carried out to collect gastropods in June 

2014 with the addition of several gastropod sampling sites along Buffalo Creek 

(Figure 4.1). September, June and July fall within the dry season, and February 

within the wet season, of the North Australian monsoonal climate zone. 
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Creek water and effluent 

Effluent samples and water samples from both creeks (from ~0.5 m below the water 

surface) were collected on each sampling round. Unfiltered and filtered (Pall sterile 

0.45-µm syringe filter) subsamples were collected separately into 100-mL 

polyethylene bottles, kept on ice in the field and frozen on return to the laboratory for 

later analysis. Determination of dissolved nutrients (NH4
+
, NO3

–
, NO2

–
) and total 

nitrogen/TN used a Flow Injection Analyser (FIA) (Lachat Instruments; analytical 

methods LACHAT 31-107-06-1A and LACHAT 31-1907-04-1-A). One-litre 

volumes of unfiltered effluent samples were collected at the STP, and placed on ice 

(but not frozen) in the field. Upon transport to the laboratory, samples were 

immediately filtered through pre-combusted (450

C for 24 h), pre-weighed, 

Whatman GF/C glass fibre filters and the filtrate volume was recorded. Filters were 

dried at 60
0
C for 24 hours in an oven and post-weights were recorded. Filtrate 

samples were acidified with HCl to pH <2, dried down by sub-boiling at 60

C on a 

hotplate until ~5 mL transferred to a pre-weighed clean vial, and frozen for analysis.  

 

Mangrove leaves 

Avicennia marina (grey mangrove) was selected for sampling as this species is 

present along most of the lengths of both creeks targeted in this study (Figure 4.1). 

Approximately 10–15 unblemished mature leaves from each tree were collected by 

hand from above the high water line and were placed into zip-lock plastic bags and 

placed on ice. Sampled trees were marked with flagging tape to enable the same trees 

to be sampled throughout the study. Upon receipt at the laboratory, mangrove leaves 

were rinsed with distilled water to remove debris and any foreign material attached 

(such as invertebrates) and was stored frozen until further processing. 
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Gastropod snails 

Telescopium telescopium (T. telescopium) gastropod snails were collected at the STP 

outfall (site T1) and at the mouth (site T8) of Buffalo Creek and at all sites at Mickett 

Creek during all sampling rounds. At all other sites (T2 to T7), gastropods were 

collected in June 2014. Due to differences in the distributions of the two snail 

species, it was not possible to sample both species at all locations. Terebralia 

semistriata (T. semistriata) was present at the STP outfall (site T1) during only one 

sampling round and was not found in Mickett Creek. Five to six individual 

specimens from each species were collected by hand at each site (T1 to T8 in Buffalo 

Creek and t1 to t3 in Mickett Creek) and placed in zip-lock bags and kept on ice in 

the field. Upon receipt at the laboratory, shells were crushed and part of the foot 

muscles were excised and placed in zip lock bags and stored frozen until further 

processing. 

Surface sediments 

Two sediments cores were collected at each site (A1 to A6) using a core sampler (up 

to10 cm depth) and were packed in zip-lock bags, kept on ice in the field. Upon 

receipt at the laboratory, all samples were stored frozen until further processing. 

4.2.3 Stable isotope analysis 

The frozen mangrove leaves, foot muscles of gastropods, surface sediments and 

frozen filtrates were freeze-dried. Approximately ten leaves, six individuals of 

gastropod muscles and two sediment cores collected from each sampling site were 

pooled to get representative samples for each sampling site within each creek. The 

freeze-dried samples were ground into a homogenous, fine powder using a Fritsch 
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rotor speed mill. Samples were acidified using HCl prior to stable carbon isotope 

analysis to remove inorganic carbon. 

All samples were analysed for C and N stable isotope ratios and %C and %N using a 

continuous flow-isotope ratio mass spectrometer (Thermo - Finnigan Delta V Plus 

Isotope Ratio Mass Spectrometer (IRMS) interfaced with a Flash EA 1112 elemental 

analyser) at Southern Cross University, Lismore, Australia. Isotope ratios are 

expressed as δ
13

C or δ
15

N (in ‰) and were calculated according to the equation:

δ
13

Csample or δ
15

Nsample (‰) = [(Rsample / Rstandard ) – 1)] x 1000;

Where R = 
13

C/
12

C or 
15

N/
14

N; Rstandard for C is Vienna Pee Dee Belemnite (VPDB)

and for N is atmospheric molecular nitrogen (Air N2). Duplicate analyses were run 

for selected samples for quality assurance. The average standard deviations for 

measurements were 0.3‰ for δ
15

N and 0.1‰ for δ
13

C.

4.2.4 Data analysis 

Spatial variations in isotopes and elemental concentrations within each creek system 

were analysed using simple linear regression at a significance level (p) of 0.05. 

Temporal variations in isotopes and elemental concentrations of mangrove leaves 

and gastropod snails (at sites T1 and T8 in Buffalo Creek and all sites in Mickett 

Creek where they were collected at all sampling rounds) were analysed using 

ANOVA at a significance level (p) of 0.05 separately for each creek. The fixed 

factors were sampling time for which there were three levels for mangrove leaves 

(three sampling rounds) in both creeks, four levels for gastropod snails in Buffalo 
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Creek (four sampling rounds) and three levels for gastropod snails in Mickett Creek 

(three sampling rounds). ANOVA (general linear model) was used to compare the 

isotopes and elemental concentrations between impacted Buffalo Creek and control 

Mickett Creek at a significance level (p) of 0.05. All statistical analyses were 

performed using MINITAB 17. 

 

A single isotope, two-component linear mixing model was used to estimate the 

percentage contribution of sewage-derived N to sediments and mangrove leaves at 

each site. The model is of the form:  

δ
15

Nx = X (δ
15

Neffluent) + (1-X) δ
15

Ny  

 

where X is the fractional contribution of sewage N, δ
15

Nx is the δ
15

N value of 

sediment or mangrove leaves in the sewage receiving creek , and δ
15

Ny is the 

unimpacted background δ
15

N value of sediments or mangrove leaves from the 

control sites at Mickett Creek (after Spies et al. 1989; modified by Wayland and 

Hobson 2001). For δ
15

Neffluent, we used the weighted mean average of δ
15

N value of 

total sewage effluent (17.3‰). For δ
15

Ny, the mean δ
15

N value of sediments (4.7‰) 

and leaves (6.3‰), calculated from values from all sites in Mickett Creek during all 

sampling trips, were used.  

 

4.3 Results  

4.3.1 Creek water and effluent 

Salinities in Buffalo Creek and Mickett Creek decreased systematically with distance 

from the creek mouths during sampling trips. However, due to a likely bias in the 

recorded salinity data towards high values as the creeks can only be accessed at high 
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tides, we considered nutrient concentrations in relation to distance from the creek 

mouth (measured as meandering distance between sites in both creeks) rather than 

salinity (Table 4.1). As expected, nutrient concentrations (dissolved and total) in the 

sewage impacted Buffalo Creek were substantially higher than in Mickett Creek in 

all three surveys. In Buffalo Creek, nutrient concentrations were higher in the wet 

season than in the dry season and the highest concentrations were measured at the 

STP outfall (site A1) with decreasing concentration along the creek towards the 

creek mouth. The dominant inorganic nitrogen species was NH4
+
 with NOx

– 
(i.e.

NO2
– 

+ NO3
–
) present in substantially lower concentrations (Table 4.1). The nutrient

concentrations in STP effluent showed considerable variation during the three 

sampling rounds. The lowest TN and NH4
+
 concentrations values were recorded in

February 2014 (wet season), whereas NOx
–  

 concentrations were low both in

September 2013 (dry season) and February 2014. The mean δ
15

N and δ
13

C values of

total sewage effluent were 17.3±4.3‰ (range: 12.1 to 21.6‰, n=5) and -27.3±0.5‰ 

(range: -26.7 to -27.9‰, n=5), respectively. The total effluent isotopic compositions 

were calculated as the mean of the separate values obtained for particulate N and C 

and filtrate N and C weighted by total suspended solids and total dissolved solids 

concentrations from all sampling trips. 
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Table 4.1. Nutrient concentrations in sewage effluent/STP outfall and creek water 

from all three sampling rounds. NOx
-
 = NO2

-
+ NO3

-

4.3.2 Mangrove leaves  

Mean values for δ
15

N, δ
13

C, %N and %C at each location along creeks (calculated

using data from all three sampling rounds) with standard errors of mean (SE) in 

leaves are shown in Table 4.2 and all data for the three sampling rounds are 

presented as supplementary material. The δ
15

N values and %N in mangrove leaves

from all sampling rounds were significantly higher in Buffalo Creek than in Mickett 

Creek (p<0.001 and p=0.013 respectively, Figure 4.2, Table 4.3). 

(µg L
-1

) (µg L
-1

) (µg L
-1

)

Creek Location Sep-13 Feb-14 Jul-14 Sep-13 Feb-14 Jul-14 Sep-13 Feb-14 Jul-14

Buffalo STP 36400 10500 17500 1390 570 2100 136 140 1190

Creek A1 31600 10500 16700 1380 570 2360 71 200 1150

A2 2800 3260 2920 1470 1810 1590 133 510 190

A3 2300 3040 2650 1030 1640 1400 132 480 180

A4 1800 2630 2290 300 1320 1060 91 430 180

A5 840 2370 1980 120 1090 780 50 390 160

A6 180 1680 430 8.3 660 70 10 250 30

Mickett a1 160 600 360 5.6 100 10 9.9 30 4.8

Creek a2 120 380 170 2.4 5.7 10 8.5 2.7 3.1

a3 120 230 130 5.4 6.4 8.9 8.9 3.7 4.1

TN NH4
+

NOx
_
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Table 4.2. Isotopic and elemental compositions (mean±standard error) in 

mangrove leaves, foot muscle of gastropod snails and surface sediments in Buffalo 

and Mickett Creeks calculated using data from all three sampling rounds. 

Species name Creek name n Site δ
15

N N δ
13

C C

(‰) (%) (‰) (%)

A.  marina Buffalo Creek 3 A1 17.1±0.3 2.9±0.1 _
31.9±0.4 47.6±2.6

(Grey mangrove) 3 A2 11.7±0.1 2.3±0.1 _
30.3±0.7 48.1±1.6

3 A3 12.0±0.2 2.1±0.1 _
28.3±0.6 47.4±2.3

3 A4 13.7±0.2 1.9±0.1 _
27.9±0.04 46.6±0.3

3 A5 12.0±0.4 1.9±0.1 _
27.9±0.4 47.7±0.7

3 A6 9.7±0.6 1.5±0.3 _
29.0±0.5 47.7±2.1

Mickett Creek 3 a1 5.4±0.1 2.0±0.1 _
27.4±0.2 48.2±2.7

3 a2 5.6±0.9 1.4±0.1 _
27.9±0.3 49.7±1.9

3 a3 6.4±0.3 1.3±0.1 _
28.9±0.2 50.9±2.0

T. telescopium Buffalo Creek 4 T1 13.6±0.2 12.7±0.2 _
23.7±0.2 40.2±0.3

(Longbums) 1 T2 13.9 12.9 _
21.3 37.5

1 T3 12.5 11.6 _
21.3 37.6

1 T4 12.6 12.4 _
20.8 38.4

1 T6 13.5 12.4 _
21.4 39.8

4 T8 5.6±0.2 11.5±0.5 _
25.4±0.2 36.1±1.2

Mickett Creek 3 t1 6.2±0.7 11.9±0.6 _
18.2±1.3 37.6±1.7

3 t2 6.3±0.3 11.8±0.5 _
17.2±0.7 37.0±1.5

3 t3 6.3±0.05 12.1±0.1 _
22.2±0.1 37.9±0.4

T. semistriata Buffalo Creek 1 T1 13.6 11.5 _
22.5 36.2

(Lesser longbums) 1 T3 10.6 11.4 _
21.4 33.6

1 T4 10.3 12.7 _
22.9 37.5

1 T5 10.8 12.7 _
21.9 37.4

1 T7 7.6 11.7 _
21.5 33.6

3 T8 4.8±0.3 11.1±0.4 _
18.8±0.2 35.8±0.1

Surface sediments Buffalo Creek 3 A1 13.5±0.4 0.61±0.2 _
27.0±0.2 7.3±4.1

3 A2 10.3±0.1 0.24±0.02 _
26.3±0.1 3.0±0.6

3 A3 9.9±0.2 0.21±0.02 _
26.2±0.2 2.6±0.4

3 A4 8.0±1.1 0.13±0.02 _
25.2±0.2 1.7±0.2

3 A5 8.1±0.1 0.13±0.01 _
25.5±0.6 1.6±0.3

3 A6 8.2±0.8 0.09±0.02 _
24.7±0.3 0.9±0.3

Mickett Creek 3 a1 4.9±0.2 0.11±0.02 _
24.4±0.1 1.3±0.3

3 a2 4.6±0.3 0.07±0.01 _
24.5±0.5 1.1±0.3

3 a3 4.6±0.3 0.06±0.01 _
24.4±0.4 0.7±0.1

n = number of samples. n=1 is a representative sample of six gastropods per sampling site.
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Table 4.3. Significant values for comparisons between Buffalo and Mickett Creeks 

of isotopic and elemental compositions of mangrove leaves, sediment and 

gastropods using ANOVA (general linear model). df= Degrees of freedom; MS= 

Mean square; F = F ratio; p =p value. α=0.05.  

 

Variable Source df MS F p

A. marina

δ
15

N Creek 1 284.392 68.59 <0.001
a

Error 25 4.416

Total 26

%N Creek 1 1.505 7.08 0.013
a

Error 25 0.2126

Total 26

δ
13

C Creek 1 7.807 3.77 0.064

Error 25 2.072

Total 26

%C Creek 1 28.696 3.92 0.059

Error 25 7.319

Total 26

C/N Creek 1 612.17 17.53 <0.001
a

Error 25 34.92

Total 26

Surface sediment

δ
15

N Creek 1 165.624 58.45 <0.001
a

Error 25 2.834

Total 26

%N Creek 1 0.2036 4.93 0.036
a

Error 25 0.04131

Total 26

T. telescopium

δ
15

N Creek 1 121.05 15.87 0.001
a

Error 22 7.626

Total 23

%N Creek 1 0.2563 0.42 0.523

Error 22 0.6088

Total 23
a
Significantly different
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A linear decrease in leaf δ
15

N values and %N was measured along Buffalo Creek

with distance away from the STP outfall (Figure 4.2). The highest mean values 

(calculated from all three field trips) were recorded at the outfall site A1 (δ
15

N

=17.1±0.3‰, %N = 2.9±0.1%) and the lowest mean values were from site A6 close 

to the creek mouth (δ
15

N=9.7±0.6 ‰, %N =1.5±0.3%).  The mean δ
15

N value at the

mouth of Buffalo Creek was ~4‰ higher than the mean background value for all 

sites in Mickett Creek (5.8±0.3‰) where relatively small variation was recorded 

along the creek (δ
15

N range: 3.8 to 6.9‰, Figure 4.2). Mixing model calculations

show that the proportion of sewage-derived N in mangrove leaves was 100% at the 

outfall site and 45% at the creek mouth. At sites A2, A3, A4 and A5 the sewage N 

contributions were 64%, 66%, 82% and 66%, respectively. 

The %N in leaves in Mickett Creek was also significantly related to distance (Figure 

4.2). No seasonal variation in leaf δ
15

N values (Buffalo Creek: df=2, F=0.01,

p=0.986; Mickett Creek: df=2, F=1.54, p=0.289) and leaf %N (Buffalo Creek: df= 2, 

F=0.19, p=0.829; Mickett Creek: df=2, F=0.03, p=0.986) was evident in mangrove 

leaves in either of the creeks. The C/N ratios of leaves in the two creeks (Figure 4.2) 

decreased with distance upstream towards the STP outfall, suggesting greater uptake 

and storage of N in upstream mangrove leaves. The C/N ratio for Buffalo Creek was 

significantly lower than in Mickett Creek (p<0.001, Table 4.3). 
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Figure 4.2. δ
15

N values (‰) and N concentration (%) in mangrove leaves and 

sediment and C/N ratios in mangrove leaves with distance from the creek mouth in 

the sewage-impacted Buffalo Creek (left) and control Mickett Creek (right) during 

the three sampling rounds (all data are shown). STP = Sewage Treatment Plant 

discharge point. 
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The δ
13

C values in mangrove leaves from all sampling rounds were not significantly

different between Buffalo Creek and Mickett Creeks (p=0.064, Table 4.3). The δ
13

C

values ranged between -31.9±0.4‰ and -27.9±0.04‰ in Buffalo Creek 

and -28.9±0.2‰ and -27.4±0.2 ‰ in Mickett Creek. These values are typical of δ
13

C

in plants utilising the C3 photosynthetic pathway (range: -25‰ to -35‰, average 

= -28‰, O’Leary 1988). 

4.3.3 Gastropod snails 

Values for all variables in gastropods are shown in Table 4.2. Mean±standard error 

of data are shown only for site A1, A8, a1, a2 and a3 where samples were collected 

at all sampling rounds. The δ
15

N values in T. telescopium from all sampling rounds

were significantly higher in Buffalo Creek than in Mickett Creek (p=0.001, Table 

4.3).  Although T. semistriata was not found in Mickett Creek, for most locations in 

Buffalo Creek, δ
15

N values in T. semistriata were consistently higher than T.

telescopium from Mickett Creek (Figure 4.3, Table 4.2). The highest average δ
15

N

value for T. telescopium was measured at the STP outfall site T1 (13.6±0.2 ‰) and 

the up-stream site T2 (13.9‰), and for T. semistriata at site T1 (13.6‰). T. 

telescopium had higher δ
15

N values than T. semistriata at all Buffalo Creek sites,

where both species were present. The δ
15

N values of both species sampled at the

mouth of Buffalo Creek (range from all sampling rounds: 4.0 to 6.1‰) were close to 

values recorded for T. telescopium in Mickett Creek (range from all sampling rounds: 

5.1 to 7.4‰). The %N in T. telescopium did not show any significant variations 

between creeks (p=0.523, Table 4.3). Also there were no significant variations in %N 

in either gastropod species along Buffalo Creek (T. telescopium: r
2
=0.399, p=0.060;

T. semistriata: r
2
=0.365, p=0.085). No significant variations in δ

15
N values
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(r
2
=0.005, p=0.815) and %N (r

2
=0.002, p=0.085) were measured along Mickett

Creek. There were no seasonal variations in δ
15

N values in T. telescopium at site T1

and T8 in Buffalo Creek (df=3, F=0.00, p=0.999) and at all sites in Mickett Creek 

(df=2, F=0.85, p=0.473), where they were sampled during all sampling rounds. 

Figure 4.3. Spatial variation in δ
15

N values (‰) in (A) Telescopium telescopium in

Buffalo Creek, (B) Terebralia semistriata in Buffalo Creek, (C) Telescopium 

telescopium in Mickett Creek and (D) δ
15

N vs. δ
13

C in gastropods and surface

sediment in the sewage-impacted Buffalo Creek and unimpacted Mickett Creek 

SS= surface sediments, BC= Buffalo Creek and MC=Mickett Creek. 
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Both gastropods showed a difference in δ
13

C values between sites along Buffalo 

Creek with the main difference between specimens collected at the mouth of the 

creek and all upstream sites (T2, T3, T4, T5 and T6). Among the upstream sites, 

there were only small variations in δ
13

C values in both species. However, the lowest 

δ
13

C values were recorded for T. telescopium at Buffalo Creek mouth site T8 (-

25.4±0.2‰).  There were only minor variations in δ
13

C values of T. telescopium 

along Mickett Creek (mean range: -17.2 to -22.2‰). There were no significant 

seasonal differences in gastropod δ
13

C values at sewage outfall site T1 and creek 

mouth site T8 in Buffalo Creek (df=3, F=0.09, p=0.961) or at Mickett Creek sites 

(df=2, F=0.01, p=0.993), where they were collected during all sampling rounds.  

 

An average δ
15

N enrichment value of 3.4‰ in foot muscle of T. telescopium 

compared to its assimilated food has been suggested by Bouillon et al. 2002. To our 

knowledge, no studies have explicitly examined δ
15

N and δ
13

C enrichment factors in 

foot muscle of T. semistriata or δ
13

C enrichment in foot muscle of T. telescopium 

compared to their assimilated food. Therefore, δ
13

C and δ
15

N values in the diet of T. 

telescopium and T. semistriata were estimated assuming 1‰ (for δ
13

C, De Niro and 

Esptein 1978) and 3.4‰ (for δ
15

N, Bouillon et al. 2002, Minagawa and Wada 1984) 

enrichments in gastropod foot muscle compared to the assimilated food (Table 4.4). 

This resulted in expected δ
15

N values of the diet of T. telescopium between 9.1 and 

10.5‰ at all sites in Buffalo Creek except at site T8 close to the creek mouth (2.2‰), 

while δ
15

N of the expected diet of T. semistriata was 7.4 to 10.2‰ except at sites T7 

and T8 close to the creek mouth (4.2‰ and 1.6‰, respectively). The δ
13

C values for 

both gastropod species in Buffalo Creek were higher (range: -21.8 to -24.7‰) than 

the recorded values of δ
13

C of sediment organic matter (range: -25.2‰ to -27.0‰). 
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Only at the creek mouth (site T8) was the expected diet δ
13

C value for T. telescopium

close to the δ
13

C of sediment organic matter (-24.7‰). In Mickett Creek, the

estimated diet values (δ
13

C range: -18.2 to -21.2‰ and δ
15

N range: 2.8 to 2.9‰)

were higher than the local sediment organic matter. 

Table 4.4. The δ
15

N and δ
13

C values of sediment organic matter (SOM) and

estimated diet sources of T. telescopium and T. semistriata in Buffalo and Mickett 

Creeks. ns= no sample. 

4.3.4 Surface sediments 

In Buffalo Creek, the highest mean δ
15

N values and %N were recorded at sewage

outfall site A1, and decreased systematically downstream towards the creek mouth 

(Figure 4.2). Mixing model calculations show that sewage-derived N contributes 

approximately 70 % of the total N contained in sediments at the Buffalo Creek STP 

outfall site A1, 44% and 41% at upstream sites A2 and A3, respectively, 34% and 

27% at midstream sites A4 and A5 respectively, and 28% at site A6 close to the 

creek mouth. In Mickett Creek, mean δ
15

N values in surface sediments were

relatively stable along the creek, while %N was significantly related to distance 

Along creek Creek mouth Along Creek Creek mouth Along creek Creek mouth Along Creek Creek mouth

T. telescopium 9.1 to 10.5 2.2
_
24.7 to 

_
21.8

_
26.4 2.8 to 2.9 2.8

_
19.2 to 

_
18.2

_
21.2

T. semistriata 7.4 to 10.2 1.4 to 4.2
_
23.9 to 

_
22.5

_
19.8 ns ns ns ns

SOM 8.1 to 13.5 8.2
_
25.2 to 

_
27.0

_
24.7 4.6 to 4.9 4.6

_
24.4 to 

_
24.5

_
24.4

Buffalo Creek Mickett Creek

δ
15

N (‰) δ
13

C (‰) δ
15

N (‰) δ
13

C (‰)
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(Figure 4.2, Table 4.2). Also the δ
15

N values and %N in sediments from all sampling

rounds were significantly higher in Buffalo Creek than in Mickett Creek (p<0.001 

and p=0.036 respectively, Figure 4.2, Table 4.3). Mean δ
13

C of surface sediments in

Buffalo Creek had a wider range (-27.0‰ to -24.7‰) than did Mickett Creek (-

24.4‰ to -24.5‰, Table 4.2). 

4.4 Discussion 

Buffalo Creek is not well flushed and consequently the discharge of STP effluent 

results in poor water quality, as reflected in the highly elevated nutrient 

concentrations in its upstream section compared to the control sites in Mickett Creek. 

The highest nutrient concentrations at the sewage outfall site represent the direct 

influence of the sewage effluent. The decrease of nutrient concentrations in Buffalo 

Creek from the effluent source towards the creek mouth suggests that large tides 

strongly dilute the freshwater runoff. During the dry season, nutrient-poor seawater 

enters the upper sections of both creeks, and salinity values reach above 30 up to 3 

km upstream from the creek mouths. In contrast, during the wet season, freshwater 

flows from the catchment reduce seawater ingress and nutrient concentrations in the 

tidal creek are higher compared to the dry season. 

The large variation in nutrient concentrations in STP effluent and Buffalo Creek 

waters in instantaneous grab samples taken during the three sampling trips (Table 1) 

cannot adequately represent the highly variable water quality in the  macro-tidal 

creek system (Wolanski et al.1980).  Although the nutrient data represent the general 

trend in water quality along Buffalo Creek and the general contrast in water quality 

between Buffalo and Mickett Creeks, these data do not represent broad and 
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representative coverage across entire creeks because the distribution of nutrients can 

change strongly in space and time (Boonphakdee and Fujiwara 2008). A simpler, 

more integrated and cost-effective approach that can overcome the high temporal 

variability is needed. Measurement of N and C stable isotope compositions in 

suitable biological indicator species can fulfil this function accurately representing 

nutrient uptake by integrating periodic fluctuations in STP nutrient discharge and 

downstream dilution. 

 

The mean residence times for N in Avicennia marina leaves have been estimated at 

1.1–1.8 years (Alongi et al. 2005), thus, exceeding the seasonal time scale. While a 

slow turnover rate impedes the use of mangrove leaf δ
15

N values to monitor short 

term (e.g. seasonal) influence of sewage-derived nutrients (Costanzo et al. 2003, 

Jones et al. 2001, Pitt et al. 2009) it assists longer term assessment of nutrient uptake 

by integrating periodic fluctuations in STP nutrient discharge and downstream 

dilution. The δ
15

N values of mangrove leaves from this study did not show any 

seasonal variations confirming their slow turnover rates (Campbell 1996). Previous 

research has shown that gastropods can be reliable bio-indicators, providing a time-

integrated signal of anthropogenically derived N (Vermeulen et al. 2011), given that 

the appropriate tissue is analysed in relation to the time frame of interest (Tieszen 

and Boutton 1989, Hobson 1993). Tissues, such as muscle, with low turnover rates, 

integrate diet isotopic values over a longer time period than those with higher 

turnover rates, e.g. hepatopancreas (Hesslein et al. 1993, Lorrain et al. 2002). 

Consistent with our aim to investigate the long term effects of sewage effluent, we 

analysed the foot muscle of gastropods from Buffalo and Mickett Creeks. No 

significant seasonal variability was observed in the Buffalo Creek or Mickett Creek 
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gastropods, suggesting a slow turnover of muscle tissue over a period of at least one 

year (Lorrain et al. 2002). 

The striking and systematic enrichment of δ
15

N values and %N in mangrove leaves

in the sewage-impacted Buffalo Creek compared to Mickett Creek reflects the 

exposure of mangroves in Buffalo Creek to sewage-derived N. Previous studies have 

also reported high δ
15

N values in mangroves related to domestic sewage discharge

(Costanzo et al. 2001, 2003, Jones et al. 2001). Specifically for Avicennia marina, 

Pitt et al. (2009) reported a strong spatial gradient in δ
15

N values in leaves along

Brisbane and Logan rivers in Australia, both of which receive wastewater treatment 

plant effluents. However, the δ
15

N values in Avicennia marina in this study were

higher than those reported previously. For example, δ
15

N values of ~ 9–10‰ were

measured near sewage outfall sites by Costanzo et al. (2001, 2003), Jones et al. 

(2001) and Pitt et al. (2009); whereas, values ~ 5–6‰ were measured at sites distant 

from the sewage source (Costanzo et al. 2001, Jones et al. 2001, Pitt et al. 2009). In 

the present study, site-averaged δ
15

N values ranged from 17.1±0.3‰ in leaves near

the Buffalo Creek STP outfall to 9.7±0.6‰ close to the creek mouth. 

The decrease in δ
15

N values and %N in Buffalo Creek mangrove leaves with

increasing distance from the STP outfall supported by mixing model calculations 

indicate that the uptake by mangrove trees of sewage-derived N reflects the increased 

dilution and decrease in nutrient concentrations in mangrove sediments downstream 

of the STP. Although studies that have measured the turnover rate of sewage-derived 

N in mangrove sediment are scarce, sediments have previously been shown to 

accumulate and store sewage-derived nitrogen (Savage et al. 2004, Holmes et al. 
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2000). The elevated δ
15

N values in both mangrove leaves and sediment in the upper 

reaches of Buffalo Creek indicate that substantial amounts of sewage-derived N are 

retained in sediment in these locations. Notwithstanding increasing downstream 

dilution of sewage N, the ≈ 4‰ enrichment in leaf δ
15

N and ≈3 ‰ enrichment in 

sediment δ
15

N at the mouth of Buffalo Creek, compared to background values in 

Mickett Creek, demonstrates that sewage-derived N reaches the creek mouth and is 

likely exported to the coastal environment. This is also supported by the mixing 

model calculations for mangrove leaves and sediment which showed that at the 

mouth of Buffalo Creek 45% and 28% of total N in mangrove leaves and sediment, 

respectively, is sewage-derived N. These observations raise the possibility that 

sewage-derived N may affect nearby coastal environments following export from the 

creek system. 

 

The downstream increase in C/N ratios which accompany the decreasing δ
15

N values 

in Buffalo Creek mangrove leaves, as well as the lower %N compared to Mickett 

Creek leaves, show that the addition of sewage-derived N in Buffalo Creek has 

resulted in an increased net uptake of N by mangroves above a simple substitution of 

N sources. This is an example of ‘luxury N uptake’ under conditions of an increasing 

surfeit of this nutrient up to and including the outfall. This concept is well established 

for terrestrial systems, but has seldom been used in marine and estuarine systems 

(e.g. Yamamuro and Kamiya 2014 in referring to an earlier macroalgal study of 

Gordon et al. 1981). We have found no previous mention of luxury N uptake 

(reflected in C/N ratios) in mangrove leaves. The trend for luxury N uptake in leaves 

was even more pronounced in a parallel study of the different mangrove species, 
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Rhizophora stylosa, in Buffalo Creek in relation to two reference creeks Mickett and 

Kings (NC Munksgaard, unpublished data). 

The higher δ
15

N values in foot muscle of T. telescopium and T. semistriata in Buffalo

Creek compared to δ
15

N values in T. telescopium in Mickett Creek reflect the

exposure of the Buffalo Creek sites to sewage effluent and, more specifically, that 

the gastropods are accessing food sources influenced by sewage-derived N. In 

Buffalo Creek, both gastropod species showed highly elevated δ
15

N values at the

STP outfall and a gradual decrease in δ
15

N values towards the creek mouth, where

the values were similar to the ones recorded in Mickett Creek. A previous study has 

also reported gastropods (Monodonta turbinata) affected by sewage pollution; their 

mean δ
15

N values could be used to discriminate between sites exposed to different

levels of sewage contamination (Vermeulen et al. 2011). 

Animals typically possess more of the heavier 
15

N and 
13

C isotopes than their food

and stepwise enrichment occurs with each trophic level in the food chain (Fry and 

Sherr 1984, Peterson and Fry 1987). An animal is typically isotopically enriched 

relative to its diet by approximately 3.4‰ in δ
15

N (Minagawa and Wada 1984), and

1‰ in δ
13

C (De Niro and Esptein 1978). The relatively low C isotope fractionation

between consumer and diet makes this ratio useful to trace the sources of organic 

nutrition (Hecky and Hesslein 1995), while the higher fractionation of N isotope 

ratios is useful in determining the relative trophic position of organisms within food 

webs (Cabana and Rasmussen 1996, Vander Zanden and Rasmussen 2001). 
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The estimated δ
13

C values for diet sources in both gastropod species along Buffalo

Creek were higher than the recorded values of δ
13

C of sediment organic matter. Also

δ
15

N values of estimated diet had narrower ranges than sediment organic matter.

These differences suggest additional food sources other than sediment organic matter 

in the diet of the gastropods. A possible explanation would be the contribution of 

BMA. Previous studies have reported that sewage exposure results in a significant 

increase in the BMA δ
15

N signature, reaching values of 10 to 25‰ (Costanzo et al.

2001, Cole et al. 2004, Pitt et al. 2009). Benthic microalgae are also considered to 

have more 
13

C-enriched values (δ
13

C > -15‰) than the environment in which they

live, due to a diffusion control of DIC assimilation (France 1995). Therefore, ranges 

of the estimated dietary δ
15

N and δ
13

C values are likely to reflect the diverse sources

of both freshwater and marine organic detritus and BMA, as well as the variable 

STP-derived nutrient supply along the length of the creek. However, the benthic 

NH4
+
fluxes are unlikely to be a main contributor for the observed high δ

15
N values in

gastropod species as it is expected that the NH4
+
 produced due to mineralisation will

have δ
15

N values similar to, or slightly lower than, the sediment δ
15

N values, because

of the small isotopic fractionation associated with mineralisation 1‰ to –3‰; Hoch 

et al. 1994, Kendall 1998).While the food sources for both T. semistriata and T. 

telescopium are increasingly influenced by sewage-derived N and C towards the STP 

outfall, the higher δ
15

N values in T. telescopium compared to T. semistriata in the

lower reaches of the creek suggest that the latter species partly feeds on marine-

derived detritus with relatively low δ
15

N values, while T. telescopium primarily feeds

on terrestrial and sewage-influenced detritus with relatively higher δ
15

N values. This

is consistent with the observation that T. telescopium is mainly found underneath 

dense mangrove trees while T. semistriata is more dominant in open habitats in 
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downstream sections of Buffalo Creek. In Mickett Creek, BMA is likely the main 

food source of T. telescopium because the stable isotope values of the estimated diet  

were more enriched than the local sediment organic matter and were similar to the 

isotopic values of BMA in pristine mangrove environments (Bouillon et al. 2008; 

δ
13

C: -22‰ to -17‰, δ
15

N: 0‰ to 4.5‰). 

 

The high repeatability of δ
15

N values in mangrove leaves in multiple sampling 

rounds (standard deviation for all sites =0.1 to 1.0) coupled with the fact that they are 

plentiful and easy to sample, makes mangrove leaves an attractive monitoring tool. 

In contrast, the potentially confounding effect of variable gastropod diets on δ
15

N 

values in their tissues may limit the utility of gastropods as bio-monitors of the 

dispersion and uptake of sewage derived N. In this study we did not apply the mixing 

model to gastropod snails because the N isotope data varied in a more complex 

manner than that of sediment and mangrove leaves. This was likely a result of 

varying enrichment of δ
15

N values in snail tissues due to changing contributions of 

different diet sources along Buffalo Creek as previously shown by Spies et al. (1989) 

elsewhere. Nevertheless, the overall increase in δ
15

N values in gastropods from the 

mouth to the STP outfall in Buffalo Creek mirrors the observed trends in δ
15

N values 

in sediment and mangrove leaves. In addition, the limited movement of these 

gastropods, estimated at less than 10 m during their entire adult life (Richard Willan, 

personal communication), suggests that where similar diets can be demonstrated, e.g. 

through isotopic analyses of gut content and potential food sources, T. telescopium 

and T. semistriata should prove reliable bio-monitoring species to quantitatively 

measure sewage assimilation. 
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4.5 Conclusions 

Our measurements of stable isotope compositions in mangrove leaves and gastropod 

muscle tissues, supported by mixing model calculations, have revealed widespread 

influence and biological assimilation of sewage-derived nutrients in the Buffalo 

Creek ecosystem. Mangrove leaves exhibited a near-constant time-integrated isotopic 

signal in repeated sampling over a 10-month period suggesting that an annual 

measurement of N stable isotopes in these mangrove leaves provides a valid 

approach to discern the influence of sewage-derived nitrogen. Our findings suggest 

that leaves of Avicennia marina are an ideal monitoring tool in tropical estuaries due 

to the high repeatability of isotopic signals and the ubiquitous presence and ease of 

sampling along such systems. Nitrogen and C isotope ratios in gastropods revealed 

the incorporation of sewage-influenced food sources in their diets. Their use in the 

detection of wastewater influence is promising but requires further investigation, 

especially in regard to the potential influence of varying diets in determining their 

isotopic values.



Chapter 5 

General discussion 
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5 General discussion 

Sewage effluent is a major point source of nutrients in receiving waterways that can 

disrupt the natural nutrient balance of estuarine and coastal marine systems (e.g. 

McClelland and Valiela 1998a, Costanzo et al. 2001, Cole et al. 2004). Few studies 

of the fate of excess nutrients derived from discharge of sewage effluent have used 

stable isotopes in a wide range of sample types within the same ecosystem to 

quantify dispersal and uptake in these coastal environments. Fewer studies still have 

gone further to use isotope ratios (especially δ
15

N) to characterise the sewage effluent

itself, so that definitive tracing of excess nutrients in receiving systems is achieved. 

This thesis has presented results that help redress that deficiency. This study supports 

the general hypothesis that by measuring stable isotope ratios of N and C, coupled 

with N and C concentrations, in samples broadly representative of the receiving 

ecosystem, the pathways and fate of nutrients in a macro-tidal system, such as 

Buffalo Creek, can be resolved. 

This chapter provides a synthesis of the results and findings of the studies reported in 

the previous chapters of this thesis, summarises the major conclusions and gives 

recommendations for future research. 

5.1 Influence of natural processes on nutrient cycling 

This study revealed that physical processes strongly influence the nutrient dynamics 

in Buffalo Creek on spring tides and wet-season neap tides; while physical and 

biogeochemical processes together were important in dry-season neap tides. Figure 
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5.1 presents the overall understanding of dispersal, transformation processes and 

biological uptake of sewage-derived nutrients in Buffalo Creek. 

Figure 5.1.  Conceptual diagrams summarising the overall understanding of 

dispersal, transformation processes and biological uptake of sewage-derived 

nutrients in Buffalo Creek. The relative position of sampling sites are designated 

A1–A7. 

Generally, Buffalo Creek is considered to be well mixed vertically (Burford et al. 

2012, Smith et al. 2012). Therefore, significant differences between surface and 

bottom water masses are unlikely to be observed. Tides play an important role in 

diluting the sewage-derived nutrients in Buffalo Creek. Strong dilution on spring 

tides produces much improved water quality in Buffalo Creek. During wet-season 

neap tides, nutrient dynamics in both the wastewater treatment ponds and the creek 

are influenced by high freshwater runoff from the catchment. High freshwater runoff 

reduces the pond retention times, as well as water retention times in the creek. 

Therefore, high loads of nutrients and suspended particulate matter (SPM) derived 
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from the sewage treatment plant (STP) are rapidly transported downstream, thereby 

reducing accumulation of phytoplankton in Buffalo Creek and minimising the time 

for N transformation processes to take effect within the creek system. 

In contrast, during dry-season neap tides, minimal freshwater input increases the 

pond retention times in the STP, as well as in the creek, particularly in the upstream 

section of the creek above the rock bar which allows more time for N transformation 

processes. Water column denitrification was found to be an important process at the 

sewage outfall site during dry season neap tides while the sedimentation of 

freshwater phytoplankton (mainly derived from sewage-treatment ponds) dominated 

downstream of the rock bar. Phytoplankton detritus is an important source of organic 

matter to the sediment in the creek. The freshly deposited phytoplankton increase 

benthic mineralisation, producing nutrient effluxes that are an additional source of 

water-column nutrients. Sediment resuspension is also an important process that adds 

porewater nutrients to the water column on neap tides during the dry season when the 

dilution effects are lowest. However, resuspended sediment is not the most important 

source in the SPM pool. Instead, the high Chl-a concentrations and POC: Chl- a ratio 

< 200 in SPM indicate that phytoplankton is the dominant component in SPM. The 

phytoplankton in SPM is mainly from STP effluent but also in-situ produced 

plankton at hypereutrophic upstream sites; while moving downstream marine 

plankton becomes more dominant. These observations demonstrate that sediment in 

Buffalo Creek not only acts as a sink for sewage-derived N via the sedimentation of 

freshwater phytoplankton but also a source of DIN to the water column. 
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This study has also demonstrated that, during both the wet and dry seasons, the STP 

discharge is characterised by high ammonium (NH4
+
) concentrations and high 

δ
15

NNH4 values entering Shoal Bay, because of little in-situ processing within Buffalo 

Creek. This finding has broader implications for estuarine systems. For instance, 

results presented earlier imply that inputs of sewage-derived N may bypass estuarine 

processing in some systems and have a greater impact in coastal environments. 

Notwithstanding increasing downstream dilution of sewage N, the ≈ 4‰ enrichment 

in leaf δ
15

N and ≈3 ‰ enrichment in sediment δ
15

N at the mouth of Buffalo Creek, 

compared to background values in Mickett Creek, demonstrates that sewage-derived 

N reaches the creek mouth and is likely exported to the coastal environment.  

 

5.2. Uptake of sewage effluent by creek biota 

Nitrogen uptake by mangrove trees and benthic consumers in Buffalo Creek was 

assessed by measuring δ
15

N values in mangrove leaves and foot muscle of 

gastropods, respectively. Mangrove leaves and both gastropod species clearly 

showed a 
15

N-enriched sewage signal along the creek compared to the samples from 

the control sites in Mickett Creek. This indicated that most of the N used for tree 

growth and food sources of gastropods originates from the discharge of sewage 

effluent and that this uptake by mangroves and benthic feeders is an important 

pathway for sewage-derived N. 

 

The δ
15

N values in Buffalo Creek mangrove leaves were used to calculate the 

proportion of sewage derived N in mangrove leaves using a mixing model. This 

showed that there was a graduated uptake of sewage derived N by leaves along 

Buffalo Creek and that uptake diminished with increasing distance from the STP 
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outfall. This pattern reflects the increased dilution and decrease in nutrient 

concentrations in mangrove sediments with distance downstream from the STP.  

The higher δ
15

N values in both mangrove leaves and sediment in the upper reaches of

Buffalo Creek indicate that substantial amounts of sewage-derived N are retained in 

sediment at these locations. This was quantified by mixing model calculations using 

the N-isotope composition of sediment along the creek which showed a higher 

percentage of sewage-derived SPM contribution to sediment at upstream sites 

(A2=82% and A3= 77%), compared to sites further downstream (50% –30%). 

Furthermore, the downstream increase in C/N ratios that accompanied the decreasing 

δ
15

N values in Buffalo Creek mangrove leaves, as well as the lower %N compared to

Mickett Creek leaves showed that the addition of sewage-derived N in Buffalo Creek 

has resulted in an increased net uptake of N by mangroves above a simple 

substitution of N sources. This is an example of ‘luxury N uptake’ under conditions 

of an increasing surfeit of this nutrient up to and including the STP outfall. 

The higher δ
15

N values in foot muscle of two species of gastropod snails

(Telescopium telescopium and Terebralia semistriata) in Buffalo Creek compared to 

δ
15

N values in snails from Mickett Creek reflected the exposure of the Buffalo Creek

sites to sewage effluent and, more specifically, that the gastropods are accessing food 

sources influenced by sewage-derived N. In Buffalo Creek, both gastropod species 

showed highly elevated δ
15

N values at the STP outfall and a gradual decrease in δ
15

N

values towards the creek mouth, where the values were similar to the ones recorded 

along the whole length of Mickett Creek. This observation is different to the N-

isotope evidence obtained for sediment and mangrove leaves where δ
15

N values were

elevated even at the mouth of the creek. This emphasises that different biota and 
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different ecosystem compartments are influenced by sewage N to different degrees 

and that a more nuanced and realistic picture of influence requires a range of species 

to be measured. The estimated dietary δ
15

N and δ
13

C values for the two gastropod

species reflected diverse sources of both freshwater and marine organic detritus and 

BMA, as well as the variable STP-derived nutrient supply along the length of the 

creek. While the food sources for gastropods, T. semistriata and T. telescopium were 

increasingly influenced by sewage-derived N and C towards the STP outfall, the 

higher δ
15

N values in T. telescopium compared to T. semistriata in the lower reaches

of the creek suggest that the latter species partly feeds on marine-derived detritus 

with relatively low δ
15

N values, while T. telescopium primarily feeds on terrestrial

and sewage-influenced detritus with relatively higher δ
15

N values.

5.2 Using 
15

N values as proxies to trace sewage impact in Buffalo Creek

Stable nitrogen isotope measurement is one of the most widely used tools to identify 

the presence of sewage N in different ecosystem compartments (water, sediment, 

particulate matter and biota). In Buffalo Creek, SPM, δ
15

NNH4 and δ
15

NNO3 displayed

strong temporal variability, depending on tidal patterns and seasons influences as 

well as on local morphology and hydrology associated with N transformation 

processes during downstream transport. Previous studies have also reported 

ambiguous short-term isotopic signals in water and SPM in estuaries (Wilson 1988, 

Kaiser et al. 2014). 

Studying the N and C isotopic composition of biota as a means of tracing sewage 

impact is a powerful tool, as it provides longer term assessment of nutrient uptake by 

integrating periodic fluctuations in STP nutrient discharge and downstream dilution. 
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Mangrove leaves and gastropod snails were chosen as biological indicators as they 

are efficient at detecting sewage impacts (Jones et al. 2001, Costanzo et al. 2001, 

2003, Pitt et al. 2009, France 2011, Vermeulen et al. 2011), and so by sampling them 

at one point in time and in a specific location, it is possible to infer information on 

longer-term, integrated nutrient uptake at that location within the studied system. 

Even more discerning, N isotope compositions in longer-term archives such as 

sediment can provide clear indications of both natural and anthropogenic N sources 

due to long-term accumulation of OM sources over time (Machiwa, 2000).The 

systematic decrease of δ
15

N values and mixing model calculations of mangrove

leaves, gastropod snails and sediment from the STP discharge point towards the 

creek mouth in this study indicated a graduated exposure of sewage-derived material 

to biota and sediment. The slower growth of mangroves provided a near-constant 

time-integrated isotopic signal in repeated sampling over a longer period (years) 

suggesting that an annual measurement of N stable isotopes in these mangrove leaves 

provides a valid approach to discern the influence of sewage-derived nitrogen, and 

potentially the effectiveness of efforts to remediate it in receiving environments. 

Findings here indicate that leaves of Avicennia marina are an ideal monitoring tool in 

tropical estuaries due to the high repeatability of isotopic signals and the ubiquitous 

presence and ease of sampling along such systems. Also, mangrove leaves provide 

useful information on the local sediment nutrient status, as they serve to integrate 

short term nutrient variability (Voss and Struck 1997). Variations in mangrove leaf 

δ
15

N largely depend on the sources of nitrogen accumulated by the plant (Robinson

2001, Bouillon et al. 2008) and values increase with exposure to sewage-derived 

nitrogen (e.g. Jones et al. 2001,  Costanzo et al.2001,  Costanzo et al. 2003, Pitt et 

al.2009). Due to their slower growth and immobility, the δ
15

N values of higher plants
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represent longer-term integration of environmental conditions than phytoplankton for 

a fixed location (e.g. Costanzo et al. 2003). Likewise, sediments may integrate 

temporal variability of inputs from different sources. Sediment in creeks from this 

study did not show any seasonal differences despite the variable sewage N inputs 

along the length of Buffalo Creek. Thus, the differences observed in leaves and 

sediments confirm that the spatial gradient of N pollution revealed by δ
15

N values in 

SPM is likely a continuing and general feature in Buffalo Creek. 

 

5.3 Conclusions 

The current study demonstrated that combining measurements of nutrient 

concentrations and stable isotopic compositions with isotopic mixing models can 

provide insight into system-level processing and the impacts of STP inputs in macro-

tidal ecosystems. The transformation and fate of STP inputs in a tidal creek was 

strongly influenced by physical processes and biogeochemical processes. This study 

documented the ubiquitous influence of STP-derived inputs of high nutrient loads on 

different parts of an estuarine ecosystem (water, sediment and biota) and the effect 

on biochemical processing and export of STP-derived material to the ocean. The 

stable isotope compositions in mangrove leaves and gastropods demonstrated how 

the enriched nutrient supply permeated the entire estuarine ecosystem of the tidal 

creek. Specifically, δ
15

N values of mangrove leaves, gastropods and sediments, were 

shown to be efficient monitoring tools of the dispersion and uptake of STP-derived 

nutrients because they integrate the periodic fluctuations in STP nutrient discharge 

and the degree of downstream dilution, which is subject to tidal and seasonal factors. 

The multiple stable isotope analyses of different ecosystem compartments (water, 

SPM, sediment and biota) enabled the mapping of a clear pollution gradient along 
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Buffalo Creek. Continued monitoring of stable isotopes in biota and sediments will 

help assess how much sewage-derived N is being dispersed into the ecosystem of 

Buffalo Creek and adjacent coastal areas potentially beyond. Of fundamental value, 

such a monitoring process evaluates the effectiveness of current sewage treatment 

plant upgrades and other remediation activities. 

5.4 Future recommendations 

Nutrient dynamics and N cycle processes in the water column in this study was 

investigated only in one sampling event in the wet and dry seasons due to operational 

constraints. Although the utilized tools (ammonium and nitrate isotopes) are effective 

in providing insights into bio-chemical transformations, they only provide a 

temporally and spatially restricted view of N distribution and cycling. It would, thus, 

be beneficial to obtain higher frequency measurements that derive actual N budgets 

for the water column. This would provide a more time-integrated and holistic view of 

changes in N cycling in the water column including sediment N transformation 

processes (such as denitrification efficiencies) and recycling to the water column. 

Nitrogen isotope ratios in gastropods revealed the incorporation of sewage-

influenced food sources in their diets. Their use in the detection of wastewater 

influence is promising but requires further investigation, especially in regard to the 

potential influence of varying diets in determining their isotopic values. If the stable 

isotopes of C and N in gastropod diets and potential food sources are measured the 

percentage of sewage-derived nutrients assimilated by gastropods along the creek 

can be estimated. 
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Incorporation of sulphur isotopes (δ
34

S) would help better distinguish between 

marine vs. terrestrial sources of OM in near coastal environments, because of the 

large contrast in δ
34

S values at the land–ocean margin (Connolly et al. 2003). 

Because of the extremely sharp gradient in δ
34

S values between marine and terrestrial 

sources, such studies have a high likelihood of producing quantitative results. Cross-

correlation with other indicators of sewage such as the sterol coprostanol can also be 

considered. Coprostanol has proven to be a successful indicator of faecal pollution, 

e.g. sewage, in many coastal environmental studies (Leeming and Nichols 1996, 

Peng et al. 2002). 

 

Furthermore, integration of stable isotopes with genomic studies would help further 

understanding of estuarine N cycle processes. The N cycle is composed of oxidation-

reduction reactions, many of which are used in the energy metabolism of microbes. 

Specific enzymes catalyse many of these reactions, and the enzymes and genes are 

useful targets for studying microbial processes. Knowledge of the genes encoding 

enzymes involved in biogeochemical transformations provides useful tools not only 

for assaying gene expression but also for determining the diversity of 

microorganisms involved in specific N cycle transformations. For example, the 

technique, ‘Nitrogen Cycle Microarray’ helps to determine if changes to 

denitrification efficiency, and other changes in N-cycle processes are reflected in the 

functional genes of microbes associated with the nitrogen cycle (Pang et al. 2016). 
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Appendix A 

 

1.1. Determination of total nitrogen (TN) in water (adapted from Queensland 

Health Scientific Services) 

Nitrogen compounds are oxidised or hydrolysed to nitrate ion with alkaline 

potassium persulfate in an autoclave for 60 minutes at 15 psi (120C). The nitrate is 

then quantitatively reduced to nitrite by passing the sample through a copperised 

cadmium column at a pH of 8.  The total nitrite (reduced nitrate plus original nitrite) 

is determined by diazotisation with sulphanilamide under acidic conditions to form a 

diazonium ion.  The diazonium ion is then coupled with N-(1-naphthyl) 

ethylenediamine dihydrochloride (NED).  The resulting pink dye measured at 

520 nm is proportional to the total nitrite concentration.  

 

This method is applicable to seawater, brackish water and non-saline sample 

matrixes.  Seawater samples will develop a precipitate on addition of the digest mix.  

To overcome this, the digestion cycle is split into two cycles.  After the first cycle, 

the samples are shaken to dissolve the precipitate.  Then, they are redigested. 

 

The method is calibrated using non-digested standards prepared in HP water.  Once 

calibrated, samples of varying salinities (0 to 35) may be analysed.  Reference 

material and several run blanks are digested with each sample batch.  The reference 

materials were adenosine monophosphate (AMP) and QCSPEX-NUT supplied by 

SPEX CERTPREP. 
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1.2. Determination of total ammonia (NH3 and NH4
+
) in water (adapted from

Queensland Health Scientific Services) 

Under basic conditions ammonia reacts with hypochlorite to produce 

monochloroamine. Indophenol blue is produced when monochloroamine reacts in the 

presence of phenol and nitroprusside. Indophenol blue is proportional to the 

ammonia content and was measured at 630 nm by FIA. Analysis was conducted 

using Lachat Method 31-107-06-1A (Lachat Instruments, 1994a). Blanks, spikes and 

reference material were analysed. The reference material was QCSPEX-NUT 

supplied by SPEX CERTPREP. 

1.3. Determination of total nitrate (NO3
-
) and nitrite (NO2

-
) in water (adapted

from Queensland Health Scientific Services) 

Nitrate and nitrite were both determined colorimetrically by FIA. Nitrate is reduced 

to nitrite by passing through a copperised cadmium column and then analysed as 

nitrite (Refer Section 1.1). The concentration of nitrate in the sample is calculated by 

subtracting from the value of nitrate/nitrite, the value of nitrite previously measured. 

Blanks, spikes and reference materials were analysed. The reference material was 

QCSPEX-NUT supplied by SPEX CERTPREP. Cadmium column efficiency was 

checked at the start and end of the analysis. 
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1.4. Determination of phosphate (PO4
3-

) in water (adapted from Queensland

Health Scientific Services) 

Ammonium molybdate and antimony potassium tartrate react with phosphate to 

produce a complex which is further reduced by ascorbic acid to produce a blue 

molybdate complex. This complex was measured on the FIA at 880 nm. Analysis 

was conducted using Lachat Method 31-115-01-3B (Lachat Instruments, 1993). 

Blanks, spikes and reference material were analysed. The reference material was 

QCSPEX-NUT supplied by SPEX CERTPREP. 

1.5. Determination of Chlorophyll a concentration in water (adapted from 

Queensland Health Scientific Services) 

Chlorophyll analysis was carried out as per method adapted from Standard Methods, 

American Public Health Association 2005.The samples for chlorophyll were filtered 

on a 0.45-μm glass fibre filter. The pigments were extracted by vigorously grinding 

the filter with a 90% aqueous acetone solution the absorbance of the extract was 

measured at wavelengths of 750, 664, 647 and 630 nm on a U-1100 Hitachi UV-Vis 

single beam spectrophotometer. Chlorophyll a was determined by the following 

equation: 

Chlorophyll a = [C * extract volume (L)]/Volume of sample (m
3
)

C = concentration of chlorophyll a and is determined using the following equation: 

C = 11.85(A664)-1.54(A647)-0.08(A630) 

Quality control included random duplication and filtering high pure water as blanks. 
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Appendix B 

Nutrient concentrations and Chl-a in water in Buffalo Creek during all 

sampling rounds. 

Year Season tide Creek Site Location TN TDN NH4
+ NO3

- NO2
-

DON PN PO4
3-

Chlo-a

2013 wet neap Buffalo A1 Discharge point 7056.2 5856.2 4363.5 270.8 207.4 1014.5 1200.0 1320.9 378.9

2013 wet neap Buffalo A2 Upstream 2763.7 2052.3 1235.3 124.9 190.5 501.6 711.4 337.0 38.2

2013 wet neap Buffalo A3 Upstream 2449.0 1796.0 1212.8 124.8 189.8 268.6 653.0 339.8 32.1

2013 wet neap Buffalo A4 Midstream 1976.5 1384.2 848.5 114.3 152.5 268.9 592.2 237.7 32.5

2013 wet neap Buffalo A5 Midstream 1535.2 1052.5 571.1 99.7 125.9 255.8 482.7 163.4 30.7

2013 wet neap Buffalo A6 Mouth 543.4 255.2 35.6 33.2 39.3 147.1 288.2 36.1 31.0

2013 wet neap Buffalo A7 Mouth 194.9 152.9 10.4 3.7 7.9 131.0 42.0 35.8 22.3

2013 wet spring Buffalo A1 Discharge point 2453.7 895.5 684.1 91.6 51.2 68.6 1558.1 223.6 61.6

2013 wet spring Buffalo A2 Upstream 188.1 137.2 24.1 < 5.3 107.8 50.9 30.6 4.5

2013 wet spring Buffalo A3 Upstream 181.6 107.3 26.6 < 6.1 74.7 74.2 29.7 4.6

2013 wet spring Buffalo A4 Midstream 259.4 92.4 24.7 < 6.1 61.6 167.0 29.4 3.6

2013 wet spring Buffalo A5 Midstream 369.7 100.7 23.4 < 6.1 71.2 269.0 31.2 3.4

2013 wet spring Buffalo A6 Mouth 126.6 76.1 16.9 < 5.1 54.1 50.4 24.6 2.9

2013 wet spring Buffalo A7 Mouth 99.3 89.3 10.3 < 5.1 73.9 10.0 24.2 2.2

2013 dry neap Buffalo A1 Discharge point 17825.5 15825.5 1378.5 105.1 65.5 437.0 2000.0 1981.1 596.4

2013 dry neap Buffalo A2 Upstream 2388.6 2223.1 1472.0 69.0 64.1 617.8 165.5 459.4 36.1

2013 dry neap Buffalo A3 Upstream 1832.0 1658.9 1033.8 76.8 55.1 493.2 173.1 339.1 32.3

2013 dry neap Buffalo A4 Midstream 1381.2 714.2 302.1 56.9 34.1 321.1 667.1 136.0 35.2

2013 dry neap Buffalo A5 Midstream 491.6 391.3 119.1 35.2 14.4 222.7 100.3 59.3 26.9

2013 dry neap Buffalo A6 Mouth 126.4 110.3 8.3 6.2 5.8 90.1 16.1 31.0 5.7

2013 dry neap Buffalo A7 Mouth 162.4 124.9 7.2 < 7.3 110.4 37.5 26.2 4.9

2013 dry spring Buffalo A1 Discharge point 7719.7 5119.7 498.6 51.4 148.9 442.0 2600.0 534.6 293.9

2013 dry spring Buffalo A2 Upstream 208.9 179.3 57.3 10.8 6.8 104.5 29.5 29.7 4.3

2013 dry spring Buffalo A3 Upstream 126.5 103.9 44.0 6.7 8.1 45.2 22.5 31.8 3.4

2013 dry spring Buffalo A4 Midstream 148.7 123.8 32.0 4.2 7.3 80.3 24.9 34.7 2.9

2013 dry spring Buffalo A5 Midstream 100.3 78.2 28.5 5.3 5.6 38.8 22.1 33.5 3.1

2013 dry spring Buffalo A6 Mouth 106.7 95.6 13.5 2.7 6.6 72.8 11.1 29.6 2.2

2013 dry spring Buffalo A7 Mouth 66.9 58.9 11.1 3.3 5.1 39.4 8.0 23.0 1.3

2014 wet neap Buffalo A1 Discharge point 9060.0 6760.0 568.2 96.0 100.4 499.0 2300.0 275.0 275.0

2014 wet neap Buffalo A2 Upstream 3421.2 2962.5 1810.4 309.7 200.1 642.3 458.7 642.2 40.4

2014 wet neap Buffalo A3 Upstream 2999.9 2531.3 1641.5 278.3 206.2 405.4 468.6 585.4 38.0

2014 wet neap Buffalo A4 Midstream 2436.9 2103.9 1315.9 244.1 185.8 358.1 333.0 488.3 38.4

2014 wet neap Buffalo A5 Midstream 2184.7 1778.8 1090.3 220.5 168.8 299.3 405.9 346.3 33.9

2014 wet neap Buffalo A6 Mouth 1672.9 1195.6 656.8 142.3 112.5 284.0 477.2 159.7 34.1

2014 wet neap Buffalo A7 Mouth 1400.3 921.4 483.4 109.1 87.2 241.7 478.9 112.5 33.1

2014 wet spring Buffalo A1 Discharge point 4002.1 3962.1 285.5 152.1 88.9 345.0 40.0 945.7 83.9

2014 wet spring Buffalo A2 Upstream 184.2 140.4 13.8 < 6.1 120.5 43.8 33.9 4.2

2014 wet spring Buffalo A3 Upstream 218.9 180.0 34.1 5.9 6.6 133.4 39.0 33.9 3.6

2014 wet spring Buffalo A4 Midstream 219.7 161.4 16.4 3.5 5.1 136.5 58.3 31.8 3.9

2014 wet spring Buffalo A5 Midstream 198.9 139.9 12.9 2.5 4.5 120.0 58.9 34.4 3.2

2014 wet spring Buffalo A6 Mouth 209.3 155.8 10.3 4.1 5.2 136.3 53.5 36.8 3.2

2014 wet spring Buffalo A7 Mouth 149.8 121.3 7.6 < 5.2 108.5 28.5 33.7 3.8

2014 dry neap Buffalo A1 Discharge point 10420.0 7320.0 2365.3 271.5 400.0 428.0 3100.0 2248.4 899.5

2014 dry neap Buffalo A2 Upstream 2719.9 2347.5 1593.3 94.3 99.2 560.8 372.4 614.0 46.0

2014 dry neap Buffalo A3 Upstream 2546.7 2201.0 1406.5 89.0 91.3 614.3 345.7 543.6 42.7

2014 dry neap Buffalo A4 Midstream 1955.8 1666.1 1059.0 97.8 81.2 428.2 289.7 417.9 46.3

2014 dry neap Buffalo A5 Midstream 1719.7 1398.1 775.4 96.5 67.3 459.0 321.5 323.4 47.2

2014 dry neap Buffalo A6 Mouth 362.3 245.0 65.8 22.0 10.6 146.6 117.3 50.9 13.7

2014 dry neap Buffalo A7 Mouth 208.2 126.4 12.9 2.5 4.6 106.4 81.8 22.7 4.1

2014 dry spring Buffalo A1 Discharge point 3829.3 2795.9 928.8 209.3 284.6 138.0 1033.3 586.6 251.1

2014 dry spring Buffalo A2 Upstream 156.9 86.5 16.2 2.1 3.3 80.9 70.4 20.1 2.8

2014 dry spring Buffalo A3 Upstream 158.9 92.5 10.5 < 3.6 78.4 66.4 20.8 3.6

2014 dry spring Buffalo A4 Midstream 189.8 98.1 10.2 < 3.5 84.3 91.7 21.6 3.2

2014 dry spring Buffalo A5 Midstream 252.2 94.4 12.3 < 3.7 78.4 157.8 24.9 2.9

2014 dry spring Buffalo A6 Mouth 179.5 97.3 9.3 2.0 3.4 82.6 82.2 20.6 2.7

2014 dry spring Buffalo A7 Mouth 185.1 96.2 6.1 < 3.8 86.4 88.9 23.7 2.5

< = 2 µg L-1

µg L-1
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Nutrient concentrations and Chl-a in water in Mickett Creek during all 

sampling rounds. 

Year Season tide Creek Site Location TN TDN NH4
+ NO3

- NO2
-

DON PN PO4
3-

Chlo-a

2013 wet neap Mickett a1 Upstream 447.9 216.2 12.5 9.1 6.0 188.6 231.7 18.7 5.0

2013 wet neap Mickett a2 Midstream 189.1 129.0 14.0 < 4.9 110.1 60.1 25.3 3.9

2013 wet neap Mickett a3 Mouth 133.0 93.4 9.1 < 4.9 79.5 39.5 27.6 2.0

2013 wet spring Mickett a1 Upstream 410.3 131.5 11.8 < 4.7 114.9 278.8 26.9 6.3

2013 wet spring Mickett a2 Midstream 169.6 83.1 10.1 < 6.4 66.6 86.5 25.3 4.1

2013 wet spring Mickett a3 Mouth 158.6 80.7 10.9 < 6.0 63.7 78.0 26.1 4.0

2013 dry neap Mickett a1 Upstream 234.2 204.2 5.6 3.5 6.5 188.6 30.0 36.3 6.3

2013 dry neap Mickett a2 Midstream 120.1 108.2 2.4 2.6 5.8 97.4 11.9 29.3 1.9

2013 dry neap Mickett a3 Mouth 89.0 80.4 5.4 2.8 6.1 66.1 8.6 28.0 1.4

2013 dry spring Mickett a1 Upstream 142.0 112.1 9.0 2.2 6.0 95.0 29.9 33.9 7.3

2013 dry spring Mickett a2 Midstream 93.2 80.6 8.3 3.9 6.2 62.2 12.6 29.1 2.9

2013 dry spring Mickett a3 Mouth 66.0 58.2 7.4 3.4 5.4 42.0 7.9 27.4 1.4

2014 wet neap Mickett a1 Upstream 689.0 579.4 10.9 23.2 4.9 140.0 109.6 25.5 9.0

2014 wet neap Mickett a2 Midstream 271.5 172.0 5.7 < 2.7 163.6 99.5 18.5 8.3

2014 wet neap Mickett a3 Mouth 162.1 125.7 6.4 < 3.7 115.7 36.3 25.0 8.6

2014 wet spring Mickett a1 Upstream 125.5 100.0 14.8 < 4.6 80.7 25.5 26.9 4.5

2014 wet spring Mickett a2 Midstream 172.7 130.6 7.0 < 4.7 118.9 42.0 34.3 5.5

2014 wet spring Mickett a3 Mouth 279.4 123.7 6.3 3.2 3.5 110.7 155.8 38.0 9.9

2014 dry neap Mickett a1 Upstream 355.6 238.7 10.9 < 4.8 223.0 116.9 17.7 6.2

2014 dry neap Mickett a2 Midstream 162.2 106.8 10.9 < 3.1 92.9 55.4 15.5 1.7

2014 dry neap Mickett a3 Mouth 118.9 70.2 8.9 < 4.1 57.2 48.6 14.9 1.3

2014 dry spring Mickett a1 Upstream 179.1 102.7 8.1 < 3.5 91.1 76.4 16.6 3.0

2014 dry spring Mickett a2 Midstream 173.7 79.8 7.9 < 0.0 71.9 93.9 16.5 3.1

2014 dry spring Mickett a3 Mouth 118.7 70.4 9.0 < 3.9 57.5 48.3 16.0 2.8

< = 2 µg L-1

µg L-1
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Appendix C 

Stable carbon and nitrogen isotopes and carbon and nitrogen concentrations in 

Avicennia marina mangrove leaves from all three sampling rounds. 

Creek Location Sep-13 Feb-14 Jul-14 Sep-13 Feb-14 Jul-14 Sep-13 Feb-14 Jul-14 Sep-13 Feb-14 Jul-14

Buffalo A1 17.6 16.8 16.8 3.0 3.0 2.8 -32.6 -31.2 -31.9 49.0 49.3 44.0

Creek A1 dup ns 16.8 ns ns 3.0 ns ns -31.1 ns ns 50.5 ns

A2 11.8 11.5 11.7 2.1 2.5 2.1 -30.9 -28.8 -31.2 46.7 51.3 46.2

A2 dup 11.7 ns 11.8 2.1 ns 2.2 -30.8 ns -31.0 46.7 ns 46.1

A3 11.8 12.4 11.7 2.1 1.9 2.2 -28.3 -27.3 -29.3 45.8 51.9 44.4

A4 13.9 13.2 13.9 1.9 2.0 1.7 -28.0 -27.9 -27.8 46.7 47.2 46.1

A5 11.2 12.0 12.6 1.9 1.8 2.0 -28.0 -27.2 -28.6 48.7 48.2 46.3

A6 9.1 10.8 9.2 0.9 1.8 1.7 -29.8 -28.1 -29.2 47.7 49.8 45.6

Mickett a1 5.4 5.2 5.6 1.8 2.2 2.0 -27.1 -27.5 -27.6 46.9 53.4 44.2

Creek a2 3.8 6.9 6.2 1.6 1.2 1.3 -28.2 -28.2 -27.3 49.7 52.9 46.5

a2 dup 3.9 ns 6.0 1.6 ns 1.4 -28.5 ns -27.1 50.5 ns 47.7

a3 6.0 7.0 6.1 1.5 1.2 1.4 -28.6 -28.8 -29.4 50.8 54.5 47.5

ns=no sample

dup = laboratory duplicates

δ
15

N (‰) N% δ
13

C (‰) C%
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Stable carbon and nitrogen isotopes and carbon and nitrogen concentrations in 

foot muscle of Telescopium telescopium (longbums) and Terebralia semistriata 

(lesser longbums) from all sampling rounds. 

Gastropod

Species name Creek Location Sep-13 Feb-14 Jul-14 Jun-14 Sep-13 Feb-14 Jul-14 Jun-14 Sep-13 Feb-14 Jul-14 Jun-14 Sep-13 Feb-14 Jul-14 Jun-14

T. telescopium Buffalo T1 14.4 13.6 13.3 13.7 12.2 13.1 12.7 12.6 -23.0 -23.7 -24.7 -23.7 41.4 39.9 40.0 39.5

Creek T1 dup 13.3 13.1 ns ns 12.3 13.4 ns ns -23.5 -23.7 ns ns 39.6 40.9 ns ns

T2 ns ns ns 13.9 ns ns ns 12.9 ns ns ns -21.3 ns ns ns 37.5

T3 ns ns ns 12.5 ns ns ns 11.6 ns ns ns -21.3 ns ns ns 37.3

T3 dup ns ns ns 12.4 ns ns ns 11.6 ns ns ns -21.3 ns ns ns 37.8

T4 ns ns ns 12.6 ns ns ns 12.4 ns ns ns -20.8 ns ns ns 38.4

T6 ns ns ns 13.4 ns ns ns 12.6 ns ns ns -21.3 ns ns ns 39.7

T6 dup ns ns ns 13.6 ns ns ns 12.3 ns ns ns -21.4 ns ns ns 39.9

T8 5.5 5.3 5.4 6.1 10.7 11.8 12.7 10.8 -25.2 -25.2 -25.4 -25.9 34.1 36.7 39.4 34.2

T. telescopium Mickett t1 5.1 6.0 7.4 ns 10.8 12.8 12.2 ns -19.8 -15.7 -19.0 ns 34.2 39.8 38.8 ns

Creek t2 5.8 7.0 5.8 ns 10.9 12.9 11.4 ns -16.1 -18.7 -16.2 ns 34.5 40.9 35.7 ns

t2 dup 6.1 6.9 ns ns 10.9 13.0 ns ns -16.1 -18.9 ns ns 33.9 40.1 ns ns

t3 6.4 6.2 6.3 ns 11.7 12.3 12.2 ns -22.0 -22.5 -22.1 ns 36.9 38.6 38.2 ns

t3 dup ns ns 6.2 ns ns ns 11.9 ns ns ns -22.1 ns ns ns 37.8 ns

T. semistriata Buffalo T1 ns 13.6 ns ns ns 11.5 ns ns ns -22.5 ns ns ns 36.2 ns ns

Creek T3 ns ns ns 10.7 ns ns ns 11.1 ns ns ns -21.3 ns ns ns 32.9

T3 dup ns ns ns 10.5 ns ns ns 11.7 ns ns ns -21.4 ns ns ns 34.3

T4 ns ns ns 10.3 ns ns ns 12.7 ns ns ns -22.9 ns ns ns 37.5

T5 ns ns ns 10.8 ns ns ns 12.7 ns ns ns -21.9 ns ns ns 37.4

T7 ns ns ns 7.6 ns ns ns 11.7 ns ns ns -21.5 ns ns ns 33.6

T8 ns 5.3 4.1 5.0 ns 11.0 10.6 12.5 ns -19.4 -18.7 -18.2 ns 35.6 35.8 35.8

T8 dup ns 5.4 4.0 ns ns 11.0 10.6 ns ns -19.2 -18.7 ns ns 36.1 35.7 ns

ns=no sample

dup=laboratory duplicates

δ
15

N (‰) N% δ
13

C (‰) C%
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Appendix D 
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