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Abstract 

Mangrove forests are extremely productive ecosystems that continue to be degraded and 

destroyed in many parts of the world, principally through conversion to aquaculture ponds. 

Compounding the loss of ecosystem services that healthy mangroves provide is the substantial 

portion of existing aquaculture ponds that are now in a state of either disuse or complete 

abandonment, particularly in Southeast Asia. The rehabilitation of disused aquaculture ponds, in 

contrast, represents an opportunity to restore and regain the array of ecosystem services 

mangroves provide. Utilising forest carbon markets is potentially an attractive avenue to help 

finance rehabilitation projects given mangroves store and sequester disproportionally high 

levels of carbon per unit area compared to other ecosystems. However, significant data gaps 

remain in understanding carbon dynamics and the resultant greenhouse gas (GHG) emissions 

reductions associated with mangrove rehabilitation projects.  

 

This project helps address knowledge gaps through the quantitative assessment of (a) 

community structure, carbon storage and sequestration gains, and (b) GHG flux from mangrove 

sites which had undergone ecological mangrove rehabilitation (EMR). Disused aquaculture 

ponds and mature reference forests were also assessed to enable comparisons across a 

spectrum of land use, land-use change and forestry (LULUCF). These data were used to derive 

estimates of both baseline GHG emissions (GHGbase) from aquaculture ponds as well as the 

mitigation benefits resultant from rehabilitating mangrove forests (GHGrehab).  

 

The carbon sequestration and GHG effluxes from EMR sites in Tiwoho, North Sulawesi were 

quantified and these sites potentially mitigate upwards of 27.4 ± 1.8 Mg CO2 e ha-1 y-1. 

Components of this shift in emissions include a GHGbase of +17 ± 0.8 Mg CO2e ha-1 y-1] minus 

GHGrehab of -10.4 ± 1 Mg CO2e ha-1 y-1 (negative value denotes a net sink). The potential GHG 

mitigation benefits on at ha-1 y-1 scales from Tiwoho’s EMR sites is upwards of 3 times that of 

other terrestrial biomes more typically associated with Afforestation / Reforestation and 

avoided deforestation projects. Additionally, we found that Tiwoho’s rehabilitated sites may 

have offset on average 76.2% of the initial project implementation costs in just 10 years, 
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rivalling that of traditional asset classes advocated for private sector investment. High 

productivity sites returned 93.7% after 10 years, with all further sequestration over time in 

excess of the initial investment costs. These results are valuable in strengthening the evidence 

base needed to galvanize public and private sector support for investment in mangrove 

rehabilitation through utilising forest carbon markets. 
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Mangroves at sunset, Sandfly Creek, Darwin.  

 

Rhizophora spp. at high tide, Belize. 

 

Community members undertaking mangrove rehabilitation 
activities, Sulawesi. Photo credit: Ben Brown. 
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1.1 Ecosystem service values of mangroves 

Mangroves provide a vast range of critically important ecosystem services, including carbon 

storage and sequestration, and both directly and indirectly support the livelihoods and 

wellbeing of millions of people around the globe (Mohammed 2012). The economic value of 

healthy mangroves as estimated by the ecosystem services provided (including carbon 

sequestration) has been estimated to range between USD $2, 000 to $9, 000 per ha-1 year-1 

(McLeod & Salm 2006 and Wells et al. 2006 respectively), while a meta-analysis of 130 

empirical ecosystem service studies of mangroves in Southeast Asia puts this value at a mean of 

USD $4, 185 ha-1 year-1 or a median of USD $239 ha-1 year-1 (Brander et al.  2012). Costanza et al. 

(2014) value the service provision of coastal wetlands (inclusive of mangroves and tidal 

saltmarshes) orders of magnitude higher at a mean of (international) $194, 000 ± 384, 192 ha-1 

year-1 and a median of $12, 163 ha-1 year-1 (Table 1-1). In either case (mean or median), the 

Costanza et al. (2014) values are much higher than reported for terrestrial ecosystems, although 

Brander et al. (2012) values tropical forests slightly higher than mangroves at $5, 264 ha-1 year-

1. Such variance highlights the spatially explicit and ecosystem service-specific nature of 

valuation studies (i.e. variation in which services are valued and methodology used for 

valuation).   

 

Table 1-1: Summary of the number of estimates, mean, standard deviation, median, minimum 

and maximum values for ecosystem service provision in various biomes (international $ ha-1 

year-1). Data sourced from Costanza et al. 2014 and values are reported in international $ ha-1 

year-1. 

Biome No. of 

estimates 

Total 

service 

mean values 

Total 

service 

median 

values 

Total of 

minimum 

values 

Total of 

maximum 

values 

Open oceans 14 491 135 85 1, 664 

Coral reefs 94 352, 915 197, 900 36, 794 2, 129, 122 

Coastal systems 28 28, 917 26, 760 26, 167 42,063 

Coastal 

wetlands 

139 193, 845 12, 163 300 887, 828 

Inland wetlands 168 25, 682 16, 534 3, 018 104, 924 

Rivers and lakes 15 4, 267 3, 938 1, 446 7, 757 

Tropical forests 96 5, 264 2, 355 1, 581 20, 851 
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Temperate 

forests 

58 3, 013 1, 127 278 16, 406 

Woodlands 21 1, 588 1, 522 1, 373 2, 188 

Grasslands 32 2, 871 2, 698 124 5, 930 

 

1.2 Carbon sequestration and storage services of mangroves 

Of all the ecosystem services provided by mangroves, the carbon storage and sequestration 

services provided by mangroves and other blue carbon ecosystems have gained rapid and 

recent prominence in international climate change mitigation and adaptation discourses. ‘Blue 

carbon’ is a collective term that refers to the carbon stored and sequestered by marine and 

coastal habitats such as seagrasses, mangroves and saltmarshes (Nellemann et al. 2009). One 

study estimated that, while comprising only 0.05% of the above ground biomass of terrestrial 

vegetation, blue carbon habitats store and sequester a comparable amount of total organic 

carbon per year (Nellemann et al. 2009). On an area specific comparative basis, mangroves not 

only store carbon in above and below ground biomass at quantities rivaling some terrestrial 

forests, they also store far more carbon in soils than any other ecosystem (Figure 1-1). The 

anoxic characteristics of sedimentary deposits within undisturbed blue carbon habitats means 

carbon is locked away at timescales that are orders of magnitude greater than terrestrial 

ecosystems (Nellemann et al. 2009). The saline conditions of healthy mangroves also believed to 

have the advantage of emitting negligible amounts of other GHGs such as methane (CH4) and 

nitrous oxide (N20) (Crooks et al. 2011) which are substantially more potent GHGs than CO₂, 

although more research is needed in this regard to verify such an ascertain.  
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Figure 1-1: Comparison of above and belowground biomass and soil C stocks in various forest 

types worldwide with mangroves of the Indo – Pacific region. Above and below ground biomass 

for terrestrial forests interpolated from Luyssaert et al. (2007). Original units were converted 

from g C m2 to Mg C ha-1. Soil C data for boreal, temperate and tropical forests was obtained 

from FAO State of the World’s Forests dataset (2001) and averaged across forest types. Data for 

mangroves is sourced from Donato et al. 2011.   

 

1.3 Conversion of mangroves to other land uses and resultant 

implications   

Despite their importance, however, blue carbon ecosystems are still undergoing declines in 

distribution, habitat quality and intactness through a range of landuse and land-use change and 

forestry (LULUCF) drivers. The conversion of mangroves to aquaculture ponds remained the 

dominate proximate driver of mangrove deforestation in Southeast Asia through much of the 
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late 20th century and early 21st century (Richards & Friess 2016; Thomas et al. 2017; Primavera 

& Esteban 2008). Logging concessions, coconut plantations, infrastructure developments, 

conversion to agriculture such as rice paddies (Brown 2009; Giesen et al. 2006; Webb et al. 

2014) and more recently oil palm plantations (Richards & Friess 2016) are also key proximate 

drivers of mangrove loss.  

 

The implicit costs of mangrove degradation and deforestation can represent substantial 

environmental and societal losses, while the undervaluation of mangroves in the first place is 

one of the primary reasons driving the conversion of mangroves to other land uses (Walton et 

al. 2006a). The total ecosystem service value of mangroves is such that mangrove loss in 

Southeast Asia alone may equate to foregone benefits worth USD $2.16 billion per year by 2050 

(Brander et al. 2012), while current global economic costs have been estimated at USD $ 3.6 – 

18.5 billion per year (Pendleton et al. 2012). Specifically, in terms of climate regulation as an 

ecosystem service, mangrove deforestation has been estimated to generate as much as 10 % of 

GHG emissions from all forms of deforestation globally despite accounting for just 0.7% the 

extent of tropical forests (Donato et al. 2012). For comparison, the emissions (loss of biomass 

and release of soil organic carbon) from one hectare of mangrove converted to aquaculture 

ponds are equal to 5 ha of terrestrial rainforest (not overlaying peat soils) (Kauffman et al. 

2014) or 11.5 ha of tropical dry forest converted to pasture (Kauffman et al. 2014). Resulting 

global CO₂ emissions due to mangrove deforestation (loss of biomass and release of soil organic 

carbon from the top 1 m of soil) are variously estimated at 26.4 (average annual loss between 

2000 – 2012. Hamilton & Friess 2018), 84 - 159 (Siikamaki et al. 2012), 73.4 - 440.4 (Donato et 

al. 2012), 90 – 450 (Pendleton et al. 2012) and 330.3 - 3, 560 million tonnes per year (Alongi 

2014) at an average rate of 206.7 million Mg CO₂ per year (not including the 3, 560 million Mg 

CO₂ per year outlier reported in Alongi 2014). To put this in perspective, South Africa’s total 

emissions for 2013 were estimated at 330 million tonnes while the United States was estimated 

at 5, 300 million tonnes (Olivier et al. 2014). It is worth noting that these estimates account for 

changes in ecosystem carbon in situ only, and do not account for possible exchanges among 

different ecosystems such as the transfer of DIC, dissolved organic carbon (DOC), and 

particulate organic carbon (POC) in disturbed mangrove ecosystems to adjacent water bodies or 
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seagrass beds (Pendleton et al. 2012) or the fate of carbon in such exchanges (i.e. whether DIC / 

DOC / POC is oxidised and released to the atmosphere or remains within marine environments 

for reuse).  

 

1.4 Conversion of mangroves to aquaculture ponds in Indonesia   

At a country-specific scale, Indonesia possesses more mangroves in terms of the number of 

species and overall area than any other country making it arguably the most important 

mangrove habitat country in the world (Ilman et al. 2016). However, the country is estimated to 

have lost 1.72% of its extant mangrove cover over 12 years between 2000 – 2012 at an annual 

rate of loss of 0.143% (Richards & Friess 2016), slightly lower than annual deforestation rates 

for the country’s terrestrial primary forest (0.5%. Margono et al. 2014). This has principally 

been driven through conversion to brackish water aquaculture ponds (Richards & Friess 2016) 

resulting in landscape level clearance (Figure 1-2). Aquaculture ponds now cover between 800, 

000 ha - 1.198 million ha of the country’s coastal land (Ilman et al. 2016 and Statistics Indonesia 

2013 respectively), and expansion of the industry remains a key prerogative of the Indonesian 

government and hence an on-going threat to the integrity of remaining mangrove habitats.   
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Figure 1-2: Trend analysis between 2000 (top) and 2016 (bottom) showing extensive (and illegal) landscape level deforestation of Tanjung Panjang, a national 

park in Gorontalo Province, Sulawesi. Images courtesy Yasayan Hutan Biru (Blue Forests) 2018.   
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Aquaculture development is a prominent and rapidly growing industry worldwide that has 

exhibited a major 10 fold expansion since the start of the 21st century (FAO 2012). In 2003, for 

instance, only 17% of Indonesia’s total fisheries production was derived from aquaculture 

(Statistics Indonesia 2013). By 2006 FAO (2006) estimated that this share had grown to 21%, 

and by 2013 had witnessed an exponential increase to 70% (Statistics Indonesia 2013).  

Indonesia’s Coordinating Maritime Affairs Minister stated that the country aims to further 

increase fish farming production over the next five years to 31.3 million tonnes per annum, a 

two- fold increase from current production rates of 13.3 million tonnes per annum (The FishSite 

News Desk 2015). The Minister stated that the government will achieve this target through 

expanding aquaculture areas (The FishSite News Desk 2015), with 600, 000 to - 1.2 million ha of 

coastal land (i.e. mangroves) provisionally identified for further aquaculture expansion over the 

next two decades (IntraFish Media 2013; Ilamn et al. 2016). However, the Blue Revolution’s1 

ambition of providing a panacea capable of helping meet the country’s food and economic 

security concerns will ultimately be arbitrated by whether it can be sustainably managed or not. 

It is unclear whether there is also consideration for reaching this target through improving the 

productivity and yield of existing aquaculture ventures.  

 

This is of importance as almost half of the country’s existing aquaculture ponds (~600 million 

ha) are already disused or exhibit very low productivity (Dyspriani 2007; Ilamn et al. 2016). 

These ponds provide no economic or food productive value and deprive communities of the vast 

array of ecosystem goods and services that healthy mangrove forests and sustainably managed 

aquaculture ventures provide. Aquaculture ponds in Indonesia and throughout SE Asia typically 

only exhibit a productive life span of between 3 - 10 years after construction (Giesen et al. 2006; 

Bosma et al. 2012) and are then subsequently left in a state of disuse. Productivity declines in 

parallel with gradually deteriorating water and soil quality over time through acidification 

related to lack of tidal exchange, and this can also exacerbate problems of disease (shrimp, for 

instance, can become stressed through decreased water quality enhancing their susceptibility to 

                                                           
1 The ‘Blue Revolution’ is a term for the rapid intensification of aquaculture practises in developing nations 
as a way to alleviate pressure on declining marine stocks that has occurred since the 1980’s (IIRR et al. 
2001). In many ways it is analogous to the preceding ‘Green Revolution’ of the 1940’s- 1960’s where 
technological advancements in agriculture practises increased production and yield worldwide.    
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diseases such as White Spot Syndrome and Red Gill disease) and eutrophication (Bosma et al. 

2012; Macintosh et al. 2003). Costs associated with upkeep and maintaining structural integrity 

also tend to increase with pond age as well, while the use and application of fertilizers (e.g. urea 

based compounds) incrementally increases overtime in order to maintain the same levels of 

productivity as when first constructed. Additionally, domestic and international market 

fluctuations in the price of sale for both the end product (e.g. milkfish, shrimp) and resources 

necessary for production such as fuel and fertilizer can exacerbate declining profit margins. The 

decline of pond productivity can lead to spiraling patterns of unsustainable landuse analogues 

to shifting cultivation (Bosma et al. 2012) as pond abandonment leads to further clearance of 

healthy mangroves in order to construct new ponds. Additionally, it is often more cost efficient 

to clear mangroves for the construction of new ponds than re-utilizing old ponds given the work 

and resources required to clear sludge deposits and reduce acid sulfate concentrations in soils. 

 

1.5 Mangrove rehabilitation projects 

The rehabilitation of degraded mangroves such as disused aquaculture ponds, in contrast, has 

the potential to restore the full array of ecosystem services healthy mangroves provide 

overtime. However, most mangrove rehabilitation projects conducted to date have focussed on 

large- scale and low-diversity planting projects have had mixed success despite significant 

investments (Barbier 2006; Primavera & Esteban. 2008). Most attempts fail completely or fail to 

achieve stated goals (Bosire et al. 2008) principally through planting of inappropriate species 

and selecting unsuitable sites (Primavera & Esteban 2008), while very few projects include 

detailed monitoring plans with no documentation of either positive and / or negative outcomes 

(López-Portillo et al. 2017). For instance, in the Philippines an extensive 65 ha area of mono-

specific Rhizophora spp. was lost primarily due to an attack by the Tussock moth larvae (Bosire 

et al. 2008; Walton et al. 2006b) and this suggests that impacts may have been negated, even 

partially, if recruitment of other species which may be less susceptible to predation had been 

facilitated. A recent review of coastal restoration projects identified the main drivers of 

mangrove restoration failure as occurring when collected seeds, seedlings, propagules or 

saplings were planted within habitats not suitable for their establishment (Bayraktarov et al. 
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2016) or in lower intertidal flats (including seagrass meadows), where even successful efforts 

replace a valuable and established marine community (Lewis et al. 2016). In Indonesia, it is 

estimated that at least 90% of mangrove reforestation projects using propagule replanting as 

the primary means of facilitating regeneration have failed due to poor species and site selection 

relative to hydrological and geomorphological conditions (Brown 2009). Additionally, 

mangroves have also been planted to low in the intertidal zone in some instances because 

degraded mangrove areas remain contested land even if, for example, they are disused or 

abandoned aquaculture ponds. Often, there is a lack of political will, resources, and mechanisms 

to resolve such land use and land tenure issues (Brown 2018a).  

 

Ecological mangrove rehabilitation (EMR), in contrast, is a technique which prioritises the 

restoration of hydrological regimes to facilitate multi – species, unassisted recruitment of 

mangrove seedlings enabling establishment at natural tidal inundation levels (Lewis & Brown, 

2014; Brown et al. 2014). EMR is a methodology which prioritises the restoration of 

hydrological regimes to facilitate multi – species, natural recruitment of mangrove seedlings.  

Dependent on site characteristics, it may also involve physical replanting as and where 

appropriate. Aside from greater diversity, recruits which establish at their natural tidal 

inundation levels tend to exhibit higher rates of growth and ascertain greater biomass over 

time, resulting in more stable systems with greater degrees of ecological functionality than 

artificially replanted sites. In addition, EMR places an emphasis on monitoring within a larger 

framework that also considers facets such as stand structure and regeneration, the return of 

biodiversity and recovery of other ecosystem services (Lewis & Brown, 2014; Brown et al. 

2014).The large-scale restoration of mangroves using EMR methodologies through improved 

hydrological connectivity has been successfully achieved in Vietnam’s Mekong Delta (Nellemann 

et al. 2009; Nam et al. 2015) as well as sites in Florida and Latin America (Lewis et al. 2007), 

with similar success at smaller scales in Indonesia (Djamaluddin 2007; Oh et al. 2017) and 

Singapore (Friess 2017).  

 

Given these habitats function as extremely efficient CO₂e sinks both on short and longer term 

time-scales (i.e. short-term biomass production during forest establishment and growth and 
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long - term accumulation of carbon in mangrove sediments) (Lafoley & Grimsditch 2009), 

utilising forest carbon markets is increasingly seen as an attractive avenue to help finance 

rehabilitation projects (Brown 2009). The Indonesian government has recognised both the scale 

of disused aquaculture ponds and the potential opportunity presented by forest carbon markets. 

It has recently set an ambitious and forward thinking target to rehabilitate 1.82 million ha of 

mangroves by 2045 at an eventual rate of 60, 000 ha per year (MoEF. 2018). Similarly, the 

Global Mangrove Alliance (GMA) aims to expand the global extent of mangrove habitat 20% by 

the year 2030 (GMA 2018). Questions, however, remain around the inherent costs involved, 

restorative techniques advocated, and the ability to secure land tenure rights for areas targeted 

for rehabilitation. Additionally, data gaps remain in understanding how GHG flux alters as a 

result of variable biophysical conditions and LULUCF. This poses considerable uncertainties 

around potential returns for investors and policy makers. 

 

1.6 Thesis rationale  

This project helps address knowledge gaps in understanding GHG flux as a function of LULUCF 

through undertaking biophysical research to assess (a) carbon storage and sequestration rates 

as well as (b) GHG flux from rehabilitated, degraded (mangroves converted to aquaculture 

ponds) and healthy mangrove forests at two locations on the island of Sulawesi, Indonesia. 

Replicated sites at two locations with contrasting geomorphic conditions were selected, Tiwoho 

and Tanakeke on the island of Sulawesi, Indonesia. These locations are representative of high 

(Tiwoho, deep muds and silty substrates) and low (Tanakeke, shallow, coralline sands) 

productivity mangrove ecosystems. They share a similar management history of clearing and 

conversion for aquaculture before restorative activities were undertaken. Chapters 2, 3, and 4 

provide further detail and context around each of the study locations chosen.  

 

Research outputs from this project assist in determining the potential overall GHG emissions 

mitigation benefits that implementation of mangrove rehabilitation projects could deliver. This 

will assist in strengthening the ‘business case’ to facilitate greater investment in and support for 

mangrove rehabilitation projects in both policy discourse and as Afforestation / Reforestation 
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(A / R) forest carbon projects. Afforestation in forest carbon project terminology refers to the 

establishment of a forest or stand of trees in an area where there was no previous tree cover. 

Reforestation refers to the direct human-induced conversion of non-forested land to forested 

land through planting, seeding and/or the human-induced promotion of natural seed sources, 

on land that was forested but that has been converted to non-forested land (Parker et al. 2009). 

The majority of discourse to date in terms of blue carbon’s potential application within real 

world carbon markets has focused on blue carbon as a mitigation strategy in the context of 

avoided deforestation. This project will assess whether mangrove rehabilitation projects 

designed as A / R forestry carbon projects are also worthy of policy and investment 

consideration in their own right, alongside attempts to halt ongoing clearance.  

1.7 Research aims, objectives and thesis structure  

The aim of this project is: To improve understanding of the potential forest carbon returns that 

may be generated through rehabilitating mangroves in order to enhance certainty for investors 

and policy makers.   

 

This aim is addressed via three key research objectives:  

1. To assess community structure dynamics, carbon storage benefits, and carbon stock 

change as a function of LULUCF resultant from rehabilitating disused aquaculture 

ponds back to mangroves. 

 

2. To assess GHG emissions from aquaculture ponds, rehabilitated sites, and mature 

reference forests and determine the influence of biophysical variables and changes in 

landuse on emission rates; 

 

3. To synthesise overall net GHG mitigation benefits resultant from mangrove 

rehabilitation and frame results against terrestrial A / R and avoided deforestation 

projects. 
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This thesis explores the research objectives under three core chapters. Chapters 2 and 3 have 

been developed into stand-alone, peer-reviewed academic publications, while Chapter 4 will be 

split into two separate academic papers. Each chapter is outlined in brief below. A fifth chapter 

provides a general discussion of results detailing how the project has achieved the stated 

objectives.  

 

Chapter 2: Community structure dynamics, carbon storage benefits, and carbon stock change from 

mangrove rehabilitation 

 

Chapter 2 assesses the rehabilitative progress of EMR sites in terms of community structure and 

carbon stock change. Rehabilitative progress is gauged by framing EMR sites against both 

degraded (disused / abandoned aquaculture ponds) and reference sites (healthy mangroves). 

The key questions driving research are: 

 How do the two study locations compare and contrast in terms of community 

structure and carbon storage post – EMR in comparison to aquaculture ponds, 

reference forests and other rehabilitation projects? 

 What biophysical and geomorphological factors are important in influencing 

rehabilitative success?  

 How does C storage alter through changes in LULUCF?  

 

Chapter 3: Assessments of GHG flux from rehabilitated sites, aquaculture ponds and reference 

forests 

 

Chapter 3 assesses GHG flux (CO2, CH4 and N2O) from the same locations (EMR, aquaculture 

ponds, and mature forests) as Chapter 2. The key research questions are: 

 How does GHG flux compare and contrast across each treatment type and 

location?  

 How do biophysical variables known to influence GHG flux (i.e. hydroperiod, 

soil water content, macrofaunal burrows, Mud lobster mounds, mangrove root 

structures and soil temperature) differ between treatments and locations? 
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 How do GHG emissions compare and contrast in response to changes in 

landuse?  

 

Chapter 4: Synthesis of potential GHG mitigation benefits and comparison to other forest carbon 

projects  

 

Chapter 4 combines results from the previous chapters in order to provide a synthesis of the 

potential net GHG mitigation benefits resultant from mangrove rehabilitation. This enables an 

estimate of emissions reductions from baseline conditions (aquaculture ponds) through to 

rehabilitation under a ‘with project scenario’ (GHGrehab). Estimating net emissions reductions 

under the GHGrehab requires an assessment of inputs (C sequestration) and outputs (GHG 

emissions) to derive C allocation pathways, from which Net Ecosystem Production (NEP) and 

Net Ecosystem Carbon Balance (NECB) can be inferred (Figure 1-3). Results are also framed 

against terrestrial A/ R and avoided deforestation projects under different biomes. The key 

research questions are: 

 What is the net overall potential GHG mitigation benefit resultant from 

mangrove rehabilitation?  

 How does the net potential GHG mitigation benefits from mangrove 

rehabilitation compare with other habitat types developed as A / R or avoided 

deforestation projects?  
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Figure 1-3: Conceptual diagram of GHGrehab pathways in mature mangrove ecosystems interpreted from Alongi (2014). Units are displayed in Mg CO2e ha-1 y-1. 

GHGrehab_max includes the portion of ExDIC that is not exchanged with the atmosphere. Chapter 4 of this thesis compares findings from rehabilitated sites against this 

model. Acronyms: 

C pathway Abbreviation Equation 

Ecosystem Gross Primary Production, mangroves and mangrove associated algae. GPPeco ∑(GPPmang, GPPalgae) 

Mangrove Gross Primary Production   GPPmang ∑(NPPmang, Ra) 

Total inputs: mangroves   

Net Primary Production total  NPPmang ∑(GPPmang – Ra), or ∑( 

NPPwood, NPPlitter, NPProots) 

NPP woody biomass NPPwood Allocation = 31.9 % of NPP 

NPP foliage production and litterfall  NPPlitter Allocation = 32.4% of NPP 

NPP fine and course root production & turnover  NPProots Allocation = 35.7% of NPP 

Total outputs: mangroves   

Respiration total  Re ∑(Ra, Rh) 

Autotrophic respiration.  Ra ∑(Rc, Rr), or ∑(GPPmang – 

NPPmang), or (Re – Rh). NPP 

= 49.4% of Ra 

Autotrophic respiration canopy  and pneumatophores  Rc ∑(Ra – Rr) 

Autotrophic respiration belowground fine roots (exposed and inundated conditions)  Rr ∑(observed total CO2 flux 

– [Rs + RH2O]). Alongi 

values estimated at 57.4% 

of total soil CO2 efflux. 

Heterotrophic respiration, total Rh ∑(Rs, RH2O, RDIC). 72.3% of 

NPP (Alongi 2014) 

Heterotrophic respiration, leaf litter decomposition    Rlitter 22.1% of NPPlitter 
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(included within Rs / RH2O) 

Heterotrophic respiration, sum Rs and RH2O ∑(Rs + RH2O) Estimated as 42.6% of 

total soil CO2 efflux 

Heterotrophic respiration, exposed soils Rs 54.5% of ∑(Rs + RH2O) 

Heterotrophic respiration, inundated pelagic water ways and tidal creeks RH2O 45.4% of ∑(Rs + RH2O) 

Proportion of Aimport respired by heterotrophs Rallo 31.4% of Aimport, 46% of 

Sallo 

Root exudates of excess C subsequently consumed and respired by heterotrophic microbes Rexu 65.2% of NPP (Alongi 

2014). ∑(Rh - Rlitter), 

Tiwoho sites 

Respiration of dissolved inorganic carbon by heterotrophs exported into adjacent systems  RDIC Alongi (2014) values are 

unaccounted for fate of 

NPP ∑NPPmang - (ExPOC, 

ExDOC, Sauto, Rs, RH2O), or 

∑(Rh - Rs, RH2O). 

Dissolved inorganic carbon that is exported and exchanged with the atmosphere ADIC 50% of RDIC. 

DOC / POC / DIC exported to adjacent systems   

Exported particulate organic carbon (leaf litter, flotsam) ExPOC 13.3% of NPP, 48.3% of 

NEP 

Exported dissolved organic carbon ExDOC 7.1% of NPP, 25.9% of 

NEP 

Exported dissolved inorganic carbon that is not exchanged with the atmosphere  ExDIC 50% of RDIC 

Soil C pathways   

Soil carbon burial total  Stotal ∑(Sauto , Sallo) 

Autochthonous burial  Sauto ∑(Slitter , Sroot) 

Proportion of litterfall that is buried in mangroves soils Slitter 4.8% of NPP, 17.2% of 

NEP 

Proportion of fine root turnover that is buried in mangrove soils Sroot 2.4% of NPP, 8.6% of NEP 

Import of allochthonous sediments from adjacent systems (riverine sediments, oceanic sediments etc.) Aimport ∑(Sallo, Rallo) 
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Proportion of Aimport that is buried in mangrove soils.  Sallo 60% of Sauto, or 37.5% of 

Stotal. 68.6% of Aimport 

Net Ecosystem Production, mangroves NEPmang ∑(GPPmang - Re) or 

∑(NPPmang - Rh) or Alongi 

(2014) ∑(Sauto, ExPOC, 

ExDOC), or Tiwoho sites 

∑(NPPgrowth, ExPOC, ExDOC, 

Sauto) 

Mangrove associated benthic algae   

Algae gross primary production  AGPP ∑(ANPP, Ara) 

Algae net primary production  ANPP Equal to Ara 

Algae autotrophic respiration  Ara Equal to ANPP 

Algae heterotrophic respiration from exposed and inundated mangrove soils Arh 43% of ANPP 

Proportion of ANPP that is exported as particulate organic matter APOC 30% of ANPP 

Proportion of algae NPP that is broken down by detritivores and exported as dissolved organic carbon ADOC 25.4% of ANPP    

Proportion of ANPP that is buried in mangrove soils Aburial 1.6% of ANPP 

Net Ecosystem Production, benthic algaeb  ANEP ∑(AGPP – [Ara,  Arh]) or 

∑(ANPP - Arh) or ∑(APOC, 

ADOC, Aburial) 

Net Ecosystem Carbon Balance NECB ∑(NEPmang, ANEP, Sallo) 

Non- CO2 Greenhouse gases   

Methane CH4  

Nitrogen dioxide N2O  

GHG reductions from rehabilitation GHGrehab ∑(NECB) – (CH4, N2O) 

GHG reductions from rehabilitation including ExDIC that is not exchanged with the atmosphere GHGrehab_max ∑(NECB, ExDIC) 

Notes:  
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a Alongi (2014) data converted to Mg CO2e ha-1 y-1 based on a global mangrove extent of 138, 000 km2. Phytoplankton NEP and N2O emissions are not included in 

global estimates as both are expected to be negligible contributions to a mangrove forests overall NECB (Alongi 2014; Emmer et al. 2014).     

b Fate of mangrove associated algae NPP follows Duarte & Cebrian (1996) where ~43% of algae NPP is consumed by heterotrophs, respired into the atmosphere as 

Rs and RH2O or exported as RDIC; ~30% is exported as ExPOC, ~25.4% is decomposed and exported as ExDOC; with the remainder (1.6%) buried in soils (Aburial).
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2. Community structure dynamics and carbon stock change 

of rehabilitated mangrove forests in Sulawesi, Indonesia 
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2.1 Introduction 

Mangroves are highly productive habitats and provide a vast range of critically important 

ecosystem services (Lau 2013) which support the livelihoods and wellbeing of hundreds of 

millions of coastal people across the tropics. Of these ecosystem services, perhaps the most 

discussed in recent international discourse is the significant role that mangroves and other ‘blue 

carbon’ habitats such as seagrass beds and tidal saltmarshes can play in climate change 

mitigation and adaptation through counterbalancing anthropogenic CO2 emissions. Despite their 

importance, mangroves are undergoing substantial declines in extent, habitat quality and 

intactness through a range of landuse, land-use change and forestry (LULUCF) drivers, including 

the conversion of mangroves to agriculture and aquaculture ponds (Richards & Friess 2016; 

Thomas et al. 2017). Aquaculture expansion in Southeast Asia requires the clearing of 

mangroves and construction of ponds, which are often abandoned and left in a state of disuse 

because many ponds typically exhibit a productive life span of between 3 and 10 years after 

construction (Giesen et al. 2006; Bosma et al. 2012). Disused ponds provide little economic or 

food productive value and deprive communities of the vast array of ecosystem goods and 

services that healthy mangrove forests and sustainably managed aquaculture provide. 

 

The rehabilitation of disused aquaculture ponds has the potential to bring back functioning 

mangrove habitats and their ecosystem services, including carbon (C) sequestration through 

both the production of biomass as forests redevelop and the burial of C in mangrove sediments 

(Alongi 2014).To date, the majority of mangrove rehabilitation projects initiated have focused 

on large-scale and low-diversity donor funded planting projects which have had mixed success 

despite significant investments (Barbier 2006; Primavera & Esteban 2008). Most attempts fail 

completely or fail to achieve stated goals (Bosire et al. 2008) principally through planting of 

inappropriate species on unsuitable sites (Primavera & Esteban 2008; Kodikara et al. 2017), 

while very few projects include detailed monitoring plans with no documentation of either 

positive and / or negative outcomes (López-Portillo et al. 2017). Ecological mangrove 

rehabilitation (EMR), in contrast, is a technique which prioritises the restoration of hydrological 

regimes to facilitate multi–species recruitment of mangrove seedlings enabling establishment at 

natural tidal inundation levels (Lewis 2005; Lewis and Brown 2014; Brown et al. 2014). Aside 
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from greater diversity, recruits tend to exhibit higher rates of growth and ascertain greater 

biomass over time resulting in more stable systems with greater degrees of ecological 

functionality than artificially replanted sites. Large-scale mangrove rehabilitation by improving 

hydrological connectivity through techniques such as EMR has been successfully achieved in 

Florida, USA and Latin America since the 1980’s, (Lewis et al. 2007) and since the early 2000’s 

has been increasingly trialled in Southeast Asia, particularly in Indonesia (Djamaluddin 2007; 

Oh et al. 2017), Thailand (Matsui et al. 2010) and Singapore (Friess 2017). Many of these 

rehabilitation projects have been accompanied by extensive monitoring and in some cases 

collaboration with researchers and academic institutions (e.g. Indonesia and Singapore). Thus 

the research progress of EMR is now relatively advanced, and such knowledge has been 

translated into practitioner field manuals (e.g. Lewis & Brown 2014). 

 

The aim of this study was to compare and contrast the relative rehabilitative progress from the 

EMR of disused aquaculture ponds in differing geomorphic settings and assess the degree to 

which C loss has been offset through regrowth in the context of LULUCF. We focused on two 

contrasting locations in Sulawesi, Indonesia, where EMR has been undertaken; Tanakeke Island 

and Tiwoho (Figure 2-1, Table 2-1). Both locations share a similar management history of 

clearance and conversion to aquaculture ponds followed by subsequent disuse before the 

initiation of EMR activities in 2005 (Tiwoho) and 2010 (Tanakeke). However, while both 

locations are classified as coastal fringing, they differ markedly in biophysical settings and 

productivity. Tanakeke is an oceanic atoll exhibiting low growth, low diversity and shallow 

coralline sandy substrates while Tiwoho is a high growth, high diversity, riverine influenced 

system with deeper organic soils. Site assessments were made in December 2014 (Tanakeke) 

and December 2015 (Tiwoho). We (a) compare and contrast stand structure, biomass, soil 

properties and ecosystem C stocks; and (b) assess carbon stocks as a function of LULUCF 

through reference to disused aquaculture ponds and intact reference forests (analogous to 

conditions pre- EMR and upon reaching maturity respectively). This provides a framework to 

gauge the relative progress of rehabilitation at EMR sites and recovery of C stocks over time. 

Biomass accumulation within EMR sites is also assessed within a global context of developing 

mangrove forests for comparison. We hypothesized that the geomorphic setting and biophysical 



25 

 

attributes of Tiwoho’s EMR sites facilitate conditions more conducive to successful 

rehabilitation compared to Tanakeke, and that the full degradation of barriers to hydrological 

connectivity such as pond walls is crucial to maximise regrowth potential.  

 

2.2 Materials and Methods 

2.2.1 Study locations 

 

Tanakeke Island, South Sulawesi 

Tanakeke Island is a low lying coral atoll covering ~3, 930 ha located 8 km off the south-west 

coast of Sulawesi with a maximum tidal range of 1.2 m (Weatherbase 2018). The entire island is 

flanked by fringing coral reefs interspersed with shallow lagoons and intermittent seagrass 

beds, with a resulting calcium carbonate base rock substrate overlayed by superficial layers of 

organic and mineral soils. The island originally contained 1,776 ha of fringing over-wash 

mangrove forests, but approximately 1,276 ha were lost through conversion to aquaculture in 

the 1990s-2000s (Ukkas 2011). Most aquaculture ponds are now abandoned or disused due to 

shoreline erosion, disease, declining water quality, fluctuating shrimp and fish prices on local 

markets and increasing input costs (Brown et al. 2014). 

 

392.25 ha of EMR have been undertaken on Tanakeke at 6 locations, including 19.8 ha at the 

primary study location of Lantang Peo (literally translated as ‘place of thick mud’) 4 years ago at 

the time of fieldwork and (hereafter referred to as Rehab 1TI). Activities included the strategic 

breaching of dyke walls (typically at the junction of pond walls) to reinstate tidal regimes, a low 

cost method feasible for disused ponds that have not been excavated with heavy equipment 

(Brown et al. 2014). A 620 m long, 1.5 m wide meandering artificial creek connecting a natural 

channel to the north with a shallow embayment to the south was also excavated by hand, 

enabling tidal waters to flow over and across Rehab 1TI ponds and facilitating drainage. The 

hand dispersal of mangrove propagules at high tide (rather than propagule plantings) was also 

carried out by the community of Lantang Peo to encourage recruitment, and the community has 

retained rights to harvest rehabilitated mangroves on maturity. 
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Tanakeke Island also has 576 ha of mangroves remaining which exhibit varying degrees of 

human impact. We selected an area of tall, mature Rhizophora spp. dominated mangroves on the 

island’s eastern shoreline displaying few signs of cutting (Ref 1TI) as a reference site to Rehab 1TI 

to gauge regrowth. The majority of the islands remanent mangroves, however, are composed of 

dense R. stylosa and R. apiculata stands that are periodically harvested every 12 years in 20 m2 

blocks for fuel and timber products before being replanted or left to regenerate (Brown et al. 

2014). This practice results in dense, thick clusters of Rhizophora spp (Ref 2TI) and there 

appears to be little evidence of naturally induced thinning, which is in contrast to observations 

of non-impacted developing mangrove forests (e.g. Pranchai 2017).  

 

Panikiang Island, a 102 ha coral atoll 300 km to the north of TI and 2 km from the coast, was 

used as an additional reference site to Tanakeke (Ref 3TI). It is the closest location of 

undisturbed, species rich mature mangrove forest on coastal islands within South Sulawesi. 

Mangroves cover almost the entire width and breadth of the island save for a narrow peninsula 

(10 – 40 m wide) of elevated land abutting the eastern coastline.  

 

Tiwoho, North Sulawesi 

The second study location, Tiwoho, is located within Bunaken National Marine Park in the 

province of North Sulawesi and has a tidal range of 2.4 m with semi-diurnal fluctuations (World 

Weather Online 2018) encompassing spring and neap tidal cycles. In 1991 approximately 13 ha 

of mangroves were converted to aquaculture ponds. However, similarly to Tanakeke, these 

ponds were subsequently affected by disease and poor water quality. This resulted in 

diminishing yields and lead to eventual abandonment by the late 1990’s. Ponds were fallow and 

unused for 6-7 years before a consortium of villagers, local universities, non-governmental 

organisations and international ecologists undertook hydrological enhancement activities in 

2005 (Brown & Djamaluddin 2017) in three separate areas of the disused ponds (Rehab 2TW, 

Rehab 3TW, and Rehab 4TW) to facilitate natural secondary succession of mangroves. Man-made 

drainage channels were filled in by hand, and dyke walls were removed as far as possible 

(Brown et al. 2014). Small-scale supplementary plantings and hand disbursement of propagules 
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was also conducted at some locations, particularly Rehab 3TW where natural establishment of 

mangrove has not been successful for many years (Djamaluddin 2007).  

 

Tiwoho’s rehabilitated sites are surrounded by diverse, healthy, mature mangrove forests. We 

used an area of C. tagal and R. apiculata dominated landward forest (Ref 4TW) as a reference to 

Rehab 2 and 3TW and a more seaward forest dominated by R. apiculata and B. gymnorrhiza as a 

reference to Rehab 4TW.  

 

Soil samples were also gathered from disused aquaculture ponds (Ponds 2TW) that were 

converted from mangroves around the same time as Tiwoho. This site is ~6.5 km by road from 

Tiwoho and while ponds were drained and disused at the time of fieldwork, they not abandoned 

and are intermittently re-stocked with larvae and harvested if market conditions are favourable.  

 

Limitations in the ability to compare rehabilitated sites between locations 

Ideally, comparisons of community structure dynamics and C stock change should be made from 

rehabilitated sites the same age. However, this is not the reality in the field as selected 

rehabilitation sites were not set-up and designed as scientific experiments, but rather were 

designed and implemented as rehabilitation projects for other purposes. By necessity, this 

limitation affects many studies looking at differences between rehabilitated and natural forests 

(e.g. Salmo et al. 2013).   
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Table 2-1: Locations, geomorphic position and management history of sites assessed in this study. Sites from Tanakeke locations are denominated by TI, 

sites from Tiwoho locations by TW.   

Site ID Geomorphic position Management 

Intact, mature reference forests 

Ref 1TI Oceanic coral atoll: over-wash 

mangroves, coastal fringing 

Relatively small pocket of tall, mature mangroves (h = ≥ 5 m) composed exclusively of 

Rhizophora spp. fringing the islands eastern coastline with few signs of harvesting. 

Ref 2TI Oceanic coral atoll: over-wash 

mangroves, coastal fringing 

A dense Rhizophora thicket representative of the majority of Tanakeke’s ~576 ha of 

remanent interior mangrove estate which is subject to some harvesting. 

Ref 3TI Oceanic coral atoll: over-wash 

mangroves, coastal fringing 

Diverse, less disturbed mangrove forest on Panikiang Island. 

Ref 4TW Coastal fringing: mid - lower 

(landward) mangroves 

Mature forest dominated by C. tagal and R. apiculata used as a reference site to Rehab 

2TW and Rehab 3TW.  

Ref 5TW Coastal fringing: Upper 

(seaward) mangroves 

Mature forest dominated by R. apiculata and B. gymnorrhiza used as a reference site 

to Rehab 4TW.   

Aquaculture ponds 

Ponds 1TI Oceanic coral atoll: coastal 

fringing 

Disused aquaculture ponds located on the southern coastline of Tanakeke that were 

converted from mangroves about the same time as the Rehab 1TI ponds (~1992). 

Ponds 1TI ponds were also abandoned in 2002 and the site remains fallow, disused 

and exposed with no hydrological connectivity.  

Ponds 2TW Coastal fringing  Disused aquaculture ponds comparable to Tiwoho’s EMR sites prior to rehabilitation. 

Ponds are not abandoned and are intermittently farmed.   

Rehabilitated mangroves 

Rehab 1TI Oceanic coral atoll: over-wash 

mangroves, coastal fringing 

Former aquaculture ponds at Lantang Peo, Tanakeke, that had undergone EMR 4 

years prior to the time of survey. This area was initially converted from mangroves to 

ponds in the early 1990’s and eventually abandoned in about 2002. Ponds were left 

fallow and disused for 8 years until EMR activities were initiated.  

Rehab 2TW Coastal fringing: mid - lower 

(landward) mangroves 

Rehab 2TW  is a 1.97 ha site dominated by C. tagal and R. apiculata that had undergone 

rehabilitation 10 years prior to date of survey.   

Rehab 3TW Coastal fringing: mid - lower 

(landward) mangroves 

Rehab 3TW  is a 2.17 ha site dominated by C. tagal and R. apiculata that had undergone 

rehabilitation 10 years prior to date of survey.   
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Rehab 4TW Coastal fringing: upper 

(seaward) mangroves 

Rehab 4TW is a 9.63 ha site dominated by R. apiculata, S. alba and C. tagal that had 

undergone rehabilitation 10 years prior to date of survey.   
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Figure 2-1: Location of the two study locations in Sulawesi. Top right: Rehabilitated mangrove and reference forests in Tiwoho in relation to Ponds 2TW. 

Bottom right: Satellite image of Tanakeke Island and sampling sites. Image source Google Earth © 2018. 
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2.2.2 Field sampling and analysis 

Biomass 

C stocks in biomass (trees, seedlings and saplings, dead and downed woody debris [DDWD]) and 

soil were assessed following an internationally recognized protocol (Kauffman & Donato 2012). 

The protocol specifies the use of transects tailored to suit site specific conditions which traverse 

from the mangrove fringe to the forest interior to capture different zonal assemblages. Within 

each transect, up to 6 plots of 7 m radius (154 m2) were established at ~25 m intervals in which 

species and diameter at breast height (DBH, measured at 1.3 m above the ground) for all trees 

was measured. Nested sub-plots with a 2 m radius were established at the centre of each plot to 

record seedling and sapling density. We carried out 87 and 58 vegetation plots in Tanakeke and 

Tiwoho respectively. Due to the paucity of leaf litter at all study sites we did not collect data on 

this parameter. For Rhizophora species, which typically exhibit numerous prop roots and may 

branch off the main stem above 1.3 m in height, we measured DBH above the highest prop root. 

The mass of DDWD was calculated through the planar intercept technique adapted for 

mangroves as advocated by Kauffman & Donato (2012). Allometric equations were used to 

calculate above and below biomass using both species specific equations (where available) and 

common (mangrove generic) equations developed by Komiyama et al. (2005). The carbon 

content of biomass was calculated by multiplying by a factor of 0.464 for aboveground biomass 

and 0.39 for belowground biomass after Kauffman & Donato (2012).   

       

Soil carbon and nitrogen stocks   

Soil cores to 1 m depth were extracted near the centre of each plot using an open faced, semi – 

circular auger. Individual cores were divided into depth increments and soil samples taken from 

near the middle of each increment. Samples were air dried in the field before being sent for 

laboratory analysis. Soil samples of a known volume were passed through a 2 mm sieve to 

remove coarse elements (stones, root fragments etc.), with the fine earth fraction remaining 

used to determine bulk density (BD). C and nitrogen (N) concentrations were determined using 

the dry – combustion method (induction furnace) using a LECO C-144 elemental analyser. Soil 

samples from Tanakeke sites were also subjected to an additional furnace treatment given the 
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presence of inorganic C resulting from erosion of the underlying calcareous base rock. 

Subsamples were combusted to 550 °C to volatize organic carbon compounds, with any 

remaining C assumed to be entirely inorganic in origin. The ratio of ash weight to sample weight 

was determined to estimate the inorganic C content of the original dry sample, and this was 

subtracted from the total original carbon content to determine the organic carbon content 

(Howard et al. 2014).  

Organic soil C stock (Mg C ha-1) was calculated as: 

𝑆𝑂𝐶 =  ∑ 𝐵𝐷𝑖

𝑛

1

× %𝐶𝑖 × 𝐻𝑖 × 0.1 

         (Equation 1) 

Where SOC is the soil organic C mass to a fixed depth (Mg C ha-1); n is the total number of layers 

sampled; BDi is the density of a specific layer (g cm-3); %Ci is the C concentration of the layer (mg 

C g-1); and Hi is the depth of the profile layer (cm). The same approach was used to determine N 

stock (Mg N ha-1).  

  

Summation of carbon stocks  

Ecosystem C stocks in each site were summarized using the following equations as adapted 

from Nam et al. (2016): 

ECplot = ∑(Ctree +  Csaplings +  Cdead wood +  Croot +  Csoil) 

         (Equation 2) 

ECsite = ∑(ECplot ÷ Nplots) 

         (Equation 3) 

Where ECplot is the sum of all C pools per plot, and ECsite is the average ecosystem C stock per site 

calculated by dividing ECplot by the total number of plots (Nplot) sampled per site.  

 

Estimating C stock - change  

A stock – change approach as outlined by the IPCC (2003) was used to estimate C loss as a result 

of landuse change as well as estimates of C gains in biomass post - EMR to develop an 
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understanding of C dynamics over time. Biomass loss was estimated based on the approach in 

Murray et al. 2011 where it is assumed that mangrove trees are burned upon conversion, 

resulting in the immediate release of the majority (75%) of biomass carbon to the atmosphere. 

The remaining biomass (25%) is left to rot away, with a decay half-life of 15 years. Both above 

and below ground biomass was included in calculations as roots could be uplifted, exposed, and 

burned away in the same manner as aboveground trunks and branches during excavation 

(Murray et al. 2011). To calculate C loss from the remaining 25% of biomass not immediately 

lost upon conversion, we divide the remaining biomass by 30 years (estimated time until full 

decay) to estimate rates of yearly loss. This figure was then multiplied by the year’s elapsed post 

– initial conversion until (a) hydrological regimes were reintroduced and soil oxidation halted in 

the case of Tanakeke’s Rehab 1TI (18 years) and Tiwoho’s three EMR sites (14 years), and (b) the 

time of the Tanakeke carbon stock survey (22 years) in the case of Ponds 1TI as this site remains 

exposed with no hydrological connectivity.  

 

Soil C loss estimates also use the approach of Murray et al. (2011) where it is assumed that only 

the top 1 m of soil is disturbed. Soil C emission rates are modelled linearly (i.e. averaged over 

time) and calculated as total loss from time of initial conversion to the implementation of EMR 

activities. Of importance for modelling rates of C release post – conversion from both biomass 

and soils is that flux is likely to follow a negatively exponential or logarithmic curve with time 

where carbon losses are initially high before tapering off over time (Pendleton et al. 2011), an 

estimate verified empirically by Lovelock et al. (2011). Calculated as: 

Closs year − 1 = (Closs ÷ No. years) × 3.67  

(Equation 4) 

Where Closs year-1 is the estimated soil C loss per year in the interval between initial conversion 

and the implementation of EMR activities, and No. years is the number of years elapsed between 

initial conversion and rehabilitation.  

 

Statistical analysis 

Data were reported as the mean ± the standard error. We applied both a Kolmogorov – Smirnov 

and Shapiro – Wilk test of normality before performing logarithmic data transformation. Data 
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was arranged based on plot data means (Tanakeke number of total biomass plots = 86, soil 

samples = 182; Tiwoho number of total biomass plots = 58, soil samples = 175), with a three-

way Analysis of Variance (ANOVA) used to compare various variables (community structure, 

biomass and soils) between (a) sites, (b) treatments, and (c) location (site and treatment). A 

post – hoc Tukey honestly significant difference (HSD) procedure was applied to identify 

sources of significant differences where ANOVA results showed such. The significance threshold 

(p) was set at .05 for all tests. 

 

2.3 Results 

2.3.1 Stand structure and biomass 

When vegetated sites are grouped by treatment (reference forests vs. rehabilitation sites) there 

are clear and significant differences across all structural attributes (DBH, basal area, and stem 

density, Table 2-2), with mature reference sites exhibiting higher DBH and basal area and lower 

stem density. Similarly, total biomass is significantly greater (Table 2-3) for reference sites and 

EMR sites have obtained on average 36.2% of the biomass of reference forests. Additionally, at 

an intra-location level (site and treatment grouped by location) Tanakeke’s Rehab 1TI differed 

significantly in all parameters from Tiwoho’s EMR sites. This includes DBH, although this is 

largely indicative of the low number of trees present (number of trees with DBH ≥ 5 cm = 6). 

The average total biomass of reference forests at Tiwoho was over 2/3rds higher than 

Tanakeke’s, with the low biomass of Ref 1 and 2TI counterbalancing that of Ref 3TI.  

 

After 4 years post – rehabilitation, mangroves at Rehab 1TI exhibit sporadic coverage (basal area 

0.04 ± 0.02 m2 ha-1, stem density 779.2 ± 73.31) and correspondingly negligible biomass (1.1 ± 

0.4 Mg C ha-1) when compared to all three of Tanakeke’s reference sites. There were significant 

differences with Ref 1TI and Ref 3TI across all forest structure metrics (p = < 0.001 basal area, 

stem density, DBH, and total biomass), with only Ref 2TI displaying non-significant differences 

for some parameters (p = ≥ 0.05 for basal area, and DBH). Dead and downed woody debris 

(DDWD) was non-apparent in the Rehab 1TI ponds and made a negligible contribution to overall 

total biomass in Ref 2TI (2%) but was a more important carbon pool for Ref 1TI (15.1% of total 
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biomass) and Ref 3TI (18.12% of total biomass). Total biomass of Ref 2TI (14.8 ± 3.1 Mg C ha-1) 

was lower than all other reference forests and was only 36.7% of the biomass of the uncut, 

unharvested Ref 1TI. Remanent mangrove communities on Tanakeke such as Ref 1TI and Ref 2TI 

are almost completely dominated by thickets of R. apiculata and R. stylosa growing in low lying, 

tidally inundated zones, with a number of stunted individuals of other species (e.g. S. alba, A. 

marinas, and C. tagal inter alia) recorded from disused ponds where the sea abuts the island’s 

elevated interior. R. stylosa comprised 90% of the seedlings and saplings at Rehab 1TI and 75% 

of the few mature trees recorded (n = 12). Ref 1TI was comprised exclusively of R. apiculata 

(73%) and R. stylosa (27%) with an average DBH of 7.27 ± 0.27 cm and a stem density of 6, 

446.3 ± 1, 288.3 ha-1, whereas Ref 2TI is comprised of 99% R. apiculata but with a much greater 

proportion of seedlings and saplings (DBH ≤5 cm) and a slightly higher stem density of 7, 666.7 

± 1 275.1 ha-1. Ref 3TI, in contrast, the non-impacted site to the north of Tanakeke exhibited far 

greater diversity with 12 mangrove species recorded dominated by R. apiculata (41.7%) and R. 

stylosa (30.6%). The mean DBH was 11. 8 ± 1.09 cm, while stem density was much lower than 

Ref 1TI or Ref 2TI (2, 780 ± 276.1 stems ha-1). Basal area of Ref 3TI was more than double that 

recorded in Ref 1TI and an order of magnitude higher than Ref 2TI (Table 2-2).   

 

In the 10 years since rehabilitative activities were initiated and the field survey conducted at 

Tiwoho EMR sites, Rehab 2TW exhibits similar structural attributes to the adjacent Ref 4TW forest 

with no significant differences in stem density, DBH and basal area. While stem density at Rehab 

3TW was not significantly different with either Rehab 2TW or Ref 4TW, there was a significant 

difference in average tree DBH and basal area. Seedlings and saplings (17.1 ± 2.9 Mg C ha -1) 

formed a much greater proportion of overall living biomass in Rehab 2TW (33.3 %) than Ref 4TW 

(2.2 %. p = <.001). DDWD in Ref 4TW was 34.6 ± 12.5 Mg C ha-1, more than double that of Rehab 

2TW. Similarly to forest structure characteristics, the total biomass of the C. tagal dominated 

Rehab 2TW (65.9 ± 8.8 Mg C ha-1) is not statistically different to Ref 4TW (82.5 ± 19.4 Mg C ha-1) 

and has even obtained slightly higher overall living biomass (51.53 ± 6.03 Mg C ha-1 vs. 47.89 ± 

4.18 Mg C ha-1). While stand scale biomass was similar (tree AGC p = .96; tree BGC p = .98), there 

are structural differences in size class distribution between Rehab 2TW and Ref 4TW where tree 

biomass formed 34.4% and 65.2% in cohorts ≥10 cm DBH respectively. Rehab 3TW exhibits 
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significantly lower total biomass (27.8 ± 3.5 Mg C ha-1) than either Rehab 2TW or Ref 4TW and has 

obtained an average of only 38.2% of the total living biomass of these sites. Mangrove 

regeneration within Rehab 4TW has also been efficacious with a mean DBH of 7.0 ± 0.7 cm, stem 

density of 9, 467.0 ± 1392.4 stems ha-1, and total biomass of 53.8 ± 9.9 Mg C ha-1. However, these 

aspects remain much lower when compared to the mature forest of Ref 5TW which has a much 

greater total biomass (Ref 5TW, 253 ± 41.1 Mg C ha-1). Notably, all three of Tiwoho’s EMR sites 

have undergone naturally induced thinning in recent years, indicative of mangrove forests as 

they develop and mature. Comparisons of stem density with a survey conducted in 2012 (Brown 

& Djamaluddin. 2017) reveals that in the 3 years between surveys, stem density of Rehab 2TW 

and Rehab 4TW was reduced by 4% and 18.4% respectively while Rehab 3TW appears to have 

thinned by as much as 63.6%.  

 

2.3.2 Soil properties and C stocks 

The oceanic, coral atoll mangrove soils of Tanakeke sites exhibited much higher overall C% and 

N% and lower C:N ratios than Tiwoho sites, with even the sparse, non-vegetated soils of Rehab 

1TI having higher concentrations of C% and N% than the well-developed soils of Tiwoho sites 

(Figure 2-3). In particular, the C% and N% concentration of Tanakeke Islands Ref 1 and 2TI was 

more than double that of Tiwoho’s reference forests. From an inter-treatment perspective, all of 

the EMR sites assessed displayed lower C% and N% as well as lower C and N stocks than their 

respective intact, mature reference forests.  

 

Both Rehab 1TI and Ponds 1TI exhibited shallow soils dominated by coarse sandy loam 

intermixed with fine organic silt, with a maximum depth of 25 cm before underlying calcareous 

substrate is reached. Conversely, the soil profiles of Ref 1TI site and Ref 3TI approached 1 m in 

depth. Soil C within the top 25 cm of both Rehab 1TI and Ponds 1TI was quite similar (139.7 ± 

11.3 and 114.9 ± 10 Mg C ha-1 respectively), and both results were higher than the top 25 cm of 

Ref 1TI (109.9 ± 7 Mg C ha-1) and Ref 3TI (99.5 ± 13.8 Mg C ha-1). The deeper organic soils of Ref 

1TI and Ref 3TI, however resulted in significantly higher overall soil C storage with values of 575 

± 53 Mg C ha-1 and 418.4 ± 42.9 Mg C ha-1 respectively. Bulk density (BD) was significantly 
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higher in Rehab 1TI than all other Tanakeke sites (including Ponds 1TI), C% and N % about half 

that recorded in reference forests, and total N stock (3.34 ± 0.27 Mg N ha-1) only ~1/5th of Ref 1 

and Ref 3TI. While soil samples were not taken from Ref 2TI, the soil type and depth was similar 

to Ref 1TI  (Table 2-4).     

 

Soil depth in all Tiwoho locations, in contrast, was > 1 m (the maximum depth of the auger), 

indicative of well-developed organic soils. Soil C was positively correlated with biomass, with 

landward sites (Rehab 2TW, Rehab 3TW and Ref 4TW) displaying both lower biomass and overall 

soil C stock than seaward sites (Rehab 4TW and Ref 5TW). BD, C and N stocks of the C. tagal 

dominated Rehab 2TW and Rehab 3TW were very similar with no statistical differences. While the 

soil C stock of Ref 4TW was on average 136.6 Mg C h-1 greater than Rehab 2TW and Rehab 3TW 

respectively, the difference is not statistically significant. Rehab 4TW exhibited a similar soil C 

profile to Ref 5TW (477.3 ± 96.9 and 509.5 ± 70.6 Mg C h-1 respectively) with no significant 

differences in soil parameters. The most marked difference in soil C profiles was between Ponds 

2TW and all other sites, with Ponds 2TW exhibiting the highest overall C stock (665.8 ± 59.4 Mg C 

h-1) and BD (0.65 ± 0.03 g cm-3). Of importance, C stock within the top 0 – 50 cm of Ponds 2TW 

(282.5 ± 25.7 Mg C ha-1) is comparable to the 50 -100 cm layer of Ref 4TW (283.1 ± 51.4 Mg C ha-

1) and Ref 5TW (260.8 ± 31.1 Mg C ha-1).   

 

2.3.3 Ecosystem C stocks 

Above and below-ground biomass combined with soil C estimates provide a summation of 

ecosystem carbon stocks. Highest ecosystem C stocks between treatments were observed in 

Tiwoho’s reference forests, which exhibited on average almost 100 Mg C ha-1 more than 

Tanakeke’s reference forests (excluding Ref 2TI given soil samples were not taken).  

   

Almost all of Rehab 1TI ponds C (140.9 ± 69.3 Mg C ha-1) is stored within the top 25 cm of soils, 

with biomass contributing only 0.8% of total ecosystem carbon stock (Figure 2-2). Soils were 

also the predominant carbon pool for Ref 1TI and Ref 3TI, although both sites exhibited much 

greater overall biomass (inclusive of DDWD) at 40.3 ±11.6 Mg C ha-1 and 122.5 ± 38.0 Mg C ha-1 
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or 6.5% and 22.6% of total ecosystem carbon stock respectively. There was no vegetative cover 

overlaying Ponds 1TI and carbon stock was limited to that contained in soil.  

 

Whilst C stored in organic soils remained the most substantial carbon pool across all sites 

assessed in Tiwoho, the EMR sites and reference forests all have relatively significant amounts 

of C stored in living and dead biomass. Total biomass of Rehab 2TW, Rehab 3TW and Ref 4TW 

represented 16.8%, 8% and 16.4% of total ecosystem carbon stock respectively, a similar 

proportion to Rehab 4TW (11.3% of total ecosystem carbon stock). The proportion of ecosystem 

carbon allocated to biomass in Ref 5TW, however, was substantial with almost half (253 ± 41.1 

Mg C ha-1, 49.7%) stored within the numerous large, mature R. apiculata, B. gymnorrhiza and S. 

alba specimens that characterise this coastal fringing site.          
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Table 2-2: Comparison of vegetational structural attributes between sites, treatments, and locations. Significant differences (p = ≤0.05) denoted by (a) 

letters in parenthesis between site characteristics; (b) stars between treatments; and (c) numbers between sites and treatments grouped by location. N / 

A = not applicable. Species abbreviations: Ra = Rhizophora apiculata, Rs = Rhizophora stylosa, Bg = Bruguiera gymnorrhiza, Ct = Ceriops tagal, Sa = 

Sonneratia alba.     

Site No. 

vegetation 

plots 

surveyed 

Area (ha) Dominant 

species 

Number of 

species 

Canopy 

height (m) 

DBH (cm)  Basal area 

(m2 ha-1) 

Stem 

density 

(stems ha-1) 

8 years –

post EMR, TW 

sites 

Stem 

density 

(stems ha-1)  

 Intact, mature reference forests (*) 

Ref 1TI (a) 9 ~576 Ra (73%); Rs 

(27%) 

2 3 – 10 7.3 ± 0.3 (b, h, 

j) 

9.0 ± 1.5(b, c, e, 

h) 

N / A 6, 466.3 ± 1, 

288.3 (c, h, i, j) 

Ref 2TI (b) 6 ~576 Ra (75%); Rs 

(25%) 

2 3 – 10 6.3 ±  0.0 (c, d, 

e, i, k) 

0.8 ± 0.6 (c, d, 

e, i, j, k) 

N / A 7, 666.7 ± 1, 

275.1(c, h, i, j) 

Ref 3TI (c) 20 ~102 Ra (42%); Rs 

(30.6%); Bg 

(8.3%) 

12 > 10 

 

11.8 ± 1.1 (h, 

j) 

23.4 ± 5.0 (e, 

h, i, j, k) 

N / A 2, 780 ± 

276.1(d, h, i, j, k) 

Ref 4TW (d) 8 N / A Ct (82.3%); 

Ra (15.3%) 

6 > 10 6.1 ± 1.1 (h) 13.3 ± 2.7 (e, 

h, j) 

N / A 19,695 ± 9, 

099 (e, h)   

Ref 5TW (e) 10 N / A Ra (89.5%); 

Bg (5.3%) 

6 > 10 10.2 ± 1.3 (h, 

j) 

40.9 ± 7.8 (h, i, 

j, k) 

5,050.0 ± 

1900.3 

5,917 ± 962 

(h, i, j) 

 Aquaculture ponds (**) 

Ponds 1TI 

(f) 

N / A ~1200 N / A N / A N / A N / A N / A N / A N / A 

Ponds 2TW 

(g) 

N / A 12.2 N / A N / A N / A N / A N / A N / A N / A 

 Rehabilitated mangroves (***) 

Rehab 1TI 

(h) 

52 19.8 Rs (90%); Ct 

(6.5%) 

6 < 3 6.3 ± 0.7 (i, j, k) 0.0 ± 0.0 (i, j, k) N / A 779.2 ± 

73.3(i, j, k) 
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Rehab 2TW 

(i) 

10 1.97 Ct (70.4%); 

Ra (14.9) 

9 3 - 10 6.6 ± 0.7 9.72 ± 1.6 (j) 27,093.0 ± 

3529.8 

25,995 ± 4, 

314 (k) 

Rehab 3TW 

(j) 

10 2.17 Ct (65%); Ra 

(22.3%) 

8 3 - 5 2.8 ± 0.2 (k) 5.06 ± 1.1(k) 61,900.0 ± 

41, 523 

22,552 ± 3, 

259 (k) 

Rehab 4TW 

(k) 

20 9.63 Ra (52.7%); 

Sa (27.5%); 

Ct (18.7%) 

5 5 - 15 7.0 ± 0.7  12.0 ± 1.7 9,467.0 ± 

1392.4 

7,725 ± 

1362  

Intact, mature reference sites (*) *** ***  *** 

Aquaculture ponds (**) N / A N / A  N / A 

Rehabilitated mangroves (***) * *  * 

Tanakeke reference sites (1) 5 2, 5  2, 5, 6 

Tiwoho reference sites (2) 5 1, 5, 6  1, 5 

Tanakeke aquaculture ponds (3)  N / A  N / A   N / A  

Tiwoho aquaculture ponds (4)  N / A N / A  N / A 

Tanakeke rehabilitated sites (5) 1, 2, 6  1, 2, 6  1, 2, 6 

Tiwoho rehabilitated sites (6) 5 2, 5  1, 5 
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Table 2-3: Carbon stock (Mg C ha-1 ± standard error) and management history of sites assessed in this study. AGB is inclusive of dead and downed wood. 

Significant differences (p = ≤0.05) denoted by (a) letters in parenthesis between site characteristics; (b) stars between treatments; and (c) numbers 

between sites and treatments grouped by location. N / A = not applicable. Tanakeke sites are appended by TI, Tiwoho sites by TW.  

Sites Above ground 

biomass 

Belowground biomass Total biomass  Soil organic carbon Ecosystem total 

Intact, mature reference sites (*) 

Ref 1TI (a) 33.2 ± 4.5 7.2 ± 1.2 40.4 ± 11.6 (b, c, e, h) 575.0 ± 51.2 (c, d, e, f, g, h, i, j, 

k) 

615.3 ± 267.3 (b, e, f, h) 

Ref 2TI (b) 12.1 ± 1.1 2.7 ± 0.4 14.8 ± 3.1 (c, e, h, i, j, k) N /A 14.8 ± 7.4 (c, d, e, g, h, i, j, k) 

Ref 3TI (c) 91.5 ± 14.7 31.0 ± 9.5 122.5 ± 38.0 (e, h, j, k) 418.4 ± 32.5 (d, e, g, h, i, j, k)  540.9 ± 147.9 (e, f, h, j, k) 

Ref 4TW (d) 68.7 ± 8.1 13.8 ± 3.0 82.5 ± 19.4 (e, h, j) 504.2 ± 89.6 (f, h) 586.7 ± 210.9 (e, f, i, j, k) 

Ref 5TW (e) 182.2 ± 41.1 70.8 ± 17.9 253.0 ± 41.1 (h, i, j, k) 509.5 ± 70.6 (f, h) 762.6 ± 128.3 (f, g, h, i, j, k) 

Aquaculture ponds (**) 

Ponds 1TI (f) N /A N /A N /A 114.9 ± 17.9 (g, i, j, k)  114.9 ± 17.9 (g, h, i, j, k) 

Ponds 2TW (g) N / A N / A N / A 665.8 ± 59.4 (h, i, j)  665.8 ± 59.4 (h, j, k) 

Rehabilitated mangroves (***) 

Rehab 1TI (h) 0.8 ± 0.1 0.3 ± 0.0 1.1 ± 0.4 (i, j, k) 139.7 ± 2 (i, j, k) 140.9 ± 69.3 (i, j, k) 

Rehab 2TW (i) 50.2 ± 3.7 15.7 ± 1.5 65.9 ± 8.8 (j) 391.6 ± 70.5  457.47 ± 162.9  

Rehab 3TW (j) 22.0 ± 3 5.8 ± 1.3 27.8 ± 8.6  343.6 ± 64.7  371.38 ± 157.9 

Rehab 4TW (k) 38.8 ± 4.5 15.0 ± 2.5 53.8 ± 9.9  477.3 ± 96.9  531.1 ± 211.7  

Intact, mature reference sites (*) *** ** **, *** 

Aquaculture ponds (**) N / A * *, *** 

Rehabilitated mangroves (***) *  *, ** 

Tanakeke reference sites (1) 2, 5  2, 3, 4, 5 

Tiwoho reference sites (2) 1, 5, 6  1, 3, 5, 6 

Tanakeke aquaculture ponds (3)  N / A  1, 2, 4, 5, 6 

Tiwoho aquaculture ponds (4)  N / A  1, 3, 5, 6 

Tanakeke rehabilitated sites (5) 1, 2, 6  1, 2, 3, 4, 6 
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Tiwoho rehabilitated sites (6) 2, 5  2, 3, 4, 5 

 

Table 2-4: Summary of soil properties. Significant differences (p = ≤0.05) for selected parameters of a three-way ANOVA denoted by (a) letters in 

parenthesis between site characteristics; (b) stars between treatments; and (c) numbers between sites and treatments grouped by location. N / A = not 

applicable. Tanakeke sites are appended by TI, Tiwoho sites by TW.   

Site 

 

Max. soil 

depth (cm) 

No. of soil 

samples 

Mean bulk 

density (g cm-

3) 

Mean C 

content (%) 

Total C stock 

(Mg C ha-1) 

Mean N 

content (%) 

Total N stock 

(Mg N ha-1) 

Mean C : N 

ratio 

Intact, mature reference forests (*) 

Ref 1TI (a) 95 41 0.41 ± 0.18 (c, d, 

e, f, g, h, i, j, k) 

19.75 ± 3.65 574.97 ± 53 (c, 

d, e, f, g, h, i, j, k) 

0.77 ± 0.18 16.61 ± 1.02 (f, 

h) 

30.55 ± 4.03 

Ref 3TI (c) 95 39 0.39 ± 0.03 (d, e, 

f, g, h, i, j, k) 

16.32 ± 0.53 418.37 ± 

42.89 (d, e, g, h, i, j, 

k) 

0.55 ± 0.02 13.73 ± 0.89 29.46 ± 0.87 

Ref 4TW (d) 100 29 0.57 ± 0.03  7.95 ± 0.91 504.22 ± 

89.56 (f, h) 

0.22 ± 0.02 13.7 ± 2.91(f, h) 45.86 ± 3.98 

Ref 5TW (e) 100 28 0.56 ± 0.02  8.74 ± 0.33 509.54 ± 

70.56 (f, h) 

0.21 ± 0.01 12.09 ± 5.23 (f, 

h) 

55.19 ± 6.44 

Aquaculture ponds (**) 

Ponds 1TI (f) 25 37 0.45 ± 0.03 (g, 

h) 

10.31 ± 1.39 114.93 ± 

10.03 (g, i, j, k) 

0.31 ± 0.03 3.36 ± 0.24  33.26 ± 1.11 

Ponds 2TW 

(g) 

100 20 0.65 ± 0.03 9.20 ± 0.71 665.82 ± 

59.37 (h, i, j) 

0.15 ± 0.02 12.1 ± 6.21 (h)  66.41 ± 6.97 

Rehabilitated sites (***) 

Rehab 1TI (h) 25 64 0.67 ± 0.05  9.96 ± 0.76 139.74 ± 

11.28 (i, j, k) 

0.28 ± 0.05 3.34 ± 0.27 41.18 ± 3.46 

Rehab 2TW (i) 100 27 0.52 ± 0.02 6.66 ± 0.67 391.6 ± 70.48  0.19 ± 0.02 11.1 ± 2.27 39.95 ± 3.61 

Rehab 3TW (j) 100 36 0.48 ± 0.0 6.50 ± 0.61 343.59 ± 

64.66  

0.15 ± 0.01 8.5 ± 2.35 68.42 ± 5.64 

Rehab 4TW 100 35 0.58 ± 0.04 7.55 ± 0.19 477.29 ± 0.16 ± 0.01 9.6 ± 4.02 61.14 ± 2.69 
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(k) 96.88 

Intact, mature reference sites (*) **, ***  **  **, ***  

Aquaculture ponds (**) *  *  *  

Rehabilitated mangroves (***) *    *  

Tanakeke reference sites (1) 2, 3, 4, 5, 6  2, 3, 4, 5, 6  3, 5  

Tiwoho reference sites (2) 1, 3  1, 3, 5  3, 5, 6  

Tanakeke aquaculture ponds (3)  1, 2, 4, 5  1, 2, 4, 6  1, 2, 4  

Tiwoho aquaculture ponds (4)  1, 3  1, 3, 5, 6  3, 5  

Tanakeke rehabilitated sites (5) 1, 3  1, 2, 4, 6  1, 2, 4  

Tiwoho rehabilitated sites (6) 1  1, 3, 4, 5  2  
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Figure 2-2: Comparison of total ecosystem carbon stocks between sites. Error bars represent the standard error of each parameter (refer to Table 3). BGC 

= belowground carbon; DDWC = dead and downed wood carbon; AGC = aboveground carbon.  
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Figure 2-3: Relationship between C % and N % from all assessment locations. Squares = Tiwoho 

sites; triangles = Tanakeke sites. Green = reference forests; blue = rehabilitated sites; red = 

aquaculture ponds. Error bars represent the standard error of values from Table 4. 

 

2.3.4 Estimates of C stock – change as a function of LULUCF 

The difference in ecosystem carbon stocks between sites assessed in this study is indicative of 

both losses upon initial conversion to aquaculture ponds as well as C gains as EMR sites have 

regrown (Table 2-5). Estimates of SOC stock change do not include estimates of soil C burial as 

mangroves regenerate with the implication that overall C gains post – EMR are likely to be an 

underestimate, particularly for the well-developed Tiwoho sites.  

 

Both the Rehab 1TI and Ponds 1TI sites of Tanakeke are estimated to have lost significant 

amounts of C stored within soil layers (435.3 ± 43.2 Mg C ha-1 and 460.1 ± 35.5 Mg C ha-1 

respectively) since conversion when compared to Ref 1TI, the most applicable reference site in 

this context. If Rehab 1TI and Ponds 1TI  also previously exhibited biomass of a similar stature to 

Ref 1TI (40.3 ± 11.6 Mg C ha-1) pre-conversion, they would have lost an additional 36.3 ± 10.4 

and 37.6 ± 10.8 Mg C ha-1 in biomass decomposition. Overall emissions rates are estimated at 

96.2 ± 10.9 and 83.0 ± 7.7 Mg CO2e ha-1 year-1 respectively.  
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The Tiwoho EMR sites are estimated to have lost an average of 222.6 ± 54.4 Mg C ha-1 of soil and 

biomass C at a rate of 58.4 ± 9.1 Mg CO2e ha-1 year-1. However, Rehab 4TW has lost only 9.6% of C 

(49.05 Mg C ha-1) within the top 1 m of soil in comparison to Ref 5TW (which precludes any soil C 

gains post- EMR) and, unlike the other two EMR sites, is likely to have lost the vast majority of C 

(81.7%) in biomass resultant from the clearance, burning and decomposition of the large 

mature mangrove forest that once covered this area. Tiwoho’s three EMR sites have gained an 

average of 49.17 Mg C ha-1 in biomass over the 10 years since rehabilitation at an average rate of 

4.9 ± 0.7 Mg C ha-1 year-1, with an overall gain when scaled to the area rehabilitated of 798.63 

Mg C.  

 

Table 2-5: C stock change as a function of management history (Mg C ha-1). Negative values 

equate to C sequestration, positive values equate to atmospheric emissions. Data is sourced 

from Table 2-4. 

Landuse 

change 

Stock - 

change in 

biomass 

Stock – 

change in 

SOC 

Total 

ecosystem 

stock - 

change 

Rate of total 

C stock 

change, Mg 

CO2e ha-1 

year-1 

Site 

Reference 

Low productivity system, Tanakeke Island 

Mature 

Forest  

Aquaculture  

36.3 ± 10.4 435.3 ± 43.2 471.2 ± 53.7 96.2 ± 10.9 Ref 1TI  

Rehab 1TI 

Mature 

Forest  

Aquaculture  

37.6 ± 10.8 460.1 ± 35.5 497.7 ± 46.3 83.0 ± 7.7 Ref 1TI  

Ponds 1TI 

Aquaculture 

 EMR 

-1.1 ± 0.4 N / A -1.1 ± 0.4 -1.0 ± 0.4 Rehab 1TI 

High productivity system, Tiwoho 

Mature 

Forest  

Aquaculture 

120.8 ± 37.7 101.8 ± 16.7 222.6 ± 54.4 58.4 ± 9.1 Average (Ref 

4TW and Ref 

5TW)  

average 

(Rehab 2, 3, 

4TW) 

Aquaculture 

 EMR 

-49.2 ± 7.4 N / A -49.2 ± 7.4 -18.0 ± 2.7 Average 

(Rehab 2, 3, 

4TW) 
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2.4 Discussion 

2.4.1 Stand structure and biomass 

The influence of geomorphic settings on re-growth rates may be substantial, with more 

productive sites occurring in estuarine systems encompassing deltaic, riverine and basin 

mangroves with extensive hinterland zones typically traversed by a mosaic of rivers and 

streams (Lugo and Snedaker 1974]; Thom 1984; Woodroffe 1992). Such systems generally have 

greater rates of biomass accumulation than coastal fringing and oceanic, coral atoll sites (Figure 

2-4, Table 2-6). In this study, the differing geomorphic settings and biophysical properties of 

Tanakeke and Tiwoho had a demonstrable influence on stand structure and biomass. While 

Tanakeke and Tiwoho are both coastal fringing locations, Tiwoho abuts the mainland. 

Consequently, this location has a more extensive zone of mangroves driven by higher tidal 

amplitude (2.4 m Tiwoho vs. 1.2 m Tanakeke) resulting in a greater lateral distance between 

landward and seaward margins. Variation in inundation gradients creates more niche 

conditions able to be exploited by different species and thus higher species diversity. In 

contrast, the over-wash conditions of Tanakeke Island are largely suitable for only monospecific 

stands of Rhizophora spp. While Ref 3TI is a reasonably diverse forest with 12 mangrove species 

recorded (Table 2-2), at least 30 mangrove species have been recorded from forests 

surrounding Tiwoho (Djamaluddin 2007). Similarly, biomass of the seaward facing Ref 5TW was 

much higher than other reference forests studied. This is most likely resultant from geomorphic 

position and biophysical settings, where factors conducive to high growth such as soil texture, 

nutrient availability, and sediment influx (Alongi 2009; Broadhead 2011) led to the 

development of a wide zone of large, old growth, high biomass S. alba and Rhizophora spp trees.  

 

At a site scale, Rehab 1TI’s low stem density, basal area and subsequent limited biomass 

regeneration (1.1 Mg C ha-1) may well only embody the sites comparatively young age post- 

rehabilitation (4 years at the time of sampling). A large remnant stump of a S. alba individual 

with a diameter > 50 cm was recorded from one of the Rehab 1TI ponds indicating that Tanakeke 

Island at one stage may have supported mature mangrove stands of significant biomass similar 

to Panikiang Island (Ref 3TI). However, the site’s current regrowth trajectory will likely result in 
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a low diversity Rhizophora spp. dominated forest given the propensity of available propagule 

sources, the sites homogenous surface elevation, and the lack of a terrestrial hinterland which 

impedes mangrove zonation. Importantly, the community also maintains harvesting rights of 

EMR sites. It is likely that Rehab 1TI ponds will obtain a biomass somewhere similar to the 

coastal fringing, less - impacted Ref 1TI site upon initial maturity (40.3 ± 11.6 Mg C ha-1) 

provided trees are left to regenerate naturally. If EMR mangroves are eventually harvested 

using the same processes as the periodically cut mangrove thickets characterising the island, the 

biomass of subsequent cutting cycles upon maturity may be more similar to Ref 2TI rather than a 

more species diverse, higher biomass ecosystem such as Ref 3TI. Harvesting of mangroves on 

Tanakeke can impede natural thinning as prop and stilt root structures are left intact. This limits 

available soil space for regenerating seedlings, creating poor conditions for regrowth and 

leading to overcrowding which in turn reduces tree mortality. Tree mortality is driven by the 

rate of biomass accumulation, and mortality is reduced when conditions for growth are poor 

(Westoby 1984). In contrast, natural thinning arises from competition for resources such as 

light, water and nutrients, with tree density decreasing as the size of surviving trees increases 

(Pranchai 2017) resulting in forests of higher biomass.  

 

In marked comparison to Tanakeke’s EMR sites, the species diversity and biomass regeneration 

ascertained at Tiwoho’s Rehab 2TW and Rehab 4TW can be considered highly successful examples 

of mangrove rehabilitation. The biomass of Rehab 2TW exceeds the mean biomass of the adjacent 

Ref 4TW and has a higher diversity of species recorded despite only 10 years since restoration. 

This site, however, is still in a developmental phase with a greater proportion of biomass vested 

in seedlings and saplings while the senescent, mature state of Ref 4TW has also enabled the 

accumulation of over twice as much DDWD over time. Rehab 4TW has also regenerated 

exceedingly well with a similar diversity and composition of species to Ref 5TW. However, on its 

current trajectory it is likely to require a further 40 years (or more) to obtain a similar total 

biomass to Ref 5TW where most biomass (75.5%) is contained within large, mature Rhizophora 

spp. and S. alba individuals (DBH ≥ 30 cm). Rehab 3TW, in contrast, has much lower overall 

biomass than Rehab 2TW and Ref 4TW and exhibits a number of stunted, ailing C. tagal 

individuals. Unfavourable hydrological conditions may continue to hinder successful regrowth 
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at Rehab 3TW, particularly in the absence of any significant differences across soil properties. 

The slightly more elevated substrate across this site, particularly in landward margins, leads to 

less regular inundation which can inhibit both sedimentation and tidal flushing. The creek 

network within Rehab 3TW also remains nascent and poorly formed, with a ditch traversing the 

northern border and remanent dyke wall on the eastern boundary hindering drainage through 

the channelization of water flow. 

 

Within a global context, only a few studies have systematically measured the growth of a 

developing mangrove forest over time or attempted to quantify BGB carbon pools (Alongi 

2014), and even fewer have described growth rates across the full range of species comprising 

developing forests. There are, however, several published studies that provide chronological 

AGB data for developing Rhizophora monocultures in various geomorphic settings across 

Southeast Asia (e.g. Kridiborworn et al. 2012; Alongi & Dixon 2000; Alongi 2004; McNally et al. 

2011; Matsui et al. 2012; Duncan et al. 2016; Salmo III et al. 2013; Nam et al. 2016), East Africa 

(Bosire et al. 2008), and South America (DelVecchia et al. 2014). Given this framework, the 10 

year old coastal fringing R. apiculata dominated Rehab 4TW of Tiwoho has obtained an overall 

biomass similar to a developing R. mucronata forest of the same age reported from central 

Thailand (59.7 Mg C ha-1, Matsui et al. 2012) that was rehabilitated from an abandoned 

aquaculture pond and a 12 year old plantation of R. mucronata (59.3 Mg C ha-1) from Gazi Bay, 

Kenya (Bosire et al. 2008). Both these sites are also located in coastal fringing geomorphic 

settings. In contrast, the high growth reported for a 10 year old R. apiculata monoculture stand 

in Ca Mau, Vietnam (86.7 Mg C ha-1. McNally et al. 2011) and the rapid accumulation of biomass 

(190.8 Mg C ha-1) obtained in just 12 years of regrowth in a managed charcoal plantation in 

central Thailand (Kridiborworn et al. 2012) are both located within estuarine settings.  
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Table 2-6: Comparison of biomass in developing mangrove forests of various ages and differing geomorphic positions. Original units reported AGB only 

(apart from Bosire et al. 2008 & Duncan et al. 2016) and did not include DDWD. Published AGB results are adjusted by multiplying by 35.8 % to account 

for the proportion of biomass estimated to be allocated to BGB (Alongi 2014). Biomass estimations from this study are inclusive of AGBC, DDWC, and 

BGBC.   

Cohort bracket Location  Forest type Dominant 

species  

Age Biomass 

(Mg C ha-1) 

Average 

biomass per 

cohort (Mg C 

ha-1) 

Data source 

Estuarine 

0-5 Central Thailand  Planted forest  R. apiculata 1 0.1 26.5 Kridiborworn et 

al. (2012) 

 Central Thailand  Planted forest   R. apiculata 3 0.4  Kridiborworn et 

al. (2012) 

 Sawi Bay, 

Thailand  

Planted forest R. apiculata 3 

38.9 

 Alongi & Dixon 

(2000) 

 Sawi Bay, 

Thailand  

Planted forest  R. apiculata 3 27.8  Alongi & Dixon 

(2000) 

 Sawi Bay, 

Thailand  

Planted forest R. apiculata 5 28.8  Alongi & Dixon 

(2000) 

 Ca Mau, 

Southern 

Vietnam 

Planted forest  R. apiculata 5 25.3  McNally et al. 

(2011) 

 Matang, 

Peninsular 

Malaysia 

Managed 

plantation forest 

R. apiculata 5 64.3  Alongi et al. 

(2004) 

6-10 Central Thailand  Planted forest  R. apiculata 6 27.8 71.9 Kridiborworn et 

al. (2012) 

 Central Thailand  Planted forest  R. apiculata 9 158.6  Kridiborworn et 

al. (2012) 

 Ca Mau, Planted forest  R. apiculata 10 86.7  McNally et al.  
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Southern 

Vietnam 

(2011) 

 Ecuador Planted forests 

(fish ponds) 

R. mangle; A. 

germinans; L. 

racemosa 

10 14.5  DelVecchia et al. 

(2014) 

11-15 Ecuador Planted forests 

(fish ponds) / 

R. mangle; A. 

germinans; L. 

racemosa 

12 27.8 103.0 DelVecchia et al. 

(2014) 

 Central Thailand  Planted forest  R. apiculata 12 190.8  Kridiborworn et 

al. (2012) 

 Sarawak, 

Malaysia 

Planted forest R. apiculata 15 70.6  Chandra et al. 

(2011) 

 Ca Mau, 

Southern 

Vietnam 

Planted forest  R. apiculata 15 122.6  McNally et al. 

(2011)  

16-20 Lingayen Gulf, 

Philippines 

Planted forest R. mucronata 18 69.9 120.2 Salmo III et al. 

(2013) 

 Matang, 

Peninsular 

Malaysia 

Managed 

plantation forest 

R. apiculata 18 212.8  Alongi et al. 

(2004) 

 Matang, 

Malaysia  

Managed 

plantation forest 

R. apiculata 20 141.5  Ong et al. (1995) 

 Ecuador Afforestation  

(halophytic 

ferns) 

R. mangle; A. 

germinans; L. 

racemosa 

20 56.4  DelVecchia et al. 

(2014) 

21-35 Sawi Bay, 

Thailand  

Planted forest R. apiculata 25 208.1 146.1 Alongi & Dixon 

(2000) 

 Ca Mau, 

Southern 

Vietnam 

Planted forest  R. apiculata 25 167.8  McNally et al. 

(2011)  

 Ca Mau, 

Southern 

Vietnam 

Planted forest  R. apiculata 35 197.7  McNally et al. 

(2011) 
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 Mekong Delta, 

Vietnam  

Replanted site R. apiculata 35 73.5  Nam et al. 

(2015) 

 Mekong Delta, 

Vietnam  

Naturally 

rehabilitated 

site 

R. apiculata 35 83.2  Nam et al. 

(2015) 

36+ Matang, 

Malaysia  

Virgin forest 

(harvested only 

once early 

1900’s) 

R. apiculata >80 278.1 313.2 Putz & Chan 

(1986) 

 Matang, 

Peninsular 

Malaysia 

Virgin forest 

(harvested only 

once early 

1900’s) 

R. apiculata 85 348.3  Alongi et al. 

(2004) 

Coastal fringing and oceanic 

0-5 Laguindingan, 

Philippines 

Planted forest  

(afforestation), 

Intertidal 

seagrass beds  

R. apiculata / R. 

mucronata 

3 

25.8 

14.3 Sharma et al. 

(2017) 

 Rehab 1TI, 

Indonesia  

Assisted 

rehabilitation 

(EMR), Oceanic 

coral atoll, over-

wash mangroves 

R. stylosa 4 1.1 ± 0.4  This study 

 Central Thailand Planted forest  R. mucronata 4 12.0  Matsui et al. 

(2012) 

 Nabitasan, 

Philippines 

Replanted 

(abandoned fish 

pond) 

A. marina 5 5.2  Duncan et al. 

(2016) 

6-10 Ca Mau, 

Southern 

Vietnam 

Planted forest, 

high intertidal 

zone   

R. apiculata 6 49.4 36.3 Alongi (2000)  

 Lingayen Gulf, 

Philippines 

Planted forest R. mucronata 6 8.2  Salmo III et al. 

(2013) 
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 Ermita, 

Philippines 

Replanted, low 

intertidal 

S. alba 7 14.4  Duncan et al. 

(2016) 

 Bakhawan, 

Philippines 

Replanted R. apiculata 8 30.7  Duncan et al. 

(2016) 

 Ca Mau, 

Southern 

Vietnam 

Natural 

rehabilitation, 

high intertidal 

zone 

R. apiculata 8 56.8  Alongi (2000) 

 Dumangas, 

Philippines 

Natural 

recolonization 

(abandoned fish 

pond) 

A. marina 8 25.6  Duncan et al. 

(2016) 

 Lingayen Gulf, 

Philippines 

Planted forest R. mucronata 8 11.0  Salmo III et al. 

(2013) 

 Laguindingan, 

Philippines 

Planted forest  

(afforestation), 

intertidal 

seagrass beds 

R. apiculata / R. 

mucronata 

9 45.0  Sharma et al. 

(2017) 

 Rehab 2TW, 

Indonesia 

Assisted 

rehabilitation 

(EMR), mid - 

lower 

(landward) 

mangroves 

C. tagal 10 65.9 ± 6.2  This study 

 Rehab 3TW, 

Indonesia 

Assisted 

rehabilitation 

(EMR), mid - 

lower 

(landward) 

mangroves 

C. tagal 10 27.80 ± 8.6  This study 

 Rehab 4TW, 

Indonesia 

Assisted 

rehabilitation 

(EMR), upper 

R. apiculata 10 53.9 ± 13.3  This study 
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(seaward) 

mangroves 

 Lingayen Gulf, 

Philippines 

Planted forest R. mucronata 10 23.2  Salmo III et al. 

(2013) 

 Central Thailand Planted forest  R. mucronata 10 59.7  Matsui et al. 

(2012) 

11-15 Lingayen Gulp, 

Philippines 

Planted forest R. mucronata 11 26.2 38.9 Salmo III et al. 

(2013) 

 Gazi Bay, Kenya Replanted forest R. mucronata 12 59.3  Boisre et al. 

(2008) 

 Kalibo, 

Philippines 

Planted forest R. mucronata 12 31.1  Salmo III et al. 

(2013) 

16-20 Kalibo, 

Philippines 

Planted forest R. mucronata 17 61.6 61.6 Salmo III et al. 

(2013) 

21-35 Laguindingan, 

Philippines 

Planted forest  

(afforestation), 

intertidal 

seagrass beds 

R. apiculata / R. 

mucronata 

21 67.5 136.6 Sharma et al. 

(2017) 

 Ca Mau, 

Southern 

Vietnam 

Planted forest, 

high intertidal 

zone   

R. apiculata 35 205.6  Alongi (2000) 

36+ Bohol, 

Philippines 

Planted forest R. mucronata 50 79.9 79.9 Salmo III et al. 

(2013) 

Overall (estuarine and coastal fringing) 

0-5      22.8  

6-10      44.7  

11-15      75.5  

16-20      108.4  

21-35      143.3  

36+      235.4  
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Figure 2-4: Average estimated biomass accumulation in developing mangrove forests per age 

cohort. Data is sourced from Table 2-6. 

 

2.4.2 Soil properties and C stocks 

The marine or oceanic reference sites of Tanakeke had much higher C% and N% and lower C:N 

ratios than the coastal fringing, mainland sites of Tiwoho because riverine sedimentation 

(allochthonous material) from mainland sources dilutes autochthonous derived carbon (e.g. leaf 

litter) and lowers C% (Weiss et al. 2016). Additionally, oceanic mangroves do not receive as 

much N from allochthonous sources (i.e. imported from rivers) which leads to higher resorption 

of key nutrients such as N in mangrove leaves and roots. This in turn leads to autochthonous 

detritus (e.g. leaf litter and fine root turnover) low in labile N and therefore harder to digest and 

decompose by microbial communities. The result is higher concentrations of soil N and C 

through low decomposition rates of organic matter and subsequent higher SOC burial rates.  

 

The shallow soil depth recorded from Tanakeke Islands Ponds 1TI and Rehab 1TI is likely 

resultant from loss of the top ~60 cm of soil from the slightly elevated central plateau or ‘floor’ 
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of the ponds, provided they once exhibited soil structure and depths similar to Ref 1TI.  The soil 

properties exhibited (shallow organic soil layer, coarse texture, comparatively higher mean BD 

and lower SOC, C %, N stock and N% when compared to Tanakeke reference sites) is indicative 

of low soil fertility, characteristics which clearly constrain regrowth and productivity. This is 

consistent with the observations of Kauffman et al. (2014), Kauffman et al. (2016) and Castillo et 

al. (2017a) where soils of aquaculture ponds converted from mangroves tend to be more 

compact (higher BD) when compared with reference sites, inhibiting subsequent root growth 

and penetration, and contain less SOC compared to adjacent mangroves. This may result from 

land preparation during conversion and construction, where mangrove soils are drained, 

exposed, and excavated leading to the physical loss of soil and oxidation of the C rich top layer 

which reduces C concentrations and increases compaction (Kauffman et al. 2014).   

 

While Ponds 2TW also had higher BD than either Ref 4TW or Ref 5TW probably also as a result of 

soil compaction, it exhibits higher C concentrations and C stock than reference forests and EMR 

sites. Soil C content generally increased with depth across all Tiwoho sites, and it is likely that 

the top 100 cm of soil at Ponds 2TW corresponds to soil depths in the non-impacted reference 

forests of 50 cm – 150 cm consistent with the loss of the uppermost soil layers during pond 

construction and excavation. The fact that C and N remains high in the top layers of Ponds 2TW 

with little evidence of stock loss or soil subsidence through organic C decomposition is most 

likely related to landuse and geomorphic settings. The ponds at Ponds 2TW, while disused at the 

time of surveying, were not abandoned and were last in production and inundated several years 

before the current study was conducted. High N content is most likely a legacy of fertiliser 

application during operation. Aquaculture ponds can also function as weak C sinks (Boyd et al. 

2010) when in operation as inundation tends to inhibit C oxidisation and atmospheric exchange, 

while falling detritus (e.g. from algae within the water column) to the pond floor facilitates 

sedimentation and C burial. Ponds 2TW is also located in a shallow depression directly adjacent 

to the flanks of Mount Timpa (637m). Runoff from the slopes of this volcanic peak feed directly 

into the ponds and may favour the accumulation of sediments and C burial, especially given the 

retention of pond walls and lack of adequate tidal flushing which facilitates the trapping of 

organic matter. In comparison, the landward elevation gradient is not as pronounced at Tiwoho 
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and an alluvial valley separates part of the EMR sites from Mount Timpa. Duncan et al. (2016) 

make a similar observation where abandoned fishponds in the Philippines had higher sediment 

C stocks than natural areas, reflective of their position overlying former mangrove basins and 

the retention of the majority of seaward banks which reduces tidal flushing of sediments.   

 

2.4.3 Ecosystem C stocks 

The total ecosystem carbon stock of Tanakeke’s Rehab 1TI and Ponds 1TI remains a fraction of 

Ref 1TI (22.9% and 18.7% respectively) and Ref 3TI (26% and 21.2% respectively). This is 

indicative of the loss of C stored in biomass and soil as well as limited recovery of C stocks to 

date. Rehab 2TW and Rehab 3TW, however, exhibit 77.9% and 63.3% of the total ecosystem 

carbon stock in comparison to Ref 4TW, indicative of substantial biomass gains in a single decade 

following rehabilitation. There remains a significant 200 Mg C ha-1 difference in total ecosystem 

carbons between Rehab 4TW and Ref 5TW due to substantial differences in living biomass.  

 

The total ecosystem carbon stocks of mature, reference sites from both locations are within the 

range (302.1 – 921.9 Mg C ha-1) reported from 8 different mangrove communities in Indonesia 

assessed by Murdiyarso et al. (2015). For these assessments, as is commonly done, soil C is 

limited to the top meter of soil. However, it is likely that our estimates of soil C from the Tiwoho 

sites in particular (and hence total ecosystem carbon stock) are an underestimation as soil 

depth was deeper than 1 m. Murdiyarso et al. (2015) recorded a mean soil depth to 3 m from 6 

plots at one of the coastal fringing Bunaken sites assessed near Tiwoho, and true values for total 

ecosystem stock at Tiwoho are likely to approach estimates for Indonesian (1082.4 Mg C ha-1. 

Murdiyarso et al. 2015), estuarine (1073.9 Mg C ha-1. Donato et al. 2011) or oceanic mangroves 

(989.9 Mg C ha-1. Donato et al. 2011) where soil depth and C content greater than 1 m is 

included in calculations. 

 

2.4.4 Estimates of C stock – change as a function of LULUCF 

The average loss of C (biomass and soils) from the converted sites of Tanakeke (Rehab 1TI and 

Ponds 1TI) is over twice as much as that estimated from the EMR sites of Tiwoho, noting that 
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estimates of SOC loss from Tiwoho sites are likely to be an underestimation as values are not 

adjusted to compensate for any soil C gains post – rehabilitation. This is slightly greater than the 

upper estimate for oceanic mangroves of 414.7 Mg C ha-1 reported by Murray et al. (2011), the 

upper estimate of 392 Mg C ha-1 from Donato et al. (2011), and the loss of SOC from mangrove 

conversion to aquaculture ponds (398.1 Mg C ha-1) recorded in the Philippines (Castillo et al. 

(2017a). All these studies were limited to the top 1 m of soil, whereas Kauffman et al. (2014) 

recorded soil depths to 2.5 m from mangroves of Montecristi (Dominican Republic) and inferred 

substantially higher C release in mangrove biomass and soils arising from landuse conversion to 

aquaculture ponds (mean of 718.5 Mg C ha-1). This is not dissimilar to observations by Ong 

(1993) in Malaysia who reported C losses from mangrove conversion to aquaculture ponds at 

depths of up to 2 m could be as high as 900 Mg C ha-1.  

 

Soil C burial rates have not been estimated due to the extremely heterogeneous nature of the 

environments in which mangroves exist and wide reported range in rates of sediment 

accumulation. However, it is likely that Tiwoho’s EMR sites have already regained a significant 

proportion of SOC that was lost given the vegetative coverage and structural complexity that has 

developed over the last 10 years. For instance, Matsui et al. (2010) recorded a rapid increase in 

organic soil carbon of 50 Mg C ha-1 in just two years following the rehabilitation of an 

abandoned aquaculture pond in Thailand where land was mechanically excavated 25 cm below 

the previous level to increase inundation times for replanted Rhizophora mucronata and 

Bruguiera cylindrical stands (Matsui et al. 2010). Over 10 years, soil carbon increased by 83 Mg 

C ha-1 (Matsui et al. 2012). These results suggests that hydrological restoration through 

mechanical levelling (although expensive and resource intensive) may be a viable means to 

rapidly expedite the process of allochthonous and autochthonous soil C sequestration. It is likely 

that a similar but natural process (i.e. without the need for mechanical excavation) has occurred 

at Tiwoho’s EMR sites through the rapid infilling of sediments and subsequent soil carbon burial 

as hydroperiod was restored and pond walls eroded.    

 

Regrowth at Tiwoho’s EMR sites represents a net offset of 40.7% from overall biomass C losses 

(120.8 Mg C ha-1) incurred post – conversion. Assuming biomass accumulation remains on a 
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linear trajectory as mangrove forests regrow, Tiwoho’s EMR sites on average will have offset all 

biomass C that had been lost within approximately the next 11 years, with full regrowth (with 

reference to the average biomass of Ref 4TW and Ref 5TW) obtained in 29 – 30 years. 

 

2.4.5 Effectiveness of EMR for C accumulation 

Biomass gains have been minimal at Rehab 1TI and the lack of vegetative cover establishment 

post – EMR renders this site unlikely to have established either an autochthonous or 

allochthonous soil C sink function. Mangrove development and the rate of biomass accumulation 

is typically non-linear, with some studies indicating that mangroves accumulate biomass rapidly 

in growth spurts between 6 - 10 years old (Komiyama et al. 2008). This is a phenomena 

empirically observed in mangrove charcoal plantations in central Thailand where biomass 

increased by two orders of magnitude in just three years between the ages of 3 (0.4 Mg C ha-1) 

and 6 (27.8 Mg C ha-1, Kridiborworn et al. 2012). Whether Rehab 1TI has the necessary 

biophysical prerequisites to enable such rapid growth spurts over the next few years, however, 

is less obvious. Limitations to regrowth and natural recruitment may include remaining physical 

impediments to hydrological connectivity coupled with the inherent infertility of soils derived 

from coralline parent material. While dyke walls were strategically breached at certain locations 

to facilitate tidal flow, they have not yet fully eroded which may channelize water movement 

and present a physical barrier for natural propagule dispersal from adjacent mangroves during 

flood tides into EMR ponds to further augment assisted plantings. Impaired or restricted tidal 

exchange can also reduce flushing and result in higher salinity and reduced sediment supply. 

This in turn can induce mangrove stress (Brown and Lewis. 2016) resulting in poor regrowth.  

 

In comparison, there are a number of older disused ponds near Rehab 1TI where the majority of 

dyke walls have eroded naturally since abandonment between 6 to 20 years previously. These 

sites now display stem densities of 6, 000 – 8, 000 per ha-1 (Brown et al. 2014) with the oldest 

exhibiting almost complete mangrove coverage. While situated at a slightly lower lying 

elevation, the erosion of most barriers may have facilitated propagule dispersal and mangrove 

regrowth along with the development of deeper, autochthonous derived organic soils which 
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more closely resemble the physical characteristics of Ref 1TI. The success of mangrove forest 

development can operate in self-propagating feedback loops whereby the increasing vegetative 

complexity of developing forests correlates to a greater ability of root structures to slow tidal 

movement (Krauss et al. 2003; Kathiresan 2003). This in turn facilitates more efficient 

sediment, nutrient and propagule capture from the water column. Alongside soil fertility, these 

are important factors driving regrowth and it is likely that such a process has occurred at the 

naturally rehabilitated sites. The eventual natural erosion of barriers to tidal connectivity (e.g. 

dyke walls) and partial regrowth of mangrove stands in disused aquaculture ponds has also 

been documented in the Mahakam Delta of East Kalimantan, Indonesia (Rahman 2011), 

although such physical impediments to natural recovery can remain in place years after the 

cessation of aquaculture activities.  

 

The rehabilitation of degraded mangroves such as disused fishponds has attracted considerable 

interest in recent decades as a means to restore the vitally important ecosystem services 

(including C sequestration) that healthy mangroves provide. Observations from this study 

support recent discourse and verify the hypothesis that the success of EMR as a strategy to 

rehabilitate mangroves and to maximise C storage and sequestration in the context of LULUCF is 

largely contingent on geomorphic settings, biophysical attributes and the removal of barriers to 

hydrological connectivity. Tanakeke’s EMR sites are still nascent in biomass accumulation with 

impediments to regrowth including remanent physical barriers to hydrological connectivity 

coupled with soil compaction as a legacy of conversion which may hinder root penetration, even 

with the assistance of propagule dispersal by hand. Species diversity will likely remain low due 

to the sites homogenous surface elevation and lack of terrestrial hinterland which impedes 

mangrove zonation, although it is possible that the site will eventually obtain a modest biomass 

if remaining pond walls either erode naturally or further strategic breaching is enacted. 

Tiwoho’s EMR sites, conversely, are located in geomorphic settings where factors positively 

correlated to productivity may have a greater influence on the success of forest development. 

These sites are also encapsulated by diverse natural mangrove forests which provide an ample 

source of propagules, and because hydrological barriers (pond walls and ditches) were largely 
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removed and adequate drainage channels created propagule dispersal and recruitment is 

unimpeded.  

 

2.5 Conclusions 

While the conservation and preservation of mangroves in situ remains the most viable and 

effective means of minimising C emissions from the ongoing degradation of mangrove 

ecosystems, our findings from Tiwoho in particular add further weight to the growing literature 

that concludes rehabilitation of disused aquaculture ponds (especially if based on the principles 

of EMR) in geomorphic and biophysical settings conducive to high productivity with unimpeded 

hydrological connectivity can support high growth rates and the development of an extremely 

effective C sink. This increases the viability and marketability of mangrove rehabilitation within 

the forest carbon sector, and should serve to stimulate public and private sector investment to 

counteract loss of C from LULUCF and the ongoing clearance and degradation of mangroves.  
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Table 2-7: Supplementary Information. List of allometric equations used specific to species. WD = Wood Density; WV = Wood Volume; FM = Foliage Mass; 

FL = Total frond length (Nypa palm); AWM = Aboveground Wood Mass; APR = Aboveground Prop Roots (Rhizophora spp.); TAGB = Total Aboveground 

Biomass; WR = Belowground Wood Roots; DBH = Diameter at Breast Height; H = Tree Height; N = samples size of trees used to develop the equation; R2 = 

coefficient of determination; Dmax = maximum diameter of sampled trees. Wood density sourced from Chave et al. 2009; World Agroforestry Centre 

(retrieved 2016); and Simpson 1996.   

Species  Wood 

Density 

Wood 

volume 

(g/cm3) 

Foliage 

Mass (kg) 

Abovegroun

d Wood 

Mass (kg) 

Abovegroun

d Prop Roots 

(Rhizo spp.) 

Total 

Abovegroun

d Biomass 

(kg) 

Belowgroun

d Biomass 

(kg) 

References 

Bruguiera 

gymnorrhiz

a 

WD = 0.741 WV = 

0.0754DBH2.5

05 

 

n = 326 

Dmax = 132 

R2 = 0.91 

 

FM = 

0.679DBH1.49

14 

 

n = 17 

Dmax = 24 

R2 = 0.85  

 

AWM = WV * 

WD /1000  

N / A TAGB = ∑(FM +  

AWM + APR) 

WR = 

0.0188(DBH2

H)0.909 

 

H = 

DBH/(0.025

DBH+0.583) 

 

n = 11 

Dmax = 33 cm 

R2 = 

unknown 

WV: Kaufman and Cole 

2010;  

 

FM: Clough and Scott 

1989; 

 

WR: Komiyama et al. 2008 

(original ref. Tamai et al. 

1986). 

Rhizophora 

apiculata 

WD = 1.050 WV = 

0.0695DBH2.6

44 

 

n = 191 

Dmax = 60 

R2 = 0.89 

 

FM = 

0.139DBH2.10

72 

 

n = 23 

Dmax = 23 

R2 = 0.86 

 

AWM = WV * 

WD /1000 

APR = 

0.0209DBH2.5

5 

 

n = 41 

Dmax = N / A 

R2 = 0.84 

 

TAGB = ∑(FM +  

AWM + APR) 

WR = 

0.00974(DB

H2H)1.05 

 

H = 

DBH/(0.02D

BH+0.678) 

 

WV: Kaufman and Cole 

2010; 

 

FM: Clough and Scott 

1989;  

 

APR: Komiyama et al. 

2008 (original ref. Ong et 
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n = 16 

Dmax = 40 cm 

R2 

=unknown 

al. 2004);  

 

WR: Komiyama et al. 2008 

(original ref. Tamai et al. 

1986).  

Sonneratia 

alba 

WD = 0.780 WV = 

0.03841DBH
2.101 

 

n = 346 

Dmax = 323 

R2 = 0.92 

 

FM = 

0.679DBH1.49

14 

 

 

n = 17 

Dmax = 24 

R2 = 0.85  

 

 N / A TAGB = ∑(FM +  

AWM + APR) 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

WV: Kaufman and Cole 

2010; 

 

FM: Clough and Scott 

1989; 

 

WR: Komiyama et al. 2005 

(Common equation). 

Avicennia 

marina 

WD = 0.730 N / A N / A N / A N / A TAGB = 

0.308DBH2.11 

 

n = 22 

Dmax = 35 

R2 = 0.97  

 

WR = 

1.28DBH1.17 

 

n = 14 

Dmax = 35 

R2 = 0.80  

 

TAGB: Komiyama et al 

2008 (original ref. 

Comley & McGuinness 

2005); 

 

WR: Komiyama et al 2008 

(original ref. Comley & 

McGuinness 2005). 

Rhizophora 

stylosa 

WD = 1.050 N / A N / A N / A APR = 

0.0209DBH2.5

5 

 

n = 41 

Dmax = N / A 

R2 = 0.84 

 

TAGB = 

0.128DBH2.60

+ APR 

 

n = 9 

Dmax = 32 

R2 = 0.92  

 

WR = 

0.00974(DB

H2H)1.05 

 

H = 

DBH/(0.02D

BH+0.678) 

 

n = 16 

Dmax = 40 cm 

R2 

WV: Komiyama et al 2008 

Rhizophora spp. (original 

ref. Fromard et al. 1989); 

 

APR: Komiyama et al 2008 

for R. apiculata (original 

ref. Ong et al 2004);  

 

WR: Komiyama et al 2008 

(original ref. Tamai et al. 

1986). 
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=unknown 

Ceriops 

tagal 

WD = 0.803 N / A N / A N / A N / A TAGB = 

0.2079DBH2.4

07 

 

n = unknown  

Dmax = 

unknown 

R2 =  

unknown 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Wilson 2010 (Nam 

pers. comm., 2010);  

 

WR: Komiyama et al. 2005 

(Common equation). 

Sonneratia 

caseolaris 

WD = 0.552 N / A N / A N / A N / A TAGB = 

0.03841DBH
2.101*WD 
 

n = 346 

Dmax = 323 

R2 = 0.92 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Kaufman and Cole 

2010; 

 

WR: Komiyama et al. 2005 

(Common equation). 

Xylocarpus 

granatum 

WD = 0.700 N / A N / A N / A N / A TAGB = 

0.1832DBH2.2

1 

 

n = 30 

Dmax = 41 

R2 = 0.95 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB:  Tarlan 2008;  

 

WR: Komiyama et al. 2005 

(Common equation). 

Lagunculari

a racemosa 

WD = 0.600 N / A N / A N / A N / A TAGB = 

0.362DBH1.93 

 

n = 10 

Dmax = 18 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

TAGB: Smith and Whelan 

2006. 

 

WR: Komiyama et al. 2005 

(Common equation). 



65 

 

R2 = 0.98 Dmax = 45 cm 

R2 = 0.95 

Lumnitzera 

racemosa 

WD = 0.750 N / A N / A N / A N / A TAGB = 

0.251WD(DB

H)2.46 

 

n = 104 

Dmax = 49 

R2 = 0.98 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Komiyama et al. 

2005 (Common 

equation). 

 

WR: Komiyama et al. 2005 

(Common equation). 

Avicennia 

lantana 

WD = 0.730 N / A N / A N / A N / A TAGB = 

0.308DBH2.11 

 

n = 22 

Dmax = 35 

R2 = 0.97  

WR = 

1.28DBH1.17 

 

n = 14 

Dmax = 35 

R2 = 0.80  

TAGB: Komiyama et al 

2008 (original ref. 

Comley & McGuinness 

2005); 

 

WR: Komiyama et al 2008 

(original ref. Comley & 

McGuinness 2005). 

Aegiceras 

corniculatu

m  

WD = 0.510 N / A N / A N / A N / A TAGB = 

0.251WD(DB

H)2.46 

 

n = 104 

Dmax = 49 

R2 = 0.98 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Komiyama et al. 

2005 (Common 

equation). 

 

WR: Komiyama et al. 2005 

(Common equation). 

Acanthus 

ilicifolius  

WD = 0.750 N / A N / A N / A N / A TAGB = 

0.251WD(DB

H)2.46 

 

n = 104 

Dmax = 49 

R2 = 0.98 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Komiyama et al. 

2005 (Common 

equation). 

 

WR: Komiyama et al. 2005 

(Common equation). 
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Rhizophora 

mucronata 

WD = 0.867 N / A N / A N / A APR = 

0.0209DBH2.5

5 

 

n = 41 

Dmax = N / A 

R2 = 0.84 

TAGB = 

0.128DBH2.60

+ APR 

 

n = 9 

Dmax = 32 

R2 = 0.92  

WR = 

0.00974(DB

H2H)1.05 

 

H = 

DBH/(0.02D

BH+0.678) 

 

n = 16 

Dmax = 40 cm 

R2 

=unknown 

WV: Komiyama et al 2008 

Rhizophora spp. (original 

ref. Fromard et al. 1989); 

 

APR: Komiyama et al 2008 

for R. apiculata (original 

ref. Ong et al 2004);  

 

WR: Komiyama et al 2008 

(original ref. Tamai et al. 

1986). 

Nypa 

fruticans 

N/A N / A N / A N / A N / A 0.029FL
2.013 

R2 = 0.96 (FL) 

N/A FL: Wilson 2010 

Scyphiphora 

hydrophylla

cea 

WD = 0.750 N / A N / A N / A N / A TAGB = 

0.251WD(DB

H)2.46 

 

n = 104 

Dmax = 49 

R2 = 0.98 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Komiyama et al. 

2005 (Common 

equation). 

 

WR: Komiyama et al. 2005 

(Common equation). 

Xylocarpus 

molluccensi

s 

WD = 0.750 N / A N / A N / A N / A TAGB = 

0.251WD(DB

H)2.46 

 

n = 104 

Dmax = 49 

R2 = 0.98 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

Dmax = 45 cm 

R2 = 0.95 

TAGB: Komiyama et al. 

2005 (Common 

equation). 

 

WR: Komiyama et al. 2005 

(Common equation). 

Excoecaria 

agallocha 

WD = 0.750 N / A N / A N / A N / A TAGB = 

0.251WD(DB

H)2.46 

 

n = 104 

WR = 

0.199WD
0.899

DBH2.22 

 

n = 26 

TAGB: Komiyama et al. 

2005 (Common 

equation). 

 

WR: Komiyama et al. 2005 
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Dmax = 49 

R2 = 0.98 

Dmax = 45 cm 

R2 = 0.95 

(Common equation). 
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An abandoned aquaculture pond near Makassar, South 
Sulawesi.  

3. Hydroperiod, soil moisture and bioturbation are critical 

drivers of greenhouse gas flux and vary as a function of 

landuse change in mangroves of Sulawesi, Indonesia  
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3.1 Introduction 

Mangroves can be both significant sources and sinks of greenhouse gases (GHGs) 

(Mukhopadhyay et al. 2002), with variation driven by the complex interplay between a number 

of biophysical factors which can vary over multiple spatial and temporal scales (Bulmer et al. 

2017). Key variables controlling GHG flux include the relative abundance of macrofauna and 

macrofaunal burrows (bioturbation), living root biomass and surface area (lenticels and fine 

roots), soil temperature, soil moisture content, geomorphic position, hydroperiod (duration of 

tidal inundation), and the presence of benthic biofilms (Chanda 2014; Fuentes & Barr 2015; 

Lovelock et al. 2011; Leopold et al. 2015). Additionally, changing from mangroves to other land 

uses (referred to here as Land Use, Land-Use Change and Forestry, LULUCF) such as aquaculture 

ponds can fundamentally alter the state of biophysical variables, affecting both the magnitude 

and direction of GHG fluxes.  

 

While a substantial number of studies have assessed GHG flux from healthy mangroves soils and 

water bodies (see reviews by Alongi 2009; Kristensen 2007; and Bouillon et al. 2008), there is a 

paucity of studies that have quantified either the influence of key biophysical variables or the 

magnitude and direction of flux in the context of LULUCF. In particular, few studies have 

measured emissions from mangrove systems that have been converted to aquaculture ponds, 

the major driver of mangrove deforestation in Southeast Asia through much of the late 20th and 

early 21st century (Primavera 2006; Richards & Friess 2016). Quantification of GHG flux 

dynamics are further complicated when anthropogenic land uses are then returned to mangrove 

forest, either through natural colonization or via assisted rehabilitation. More data is needed to 

assess whether rehabilitation is a viable land management intervention to minimise on-going 

emissions as well as drive carbon (C) sequestration over time as forests regenerate, thus 

securing tangible GHG emissions reductions and removals.   

 

This study addresses such knowledge gaps through quantifying, comparing and contrasting GHG 

fluxes across gradients of biophysical variables and LULUCF categories. We aim to firstly assess 

the influence of selected biophysical variables on GHG flux, specifically hydroperiod, soil 

temperature, soil water content, macrofaunal burrows, Mud lobster mounds and lenticel (e.g. 
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pneumatophores and knee roots) density. Secondly, we frame GHG emissions within a 

continuum of LULUCF from (a) natural, reference mangrove forests; (b) aquaculture ponds 

converted from mangroves; and (c) disused aquaculture ponds that have undergone 

rehabilitation in order to assess the direction and relative magnitude of flux change. With regard 

to the biophysical influences on mangrove GHG emissions, we hypothesize that sediment 

temperature has a minimal impact on GHG fluxes in these tropical locations, with longer 

hydroperiod and higher soil moisture content more important factors in mediating GHG efflux 

consistent with studies by Leopold et al. (2015) and Hien et al. (2018). Additionally, we propose 

that a greater abundance of macrofaunal burrows, mud lobster mounds and root structures is 

positively correlated with enhanced GHG efflux (see Alongi 2014 and Bouillon et al. 2008) in 

high canopy coverage mangroves. We also postulate that LULUCF results in marked differences 

in GHG emission profiles between land uses, with highest emissions from dry, tidally 

disconnected aquaculture ponds overlaying organic soils (see Sidik & Lovelock 2013) and 

lowest emissions from hydrologically connected, long-hydroperiod (Leopold et al. 2015) 

rehabilitating sites of low mangrove cover. Additionally, we postulate that the reinstitution of 

functioning hydrological regimes via the breaching of pond walls is a simple but crucial 

intervention which almost immediately mediates GHG flux from dry, exposed and oxidising 

aquaculture ponds. 
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Figure 3-1: Graphical abstract of biophysical drivers of GHG efflux and variation as a function of land-use change. 
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3.2 Materials and Methods 

3.2.1 Study locations 

This study assessed GHG flux from 12 distinct sites at three contrasting locations in Sulawesi, 

Indonesia; Kurri Chadi, Tanakeke Island, and Tiwoho (Figure 3-2, Table 3-1). Mangroves at 

these locations were converted to aquaculture ponds, with the coastal fringing aquaculture 

ponds of Kurri Chadi on the mainland of South Sulawesi in a state of disuse at the time of 

assessment. At Tanakeke and Tiwoho, ponds operated for a number of years before falling into 

disuse. Ecological Mangrove Rehabilitation (EMR) – the promotion of natural colonisation by 

improving hydrology (Lewis 2005) – was conducted in 2005 at Tiwoho and 2010 on Tanakeke 

Island. Despite similar management histories, the EMR sites differ markedly in biophysical 

settings and productivity. Tanakeke is an oceanic, over-wash atoll with shallow coralline sandy 

substrates exhibiting low mangrove biomass and low species diversity. Tiwoho in contrast is a 

riverine influenced system with deeper organic soils, higher mangrove biomass and higher 

species diversity. 
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Figure 3-2: Locations of study sites.  
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Table 3-1: Description of assessment sites reported in this study. Species abbreviations: Rs = R. stylosa; Ct = C. tagal; Ra = R. apiculata; Bg = B. 

gymnorrhiza; Sa = S. alba. Sites from Tanakeke Island locations are appended by TI, sites from Tiwoho locations by TW, Kurri Chadi ponds by KC. 

Site ID Geomorphic position Dominant 

species 

Description 

Intact, mature reference forests 

Ref 1TI Oceanic coral atoll: 

over-wash mangroves, 

coastal fringing 

Ra (42%); Rs 

(30.6%); Bg 

(8.3%) 

Diverse, less disturbed mangrove forest on Panikiang Island in South Sulawesi.  

Ref 2TW  Coastal fringing: mid- 

lower (landward) 

mangroves 

Ct (82.3%); Ra 

(15.3%) 

Mature reference forest used as a reference to Rehab 4 and 5TW in Tiwoho.  

Ref 3TW  Coastal fringing: upper 

(seaward) mangroves 

Ra (89.5%); 

Bg (5.3%) 

Mature forest used as a reference to Rehab 6TW in Tiwoho.  

Aquaculture ponds 

Pond 1KC Coastal fringe, 

Makassar 

 

N / A Disused aquaculture pond at a village called Kurri Chadi on the northern outskirts of Makassar, 

South Sulawesi. Pond 1KC was still being utilised for the production of Chanos chanos (Milkfish) at 

the time of measurement. The majority of the pond (~90%) was inundated with brackish water to 

a depth of about 1 m and displayed signs of eutrophication with a high algae content both within 

the water column and on the water surface.   

Pond 2KC Coastal fringe, 

Makassar 

N / A Dried, disused aquaculture pond located adjacent to Pond 1KC. The entire pond surface was 

porous, cracked and fissured to depths of 15 cm in places.  

Pond 3TW  Coastal fringe, Tiwoho N / A Disused aquaculture ponds comparable to Tiwoho’s EMR sites prior to rehabilitation. Ponds are 

not abandoned and are intermittently farmed. Sluice gates were partially degraded, allowing a 

limited influx of tidal water.   

Rehabilitated mangroves 

Rehab 1TI 

& Rehab 

2TI 

Oceanic / coral atoll: 

over-wash mangroves, 

coastal fringe, 

Tanakeke Island 

Rs (90%); Ct 

(6.5%) 

Former aquaculture ponds on Tanakeke Island that had undergone EMR 4 years prior to the time 

of survey. EMR sites are characterised by low regrowth and a slightly elevated central plateau 

interior consisting of shallow sandy loam (55% of extent) uniformly covered by a thin layer of 

phototrophic biofilm. Narrow ditches fringe the site which are infilled with organic laden 

sediments. The southern seaward margins of Rehab 1 and 2TI display more organic content and 

contain numerous decaying fine roots of Rhizophora spp. 
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Rehab 3TI Oceanic / coral atoll: 

over-wash mangroves, 

coastal interior 

Ra (73%); Rs 

(27%) 

Former pond where the majority of dyke walls have eroded naturally since abandonment 11 years 

previously that now exhibits almost full canopy coverage.  

Rehab 

4TW  

Coastal fringing: mid - 

lower (landward) 

mangroves 

Ct (70.4%); Ra 

(14.9%) 

1.97 ha, 10 year old rehabilitated site in Tiwoho dominated by Ct and Ra. Dike walls had 

experienced significant natural erosion and the local community had already carried out some 

plantings with a mix of mangrove species prior to EMR. 

Rehab 

5TW 

Coastal fringing: mid - 

lower (landward) 

mangroves 

Ct (65%); Ra 

(22.3%) 

2.17 ha, 10 year old rehabilitated site dominated by Ct and Ra.  

Rehab 

6TW 

Coastal fringing: upper 

(seaward) mangroves 

Ra (52.7%); Sa 

(27.5%); Ct 

(18.7%) 

9.63 ha, 10 year old rehabilitated site dominated by Ra, Sa and Ct.  
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3.2.2 Greenhouse gas flux measurements 

A photoacoustic infra-red gas analyser (INNOVA 1412i, LumaSense Technologies, Inc., CA, USA) 

was used to assess soil derived GHG fluxes in-situ. This instrument simultaneously measures the 

concentration of four gases (CO2, N2O, CH4, NH3+) and water vapour (for band broadening 

corrections). Prior to use in the field, the instrument was calibrated for each gas species using 

Zero Air (blank) and two certified standards of different concentrations in either air or 

dinitrogen gas. GHG fieldwork was conducted in August 2015 for the Tanakeke and Kurri Chadi 

sites and September 2016 for the Tiwoho sites.  

 

The INNOVA was secured to a stable platform and shaded from direct radiation. For sediment – 

air efflux measurements, four replicate, non-absorbent transparent plastic chambers with 

airtight lids were arranged in a semi-circle at each site around the analyser separated by no less 

than 1 m and inserted 4 cm into the substrate prior to measurement. Care was taken when 

installing the chambers to ensure a standard headspace volume of 1,774.5 cm3. Gases were 

pumped in a closed loop from the chamber to the analyser using Bev-A-Line tubing (volume 

75.5 cm3), with a small inlet feeding back into the chamber to compensate for air that was 

pumped out. The lid of each chamber was fitted with a small fan that ensured air was mixed 

within the chamber. Chambers were shaded from the sun to avoid artificially inducing thermal 

heating known to stimulate microbial respiration. While no emergent lenticels 

(pneumatophores, knee roots) were enclosed within chambers, underground root structures 

below the depth of chamber collars (4 cm) were present and autotrophic respiration (Ra) from 

fine root aerenchyma can be a significant component of CO2 efflux from soils (Lovelock et al. 

2006). Water–atmosphere effluxes were measured during flood tides using a floating chamber, 

with chambers inserted into the centre of a buoyant flutter board which was tethered to avoid 

movement during measurement cycles. Chambers were measured individually and were left to 

accumulate gases for between 20 and 30 minutes per cycle, with air samples extracted and 

measured by the INNOVA every 2 minutes. At the end of each cycle, measurements resumed on 

the adjacent chamber within the array.   
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GHG flux was calculated from a linear regression of gas concentration within the chamber over 

time. Only regressions with r2 values ≥ 0.8 were used for flux calculations (95% of 

measurements) from all gases and all sites following Bulmer et al. 2017.   

 

GHG efflux rate (Fx) was calculated as: 

 

Fx = (P × V)/(R × S × T) × (
∆GHG

∆t
)    (Equation 1) 

 

Where P is the initial atmospheric pressure (kPa), V is the volume of the chamber and tubing 

adjusted for the depth inserted into sediment (cm3), R is the ideal gas constant (8.314 Pa m3 K-1 

mol-1), S is the surface area covered by each chamber, T is initial air temperature (°C), and ∆GHG 

/ ∆t is the change in GHG concentration over time (∆t) based on the slope of linear regressions 

models.  

 

GHG efflux estimates (Mg m2 h-1) were converted to Mg CO2e ha-1 y-1 to enable commensurability 

with greenhouse gas inventories used in policy discourse through use of a common unit of 

measurement. While exchange between mangroves and the atmosphere is smaller by orders of 

magnitude for CH4 and N20 than CO2 (Howard et al. 2014), they are far more potent greenhouse 

gases than carbon dioxide and N2O and CH4 efflux values are multiplied by their global warming 

potentials of 298 and 25 respectively (Forster et al. 2007). 

 

3.2.3 Spatial zonation of sites based on soil typologies 

Most sites varied substantially in the spatial heterogeneity of soils with at least several distinct 

typologies that differed in biophysical characteristics such as the relative abundance of 

macroinvertebrates (as indicated by bioturbation mounds and burrows), root structures, or the 

presence / absence of biofilm. Differences in soil typologies within sites required an estimation 

of proportional area to derive GHG flux values scaled at a site level. Where mangrove canopy 

coverage was limited (i.e. Ponds 1KC, Ponds 2KC, Rehab 1TI and Rehab 2TI in Tanakeke and Ponds 

3TW in Tiwoho) the proportional area of each soil typology was demarcated and delineated using 
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GIS analysis. Mangrove canopy coverage was extensive at all reference and Tiwoho EMR sites, 

however. At these sites, a ground survey was conducted using 15m * 15m grids centred around 

the assessment area and at each 1m interval the soil type was recorded (No. sample points = 

225) which enabled an estimate of proportional representativeness. Once the spatial 

heterogeneity of soil types within sites was delineated, in-situ chambers were set up accordingly 

to capture proportional representation.        

  

3.2.4 Accounting for inundation periods  

Instruments for measuring water level and barometric pressure (Rugged TROLL® Data 

Logger, In-Situ Inc., Bingen, USA) were installed at each site where tidal inundation 

occurred. Loggers recorded data over the course of 2 months at both Tanakeke and 

Tiwoho locations, which enabled multiple spring and neap tidal cycles to be captured. 

Data results were extrapolated to assign annual inundation frequencies (hydroperiod). 

A multiplier of 0.7154 (average fraction of inundated to exposed soil CO2 flux, Alongi 

2014) was then applied at all Tiwoho sites and Ref 1TI to scale GHG efflux in order to 

account for inundation periods. This also assumes that there are no differences in 

molecular gaseous diffusion rates between CH4, N2O and CO2. Water – atmosphere GHG 

exchange was directly measured from Ponds 1TI, Rehab 2TI and Rehab 3TI within the 

Tanakeke assessment locations using a floating chamber apparatus.  

 

3.2.5 Macrofaunal burrows, Thalassina mounds and tree root structures  

Estimates of burrow and root abundance were derived through establishing 50 cm X 50 cm 

grids (250 cm2) in replicate plots randomly allocated for each soil type identified within a given 

site. At Tiwoho sites, burrows were also divided into three size classes based on diameter: 0 - 1 

cm, 1 - 3 cm, and >3 cm. Burrow counts were then averaged and multiplied by 4 to provide 

average estimates per m2. As each soil typology identified within the confines of a site typically 

differed markedly in the quantity of roots and burrows, we scaled burrows and root counts 
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proportionate to the relative % coverage of each soil type to estimate mean root and burrow 

counts on a site wide basis. Thalassina mounds were counted in 3 replicate 10 m X 10 m 

quadrats for each Tiwoho location.     

 

3.2.6 Volumetric water content and temperature  

Volumetric water content (VWC %), a measure of soil moisture, and soil temperature was 

measured using a Fieldscout Soil Moisture Sensor / Reader (Spectrum Technologies, Inc., 

Illinois, USA). The probe was inserted into soil to a depth of ~ 4 cm immediately adjacent to 

each chamber, with measurements taken at the start of each incubation period.  

 

3.2.7 Statistical analysis 

We applied both a Kolmogorov – Smirnov and Shapiro – Wilk test of normality before 

performing logarithmic data transformation. GHG flux data was arranged based on mean values 

for each GHG per chamber measurement, with a three-way ANOVA applied to compare GHG flux 

and biophysical variables between (a) sites; (b) ‘treatments’ (1. Mature reference sites; 2. 

Aquaculture ponds; 3. Rehabilitating sites); and (c) sites and treatments. A post – hoc Tukey 

honestly significant difference (HSD) was applied to identify sources of significant differences 

where results showed such. We also performed a distance based redundancy analysis (dbRDA) 

using Primer Version 7.0.13 (Quest Research Limited). GHG emissions results and biophysical 

variables were log transformed and normalised. The dbRDA is based on a Euclidean distance 

matrix of GHG flux (CO2, N2O, and CH4) and there was no collinearity between biophysical 

variables. The significance threshold (p) was set at 0.05 for all tests.      

 

3.3 Results 

3.3.1 GHG flux as a function of landuse 

There were clear and significant differences in GHG flux between treatments, with reference 

forests generally exhibiting higher emissions while efflux from ponds and rehabilitating sites 
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was more similar (Table 2). Similarly, there were significant differences in overall GHG flux 

when results are nested to compare location (Tanakeke, Kurri Chadi, Tiwoho) and treatment 

(reference forests, ponds and rehabilitating sites. Table 3). Tiwoho’s reference forests generally 

emitted the highest rates of GHGs while Tanakeke’s rehabilitating sites the least.  

 

Mean CO2 flux from the three mature reference sites (Ref 1TI, Ref 2TW, Ref 3TW) ranged from 8.1 ± 

1 to 28 ± 2.3 Mg CO2 e ha-1 y-1 (Table 2). The highest CO2 and N2O emissions were observed in the 

more landward Ref 2TW site, with this site emitting over twice as much CO2 as the seaward 

fringing Ref 3TW. However, CH4 flux from Ref 3TW (34.9 ± 4.5 Mg CO2e ha-1 y-1) was extremely 

high and comprised 79 % of the sites overall GHG emissions profile (Table 3-2, Figure 3-3). Total 

GHG flux from Ref 2TI was 14.8 Mg CO2e ha-1 y-1 higher and significantly different than Ref 1TW. 

Ref 1TI also displayed a higher VWC % and more viscous soils than either Ref 2TW or Ref 3TW. 

 

There was significant variability in GHG fluxes from the aquaculture ponds assessed. Pond 1KC, 

the active, inundated site, had phototrophic micro- and macro-algae present throughout the 

water column which resulted in a weak overall CO2 source after diel respiration was accounted 

for. CH4 emissions comprised over half of total GHG emissions, with overall emissions negligible 

(1.1 ± 0.2 Mg CO2e ha-1 y-1). In contrast, GHG emissions from the dry, exposed soils of Pond 2KC 

located immediately adjacent to Pond 1KC were significantly higher than all other aquaculture 

sites. Given the complete removal of vegetation, CO2 efflux at this pond was entirely derived 

from heterotrophic respiration (Rh) and contributed the vast majority of GHG emissions (25.6 ± 

1.6 Mg CO2e ha-1 y-1 or 83.6% of total emissions). N2O and CH4 contributed almost equal 

proportions (~8-9%) of remaining emissions and both GHG’s had very similar flux profiles to 

Pond 3TW. CO2 efflux (11.3 ± 0.6 Mg CO2e ha-1 y-1) from Pond 3TW was also Rh derived. Unlike the 

other aquaculture pond sites, the degradation of sluice gates facilitated partial tidal inundation 

and had created soil conditions conducive to the establishment of macrofaunal communities 

(burrow density 71.4 ± 9.6 m-2). Non-CO2 effluxes of N2O and CH4 comprised the remaining 

33.5% of overall GHG emissions from this site.     
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Rehab 1TI and Rehab 2TI shared very similar GHG profiles with negligible overall emissions (1.1 

± 0.1 and 0.8 ± 0.2 Mg CO2e ha-1 y-1 respectively, Table 2). Rehab 3TI, a more developed site with 

greater canopy coverage, had higher and significantly different CO2 and CH4 efflux resulting in 

overall emissions of 18.8 ± 1.6 Mg CO2e ha-1 y-1. Rehab 4TW, Rehab 5TW and Rehab 6TW displayed 

markedly uniform overall GHG emissions profiles with little difference in rates of CO2 and N2O 

flux. CH4 efflux, however, was higher for Rehab 4TW (4.9 ± 0.7 Mg CO2e ha-1 y-1) and similar to 

CH4 emissions from Rehab 3TI.  

 

3.3.2 GHG fluxes and biophysical variables  

Effluxes of CO2 and N2O across all sites and treatments showed a clear positive correlation (r2 = 

0.81), with Tiwoho’s three rehabilitation sites all displaying both high comparative CO2 and N2O 

flux (Figure 3-3d). In contrast, Tanakeke’s low mangrove coverage rehabilitation sites (Rehab 1 

and 2TI) and the inundated Pond 1KC displayed negligible emissions of either GHG. The CO2: CH4 

and N2O: CH4 ratios displayed no correlation across all sites with r2 values of 0.001 and 0.01 

respectively. 

 

When sites were categorised by location and biophysical setting, the average number of 

macrofaunal burrows per m2 was significantly different between Tanakeke’s low mangrove 

coverage but tidally inundated sites (average = 82.4 ± 4.8 m2 for Rehab 1TI and Rehab 2TI) 

compared with the high mangrove coverage, tidally inundated sites (average 237.1 ± 16.3 

burrows m2, Rehab 3TI and Ref 1TI), while CO2 efflux was also positively correlated with the 

number of macrofaunal burrows (linear r2 = 0.75) from these four sites. The three more 

landward, Ceriops tagal and Bruguiera gymnorrhiza dominated sites in Tiwoho (Rehab 4TW, 

Rehab 5TW, and Ref 2TW) had a lower abundance of macrofaunal burrows (average 86.8 ± 12.8 

m2) than the two seaward, Rhizophora apiculata dominated sites (average of 120.6 ± 8.7 m2 for 

Rehab 6TW and Ref 3TW) and a slightly lower average proportion of root structures (55.4 ± 3.3 m2 

vs. 71.7 ± 9.5 m2). However, Tiwoho’s landward mangroves exhibited much higher average 

counts of burrows with a diameter of > 3 cm than seaward sites (8.6 ± 6.1 m2 vs. 1.6 ± 2.3 m2. 

Figure 4). The number of Thalassina mounds from Tiwoho was also positively correlated with 
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CO2 flux in vegetated rehabilitating and reference sites (r2 = 0.44), with higher densities 

observed in landward sites (average of 34.4 ± 5.9 100 m2, Ref 2TW and Rehab 4 and 5TW) than 

seaward sites (11.5 ± 5 100 m2 Ref 3TW and Rehab 6TW). Ponds 3TW, the non-vegetated but 

partially inundated aquaculture pond, had the highest overall densities of mounds at 49.5 ± 5.5 

100 m2. CO2 efflux was moderately correlated with the relative abundance of root structures (r2 

= 0.48) but there was no clear relationship between CO2 efflux and the proportion of 

macrofaunal burrows overall.           

 

Hydroperiod, the percentage of time sites are tidally inundated, showed a generally negative 

correlation with CO2 efflux and overall GHG emissions (r2 = 0.5 and 0.56), with the over-wash, 

low lying mangroves of Tanakeke’s Rehab 1 and 2TI displaying lowest CO2 and GHG emissions 

but the longest hydroperiod (40.3 %). The VWC % was also weakly correlated with CO2 efflux 

(r2 = 0.11) where sites with less tidal inundation displayed generally drier soils and higher 

emissions (e.g. Rehab 4, 5 and 6TW) relative to sites with greater tidal inundation and wetter 

soils (e.g. Rehab 1, 2, 3TI). While soil temperature fluctuated diurnally by up to 9°C during the 

course of a day at some sites, this was not correlated to CO2, N2O or CH4 efflux and daily average 

temperatures across all sites only varied by 5.4°C.  

 

The dbRDA analysis was used to examine the importance and relative influence of biophysical 

variables on GHG flux, with marginal tests revealing that Mud lobster mounds explained 12% (p 

=0.001), tree roots 9% (p = 0.001), hydroperiod 3.6% (p = 0.027), VWC 3.1% (p =0.051), and 

crab burrows 2.9% (p = 0.043) of variance in GHG flux (Figure 3-4). Temperature did not 

explain a significant proportion of GHG flux (0.3%, p = 0.762). 
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Figure 3-3: Site weighted GHG fluxes from a) reference sites, b) aquaculture ponds, c) rehabilitated sites in Tanakeke (TI), Kurri Chadi (KC), and Tiwoho 

(TW) and d) the relationship between N2O and CO2 flux across all sites. 
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Figure 3-4: dbRDA showing the association between GHG flux (CO2, N2O and CH4) and 

biophysical variables at Tiwoho sites. The first two dbRDA axes explained 26.7% of total 

variation in GHG flux. The dbRDA is based on a distance linear model with all biophysical 

variables selected. 

 

Figure 3-5: Size class distribution of macrofaunal burrows from Tiwoho sites grouped by 

geomorphic position  
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Table 3-2: Comparison of GHG flux and biophysical variables between Tanakeke (TI), Kurri Chadi (KC), and Tiwoho (TW) locations. Significant differences (p 

<0.05) between sites, treatments and sites plus treatments are denoted by corresponding numbers, stars, and letters in parenthesis respectively. 

Variables included site, VWC %, density of burrows and Mud lobster mounds, and tree roots. GHG flux represents the weighted mean of observations 

where values have been adjusted to reflect the relative contribution of each variable proportional to site extent. The low VWC % value of Pond 1KC is the 

weighted average of dry, exposed soils which comprise a fraction of this inundated site. N / A = not applicable. N / D = not detected.   

Site Observati

ons 

Hydro 

period 

(%)  

Temperat

ure (°C) 

VWC (%) Burrows 

(m2) 

Thalassin

a mounds 

(100 m2) 

Tree 

roots 

(m2) 

GHG flux (Mg CO2e ha-1 y-1) 

CO2 N2O CH4 Total 

GHG flux 

Mature reference forests (*) 

Ref 1TI 
(1) 

19 28% 32.2 ± 0.8 
(6, 10) 

61.5 ± 0.8 
(4, 12)  

218.3 ± 

8.6 (2, 6, 7, 8, 

10, 11, 12) 

N / A 100.5 ± 

2.9 (2, 9, 10, 

11, 12) 

16.7 ± 0.8 
(2, 3, 4, 5, 6, 7, 

8, 9, 11, 12)  

1.3 ± 0.1 
(2, 6, 10, 12)  

1.4 ± 0.2 
(3, 9, 10)  

19.4 ± 

0.9 (2, 3, 4, 5, 

7, 8, 10, 11, 12)  

Ref 2TW 
(2) 

15 11% 32.2 ± 0.4 
(6) 

57.2 ± 0.9 
(9)  

55.3 ± 7.4 

(3, 8, 9, 10, 11, 

12) 

24.7 ± 

11.2 (3, 10, 

12) 

41.5 ± 2.8 
(3, 9, 10, 11, 12)  

28 ± 2.3 (3, 

4, 6, 7, 8, 9)  

4 ± 0.5 (3, 4, 

7, 8, 9, 11)  

2.3 ± 0.4 
(9) 

34.2 ± 

2.6 (4, 6, 7, 8, 

9)  

Ref 3TW 
(3) 

12 19% 32.4 ± 0.8 57.4 ± 1.9 
(9)  

144.3 ± 

31.4 (6, 7, 8) 

5.7 ± 3.8 
(6, 10, 11, 12) 

92 ± 16.2 
(9, 10, 11, 12)  

8.1 ± 1.0 
(4, 5, 7, 8, 10, 

11, 12) 

0.8 ± 0.3 
(5, 6, 10, 12) 

34.9 ± 4.5 

(4, 5, 6, 7, 8, 9, 

10, 11, 12) 

43.8 ± 

4.5 (4, 5, 6, 7, 

8, 9, 10, 11, 12)  

Aquaculture ponds (**) 

Pond 

1KC
 (4) 

11 N / A 

(inundate

d) 

 

33.3 ± 0.8 53 ± 0.1 (6, 

8, 9)  

0 N / A 0 0.5 ± 0.0 
(5, 6, 9, 10, 11, 

12)  

N / D (5, 6, 

10, 11, 12) 

0.6 ± 0.3 
(9, 10)   

1.1 ± 0.2 
(5, 6, 9, 10, 11, 

12)  

Pond 

2KC (5) 

8 N / A 

(exposed) 

 

34.6 ± 1.3 
(8) 

56.4 ± 2.9 
(9)  

0 N / A 0 25.6 ± 1.6 
(6, 7, 8, 9)  

2.6 ± 0.3 
(7, 8) 

2.5 ± 0.2 
(9)   

30.6 ± 

1.9 (6, 7, 8, 

9) 

Pond 

3TW (6) 

31 19% 

(partially 

35 ± 0.5 (7, 

8) 

60.4 ± 0.3 

(12) 

71.4 ± 9.6 
(9, 10, 11, 12)  

49.5 ± 5.5 
(11, 12) 

0 11.3 ± 0.6 
(7, 8, 10, 11, 12) 

2.7 ± 0.3 
(7, 8, 9) 

3.0 ± 0.4 
(7, 8, 9)  

17 ± 0.8 
(7, 8, 10, 11, 
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inundated

) 

12)  

Rehabilitated sites (***) 

Rehab 

1TI 
(7) 

17 40.3% 31.1 ± 0.3 
(10) 

57.1 ± 1.3 

(9) 

73.8 ± 5.9 

(9, 11) 

N / A 0 0.5 ± 0.1 
(9, 10, 11, 12) 

0.2 ± 0.1 
(10, 11, 12) 

0.3 ± 0.0 
(9, 10) 

1.1 ± 0.1 
(9, 10, 11, 12) 

Rehab 

2TI (8) 

12 40.3% 30 ± 0.5 
(10, 12) 

60.9 ± 0.6 
(12) 

91 ± 3.7 
(9) 

N / A 0 0.3 ± 0.2 (9, 

10, 11, 12) 

0.2 ± 0.0 
(10, 11, 12) 

0.2 ± 0.0 
(9, 10) 

0.8 ± 0.2 
(9, 10, 11, 12) 

Rehab 

3TI (9) 

11 40.3% 33.4 ± 0.8 65.2 ± 0.9 
(10, 11, 12) 

255.8 ± 

24 (10, 11, 

12) 

N / A 63.8 ± 1.6 
(10, 11, 12) 

10.1 ± 1.1 
(10, 11, 12) 

0.7 ± 0.1 
(10, 12) 

8 ± 0.8 (11, 

12) 

18.8 ± 

1.6 (10, 11, 

12) 

Rehab 

4TW 
(10) 

12 4% 35.4 ± 0.7 56.4 ± 1.6 105.3 ± 

18.2 

43 ± 6.0 
(12) 

76.3 ± 

4.1(11, 12) 

22.5 ± 1.2 3.1 ± 0.3 4.9 ± 0.7 
(11) 

30.5 ± 

1.4 

Rehab 

5TW (11) 

15 14% 32.3 ± 0.6 58.8 ± 1.1 99.8 ± 

12.5 

35.5 ± 0.5 
(12) 

48.4 ± 3.2 29.4 ± 1.9 2.3 ± 0.5 
(12) 

1.1 ± 0.4 32.8 ± 

2.1 

Rehab 

6TW
(12) 

12 28% 33.7 ± 1.1 53.4 ± 1.3 96.9 ± 10 17.3 ± 6.2 51.4 ± 2.8 25.3 ± 2.8 3.9 ± 0.6 2.7 ± 1.4 31.9 ± 

3.2 

Significant correlations between treatments 

Referenc

e sites 

(*) 

  **  **  **, *** **  **, *** **, *** 

Aquacul

ture 

ponds 

(**) 

  *, ***  *, ***  *, *** *  * * 

Rehabili

tated 

sites 

(***) 

  **  **  **   * * 
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Table 3-3: Correlations between sites, locations, and treatments as described in Table 3-2. Significant differences listed at p<0.05. 

Site Temperature 

(°C) 

VWC (%) No. 

burrows 

(m2) 

No. 

Thalassina 

mounds 

(100 m2) 

No. tree 

roots (m2) 

GHG flux (Mg CO2e ha-1 y-1) Total GHG 

flux CO2 N2O CH4 

Tanakeke 

reference 

sites (a) 

d b, c, f b, c, d, e, f  c, d, e c, e, f d, f b b, c, e, f 

Tiwoho 

reference 

sites (b) 

d  c d, f c, d, e c, d, e, f c, d c, d, e, f c, d, e 

Kurri Chadi 

aquaculture 

ponds (c) 

e d, e d, e, f  e, f e, f d, f  d, e, f 

Tiwoho 

aquaculture 

ponds (d) 

e  e, f f e, f e, f e  e, f 

Tanakeke 

rehabilitated 

sites (e) 

f f   f f f  f 

Tiwoho 

rehabilitated 

sites (f) 

e         
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3.4 Discussion 

3.4.1 GHG flux variation as a function of landuse and differences in 

biophysical variables 

In general, GHG flux was highest where mangrove canopy coverage was high (reference sites 

and the rehabilitating sites of Tiwoho), or where exposed conditions facilitated high rates of 

oxidation and mineralisation (Ponds 2KC). Flux was lowest on bare, sandy and tidally inundated 

soils with limited regrowth (Rehab 1 and 2TI) or under impounded conditions (Ponds 1KC). We 

found that that the variable biophysical conditions that characterise individual sites and 

treatments exerted a strong influence on GHG fluxes, with longer hydroperiod and higher soil 

moisture content correlated with decreased GHG efflux and Mud lobster mounds and tree root 

structures associated with higher efflux (Figure 3-5). However, the total number of macrofaunal 

burrows for a given site showed no correlation with GHG efflux. There were relatively limited 

fluctuations in temperature between sites and subsequently no substantial differences in 

observed fluxes were attributable to temperature (Tables 3-2 and 3-3). Similarly, variation in 

temperature caused by seasons is unlikely to be a key controlling factor given the tropical 

setting of all locations (between 1°N and 5°S of the equator). Gradients of biophysical variables 

and their influence on GHG fluxes are described with reference to each treatment below. 

 

3.4.1.1 Reference forests  

Variation in GHG flux between mature reference sites is most likely related to geomorphic 

position and biophysical settings, with lower CO2 fluxes observed in the more seaward, longer 

hydroperiod sites of Ref 1TI and Ref 3TW than the landward site of Ref 2TW (Figure 3-3a and 

Figure 3-4). While there was little difference in VWC % between Ref 2TW and Ref 3TW, the soils of 

Ref 1TI contained a greater volume of pore water, reflective of its geomorphic position (over 

wash mangroves) and greater duration of tidal inundation (28%, Table 3-2). In tropical 

latitudes, soil moisture content (as a function of rainfall and hydroperiod) as well as tidal 

inundation may be more important factors than temperature in driving variations in CO2 flux 

(Leopold et al. 2015). The longer exposure time to the air associated with shorter hydroperiods 
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in landward mangroves results in drier sediments and higher rates of CO2 flux (Hien et al. 2018), 

while tidal inundation itself also mediates atmospheric exchange. This is evident by the large 

number of observations indicating that CO2 release from mangrove soil surfaces are significantly 

greater for exposed than inundated soils (Alongi 2014). These differences reflect that (a) gases 

have a faster molecular diffusion than fluids; and that (b) openings (e.g. crab burrows, root 

fissures) are replenished with air during exposure which increases the available surface area for 

aerobic respiration and chemical oxidation (Atwood et al. 2017; Alongi 2009; Alongi 2014; 

Bouillon et al. 2008).  

 

However, no such correlation could be attributed to the relative abundance of macrofaunal 

burrows or root structures. The relative density and abundance of burrows, Mud lobster (genus 

Thalassinidea) mounds, and living roots are known to positively influence GHG efflux from 

mangrove soils by acting as conduits for gaseous exchange (Alongi 2014; Bouillon et al. 2008). 

In contrast, atmospheric O2 may only penetrate the top few mm of sediments in areas not 

subject to bioturbation. Similarly, mangrove root structures (e.g. knee roots of Bruguiera 

gymnorrhiza and Ceriops tagal and pneumatophores of Sonneratia spp. and Avicenna spp.) 

provide microscopic porous fissures through which GHGs can escape to the surface.  

 

Ref 2TW exhibited lower burrow and root densities but higher CO2 effluxes, confounding our 

stated hypothesis. However, the site also had a much higher proportion of burrows >3 cm in 

diameter as well as a much higher density of Mud lobster mounds in comparison to Ref 3TW 

(Figure 3-5). One inference is that drier, less viscous and more easily friable landward soils 

create habitat favourable for larger crabs and Mud lobsters. Correspondingly, the size, depth 

and complexity of larger burrows and mounds may be disproportionately more important in 

driving CO2 efflux than are overall numbers of burrows. Larger, more complex and deeper 

cavities created by bigger crabs and Mud lobsters corresponds to a greater surface area and 

volume available for O2 penetration, C oxidation and gaseous exchange. The influence of size and 

depth on rates of gaseous exchange may well be logarithmic in scale as smaller burrows, with 

less depth and soil penetration, require a greater number to equal the same surface area and 

volume of a single large burrow. Such factors are important given the small-scale area 
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associated with chamber-based measures of efflux, but the relationship of efflux to the relative 

size of macroinvertebrates requires more empirically verified research.  

 

N2O flux from reference sites assessed in this study was at the lower end of reported 

observations from intact mangrove forests (range -1.08 - 15.8 Mg CO2e ha-1 yr-1, Alongi 2009), 

indicative of healthy systems with no signs of excess nitrate loading (Figure 3-3a). The same 

sites, however, displayed wide variation in CH4 fluxes, switching from net sources to net sinks as 

conditions alternately favour methanogens (emissions generated by methane producing 

bacteria) or methanotrophs (prokaryotes that metabolize methane) even within the confines of 

the same chamber during the course of a day’s measurement (range -1.8 – 57.5 Mg CO2e ha-1 y-

1). The particularly high CH4 emissions observed from Ref 3TW can most likely be explained by 

freshwater influx, with salinity considered the most important factor controlling rates of release 

(Poffenbarger et al. 2011) due to substrate competition between methanogens and 

methanotrophs (Li & Mitsch 2016). Rainfall was incessant at this site and salinity levels were 

subsequently diluted, facilitating sulphite reduction which favours methanogenic bacteria over 

methanotrophs. It is therefore likely that the extreme values recorded were a temporally 

localised anomaly. Similarly, CO2 efflux could also have been suppressed or inhibited at Ref 3TW 

by sheet surface flow. 

 

3.4.1.2 Aquaculture ponds 

The key factor controlling CO2 efflux between aquaculture pond sites was relative tidal 

inundation and the impoundment of water. Emissions were lowest in the impounded conditions 

of Pond 1KC, far higher in the dry, exposed conditions of Pond 2KC, while the partially inundated 

Pond 3TW fell between the two (Figure 3-3b and Figure 3-4). 

 

The impounded surface of Pond 1KC, a periodically farmed pond in South Sulawesi displaying 

eutrophic conditions, formed a weak C sink where high photosynthetic algae content within the 

water column and on the pond surface resulted in overall net sequestration. C accumulation in 

eutrophic impoundments can be relatively substantial as they receive allochthonous carbon 
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through erosion of pond walls and autochthonous carbon through nutrient-driven primary 

productivity of algae (Ahmed et al. 2017). Excess organic matter, uneaten feed, detritus and 

excrement of culture species accumulates as sludge deposits in underlying soils and is not 

mobilised and dispersed to adjacent areas due to the lack of adequate tidal exchange. C buried in 

sludge deposits exhibits very high rates of preservation due to nearly continuous sediment 

anoxia (Ahmed et al. 2017) as inundated soils inhibit C oxidisation. This observation is 

consistent with Boyd et al (2010), where sediment cores from 233 aquaculture ponds 

worldwide were analysed and an average C burial rate of -5.5 Mg CO2e ha-1 year-1 for brackish 

water ponds derived. Pond surface and water column C sequestration, however, was 

counterbalanced by high CO2 emissions from pond walls and exposed areas as well as CH4 efflux 

which resulted in the pond being an overall weak source of GHG emissions.  

 

In contrast, in the context of disused ponds such as the adjacent Pond 2KC where impounded 

water has been drained, atmospheric GHG emissions can be substantial. CO2 emissions at this 

site are derived purely through the Rh of microbial communities as organic laden sediments are 

denuded, with the lack of tidal exchange rendering the site unsuitable habitat for the 

establishment of macrofaunal communities (evident by the lack of burrows). CO2 efflux at Pond 

2KC is higher than rates reported from aquaculture ponds in Bali (18.8 Mg CO2 ha-1 year-1; Sidik 

and Lovelock. 2013) and the Philippines (15.9 Mg CO2 ha-1 y-1; Castillo et al. 2017a) and 

approaches stabilised rates recorded from cleared mangroves in Belize (29 Mg CO2e ha-1 y-1; 

Lovelock 2011) and Tanzania (25.5 Mg CO2e ha-1 y-1; Gillis et al. 2017).  

 

While CO2 efflux from Pond 3TW is also derived through Rh given the lack of vegetative 

establishment, the partial influx and pooling of tidal water across the ponds interior results in a 

higher VWC% (when compared to the drier soils of Ponds 2KC) which may mediate flux. Tidal 

influx also creates conditions conducive to the establishment of macrofaunal communities, with 

this site being the only pond harbouring any crab burrows or Mud lobster mounds. Mud lobster 

mounds here were also higher than in any other reference or rehabilitating site in Tiwoho, 

possibly because of a lack of niche competition or predation given no mangrove vegetation was 

present.     
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3.4.1.3 Rehabilitating sites 

While geomorphic position and biophysical characteristics were variable between Tanakeke 

and Tiwoho rehabilitation sites, a clear linear correlation can be drawn between canopy 

coverage as a function of regrowth over time and CO2 efflux (Figure 3-4). As mangrove forests 

grow and develop, CO2 efflux increases in concert with the deposition of organic sediments. The 

structural complexity of root structures and consequent sediment trapping ability increases as a 

mangrove community matures (Lunstrum & Chen 2014; Marchand 2017; Alongi et al. 2004). 

This facilitates habitats suitable for a more diverse, greater range of heterotrophic organisms as 

well as increasing soil Ra from mangrove roots.     

    

 Rehab 1 and 2TI, for example, are young sites (4 years post – rehabilitation at the time of 

assessment) with very low and sporadic mangrove coverage. Consequently, no CO2 efflux was 

derived from mangrove Ra sources and both sites had negligible GHG emissions profiles (Figure 

3-3c). The sites are also less than 1 m above mean sea level resulting in a long hydroperiod 

(40.3%) which tends to inhibit overall flux. Additionally, as pond walls have been breached and 

tidal over-wash conditions reinstated, it has facilitated the development of a very fine, 

microscopic layer of photosynthetic biofilm across the sandy plateau of the ponds interior. 

Biofilm matts can act not only as barriers to the flux of Rh derived CO2 from deeper sediment 

layers by forming semi-permeable extracellular polymeric substances (Leopold et al. 2013), but 

may also function as a weak CO2 sink if they are phototrophic.  

 

In contrast, the older Rehab 3TI site exhibits high canopy coverage with CO2 efflux also derived 

from Ra. The sediment capture function characteristic of mangrove environments has also re-

established in unison with re-growth. Satellite imagery backdated to 2004 shows that the floor 

of this pond once exhibited shallow, sandy loam, coralline derived material of the same type 

evident in the interior of Rehab 1 and 2TI. Soils at this site are now overlain with organically 

richer, deeper sediments to a depth of ~95 cm as mangroves have regenerated. Consequently, 

the site now harbours conditions favourable to the development of macrofaunal communities as 
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evident by the high number of burrows observed, resulting in higher rates of Rh derived CO2 

production than the younger soils of Rehab 1 and 2TI.  

 

Similarly, the high mangrove cover of Tiwoho’s rehabilitating sites results in CO2 emissions 

derived from both Ra and Rh sources, although overall efflux was substantially higher than 

Rehab 3TI. This is most likely attributable to differences in geomorphic position and biophysical 

settings. The over-wash conditions and greater hydroperiod probably mediate CO2 efflux at Ref 

3TI despite the much higher abundance of macrofaunal burrows (Figure 3-5). At an intra-

location level, while Tiwoho’s three rehabilitation sites share a similar coastal fringing 

geomorphic setting they differ in terms of topography and hydroperiod (landward vs. seaward 

sites). Overall numbers of macrofaunal burrows are similar between sites, but the number of 

larger (>3 cm diameter) burrows as well as the relative density of Mud lobster mounds is 

substantially higher in the landward sites of Rehab 4TW and Rehab 5TW than they are in Rehab 

6TW. Given that all three sites exhibit similar CO2 efflux profiles, this indicates that Rh is a more 

significant component of overall soil CO2 respiration in landward sites than seaward sites.        

 

Rates of methane production from both Rehab 3TI and Rehab 4TW were similar and 

comparatively high, particularly in comparison to the younger Rehab 1 and 2TI sites and 

respective reference forests (Ref 1TI and Ref 2TW). One inference is that CH4 production (and CO2 

respiration) in some mangrove forests is closely related to age and the stage of development. 

Forest floor respiration often peaks when forests are young, not old (Pregitzer and Euskirchen. 

2004) as a result of enhanced below ground allocation of C to support growth and development. 

Fine roots of developing mangrove forests may either respire CO2 via aerenchyma directly into 

surrounding soils or form a constituent C source for the production of root exudates. Root 

exudates are a labile C source more easily absorbed via digestion by methanogenic bacteria 

(Girkin et al. 2018), rather than leaf litter or allochthonous carbon sources which may form a 

greater proportion of soil C in mature forests.  
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3.4.2 Fluctuations in GHG emissions as a function of LULUCF 

Transitions in LULUCF from the range of sites assessed in this study as well as data from the 

same sites assessed by Cameron et al. (2018) resulted in (1) highest rates of C loss from 

sediments and biomass where mature mangroves are initially converted to aquaculture ponds; 

(2) low rates of GHG emissions where aquaculture ponds are impounded and operational but 

high rates where ponds are exposed and dry before they undergo rehabilitation; and (3) 

generally higher GHG emissions in younger, developing mangroves than older, mature forests. 

These LULUCF scenarios, and the implications for policy and management responses, are 

discussed with reference to Table 3-4.   

 

3.4.2.1 Mature reference forest to aquaculture ponds 

Conversion of mature forest to aquaculture ponds at both Tanakeke and Tiwoho sites resulted 

in very high rates of C loss in biomass and soils (Cameron et al. 2018). Tanakeke’s Rehab 1TI site 

(used as a proxy to estimate loss from conversion of mangroves to ponds given the sites young 

age post- rehab and lack of soil or biomass development) is estimated to have lost 471.2 ± 53.7 

Mg C ha-1 at a flux rate of 96.2 ± 10.9 Mg CO2e ha-1 y-1 when compared to Ref 1TI (1a), while 

Tiwoho’s EMR sites (1b) have lost an average of 222.6 ± 54.4 Mg C ha-1 at a flux rate of 58.4 ± 9.1 

Mg CO2e ha-1 y-1 in comparison to both reference forests (Cameron et al. in press). Rates of loss 

from both systems are similar to other observations of mangroves converted to aquaculture 

ponds (Kauffman et al. 2014 and Castillo et al. 2017b. Table 3-5), but less than half of the 

emissions observed from C rich soils in Brazil (191.4 – 229 Mg CO2e ha-1 y-1. Kauffman et al. 

2018). Rates of loss for the Tiwoho sites in this study are likely an underestimate as they only 

account for the top 1 m of soil loss, while C emission rates are also modelled linearly (i.e. 

averaged over time) and calculated as total loss from time of initial conversion to the 

implementation of EMR activities. Of importance, modelling rates of C release is likely to follow 

a negatively exponential or logarithmic curve overtime where C losses are high upon initial 

conversion and disturbance before tapering off and stabilising (Pendleton et al. 2011). This 

observation was empirically verified by Lovelock et al. (2011), Lang’at et al. (2014) and Adame 

et al. (2018), where initial rates of CO2 efflux from the degradation of organic carbon stored in 
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fine root materials were rapid and driven by increased microbial activity stimulated by higher 

sediment temperatures following the loss of canopy cover before eventually stabilising. It’s also 

important to note differences between using stock- change and in-situ gas exchange approaches 

for estimating CO2 efflux over time from mangrove conversion to aquaculture ponds. Not all 

organic soil C is mineralised as Rh in-situ, rather estimates of stock- loss of C is also indicative of 

the physical loss and lateral movement of upper sediment layers through erosion into adjacent 

repositories as mangroves are cleared and soils exposed.  

 

3.4.2.2 Aquaculture ponds to rehabilitation  

Where LULUCF transitions from the impounded conditions of Pond 1KC through to rehabilitation 

where pond walls are broken down to facilitate tidal regimes as occurred in Rehab 1 and 2TI (2a, 

noting limitations in reference applicability given differing geomorphological settings), net GHG 

flux change would likely remain minimal (0.2 ± 0.1 Mg CO2e ha-1 y-1). It is probable, however, 

that CO2 emissions would initially significantly increase as previously impounded pond floors 

are subsequently drained through breaching. This exposes accumulated sludge deposits to 

oxidation during periods of low tide before efflux eventually stabilises over time as remaining 

organic matter is progressively oxidised and phototrophic biofilms establish.  

 

The implications of strategically breaching pond walls to facilitate tidal influx when ponds are 

dry and exposed can be profound when considering potential reductions in baseline emissions. 

Rehab 1and 2TI can effectively be considered a proxy for determining baseline conditions at the 

stage where pond walls are first breached and tidal regimes reinstated given the lack of 

established vegetative cover and any CO2 flux attributable to Ra (2b). If tidal regimes were 

reinstated at Ponds 2KC, net GHG flux change may equate to baseline emissions removals of -29.7 

± 1.8 Mg CO2e ha-1 y-1. The reinstitution of hydrological regimes firstly encourages the 

development of photosynthetic biofilms over surface layers to counteract CO2 efflux from Rh 

sources in deeper soil layers. Secondly, it reduces the time period during which soils are 

exposed to the atmosphere and organic matter oxidised. Finally, it facilitates the dispersal and 
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establishment of mangrove propagules which reinitiates a C sink function in both biomass and 

soils as mangrove forests regenerate overtime.   

 

Within a LULUCF flux continuum of Pond 3TW  Rehab 4, 5 and 6TW (2c), net flux change 

increases by 14.7 ± 1.4 Mg CO2e ha-1 y-1 with the majority of emissions in the form of CO2. While 

this represents an overall increase in emissions driven through mangrove derived Ra, it is likely 

to be more than counterbalanced by net C sequestration in biomass and soils as these sites 

continue to develop, grow, capture and bury sediments. 

 

3.4.2.3 Rehabilitation to mature reference forests 

Net GHG flux change would increase by 17.9 ± 1.5 Mg CO2e ha-1 y-1 as non – vegetated, disused 

aquaculture ponds (Rehab1 and 2TI) are inundated and mangrove forests redevelop to the state 

of Rehab 3TI, with CO2 and CH4 constituting almost equal portions (3a).  

 

As Rehab 3TI transitions to senescence such as Ref 1TI, net GHG flux change marginally increases 

by 0.6 ± 0.7 Mg CO2e ha-1 y-1 (3b). While CO2 emissions would increase as Ref 1TI emits almost 

twice that of Rehab 3TI, this would be counterbalanced by a reduction in CH4 emissions given 

Rehab 3TI emits far more methane than Ref 1TI.  

 

In contrast to the Tanakeke sites, net GHG emissions between the landward sites of Rehab 4 and 

5TW and the mature Ref 2TW site (3c) represents a marginal overall decrease principally driven 

by reductions in CO2 (-2.1 ± 0.8 Mg CO2e ha-1 y-1) and CH4 (-0.7 ± 0.2 Mg CO2e ha-1 year-1) efflux 

counterbalanced by an increase in N2O (1.3 ± 0.1 Mg CO2e ha-1 y-1).    

 

Potential net GHG flux change between developing forests and reference forests is highest for 

the more seaward, R. stylosa / S. alba dominated mangrove forests of Rehab 6TW and Ref 3TW (3d, 

discounting the abnormal CH4 flux recorded from Ref 3TW and using CH4 emissions from Ref 2TW 

instead). The difference in CO2 efflux (-17.2 ± 1.8 Mg CO2e ha-1 y-1) between the two sites is 
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significant and most likely an indication of the interplay between forest maturity as a function of 

relative productivity, carbon burial efficiency and mineralisation rates.  

 

Relative rates of productivity and growth in developing mangrove forests is also likely to 

influence soil CO2 efflux, particularly respiration derived from Ra sources. The few studies that 

have measured mangrove tree growth over time or stands of known age have observed 

dynamics similar to other forests, identifying stages of early rapid growth during colonization 

and establishment, followed by a slow decline in growth rate into maturity and senescence 

(Alongi 2012). Ra (encompassing both canopy and soil autochthonous respiration) is likely to 

follow a similar pattern, with highest CO2 efflux a function of peak growth stages corresponding 

to high cell metabolism and enhanced allocation of C to belowground structures (e.g. Rehab 3TI 

and Rehab 4, 5, 6TW). Tiwoho’s rehabilitating sites also displayed highest rates of N2O flux for 

any of the vegetated habitats assessed and significantly more than either Ref 2TW or Ref 3TW, 

indicative of highly productive sites. Additionally, Alongi et al. 2004 suggested that the soil C 

burial efficiency of mangroves increases with age but mineralisation efficiency (soil CO2 

emissions from Rh sources) decreases. This means younger, developing forests may have similar 

rates of organic matter input than mature sites but proportionally more of this is lost to Rh 

mineralisation than is buried, a trend reversed with age through the increasing structural 

complexity of mangrove root structures and resultant burial efficiency. Higher rates of 

productivity (Ra) and soil C mineralisation (Rh) may partially explain why Tiwoho’s three 

rehabilitation sites have higher soil CO2 efflux rates in relation to averages reported for other 

mature forests (e.g. 17.6 Mg CO2 ha-1 y-1 for combined soil / water – atmosphere efflux, Alongi 

2014). 

 

3.4.2.4 LULUCF synthesis  

Coastal landscape setting and land use are significant drivers of GHG flux (Twilley et al. 2018) 

and this study has quantified emissions across a spectrum of LULUCF. Highest rates of loss occur 

upon initial clearance and conversion of mangroves to aquaculture ponds. Aquaculture ponds, 

when in operation, can act as weak net sinks for CO2 but this is offset by high N2O and CH4 
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emissions, particularly in situations where nitrate based fertilizers have been used (Ponds 1KC). 

In contrast, dry, disused and exposed ponds are substantial sources of atmospheric GHG 

emissions (Ponds 2KC) through the oxidation of C rich sediment. Reinstituting hydrological 

regimes in exposed ponds overlaying organic soils (Ponds 2KC) is likely to initially (and 

dramatically) decrease emissions via (a) the development of photosynthetic biofilms, (b) 

reducing time periods during which soils are exposed (i.e. Rehab 1 and 2TI), and (c) facilitating 

the dispersal and establishment of mangrove propagules which reinitiates a C sink function as 

mangrove forests regenerate (Cameron et al. 2018). The degradation of sluice gates to partially 

restore inundation is also likely to have mediated GHG flux from Ponds 3TW. As ponds are 

rehabilitated and vegetative cover re-establishes, GHG emissions will increase in concert with 

productivity (Rehab 3TI and Rehab 4, 5 and 6TW). Developing mangrove forests in this study emit 

proportionally more GHGs than reference forests (particularly for CO2 and CH4), and as forests 

reach maturity CO2 and CH4 emissions are likely to taper off and decline. Younger sites in rapid 

development emit more CO2 as result of increased metabolism (Ra), while the transport of C to 

belowground fine roots facilitates both Ra and Rh soil CO2 efflux and forms a readily available 

source of C for methane producing bacteria. Developing sites are also less efficient at burying 

soil C, resulting in more CO2 efflux through Rh mineralisation. Net GHG mitigation benefits in 

rehabilitation sites, however, will likely remain negative as more C is gained in biomass and 

soils than GHGs are emitted. 
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Table 3-4: GHG flux change as a function of management history (Mg CO2e ha-1 y-1). Negative values indicate a reduction in emissions, positive values 

indicate an increase. Average flux - change of CH4 for Tiwoho does not include Ref 2TW. Flux change calculations are based on data from Table 3-2 and 

Cameron et al. (2018) in press. Landuse change mature reference forest  aquaculture includes emissions from biomass and soils and uses a stock 

change approach. Upwards arrows in direction of flux change indicate a net increase in emissions, downwards arrows a net decrease. 

Landuse change Flux - change CO2 Flux – change N2O Flux – change CH4 Total GHG flux 

change 

Direction of flux 

change 

Site reference and 

data source 

1. Mature reference forest  aquaculture ponds 

(1a) Mature 

forest  

aquaculture 

(Tanakeke) 

96.2 ± 10.9 N / A N / A 96.2 ± 10.9 ↑ Mature reference 

forest on Tanakeke 

 Rehab 1 & 2TI. 

Cameron et al. 

(2018) in press 

(1d) Mature 

forest  

aquaculture 

(Tiwoho) 

58.4 ± 9.1 N / A N / A 58.4 ± 9.1 ↑ Ref 2 & 3TW  

Rehab 4, 5, & 6TW. 

Cameron et al. 

(2018) in press 

2. Aquaculture ponds  rehabilitation 

(2a) Aquaculture 

(impounded)  

Rehab (Tanakeke, 

4 years) 

0.1 ± 0.2 0.0 ± 0.0 0.4 ± 0.2 0.2 ± 0.1 ↑ Ponds 1KC  Rehab 

1 & 2TI. This study 

(2b) Aquaculture 

(dry / exposed)  

Rehab (Tanakeke, 

4 years) 

-25.2 ± 1.5 -2.4 ± 0.2 -2.3 ± 0.1 -29.7 ± 1.8 ↓ Ponds 2KC Rehab 

1 & 2TI. This study  

(2c) Aquaculture 

(partial tidal 

inundation)  

Rehab (Tiwoho, 

14.4 ± 1.4 0.4 ± 0.2 0.1 ± 0.4 14.7 ± 1.4 ↑ 

Ponds 3TW  Rehab 

4, 5, & 6TW. This 

study 
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10 years) 

3. Rehabilitation  mature reference forest 

(3a) Rehab (4 

years)  Rehab 

(11 years), 

Tanakeke 

9.7 ± 1.0 0.5 ± 0.0 7.8 ± 0.7 17.9 ± 1.5 ↑ 

Rehab 1 & 2TI  

Rehab 3TI. This 

study 

(3b) Rehab (11 

years)  Mature 

forest, Tanakeke  

6.6 ± 0.3 0.6 ± 0.0 -6.6 ± 0.6 0.6 ± 0.7 ↑ 

Rehab 3TI  Ref 1TI. 

This study 

(3c) Rehab Bg / 

Ct forest  (10 

years)  Mature 

forest, Tiwoho  

-2.1 ± 0.8 1.3 ± 0.1 -0.7 ± 0.2 -2.6 ± 0.9 ↓ 

Rehab 4 & 5TW  

Ref 2TW. This study 

(3d) Rehab Rs / 

Sa forest (10 

years)  Mature 

forest, Tiwoho 

-17.2 ± 1.8 -3.1 ± 0.3 0.4 ± 1.0 -20.7 ± 1.5 ↓ 

Rehab 6TW  Ref 

3TW. This study 
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Table 3-5: Comparison of selected published estimates of CO2 emissions from mangrove soils as a function of landuse. Method: a =   In situ gas exchange / 

chamber measurements; b = Stock – change approach (inferred from loss of carbon stocks). Exposed = sediment – atmosphere emissions, inundated = 

water – atmosphere emissions. Negative values indicate overall C sequestration. Ra = R. stylosa; Ct = C. tagal; Ra = R. apiculata; Bg = B. gymnorrhiza; Sa = S. 

alba, Am = Avicenna marina, Kc = K. obovata.  

Location Method Site conditions CO2 flux (Mg CO2 ha-1 yr-1) Data source 

Intact mangroves 

Ref 1TI, South Sulawesi, 

Indonesia 

a Ra / Sa / Bg dominated site 16.7 ± 0.8  This study 

Ref 2TW, North Sulawesi, 

Indonesia 

a Ct dominated site 28 ± 2.3  This study 

Ref 3TW, North Sulawesi, 

Indonesia 

a Ra / Sa dominated site 8.1 ± 1.0  This study 

North Island, New Zealand a Am, Exposed, biofilm intact 27.1 ± 7.4 Bulmer et al. (2015) 

 Exposed, biofilm removed 71.7 ± 9.7  

Whangamata Harbour, 

New Zealand 

a Am, Exposed, summer 12.8 ± 1.5 Bulmer et al. (2017) 

 Am , Exposed, winter 4.3 ± 1.2  

Honda Bay, Philippines a R. spp,  Undisturbed natural mangroves 40.3 ± 3.8 Castillo et al. (2017b) 

Chwaka Bay, Tanzania a Rm, Am, Ct, Bg, Undisturbed natural mangroves 58.8 Gillis et al. (2017) 

Global estimate a Exposed 11.1 ± 1 Alongi (2014) 

 Inundated 7.9 ± 1  

Global estimate a Exposed 26.3 (2.3 – 59.9) Kristensen et al. (2008) 

 Inundated 8.2 (1.6 – 19.4)  

Global estimate a Exposed, night time  9.8 ± 7.4 Bouillon et al. 2008 

 Exposed, daytime -2.4 ± 8.7 

 Inundated 9.5 ± 8.4 

 Overall  9.6 ± 7.2 

Cleared mangroves 

South-east Asia / Indo- b SOC loss, oceanic mangroves averaged over 25 60.9 Murray et al. (2011) 
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Pacific region years 

  SOC loss, estuarine mangroves averaged over 

25 years 

38.2  

  Biomass loss: Oceanic and estuarine mangroves 

averaged over 25 years 

20.7  

Worldwide b Aboveground biomass and soil C loss – low 

estimate, averaged over 30 years 

13.7 Donato et al. (2011) 

  Aboveground biomass and soil C loss – high 

estimate averaged over 30 years 

47.9  

North Island, New Zealand a Average exposed sites (n = 23), biofilm intact, 

cleared 1 month – 8 years previously 

21.5 ± 6 Bulmer et al. (2015) 

  Average exposed sites (n = 23), biofilm 

removed, cleared 1 month – 8 years previously  

37 ± 7.2  

Whangamata Harbour, 

New Zealand 

a Exposed, summer, 20 months post-clearance 44.3 ± 7.7 Bulmer et al. (2017) 

  Exposed, winter, 25 years post clearance 11.3 ± 2  

Northern Vietnam a Biofilm intact, 2 years post-clearance 3.8 ± 6.6 Grellier et al. (2017) 

 Biofilm removed, 2 years post clearance  8.1 ± 4.6  

Twin Cays, Belize a 0 -1 year post clearance 106 Lovelock et al. (2011) 

 ≥ 1 year post clearance  29  

Honda Bay, Philippines a Cleared 8 – 10 years previously 2.2 ± 0.6 Castillo et al. (2017a) 

Chwaka Bay, Tanzania a Clear-cut 6 months previously 25.5 Gillis et al. (2017) 

Gazi Bay, Kenya a 343 days since clearance 14.3 Lang’at et al. (2014) 

Northern Vietnam a Bare sediment  6.8 ± 5.3 Hien et al. (2018) 

Aquaculture ponds (operational and disused) 

Ponds 1KC, South Sulawesi, 

Indonesia 

a Inundated, operating ponds 0.5 ± 0.0 This study 

Ponds 2KC, South Sulawesi, 

Indonesia 

Exposed, no hydrological connectivity, biofilm 

intact 

25.6 ± 1.6 This study 

Ponds 3TW, North Sulawesi, 

Indonesia  

Partially hydrologically connected, biofilm 

intact 

11.3 ± 0.6 This study 

Perancak estuary, Bali, 

Indonesia 

a Abandoned pond 'walls' 43.7 Sidik & Lovelock (2013) 

Abandoned pond 'floor'. Biofilm removed.  16 
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Adjusted for proportion walls : floor 18.8 

Honda Bay, Philippines a Abandoned ponds, little regrowth  15.9 ± 3.7 Castillo et al. (2017b) 

Queensland, Australia a Inundated ponds 17.5 Burford and Longmire 

(2001) 

Worldwide (n = 233) a Operating ponds -5.5 ± 3.3 Boyd et al. (2010) 

Tanakeke Island, South 

Sulawesi, Indonesia 

b Mangroves converted to aquaculture ponds. 

Calculated as 18 years since hydrological 

regimes were reintroduced and soil oxidation 

halted.  

96.2 ± 10.9 Cameron et al. (2018) in 

press. Data source is 

analogous to loss of mature 

forest on Tanakeke Rehab 

1 & 2TI  

Tiwoho, North Sulawesi, 

Indonesia  

b Mangroves converted to aquaculture ponds. 

Calculated as 14 years since hydrological 

regimes were reintroduced and soil oxidation 

halted. 

58.4 ± 9.1 Cameron et al. (2018) in 

press. Data is average [Ref 

2TW and Ref 3TW]  average 

[Rehab 4, 5, 6TW]) 

Dominican Republic b Above ground biomass and soil C loss 

(conversion to shrimp ponds), averaged over 

29 years 

95.9 Kauffman et al. (2014) 

Honda Bay, Philippines b Conversion to brackish water aquaculture 

ponds in the early 1990’s, averaged over 25 

years 

58.5 Castillo et al. (2017a) 

Caatinga region, Brazil b Active ponds established 10-12 years before 

sampling (C rich) 

191.4 – 229 Kauffman et al. (2018)  

  Abandoned ponds formed 8 years before 

sampling (low initial C stock) 

42.5  

Rehabilitated / developing mangroves 

Rehab 1TI,  South Sulawesi, 

Indonesia 

a Low mangrove coverage, 4 years old 0.5 ± 0.1  This study 

Rehab 2TI, South Sulawesi, 

Indonesia 

Low mangrove coverage, 4 years old 0.3 ± 0.2  This study 

Rehab 3TI, South Sulawesi, 

Indonesia  

High mangrove coverage, 11 years old 10.1 ± 1.1  This study 

Rehab 4TW, North Sulawesi, 

Indonesia 

High mangrove coverage, 10 years old 22.5 ± 1.2  This study 
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Rehab 5TW, North Sulawesi, 

Indonesia 

High mangrove coverage, 10 years old 29.4 ± 1.9 This study 

Rehab 6TW, North Sulawesi, 

Indonesia 

High mangrove coverage, 10 years old 25.3 ± 2.8  This study 

Northern Vietnam a High mangrove coverage, 16 year old stand, 

biofilm intact 

10.7 ± 4.1 Grellier et al. (2017) 

 High mangrove coverage, 16 year old stand, 

biofilm removed 

16.1 ± 5.3  

Northern Vietnam  High mangrove coverage, Kc dominated site, 18 

year old replanted site 

15.3 ± 14.3 Hien et al. (2018) 

 

  



105 
 

3.5 Conclusions 

The current study improves our understanding of GHG flux in mangrove forests and shows that 

biophysical conditions and geomorphic position exert a strong influence on emissions. In 

rehabilitating and intact, mature reference forests, longer hydroperiod and higher soil moisture 

content of seaward fringing mangroves correlates with decreased flux while the greater 

abundance of Mud lobster mounds and tree root structures in landward mangroves correlates 

with higher flux. The influence of macrofaunal burrows in GHG flux, however, is ambiguous with 

the relative size of burrows rather than absolute numbers most likely a more important factor.  

 

When viewed within a LULUCF continuum, our results help corroborate the mounting evidence 

that the initial conversion of mangroves to aquaculture ponds releases extremely high amounts 

of GHGs. Developing mangroves resultant from rehabilitation of aquaculture ponds may also 

emit relatively high rates of GHGs, but this is counterbalanced by C sequestered in living 

biomass as forests develop. For project proponents seeking to maximise creditable GHG returns 

from converting aquaculture ponds back to functioning mangrove ecosystems, priority should 

be given to rehabilitating dry, exposed, ponds with high organic matter content in seaward 

fringing zones. Key considerations to improve our understanding for future GHG flux studies 

include empirically assessing the influence of macrofaunal burrow size on CO2 flux relative to 

overall burrow numbers to verify conclusions drawn here, and the need to explicitly delineate 

soil CO2 efflux into respective Ra and Rh components in studies of restored mangrove habitats 

where the aim is to develop estimates of net GHG mitigation benefits.  
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4. Potential for rehabilitating mangroves as greenhouse gas 

emissions reduction projects  
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4.1 Introduction 

Forest carbon sequestration initiatives such as afforestation / reforestation (A/R) and avoided 

deforestation projects (e.g. REDD+) present a valuable opportunity for conservation 

management through generating additional income mechanisms by which activities to restore, 

conserve or enhance threatened ecosystems can be financed. Mangroves, for instance, are highly 

threatened across the tropics (Hamilton & Casey 2016; Richards & Friess 2016) and this has 

important implications for carbon emissions resulting from land cover change (Hamilton & 

Friess 2018; Murdiyarso et al. 2015). Over the last decade, the concept of ‘blue carbon’, 

particularly in relation to mangrove forests, has generated considerable interest within this 

paradigm given mangroves have a disproportionally high carbon storage and sequestration 

potential when compared to other habitat types (Alongi 2014). The rehabilitation of mangroves, 

such as those previously converted to aquaculture ponds, back to functioning ecosystems is one 

such forest carbon project avenue that is increasingly advocated as a means to potentially 

mitigate greenhouse gas (GHG) emissions. 

 

Methodologies such as the Verified Carbon Standard (VCS) VM0033: Methodology for Tidal 

Wetland and Seagrass Restoration (Emmer et al. 2014) have been developed to help guide 

carbon accounting for blue carbon rehabilitation projects and quantify emissions reductions (i.e. 

from baseline conditions) and removals (i.e. carbon removed from the atmosphere), or ERR. 

However, there remains a significant gap in the literature that synthesises existing data to 

quantify the full suite of resultant ERR from mitigating baseline emissions (GHGbase) through to 

carbon sequestration in soils and biomass as forests regenerate (GHGrehab). Additionally, few 

studies have compared the potential net ERR from mangrove rehabilitation against other A / R 

and avoided deforestation projects or framed net ERR in economic terms as an offset against 

initial project implementation and opportunity costs. This information is crucial to build a 

stronger business case to attract both greater investment in rehabilitation and provide a sound 

policy base to advocate for the restoration of disused ponds, the sustainable use of existing 

ponds, the conservation of intact mangroves and the provision of diversified livelihoods 

opportunities.  
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This chapter synthesises the potential net ERR resulting from the rehabilitation of disused 

aquaculture ponds and their conversion back to mangroves using the framework of the VCS 

methodology (Emmer et al. 2014) as a guide. Data from relevant literature as well as 

measurements from Tiwoho and Tanakeke (as detailed in Chapters 2 and 3), was utilised for 

this purpose. Baseline GHG emissions (GHGbase) from aquaculture ponds are firstly assessed 

before mitigation benefits resultant from developing mangrove forests (GHGrehab) are discussed 

with regards to inputs (carbon sequestration), outputs (GHG emissions) and the concepts of net 

ecosystem production (NEP) and net ecosystem carbon balance (NECB). We developed a 

detailed carbon allocation and pathways model for both mature and developing mangrove 

forests. The potential net ERR from mangrove rehabilitation (GHGbase minus GHGrehab) at Tiwoho 

was then compared and contrasted with registered Verified Carbon Standard A / R and avoided 

deforestation projects categorised by terrestrial habitat type in order to gauge respective GHG 

mitigation benefits. We also compare the costs of initial project implementation at Tiwoho 

against potential monetary returns generated from net ERR. 

 

4.2 Materials and methods 

This chapter builds on Chapters 2 and 3 which assessed carbon stocks (Cameron et al. 2018a) 

and GHG emissions (Cameron et al. 2018b) from disused aquaculture ponds, rehabilitated sites, 

and healthy mangroves in Tiwoho, North Sulawesi (Figure 4-1) respectively. A full description of 

the methodologies used to derive source data are provided therein and methods are only briefly 

described here. 
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Figure 4-1: Location of mangrove rehabilitation sites in Tiwoho (Rehab 1, 2, and 3TW), North Sulawesi, in relation to disused ponds (Ponds 3TW) used to 

derive estimates of GHGbase emissions. 
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4.2.2 Assessing GHG fluxes 

GHG flux (CO2, N2O, and CH4) from Tiwoho and Tanakeke was assessed using a photoacoustic 

infra-red gas analyser (INNOVA 1412i, LumaSense Technologies, Inc., CA, USA) using the static 

chamber method as described in Cameron et al. (2019a). The methodology incorporated the 

influence of factors which affect rates of GHG flux such as differences in soil heterogeneity as a 

function of relative numbers of macroinvertebrate burrows, Thalassina mounds, tree root 

structures, and the presence of biofilm, as well as temporal factors such as periods of inundation 

across spring and neap tidal periods. For the purposes of this study, GHG measurements are 

representative of fluxes from sediment in typical abandoned aquaculture ponds subsequently 

rehabilitated to mangroves and thus inform estimates of atmospheric emissions for 

rehabilitating mangrove forests (GHGrehab). GHG efflux estimates were converted to Mg CO2e ha-1 

y-1 to enable commensurability with greenhouse gas inventories used in policy discourse 

through use of a common unit of measurement (Cameron et al. 2019). N2O and CH4 efflux values 

are multiplied by their global warming potentials of 298 and 25 respectively (Forster et al. 

2007). 

 

4.2.3 Carbon stocks and sequestration 

Cameron et al. (2018) reported on community structure and carbon stock change in biomass 

(trees, seedlings and saplings, dead and downed woody debris) and soil across a land-use 

change continuum from initial conversion from mangrove forests to aquaculture ponds followed 

by subsequent restoration. This was undertaken using an internationally recognized field 

protocol (Kauffman & Donato 2012) with allometric equations of Komiyama et al. (2005), 

Kauffman & Cole (2010), Clough & Scott (1989), Komiyama et al. (2008), Wilson (2010), Chave 

et al. (2009), Simpson & Verrill (1997) and Smith & Whelan (2006) used to calculate above and 

below ground biomass using both species-specific equations and generic equations for 

mangroves. Carbon stock change in biomass over a 10- and 4-year period following restoration 

from aquaculture ponds at the Tiwoho and Tanakeke sites respectively was used as a basis to 

estimate Net Primary Production (NPP), the rate of above and below ground biomass 

accumulation. A multiplier of 32.3% was used to estimate leaf litter production, the key missing 
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component of NPP from our measurements, based on the global average allocation of NPP to 

leaf litter in mangrove forests (Alongi 2014) in lieu of site specific field measurements. Deriving 

estimates of leaf litter production and turnover requires the deployment of litterfall traps for a 

minimum of 2 years with collection at least every month to limit decomposition. Access to 

remote study sites in north and south Sulawesi were difficult to resource, however. The proxy 

estimate of Alongi (2014) was based on a large number of studies in tropical sites and some 

confidence can be placed in the use of this value. Additional components of NPP such as the 

amount of grazing by herbivores are not included given an absence of global data for 

mangroves.  

 

4.2.4 Data synthesis  

Selected published literature was used in assessing (a) baseline emissions (GHGbase) and (b) 

NPP, NEP, and NECB as well as CH4 and N2O emissions (GHGrehab). Negative values associated 

with GHGrehab are consistent with the atmospheric research community and the VCS (2015) 

methodology and indicate sequestration or net carbon gains. A synthesis of net ERR (GHGbase – 

GHGrehab) was then developed for the Tiwoho sites (c). This is then compared against (d) A / R 

projects, avoided deforestation projects and other terrestrial habitat types. We analysed 100 A / 

R (n = 47) and avoided deforestation (n = 53) projects listed on the VCS project database (VCS 

Project Descriptions 2018) under the agriculture, forestry, and landuse sectoral scope, and also 

assigned generic biomes based on geographical location. Projected (as opposed to certified 

emissions reductions) net sequestration (∑[GHGbase and GHGrehab], expressed in Mg CO2e) was 

divided by project area (ha) and creditable timeframe (years) to derive estimated annual 

returns (Mg CO2e ha-1 y-1). Carbon benefits of projects listed on the VCS Project Database only 

include estimates of biomass and, in some instances, soil sequestration (or estimated losses for 

avoided deforestation projects). When analysed temporally, this is analogous to NPP and does 

not take into account losses through heterotrophic respiration (Rh) or whole of ecosystem 

concepts such as NECB and CH4 and N2O emissions. The potential returns on investment 

generated through the accumulation of net ERR are then compared against initial project 
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implementation costs adjusted for net present value (e). Published data was converted into 

common units (Mg C ha-1 y-1 and Mg CO2e ha-1 y-1) to enable commensurability.  

 

4.3 GHG emissions from aquaculture ponds and determination of 

baseline conditions 

For mangrove rehabilitation projects where carbon is a key focus, proponents need to estimate 

GHG emissions before intervention activities are undertaken in order to derive a baseline 

(GHGbase) against which emissions reductions as mangrove forests redevelop can be assessed. 

Determining baseline emissions requires spatial and temporal delineation in order to develop 

the most realistic projected emissions timeframe i.e. the period (years) to account for emissions 

in the absence of a reforestation project, otherwise known as the ‘business as usual scenario’. 

Guidance in the VCS methodology (Emmer et al. 2014) does not set a specific project timeframe 

(e.g. 10 or 20 years), but instead requires proponents to set the most plausible baseline scenario 

in which the establishment of wetland ecological conditions is not expected to occur in the 

absence of the project such as the timeframe before erosion of pond walls and reinstitution of 

hydrological regimes is likely to occur.  

 

In the context of disused and / or abandoned aquaculture ponds in SE Asia, many areas remain 

poorly vegetated and exhibit little secondary or successional regrowth (Samson & Rollon 2008). 

Often there remain barriers to hydrological connectivity such as pond or dike wall structures 

which confine propagule dispersal and recruitment; a limitation exacerbated particularly where 

mature mangroves (propagule sources) in surrounding areas have been cleared through 

development (Giesen et al. 2006; Bosire et al. 2008). A lack of vegetation precludes 

autochthonous soil carbon accumulation, while soil carbon originating from outside sources 

(allochthonous soil carbon) is unlikely in disused aquaculture ponds following the alteration of 

hydrological regimes which impedes tidal movement and hence sediment supply. The eventual 

natural erosion of barriers to tidal connectivity and partial regrowth of mangrove stands in 

disused aquaculture ponds has been documented in the Mahakam Delta of East Kalimantan 

(Rahman. 2011) and Tanakeke Island in South Sulawesi, Indonesia (Cameron et al. 2018), 
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although such impediments to natural recovery can remain largely in place years after the 

cessation of aquaculture activities. As such it can be reasonable to assert a ‘business as usual’ 

baseline whereby the establishment of natural wetland ecological conditions would not occur 

for a decade or more without human interventions.  

 

Given an assumption of ‘business as usual’ in formulating emissions trajectories in the baseline 

scenario, the state and condition of aquaculture ponds at the beginning of a project will 

therefore have considerable bearing on GHG emissions reductions. Here we review the albeit 

limited data published on GHG flux from aquaculture ponds regarding the two principal 

methods for determining GHG baseline emissions; in situ gas exchange methodologies and the 

stock change / stock loss approach.  

 

4.3.1 In situ GHG emissions 

Aquaculture ponds can vary in operational status, including a) impounded conditions with 

limited tidal mixing; b) dry and exposed with no tidal influx; and c) tidally inundated. These 

conditions can exhibit vastly different GHG emissions profiles and biophysical variables (Table 

4-1. Extracted from Cameron et al. 2018), with the key variable controlling CO2 efflux related to 

tidal inundation and the impoundment of water (Cameron et al. 2018). The characteristics of 

these states are described below.  

 

(a) Impounded conditions  

Aquaculture ponds, when in operation, can act as weak net sinks for CO2 (Cameron et al. 2019a). 

Ponds that are periodically farmed can become eutrophic (Ahmed et al. 2017) due to high algal 

concentrations within the water column and on the pond surface which results in overall net 

carbon sequestration. However, in terms of overall GHG emissions, carbon sequestration can be 

counterbalanced through CH4 efflux which means operational ponds can be net sources of GHG 

emissions (Cameron et al. 2019a). Additionally, N2O emissions may also be significant in 

impounded conditions, particularly in situations where the ecosystem has a source of nitrate 
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loading such as from the application of nitrogen based fertilisers or agricultural runoff (Howard 

et al. 2014). 

 

(b) Exposed ponds 

Dry, disused, exposed ponds overlaying organic soils can be substantial sources of atmospheric 

GHG emissions. Published measurements of CO2 efflux from exposed pond soils range from 15.9 

± 3.7 to 43.7 Mg CO2e ha-1 y-1. N2O and CH4 efflux may also be significant in this context, with 

these gases contributing 17% of overall GHG emissions from an exposed pond in South Sulawesi 

(Ponds 2TI).  

 

(c) Tidally inundated 

Tidally inundated ponds occur in situations where hydrological barriers have eventually 

degraded over time. The reinstitution of hydrological regimes in previously exposed ponds 

through natural or augmented breaching of pond walls is likely to initially (and dramatically) 

decrease baseline emissions via (a) encouraging the development of photosynthetic biofilms 

over surface layers that offset CO2 efflux from heterotrophic respiratory sources in deeper soil 

layers (Bulmer et al. 2017); b) reducing time periods during which soils are exposed and 

organic matter oxidised given gaseous exchange between soils and the atmosphere is greater 

than that from standing pond water to the atmosphere (Alongi. 2014); and c) facilitating the 

dispersal and establishment of mangrove propagules which reinitiates a carbon sink function in 

both biomass and soil carbon burial as mangrove forests regenerate (Lewis and Brown. 2014).  

 

An example of efflux from this scenario was observed at Ponds 3TW (as described in Chapters 2 

and 3) where sluice gates originally constructed to impound water have partially degraded, 

allowing a limited influx of tidal water to disperse across the ponds interior (Cameron et al. 

2019a). While biofilm was not present and there was no vegetation within the pond interior, the 

degradation of sluice gates is likely to have considerably mediated GHG flux (∑CO2, N2O, CH4 = 

17 ± 0.8 Mg CO2-e ha-1 y-1) from what were previously dry, exposed conditions. This site is used 

as a proxy of GHGbase estimates for Rehab 1, 2 and 3TW in this synthesise. Its emissions profile is 

likely to be similar to effluxes before rehabilitation activities were undertaken in 2005 given the 
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rehabilitating sites also exhibited partial tidal inundation through the semi-degradation of pond 

walls. Baseline projections are modelled based on the assumption that ponds will remain 

intermittently used as conditions conducive for aquaculture farming fluctuate. As such, wetland 

biophysical conditions and the formation of mangrove habitat are projected not to re-establish 

in this scenario, particularly given any vegetation that does establish is subsequently removed 

by the pond owner (Cameron et al. 2019b). Emission rates are therefore projected to remain 

stable and soil organic carbon stocks are assumed not to be depleted given the ponds exhibit 

deep organic soils (> 1m, Cameron et al. 2018) which provides a source of carbon for 

mineralisation and respiration by heterotrophs (Rh). Intermittent aquaculture farming also 

provides some carbon input from the accumulation of detritus. 

 

Similarly, Rehab 4TI and Rehab 5TI are two former aquaculture ponds located on the northern 

extent of Tanakeke Island (South Sulawesi) that have been hydrologically reconnected through 

the construction of an artificial tidal creek and strategic breaching of pond walls (Cameron et al. 

2018a). However, these sites exhibit very limited regrowth with no autochthonous (mangrove 

derived) or allochthonous soil carbon accumulation. Given these characteristics, Rehab 4 and 5TI 

can be considered analogous to aquaculture ponds at the time barriers to hydrological 

connectivity such as pond walls and sluice gates are broken down and tidal regimes reinstated. 

The minimal GHG flux observed here (0.9 ± 0.5 Mg CO2e ha-1 y-1) can largely be attributed to low 

site elevation and a subsequent significant hydroperiod (40.3%, Cameron et al. 2018b) which 

lowers atmospheric emissions in contrast to exposed conditions, as well as the development of a 

thin biofilm layer across much of the sites sandy loam interior which mediates CO2 efflux rising 

to the surface from deeper soil layers.     

 

4.3.2 Estimates of carbon loss via stock change methodologies  

A stock change / stock loss methodology can also be used in lieu of in situ gas exchange 

measurements to establish a temporal baseline for carbon depletion time. Determination of 

carbon depletion is calculated by establishing the average depth of organic soil at the project 

start date and dividing this by an estimate of the rate of loss of due to subsidence and / or 
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oxidation (Emmer et al. 2014). One way to infer rates of loss is through comparing soil carbon 

stocks in intact mangroves with adjacent aquaculture ponds where the date of initial clearance 

is known, with the difference in carbon stocks between the two indicative of soil carbon loss 

over time. There are important differences, however, between using stock change / stock loss 

and in situ gas exchange approaches for constructing temporal baselines of CO2 efflux. In situ gas 

exchange observations in aquaculture ponds reflect contemporary (and often stabilised) efflux 

resultant from organic soil carbon mineralisation and respiration from heterotrophic 

organisms. Estimates derived through carbon stock change / stock loss are indicative of the 

integrated efflux over time and include change due to the physical loss (or gain) of carbon and 

lateral movement of upper sediment layers. Erosion, groundwater inflow, and surface water 

drainage transports carbon rich sediments to adjacent repositories, such as pond trenches and 

nearshore waters as mangroves are cleared and soils exposed to erosive and oxidative 

conditions (Cameron et al. 2018; Kauffman et al. 2018).  

 

Cameron et al. (2018) developed estimates of carbon loss by comparing soil and biomass carbon 

stocks between aquaculture ponds, rehabilitated sites and mature forests in Sulawesi, with rates 

of 96.2 ± 10.9 and 58.4 ± 9.1 Mg CO2e ha-1 y-1 for Tanakeke Island and Tiwoho respectively. 

These results are similar to data interpolated from Kauffman et al. (2014), where average rates 

of above ground carbon biomass and soil loss combined equated to 96 Mg CO2e ha-1 y-1 for 

mangroves converted to aquaculture ponds in the Dominican Republic. Recent data inferred 

from Castillo et al. (2017a) on loss of soil organic carbon from brackish water aquaculture 

ponds in the Philippines reveals similarly high rates, averaging 58.8 Mg CO2e ha-1 y-1. For carbon 

rich aquaculture ponds in Brazil, Kaufmann et al. (2018) estimated a soil carbon loss of 191.4 – 

229 Mg CO2e ha-1 y-1 from ponds established 10 and 12 years prior to sampling respectively. 

These rates are similar to Ong (1993) where the potential carbon emissions resultant from the 

loss of carbon in sediments in Malaysia modelled over 10 years was estimated at 275 Mg CO2e 

ha-1 y-1, 50 times the carbon sequestration rate of this particular forest (McLeod et al. 2011).   

 

Of importance for modelling rates of carbon release post–conversion from both biomass and soil 

pools is that effluxes are likely to follow a negatively exponential or logarithmic curve with time, 
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where carbon losses are initially high before tapering off over time (Pendleton et al. 2012). This 

was empirically verified by Lovelock et al. (2011) using an in-situ gas exchange methodology to 

measure carbon emissions from peat soils of cleared mangrove forests in Belize. Emissions were 

106.4 Mg CO2e ha-1 y-1 in the first year post–conversion before stabilising to 29 Mg CO2e ha-1 y-1 

at sites ~20 years post-clearance.   
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Table 4-1: Comparison of GHGbase emissions from aquaculture ponds. Inundated, exposed and partially inundated hydrological conditions studies used in 

situ gas exchange methodologies which directly measured efflux from aquaculture ponds. Stock – change / stock loss methodologies refers to CO2 efflux 

inferred from the loss of carbon stocks in soils when mangroves are converted to aquaculture ponds. Negative numbers indicate GHG sequestration. N / D 

= not detected. All values are reported in Mg CO2e ha-1 y-1.  

Location Operational 

state 

Site conditions  CO2  N2O   CH4  GHG flux total  Data source 

Inundated / impounded conditions (no hydrological connectivity) 

Ponds 1TI. 

South Sulawesi, 

Indonesia 

Operating ponds Eutrophic 0.5 ± 0.0  N / D   0.6 ± 0.3   1.1 ± 0.2  Chapter 3, 

Cameron et al. 

(2019a).  

Worldwide (n = 

233) 

Operating ponds  -5.5 ± 3.3    Boyd et al. 

(2010) 

Exposed (no hydrological connectivity) 

Ponds 2TI. 

South Sulawesi, 

Indonesia 

Disused ponds Organic soils 25.6 ± 2.1  2.6 ± 1.6 2.6 ± 0.3   30.6 ± 1.9  Chapter 3, 

Cameron et al. 

(2019a).  

Perancak 

estuary, Bali, 

Indonesia 

Abandoned 

ponds 

Pond ‘walls’ 43.7    Sidik & Lovelock 

(2013) 
Pond ‘floor’, 

biofilm removed 

16    

Adjusted for 

proportion walls 

: floor1 

18.8    

Honda Bay, 

Philippines 

Abandoned 

ponds 

Little or no 

regrowth 

apparent 

15.9 ± 3.7    Castillo et al. 

(2017b) 
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Hydrologically connected 

Ponds 3TW. 

North Sulawesi, 

Indonesia 

Disused ponds Partial 

hydrological 

connectivity 

11.3 ± 0.6  2.7 ± 0.3 3 ± 0.4  17 ± 0.8  Chapter 3, 

Cameron et al. 

(2019a).  

Rehab 1 and 2TI 

(average 

values), 

Tanakeke 

Island, South 

Sulawesi  

Rehabilitated 

ponds with very 

little regrowth 

Tidal regimes 

reinstated (some 

barriers 

remain), biofilm 

intact  

0.5 ± 0.5 0.2 ± 0.1 0.2 ± 0.1  0.8 ± 0.7 Chapter 3, 

Cameron et al. 

(2019a).  

Stock – change / stock loss 

Tanakeke 

Island, South 

Sulawesi, 

Indonesia 

Abandoned 

ponds  

Soil C loss 

modelled as diff. 

in C stock 

between mature 

forests and 

aquaculture 

ponds  

96.2 ± 10.9    Chapter 3, 

Cameron et al. 

(2019a).  

Tiwoho, North 

Sulawesi, 

Indonesia 

Abandoned 

ponds 

Soil C loss 

modelled as diff. 

in C stock 

between mature 

forests and 

rehab sites for 

the period they 

were 

aquaculture 

ponds 

58.4 ± 9.1    

Dominican 

Republic 

Abandoned 

ponds2  

 95.9    Kauffman et al. 

(2014) 
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Honda Bay, 

Philippines 

Abandoned 

ponds  

 58.5    Castillo et al. 

(2017b) 

Caatinga 

region, Brazil 

Active ponds  Established 10 

and 12 years 

before sampling 

respectively (C 

rich) 

191.4 – 229    Kauffman et al. 

(2018) 

 Abandoned 

ponds  

Formed 8 years 

before sampling 

(low initial C 

stock) 

42.5     

Malaysia  Abandoned 

ponds  

Loss of soil C 

modelled over 

10 years 

275.2    Ong (1993) 

1 Figures adjusted to proportionally equate to an estimated standard hectare of a given pond where 90% of total area can be classified as ‘floor’ and the 

remaining 10% are ‘walls’.   

2 Emissions of CO2e per ha-1 y-1 calculated as the difference between the mean total ecosystem carbon stock of mangroves (853 Mg C ha-1) and that of 

aquaculture ponds (95 Mg C ha-1) (difference = 758 Mg C ha-1 or 2, 782 Mg CO2 ha-1) divided by the number of years post clearance (29) as reported in 

Kauffman et al. (2014). Note that this study indicates carbon loss from soils at depths greater than >100 cm due to conversion of mangroves to shrimp 

ponds (Kauffman et al. 2014), similar to observations in Malaysia by Ong (1993) where losses of soil carbon were recorded at depths as great as 2 m and 

corresponding overall carbon losses of 750 Mg C ha-1 over 10 years.    
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4.4 Estimating GHG emissions removals as mangroves regenerate 

Estimating net ERR from mangrove rehabilitation (GHGrehab) requires proponents to subtract 

overall carbon outputs (atmospheric CO2 emissions) from overall carbon inputs (sequestration 

in soils and biomass). Subtracting respiration outputs from inputs is analogous to the 

biophysical mass balance concept of Net Ecosystem Production (NEP). Additionally, including 

mangrove associated primary producer communities (e.g. phytoplankton, seagrass beds and 

benthic algae), the import and burial of allochthonous soil carbon, and the export and exchange 

of carbon in interstitial waterways (∑ExC) enables an estimate of Net Ecosystem Carbon Balance 

(NECB) (Rivera-Monroy et al. 2013). Subtracting emissions of non-CO2 GHGs (CH4 and N2O) 

from NECB enables a full estimation of the GHG emissions mitigation potential of mangroves 

(GHGrehab).  

 

4.4.1 Carbon inputs  

Carbon gains, or inputs, are determined by the rate of growth over time as mangroves develop. 

Known as Net Primary Production (NPP), it is one of the fundamental parameters describing 

ecosystem functioning and can be defined as the total amount of new organic matter produced 

during a certain period. This includes wood, leaf and root tissues as well as root exudates and 

volatile organic carbon compounds (Malhi et al. 2011).  

 

Average NPP in global reviews of established mangrove forests has been estimated at 15.2 Mg C 

ha-1 y-1 (Alongi 2014) and 13.6 Mg CO2 ha-1 y-1 (Bouillon et al. 2008), ~30% higher than NPP of 

established tropical forests in Amazonia (10.6 ± 0.7 Mg C ha-1 y-1. Malhi et al. 2011). 

Comparatively higher NPP in mangroves than other habitats may be partly attributed to (a) 

higher foliage production and leaf litter turnover rates, with mangrove forests exhibiting 16% 

higher litterfall than other equatorial tropical forests (Komiyama et al. 2008); and (b) the 

proportionally higher allocation of NPP to belowground biomass of 35.8% in mangroves (Alongi 

2014) compared to 26.4% in some tropical forests (Malhi et al. 2011). The high allocation of 

NPP to BGB in mangroves is considered a physiological response to (a) conserve and recycle 

nutrients by counterbalancing the loss of litter and other detritus via tidal advection; (b) 
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maximise water gain through developing extensive root systems which turnover rapidly given 

saline conditions negatively affect water retention; and (c) provide greater stability and 

anchorage in soft substrates by lowering the centre of gravity (Alongi 201; Alongi 2014; 

Komiyama et al. 2008). There remains considerable uncertainty, however, with regards to 

estimates of root biomass as a result of the differing methodologies used (i.e. allometric 

equations vs. in-situ sampling of roots using cores) and this is an important consideration when 

attempting to quantify carbon budgets at large spatial scales (Adame et al. 2017).    

 

At 10 years post-restoration, estimated NPP (inclusive of a multiplier to estimate litterfall) 

averaged across Tiwoho’s rehabilitated sites was 7.3 ± 0.7 Mg C ha-1 y-1 (Table 4-2), which is 

approximately half the global mean NPP of established mangrove stands (Alongi 2014). 

Tanakeke, conversely, had an estimated NPP of only 0.4 ± 0.1 Mg C ha-1 y-1. There are several 

published studies that provide chronological data describing above ground biomass 

accumulation for developing monocultures of Rhizophora spp. mangrove forests in various 

countries and geomorphic settings (see Table 2-6). When these studies are converted to NPP by 

accounting for leaf litter production and dividing reported biomass accumulation by cohort age, 

the estimated growth rates of the Rhizophora spp. dominated Rehab 3TW (8 ± 1.0 Mg C ha-1 y-1) in 

Tiwoho compares favourably with estimates of regenerating R. mucronata forest of the same 

age in central Thailand (6 Mg C ha-1 y-1, Matsui et al. 2012). This site was similarly rehabilitated 

from an abandoned aquaculture pond. Rates of a 12 year old plantation of R. mucronata from 

Gazi Bay, Kenya were lower at 4.9 Mg C ha-1 y-1 (Bosire et al. 2008). Coastal fringing sites lag 

slightly behind a 10 year old R. apiculata monoculture stand in Ca Mau, Vietnam (8.7 Mg C ha-1 y-

1, McNally et al. 2011) and the extreme biomass (15.9 Mg C ha-1 y-1) obtained in just 12 years of 

regrowth in a managed charcoal plantation in central Thailand (Kridiborworn et al. 2012), both 

of which are located within estuarine settings.  

 

4.4.2 Carbon outputs 

Net outputs, or losses of carbon to the atmosphere, are derived from both autotrophic (Ra) and 

heterotrophic (Rh) respiration. Soil temperature, moisture, texture and air-filled porosity, 
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abundance of macrofauna (bioturbation) and inundation frequency and duration are considered 

the most important environmental parameters controlling variation in efflux (Chanda et al. 

2014; Fuentes & Barr 2015; Cameron et al. 2019).  

 

Average CO2 efflux from exposed mangrove soils worldwide (2.7 Mg C ha-1 y-1, Alongi [2014]; 7.2 

Mg C ha-1 y-1, Kristensen [2007]) is higher than that from inundated soils (2.2 Mg C ha-1 y-1, 

Alongi [2014]; 2.5 Mg C ha-1 y-1; Rosentreter et al. [2018a]; 2.2 Mg C ha-1 y-1, Kristensen [2007]), 

with incoming flood tides filling soil pores and forcing rapid outgassing before inundation 

supress atmospheric exchange. These differences reflect higher molecular diffusion rates of CO2 

in water, with fluxes enhanced by soil porosity from abundant holes, crab burrows, fissures and 

cavities that may extend deep into the soil and which are replenished with air during exposure. 

This also increases the available surface area for aerobic respiration and chemical oxidation 

(Alongi 2009; Alongi 2014; Bouillon et al. 2008), with several studies noting that surface 

bioturbation from deep burrows may expose carbon previously locked away and buried under 

anaerobic conditions to atmospheric exchange (Maher et al. 2018). Exposed and inundated 

conditions, therefore, need to be weighted to develop mean values of soil CO2 efflux when 

deriving carbon budgets for mangrove forests. We use a combined average value of soil / water 

– atmosphere CO2 efflux for mangroves worldwide of 4.8 Mg C ha-1 y-1 (Alongi 2014) as a 

benchmark against which to compare CO2 emissions from Tiwoho (average of 7 ± 0.5 Mg C ha-1 

y-1) and Tanakeke’s (0.1 ± 0.0 Mg C ha-1 y-1) rehabilitating sites.   

 

To estimate carbon budgets in mangrove forests, the magnitude of Rh from micro- and macro-

organisms in the soil must be separated from autotrophic respiration (Ra). Plant respiration 

from fine roots (Rr) is a major component of autotrophic respiration and permeates 

surrounding soils via their aerenchyma. Rh is of a similar magnitude and caused by microbial 

and macrofaunal degradation of organic matter that is exchanged with the atmosphere either 

from exposed (Rs) or inundated soils (RH2O). Separating CO2 efflux into Rr and Rh, however, 

requires techniques such as excising living fine roots and enclosing in chambers to measure flux 

(e.g. Lovelock et al. 2006) or undertaking trenching to isolate living roots which can impose 

methodological limitations. Few studies have been conducted to date to explicitly understand 
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this aspect, with Bouillon et al. (2008) stressing the need to develop novel approaches to 

quantitatively partition CO2 fluxes between autotrophic and heterotrophic respiration.  

 

Research into CO2 efflux from mangrove soils has typically been made from chambers enclosing 

a small area of the soil surface (Alongi 2009). These studies, and more recent ones such as Chen 

et al. (2016), attribute all soil CO2 flux to Rh based on the assumption that the aerenchyma 

tissues of fine roots are connected with aboveground lenticels (pneumatophores, prop roots, 

and buttresses) with metabolic root respiration (Rr) primarily released through these structures 

(Komiyama et al. 2008). Below-ground roots of mangroves in these studies are therefore 

thought to make a small contribution to soil respiration, particularly if soil respiration chambers 

are placed to avoid pneumatophores (Komiyama et al. 2008). However, possibly the largest 

unknown factor in determining the fate of NPP involves the leaching of organic compounds 

(exudates) out of fine roots (Malhi et al. 2011) and there is currently insufficient data to 

accurately confirm this assumption and estimate the contribution of Rr to soil CO2 efflux 

(Lovelock et al. 2006). In addition to lenticel respiration, fine roots may also either respire CO2 

via aerenchyma directly into surrounding soils or form a constituent carbon source for the 

production of root exudates, both pathways of which form a carbon supply for symbiotic 

mycorrhizae (Malhi et al. 2011). Subsurface autotrophic CO2 that is not captured and consumed 

by heterotrophs may therefore escape to the soil surface as Rr.    

 

In this study, in lieu of direct measurements of root respiration (Rr) we use an indirect method 

for Tiwoho’s rehabilitating sites starting with an axiom where the relative contributions of Rh 

and Rr to overall soil CO2 efflux can be estimated through comparisons of non-vegetated 

aquaculture ponds to intact mangroves. Pond 3TW, the disused, non-vegetated ponds with only 

partial tidal influx near to the rehabilitating mangroves of Tiwoho were used as a proxy for 

estimating Rh : Rr. While there are limitations in inter-site reference applicability, particularly in 

the composition of heterotrophic faunal assemblages and subsequent bioturbation where 

detritivore species (e.g. Grapsid crab spp.) are absent given the lack of vegetation, Cameron et al. 

(2019) observed no statistically significant differences in either the number of macro faunal 

burrows or Thalassina (Mud lobster) mounds between Pond 3TW and the rehabilitating sites. 
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Additionally, other known key drivers of soil CO2 efflux (temperature, soil moisture content and 

relative inundation periods) were largely consistent between Pond 3TW and the rehabilitating 

sites (Cameron et al. 2019). Pond 3TW had a CO2 efflux rate of 3.1 ± 0.5 Mg C ha-1 y-1 which we 

assume is derived purely from Rh. Using this as a base, we estimate that 56.1% (3.9 ± 1.1 Mg C 

ha-1 y-1) of the observed CO2 efflux from Tiwoho’s three rehabilitating sites is derived from Rr, 

with the remainder (43.9%, 3.1 Mg C ha-1 y-1) from Rh giving a Rh: Rr ratio of 1:1.25. This ratio is 

similar to data inferred from Castillo et al. (2017), Gillis et al. (2017) and Hien et al. (2018), 

where comparisons of Rr and Rh derived CO2 efflux from natural and disturbed mangrove 

systems (converted to aquaculture ponds and clear cut respectively, with no autochthonous 

respiration) show ratios of RH: Rr of 1:1.54, 1:1.30, and 1:1.25 respectively. Similarly, Lang’at 

(2013) used a regression technique involving live root biomass combined with temperature 

readings to partition soil CO2 flux in an intact, established mangrove forest in Gazi Bay (Kenya). 

In contrast to our findings, this study estimated that 40.5 ± 7% of total observed soil respiration 

was attributable to Rr , with results supported by a paired control – treatment trial (intact [Rr 

and Rh] vs. clear-cut [Rh only]). Data inferred by comparing emissions from cleared and intact 

mangroves in New Zealand (Bulmer et al. 2017, biofilm intact data) show Rh may contribute up 

to 79.5% of total soil CO2 efflux, perhaps reflecting systematic differences in respiration kinetics 

of temperature in temperate vs. tropical systems.   

 

There are a variety of factors which dominate soil respiration rates in mangrove forests, and 

these may even differ within the same forest over time resulting in an enormous heterogeneity 

of soil typologies (Alongi 2009). Of importance, overall forest floor respiration is often higher 

when forests are young and declines with age, implying that forest ecosystem respiration peaks 

when forests are young, not old (Pregitzer & Euskirchen. 2004). The consequences for 

estimating rates of autotrophic and heterotrophic metabolism are thus not without difficulty, 

with the lack of empirical data signalling a clear research prerogative. For the rehabilitating 

mangrove sites of Tiwoho with high canopy coverage, while noting methodological limitations, 

Rr is likely to be a significant component of soil CO2 efflux and indicative of high productivity and 

belowground metabolic processing characteristic of developing forests. 
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In contrast, CO2 efflux from the rehabilitating sites on Tanakeke is likely to be almost entirely 

derived from heterotrophic respiration given the sporadic mangrove coverage. The sites are 

also less than 1 m above mean sea level resulting in a long hydroperiod which tends to inhibit 

overall flux. Additionally, as pond walls have been breached and tidal over-wash conditions 

reinstated, it has facilitated the development of photosynthetic biofilm across the sandy plateau 

of the ponds interior. Biofilm matts can act not only as barriers to the flux of Rh derived CO2 from 

deeper sediment layers by forming semi-permeable extracellular polymeric substances 

(Leopold et al. 2013), but may also function as a weak CO2 sink if they are phototrophic 

(Cameron et al. 2019a).  

 

4.4.3 Carbon allocation and pathways in mature and developing mangrove 

forests   

Carbon inputs and outputs can be allocated and partitioned along various pathways in order to 

inform estimates of overall carbon gains. Figure 4-2 provides a conceptual diagram of allocation 

and pathways in (a) established mangrove ecosystems (data interpreted from Alongi [2014]) 

and (b) average values of rehabilitating mangrove forests in Tiwoho in parenthesis (based on 

data from Cameron et al. 2018 and Cameron et al. 2019a). While Tanakeke data is not 

reproduced in Figure 4-2, the Supplementary Information provides a breakdown of carbon 

allocation and GHGrehab pathways. Using this framework, NPP is allocated into three main 

components; above ground woody biomass (NPPwood), below ground root biomass (NPProots), 

and leaf production and turnover as litterfall (NPPlitter). Almost 36% of NPP is vested in NPProots, 

with remaining NPP distributed almost equally to NPPwood (31.9 %) and NPPlitter (32.3%, Alongi 

2014).  

 

Established forests 

Established mangrove forests can be considered to be in equilibrium (steady state), with very 

little fixed carbon used in actual growth of above ground woody biomass apart from instances 

where old trees are replaced by new growth (Alongi 2012). This assumption, however, is being 

challenged in old-growth, terrestrial forests with these ecosystems continuing to accumulate 
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carbon (Killinic et al. 2013; Sillett et al. 2015). The lack of woody biomass accumulation in 

established mangroves implies that either some carbon sink components are underestimated 

and / or some important pathways for organic matter removal and export have been 

overlooked (Bouillon et al. 2008) in contemporary models. We hypothesize that much of the 

NPP allocated to NPPwood (4.9 Mg C ha-1 y-1) and NPProot production (5.4 Mg C ha-1 y-1) is excess to 

bio-physiological requirements. While a portion of fixed carbon is used in tissue maintenance, 

and there is some burial of decayed fine roots (0.4 Mg C ha-1 y-1), the majority of carbon is 

surplus to metabolic functioning and transported vertically through plant tissues from woody 

material and vested in fine roots. Excess carbon is then either removed from fine root 

aerenchyma as volatile organic compounds (root exudates, Rexu, 9.9 Mg C ha-1 y-1) or stored in 

fine roots which rapidly turnover and accumulate in soils. Fine root decay in mangroves is slow 

and probably serves as a nutrient retention mechanism (Alongi 2009), and while fine roots may 

not always be the dominant root fraction in terms of overall biomass they are considered the 

most active component with high rates of production and turnover (Bouillon et al. 2008). 

Exudates and decaying fine roots are subsequently consumed and respired by sub-surface 

heterotrophs such as mycorrhizae fungi, with some respiration seeping to the surface and 

emitted from exposed (Rs) and inundated soils (RH2O). In our model, we revise Alongi’s (2014) 

original estimates of Rs and RH2O by partitioning total soil / water CO2 flux into Rr (2.8 Mg C ha-1 

y-1) and Rh components (Rs and RH2O, 2 Mg C ha-1 y-1) based on the ratio we developed for 

Tiwoho’s sites (Rr :RH2O / Rs = 1:1.35), whilst acknowledging the inherent limitations in 

applicability here.  

 

Remaining unaccounted for carbon from Rexu is assumed to be consumed by heterotrophs and 

exported to adjacent nearshore habitats through tidal advection in interstitial waters as 

dissolved inorganic carbon (RDIC, 9 Mg C ha-1 y-1). Intact mangrove soils with their multitude of 

porous cracks, fissures and burrows have been likened to enormous ecological sponges or 

carbon reservoir – pump systems (Alongi 2014). Flood tidal cycles drive inundation and ebb 

tides subsequently drain soils (Fuentes & Barr 2015), with subsequent advection and lateral 

export of large amounts of carbon in the form of RDIC from mangroves to adjacent waterways 

and groundwater (Alongi. 2014; Bouillon et al. 2007; Perillo et al. 2009; Adame & Lovelock. 
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2011). These pathways have not been explicitly accounted for in most assessments of mangrove 

productivity to date, and the exchange of RDIC between mangroves, the atmosphere and the 

coastal ocean and its ultimate fate in the ocean is increasingly recognised as potentially a highly 

important component in mangrove carbon budgets (Bouillon et al. 2009).  

 

Carbon is also used in new leaf growth and subsequent litterfall (NPPlitter), with 22.1% of NPPlitter 

decomposed in situ and respired by heterotrophs as Rs and RH2O. 40.9% of NPPlitter is exported as 

particulate organic carbon (ExPOC) with an additional 22.1% broken down (but not consumed) 

and exported as dissolved organic carbon (ExDOC). Half of the exported organic carbon (ExOC) 

within mangrove waterways is broken down in situ by microbial degradation, while the other 

half is not as easily degradable and is exported into adjacent systems (Dittmar et al. 2006). A 

third of ExOC is destroyed by sunlight which effectively removes aromatic carbon molecules 

during transport offshore (Dittmar et al. 2006; Broadhead 2011). The remaining fraction is 

refractory (i.e. integrity / structure maintained) and, along with ExDIC, is subsequently available 

for photosynthetic uptake by autotrophs (e.g. phytoplankton, seagrass. Figure 4-3). The 

remaining 14.9% of NPPlitter is buried in soils (Slitter). 

 

Rehabilitating forests  

In contrast to established mangroves, for rehabilitating mangrove forests such as Tiwoho and 

Tanakeke the majority of carbon is fixed through NPP (average of 7.3 ± 0.7 Mg C ha-1 y-1) is 

retained and invested in the growth (NPPgrowth) of above ground woody biomass and in fine / 

coarse root production, with less surplus carbon and hence less exudate (Rexu). The enhanced 

allocation of carbon to root systems in rehabilitating mangrove forests may be an even more 

important nutrient conservation mechanism than established forests by providing a source of 

nutrients beyond those required for the production of short-lived tissues such as leaf litter 

detritus which is susceptible to tidal export, thus enabling biomass accumulation during forest 

growth (Raich et al. 2014). In our model (Figure 4-2, Table 4-5) we hypothesize that all Rexu is 

consumed and respired as Rs and RH2O (2.6 Mg C ha-1 y-1) in situ by mycorrhizae, with little or no 

interstitial export of RDIC derived from Rexu sources. There is, however, interstitial and lateral 

export of ExDOC into adjacent waters, and heterotrophic respiration from the consumption of 
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sources such as fine roots that is not accounted for as Rs and RH2O will be flushed into nearshore 

waters as well. The remaining fraction of Rh (0.5 Mg C ha-1 y-1) is derived from the decomposition 

of leaf litter (Rlitter).  

 

4.4.4 Net Ecosystem Production 

Estimates of net overall carbon gains, or NEP, are derived through either (a) subtracting Rh from 

NPPmang or (b) subtracting net ecosystem respiration (Re, the sum of Ra and Rh) from Gross 

Primary Production (GPP, Randerson et al. 2002). A third means is sum any carbon that is not 

respired. This is stored principally in autochthonous soil carbon (Sauto) sourced from the burial 

of leaf litter (Slitter) and fine root turnover (Sroot), as well as the portion of exported DOC (EXDOC) 

and POC (ExPOC) derived from NPPlitter which remains within the system and is not exchanged 

with the atmosphere. Estimates of the few mangrove NEP studies conducted to date are 

summarised in Table 4-2.  

 

Global estimates of average NEP in mangroves (4.2 Mg C ha-1 y-1 Alongi 2014; 4 Mg C ha-1 y-1 

Bouillon et al. 2008) account for RDIC export as a system loss and align closely with our estimate 

averaged across Tiwoho’s rehabilitating sites (4.2 ± 0.6 Mg C ha-1 y-1). Rehab 1TW and 3TW, 

however, exhibit much higher NPP than Rehab 2TW which results in significantly greater NEP for 

these sites given rates of overall CO2 efflux (Rr and Rh) across all three sites are very similar. 

Despite minimal respiratory outputs, the lack of regrowth at Tanakeke results in negligible NEP 

(0.3 ± 0.1 Mg C ha-1 y-1). The other site specific studies in Table 4-2 show NEP ranging from 2.9 

Mg C ha-1 y-1 to 29.7 Mg C ha-1 y-1 with an average of 14 Mg C ha-1 y-1. High NEP values are 

significantly positively correlated with tidal range with a coefficient of 0.68 for the case studies 

listed in Table 4-2. While physiological and environmental constraints control mangrove growth 

and productivity, larger tides can help drive higher NEP rates as they provide more external 

energy to a system which facilitates vigorous mixing of tidal waters, the removal of waste 

products and oxygenation of what would be stagnant waterlogged soils (Alongi 2014). Crucially, 

however, none of these studies accounted for the full suite of carbon pathways and fluxes from 

mangrove ecosystems with NEP estimates either not quantifying RDIC export or not separating 
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soil respiration into Rr and Rh components, with true NEP likely much lower. For example, 

repeated above – and belowground biometric measurements (i.e. in situ quantitative 

assessments of growth using litterfall and / or DBH measurements) at Shark Bay, Florida 

suggest much of the CO2 removed from the atmosphere does not accumulate in plants or soils, in 

contrast to the Eddy Covariance methodology which suggest much higher overall NPP and GPP. 

The tidal advection of dissolved inorganic (i.e. respiratory) and organic carbon away from the 

site produces the large discrepancies between the two estimates of carbon sequestration (Engel 

et al. 2011).  

 

While both global reviews are in agreement with regards to the ratio of NEP: NPP, (NEP equals 

29% - 27.6% of NPP for Bouillon et al. [2008] and Alongi [2014] respectively) in established 

forests, the ratio for Tiwoho and Tanakeke’s rehabilitating mangrove forests is much higher 

(NEP equals 68.5% and 73.3% of NPP respectively). This suggest that while NPP may be higher 

in established than rehabilitating forests, proportionally more carbon is excess to requirements 

and exported as RDIC whereas in rehabilitating forests most carbon is retained and used to 

support new growth (NPPgrowth).  

 

Despite large losses of carbon via respiration (Ra and Rh), mangroves are net autotrophic and 

important storage sites for carbon within soils and standing biomass (Alongi 2014) with 

correspondingly high NEP both while developing and upon senescence. While mangrove forest 

production tapers off with age (mangrove forests established after 25 – 30 years) even 

established ecosystems are still net producers of carbon with high NEP driven largely through 

soil carbon burial and replacement of old trees for young (Alongi 2012; Komiyama et al. 2008). 

In comparison, NEP in developing boreal and temperate forests (0-10 year old stands) may even 

be net sources of atmospheric carbon (-0.1 and -1.9 Mg C ha-1 y-1) through high rates of Rh 

(Pregitzer and Euskirchen. 2004). NEP in established tropical forests of Amazonia (Brazil) has 

been estimated at 0.7 ± 0.1 Mg C ha-1 y-1 (Malhi. 2011) and temperate forests 1.7 Mg C ha-1 y-1 

(average across all age classes, Pregitzer and Euskirchen. 2004) while saltmarsh, seagrass and 

kelp forests display extremely high NEP and average 15.9, 12.1, and 15.9 Mg C ha-1 y-1 

respectively (Alongi 2014).  
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4.4.5 Net Ecosystem Carbon Balance 

Assessing NECB in mangroves is a whole of ecosystem approach derived from the flux 

components of NEP from mangroves and associated primary producer communities as well as 

all carbon fluxes across both atmospheric and estuarine boundaries (Rivera-Monroy et al. 

2013). While assessing the NECB of mangrove ecosystems is necessarily complex due to the 

large number of component fluxes (Fuentes & Barr 2015), it represents the true net carbon gain 

or loss of a mangrove forest relative to the atmosphere and near-shore or estuarine waters.  

 

Mangrove ecosystems provide habitat for associated primary producer communities such as 

benthic microalgae which develop on mangrove soils as well as phytoplankton and associated 

seagrass beds which often co-occur with mangrove waterways and creeks. Of these primary 

producers, algae are typically an important contributor to NECB. Using interpolations of data 

from Alongi (2014) and algae carbon pathways from Duarte & Cebrian (1996) gives a benthic 

algae GPP within established mangrove habitats of 4.6 Mg C ha-1 y-1, with a corresponding NEP 

estimated at 1.3 Mg C ha-1 y-1 (Figure 4-2). Algal carbon is either buried in mangrove soils, 

potentially forming a significant fraction of total sedimentary organic carbon (Alongi 2014), or 

exported into adjacent systems as ExOM. Additionally, allochthonous soil carbon imported into 

mangrove systems is estimated at 1 Mg C ha-1 y-1 of which about ~70% (0.7 Mg C ha-1 y-1) is 

subsequently buried (Alongi 2014).  

 

Additionally, the lateral transport of RDIC via groundwater, interstitial, and surface water out of 

mangrove systems into adjacent waterways through tidal advection and its eventual fate is an 

essential component of mangrove carbon balances yet little studied. In some systems, RDIC may 

amount to upwards of 70% of total production (Lovelock et al. 2011) and while such export may 

potentially contribute to CO2 emissions as carbon is exchanged from surface water to the 

atmosphere, it will also support secondary production (Lovelock et al. 2011) if carbon remains 

in situ within adjacent waterways. Because the net flow of water is from upstream freshwater 

systems to the coast, mangrove forests and other upstream ecosystems generally serve as 
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sources of carbon and nutrients to the coastal environs (Fuentes & Barr 2015). Most RDIC is in 

the form of bicarbonate (HCO3) produced by heterotrophic respiration which may comprise 

upwards of ~85% of RDIC in some systems (Miyajima et al. 2009). Bicarbonate, in contrast with 

CO2, is not exchanged with the atmosphere and is eventually exported to the ocean (Miyajima et 

al. 2009). Approximately half (~50 %) of RDIC exported from mangrove ecosystems to open 

oceans is exchanged with the atmosphere (ADIC, Williams & Follows 2011), although recent 

research from pristine mangroves in Moreton Bay, Queensland (Australia) suggest oceanic 

exchange may be substantially higher (72.2%. Maher et al. 2018). The remaining half (ExDIC) is 

comprised of bicarbonate and remains within the ocean, enabling secondary production 

(Lovelock et al. 2011. Figure 4-3). Bouillon et al. (2007), for example found that seagrass beds 

contiguous with mangroves in Gazi Bay, Kenya, were very efficient in trapping mangrove - 

derived organic matter and that the water - air exchange of excess CO2 transported from 

mangrove waters represents a significant component in the ecosystems carbon budget. 

Additionally, a recent study from North Sulawesi (Indonesia) examined the relative contribution 

of mangrove organic carbon to seagrass soils and revealed via δ13C analyses that mangroves 

contributed 34 % - 83 % to soil organic carbon to adjacent seagrass meadows (Chen et al. 2017). 

Given that approximately half of exported RDIC derived from mangrove ecosystems remains 

within oceanic and nearshore environments, is not exchanged with the atmosphere and is 

subsequently available for secondary production (Williams & Follows 2011; Lovelock et al. 

2011), there is the palpable possibility of expanding mangrove afforestation / reforestation 

project boundaries seaward to also include nearshore habitats, particularly where seagrass 

beds are in close proximity to reforested areas. 

 

4.4.6 Potential net GHG removals from mangroves 

The most recent global estimate of CH4 emissions from healthy mangrove soils and waterways is 

1.7 ± 0.3 Mg CO2e ha-1 y-1 (Rosentreter et al. 2018b), very similar to Alongi’s (2014) estimate 

used in this synthesis (1.9 Mg CO2e ha-1 y-1). N2O emissions are assumed to be negligible (Alongi 

2014). These values contrast with our findings from the rehabilitating sites in Tiwoho where 

CH4 and N2O emissions were considerably higher, with a combined average of 5.9 Mg CO2e ha-1 
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y-1. On Tanakeke, however, CH4 and N2O emissions were minimal at 0.3 ± 0.0 and 0.2 ± 0.1 Mg 

CO2e ha-1 y-1 respectively. CH4 production can be positively correlated with high growth rates in 

some rehabilitating forests (Cameron et al. 2018b) as a consequence of enhanced belowground 

carbon supplies, where fine root turnover and decay facilitates conditions conducive to the 

development of methane producing bacteria. Fine roots form a carbon source more easily 

absorbed via digestion by methanogenic bacteria, rather than leaf litter or allochthonous carbon 

sources which are more labile and may form a greater proportion of soil carbon in established 

forests.  

 

If we expand our global NEP synthesis (15.4 Mg CO2e ha-1 y-1) to NECB by including algal NEP 

(4.8 Mg CO2e ha-1 y-1) and allochthonous soil carbon burial (2.4 Mg CO2e ha-1 y-1), the estimated 

50% of RDIC that is not exchanged with the atmosphere (ExDIC, 16.6 Mg CO2e ha-1 y-1), and 

subtract CH4 and N2O emissions (1.9 Mg CO2e ha-1 y-1), the GHGestablished_max in established 

mangrove forests may well be upwards of 37.3 Mg CO2e ha-1 y-1 (Figure 4-2, Table 4-2). 

However, Maher et al. (2018) suggests that the atmospheric exchange of organic and inorganic 

carbon exported laterally to the ocean may be more significant than currently estimated. The 

model proposed here implies that all ExPOC and ExDOC contributes to NEP, whereas Maher et al. 

(2018) show that in fact 83.5% and 69.6% of ExPOC and ExDOC respectively is exchanged with the 

atmosphere from the open ocean. If these fractions are applied to our model, along with the 

portion of RDIC that is exchanged with the atmosphere (ADIC), GHGestablished_max is considerably 

lower at 22.8 Mg CO2e ha-1 y-1 which highlights some critical uncertainties in coastal carbon 

exchange (Macreadie et al. 2017).  

 

Estimated GHGrehab for Tiwoho’s rehabilitating sites is estimated at 18 ± 1.6 Mg CO2e ha-1 y-1 

(Rehab 1TW), 1 ± 0.0 Mg CO2e ha-1 y-1 (Rehab 2TW), and 12.5 ± 1.3 Mg CO2e ha-1 y-1 (Rehab 3TW) 

with an average of 10.6 ± 0.9 Mg CO2e ha-1 y-1. The GHGrehab averaged for Tiwoho’s rehabilitated 

sites is skewered downward considerably by Rehab 2TW. This site forms a weak overall source of 

GHG emissions through moderate CH4 and N2O emissions combined with a low NECB as a result 

of stunted growth, largely resultant from remaining impediments to hydrological connectivity 

(Cameron et al. 2018). Similarly, GHGrehab for Tanakeke’s rehabilitating sites remains minimal at 
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0.7 ± 0.3 Mg CO2e ha-1 y-1. Cameron et al. (2018) observed that while these sites are still young 

post – rehabilitation, impediments to successful regrowth include (a) largely intact, remanent 

pond walls which present a physical barrier for hydrological connectivity and natural propagule 

dispersal from adjacent mangroves during flood tides; (b) the inherent infertility of soils derived 

from coralline parent material; and (c) soil compaction as a legacy of conversion which may 

hinder root penetration, even with the assistance of propagule dispersal by hand. Conversely, if 

rehabilitation projects are situated in geomorphic and biophysical settings conducive to high 

productivity with unimpeded hydrological connectivity (Cameron et al. 2018) such as that 

exhibited by Rehab 1TW and 3TW this may drive net GHGrehab considerably higher. GHGrehab for 

Rehab 1TW and Rehab 3TW closely aligns with the estimated global GHGestablished synthesis (15.9 

Mg CO2e ha-1 y-1, ∑[NECBmang + Sallo – CH4], with ANEP not included). However, overall GHGestablished 

in the global synthesis is higher than our Tiwoho values given N2O fluxes are included while no 

estimate is made for ANEP.  
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Table 4-2: Mass balance estimates for various mangrove forests and mangrove ecosystems. Negative values for GHGrehab indicate net GHG removals from 

the atmosphere. GHGrehab_max includes the portion of RDIC not exchanged with the atmosphere (ExDIC) as well as mangrove - allied algal NEP.  

Data 

source 

Site & 

location 

Geomorp

hic 

position 

Forest 

type 

Dominant 

species 

Max 

tidal 

range 

(m) 

GPP NPP Re Ra Rh NEP NECB CH4 

& 

N2O 

GHGr

ehab 

GHGr

ehab_m

ax 

      Mg C ha-1 y-1 Mg CO2e ha-1 y-1 

Camero

n et al. 

2018 (a, 

b) 

Rehab 

1TW  

Coastal 

fringing: 

mid – 

lower 

(landwar

d) 

mangrov

es 

Developi

ng forest 

C. tagal; R. 

apiculata 

1.9 29.5 

± 2.6 

9.8 ± 

0.9 

22.8 

± 1.9 

19.8 

± 1.8 

3.1 ± 

0.2 

6.7 ± 

0.7 

7.1 ± 

0.7 

8 ± 1 -18 ± 

1.6 

 

Rehab 

2TW  

Coastal 

fringing: 

mid – 

lower 

(landwar

d) 

mangrov

es 

Developi

ng forest 

C. tagal; R. 

apiculata 

 12.5 

± 1.1 

4.1 ± 

0.4 

11.4 

± 0.9 

8.3 ± 

0.7 

3.1 ± 

0.2 

1 ± 

0.2 

1.2 ± 

0.2 

3.4 ± 

0.9 

1 ± 

0.0 
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Rehab 

3TW  

Coastal 

fringing: 

upper 

(seaward

) 

mangrov

es 

Developi

ng forest 

R. 

apiculata; 

S. alba 

 24.1 

± 3 

8 ± 1 19.2 

± 2.1 

16.1 

± 2 

3.1 ± 

0.2 

4.9 ± 

0.8 

5.2 ± 

0.9 

6.6 ± 

2 

-12.5 

± 1.3 

 

Average 

Tiwoho 

rehab 

sites 

Coastal 

fringing 

Developi

ng 

forests  

C. tagal; R. 

apiculata; 

S. alba 

 22 ± 

2.2 

7.3 ± 

0.7 

17.8 

± 1.7 

14.7 

± 1.5 

3.1 ± 

0.2 

4.2 ± 

0.6 

4.5 ± 

0.6 

6 ± 

1.3 

-10.4 

± 1.0 

 

Chen et 

al.  

2016 

Jiulong 

River 

Estuary, 

China 

Estuarine

, mid –

low to 

high 

intertidal 

Mature 

forests 

(average)  

K. obovata  2.7 

(upper 

estuary) 

- 4 

(lower 

estuary) 

 16.2 

± 5.1 

  2.6 ± 

4.7 

*13.6 

± 0.5 

 2.9 -47.1  

Barr et 

al. 

2010a 

Shark 

River, 

Everglad

es, 

Florida  

Riverine Mature 

forest 

R. mangle; 

A. 

germinans

; L. 

racemosa 

1.6  16.2 

± 4.1 

  3.6 ± 

1.8 

*12.6 

± 2.3 

    

Poungp

arn et al 

(2012)b 

Trat 

River, 

Eastern 

Thailand 

Estuarine 

(avg. all 

forest 

types) 

Mature 

forest 

R. 

apiculata, 

A. marina, 

A. alba, B. 

gymnorrhi

za, X. 

granatum 

3  11.4   2.2 *9.3     
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Alongi 

2009 

(origina

l 

referen

ces 

therein)
c 

Rookery 

Bay, 

Florida, 

USA 

Estuarine Mature 

forest  

R. stylosa, 

A. 

germinans 

0.5 33.2 11 30.3 22.2 8.1 *2.9     

Matang, 

Malaysia 

Estuarine Managed 

plantatio

n forest  

R. 

apiculata 

2 49.9 14.7 37.4 35.2 2.2 *12.5     

Sawi Bay, 

Thailand 

Estuarine Planted 

forest  

R. 

apiculata, 

C.  

decandra 

1.3 54.1 18.4 40.6 35.7 4.9 *13.5     

Hinchinb

rook 

Channel, 

Australia 

Estuarine Mature 

forest  

R. stylosa, 

R. 

apiculata, 

C. tagal 

2.4 44.5 21.6 24.9 22.9 2.1 *19.5     

Missiona

ry Bay, 

Australia 

Coastal 

fringing 

Mature 

forest  

R. stylosa, 

R. 

apiculata 

2.3 35.3 16.3 23.1 19 4.1 *12.2     

Darwin 

Harbour, 

Australia 

Estuarine Mature 

forest  

R. 

apiculata, 

S. alba, C. 

tagal 

7.9 58.9 34.6 29.2 24.3 4.9 *29.7     

Alongi 

2014d 

Global N / A Mature 

forest 

N / A N /A 46 15.2 41.8 30.8 11 4.2 6.6 1.9 -20.7 -37.3 

Bouillo

n et al 

2008e 

Global  N / A Mature 

forest 

N / A N / A  13.6 

± 4.5 

  9.7 ± 

7.2 

3.9 ± 

2.7 

    

 

Notes: 
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* Indicates studies that did not account for the export of RDIC in Re, Rh, NEP and NECB calculations.  

a Unusually high NEP attributed to relatively low respiration rates which are more similar to forests growing in temperate zones than tropical ones (Barr 

et al. 2010). Note also this study did not account for atmospheric exchange of CO2 from net tidal advection of POC, DOC and DIC from the forest into 

adjacent estuarine waterways as this occurred away from intertidal zones and outside the Eddy Covariance footprint, which would likely have lowered 

NEP estimates. 

b Assumed all soil CO2 efflux observed was derived from Rh with no contribution from Rr sources.  

c GPP and Re values include productivity from mangroves only (not inclusive of associated benthic algae as originally reported). Re includes carbon loss 

and export from river and oceanic inflow, aquaculture wastes, sewerage, and seagrass production (Alongi 2009).  

d NECB includes the estimated contribution of ANEP and allochthonous carbon burial.  

e NEP calculated as sum of soil carbon burial, POC and DOC export. Tg C y-1 converted to Mg C ha-1 y-1 based on global area of mangroves of 160, 000 km2 

(Bouillon et al. 2008). Rh is composed of 2.6 ± 1.9 Mg C ha-1 y-1 exposed and inundated soils, 7 ± 5.3 Mg C ha-1 y-1 RDIC. 
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Figure 4-2: Conceptual diagram of carbon pathways in mature mangrove ecosystems interpreted from Alongi (2014) and average values of developing 

mangrove forests (Tiwoho, Indonesia) in parenthesis (Cameron et al. 2018 a and b). Units are displayed in Mg CO2e ha-1 y-1, with data, acronyms and 

equations used to generate pathways provided in Table 4-5. Net GHGrehab_max for mature mangrove forests (Alongi 2014) includes the portion of ExDIC that 

is not exchanged with the atmosphere as well as ANEP, highlighting the importance of potentially extending project boundaries seaward as well as 

accounting for other benthic primary producer communities to maximise creditable ERR.    
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Figure 4-3: Conceptual diagram of carbon pathways for the export of DIC, DOC and POC from mangrove waterways into adjacent nearshore 

environments. Figures are in Mg CO2 ha-1 year-1 following interpolations of average rates of export of DIC / DOC and POC from Alongi (2014). Acronyms 

are outlined in Table 4-5. Carbon pathways are described by Dittmar et al. (2006); Broadhead (2011); and Williams & Follows (2011).    
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4.5 Synthesis of net emissions reductions and removals from 

rehabilitating disused aquaculture ponds at Tiwoho 

The potential net annual ERR from the rehabilitation of disused aquaculture ponds back to 

mangroves averaged across Tiwoho’s sites can be calculated as Net ERR = GHGbase – GHGrehab. 

Using the values presented here, this results in reductions of 17 ± 0.8 (GHGbase) and removals of 

-10.6 ± 0.9 Mg CO2-e ha-1 y-1 (GHGrehab). The overall ERR rate is -27.6 ± 1.7 Mg CO2-e ha-1 y-1 

(Table 4-3), and this represents a highly significant GHG sink. 

 

The GHGbase estimates of CO2, N2O and CH4 are derived from Ponds 3TW, the partially inundated, 

disused aquaculture ponds near the rehabilitated sites of Tiwoho (Table 4-1). Baseline 

projections are modelled using the assumption that ponds will remain intermittently used as 

conditions conducive for fish farming fluctuate. As such, wetland ecological conditions and the 

formation of mangrove habitat are not projected to re-establish. Emission rates therefore 

remain stable and soil organic carbon stocks are assumed not to be depleted given the ponds 

exhibit deep organic soils (> 1m, Cameron et. 2018a) which provides a source of carbon for Rh 

mineralisation while intermittent aquaculture farming also provides some carbon input from 

the accumulation of detritus. 

 

The GHGrehab estimates equate to NECB minus CH4 and N2O emissions averaged across the three 

rehabilitating mangrove sites in Tiwoho (Table 4-2). A further assumption made is that NECB 

remains constant, whereas in reality developing mangrove forests are unlikely to conform to 

linear growth trajectories (carbon sequestration via NPP) or mass balance models. Rather, they 

typically exhibit high growth in spurts between years 6-10 (Komiyama et al. 2008) before 

gradually tapering off upon maturity (circa 30 years of age), a classic forest growth sigmoidal 

growth pattern.   

 

GHGrehab averaged for Tiwoho’s rehabilitated sites is skewered downward considerably by 

Rehab 2TW. This site forms a weak overall source of GHG emissions through moderate CH4 and 

N2O emissions combined with a low NECB as a result of stunted regrowth largely resultant from 
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remaining impediments to hydrological connectivity (Cameron et al. 2018a). If rehabilitation 

projects result in healthy, high productivity and growth forests such as that exhibited by Rehab 

1TW and 3TW this may drive net GHGrehab considerably higher (GHGrehab of 18 ± 1.6 and 12.5 ± 1.3 

Mg CO2e ha-1 y-1 respectively), which closely aligns with the estimated global synthesis for 

mangroves (NECB for mangroves only, 15.9 Mg CO2e ha-1 y-1, refer Table 4-5) based on Alongi 

(2014).  

 

For project proponents where maximising carbon returns is a key prerogative, an ideal scenario 

would involve undertaking mangrove rehabilitation in (a) dry, exposed ponds overlying rich 

organic soils in (b) seaward zones of (c) estuarine geomorphic settings characterised by (d) 

macro-tidal conditions where the mitigation potential may be upwards of 67.9 Mg CO2e ha-1 y-1. 

Baseline emissions from dry ponds such as Ponds 2TI (Table 4-1) may be considerably higher 

than net GHG mitigation removals as mangroves redevelop, with emissions almost immediately 

negated through hydrological breaching and the reinstitution of tidal regimes (e.g. Rehab 1 and 

2TI, Table 4-1). Project sites most conducive to net carbon accumulation (and therefore GHGrehab) 

are primarily located at the sea - forest boundary (Alongi 2012) where both soil carbon 

accumulation rates and standing biomass of predominant mangrove species (e.g. Sonneratia and 

Rhizophora spp) are on average higher than more landward mangrove communities (e.g. Ceriops 

spp; Brugeria spp.). Additionally, estuarine settings encompass deltaic, riverine and basin 

mangroves with extensive hinterland zones typically traversed by a mosaic of rivers and 

streams (Lugo and Snedaker 1974; Thom 1984; Woodroffe 1992) and typically exhibit higher 

productivity driven by factors such as the availability, supply and influx of suspended sediments 

via riverine input (Cameron et al. 2018). This results in higher growth rates, and if estuarine 

settings also exhibit high tidal amplitude this is also likely to increase NEP and NECB given 

larger tides provide external energy to mangrove systems and drive oxygenation, tidal mixing 

and the removal of waste products. If project boundaries are also stratified and extended 

seaward to encompass both nearshore environments to account for ExDIC and other primary 

producer communities such as benthic algae and mangrove-allied seagrass beds, this may boost 

creditable removals by upwards of 21.4 Mg CO2e ha-1 y-1 (GHGrehab_max, Table 4-2 and Table 4-3).  
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In contrast, projects that occur in ponds which are impounded and / or still operational when 

rehabilitation activities are initiated are unlikely to result in significant reductions in baseline 

emissions (e.g. Ponds 1TI), although potential overall gains remain significant (GHGrehab = -15.9 

Mg CO2e ha-1 y-1, Table 4-2. Alongi [2014]) even without considering the inclusion of ExDIC or 

other benthic primary producer communities (Table 4-3).    

 

Table 4-3: Comparison of potential net emissions reductions (GHGbase) and removals (GHGrehab) 

between Tiwoho’s rehabilitating sites and established mangroves (GHGestablished) under a 

maximum and minimum scenario. GHGbase is sourced from Table 4-1 and uses proxies from 

Ponds 2TI (dry, exposed, organic soils) and Ponds 1TI (inundated, operating ponds) in the 

maximum and minimum scenario for established forest respectively. GHGestablished in the 

maximum scenario includes algae NEP and the portion of exported DIC that remains within the 

water column with data derived from Alongi (2014). All units are in Mg CO2e ha-1 y-1.   

Components Rehab1TW Rehab 

2TW 

Rehab3TW Tiwoho 

rehabilitation 

sites 

(average) 

Established 

max. 

scenario 

Established 

min. 

scenario 

GHGbase 17 ± 0.8 17 ± 0.8 17 ± 0.8 17 ± 0.8  30.6 ± 1.9 1.1 ± 0.2 

GHGrehab / 

GHGestablished)  

-18.1 ± 

1.7 

-1.1 ± 

0.1 

-12.6 ± 

1.2 

-10.6 ± 0.9  -37.3 -15.9 

Net ERR 35.1 ± 2.5 18.1 ± 

0.7 

29.6 ± 2 27.6 ± 1.7 67.9 17.0 

 

There are a number of biophysical caveats and assumptions which underpin this synthesis, and 

an acknowledgement of the inherent limitations is fundamental to interpreting potential net 

GHG emissions from established and rehabilitating mangrove forests. Firstly, mangroves occur 

in a wide range of geomorphic and biophysical settings with corresponding differences in 

carbon storage and sequestration abilities both within (in terms of different species 

assemblages) and between forests (Alongi 2013) which negates to some degree the ability to 

generalise on the net GHG emissions offset potential of rehabilitating and established 

mangroves. A further assumption is that NECB remains constant, whereas in reality 

rehabilitating mangrove forests do not conform to linear growth trajectories (carbon 

sequestration via NPP) or mass balance models. Rather, they typically exhibit high growth in 
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spurts between years 6-10 (Komiyama et al. 2008) before gradually tapering off upon maturity 

(circa 30 years of age), a classic forest growth sigmoidal growth pattern (Sillanpää et al. 2017; 

Alongi 2009). Mangrove forest development is also shaped by changes in shoreline evolution 

and the rate of sea-level rise, creating an inherently dynamic environment with frequent 

alternating periods of accretion, subsidence and erosion (Woodroffe 1992, McKee et al. 2007, 

Krauss et al. 2014). Given their propensity to undergo frequent disturbances, mangrove forest 

development can therefore be unpredictable, naturally variable and nonlinear leading to a 

mosaic of arrested succession sequences (Alongi 2012). This makes long-term projections of the 

net GHG emissions offset potential  in rehabilitating and established mangrove forests difficult 

to gauge and requires project proponents to deal with high levels of uncertainty, typically 

expressed through the creation of ‘buffer pools’ for ensuring the permanence of any certified 

emissions removals. 

 

Another key limitation is compartmentalising CO2 flux from mangrove soils into Rr and Rh 

components. It was assumed in this study that soil – atmosphere CO2 flux is derived from both 

Rr and Rh sources, contrary to a number of other studies (e.g. Chen et al. 2016, Komiyama et al. 

2008) which stipulate that soil -atmosphere CO2 flux from chamber measurements is derived 

entirely from Rh. This is a crucial assumption as NEP can be estimated by subtracting Rh from 

NPP. Applying this assumption to the rehabilitating sites of Tiwoho results in NEP values of 13.3 

± 2, -14.3 ± 0.6, and 3.9 ± 0.8 Mg CO2 ha-1 y-1 for Rehab 1TW, Rehab 2TW, and Rehab 3TW 

respectively. These values are much lower than reported here, with the NEP of Rehab 2TW 

negative (a net source of carbon emissions). This is possible and NEP estimates for young (0-10 

year old) boreal and temperate forests have been shown to be net atmospheric carbon sources 

(Pregitzer & Euskirchen 2004) with significant respiratory fluxes. However, a number of other 

studies support the assertion taken here with Rh ranging between ~40 and ~80% of total soil – 

atmosphere CO2 efflux (Castillo et al. 2017, Gillis et al. 2017, Lang’at  2013, Bulmer et al. 2017, 

Ouyang et al. 2018, and Hien et al. 2018). Alternatively, the eddy covariance method could be 

used to directly measure NEP. Application of this aerodynamic method, however, is impractical 

in mosaics of small mangrove stands and aquaculture ponds and it has not been widely used in 
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mangrove forests (Barr et al. 2010). At patch scales, estimates of fluxes and emissions are more 

accurately quantified using chamber and inventory methods, the approach taken in this study. 

Additionally, the critical difference between rehabilitating and established forests in our model 

is the fate of NPP and the relative importance of Rexu as an export mechanism for carbon excess 

to biophysical requirements. As forests established, they no longer require all of the carbon 

fixed through NPP to support new growth (NPPgrowth in our model). However, NPP in established 

forests is substantially higher than rehabilitating forests, which implies that as forests 

established their overall productivity actually increases (in stark contrast to most terrestrial 

forests) despite no longer requiring as much carbon to facilitate the development of new woody 

tissue. Fixing large amounts of carbon which are surplus to requirements and the subsequent 

exudation of this via fine roots (Rexu) or through fine root turnover is most likely a nutrient 

retention mechanism developed in response to the highly dynamic, tidally inundated coastal 

environments. The point at which the rate of carbon fixation becomes surplus to requirements 

and switches from NPPgrowth to Rexu and, subsequently, to a source for RDIC requires further 

empirical research.  

 

This is of pertinence as the reservoir – pump system theorem of RDIC / ExDIC, ExDOC and ExPOC 

export has been studied in-depth in only a handful of locations which limits understanding of 

both spatial and temporal rates of exchange. It is important to recognize the inherent 

uniqueness of each mangrove ecosystem in this regard. Some systems may serve both as 

exporters of organic and inorganic carbon while others import DOC and POC during tidal 

inundation but export DIC, and assessing the net balance of these processes is not 

straightforward (Bouillon & Connolly 2009; Hiraishi et al. 2013). The direction of net carbon 

exchange is heterogeneous in time and space (Engel et al. 2011) and can vary even within the 

same location through changes in season (Hiraishi et al. 2013) and or / climatic events.  

 

Despite such limitations, the importance of maximising potential net removals of GHGs by 

extending project boundaries seaward to account for RDIC that is not exchanged with the 

atmosphere (ExDIC) should not be underestimated given the capacity of mangroves even upon 

maturity to be net sinks. Accounting for ExDIC may require the use of resource intensive but 
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holistic and long-term monitoring methodologies that couple eddy - covariance (flux tower) 

techniques with biometrics linking tree growth and carbon stock changes (i.e. allocation of 

photosynthates to wood, foliage and litter production) as well as measurements of dissolved 

and particulate carbon fluxes when developing NECB estimates (Fuentes & Barr 2015). 

Furthermore, the development of improved, empirically verified field techniques for separating 

fine root from heterotrophic respiration as well as NEP from mangrove allied benthic primary 

producer communities is a key research prerogative and crucial for reliable estimates of total 

GHG removals. While accounting for ExDIC, benthic primary producer communities and Rr / Rh 

may increase monitoring costs and has implicit resource implications, it will also improve the 

degree of certainty (a trade-off made necessarily made at the project assessment level) and may 

well substantially increase potential emissions removals. 

 

4.6 Comparison to terrestrial A / R and avoided deforestation 

projects 

When annual GHG mitigation benefits from A / R and avoided deforestation VCS projects are 

compared to the potential net ERR from the rehabilitation of aquaculture ponds back to 

mangroves, it suggests that mangroves are likely to be highly competitive purely from a carbon 

returns perspective. While average emissions removals from both A / R (9.9 Mg CO2-e ha-1 y-1) 

and avoided deforestation (10.4 Mg CO2-e ha-1 y-1) projects are similar to our estimates of 

average GHGrehab for Tiwoho (10.6 ± 0.9 Mg CO2-e ha-1 y-1, inclusive of NECB and non-CO2 

emissions), a more directly applicable comparison using estimated NPP (26.8 ± 2.6 Mg CO2-e ha-

1 y-1) illustrates that Tiwoho’s sites provide almost three times the equivalent GHG mitigation 

potential. However, GHGrehab is a more accurate estimate of overall removals and the key 

difference between VCS and mangrove rehabilitation projects is the reductions expected to be 

generated through mitigating baseline emissions. Estimated net annual ERR per ha-1 from 

Tiwoho’s rehabilitating sites (factoring in GHGbase and GHGrehab) is far higher than A / R or 

avoided deforestation projects regardless of biome, while under a maximum creditable scenario 

(established max. scenario, Table 4-3 and Figure 4-4), the emissions mitigation potential is 

upwards of 6 times greater. 
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Coastal wetland projects listed in the VCS database have the highest net ERR by biome (13.6 Mg 

CO2-e ha-1 y-1), although they are limited to a small number (3) of A / R mangrove projects in 

Indonesia, Senegal, and India. These projects range in size between 4,624 ha and 10, 415 ha and 

all involve the replanting of degraded coastal lands, mostly with Rhizophora spp. Projected ERR 

ranges from 4.7 (Senegal) to 24.9 (Indonesia) Mg CO2-e ha-1 y-1, although Wylie et al. (2016) 

notes that the amount of carbon sequestered at the Indian site in the Sundarbans is actually 

three times the initially estimated value of 11.1 Mg CO2-e ha-1 y-1. While these projects account 

for carbon stock change in living biomass and soil carbon accumulation as mangroves regrow in 

the ‘with project’ scenario, baseline emissions, crucially, are set to zero in the accompanying 

Project Descriptions (VCS. 2018). VCS accounting methodologies allow baseline projections to 

be set to zero in situations where there is sparse existing tree cover prior to project intervention 

activities (as in the case of mangroves converted to aquaculture ponds) and therefore no net 

carbon sequestration. However, if these projects also accounted for on-going emissions from 

aquaculture ponds (GHGbase) through the depletion of organic soil carbon stocks then estimates 

of net ERR would likely be higher and approach our estimates for Tiwoho.  

 

Avoided deforestation projects are focused primarily on tropical forests, mostly in developing 

countries, with the average values reported driven upward through high carbon gains attributed 

to projects such as the Rimba Raya Biodiversity Reserve in Borneo, Indonesia (74 Mg CO2-e ha-1 

y-1) and Valdivian Coastal Reserve REDD+ project in Chile (45.7 Mg CO2-e ha-1 y-1). Rimba Raya 

encompasses a peat swamp forest overlaying substantial soil carbon deposits, which, if 

deforested, would release substantial quantities of carbon to the atmosphere, while the 

Valdivian Coastal Reserve is a temperate rainforest with high quantities of carbon stored in the 

biomass of large, old growth tree species such as Fitzroya cupressoides (VCS. 2018). 
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Figure 4-4: Potential net ERR resultant from mangrove rehabilitation scenarios compared to 

afforestation / reforestation and avoided deforestation projects and by biome. Mangrove data is 

sourced from Table 4-3; all other data is sourced from an analysis of selected projects (n= 100) 

in the VCS project database (accessed May 2018) under the agriculture, forestry, and landuse 

sectoral scope. 

 

4.7 Monetarisation of net ERR and comparison to opportunity costs, 

project implementation costs, and investment classes 

There are a number of factors which require careful evaluation when determining the economic 

feasibility of developing forest carbon projects (let alone social and biophysical feasibility). This 

includes (a) estimating the net overall GHG offset potential (ERR) from the project footprint; (b) 

assessing foregone opportunity costs associated with discontinuing the status quo (business as 

usual) of landuse; and (c) the costs of carrying out physical rehabilitation activities.  

 

In this regard, potential net ERR from the rehabilitation of Tiwoho’s 13.8 ha of ponds over 10 

years may have equated to upwards of 3, 934.7 ± 257 Mg CO2-e (or 393.4 ± 25.7 Mg CO2-e ha-1 y-

1). If the project had been set up upon initiation to explicitly account for carbon benefits, and 

given an average price of USD $8.1 per tonne of CO2-e for A / R projects transacted on the 
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voluntary carbon market in 2017 (Hamrick & Gallant. 2018), it may have generated benefits 

worth USD $31, 871 at the time of assessment with an average annual return of USD $231.5 ha-1 

y-1.  

 

At Tiwoho, the ponds were abandoned for over a decade before rehabilitation and therefore 

generated no economic returns for the community from which to compare foregone opportunity 

costs under a ‘business as usual’ scenario. Data reported by Brown (2019), however, revealed 

that the median net annual income generated by aquaculture farming in Demak and Tanjung 

Panjang was USD $177 ± 61 ha-1 y-1 and USD $945 ± 324 ha-1 y-1 for these landscapes 

respectively (Brown. 2019). Demak is a low lying coastal plain that suffers from severe erosion 

and land subsidence, which, coupled with the loss of mangrove forest, has resulted in poor 

water quality, low biogenic productivity, and diminishing returns from aquaculture (Brown. 

2019). Aquaculture ponds in Tanjung Panjang, in contrast, remain highly productive. It is 

possible that deep, clean, nutrient poor oceanic water upwelling from the Gulf of Tomini 

combined with high riverine freshwater input in the mosaic of streams and rivers running 

through Tanjung Panjang from orographic rainfall in the mountains to the north results in 

comparatively good water quality for aquaculture farmers to utilise. This helps facilitate both 

higher yields (quantity per ha-1) and higher quality produce of the main commodity, Milkfish 

(Chanos chanos), commanding premium prices in the markets of Southern Sulawesi where most 

fish are exported (Cameron. 2017). This analysis suggests that in locations of low aquaculture 

productivity such as Demak, if rural communities are able to benefit economically from coastal 

rehabilitation projects it may well offset the foregone opportunity costs generated by 

aquaculture farming. For high productivity landscapes such as Tanjung Panjang the value of 

carbon on the voluntary forest market would need to rise to roughly USD $33 per Mg CO2-e ha-1 

to be competitive with returns from aquaculture.  

 

While forest carbon financing is unlikely to offer a direct livelihoods substitute to aquaculture 

farming (and nor should it), the real opportunity lies in restoring disused or abandoned ponds. 

Aquaculture ponds cover between 800, 000 ha - 1.198 million ha of Indonesia’s coastal land 

(Ilman et al. 2016 and Statistics Indonesia 2013 respectively), with almost half of the country’s 
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existing aquaculture ponds (~600, 000 ha) disused or exhibiting very low productivity 

(Dyspriani 2007; Ilamn et al. 2016) such as Demak (Brown. 2019). Productivity declines in 

parallel with gradually deteriorating water and soil quality over time through acidification 

related to lack of tidal exchange, and this can also exacerbate problems of disease (shrimp, for 

instance, can become stressed through decreased water quality enhancing their susceptibility to 

diseases such as White Spot Syndrome and Red Gill disease) and eutrophication (Bosma et al. 

2012; Macintosh et al. 2003). Costs associated with upkeep and maintaining structural integrity 

also tend to increase with pond age as well, while the use and application of fertilizers (e.g. urea 

based compounds) incrementally increases overtime in order to maintain the same levels of 

productivity as when first constructed. Additionally, domestic and international market 

fluctuations in the price of sale for both the end product (e.g. milkfish, shrimp) and resources 

necessary for production such as fuel and fertilizer can exacerbate declining profit margins. The 

decline of pond productivity can lead to spiraling patterns of unsustainable landuse analogues 

to shifting cultivation (Bosma et al. 2012) as pond abandonment leads to further clearance of 

healthy mangroves in order to construct new ponds. These ponds provide no economic or food 

productive value and deprive communities of the vast array of ecosystem goods and services 

that healthy mangrove forests and sustainably managed aquaculture ventures provide.  

 

To fully capitalise on the substantial GHG mitigation opportunity offered by restoring disused 

aquaculture ponds at large scale across Indonesia requires significant investment, planning, and 

resourcing. However, in the wake of the 2015 Paris Accord and subsequent COP negotiations, 

the value of forest carbon products on both voluntary and compliance markets is expected to 

rise (Hamrick & Gallant. 2018). So too, therefore, does the potential economic profitability and 

feasibility of mangrove (and other) forest carbon projects. This is particularly important given 

the United Nations General Assembly has declared 2021 - 2030 to be the ‘decade of ecosystem 

restoration’ with a goal to focus resources on the restoration of 350 million ha-1 of degraded 

land over the next 10 years which will generate USD $9 trillion in ecosystem services while 

absorbing an additional 13-26 gigatons of GHGs (UNEP. 2019). Potential governmental financing 

mechanisms available to develop mangrove rehabilitation projects includes incorporation 

within Nationally Appropriate Mitigation Actions (NAMA), an avenue currently being explored 



153 
 

by the Dominican Republic (Wylie et al. 2016), as well as the United Nation’s Green Climate 

Fund (GCF) which provides funding for both mitigation and adaptation projects (Wylie et al. 

2016). The private sector, too, will also continue to have a highly significant role in funding 

rehabilitation projects, and this is evident through the growing consumer and shareholder 

driven demand for greater carbon offsetting (and corporate social responsibility in general) by 

industry (Hamrick & Gallant. 2017).   

 

In order to assess the magnitude of potential GHG mitigation benefits from restoring Indonesia’s 

disused ponds as larger spatial scales, we scaled up GHGbase and GHGrehab estimates from Tiwoho. 

Both the disused ponds (Ponds 3TW) and the rehabilitating sites at Tiwoho can be considered 

representative of over 2/3rds of Indonesia’s aquaculture ponds, with similar biophysical 

characteristics to those found in aquaculture landscapes of Sumatra, Java, Bali, Nusa Tenggara, 

Papua and the rest of Sulawesi (Table S5, Murdiyarso et al. 2015). Noting limitations in the 

ability to assess the degree of impoundment and tidal inundation across all of Indonesia’s 

disused ponds which, as outlined in section 3, is the key factor controlling GHG flux, we make an 

assumption here that baseline emissions from Ponds 3TW can generally be considered as 

representative of GHG flux from disused ponds across most of Indonesia. Similarly, the average 

regrowth rates exhibited by the rehabilitating sites at Tiwoho can be considered as generally 

representative of mangrove productivity for sites located in coastal fringing geomorphic 

settings across SE Asia (Cameron et al. 2018). If we scale our estimates of ERR to encompass all 

of Indonesia’s disused and low productivity ponds (600, 000 ha. Dyspriani 2007; Ilamn et al. 

2016), mangrove rehabilitation has the potential to reduce 10.2 ± .48 million Mg CO2-e ha-1 y-1 in 

baseline emissions and remove -6.36 ± .54 million Mg CO2-e ha-1 y-1 as forests redevelop. Total 

net ERR is in the order of -16.56 ± 1.02 million Mg CO2-e ha-1 y-1 which, using the value of USD 

$8.1 per tonne of CO2-e for A / R projects (Hamrick & Gallant. 2018), is potentially worth 

upwards of USD $134.136 ± 8.262 million y-1.     

 

The potential GHG mitigation offset benefits from mangrove rehabilitation also needs to be 

framed against project implementation costs in order to derive a more complete understating of 

economic value. Rehabilitation activities at Tiwoho cost a total of USD $35, 000 (Brown. 2019) 
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when they were completed in 2006. These costs were inclusive of survey work, community 

organizing, and technical site restoration (Brown. 2019). Adjusting this to a net present value 

(NPV) as of 2016 (the date assessments were made) and factoring in inflation (US Inflation 

Calculator. 2018), this equates to USD $41, 667.9 or USD $3, 026 per ha-1. The implication here is 

that in just 10 years, the GHG mitigation benefits alone (leaving aside valuation of the other 

important ecosystem services mangroves provide) from rehabilitation have already 

recuperated approximately 76.5% of implementation costs at an annual average return of 7.6% 

(Table 4). Initial project costs would effectively be offset after about 13 years, with returns after 

this producing a net revenue stream. To put this in perspective, four of the most common asset 

classes targeted for investment in Australia generated annual returns on investment of 2.8% 

(cash e.g. savings accounts); 4.3% (equities e.g. shares); 6.1% (fixed income e.g. bonds); and 

8.1% (property) over 10 years to December 2016 (Russel Investments / ASX. 2018). UniSuper, 

an Australian superannuation fund, generated average annual returns of 7.8% over the same 

period from their ‘balanced investment portfolio’ (UniSuper. 2019). While framing projects as 

monetary investments would require additional economic modelling to factor in compounding 

interest (therefore extending the break-even point), these results none the less suggest that 

mangrove rehabilitation is competitive not only within the forest carbon sector but also as an 

outright economic investment in its own right.  

 

Table 4-4: Percentage of project implementation costs potentially recuperated by GHG 

mitigation benefits as forests regenerate. Data for site area (a) is sourced from Table 2-2. Annual 

ERR (b) equate to GHGrehab (Table 4-5) and GHGbase (Table 4-1). The cost of rehabilitation per 

site (d) is calculated as total project implementation costs in NPV (USD $) divided by area (a). 

Net GHG recuperation value from rehabilitation (e) is calculated as USD $8.1 (Hamrick & Gallant. 

2018) multiplied by the total estimated ERR over 10 years (c, 2006-2016). % of rehabilitation 

costs offset (f) is calculated as (e) / (d) * 100.  

Site (a) Area 

(ha) 

(b) Annual 

ERR (Mg 

CO2e ha-1 y-

1) 

(c) Total 

ERR over 

10 years 

(Mg CO2e) 

(d) Cost of 

rehabilita

tion (USD 

$)  

(e) Net 

GHG 

recuperati

on value 

from 

(f) % of 

rehabilita

tion cost 

offset by 

total ERR 
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rehabilita

tion (USD 

$) 

over 10 

years  

Rehab 1TW 1.97 35 ± 2.4 689.5 ± 

47.3 

5, 961.2 5, 585.0 93.7 (9.3% 

per 

annum) 

Rehab 2TW 2.17 18 ±0.8 390.6 ± 

17.4 

6, 566.4 3, 163.9 48.2 (4.8% 

per 

annum) 

Rehab 3TW 9.63 29.5 ± 1.8 2, 840.9 ± 

173.3 

29, 140.3 23, 010.9 79.0 (7.9% 

per annum 

Average / 

Total 

13.77 27.4 ±1.8 3, 921.0 ± 

238 

41, 667.9 31, 759.7 

 

76.2 (7.6% 

per 

annum) 

 

 

Figure 4-5: Comparison of estimated annual rate of return between Tiwoho’s rehabilitating 

mangroves and other asset classes targeted for investment. The annual rate of return for 

Tiwoho is sourced from Table 4-4; data on asset classes of cash, equity, fixed income, and real 

estate is sourced from Russel Investments / ASX. (2018); and data on superannuation is sourced 

from UniSuper (2019). 
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4.8 Conclusions  

Mangrove forests remain under threat in many parts of the work, principally through 

conversion to aquaculture ponds although the development of oil palm plantations has become 

an increasingly significant driver of land use change (Richards and Friess. 2016). While 

aquaculture may be a viable and necessary alternative to the overharvesting of wild caught 

fisheries, which is an issue in many parts of the world, the fact that most ponds converted from 

mangroves exhibit a lifespan of between 3 -10 years after construction (Giesen et al. 2006; 

Bosma et al. 2012) and are then left in a state of disuse and provide little or no benefits 

highlights the inherent unsustainability of this form of food production.  

 

Converting disused ponds back to functioning mangroves, in contrast, has the potential to 

restore the full array of ecosystem services that healthy mangroves provide. Our results from 

Tiwoho indicate that funding such projects through forest carbon markets is a viable investment 

and helps validate the increasing evidence that carbon sequestration by mangroves is 

disproportionally large in relation to area (Alongi 2014) with potentially much higher net ERR 

than A / R projects or avoided deforestation projects conducted in other biomes. Additionally, 

when framed in economic terms the potential returns able to be generated against the initial 

costs of rehabilitation are comparatively very attractive. This should be of significant appeal to 

entities such as policy makers, land managers, and corporations seeking to offset GHG emissions 

through forest carbon projects. If projects also include quantification of the full range of 

ecosystem services (e.g. biodiversity and water quality benefits) and are certified to holistic 

schemes such as the Climate, Community and Biodiversity Standards this may help augment 

GHG mitigation values and attract a premium from potential project backers and carbon offset 

buyers.  

 

Furthermore, the importance of maximising net ERR by extending project boundaries seaward 

to account for ExDIC that is not exchanged with the atmosphere should not be underestimated. 

While our model for regenerating mangroves assumes that initially there is no excess carbon 

exudated from below ground roots (Rexu) given carbon is required to support growth (hence low 

values of RDIC and ExDIC), as forests mature this process will likely change. Accounting for ExDIC 
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may require the use of resource intensive but holistic and long-term monitoring methodologies 

that couple Eddy - Covariance (flux tower) techniques with biometrics linking tree growth and 

carbon stock changes (i.e. allocation of photosynthates to wood, foliage and litter production) as 

well as measurements of dissolved and particulate carbon fluxes when developing and 

modelling NECB for mangrove ecosystems (Fuentes & Barr 2015). The development of 

improved, empirically verified field techniques for separating fine root from heterotrophic 

respiration as well as mangrove allied benthic primary producer communities is a key research 

prerogative and crucial for reliable estimates of total NEP. While accounting for ExDIC, benthic 

primary producer communities and Rr / Rh respiration from soils may increase monitoring costs 

and has implicit resource implications, it will also improve the degree of certainty for ERR (a 

trade-off made necessarily made at the project assessment level) and may well substantially 

increase potential emissions reductions. 

 

This is of importance as the higher the amount of eligible ERR, the more viable an A / R project 

intervention is likely to be to private and public sector investors interested in sponsoring purely 

carbon offset projects (leaving aside other potential value added co-benefits). It may mean that 

even relatively small scale A / R projects such as Tiwoho are potentially economically feasible 

from a GHG offset perspective, an important facet when the very real complexities of societal 

domains (e.g. securing land tenure, jurisdiction, and disbursement arrangements across large 

land parcels which have hampered implementation of some REDD+ projects) are considered in 

project development.  
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Table 4-5: Appendix 1. Comparison of carbon pathways and NECB synthesis of mature and developing mangrove forests. All values are displayed in Mg 

CO2e ha-1 y-1 for commensurability. Tiwoho carbon pathways are estimated based on the ratio of NPP to various components following Alongi 2014. N / A 

= not applicable. 

Carbon pathway Abbreviatio

n 

Worldwide
a 

Rehab 1TW 

(Tiwoho, 

Indonesia) 

Rehab 2TW 

(Tiwoho, 

Indonesia) 

Rehab 3TW 

(Tiwoho, 

Indonesia) 

Average 

(Tiwoho, 

Indonesia) 

Equation 

Status  Mature 

forests 

(synthesis) 

Rehabilitated sites  

Dominant spp.  N / A C. tagal C. tagal R. apiculata N / A  

Ecosystem Gross Primary 

Production, mangroves and 

mangrove associated algae. 

GPPeco 185.9 N / A N / A N / A N / A ∑(GPPmang, GPPalgae) 

Mangrove Gross Primary Production   GPPmang 168.9 108.3 ± 9.7 45.7 ± 3.9 88.3 ± 10.9 80.7 ± 8.2 ∑(NPPmang, Ra) 

Total inputs: mangroves 

Net Primary Production total  NPPmang 55.9 35.8 ± 3.2 15.1 ± 1.3 29.2 ± 3.6 26.7 ± 2.7 ∑(GPPmang – Ra), or 

∑( NPPwood, NPPlitter, 

NPProots) 

NPP woody biomass NPPwood 17.8 11.4 ± 1 4.8 ± 0.4 9.3 ±1.2 8.5 ± 0.9 Allocation = 31.9 % 

of NPP 

NPP foliage production and litterfall  NPPlitter 18 11.6 ± 1 4.9 ± 0.4 9.5 ± 1.2 8.6 ± 0.9 Allocation = 32.4% 

of NPP 

NPP fine and course root production & 

turnover  

NPProots 20 12.8 ± 1.2 5.4 ± 0.5 10.4 ± 1.3 9.5 ± 1 Allocation = 35.7% 

of NPP 

Portion of NPPwood and NPProots 

retained for growth and development 

NPPgrowth 0 14.5 ± 1.7 -0.4 ± 0.4 9.7 ± 2 7.9 ± 1.4 ∑(NPPwood, NPProots) 

– (Sroot, Rexu) 

Total outputs: mangroves 

Respiration total  Re 153.5 83.8 ± 7.4 41.9 ± 3.2 70.4 ± 7.9 65.3 ± 6.1 ∑(Ra, Rh) 

Autotrophic respiration.  Ra 113 72.5 ± 6.5 30.6 ± 2.6 59.1 ± 7.3 54 ± 5.5 ∑(Rc, Rr), or 

∑(GPPmang – 
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NPPmang), or (Re – Rh). 

NPP = 49.4% of Ra 

Autotrophic respiration canopy  and 

pneumatophores  

Rc 102.7 61.3 ± 5.9 12.5 ± 1.3 45.1 ± 5.1 39.6 ± 4.1 ∑(Ra – Rr) 

Autotrophic respiration belowground 

fine roots (exposed and inundated 

conditions)  

Rr 10.1 11.2 ± 0.6 18.1 ± 1.3 14 ± 2.2 14.4 ± 1.4 ∑(observed total CO2 

flux – [Rs + RH2O]). 

Alongi values 

estimated at 57.4% 

of total soil CO2 

efflux. 

Heterotrophic respiration, total Rh 40.4 11.3 ± 0.6 11.3 ± 0.6 11.3 ± 0.6 11.3 ± 0.6 ∑(Rs, RH2O, RDIC). 

72.3% of NPP 

(Alongi 2014) 

Heterotrophic respiration, leaf litter 

decomposition    

Rlitter 4 2.5 ± 0.2 1.1 ± 0.1 2 ± 0.2 1.8 ± 0.2 22.1% of NPPlitter 

(included within Rs / 

RH2O) 

Heterotrophic respiration, sum Rs and 

RH2O 

∑(Rs + RH2O) 7.5 11.3 ± 0.6 11.3 ± 0.6 11.3 ± 0.6 11.3 ± 0.6 Estimated as 42.6% 

of total soil CO2 

efflux 

Heterotrophic respiration, exposed 

soils 

Rs 4 6.2 ± 0.3 6.2 ± 0.3 6.2 ± 0.3 6.2 ± 0.3 54.5% of ∑(Rs + 

RH2O) 

Heterotrophic respiration, inundated 

pelagic water ways and tidal creeks 

RH2O 3.3 5.1 ± 0.3 5.1 ± 0.3 5.1 ± 0.3 5.1 ± 0.3 45.4% of ∑(Rs + 

RH2O) 

Proportion of Aimport respired by 

heterotrophs 

Rallo 1.1 0.7 ± 0.1 0.3  ± 0 0.6 ± 0.1 0.6 ± 0.1 31.4% of Aimport, 46% 

of Sallo 

Root exudates of excess carbon 

subsequently consumed and respired 

by heterotrophic microbes 

Rexu 36.4 8.8 ± 0.4 10.2 ± 0.5 9.3 ± 0.4 9.5 ± 0.4 65.2% of NPP 

(Alongi 2014). ∑(Rh - 

Rlitter), Tiwoho sites 

Respiration of dissolved inorganic 

carbon by heterotrophs exported 

laterally into adjacent systems  

RDIC 33.1 0 0 0 0 Alongi (2014) values 

are unaccounted for 

fate of NPP ∑NPPmang 

- (ExPOC, ExDOC, Sauto, 

Rs, RH2O), or ∑(Rh - Rs, 
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RH2O) 

Portion of RDIC that is exchanged with 

the atmosphere 

ADIC 16.6 0 0 0 0 50% of RDIC 

(Williams & Follows 

2011) 

DOC / POC / DIC exported to adjacent systems 

Exported particulate organic carbon 

(leaf litter, flotsam) 

ExPOC 7.4 4.8 ± 0.4 2 ± 0.2 3.9 ± 0.5 3.6 ± 0.4 13.3% of NPP, 48.3% 

of NEP 

Exported dissolved organic carbon ExDOC 4 2.6 ± 0.2 1.1 ± 0.1 2.1 ± 0.3 1.9 ± 0.2 7.1% of NPP, 25.9% 

of NEP 

Exported organic carbon ExOC 11.4 7.4 ± 0.6 3.1 ± 0.3 6 ± 0.8 5.5 ± 0.6 ∑(ExPOC, ExDOC) 

Exported dissolved inorganic carbon 

that is not exchanged with the 

atmosphere  

ExDIC 16.6 0 0 0 0 50% of RDIC 

(Williams & Follows 

2011) 

Sum of exported organic and inorganic 

carbon that is not exchanged with the 

atmosphere and remains within the 

water column to support secondary 

production  

∑ExC 22.9 7.4 ± 0.6 3.1 ± 0.3 6 ± 0.8 5.5 ± 0.6 ∑(ExOC, ExDIC) 

Soil carbon burial pathways 

Soil carbon burial total  Stotal 6.4 4.1 ± 0.4 1.7 ± 0.1 3.3 ± 0.4 3.1 ± 0.3 ∑(Sauto , Sallo) 

Autochthonous burial  Sauto 4 2.6 ± 0.2 1.1 ± 0.1 2.1 ± 0.3 1.9 ± 0.2 ∑(Slitter , Sroot) 

Proportion of litterfall that is buried in 

mangroves soils 

Slitter 2.7 1.7 ± 0.2 0.7 ± 0.1 1.4 ± 0.2 1.3 ± 0.1 4.8% of NPP, 17.2% 

of NEP 

Proportion of fine root turnover that is 

buried in mangrove soils 

Sroot 1.3 0.9 ± 0.1 0.4 ± 0 0.7 ± 0.1 0.6 ± 0.1 2.4% of NPP, 8.6% of 

NEP 

Import of allochthonous sediments 

from adjacent systems (riverine 

sediments, oceanic sediments etc.) 

Aimport 3.5 2.2 ± 0.2 0.9 ± 0.1 1.8 ± 0.2 1.7 ± 0.2 ∑(Sallo, Rallo) 

Proportion of Aimport that is buried in 

mangrove soils.  

Sallo 2.4 1.5 ± 0.1 0.6 ± 0.1 1.3 ± 0.2 1.1 ± 0.1 60% of Sauto, or 

37.5% of Stotal. 68.6% 

of Aimport 
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Net Ecosystem Production, 

mangroves 

NEPmang 15.4 24.5 ± 2.5 3.8 ± 0.8 17.8 ± 3.1 15.3 ± 2.2 ∑(GPPmang - Re) or 

∑(NPPmang - Rh) or 

Alongi (2014) 

∑(Sauto, ExPOC, ExDOC), 

or Tiwoho sites 

∑(NPPgrowth, ExPOC, 

ExDOC, Sauto) 

Mangrove associated benthic algae 

Algae gross primary production  AGPP 17 N / A N / A N / A N / A ∑(ANPP, Ara) 

Algae net primary production  ANPP 8.5 N / A N / A N / A N / A Equal to Ara 

Algae autotrophic respiration  Ara 8.5 N / A N / A N / A N / A Equal to ANPP 

Algae heterotrophic respiration from 

exposed and inundated mangrove soils 

Arh 3.7 N / A N / A N / A N / A 43% of ANPP 

Proportion of ANPP that is exported as 

particulate organic matter 

APOC 2.4 N / A N / A N / A N / A 30% of ANPP 

Proportion of algae NPP that is broken 

down by detritivores and exported as 

dissolved organic carbon 

ADOC 2.1 N / A N / A N / A N / A 25.4% of ANPP    

Proportion of ANPP that is buried in 

mangrove soils 

Aburial 0.3 N / A N / A N / A N / A 1.6% of ANPP 

bNet Ecosystem Production, benthic 

algae  

ANEP 4.8 N / A N / A N / A N / A ∑(AGPP – [Ara,  Arh]) or 

∑(ANPP - Arh) or 

∑(APOC, ADOC, Aburial) 

Net Ecosystem Carbon Balance NECB 22.6 25.8 ± 1.4 4.2 ± 0.7 19 ± 1.9 16.3 ± 0.9 ∑(NEPmang, ANEP, Sallo) 

Non-CO2 greenhouse gases        

CH4 total CH4 1.9 4.9 ± 0.7 1.1 ± 0.4 2.7 ± 1.4 2.9 ± 0.8  

CH4 exposed soils  0.5      

CH4 waterways   1.3      

N2O N2O N / A 3.1 ± 0.3 2.3 ± 0.5 3.9 ± 0.6 3.1 ± 0.5  

GHG reductions from rehabilitation  GHGrehab 20.7 18.0 ± 1.6  1.0 ± 0.0 12.5 ± 1.3 10.4 ± 1.0  ∑(NECB) – (CH4, 

N2O) 
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GHG reductions from rehabilitation 

including ExDIC that is not exchanged 

with the atmosphere 

GHGrehab_ma

x 

37.3 N / A N / A N / A N / A ∑(NECB, ExDIC) 

Reference   Alongi 2014 Cameron et 

al. (a. and 

b.) 2018 

Cameron et 

al. (a. and 

b.) 2018 

Cameron et 

al. (a. and 

b.) 2018 

Cameron et 

al. (a. and 

b.) 2018 
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5. Discussion 

 

 

  

A dead Milkfish (Chanos chanos) washed on the margins of 
a eutrophic aquaculture pond, Kurri Chadi (Makassar).  

Mangrove prop roots providing habitat for fish at high 
tide, Belize.  
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5.1 General discussion  

Mangrove forests are highly valuable and extremely productive ecosystems that continue to be 

degraded and destroyed in many parts of the world, principally through conversion to 

aquaculture ponds, although logging, charcoal production, rice fields and increasingly oil palm 

plantations (Richards & Friess 2016) are other key drivers in Southeast Asia. Compounding the 

loss of ecosystem services healthy mangroves provide is the substantial portion of existing 

aquaculture ponds that are now in a state of either disuse or complete abandonment, 

particularly in Southeast Asia. The rehabilitation of disused aquaculture ponds, in contrast, 

represents an opportunity to restore and regain the array of ecosystem services mangroves 

provide for coastal communities. The Indonesian government has recognised the opportunity to 

increase mangroves and their ecosystem services, and have recently set an ambitious and 

forward thinking target to rehabilitate 1.82 million ha of mangroves by 2045 at a rate of 60, 000 

ha per year (MoEF 2018). Questions remain, however, around how this target will be realised 

given the inherent costs involved in rehabilitation, the large areas involved, and the restorative 

techniques advocated which are pertinent considerations given the fact that most mangrove 

rehabilitation projects conducted to date have failed completely or failed to achieve stated goals 

(Bosire et al. 2008). EMR, in contrast, has been generally proven to be a successful, sustainable 

technique for rehabilitating mangroves (Lewis & Brown, 2014). This stands in stark contrast to 

the current modus operandi of hand planting inappropriate species on unsuitable sites, with 

many projects utilising this approach experiencing high rates of mortality (Primavera & Esteban 

2008; Kodikara et al. 2017).  

 

Utilising forest carbon markets is potentially an attractive avenue to help finance rehabilitation 

(and avoided deforestation) projects given mangroves store and sequester disproportionally 

high levels of carbon per unit area compared to other habitats. However, significant data gaps 

remain in understanding carbon dynamics and the resultant GHG emissions offset ability 

associated with mangrove rehabilitation projects, particularly those utilising EMR 

methodologies. Such data gaps pose considerable uncertainties around potential returns for 

forest carbon project investors as well as policy makers and land managers. This thesis 
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attempted to reduce such uncertainty through the quantitative assessment of carbon storage 

and sequestration gains as well as GHG flux from mangrove sites which had undergone EMR.  

 

Objective 1: To assess community structure dynamics, carbon storage benefits, and carbon stock 

change as a function of LULUCF resultant from rehabilitating disused aquaculture ponds back to 

mangroves. 

 

The first step in this process was the quantification of carbon stocks in soils and biomass. 

Chapter 2 reported on structural dynamics and carbon storage gains from EMR sites to ascertain 

whether reforestation can complement conservation activities and warrant project investment. 

Results indicated that the species diversity and mean biomass carbon storage gains after 10 

years of regrowth from the high productivity sites of Tiwoho (49.2 ± 9.1 Mg C ha-1 y-1) are 

already almost of a third of mean biomass stocks exhibited by mature forests (167.8 ± 30.3 Mg C 

ha-1 y-1). Tiwoho’s EMR sites, on average, will have offset all biomass carbon that was initially 

lost through conversion within the next 11 years, a finding in marked contrast to the minimal 

carbon gains observed on the low productivity, low diversity coral atoll EMR sites of Tanakeke 

(1.1 ± 0.4 Mg C ha-1 y-1). The key findings of Chapter 2 highlight the importance of geomorphic 

and biophysical site selection, where settings conducive to high productivity with unimpeded 

hydrological connectivity such as Tiwoho can support high growth rates and the development of 

an extremely effective carbon sink. 

 

Objective 2: To assess GHG emissions from aquaculture ponds, rehabilitated sites, and mature 

reference forests and determine the influence of biophysical variables and changes in landuse on 

emission rates 

 

Understanding carbon dynamics as mangrove forests regenerate also required an assessment of 

GHG flux to derive estimates of outputs (or losses) from the system, the second stage in this 

project (Chapter 3). For forest carbon projects which focus on rehabilitating disused 

aquaculture ponds back to mangroves, quantifying GHG emissions as forests regenerate is a key 

accounting requirement. It is also important to understand how biophysical factors which 
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influence the rate of GHG flux change in response to transitions in LULUCF. In Chapter 3, GHG 

flux was assessed from aquaculture ponds, rehabilitated sites and reference forests in the same 

locations as Chapter 2. Results showed that peak GHG flux was observed at rehabilitating (32.8 ± 

2.1 Mg CO2e ha-1 y-1) and mature reference sites of Tiwoho (43.8 ± 4.5 Mg CO2e ha-1 y-1) and a 

dry, exposed disused aquaculture pond in Kurri Chadi (30.6 ± 1.9 Mg CO2e ha-1 y-1). In contrast, 

emissions were negligible at Tanakeke’s low productivity rehabilitated sites with high 

hydroperiod (mean 1.0 ± 0.1 Mg CO2e ha-1 y-1) and an impounded, operational aquaculture pond 

(1.1 ± 0.2 Mg CO2e ha-1 y-1) in Kurri Chadi. Heterogeneity in biophysical conditions and 

geomorphic position exerted a strong influence on GHG flux in both rehabilitated and reference 

forests, with the longer hydroperiod and higher soil moisture content of seaward fringing 

mangroves correlated with decreased fluxes. A greater abundance of Mud lobster mounds and 

root structures in landward mangroves correlated to higher flux. The role of macrofaunal 

burrows in influencing GHG flux, however, was ambiguous, with the relative size of burrows 

rather than density likely to be a more important factor. When viewed across a LULUCF 

continuum, results suggest that the initial conversion of mangroves to aquaculture ponds 

releases extremely high rates of GHGs in agreement with a number of other studies. While 

rehabilitating and mature mangroves may also emit relatively high rates of GHGs, this is 

counterbalanced by carbon sequestered in living biomass and buried in soils as forests develop. 

Furthermore, the re-institution of hydrological regimes in dry, disused aquaculture ponds 

overlaying organic soils to facilitate tidal flushing is instrumental in rapidly mediating GHG flux, 

leading to a significant reduction in baseline emissions. This is an important consideration for 

forest carbon project proponents seeking to maximise creditable GHG emissions reductions and 

removals.  

 

Objective 3: To synthesise overall net GHG mitigation benefits resultant from mangrove 

rehabilitation and frame results against terrestrial A / R and avoided deforestation projects. 

 

The final stage of this project (Chapter 4) involved synthesising data to derive estimates of both 

baseline GHG emissions (GHGbase) from aquaculture ponds as well as the mitigation benefits 

resultant from rehabilitating mangrove forests (GHGrehab). Given the low biomass gains evident 
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from Tanakeke’s EMR sites, Chapter 4 focussed on the high growth, high productivity sites of 

Tiwoho which provided a more compelling story. To derive estimates for GHGrehab, carbon 

storage gains in biomass was divided by the age of the sites to develop estimates of NPP 

(inputs). By subtracting net outputs (GHG flux) from net inputs (NPP) estimates of NEP and 

NECB in the GHGrehab from the EMR sites of Tiwoho are developed. A detailed carbon allocation 

and pathways model in the GHGrehab for Tiwoho’s developing mangrove forests was also 

developed which was juxtaposed against published literature for mature forests (Alongi 2014). 

This provides a useful platform from which to compare future empirical studies, and will help to 

refine and enhance knowledge and understating of carbon pathways and GHG dynamics in 

developing mangroves. Potential net annual emissions reductions and removals (Net ERR) was 

quantified through subtracting GHGbase from GHGrehab. Net ERR was then compared and 

contrasted with different terrestrial habitat types, accredited afforestation / reforestation (A / 

R) projects, and avoided deforestation projects as well as against the costs of project 

implementation.  

 

The results detailed in Chapter 4 indicate that Tiwoho’s rehabilitated sites could potentially 

mitigate upwards of 27.4 ± 1.8 Mg CO2 e ha-1 y-1 (GHGbase [17 ± 0.8 Mg CO2e ha-1 y-1] minus 

GHGrehab [-10.4 ± 1 Mg CO2e ha-1 y-1]). Additionally, a synthesis of the published literature reveals 

that for projects where maximizing GHG mitigation is a prerogative, benefits may equate to 

upwards of 67.9 Mg CO2e ha-1 y-1. This scenario occurs in dry, exposed ponds with high baseline 

emissions from sites located in estuarine settings. It also accounts for mangrove-allied primary 

producer communities (e.g. benthic algae) and the portion of dissolved inorganic carbon (DIC) 

exported from mangroves that remains within the water column and is not exchanged with the 

atmosphere. While highly variable and dependent on a number of site-specific variables (e.g. 

biophysical conditions, hydrological connectivity, geomorphic settings), this chapter concluded 

that the potential GHG mitigation benefits generated per unit area per unit time from the 

rehabilitation of disused ponds can be upwards of 6 times that of other terrestrial biomes more 

typically associated with A / R and avoided deforestation projects. Additionally, it was found 

that Tiwoho’s rehabilitated sites may have already recuperated on average 76.2% of the initial 
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project implementation costs in just 10 years at an annual return rate (7.6%) rivalling that of 

most asset classes usually targeted by private sector investors.  

 

5.2 Limitations and future directions  

This study has provided a comprehensive investigation into the potential viability of mangrove 

rehabilitation using EMR methodologies to be developed and funded as forest carbon 

investment projects. However, as with any fieldwork, there were limitations in time and 

available resources which in some instances required the use of proxy values in lieu of field 

measurements. One key limitation included compartmentalising CO2 flux from mangrove soils 

into Rr and Rh components. In Chapter 4, it was assumed that soil – atmosphere CO2 flux is 

derived from both autochthonous (fine root respiration, Rr) and heterotrophic (microbial and 

macrofaunal respiration, Rh) sources. CO2 efflux from Ponds 3TW was used as a proxy to estimate 

the contribution of Rh to total soil flux from the rehabilitated sites of Tiwoho given the lack of 

vegetation established and, hence, lack of Rr. Remaining CO2 flux is assumed to be RR. This is a 

crucial assumption as NEP is estimated by subtracting Rh from NPP. A number of other studies 

(e.g. Chen et al. 2016, Komiyama et al. 2008) make the assumption that soil-atmosphere CO2 flux 

from chamber measurements are dominated by Rh as chambers do not capture fluxes from 

lenticels (e.g. pneumatophores). This is significant as lenticels are thought to be the primary 

mechanism for the exchange of CO2 and O2 (Komiyama et al. 2008). If this assumption is true 

then NEP values of our three rehabilitated sites (Rehab 1TW, Rehab 2TW, and Rehab 3TW at 

Tiwoho would be 13.3 ± 2, -14.3 ± 0.6, and 3.9 ± 0.8 Mg CO2 ha-1 y-1. These values are much 

lower than our reported NEP values, with the NEP of Rehab 2TW negative (a net source of carbon 

emissions). This is possible and NEP estimates for young (0-10 year old) boreal and temperate 

forests have in fact been shown to be net atmospheric carbon sources (Pregitzer & Euskirchen 

2004) with significant respiratory fluxes. However, a number of studies support the assertion 

taken here (see Chapter 4, Section 4.4.2) with Rh ranging between ~40 and ~80% of total soil – 

atmosphere CO2 efflux (Castillo et al. 2017a, Gillis et al. 2017, Lang’at  2013, Bulmer et al. 2017, 

Ouyang et al. 2018, and Hien et al. 2018). Alternatively, the eddy covariance method could be 

used to directly measure NEP. Application of this aerodynamic method, however, is impractical 
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in mosaics of small mangrove stands and aquaculture ponds and it has not been widely used in 

mangrove forests (Barr et al. 2010). At patch scales, estimates of fluxes and emissions are more 

accurately quantified using chamber and inventory methods, the approach taken in this study.  

 

Soil burial rates post- EMR could theoretically be estimated through the use of proxies of 

sediment burial (e.g. global average of 5 mm per year, Alongi 2014) combined with the C% 

content within the top layers of soil. However, in this study, such an approach may not provide 

an accurate assessment of burial rates given the extremely heterogeneous nature of the 

environments in which mangroves exist and the wide range of resultant sediment accumulation 

and thus carbon burial rates. As noted in Chapter 2 (section 2.4.4), Tiwoho’s EMR sites are likely 

to have rapidly regained a significant portion of soil carbon that was initially lost, and this may 

mean that the autochthonous and allochthonous soil carbon burial estimates in Chapter 4 (see 

Figure 4-2) are somewhat of an underestimation which would effectively drive NEP and NECB 

upwards.  

 

Furthermore, the remaining component of NPP that was not directly measured, leaf litter 

production and turnover, was estimated using a proxy value from Alongi (2014) in lieu of site 

specific field measurements. Deriving estimates of leaf litter production and turnover requires 

the deployment of litterfall traps for a minimum of 2 years with collection at least every month 

to limit decomposition. Access to remote study sites in north and south Sulawesi were difficult 

to resource, however. The proxy estimate of Alongi (2014) was based on a large number of 

studies in tropical sites and some confidence can be placed in the use of this value. 

 

Of importance, the carbon pathways model that was developed (Table 4-5 and Figure 4-2) to 

ascertain overall net GHG mitigation benefits from rehabilitating and mature mangroves 

provides a platform for potential application in future empirical studies. The spreadsheet from 

which Table 4-5 is based can be provided as Supplementary Information in any subsequent 

publication based on Chapter 4. Most of the components in this model are self-populating based 

on equations developed on the relationship between NPP and various carbon pathways 

following Alongi (2014). This means future researchers can input their own data for key 



170 
 

components such as the allocation of NPP, the ratio of Rh:Rr , and CH4 and N2O fluxes in order to 

test assumptions, refine estimates, and improve the overall accuracy of mangrove carbon 

storage and flux terms. 

 

The future direction of the research presented here needs to focus on applying key findings 

within a management context in order to foster greater interest in and support for mangrove 

rehabilitation. Small-scale rehabilitation of aquaculture ponds based on the principles of EMR 

can be viable and cost–effective as a result of the high GHG offset capacity of mangrove stands. 

This fact provides considerable leverage to influence decision makers and funders to consider 

implementing projects across land parcels at a scale that coastal communities typically manage. 

This is of pertinence given that most rehabilitation efforts conducted to date, as well as projects 

under development, are over ambitious through focussing on large- scale and low-diversity 

plantings (Barbier 2006; Primavera & Esteban. 2008). Such an approach typically results in 

difficulties in untangling multiple and often competing claims of land ownership and tenure to 

secure rights over large parcels of land. Combined with the predominate planting of mono-

cultures at inappropriate tidal inundation levels (Lewis & Brown 2014), this is one of the main 

reasons why mangrove restoration projects have been largely unsuccessful to date in SE Asia. 

One of the best mechanisms to advocate for alternate approaches, as suggested in this thesis, is 

through the development and dispersal of concise policy briefs linked to quantified values of 

potential GHG emission reductions and removals. Such briefings would target governmental 

institutes, land managers, policy makers as well as project backers such as corporate entities 

seeking to offset emissions. A policy brief and peer-reviewed journal publication based largely 

on the final sections of Chapter 4 is in development. This needs to be supported by robust 

economic modelling to factor in long term financial risk, a cost / benefit analysis and the 

potential co-benefits of other ecosystem services resultant from rehabilitation. This will provide 

the stronger evidence base required to influence land management decision making for the 

long-term sustainability of the critical coastal zone in tropical countries.  
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5.3 Conclusions 

This thesis supports the notion that mangrove rehabilitation – particularly if based on the 

principles of EMR – can provide a viable pathway for sustainable forest carbon investments. 

This project is therefore valuable in strengthening the evidence base needed to galvanize public 

and private sector support for mangrove restoration within the forest carbon sector and 

provide a complementary approach to avoided deforestation initiatives. 

 

While rehabilitation is a useful and much needed restoration practice, conservation of intact 

mangroves remains easily the most effective means to mitigate the impacts of climate change 

through maintaining mangrove carbon stocks in situ and their ability to sequester and bury 

carbon (Nam et al. 2015; Alongi 2012). Similarly, the expectation that restoring mangroves will 

significantly ameliorate or offset ongoing emissions (Alongi 2014) despite their 

disproportionate sequestration abilities is somewhat of a misnomer given the sheer scale of 

anthropogenic emissions and the small global land area occupied by mangroves (<1% of 

tropical forest area, Spalding et al. 2010), even if all degraded habitats were somehow able to be 

rehabilitated. Rather, the real value of investing in mangrove A / R lies in restoring as far as 

possible the full array of valuable ecosystem services that mangroves offer to coastal inhabitants 

(Alongi 2014); utilising forest carbon markets to drive much needed investment is one such 

vehicle through which holistic approaches to resolving ongoing issues may be achieved and 

should be considered a political imperative alongside the conservation of intact mangroves and 

the development of more sustainable methods of production for existing ponds. Quantification 

of market potential will also drive shifts in policy settings and governance structures, key 

factors to develop more mature and robust market-based conservation programs.  
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