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ABSTRACT 

Methods have been developed to study the dissolution mechanisms of a mixed 

Zn/Pb sulfide concentrate, from the McArthur River Mine, in seawater and 

subsequent trace metal cycling in the vicinity of the Bing Bong loadout facility, 

Gulf of Carpentaria, Australia. 

Submersible pump and in-line filtration protocols are presented for sample 

collection in a remote pristine coastal environment. A rapid dithiocarbamate / 

diisobutyl ketone solvent extraction procedure, with Hg exchange back-extraction, 

was developed for the simultaneous quantitative determination of Cd, Co, Cu, Fe, 

Ni, Pb and Zn in seawater. The procedure was compatible with both GFAAS and 

ICP-MS analysis, achieved low ppt detection limits, and was adaptable for the 

determination of highly contaminated samples or marine porewaters. A similar 8-

hydroxyquinoline extraction technique and a direct GFAAS method are also 

presented for the determination of Mn. These methods were essential to studying 

trace metal dynamics in dissolution and mobilisation trials in the laboratory and 

field. 

The dissolution of Zn/Pb mixed sulfide concentrate in seawater proceeded by a 

two phase process: the rapid dissolution of an existing oxidised surface layer 

followed by slow surface controlled dissolution from the exposed metal sulfide 

surface. The relative rate of dissolution during the initial and secondary phases was 

Pb>Zn>Cd>>Cu and Pb>>Zn>(Cd,Cu), respectively, with the relative rate of Cd, 

Cu and Zn dissolution being several orders of magnitude faster in the initial phase. 

For Pb, the initial and secondary phases were indistinguishable with Pb rapidly 

attaining equilibrium in solution (closed system). This was controlled by adsorption 

/ desorption of an activated species at the concentrate surface, possibly PbCO3. 

PbS oxidised most readily in air or solution. Iron impurities appeared to enhance 

the overall metal sulfide dissolution mechanism, but Fe dissolution was not evident 

due to adsorption onto the concentrate and/or precipitation of Fe oxy-hydroxides. 

Oxygen was essential for at least Cd, Cu and Zn dissolution. 

The dissolution of both Cd and Zn from the exposed metal sulfide surface 

proceeded linearly with time, showing minimal re-adsorption onto the concentrate 

surface. Natural organic ligands and salinity changes appeared to have a relatively 

negligible effect on Cd and Zn mobilisation. CuS dissolution was totally dependent 

upon organic complexation, with metal sulfide lattice exchange reactions 
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dominating in the absence of an organic ligand promoted dissolution mechanism. 
Pb dissolution was also enhanced by natural organic ligands, which increased Pb 
dissolution beyond the solubility of PbCO3. Added fulvic acid enhanced Cu and Pb 

dissolution, but inhibited Zn and Cd dissolution. Photo-sensitised dissolution 
mechanisms were absent in seawater, except in the presence of added fulvic acid 
which increased the rate of ZnS and CdS dissolution via the apparent generation of 
energetic singlet oxygen. 

In the presence of sediment, the rate of metal dissolution from concentrate into 
seawater only exceeded the rate of sediment uptake for the initial rapid dissolution 
phase. Sediment adsorption was initially rapid onto external (surficial) sites and 
then became slower and diffusion limited for internal (sub-surface) sites. The 
relative rate of sediment adsorption of mobilised metals was Pb>Zn>Cd. The 
presence of anoxic sediment was an important scavenging mechanism for Pb and 
particularly Cd. Organic complexation appeared to be an important controlling 
mechanism for dissolved Ni, Cu and Cd cycling in the marine environment. 

The metabolism of organic matter (seagrass) and the formation of a highly 
reactive iron sulfide pool (AVS) dominated sediment chemistry in the Bing Bong 
swing basin. The AVS pool efficiently scavenged metals entering the sediment 
through metal sulfide lattice exchange reactions. Porewaters of this anoxic 
sediment, contaminated with concentrate, had low concentrations of trace metals 
and temporary suspension of this sediment resulted in a minimal and transient 
mobilisation of metals. Laboratory and field studies showed that only heavy metals 
associated with a rapidly oxidising FeS pool would be released during temporary 
sediment suspension and that the mobilised metals would be rapidly re-adsorbed or 
co-precipitated with Fe oxy-hydroxides. It was concluded that the physico-

chemical characteristics of the Bing  Bong swing basin were conducive to 
preventing heavy metal contamination outside of the immediate vicinity of the 
swing basin in the event of accidental concentrate spillage or through continual re-

suspension of concentrate contaminated sediment. 
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CHAPTER 1 

INTRODUCTION 



1.1 The McArthur River Mine 

The McArthur River Mine is located midway between Darwin and Mt Isa, in the 
remote Gulf of Carpentaria region, Northern Territory, Australia (Figure 1.1). The 
mine was commissioned in 1995 and produces over 300,000 tonnes per annum of 
zinc-lead concentrate. A port and loading facility were developed at nearby Bing 
Bong for the shipment of concentrate (Figure 1). The port is linked to deeper water 
by a 3.8 km dredged channel, and a fully enclosed barge (Plate 1) operates from 
the loading facility, transporting concentrate 30 kms off-shore to bulk-carrier 
vessels. 

The area surrounding the port is considered to be a significant and sensitive marine 
ecosystem, with shallow mudflats and extensive seagrass beds, supporting dugong, 
sea turtle and juvenile prawn populations. In this environment there is potential for 
contamination of seawater, sediments and biota from the concentrate, with the 
major potential contaminants being Cd, Cu, Pb and Zn. This study examines the 
mobilisation of these metals from mixed metal sulfide concentrate in the marine 
environment. 
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Plate 1.1. The barge "Aburri" departing the Bing Bong port facility. 
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Figure I. Location of the McArthur River Mine and Bing Bong Port. 

1.2 Heavy Metals in Seawater 

The collection and analysis of ultra-trace metal concentrations in seawater is a 

demanding and specialised operation and there are limited reliable studies of 

heavy metals in Australian coastal waters (Batley, 1996). The concentration of 

dissolved metals from selected studies in coastal regions of Australia and the world 

are shown in Table 1.1. There has been a greater appreciation of the need to 

control contamination during sample collection, handling and analysis in recent 

times and lower levels of trace metals are being found in seawater than previously 

identified (Batley, 1996). The considerable variation in the data presented in Table 



1.1 reflects the extreme dynamics and complexity of estuarine and coastal 
systems. Unlike open ocean seawater, the concentration of metals in shelf and 
coastal seawater are particularly influenced by river and anthropogenic inputs, and 
biological and geochemical cycling. This variability has led to difficulties in 
interpreting the behaviour of metals in these environments (Burton and Statham, 
1990). 

Table 1.1. Trace metal concentrations in coastal seawater (ppt) given as a range, 
average or single measurement. 
Location Cd Cu Pb Zn Reference 

Australian Locations 

Port Hacking Estuary, 140-280 220-1600 270-760 - Batley and Gardner, 
NSW 1978 
Batemans Bay, NSW 60 270 410 - Batley and Gardner, 

1978 
Maroubra, NSW 10 90 30 200 Batley and Brockbank, 

unpubi. 
Heron Island, Qld <10 150 <60 120 Denton and Burdon- 

Jones, 1986. 
Darwin Harbour, NT 7-23 110-360 <8-31 50-5 10 Parry and Munksgaard. 

1996 
Other Locations 

San Francisco Bay 8-163 890-4640 - 235-1831 Flega! etal., 1991 
Estuary, USA. 
7 Estuaries, England and 7-220 300-10000 23-1100 500-25000 Laslett, 1995 
Wales 
Baja California Coast, 4-19 - 4-12 13-124 Sanuda —Wilhelmy and 
Mexico Flegal, 1991 
Bristol Channel, 12-50 200-1000 20-40 - Harper, 1991 
England 
Hudson Bay, Canada 5-66 180-591 - 60-1079 Yeats, 1993 

Bahrain, Arabian Gulf 30-380 30-380 30-230 340-1790 Al-Sayed etal., 1994 

Average Nearshore 75 350 250 1500 Florence, 1986 
Surface Seawater 

The elucidation of the chemistry of these metals in seawater was first approached 

using voltammetry. Bilinski et at. (1976) used differential pulse anodic stripping 
voltammetry (DPASV) to examine the stability constants of Cd, Cu, Pb and Zn 
with carbonato complexes in natural waters. Lead and Cu formed similarly stable 

PbCO3(aq) and CuCO3(aq) complexes, whilst Zn and Cd formed less stable 

complexes and were considered more likely to form hydroxy and chioro 
complexes respectively in seawater. Chemical models evolved with these studies 
to predict the speciation of inorganic forms of trace metals in seawater Early 
models showed considerable discrepancies due to the highly subjective choice or 
estimation of stability constants, poor extrapolation to various ionic strengths and a 
failure to incorporate the interactions (ion pairing) of the salinity components 



(Nurnberg, 1980; Whitfield and Turner, 1986). These models have now become 
considerably more advanced, with computer programs enabling the elucidation of 
complex multicomponent systems (Martell and Motekaitis, 1992). Table 1.2 
compares a historical model with more recent models. 

Cadmium has always been considered to form strong chloride complexes and Pb, 
a mixture of chloride and carbonato complexes (Table 1.2). However, refinements 
to stability constants have changed Cu from a hydroxy dominated complex to a 
carbonato dominated complex and Zn from a hydroxy dominated complex to a 
predominantly uncomplexed ion. These complexation models (Table 1.2) can 
provide general information on how metals may behave with organic, colloidal and 
particulate phases containing common functional groups (Stumm and Morgan, 
1996). For instance, a metal such as Cu or Pb would be expected to bind strongly to 
organic or particulate phases with hydroxy or carbonate groups, whereas Cd binds 
strongly with chloride and is therefore likely to be predominantly in the dissolved 
phase. Particulate and organic phases are largely uncharacterised, containing a 
range of binding sites with varying stability constants, that present difficulties for 
the incorporation into these models (Nurnberg, 1980; Whitfield and Turner, 1986; 
Martell and Motekaitis, 1992; Stumm and Morgan, 1996). 

Table 1.2. Three models for the percentage inorganic complexation of metals in 
seawater at 35 %c and 25 °C (a: Zirino and Yamamoto, 1972d; b: Byrne et al., 1988; C: 

Millero and Hawke, 1992). 

M2  (free) Hydroxide . Chloride . Carbonate Sulphate 
a b c a b c a b c a b ca b c 

Carbonate dominated 
Cu 1 5 591  8 8i0 2 38  84 840 0 1 
Chloride dominated 
Cd 3 - 9i: 0 - 096 97 89<3 - hO - 2 
Transitional  

Pb 2 3 35 4 427 26 2766 69 641 1 2 
Uncomplexed 

Zn 17 64 54 62 6 11 10 16 16 6 10 7 4 5 11 

Co - 65 43i: - 1 1: 14 14- 14 41: - 5 38 

Ni - 53 461- 0 11- 9 121- 33 331- 4 8 

d. Data for Pb from Whitfield and Turner (1977) 

1.2.1 Occurrence of Organic Matter in Seawater 

Seawater generally contains less than 0.1 mg L particulate organic carbon and 

less than 0.5 mg L 1  dissolved organic carbon (DOC) (Thurman 1985), though the 

latter can reach up to 20 mg L-1  in highly productive coastal regions (Yariv and 

In 



Cross, 1979). This compares with an average DOC for rivers and lakes of 2 to 10 
mg L (Thurman 1985). The typical DOC in seawater can be divided into 25% 
humic acids, 50% hydrophilic acids and 25% other organic compounds (Thurman 
1985). Humic substances are polymeric organic acids and are further divided by 
acidfbase properties into humic acids (HA) and fulvic acids (FA). Humic acids are 
larger molecules (M.W. 2000 -100,000), containing less carboxylic and hydroxy 
functional groups, and are more hydrophobic, thus precipitating ("salting-out') from 
fresh water upon mixing in estuaries (Thurman 1985). Brown (1987) showed that 
the fulvic acid proportion of humics in seawater increased from 70% in terrestrially 
influenced coastal regions to over 98% in open oceans. Schnitzer (1978) suggested 
a partial structure for a soil FA (Figure 1.2) based on experimental observations, 
such as isolated compounds and degradation products. However, the structure of 
marine FA is known to contain less aromatic ity and more aliphatic groups than this 
scheme suggests (Malcolm 1990). 
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Figure 1.2. Proposed partial structure of a soil fulvic acid (Schnitzer, 1978). 



1.2.2 General Metal-Organic Interactions 

Humic and fulvic acids, hydrophilic acids and amino acids all have the ability to 

chelate metal ions (Thurman, 1985). According to Thurman (1985), the order of 

organic functional group affinity for metal ions is: 

-0> -NH2> -N=N- > -000 > -0- > C=0 

In addition, sulfur functional groups formed from the reaction of humics with 

bisulfides or polysulfide anions in anoxic water, such as porewaters, may also 

provide strong chelating sites for transition metals (Francois, 1990). 

The general affinity of transition metals for complexing agents is dependent upon 

the number of electrons in their outer shell, and their corresponding classification 

as a hard (A), soft (B) or intermediate type metal (refer to Stumm and Morgan, 

1996). Examples of A-type metals are Mn3 . Fe3  and CO3  and their preference 

for ligands is: 

F>O >N= Cl> Br > I> S and OH-  > R0 > RCO2 

It is notable that Mn3  and Fe3  tend to form oxyhydroxides in seawater. There is 

no distinct change from hard to soft classification, but a gradual change. Most 

bivalent transition metals and Pb2  are itermediates, whilst Cd2 , Hg2  and Ag 

are examples of B-type metals. Ligand preference is reversed for B-type metals, 

so these metals form strong chloride complexes in seawater. For the intermediates 

there is a predicted transition of bivalent metals from A to B type character: 

Mg > Ca > Pb > Zn > Cd > Hg 

Thus, Pb has more A type character than Zn, and this is reflected in the strong 

adsorption of Pb onto Fe and Mn (A type metal) oxyhydroxides. The stability of 

bivalent metal ion complexes increases in the Irving-Williams order: 

Mn2  < Fe <Co2  <Ni2  <Cu2  > Zn 

which also reflects the solubility of their sulfides. Mantoura et at. (1978) suggested 

that the stabilities of metal humics generally follows the Irving-Williams sequence 

for metal chelates: 

me 



Hg > Cu > Ni = Zn > Co > Mn = Cd > Ca > Mg 

Metals are believed to form strong inner sphere complexes with the bidentate 

chelating functional groups of humic substances, such as salicylic, phthalic 
(dicarboxylic), and aliphatic carboxyl and hydroxyl functional groups (Thurman, 
1985). Examples are shown in Figure 1.3. 
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Figure 1.3. Postulated bidentate chelation of Cu by humic substances 
(Thurman, 1985). 

Kerndoff and Schriitzer (1980) found the aqueous adsorption of metals onto HA at 

pH 5.8 to be: 

Hg=Fe=Pb=Al=Cr=Cu>Cd>Zn>Ni>Co>Mfl 

The adsorption of metal ions increased with increasing p1-1 and higher relative HA 

concentrations, and the metal ions appeared to compete for active sites on HA. It 

should be noted, that this order may change under alkaline conditions with Oft 
acting as a competing ligand. Other ligands present in natural systems would also 

similarly alter this sequence. 

Humics play an important role in metal cycling in freshwaters. It has been shown 

that metal ions sorbed by HA can subsequently be desorbed by soluble FA 
(Schnitzer, 1986). Fulvic acid can desorb metals adsorbed to clays and hydrous 
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oxides and can therefore influence metal adsorption, desorption and precipitation 
(Schnitzer, 1986). Baker (1986) found that humics readily mobilised Co, Cu, Ni, Pb 
and Zn adsorbed to hematite and montmorillonite, whereas little mobilisation 
occurred in pure water. Humic complexation of Cu, Ni, Pb and Zn could prevent 
the precipitation of metal hydroxides with increasing pH, whilst metal adsorption 
on Mn02 had little effect on hydroxide precipitation (Baker, 1986). Fulvic acid no 

longer adsorbs to the interlayer of expanding clay minerals above pH> 5 
(Schnitzer and Kodama, 1966). However, particle surfaces are known to be coated 
with organic molecules (Hunter and Liss, 1982; Zutic and Tomaic, 1988), 
probably of a more hydrophobic nature (Zhou et al., 1994), and the interaction and 
competition between these organic surfaces and soluble organic molecules will 
have an important role in controlling the mobility and level of dissolved trace 
metals (Francois, 1990). 

1.2.3 Importance of Metal-Organic Chelation in Seawater 

The concentration of Mg and Ca is many orders of magnitude greater than that of 
trace metals in seawater. Mantoura et al. (1978) estimated that greater than 99% of 
humic binding sites are complexed by Mg and Ca in seawater, with only Cu having 

significant complexation (= 10%). Calculations based on studies with molecules 
which model humic acid functional groups, such as EDTA, NTA, citric acid and 
amino acids, indicate that humics do not affect metal speciation in seawater 
(Stumm and Morgan, 1996). It was previously thought that the inorganic metal 
speciation models (Table 1.2) were particularly applicable to open ocean waters, 
which contain low levels of DOC (Nurnberg, 1980). However, these theories 
conflict with an increasing amount of research which now indicates that significant 
proportions of Cd, Co, Cu, Ni, Pb and Zn can be found as organic complexes in 

seawater, even in the open ocean. 

Metal-organic complexes were first isolated from coastal seawater using C8 SEP-

PAK cartridges, which were found to retain 10-30% of DOC and up to 50% of 

dissolved Cu (Mills and Quin, 1981). Using this technique, additional metal-organic 
complexes of Zn, Fe, Mg, Ni and Mn, have been isolated (Mackey, 1983). 
However, it was believed that a significant proportion of metal-organic complexes 
were too polar for retention on SEP-PAK cartridges (Mackey, 1983). 

Ligand competition techniques have shown that dissolved organic matter (DOM) 
contains a range of complexing ligands, of varying strength, that produce a range 



of complex stabilities, which are a function of the ligand and detection window of 
the voltammetric technique used (Van den Berg et at., 1990). Several studies have 
shown, that where the DOM has sufficient complexation capacity, nearly 100% of 
Cu in seawater is organically bound (Hirose et at., 1982; Sunda and Hanson, 1987; 
Coale and Bruland, 1988). However, these relationships only hold whilst the 
organic complexing capacity exceeds the metal concentration. Coale and Bruland 
(1988) examined the vertical profile of Cu speciation in the Northeast Pacific, 
finding almost 100% Cu complexation with a strong ligand, believed to be of 
biogenic origin (phytoplankton), in surface waters, which decreased to 50% with 
depth as the concentration of strong ligand declined. Similar findings are reported 
for Cd, which is approximately 70% complexed by an organic ligand in surface 
waters of the North Pacific, but occurs as the free ion at depth where the ligand 
was absent (Bruland, 1992). Studies on Zn (Bruland, 1989) and Pb (Capodaglio et 

at., 1990) in adjacent areas have yielded >98% and up to 50% organic 
complexation respectively, in surface waters. 

Organic complexation is not confined to open oceans where trace metal 
concentrations are typically low, similar observations have been identified in 
coastal regions over a range of salinities. The concentration of dissolved Co, Cu 
and Zn throughout the Scheldt Estuary, Netherlands, which ranges in salinity form 
8-26%, was controlled by organic ligand complexation, with an average of 73, 100 
and 86% of these metals complexed respectively (Van den Berg et at., 1987; 

Zhang et al., 1990). Muller (1996) found Cu, Pb and Cd in coastal southern 
England was complexed >97, 36-98 and 20-80% by organic ligands respectively. 

Approximately 50% of Ni in the Irish Sea was found to be organically complexed, 
with the conditional stability constant (log KNiL)  being very high (17 - 19), some 5 - 

6 orders of magnitude greater than that commonly found for Cu (Van den Berg and 
Nimmo, 1987). The regulation of dissolved metal concentrations by organic 
complexation has been postulated by either of two mechanisms (Van den Berg et 

at., 1987): 

Free non-complexed metals were scavenged more readily by 
particulates and free organic ligands desorbed particulate adsorbed 

metals; and 

The metal-ligand complexes originated from a common source. The 
common source could be biogenic or could include porewaters, where 
the first mechanism (1) may control mobilisation from the sediment. 



It has been noted in the open ocean environment that the trace metals complex 
with relatively specific ligands, with little significant metal-metal competition 
(Bruland, 1992). Mackey and O'Sullivan (1990) found in coastal seawater, that 
organic complexes of Zn, Fe and Ni formed in a model phytoplankton ecosystem 
experiment, even in the presence of a large excess of Cu. Trace metals in 
seawater are believed to form strong complexes of high specificity with naturally 
produced organic ligands, which may be exuded form biota (Stumm and Morgan, 
1996). Metals have been observed to form complexes with algal cell walls and 
exuded organic ligands in culture experiments (Zhou and Wangersky, 1989; 
Gonzalez-Davila et al., 1995; Santana-Casiano et al., 1995). Several studies have 
also shown that the alkaline earth metals do not compete with Cu for the same 
binding sites on natural humic ligands (Sunda and Hanson, 1979; Cabaniss and 
Shuman, 1988; Hering and Morel, 1988). However, the specificity of metal 
adsorption and complexation in algal studies has been questioned, with Cu found to 
be antagonistic towards Pb (Santana-Casiano et al., 1995) and Cu antagonistic 

towards Zn (Knauer et al., 1995). This is now the subject of considerable 
conjecture. The regulation of non-essential metals like Cd and Pb by micro-
organisms, at concentrations usually below toxicity threshold limits, with specific 
exuded complexing ligands, has been viewed as unlikely (Muller, 1996). The 
identification of metal specific ligands may be an artifact of the detection window 
of the analysis method, which depends upon the choice of competing ligand and 
voltammetric technique used (Muller, 1996). A non-equilibrium model has also 
been suggested to explain apparent specificity (Mackey and Zirino, 1994) 

1.3 Trace Metal - Sediment Interactions 

The concentration of trace metals in seawater is several orders of magnitude less 
than that predicted by their mineral equilibria in seawater. This is due to co-
precipitation with other more abundant metals into compounds such as Fe and Mn 
oxyhydroxides, chemisorption or adsorption onto particle surfaces (scavenging) 
and ion exchange. Bacterial action and redox processes also play a major role in 
controlling these phases and the associated metal species. Coastal sediments are 
generally considered to be a source of remobilised metals due to the enriched 
levels of trace metals and the high organic matter contents and lability of 

particulate organic matter (Libes, 1992). 

The most important sedimentary constituents for the binding of trace metals under 
oxic conditions are carbonates, Mn-oxides, amorphous, hydrous and crystalline Fe- 

10 



oxides, organics such as HA and FA, and bio-organic detritus (Kester et at., 1986). 
Clay minerals and silicates exhibit low sorption of trace metals in marine waters as 
their distribution coefficients are similar for alkali and alkaline metals, which are in 
excess (Kester et at., 1986). However, these phases provide nucleation centres for 
hydrous Fe and Mn hydroxides and organic matter (Hunter and Liss, 1982; Kester 
et at., 1986). 

One of the most important reactions controlling sediment chemistry is the bacterial 
oxidation of organic matter. This metabolism utilises a sequence of electron 
acceptors, with theoretical calculations showing the sequential order to be 
(Froelich et at., 1979): 

02> N032  >_ Mn02 > FeOOH > S042  

The consumption of 02 causes oxic sediments to transform into anoxic sediments 

with depth. In the absence of 02,  Mn and non-crystalline Fe oxyhydroxides are 

reduced and finally, sulfate is reduced to sulfide. This has three important 
implications for trace metal cycling: 

During the metabolism of organic matter in sediments, simple and 
complex organic acids accumulate, increasing the DOC in interstitial 
waters (Thurman, 1985). Krom and Sholkovitz (1977, 1978) found that 
in the anoxic zone of a marine interstitial water, DOC increased from 
14 to 70 mglL with depth, and the majority of DOC was a fulvic acid-
like material. Several researchers have noted a relationship between 
DOC and various metals in nearshore interstitial waters (Nissenbaum 
and Swaine, 1976; Elderfield, 1981). The mineralisation of organics 
can enhance interstitial dissolved metal concentrations through the 
destruction of binding sites and liberation and formation of soluble 

organic ligands (Hallberg et at., 1980; Van den Berg and Dharmvanij, 

1984; Prause et al., 1985; Francois, 1990). 

The diffusion of soluble metal-organic complexes may play an 
important role in the remobilisation of metals from sediment into the 
overlying water column (Krom and Sholkovitz, 1977; Hallberg et at., 

1980; Van den Berg and Dharmvanij, 1984); 

2. When the rate of the aerobic respiration exceeds 02 advection and 

diffusion, bacteria reduce Fe(III) (non-crystalline form) and Mn(IV) 
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oxyhydroxides releasing Fe2+  and Mn2  to pore waters, and the 

associated adsorbed metals. The reduced species diffuse along the 

concentration gradients and can re-precipitate in the oxic zone (Libes, 

1992): 

2Mn2  + 02 + 2H20 - 2Mn02 + 4H. 

The high deposition of organic matter in coastal regions is generally 

sufficient to cause the oxic I anoxic redox interface to lie within the 

surface 5 cm of sediment (Libes, 1992). Trace metals released in the 

anoxic zone may co-precipitate with the Fe and Mn oxyhydroxides in 

the oxic zone, or adsorb to these or other surfaces, or may be 

complexed by soluble organic molecules; and 

3. In the absence of other electron acceptors, bacteria reduce sulfate to 

sulfide, which is very reactive, forming highly insoluble bivalent metal 

sulfides with Fe, Co, Ni, Cu, Zn, Cd and Pb (Dyrssen and Kremling, 

1990). In alkaline water, H2S (HS-  and S2 ) will only accumulate after 

most of the Fe2  has been precipitated as sulfides (Bauld, 1986). Thus 

sulfide precipitation is a major sink for trace metals in sediments. 

Three forms of studies have been undertaken to examine the complex processes 

of metal cycling in sediments: the first are batch experiments with sediment cores 

or slurries, where specific processes are examined in the laboratory; the second 

are experiments that provide information on the net over-all results of sedimentary 

processes, such as chamber experiments, which isolate overlying water above the 

sediment; and the third are in-situ studies of porewaters, sediments and overlying 

waters. 

1.3.1 Sediment Batch Experiments 

The amount of metal adsorbed by various sediment components is dependent upon 

a range of factors. Sediments are multi-component systems, where each 

component may have a number of types or locations of adsorption sites with 

different binding energies (Bejamin and Leckie, 1981; Kanungo, 1994; Jenne, 

1995). The availability or occupancy of existing binding sites is important, with the 

ratio of metal to sediment affecting the rate and degree of adsorption (Balistrieri 
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and Murray, 1982; Balistrieri and Murray, 1986; Jenne, 1995). Studies have shown 
that certain metals compete for binding sites, whereas others do not (Balistrieri and 
Murray, 1982; Kanungo 1994), but this again depends upon the ratio of metals and 
availability of binding sites. In seawater, trace metals by definition are in low 
concentrations and sediment binding sites are in excess, so that adsorption should 
be independent of metal concentration (Davis-Colley et al., 1984). The speciation 
of the metal in solution also affects surface adsorption, with organic complexation 
observed to prevent Cu adsorption onto sediment surfaces (Van den Berg, 1982; 
Bilinski et al., 1991). Inorganic metal speciation, such as Cd-chloro complexes, 
may also strongly influence surface adsorption (Prause et al., 1985; Förstner et al., 
1986; Calmano et al., 1992; Kanungo, 1994). 

Sediments have been broken down into individual sedimentary phases and the 
corresponding conditional metal binding constants used in sedimentary speciation 
models (Davies-Colley et al., 1984), analogous to the aqueous models in Table 1.2. 
However, natural systems are more complex and variable, with multicomponent 
aggregations and particle coatings believed to be important binding phases (Hunter 
and Liss, 1982; Lion et al., 1982; Luoma and Davies, 1983). Balistrieri and Murray 
(1984) found that metal adsorption onto natural interfacial sediments was slower in 
comparison to adsorption onto distinct metal oxides, and unlike the latter, the 
adsorption onto sediment showed no correlation with aqueous metal hydrolysis 
constants. However, some important associations of metals with certain 
sedimentary phases have been identified from batch studies using individual 

sedimentary phases. 

Mutichamber devices have been used to examine the adsorption - desorption 

reactions of metals on different competing sediment components (Calmano et al., 

1988; Förstner et al., 1989; Calmano et al., 1992). The chambers were filled with 
different constituents, which represented average sediment components. The 
mobilisation of metals from an anoxic mud in the central chamber, through 
partitioning membrane filters (0.45 urn), onto these various phases was then 
monitored. There was little mobilisation of metals into solution under anoxic 
conditions, whilst under oxic conditions, mobilisation was greatest with unbuffered 
sediments where the pH decreased. Although the adsorption of mobilised metals 
took place on all phases (goethite - (xFeOOH, Mn02 and quartz), Cu and Cd were 

strongly adsorbed to algal cell walls and Zn to the clay, bentonite. The proportion 
of dissolved Cd, Zn and Cu, mobilised from the mud, that remained in solution 
after 3 weeks was 16, 9 and 0.5% respectively (Calmano et al., 1988). 
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Salomons et al. (1982) examined the mobilisation of metals from anoxic Rhine 
sediments treated with non-saline river water and seawater, finding that seawater 
could mobilise a substantial quantity of Cd but little of the other metals analysed 
(Table 1.3). Förstner et al. (1986) review several other studies demonstrating the 
ability of seawater to mobilise Cd from sediments. This was attributed to the ability 
of Cd to form soluble chloro complexes in seawater (e.g. CdC13) which have little 

affinity for particulate or sediment surfaces. It was concluded that Cd appeared to 
be a critical metal subject to mobilisation from sediments when interacting with 
oxygenated seawater. 

Table 1.3. Mobilisation of metals from anoxic Rhine sediment in freshwater 
and seawater (%) (Salomons et al., 1982). 

Zn Cu Ni Cd Pb 

River Water -0.8*  

Seawater 2.2 
0.9 
2.0 

-2.0*  

2.5 
1.0 
49 

0.0 
0.1 

Negative values indicate adsorption of metals from solution onto sediment. 

Batch adsorption trials show that Cu, Pb and Zn adsorb readily to Fe oxy-
hydroxides in seawater, whilst Cd binds less readily (Balistrieri and Murray, 1982; 
Miliward and Moore, 1982). Similarly, Cd adsorption onto calcite, kaolinite and 
bentonite was limited in comparison to Cu, Pb and Zn (Bilinski et al., 1991). This 

latter study also showed that only Cu adsorption was affected by natural dissolved 
organic ligand complexation, with Cu adsorption onto the sediment phases only 
occurring when the Cu concentration exceeded the dissolved organic complexation 

capacity. 

The kinetics of metal adsorption from seawater onto natural sedimentary phases 
has been observed to be slow, with equilibration times greater than several days 

(Balistrieri and Murray, 1984; Nyffeler et al., 1984). Balistrieri and Murray (1984) 

report that the order of metal affinity from seawater for a natural interfacial 

sediment was: 

Pb > Fe> Co = Mn > Cu > Zn > Ni > Cd 

A comparison of metal binding constants with suspended particles, interfacial 
sediment and surface sediments, showed that particles of biogenic origin 
(suspended matter) bound most metals more strongly than Mn enriched sediments 

and clays (Balistrieri and Murray, 1984). Lion et al. (1982) found that Cd, Cu and 

Pb were readily adsorbed by natural sediments, with Cd and Cu substantially 
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associated with an operationally defined (Tessier sequential extraction; Tessier et 
at., 1979) organic phase and Pb with Fe/Mn oxides. 

Whilst the limitations of sequential extraction procedures (Tessier et at., 1979; 
Kersten and Förstner, 1987), such as reagent non-specificity and metal 
redistribution during extraction, are recognised (Martin et at., 1987; Kersten and 
Förstner, 1987; Kheboian and Bauer, 1987), these procedures still act as an 
operationally defined guide to metal associations in sediment, provided that correct 
sample handling procedures are used (Kersten and Förstner, 1987). Exposing a 
contaminated freshwater anoxic sediment to oxygen, either via the elutriate test or 
drying procedures, demonstrated that metal sulfides oxidised, with lower 
percentages of Cd, Cu, Pb and Zn in the sulfidic I organic fraction and 
corresponding increases in the easily and moderately reducible fractions (Kersten 
and Förstner, 1987). Of these metals, oxidation resulted in Cd, and to a lesser 
extent Zn, being associated with the most bioavailable and mobile fractions. 

Hunt and Smith (1983) examined the remobilisation of metals from polluted 
marine sediments in a microcosm experiment, in which sediment oxidation was 
promoted through the reduction of organic matter entering the enclosures. The 
results indicated that Cd from contaminated surface sediment was mobilised into 
the water column within approximately 3 years, whilst Cu and Pb took 
approximately 40 and 440 years respectively. It was suggested that water column 
productivity was an important parameter preventing the mobilisation of metals 
from sediments due to the maintenance of redox conditions. 

The importance of bacterial metabolism of organic matter on the mobilisation of 
Cd from contaminated freshwater dredge spoil in the marine environment was 

demonstrated by Prause et al. (1985). There was no mobilisation of Pb or Cd in 
short term (<24 hr) anoxic sediment suspension studies in oxic seawater. Long 
term experiments conducted for up to 60 days at various salinities, also showed no 
Pb mobilisation, which was attributed to the high affinity of Pb for particle surfaces. 
Contrastingly, Cd showed slow mobilisation in the first 10 days, but then underwent 
rapid mobilisation between weeks 2 and 4. The lag phase for the mobilisation of 
Cd was attributed to the growth and respiration of bacteria on sediment organic 
matter. In support of this theory, the addition of antibiotics to the sediment 
temporarily halted Cd mobilisation. The bacterial regulated mechanism for Cd 
mobilisation was believed to entail the destruction of organic Cd binding sites and 
liberation and formation of soluble organic ligands. Higher salinity also enhanced 
Cd mobilisation from the mud, probably through the capability of Cd to form 
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soluble chioro complexes, which prevented the adsorption or precipitation of Cd2+ 
The formation of Cd chioro complexes with increasing salinity has been observed 
to prevent Cd uptake by algae, but not when Cd was mobilised from an anoxic 
mud, possibly due to the mobilisation and strong adsorption of organically 
complexed Cd onto algal cell walls (Calmano et al., 1992). 

Gerringa (1990) also used batch incubator trials to examine the importance of 
organic matter metabolism on metal release from sediments. Cadmium and Cu 
were mobilised from sediment via the metabolism of sediment particulate organic 
matter. The dissolved concentration of Cu and Ni were found to be regulated by 
the presence of dissolved organic ligands. The metabolism of these ligands 
reduced dissolved concentrations of Cu and Ni. These ligands had no effect on Cd, 
which continually mobilised and was believed to form dissolved chioro complexes. 
There was no Pb mobilisation from sediment, with dissolved Pb remaining 
constant throughout the experiment, and was believed to be controlled by a 
precipitated salt or oxide. 

Tyagi et al. (1993) studied the bacterial leaching of a non-saline municipal sludge 
containing 0.5% (w/v) of each of the following metal sulfides: chalcocite (Cu2S), 
galena (PbS), pyrite (FeS2) and sphalerite (ZnS). This study showed that these 

metal sulfides were quite stable, with little metal sulfide oxidation, except in the 
presence of additional elemental sulfur, in which case, acidification via the bio-
oxidation of sulfur solubilised the metals. 

1.3.2 Sediment Chamber Experiments 

The in-situ flux of trace metals from the sediment-water interface in 
Gullmarsfjorden, Sweden, was determined over 60 days, using stirred chambers, 
anchored to the sediment, with and with-out oxygen regulation (Sundby et al., 1986; 

Westerlund et al., 1986). In the regulated chamber Cd, Cu, Ni and Zn were 
released from the sediment, but Pb was not released with the concentration 
remaining constant. In the unregulated chamber all metals declined as the 
chamber became anoxic and the seawater sulfidic (Westerlund et al., 1986). The 

fluxes could not be correlated with porewater profiles, which appeared to have 
uniform profiles for all metals. This was likely to be an experimental artifact as 
these sediment profiles contradict all others appearing in the literature (refer to 
section 1.3.3). The behaviour of Mn, Fe and Co were opposite to the other metals, 
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with these metals only released from the sediment in the unregulated chamber, 

which became sulfidic. This corresponds with the usual behaviour of these metals 

in suboxic porewaters or ocean profiles (section 1.3.3). These studies indicated that 

Cd, Cu, Ni and Zn may be released from coastal sediments into overlying oxic 

waters. 

1.3.3 In-situ Sediment Experiments 

Maxima in the porewater profiles of Cd, Cu, Ni and Pb have been found close to 

the sediment interface, exceeding concentrations in overlying waters, and 

indicating that these metals are mobilised from sediments into overlying waters 

(Emerson et al., 1984; Galliard et al. 1986; Gobeil et al., 1987; Widerlund, 1996). 

Two important mechanisms have been postulated for the increase in near-surface 

porewater metal concentrations: the oxygenation of sediments by bioturbation and 

release of sulfide bound metals (Emerson et al., 1984), and the release of metals 

associated with biogenic particles during organic matter metabolism (Galliard et 

al., 1986; Gobeil et al., 1987; Widerlund, 1996). A comparison of the lability of 

dissolved Cd in surface porewaters, with and without UV irradiation, suggested that 

mobilised Cd was associated with organic complexes (Gobeil et al., 1987). 

Mobilised Cu was found not to be associated with a surface sedimentary 

enrichment of Mn02 (Widerlund, 1996) and organic complexation of Cu has been 

shown to prevent adsorption onto this surface (Van den Berg, 1982). Hallberg et al. 

(1980) demonstrated that organically complexed Cu in porewaters prevented Cu 

precipitation as a sulfide. Van den Berg and Dharmvanij (1984) found that total 

dissolved Zn in surface porewaters from a number of unpolluted coastal sediments 

were predominantly (93-98%) present in organic complexes, whilst only 13-26% of 

Zn was complexed in surface waters. 

Below the oxic zone, concentrations of Cd, Cu and Pb decline in the suboxic zone 

due to the formation of insoluble sulfides or coprecipitation with iron sulfide 

(Emerson et al., 1984; Galliard et al., 1986). Theoretical calculations for anoxic 

ocean waters show that the scavenging reaction with FeS was dominant over the 

formation of soluble bisulfide complexes (Drysen and Kremling, 1990). Mixed Fe 

sulfides such as chalcopyrite, CuFeS2 may also be favoured in porewaters 

(Galliard et al., 1986). However, several studies have noted that, following a sub-

surface minimum, dissolved Cd concentrations can gradually increase with depth, 

corresponding to increasing H2S concentrations (Galliard et al., 1986; Gobeil et al., 
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1987) and it was believed that Cd formed soluble sulfide complexes (Galliard et 
al., 1986). 

The profiles of Cd, Cu and Pb in porewaters resemble the profiles occurring in 

oceans at oxic / anoxic boundaries (Brugmann, 1988; Drysen and Kremling, 1990; 

Oztürk, 1995). These ocean studies showed that Zn also has a similar behaviour. 

However, unlike the porewater profile of Ni (Emerson et al., 1984), little reduction 

of dissolved Ni concentrations were observed in the suboxic zone. Cobalt was 

found to behave similarly to Mn, increasing in the suboxic zone. 

Another example of the importance of the maintenance of redox conditions on the 

mobilisation of metals from anoxic sediments was demonstrated by Kerner and 

Wallmann (1992). At high tide, under anaerobic conditions, there was no release of 

Cd and Zn from contaminated freshwater sand and mud flats in the Elbe Estuary. 

However, at low tide under aerobic conditions, organic matter mineralisation and 

sulfide oxidation, released Zn and Cd, but the mobilisation was dependent upon the 

metal concentrations exceeding the adsorption capacity of the sediment. 

Studies on estuarine and coastal distribution coefficients (Kd ratio of particulate to 

dissolved metal species) showed that metal enriched in the particulate phase was 

in the order Pb >> Cu > Cd (Valenta et al., 1986; Balls, 1988). Lead had a high 

particle reactivity and was found to be predominantly bound in the particulate 

phase. Valenta et al. (1986) found that the Kd for Cd was almost double during 

phytoplankton blooms, showing the strong adsorption of Cd by algae. Jones et al. 

(1986) similarly found that microplankton could control Cd speciation and cycling, 

with an increase in labile Cd concentrations corresponding to the release of marine 

humics from senescent Trichodesmium organisms. The observed dissolved / 

particulate estuarine distribution coefficients for Pb and Cd have been found to be 

of the same order of magnitude to oceanic water / sediment distribution 

coefficients (Valenta et al., 1986). However, the estuarine Kd was lower for Cu, 

probably due to the high degree of Cu complexation by dissolved organic ligands in 

estuaries. 

1.3.4 Summary of Studies on Trace Metal Sediment Interactions 

The trace metals Cu, Pb and Zn are strongly adsorbed by a number of sedimentary 

phases. Cadmium only appears to be strongly adsorbed by organic matter, forming 

stable dissolved chloride or maybe organic complexes that prevent adsorption onto 
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other phases. However, organically complexed Cd can be adsorbed by biogenic 

surfaces. The metabolism of organic matter in the sediment mobilises Cd and Cu, 

with dissolved organic complexation at least regulating Cu and Ni concentrations, 

probably by preventing surface adsorption. Evidence also exists for dissolved 

organic complexation of Zn and Cd in porewaters. The metals Cd, Cu, Ni and Zn 

have been shown to mobilise from sediments via organic matter metabolism 

reactions or the oxidation of sulfide precipitates. However, Pb which can be 

elevated in surface porewaters, does not mobilise readily from sediments because 

of its strong adsorption onto particle surfaces. Cadmium appears to be the metal 

most readily mobilised from sediment and this may be due to the formation of 

stable chioro complexes, which prevent adsorption onto sedimentary phases. 

Mobilisation of metals from sediment also depends upon the maintenance of redox 

conditions and pH, and the adsorption capacity of the sediment. The few 

mobilisation and porewater studies undertaken, indicate that the above metals are 

not mobilised from anoxic sediment, with metal sulfide precipitation a major sink 

for metals. Organic matter input has a controlling factor on the maintenance of 

anoxic sediment conditions. 

1.3.5 The Importance of Anoxic Sediments in Acting as a Metal Sink and 

Controlling Sediment Toxicity 

Iron and manganese oxides and organic matter have been shown to be important 

phases for the binding of metals in sediments, and it was thought that these phases 

may be relevant in the determination of sediment metal toxicity (U.S. E.P.A., 

1989). The major pool of sulfides in sediments consists of iron monosulfides and 

pyrite, with the former being more reactive and operationally defined as acid 

volatile sulfides (AVS) (Casas and Crecelius, 1994 and ref. therein). The relative 

importance of this sulfide pool for binding heavy metals and controlling 

bioavailability in sediments was first demonstrated by Di Toro et al. (1990), who 

found that when the ratio of total cold acid extractable Cd to AVS in marine 

sediment was less than 1, the porewater concentration of Cd was very low and 

their was no 10-day toxicity to 2 amphipods. 

Similar results were soon reported for Cd 10-day toxicity to oligochaetes in 

freshwater sediment (Carlson et al., 1991) and Cd and Ni 10-day toxicity to 

amphipods, oligochaetes and snails on marine and freshwater sediments (Di Toro 

et al., 1992). Based on these results, the sediment quality criteria of no toxicity if 

[SEM]/[AVS] < 1 was postulated. where [SEM] is the sum of the molar 
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concentrations of simultaneously extracted metals (Di Toro et al., 1992). The 

metals considered are those that form sulfides more insoluble than Fe or Mn, 

namely Cd, Cu, Hg (if present), Ni, Pb and Zn (Table 1.4). The sulfides of these 

metals being relatively insoluble. 

Table 1.4. Solubility products of metal sulfides 
Metal Sulfide Mineral log Ka log Kb 
MnS alabandite -19.15 -18.58 
FeS amorphous -21.80 - 

FeS machinawite -22.39 -22.91 
NiS millerite -27.98 -24.35 
ZnS wurtzite -28.39 -27.70 
ZnS sphalerite - -29.68 
CdS greenockite -32.85 -32.14 
PbS galena -33.42 -32.72 
CuS  covellite -40.94 -41.05 
K is the solubility product for the reaction M2  + S MSCS)  

Data from Di Toro et al. (1990) 
Data from Dyrssen and Kremling (1990) using the assumption of 

Di Toro et al. (1990) that pK2 = 18.75 for HS H + S 
(Schoonen and Barnes, 1988). 

Casas and Crecelius (1994) investigated the toxicity criteria for zinc, lead and 

copper for a polychaete in marine sediments. They found that the sediment binding 

capacity for Zn and Pb was similar to sediment AVS, but Cu was much higher, 

possibly due to the importance of organic matter as an additional binding phase. 

Consequently, there was no toxicity if [SEM]/[AVS] < 1 for all metals, but if 

[SEM]/[AVS]> 1, toxicity could only be predicted for Zn and Pb. According to the 

theory, porewater metal concentrations only increase once the concentration of 

metals surpass sediment AVS (metal sulfide precipitation exhausted) or other 

important sediment binding phases (Cu). Therefore, the ratio [PW]/LC50> 1 was 

found to predict toxicity for Cu, Pb and Zn, where [PW] is the concentration of 

dissolved metal in the porewater and LCSO is the (water only) concentration 

predicted to cause death to 50% of the population. This ratio has also been termed 

the interstitial water toxicity unit (IWTU), with IWTU> 1 predicting toxicity in 

some studies (Casas and Crecelius, 1994; Pesch et al., 1995) and IWTU > 0.5 in 

others (Berry et al., 1996; Hanson et al., 1996). The value of IWTU is additive for 

different metals to predict over-all toxicity in a multi-element study (Berry et al., 

1996). 

A study on amphipod toxicity in marine sediments with Cd, Cu, Ni, Pb and Zn used 

individually and together, and a compilation of previously reported results, showed 

both [SEM]/[AVS] < 1 and IWTU <0.5 could predict no toxicity, but IWTU > 0.5 
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could better predict toxicity (Berry et at., 1996). An interesting aspect of this 
combined metal study, was that the appearance of dissolved metals in porewaters, 
with increasing sediment metal concentrations, followed the reverse order of their 
metal sulfide solubilities, with Ni appearing first and Cu last (refer to Table 1.4). 

Studies with contaminated field sediments, have similarly demonstrated the 
validity of [SEM]/[AVS] < 1 and IWTU <0.5 for predicting no toxicity, but there 
was greater uncertainty in predicting toxicity due to important additional binding 
phases (Hansen et at., 1996). A number of longer term field and laboratory toxicity 
studies also support the above theory (Ankley et at., 1996). In a review of 12 
toxicity studies that also determined metal bioaccumulation, Ankley (1996) found 
that the majority of studies indicated reduced metal bioaccumulation when the 
[SEM]/[AVS] was less than 1. However, several studies indicated increased 
bioaccumulation with increasing sediment metal concentrations, despite surplus 
AVS. In conclusion, whilst sediment quality criteria, based on AVS being the 
primary metal binding phase in sediments, has been demonstrated to predict the 
absence of toxicity, further research into bioaccumulation and the potential 
transport of metals into the food web is still required (Ankley et al., 1996). 

1.4 Oxidation, Dissolution and Reactions of Metal Sulfides 

The McArthur River Mine concentrate, which is the focus of this thesis, consists of 
a mixture of sulfides, principally sphalerite (ZnS) and galena (PbS), with some Cd 
and Cu sulfides. This discussion focuses on literature dealing with these sulfides. 

The existing research on metal sulfide chemistry has been in the areas of 
metallurgical studies relating to sulfide flotation and recovery, iron sulfide sediment 
chemistry, wastewater treatment with FeS, pyrite oxidation, and semi-conductor 
photovoltaics research. There is practically no literature on the oxidation and 
dissolution kinetics in natural waters under environmental conditions and none 

what-so-ever in a complicated system such as seawater. 
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1.4.1 Metal Sulfide Dissolution Mechanisms 

Metal sulfides are generally very insoluble, but they are unstable in the presence of 

oxygen and water, undergoing complex oxidation/reduction reactions (Richardson, 

1995). The concentration of metals in aerobic solutions is not controlled by the 

sulfide solubility products, but by sulfide oxidation and dissolution of oxidation 

products (Fuerstenau and Metzger, 1960). The exact pathway of metal sulfide 

oxidation is a matter of some contention (Richardson, 1995), with three different 

pathways proposed in metallurgical flotation studies: 

Guy and Trahar (1985): MS + 21120 —* M(OH)2 + S + 2H + 2e- (i) 

Buckley et at. (1985): MS + nH20 -4 nM(OH)2 + M( l. n)S + 2nH + 2ne (ii) 

Luttrel et at. (1983): 2nMS + 2nH20 - nM(OH)2 + MS2 + 2nH + 2ne (iii) 

Each of these pathways produce metal hydroxides in neutral/alkaline media, with 

either elemental sulfur (i), a metal deficient metal sulfide (M(1 fl)S) (ii) or a metal 

polysulfide (MS2) (iii). Reaction pathways (i) and (ii) are believed to be precursor 

reactions to the formation of thiosulfate and sulfate. 

4S + 302 + 4e-  — 2S2032- (iv) 

52032  + 5/202 + 2e —* 2S042 (v) 

The oxidation of metal sulfide sulfur is thermodynamically favourable, but was 

believed to proceed slowly, resulting in a build-up of surface enriched S over short 

time-periods (Guy and Trahar, 1985). The metals in the mineral lattice are 

believed to have a higher mobility than S and move to the surface of the mineral, 

where they precipitate as hydroxides, creating a hydrophilic surface which overlies 

a hydrophobic sulfur enriched sub-surface (Buckley et at., 1985; Guy and Trahar, 

1985). Dissolution of the hydrophilic layer forms the basis of self induced mineral 

flotation for some sulfides (Richardson, 1995). 

Equations iv and v are simplified reactions for the oxidation of metal sulfide 5, with 

a complex mixture of sulfoxy intermediates possible, as controlled by the 

Wachenroder reaction (Moses et at., 1987): 

S062  + 52032 S +1062  + S032 (vi) 

This reaction tends towards the left at pH >7 and to the right at pH <7. The 

reaction to the right favours the generation of sulfate as sulfite oxidises more 
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readily than thiosulfate (Moses et al., 1987 and ref. therein). However, the 
presence of Fe3+ will also efficiently oxidise thiosulfate to sulfate (Luther, 1987). 
The oxidation of sulfoxy species from pyrite sulfur to sulfate apparently occurs at 
or close to the mineral surface, with the surface catalysing oxidation by positioning 
intermediates so that oxidation is favoured stereochemically or by conducting 
electrons away from the intermediate to an oxidant reduction site (Moses et al., 
1987; Moses and Herman, 1991). Under most natural conditions the availability of 
oxidants and slow flow rates ensure complete oxidation of intermediates to sulfate 
(Moses et al., 1987). The build up of intermediates is favoured by the absence of 
oxidising agents, rapid flow rates and higher pH (Moses et al., 1987; Moses and 

Herman, 1991). 

Molecular oxygen has been suggested as the most important electron acceptor 
(oxidant) for metal sulfide oxidation (Richardson, 1995). Metallurgical studies with 
both sphalerite and galena have suggested that the chemisorption of 02 and 

subsequent electron transfers are rate controlling steps (Huerta and Genescá, 1992; 

Harvey et al., 1993). However, studies with pyrite suggest that under most natural 
conditions, 02 does not directly attack the pyrite surface (Moses et al., 1987; 

Moses and Herman, 1991). Goldhaber (1983) and McKibben and Barnes (1986) 
indicate that the interaction between 02 and pyrite was through physical 
adsorption. Contrastingly, Fe3+ which is present in most natural systems, can bind 

chemically to the pyrite surface through a disulfide bridge, 
Fe-S-S-Fe(H20)5(OH)2  (Luther, 1987). An electron can be transferred in this 

transition state intermediate from the highest occupied molecular orbital (MO) of 

S22  to the lowest unoccupied orbital of Fe3+. Oxygen has no low energy sigma 

orbital to form this intermediate, resulting in the oxidation of pyrite by oxygen being 

an order of magnitude lower than by Fe3 (Luther, 1987; Moses et al., 1987). 

Oxygen still has an important role in the Fe3+mechanism: Fe2  formed by the 

electron transfer from S22  binds preferrentially to the pyrite surface and must be 

re-oxidised to Fe3+  by oxygen for the dissolution mechanism to continue (refer to 

Figure 1.4; Moses and Herman, 1991). Pyrite oxidation by Fe3+ over the pH range 

of 2 to 9 was favoured over dissolved 02, with even low concentrations of Fe3+  

effective in oxidising pyrite (Moses et al., 1987). In neutral to alkaline solutions the 

rate of pyrite oxidation is usually lower in comparison to acidic solutions due to the 

lower solubility of Fe3+ (Evangelou and Zhang, 1995) or the formation of an iron-
oxide coating on the pyrite surface which acts as a barrier to Fe3+  and 02 

(Nicholson et al., 1988, 1990). 
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Galena, with its semiconducting properties and high purity, is one of the better 

studied sulfide minerals. Surface oxidation of natural galena in air and water has 

been observed to initiate in minutes, forming random islands of discontinuous 

oxidised film (Eggleston and Hochella, 1991; Laajalehto et at., 1993; Kim et at., 

1994). The oxidation pattern implied that oxidised surfaces enhanced the oxidation 

of neighbouring unoxidised surfaces. The rapid oxidation of natural galena in air 

was also observed by Kim et at. (1994), but synthetic galena required over an 

hours air exposure before oxidation was evident. Electrochemical studies have 

also shown that the photo-sensitised anodic dissolution of galena was dependent 

upon the nature of the galena (Paul et at., 1978). Impurities present in the galena 

have been suggested as the reason for the differences in oxidation behaviour (Paul 

et at., 1978; Kim et al. 1994). Natural galena with impurities at the 1000 ppm level 

had 50% surface oxidation in 2 hours, whilst high purity synthetic galena exhibited 

negligible oxidation (Kim et at. 1994). Brion (1980) showed that the order of sulfide 

mineral oxidation in air was FeS2 > CuFeS2 > PbS > ZnS. It is perceived that 

faster oxidising impurities initiate adjacent PbS oxidation (Kim et al. 1994). It was 

noted that the addition of iron oxide to an acidic galena suspension increased the 

rate of oxidation, with iron thought to act as some sort of oxygen "carrier" (Vizsolyi 

et al., 1963). The presence of pyrite can enhance the oxidation of other sulfide 

minerals by up to an order of magnitude (Guy and Trahar, 1985). It was recently 

shown with pyrite (FeS2) at circumneutral pH, that adsorbed Fe acts as an 

electrical conduit between pyrite and oxygen, with the redox cycling of 

Fe(II)/Fe(III) catalysing oxidation (Moses and Herman, 1991). This mechanism 

appears plausible for the enhanced oxidation of other semiconducting sulfide 

minerals by Fe impurities. Alternatively, lattice impurities such as iron can change 

metal sulfide magnetic properties from diamagentic to paramagnetic and facilitate 

the direct reaction with paramagnetic oxygen (Moses et al., 1987). The reaction 

between paramagnetic oxygen and a diamagnetic metal sulfide (eg. pyrite, galena 

and sphalerite) is spin restricted and requires either reactant to be activated to the 

opposite magnetic configuration prior to reaction (Moses et at., 1987). Thus with 

either mechanism, the oxidation of metal sulfides may correspond with the purity 

of the mineral. 

Contrasting with galena, there are fewer in-depth studies on the rate of oxidation of 

sphalerite. It appears that sphalerite oxidises slowly under normal conditions 

(Vizsolyi et at., 1963; Burkin, 1966; Dixon et al., 1975; Brion, 1980; Buckley et al., 

1988; Wang and Forrsberg, 1990). Vizsolyi et al. (1963) reported that sphalerite 

oxidises much more slowly than galena at any pH below 7, with negligible 

sphalerite oxidation occurring above pH 2.5. Dixon et al. (1975) reported negligible 
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synthetic sphalerite oxidation and dissolution at pH 3 in aqueous suspension. 
Buckley et at. (1988) found no oxidation products on the surface of natural 
sphalerite exposed to either air for 3 weeks or air saturated alkaline solution (pH 
9.2) for 1 hour. Rimstidt et at. (1994) noted that the oxidation of galena, in acidic 
solution by Fe(III), was 300 times faster than sphalerite oxidation at 25 °C. With 
high temperature air oxidation, Zn(OH)2 and ZnSO4 have been observed as 

surface oxidation products on sphalerite (Hertl, 1988). The oxidation products of 
galena vary, depending upon the oxidising conditions and analysis methods, but 
include PbO, Pb(OH)2, PbCO3, Pb2(OH)2CO3, PbSO4 and PbS203 (Buckley et at., 

1985; Arnaud et at., 1989; De Donato et at., 1990; Fornasiero et at., 1994a,b; Kim 
et at., 1994). It is envisaged that a similar range of oxidation products exist for 
sphalerite. 

Until recently, there has been very few dissolution studies on sulfide minerals. 
Electrochemical and x-ray photoelectron spectroscopy (XPS) analysis, associated 
with flotation studies, predicted that the surface of sulfide minerals become 
enriched with sulfur during oxidation (Buckley et at., 1985; Guy and Trahar, 1985). 
However, recent aqueous dissolution and XPS studies have found little evidence of 
this surface enrichment, indicating that if it occurs, the species are minor oxidation 

products over the pH range 2-9. under  normal redox conditions (Hsieh and Huang, 

1989; Fornasiero et at., 1994a). The aqueous dissolution of galena was shown to be 
congruent, producing equivalent dissolved concentrations of Pb and sulfur species, 
independent of pH (Hsieh and Huang, 1989). The sulfur species consist mainly of 
sulfate under oxic conditions and sulfide under anoxic conditions. Congruent photo-
sensitised dissolution was also demonstrated for synthetic CdS, with Cd(II) and 
sulfate ions simultaneously released from the sulfide surface in a 1: 1 ratio (Hsieh 

and Huang, 1991). 

The dissolution of galena was found to decrease exponentially with increasing pH, 
becoming negligible above pH 8 and corresponding with the solubility 
characteristics of PbS (Hsieh and Huang, 1989; Fornasiero et al., 1994a). Surface 

protonation of sulfide has been proposed as the first step in the dissolution 
mechanism (Hsieh and Huang, 1989; Fornasiero et at., 1994a). The major 

reactions are: 

PbS + H - Pb2  + HS 
Pb2  + 2H20 - Pb(OH)2 + 2H 

HS + 4H20 - S042  + 8H + 8e 

02 + 4H + 4e-  - 2H20 
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Studies show that galena dissolution was greatest in the presence of air, followed 
by oxygen then nitrogen, suggesting that CO2 as well as 02 was involved in the 

reaction mechanism (Fornasiero et at., 1994a). 

Kim et at. (1994) showed that galena purity affected surface oxidation. Similarly, a 
comparison of two studies on unoxidised galena dissolution, one using high purity 
synthetic galena and the other natural galena with known impurities (Hsieh and 
Huang, 1989; Fornasiero et al., 1994a), illustrate that regardless of pH, impurities in 
galena increase the rate of dissolution. Fornasiero et at. (1994a) found that the 

dissolution of natural galena had reached equilibrium within 2 hours, whilst 
synthetic galena had not reached equilibrium by 6 hours (Hsieh and Huang, 1989). 
At neutral pH, PbCO3 precipitation was thought to control PbS dissolution (Hsieh 

and Huang, 1989). The equilibrium may reflect surface re-adsorption or 
precipitation of PbCO3, Pb hydroxides or Pb hydroxy-carbonate species (Pugh and 

Bergstrom, 1986; Hsieh and Huang, 1989; Fornasiero et at., 1994b). The surface 
precipitation of PbSO4 has also been proposed to explain the equilibrium behaviour 

of Pb dissolution from synthetic PbS under oxygen (Eadington and Prosser, 1969). 
The exact mechanism of the attachment of these species at the PbS surface is still 

the subject of some conjecture (Prestidge et at., 1995). Dissolution studies with pre-

oxidised synthetic sphalerite, synthetic galena and natural galena, show that 
existing oxidised surface species can be rapidly released into solution (Pugh and 
Bergstrom, 1986; Pugh, 1988). This indicates that mineral age could have a 
marked affect on surface properties and dissolution behaviour. 

The dissolution of a metal sulfide requires the breakage of the metal-sulfide bonds 
and reactants that increase the polarisation of this bond promote dissolution. Under 
acid conditions, the protonation of sulfide on the galena surface (Pb-SH22 ) was 

thought to polarise the M-S bond by withdrawing electron density, facilitating 
congruent dissolution after the adsorption of oxygen (Hsieh and Huang, 1989): 
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Further tentative models have been proposed, based on the dissociative 

chemisorption of water on a metal sulfide preceding dissolution (Hsieh and Huang, 
1991; Ronngren etal., 1991): 

HSM-oi-i2 HSM-oH 
EMS [EMSH 

with further protonation of the thiol and metal hydroxide, and adsorption of oxygen 

leading to congruent dissolution: 

H7SM-0H2 + 202 - H204SM-0H2 - M2  +SO4 + 2H + H20 

However, the exact surface species and mechanism which precedes detachment 

is still the subject of conjecture (Ronngren et al., 1991). Isotope studies with pyrite 

at low pH indicate that the source of sulfate-oxygen was water rather than oxygen 

(Taylor et at., 1984 a, b). At circumneutral pH, Moses and Herman (1991) have 
proposed that Fe(III) was the oxidant rather than 02 for pyrite oxidation, with the 

transfer of oxygen to sulfur facilitated from the hydration sphere of Fe(III) (Figure 

1.4). It remains to be demonstrated if this mechanism can be applied to the 

oxidation and dissolution of other metal sulfides. 
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Figure 1.4. Schematic dissolution mechanism proposed for pyrite (Moses and 

Herman, 1991). Hydrated Fe(II) is preferrentially adsorbed on pyrite and forms a 

hydrogen bonded termolecular complex with dissolved oxygen (DO) (a). Electron 

transfer from Fe(II) to DO creates adsorbed Fe(III) (b), which rapidly accepts an 

electron from pyrite and simultaneous transfers a hydroxyl group to the sulfide (c). 

The process proceeds again as shown in (d) until the sulfoxy intermediate 

becomes unstable and results in dissolution. 



1.4.2 Metal Sulfide Displacement and Adsorption Reactions 

In metallurgical studies it has been shown that flotation specificity for individual 
sulfide minerals was reduced in a mixed mineral sulfide system, due to the 
dissolution of metal cations and re-adsorption and reaction with other sulfide 
surfaces (Richardson, 1995). Thus creating a similar over-all sulfide surface for 
the interaction with organic flotation collector-molecules. 

Displacement reactions in which one metal displaces another metal in a sulfide 
mineral lattice to form a more insoluble sulfide have been demonstrated in 
metallurgical studies since the 1950s (Fuerstenau and Metzger, 1960 and ref. 
there-in). These studies examined sphalerite activation reactions with Cu2+  and 
Pb2 : 

ZnS + Cu2  - CuS + Zn2   
ZnS + 2Cu - CuS + Zn2   

ZnS + Pb2  -* PbS + Zn2   

The equilibrium constants (eg. (i), K = [Zn2 ]I[Cu2 ]) for these reactions were in 

the order of (vii) 1011,  (viii)  1023  and (ix) io. The rapid displacement reaction of 

Cu2  with freshly precipitated ZnS, CdS and PbS, has also been demonstrated, 
with the rate of Cu uptake appearing to follow the sulfide solubility sequence; ZnS 
having the highest solubility and greatest Cu2  uptake (Philips and Kraus, 1965). 

The uptake of Pb2  in comparison to Cu2  by sphalerite was slow, taking up to 30 

minutes to reach equilibrium (Fuerstenau and Metzger, 1960). Dixon et al. (1975) 

found that the rate of exchange of Cu2  with synthetic ZnS was 150 times faster 

than Pb2+  exchange. Complete exchange between divalent metals and reactive 
FeS in sediments is believed to take place within minutes to hours (Di Toro et al., 

1990; Di Toro et al., 1992). These displacement reactions are now well accepted, 
with any metal displacing another sulfide bound metal to form a more insoluble 
sulfide (Park and Huang, 1989; Di Toro et al., 1990; Casas and Crecelius, 1994; 

Davis et al., 1994a,b). At low pH the displacement reactions are 1:1, with a metal 
of lower sulfide solubility displacing an equivalent concentration of higher sulfide 
soluble metal. However, at higher pH the metal ion displaced or its hydroxylated 
species begin to re-adsorb or precipitate on the new sulfide surface (Park and 
Huang, 1989; Hsieh and Huang, 1993). Sulfide metal lattice exchange may take 
place with these surface adsorbed metal hydroxides, but the kinetics are slower in 
comparison to simple metal exchange (Pugh and Tjus, 1987). The adsorption of 
metal hydroxides onto metal sulfide surfaces has been found to be an important 
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removal mechanism at circumneutral pH (Davis et al., 1994a), and can extend 
beyond monolayer coverage (Fuerstenau and Metzger, 1960). The stability of the 
sulfide also plays a role, with PbS, formed from the exchange of Pb with CdS, 
found to undergo rapid photo-decomposition due to the semiconducting nature of 
PbS (Hsieh and Huang, 1993). The covalent radii of the exchanging metal ions 
may also control displacement reaction kinetics, due to strain on the sulfide crystal 
structure resulting from exchange of a high covalent radii metal (Pb, Cd) for a 
smaller one (Fe, Cd, Zn, Cu) (Davis et al., 1994a). 

The presence of complexing ligands in solution, such as CN-  for Cu, can prevent 
the sulfide displacement reactions (Fuerstenau and Metzger, 1960). Studies with 
phthalic acid and EDTA indicate that whilst organic ligands may enhance or inhibit 
metal sulfide dissolution, they have a minimal effect on metal displacement 
reactions, unless a high concentration of strong complexing ligand was present 
(Park and Huang, 1989). 

1.4.3 The Effect of Organic Chelators on Sulfide Dissolution 

The importance of organic chelators in controlling soluble metal concentrations 
and interfacial reactions has already been highlighted. The surface of metal 
sulfides, like that of metal oxides, has been found to be amphoteric in aqueous 
solutions (Park and Huang, 1987; Ronngren et al., 1991). This can result from the 

dissociative adsorption of water on the metal sulfide, to form a hydroxyl (on the 
metal site) and thiol (on the sulfide site). This amphoteric surface can therefore 
control the pH dependent surface adsorption of some metal ions and organic 
ligands. There are few studies on metal sulfide interactions with organic ligands, 
but the interactions are believed to be analogous to metal oxide studies, with the 
presence of organic ligands either enhancing metal sulfide dissolution through 
complexation or inhibiting dissolution through surface adsorption (Davis et al., 

1995). 

The mechanism proposed for organic ligand enhanced dissolution of metal sulfides 
was the same as that used for metal oxides, and requires surface ligand 
complexation as a prerequisite (Davis et al., 1995): 

Cd(SU -OH + 
 H:: 

Cd(swf< + H + H20 (x) 
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The surface complexation donates electrons to the metal, polarising the metal 
sulfide bond and making sulfur prone to oxidation. The degree of metal sulfide 
bond polarisation and therefore dissolution, was found to reflect the strength of the 
aqueous metal complex, with the strongest organic complexing ligands causing 
greatest dissolution. A range of complexing aromatic ligands were found to 
enhance the photo-oxidation of CdS by over an order of magnitude at pH 4 and 7. 
However, aliphatic complexing agents inhibited the photo-oxidation by non-
covalent surface adsorption or through the formation of bidentate, binuclear 
surface complexes: 

0 
U  —Cd—U—C 
f—S R 

—Cd—U—C"  
11  

Non-covalent surface adsorption does not affect metal-sulfide bond polarisation 
and hence dissolution. For a binuclear complex dissolution is not promoted, as 
additional energy is required to simultaneously detach two metal ions. Both of 
these mechanisms are inhibitory as they occupy active sites that could otherwise 
be occupied by other (mono- or bidentate) mononuclear complexing agents which 
promote dissolution. A comparison of phenolic molecule adsorption onto ZnS 
showed that the complexing ligand catechol had a specific interaction with the 
sulfide surface (as suggested for Cd(surf)-OH, (x)), whilst non-complexing phenols 

had a hydrophobic surface adsorption (Liu and Huang, 1994). These studies 
suggest that specific mononuclear surface complexation of metals by organic 
ligands, was a prerequisite for ligand enhanced dissolution. 

In mineral flotation studies, galena dissolution without EDTA decreased rapidly 
with increasing pH due to the formation of Pb hydroxides (Wang and Forssberg, 
1990). However, in the presence of EDTA, Pb dissolution was enhanced and 
almost constant over the pH range 5-9. The dissolved EDTA cornplexed Pb, 
increasing Pb(OH)2 dissolution from the surface and exposing the sulfur-rich sub- 

surface, which resulted in mineral flotation. 

Baker (1973) examined the effect of 5 soil derived humic substances on the 
aqueous dissolution of galena (PbS), sphalerite (ZnS), covellite (CuS), pyrite 
(FeS2) and chalcopyrite (CuFeS2). The humic solution extensively solubilised 
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galena and covellite, but had little or a limited effect on the other minerals. This 
was believed to be related to sulfide bond strengths, with pyrite and sphalerite> 
galena and chalcopyrite > covellite (Bachinski, 1969). Baker (1973) further 
examined the dissolution of galena and sphalerite with salicylic and citric acid, 
glycine and analine, finding less effective dissolution in comparison to the humic 
substances. 

1.4.4 Photo-sensitisation of Metal Sulfides 

The sulfides of Cd, Pb and Zn are semiconductors and upon irradiation of their 
surfaces with light, photons with energy greater than the band gap can be absorbed, 
promoting electrons from the valence band into the conduction band (Domen, 
1996). The difference between the energy of these two bands is termed the band 
gap. Therefore, when a photon is absorbed it creates an excited electron and 
corresponding positive electron hole (h). The electron-hole pairs have long 
relaxation times and can be transported macroscopic distances where they can 
react with surface adsorbents or atoms in the crystal lattice (Domen, 1996): 

CdS + 2h - Cd2  + S (Hsieh and Huang, 1991) 

Reduced organic molecules have been shown to consume positive electron holes 
on CdS, being oxidised themselves and preventing photo-oxidation of CdS (Harada 

et al., 1985; Tang and Huang, 1995). It has been reported that oxygen can accept a 
conduction band electron from CdS, to form the hyperoxide ion (02),  which 

rapidly oxidises sulfide to sulfate (Hsieh and Huang, 1991): 

S + '20 S042  

Similarly, surface adsorbents or molecules in solution can absorb light to create 
excited species that can react directly, or via highly reactive transient 
intermediates, with other molecules and mineral surfaces. The three pre-cursor 
mechanisms for photo-sensitisation are shown schematically in Figure 1.5. The 
transient intermediates are predominantly free radicals or radical ions (eg. 0H, 

e(aq), 02, H702, ROO and Cl). Nitrate, bicarbonate, bromide, water and 

especially dissolved oxygen form reactive intermediates by direct irradiation by 

UV-visible light. 
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Figure 1.5. The absorbance of photons by a semiconductor surface 

to create an electron-hole pair (I), and by a solute and adsorbed molecule 

to create an excited state (II) and (III), respectively. (Modified from 

Domen, 1996). 

The most important photo-sensitiser in natural waters is dissolved natural organic 

matter, particularly humic substances (Brezonik, 1994). DOM in natural waters is 

excited to its first excited singlet state (1DOM*)  by the absorption of light in the 

UV-visible region (Shao et al, 1994). This excited state is short lived, and as part of 

the energy release I decay process, may undergo intersystem crossing to form the 

longer lived excited triplet state (3DOM*) (Stumm and Morgan, 1996). The 

3DOM* may then transfer energy to acceptor molecules. In the absence of 

oxygen, irradiation of Suwanee River fulvic acid, strongly adsorbed to ZnO-TiO2 

(semiconductor) colloids, showed that the triplet excited state was quenched by 

transfer of an electron to the semiconductor (Vinodgopal and Kamat, 1994). 

Excited humic substances can also transfer energy to oxygen and other molecules 

to produce the reactive intermediates: OH, e(aq). 02, H202 and R00. 

Oxygen is a very efficient receiver of energy from 3DOM*  (Brezonik, 1994). 

Energy transfer to ground state triplet oxygen produces excited singlet oxygen, 

denoted 102*.  Singlet oxygen is very reactive, existing in the order of 

microseconds and having a reactive pathlength of approximately 100 nm (Lindig 

and Rogers, 1979). The majority of singlet oxygen is quenched back to the ground 

state by water, but a small fraction has been shown to react with reduced organic 

sulfur compounds and some amino acids (Brezonik, 1994). 
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The photo-sensitised reactions of humic substances or other photo-sensitisers has 

not been examined with sulfide minerals. However, in very recent studies, singlet 

oxygen has been found to be an efficient oxidant of other reduced sulfur 

compounds such as sulfides (hydrogen, sodium and diethyl), sulfites (S032-), 
thiosulfates (S2032 ) and sulfenamindes (RSNR2) (Wöhrle et at., 1994; Clennan 

and Zhang, 1995; They and Iheva, 1995). In irradiated alkali media, Zn 
phthalocyanine and non-metallic phthalocyanine photo-sensitisers produce 102*, 

which very rapidly oxidises sulfides, sulfites and thiosulfates to sulfate (Iliev and 

Ileva, 1995). 

Whilst photo-sensitisers have not been examined in relation to sulfide mineral 

oxidation, the direct photo-oxidation of the semiconductor CdS, has received 

considerable attention in relation to photovoltaic cell studies and photo-catalytic 

oxidation of organic contaminants in wastewaters (Brezonik, 1994). The photo-

oxidative dissolution of synthetic CdS solutions has been found to be rapid in 

acidic, aerobic solution, producing Cd2  and sulfate (Henglein, 1982; Hsieh and 

Huang, 1991). In the presence of oxygen, light increased CdS dissolution by over 2 

orders of magnitude in comparison with dissolution in the absence of light (Hsieh 

and Huang, 1991). In the absence of light, dissolution was negligible under both 

aerobic and anaerobic conditions. In irradiated anaerobic solutions, sufficient 

oxygen was still produced to oxidise sulfide to sulfate. The oxygen for this reaction 

was formed via the photo-catalytic oxidation of water by electron holes (hi): 

2H20 + 4h - 02 + 4H 

Whilst ZnS is known to be photochemically unstable (Becker and Bard, 1983), the 

literature contains few quantitative studies on ZnS photo-oxidation. Synthetic ZnS 

has a similar band gap to CdS (3.7 Vs 2.4 eV) and thus could be expected to 

behave similarly. Dixon et at. (1975) found that ultraviolet light could enhance the 

rate of synthetic ZnS dissolution in acidic aqueous solution by over an order of 

magnitude. Like CdS, the dissolution in the absence of light was negligible. 

However, unlike CdS, ZnS dissolution was still significantly enhanced by light 

under nitrogen, with the rate of dissolution under nitrogen being about half that 

under oxygen. By comparison, the rate of CdS dissolution under nitrogen was an 

order of magnitude lower than under nitrogen (Hsieh and Huang, 1991). 

In contrast to CdS and ZnS, light irradiation only has a limited effect on the 

dissolution of synthetic PbS, which still undergoes significant dissolution under dark 

conditions, whether aerobic or anaerobic (Hsieh and Huang, 1989). The dominant 
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products being Pb2+  with sulfate and sulfide under aerobic and anaerobic 

conditions respectively. The photo-oxidative dissolution of CdS, ZnS and PbS 

decreases rapidly with increasing pH, becoming negligible at alkaline pH, 

suggesting that surface protonation was the reaction initiator (Dixon et al., 1975; 

Hsieh and Huang, 1989; Hsieh and Huang, 1991). 

The presence of Pb2  ions catalyses the photo-dis solution of CdS in acidic solution; 

Pb2  undergoes a lattice exchange reaction with CdS, to form PbS and Cd2 , with 

Pb2  being rapidly regenerated from PbS by photo-oxidation (Hsieh and Huang, 

1993). In contrast, the presence of Cu2  only slightly enhances the photo-oxidative 

dissolution of CdS, but does result in an enhanced displacement reaction, which 

occurs within minutes (Davis et al., 1994b). The difference in CdS dissolution in 

the presence of Cu2 , as opposed to Pb2+,  was due to CuS not being a 

semiconductor and therefore photo-sensitive, but having a lower sulfide solubility 

and undergoing faster displacement reactions. 

Hsieh and Huang (1989, 1991) have only analysed the photo-dissolution of PbS and In  
CdS over initial 6 hour time periods. Similarly, Dixon et al. (1975) has only 

analysed ZnS dissolution over a similar time-frame. Eadington (1973) found that 

the dissolution of galena in acidic solution was initially very rapid, with illumination 

enhancing the rate, followed by a second dissolution period in which the rate 

slowed down by a factor of 20 to 100 and illumination had no effect. Paul et al. 

(1978) proposed that active PbS sites rapidly produced elemental S and Pb2  under 

illumination, and that these active sites were soon covered with a layer of sulfur. 

Based on recent studies, it appears more likely that active sites were covered as 

equilibrium was approached, by surface adsorption or precipitation of PbCO3, Pb 

hydroxides or Pb hydroxy-carbonate species (Pugh and Bergstrom, 1986; Hsieh 

and Huang, 1989; Fornasiero et al., 1994b). 

Synthetic PbS rapidly oxidises with or without light (section 1.4.1), having a small 

band gap (0.4 eV) that allows both visible and infrared light to photo-excite PbS 

(Hsieh and Huang, 1993). The band gaps of CdS and ZnS are 2.4 and 3.7 eV 

respectively, which is equivalent to the adsorbance of an appreciable amount of 

light in the visible range (Dixon et al., 1975; Hsieh et al., 1992). It is this difference 

in band gaps and therefore semiconductor properties that is likely to cause the 

slower oxidation of both ZnS and CdS in comparison to PbS and the greater effect 

of light on the photo-oxidation of ZnS and CdS dissolution. 
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1.5 Scope of the Thesis 

Most studies on metal sulfide chemistry have been associated with the mining 

industry and how surface properties relate to their metallurgical / flotation 

processes. More recently, researchers have become interested in the application of 

metal sulfides to the control of sediment toxicity and wastewater treatment, with 

sulfide lattice displacement reactions now being well characterised. The majority 

of metal sulfide dissolution studies have been associated with photo-oxidation 

processes. These studies have used synthetic sulfides and analysed photo-

oxidation over short time periods (<6 hours) in simple aqueous solution. Little is 

known of the behaviour of natural metal sulfides under normal aqueous 

environmental conditions. In the environmental field, besides studies into acid mine 

drainage, there is little known of the oxidation kinetics of metal sulfides. Seawater 

is a complex alkaline matrix and there are no existing studies on the oxidation 

kinetics of metal sulfides in this environment. This would, in part, be due to the 

analytical difficulties associated with analysis of metals in this matrix. 

Studies around a zinc refining plant in the Derwent River Estuary, Australia, found 

that dissolved Zn and Cd concentrations reached up to 1500 and 15 ppb 

respectively, making it one of the most contaminated sites in the world (Bloom and 

Ayling, 1977). The high concentrations of these dissolved metals was also 

reflected in the uptake and mortality of various biota of the region. Asmund and co-

workers studied metal levels in biota and water from a Greenland fjord system 

receiving Zn / Pb sulfidic tailings, finding that the dissolved Pb and Zn 

concentrations reached 1000 ppb and that biota up to 50 km from the tailings outfall 

had enriched metal levels (Loring and Asmund, 1989 and ref. therein; Johansen et 

at., 1991). These studies show that high concentrations of heavy metals can be 

released from metal sulfides in seawater, but there is no information on kinetics 

and the factors contributing to the dissolution process. 

This thesis is a study of the dissolution kinetics of mixed metal sulfide concentrate 

in the marine environment, with particular reference to the McArthur River Mine 

and its concentrate export operations. 
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The thesis structure and general contents are as follows: 

Chapter 2. Trace Metal Analysis of Seawater and Porewaters 

This chapter describes the analytical difficulties associated with the trace metal 

analysis of seawater and the specialised methods required to simultaneously 

preconcentrate trace metals and eliminate the salt matrix prior to analysis. New 

rapid procedures have been developed for the determination of trace metals in 

pristine and contaminated seawater samples, and in porewater samples. 

Chapter 3. Port I Loading Facility Characterisation and Baseline Studies for 

Metals 

This chapter describes the physico-chemical characteristics and existing trace 

metal concentrations in seawater and sediment along the Bing Bong coastline. This 

was undertaken to provide a frame of reference and give perspective to the 

concentrate dissolution experiments. 

Chapter 4. Dissolution of Metals from Mixed Sulfide Concentrate in 

Seawater - Laboratory Experiments 

This chapter describes the laboratory dissolution experiments conducted to 

examine: 

The effect of temperature, concentrate concentration, and salinity on 

the aqueous dissolution of Cd, Cu, Pb and Zn; 

The effect of air oxidation, during the storage of the sulfide concentrate 

prior to shipment, on the dissolution; 

The photo-oxidation of mixed natural sulfides at alkaline pH in 

seawater; and 

The effect of natural organic matter, such as fulvic acid, on the 

dissolution and whether this can photo-sensitise the dissolution; 
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Chapter 5. The Effect of Sediment on the Mobilization of Heavy Metals from 
Mixed Sulfide Concentrate 

This chapter describes the laboratory and field experiments conducted to examine: 

The sediment uptake of metals mobilised from concentrate; 

The mobilisation of metals from sediment contaminated with 
concentrate; and 

The relationships between organic carbon and acid volatile sulfides in 
controlling porewater metal concentrations and sediment mobilisation. 

Chapter 6. Mobilisation of Heavy Metals from Concentrate and 
Contaminated Sediment in the Bing Bong Swing Basin 

This chapter describes the in-situ monitoring of trace metals in seawater at the 
Bing Bong port facility, during loading operations. The in-situ dissolution of 
concentrate and mobilisation of metals from contaminated sediments are 
compared with the results obtained from the laboratory dissolution and sediment 
uptake studies (Chapters 4 and 5). 

W. 



CHAPTER 2 

TRACE METAL ANALYSIS 

OF SEAWATER AND POREWATERS 
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2.1 Introduction 

This Chapter describes all seawater sampling techniques and the development of a 
rapid DTC/DIBK solvent extraction technique for the quantitative determination of 
Cd, Co, Cu, Fe, Ni, Pb and Zn in seawater and a similar oxine/DIBK technique for 
the determination of Mn. Techniques are described for both trace and 
contaminated sample analysis, including the determination of trace metals in 
marine porewaters. The coupling of ICP-MS analysis with a solvent extraction 
method is also examined for the first time. 

2.1.1 Seawater Sampling 

It is now widely recognized that much of the historical data for trace metal 
determinations at ambient concentrations is erroneously high due to contamination 
during sampling, storage or analysis (Mart. 1979a, 1979b; Hunter and Tyler, 1987; 
Nolting and de Jong, 1994; U.S. E.P.A., 1995). 

Modern protocols have been developed to facilitate reliable sampling in 
coastal/estuarine waters and minimize potential contamination (Hunter and Tyler, 
1987; Quevauviller et al., 1994; U.S. E.P.A., 1995). General principles include: 

Sample upwind, upstream or up-current of the vessel; 

Sample progressively from uncontaminated to contaminated sites; 

Only use sampling materials such as fluoropolymer (FEP or PTFE), 
conventional or linear polyethylene, polycarbonate, polysulfone, 
polypropylene, or ultra-pure quartz. Generally, Teflon (FEP) or linear 
polyethylene sample bottles are used; 

Sample bottles and sampling apparatus should be rigorously cleaned 
using high purity acids and ultra-pure water; 

Use polyethylene storage bags and plastic wrap to minimize the 
exposure of clean sampling apparatus to the outside environment; 

Use non-talc gloves to handle sampling apparatus and avoid contact 

with metal surfaces; and 
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Limit sample exposure and work in a clean environment where 
possible. 

Sampling in the marine environment is undertaken by grab sampling or continuous 
flow sampling. Grab sampling involves the lowering of the sampling device to a 
specified depth where the sample is taken in-situ. This can be as simple as 
removing the cap on a sample bottle by gloved hand (e.g. Hunter and Tyler, 1987), 
or using more complicated apparatus, such as Go-Flo or Niskin bottles, where the 
sampling device is suspended on a weighted, coated, hydraline and collection is 
remotely triggered (e.g. Nolting and de Jong, 1994; Mackey et al., 1997). 
Continuous flow sampling involves the use of a pump and tubing to convey water 
from the desired depth to the surface for sampling. Examples of this include 
peristaltic pumps and submersible pumps free from metals (U.S. E.P.A., 1995). 

Continuous flow sampling allows in-line filtration to be undertaken. This limits the 
potential for speciation changes occurring in the sample prior to filtration (Mart, 
1979a). The other advantage of using a pumping system is the lower risk of 
contamination from the sampling equipment. Pumping equipment can be operated 
prior to sample collection which allows rinsing of both the apparatus and sample 

bottle prior to sample retention. 

This Chapter describes the development of a protocol using a submersible pump 
and in-line filtration for the collection of coastal seawater samples. 

2.1.2 Determination of Trace Metals in Seawater 

The concentration of trace metals in seawater typically ranges from ppt's to ppbs 
(Introduction, Table 1.1). Only the most sensitive techniques such as voltammetry, 
graphite furnace atomic absorption spectrometry (GFAAS) and inductively 
coupled plasma mass spectrometry (ICP-MS) are generally used to measure 
metals at these trace concentrations. However, due to the high salt content and 
matrix interferences most techniques require matrix modification or separation 

prior to analysis. 

An exception to this are the electroanalytical techniques where the high ionic 
strength of seawater provides an ideal matrix for the direct determination of trace 
metals. Electroanalytical techniques are generally only applicable to certain metals 
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such as Zn, Pb, Cd and Cu. However, deposition times of up to 30 min are required 

to achieve low ppt detection limits using anodic stripping voltammetry (Jagner et 
al., 1981). Long deposition times using anodic stripping voltammetry have been 

reduced to less than 5 minutes by using cathodic (adsorptive) stripping 

voltammetry. This technique uses a specific ligand to complex the metal and 

preconcentrates the metal complex on the electrode via adsorption, prior to 

stripping. Examples of ligands which have been used are xylenol orange for Pb, 

dimethylgloxime for Ni, salicylaldoxime for Cu and ammonium pyrrolidine 

dithiocarbamate for Zn (Batley et al., 1995 and ref. therein). It should be noted with 

this technique that the range of metals that can be determined is still restricted and 

that different ligands are generally used for each metal. Another factor is that a 

photodegradation step may also be required to destroy existing metal complexes in 

the sample prior to complexation with the added ligand (Batley et al., 1995). 

Organic matter has been found to interfere with electroanalytical techniques and 

sample pretreatment with UV irradiation is often required to determine total 

dissolved metals (Batley and Farrer, 1978; Brugmann et al., 1983; Bruland and 

Caole, 1985; Batley et al., 1995). Coastal seawater commonly contains high 

dissolved organic matter levels in comparison to open ocean samples. Martin-

Goldberg (1987) found that the photodegradation of organic matter in coastal 

seawater was inefficient and that the quantitative analysis of Cd, Pb and Cu by 

differential pulse anodic stripping voltametry could not be achieved. 

The direct analysis of metals such as Cd, Cu, Fe, Mn, Pb and Zn in seawater has 

also been examined with GFAAS (Sturgeon et al., 1979; Hoenig et al., 1991; 

Garcia et al., 1993; Lan and Alfassi, 1994). Despite the use of matrix modifiers 

and Zeeman background correction to reduce salt matrix interferences, these 

techniques rarely achieve the required sensitivity to determine heavy metals at the 

trace levels commonly found in uncontaminated seawater (Hoenig et al., 1991; 

Garcia et al., 1993). In general a matrix separation step, which also simultaneously 

preconcentrates the metals in the sample, has been necessary prior to GFAAS 

determination. This matrix separation has traditionally been performed using a 

complexing agent - solvent extraction technique or by using a chelating ion-

exchange resin. 

The iminodiacetate based resin Chelex-100 (Bio-Rad) was first used for the matrix 

separation and preconcentration of trace metals from seawater by Riley and 

Taylor (1968). This ion-exchange column technique was modified by Kingston et 

al. (1978), who quantitatively determined Cd, Co, Cu, Fe, Mn, Ni, Pb and Zn in 
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seawater using GFAAS analysis. However, Sturgeon et al. (1980) showed that this 

technique underestimated Cu, Cd and Pb in comparison to a solvent extraction 

method. Despite prior sample acidification, it has been shown that UV irradiation 

or very slow flow rates (0.2 ml mm -1) were necessary to quantitatively determine 

trace metals in coastal or estuarine seawaters using this technique (Sturgeon et al., 

1980; Paulson, 1986). This was due to the competition between dissolved organic 

matter and the Chelex resin for trace metal complexation. More recently, batch 

extraction techniques have been employed, which entail stirring the seawater with 

resin for several hours, thereby increasing the contact time and eliminating slow 

column flow rates (Cheng et al., 1987; Baffi and Cardinale, 1990). The major 

disadvantages of the Chelex column preconcentration technique are that: 

It requires large sample volumes and generally takes about 1 day to 

preconcentrate a 1 L sample; 

Washing steps are required to remove salts from the column which can also 

result in a loss of metals such as Mn, Fe, Cu and Pb (Sturgeon et al., 1980; 

Van Berkel et al., 1988); and 

The preconcentration factor is limited by the large volume of acid necessary 

to elute the metals from the column. 

Whilst the batch techniques with Chelex reduce these effects (Cheng et al., 1987), 

they also entail an additional filtration step to recover the Chelex resin, which 

increases the potential for sample contamination. 

Unlike the solvent extraction procedures (described below), ion-exchange column 

procedures have been adapted for the determination of trace metals in seawater by 

ICP-MS. Like GFAAS analysis, ICP-MS determination is affected by the salt 

matrix of seawater. This causes physical blockage and reduces sensitivity due to 

ionization suppression (Beauchemin et al., 1987). Even with sample dilution, 

elements in the salt matrix can result in polyatomic isobaric interferences such as 

40Ar23Na on 63Cu and 44Ca16O on 60N1. ICP-MS was first introduced for seawater 

analysis by McLaren et al. (1985), who used an off-line column of silica 

immobilised 8-hydroxyquinoline to chelate trace metals, prior to elution and 

analysis in a dilute HC1/HNO3 solution. Chelating ion-exchange techniques have 

evolved considerably in recent times with many researchers developing 

sophisticated on-line ICP-MS systems using both 8-hydroxyquinoline and 

iminodiacetate columns (McLaren et al., 1993; Bloxham et al., 1994; Bettinelli and 
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Spezia, 1995; Neims et al., 1996; Taylor et at., 1996). These techniques 
simultaneously separate the salt matrix and preconcentrate trace metals by a factor 
of 5-10, achieving low ppt detection limits with an analysis time of 10-15 min per 
sample. 

Solvent extraction procedures have been widely used for the determination of trace 
metals in seawater. Nearly all of these techniques rely upon metal complexation 
with dithiocarbamate (DTC). Unlike ion-exchange resin techniques, solvent 
extraction systems using DTC complexing agents do not appear to be affected by 
existing dissolved organic metal complexes. This is probably due to the extraction 
of both existing complexes and preferential complexation of metals by DTC. The 
stability constants for DTC-metal complexes are typically in the order of 1010  to 

100 (Cheng et cii., 1982 and ref. therein) and these appear to be higher than the 
corresponding conditional stability constants for existing dissolved organic metal 
complexes, which are generally <1015  (Coale and Bruland, 1988; Capodaglio et 

al., 1990; Donat and Bruland, 1990; Bruland, 1992; Muller, 1996). 

The earliest DTC solvent extraction methods were based upon metal complexation 
with ammonium pyrrolidine dithiocarbamate (APDC) and extraction into methyl 

isobutyl ketone (MIBK) (Brooks et al., 1967; Jan and Young, 1978). Kinrade and 
Van Loon (1974) examined the APDC-MIBK system in some detail and added 
diethylammonium diethyldithiocarbamate in combination with APDC to improve 
complex stability and broaden the effective working pH range. 

The direct analysis of MIBK extracts by flame atomic absorption spectrometry 
(FAAS) was limited by the poor stability of dithiocarbamate (DTC) complexes in 

MIBK (Brooks et at., 1967; Kinrade and Van loon, 1974). Jan and Young (1978) 

and Danielsson çt at.. (1978) overcame this by developing acid back-extractions to 
transfer DTC complexed metals into a stable acidified aqueous phase; the acid 
decomposition of dithiocarbamate ligands proceeding as follows (Hulanicki, 1967): 

N 00 S H ,
,s 
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Magnusson and Westerlurid (1981) used acid back-extraction efficiencies to show 
DTC complex stability was greatest in chloroform, followed by MIBK and freon 
TF. When GFAAS, with its improved sensitivity, replaced FAAS, MIIBK was no 
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longer used as a solvent due to its high water miscibility, which resulted in salt 
carry-over and matrix interference (Magnusson and Westerlund, 1981). Freon TF 
was subsequently used as the solvent of choice, but dual extractions were required 
for the quantitative recovery of most common trace metals (Danielsson et at., 
1982; Statham, 1985). 

La et at. (1982) introduced the concept of metal-exchange back-extraction to 
overcome the slower kinetics of acid back-extraction. This method used an acidic 
solution of Hg, where-by DTC complexed metals were rapidly exchanged with 
Hg, which has a much greater extraction constant (of the order of 1040)  in 
comparison to other trace metals (La et at., 1982). By comparison, Cu, which 
forms one of strongest DTC complexes of commonly analysed trace metals in 
seawater, has an extraction constant in the order of 1027  (La et at., 1982). This 
technique required a single 20 min extraction into chloroform to preconcentrate 
(>90%) Cd, Co, Cu, Fe, Ni, Pb and Zn with a 2 rmin Hg back-extraction. 
Improvements to this method were recently made by Sachsenberg et at. (1992), 
who only required a 90 s single extraction into di-isobutyl ketone (DIBK) with a 60 
s Pd back-extraction, quantitatively determining Pb, Cu, Ni and Cd. This technique 
produced high preconcentration factors from relatively small sample volumes, but 
was limited by the range of metals determined. 

Manganese, an element of particular interest in geochemical and speciation 
studies, is difficult to recover with DTC complexation techniques due to its low 
affinity for DTC ligands (Shen et at., 1980). This was been overcome by using high 
DTC concentrations and dual extractions to achieve quantitative preconcentration 
from seawater (Statham 1985). Previous studies have also used 
8-hydroxyquinoline (oxine) as a complexing agent to extract Mn into chloroform 

(Klinkhammer, 1980) or MIBK (Sturgeon et al., 1980). 

Sachsenberg et at. (1992) demonstrated their rapid DTC/D]IBK solvent extraction 
method for Cd, Cu, Ni and Pb and did not evaluate Co, Fe, Mn and Zn which have 
poorer recoveries with this ligand/solvent system (Stary and Kratzer, 1968; 
Wyttenbach and Baja, 1975; Baja and Wyttenbach, 1979; Shen et at., 1980). 

Di-isobutyl ketone has been found to be an efficient solvent for the extraction of a 
wide range of DTC-metal chelates from non-saline waters (Bone and Hibbert, 
1979). A wider evaluation of the DTC/DIBK system to seawater analysis is 

described in this Chapter. 
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2.1.3 Porewater Sampling 

Methods for sampling porewaters include: centrifuging or squeezing grab or core 

samples; direct withdrawal of porewaters in-situ via suction; or the use of peepers 
(Carignan et al., 1985; Westerlund et al., 1986; Bertolin et al., 1995; Teasdale et al., 
1995). Reviews of techniques for sampling porewaters have recommended the use 

of peepers, as first developed by Hesslein (1976), for the in-situ collection of 

porewater samples for trace metal analysis (Carignan et al., 1985; Teasdale et al., 

1995). A peeper consists of a multi-chambered device filled with deoxygenated, 

ultra-pure water and covered with a membrane. The peeper is inserted into 

sediment for a period of several weeks, allowing the diffusion and equilibration of 

dissolved porewater species over time. It is then removed for sample collection. 

The advantages of peepers are that they offer better depth resolution, and lower 

potential for contamination or speciation changes (Teasdale et al., 1995). 

2.1.4 Determination of Trace Metals in Porewaters 

The application of trace metal analysis techniques to porewaters involves some 

additional challenges. Firstly, the sample size from peepers is typically small, 

having a total volume generally less than 10 mL (Carignan et al., 1985; Teasdale et 

al., 1995). This effects the method of analysis and preconcentration factor that can 

be be achieved. Sachsenberg et al. (1992) reports that trace metal concentrations 

in porewaters are generally higher than in seawater samples so that large 

enrichment factors aren't required. However, there is a distinct lack of data in the 

literature, using modern sample collection, handling, preservation and analysis 

techniques, to support this theory. The second challenge is that porewaters may 

contain high Fe, Mn and dissolved organic carbon concentrations which may 

interfere with the matrix separationlpreconcentration technique or method of 

analysis (Teasdale et al., 1995). 

Most researchers have employed direct methods for trace metal determination in 

porewaters: DPASV, GFAAS and ICP-MS (Carignan et al., 1985; Gaillard et al., 

1986; Gobeil et al., 1987; Widerlund, 1996). As with general seawater analysis, 

achieving low enough detection limits is likely to be the major limitation to the 

wider application of these direct techniques. 

Matrix separation and preconcentration techniques for marine porewaters are still 

being developed with subsequent little application in the literature. Westerlund et 
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at. (1986) have applied their standard DTC/Freon TF seawater solvent extraction 
technique to porewaters (Danielson et at., 1978, 1982). Sachsenberg et at. (1992) 
scaled down their DTC/DIBK seawater technique for application to porewaters, 
acknowledging that additional work with reagent ratios was required for further 
verification. Rivera-Duarte and Flegal (1996) similarly developed a scaled down 
DTC/CHC13  technique. Neither of these groups accounted for potential 
interferences from high Fe and Mn concentrations, which are present in anoxic 
porewaters. This interference is likely via direct competition with trace metals for 
DTC complexation and/or potential DTC complex precipitation and 
coprecipitation. 

Thompson and Paton (1991) recognised these potential interferences and modified 
the technique of Westerlund and co-workers (Danielson et at., 1978, 1982). They 
increased the DTC concentration by an order of magnitude to compensate for high 
Fe porewater concentrations encountered in estuarine sediments. A citrate buffer 
was used instead of acetate buffer, due to it's greater Fe complexing (masking) 
strength. Chloroform (10%), a more polar solvent, was also added to the Freon TF, 
to increase the solubility of iron dithiocarbamate, which was found to precipitate in 
absolute Freon TF. This technique, whilst requiring a 20 mL sample and multiple 
extractions, quantitatively determined Cd, Co, Cu, Pb and Zn by electrothermal 
atomic absorption spectroscopy. Another very important finding of this study was 
that organic complexes, as determined by a photo-oxidation experiment, did not 
interfere with the technique. This was attributed to the superior ligand strength of 
dithiocarbamates in comparison to naturally occurring organic ligands. 

This Chapter describes the experiments conducted to modify the developed 
DTC/DIBK seawater technique for application to the determination of trace metals 

in coastal porewaters. 

2.2. Experimental 

2.2.1 Sampling Apparatus 

2.2.1.1 Submersible Pump 

Two types of 12 V battery operated submersible in-line pumps were trialled for 
sample collection. The first was an Amazon LVM 105. This was found to 
contaminate samples, despite it supposedly being non-corrodable and suitable for 
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water sampling. This was due to corrosion of a steel cooling sheath inside the 
moulded acetal copolymer housing. The second pump trialled was a Niagara 
LVM 114, which is constructed of polystyrene and has no metallic parts beside the 
stainless steel shaft for the impeller. This form of pump has since been found to be 
acceptable for sampling at ambient water quality criteria concentrations (U.S. 
E.P.A., 1995). The pump gives a high throughput, delivering 11 Lmin- , which 
minimises sample residence time in the equipment and subsequent potential for 
contamination. The pump was mounted on the end of a weighted, 2 m length of 
PVC conduit, and fitted with Nalgene 290 PUR (polyurethane) ether-grade tubing, 
recommended for use with de-ionised or demineralised water systems. 

To initiate sampling, the pump was either projected upwind and up-current of the 
bow of the vessel for surface samples or lowered to the desired depth. The pump 
was thoroughly rinsed in-situ before sampling: activated for 5 mm prior to the first 

sample and 2 min prior to subsequent samples. 

The pump and tubing were rinsed with ultra-pure water after use. Particular 
attention was given to drying the stainless steel impeller shaft after use with a 
cotton bud. Several pumps that had been in use for up to 2 years were dissected to 
examine the steel shaft for corrosion and none was evident. The pump head and 
tubing were sealed in large polyethylene bags when not in use. 

A trial was conducted to test potential contamination from the pumping apparatus. 
An acid-washed 25 L and 5 L LDPE carboy were filled with ultra-pure water. 
Duplicate 500 mL samples were collected from the 5 L carboy to establish the 

baseline trace metal concentration. The pump was then activated and flushed with 
15 L from the 25 L carboy. The pump was then placed in the 5 L carboy and 

duplicate 500 mL samples collected through the pumping apparatus. The samples 
were acidified, extracted and analysed as described in the following sections. 

2.2.1.2 Sample Bottle Preparation 

Low density polypropylene bottles, noted for their low metal content (250 or 500 
mL; Nalgene), and reserved for regular seawater sampling, were prepared by 
soaking in detergent (1% Decon 90) for 24 hours, followed by 3 rinses in ultra-pure 
water and soaking in 10% HNO3  / ultra-pure water for at least 48 hours. The 

bottles were again rinsed 3 times in ultra-pure water and finally filled with ultra-
pure water and acidified to 0.02 M HNO3  (Ultrex) inside a Class-100 laminar flow 
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storage and transport to the field location. Once in the field, the acidified ultra-pure 
water was discarded immediately prior to sampling. Once the pump and tubing had 
been thoroughly rinsed, the sample bottle and inside of the cap were rinsed twice 
prior to sample retention (filtered samples were rinsed with filtered seawater). 

2.2.1.3 Field Filtration for Dissolved (<0.45 tm) Trace Metals 

AquaPrepTM Groundwater Sampling Capsules (Gelman) were used for in-line 
filtration. The capsules have a polyethersulfone membrane (0.45 tim) with an 

effective filtration area of 600 cm2. The capsules are designed to give minimal 
background in dissolved metal analysis of water samples. 

An initial trial was conducted to examine the volume of filtrate that needed to pass 
through the capsule to remove leachable background trace metals from the 
capsule and prevent sample contamination. This trial was conducted in the field, at 
Stokes Hill Wharf, Darwin Harbour. The pump was activated for several minutes 
to thoroughly rinse the apparatus with seawater. A series of six 500 mL acid-
washed LDPE sample bottles were lined up with their lids loosened. A new filter 
capsule was fitted to the tube outlet and 500 mL samples were collected after set 
measured volumes had passed through the filter: 0.0, 1.5, 3.0, 6.0, 13.0 and 23.0 L. 
The samples were acidified, extracted and analysed as described in the following 

sections. 

A second similar trial was conducted using an acid-washed filter capsule. The 
capsule was first acid-washed by filling it with 1 M HC1 (Aristar) using a 
polypropylene syringe and then sealed. After 7 days the capsule was connected to 
the outlet of the Permutit HI-PURE system and rinsed 3 times with ultra-pure 
water. It was then sealed in a polyethylene bag for transport to the field. In a repeat 
of the above trial, the acid-washed capsule was connected to the pump and 500 
mL samples retained after 0, 1.5, 3 and 4.5 L had passed through the filter. 

2.2.1.4 Laboratory Filtration for Dissolved (<0.45 pm) Trace Metals 

Several experiments required the filtration of samples in the laboratory. For large 
samples (> 50 mL) this was achieved using a transparent, polysulfone, reusable 
filter holder (Nalgene #300-4100). This consists of a graduated 500 mL upper 
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mm membrane support. The apparatus is designed for water filtration and contains 
extremely low levels of trace metals. Importantly, it comes with a lid on the upper 
chamber to limit sample exposure during filtration. A vacuum pump is connected 
to the receiver chamber to facilitate filtration. 

The apparatus was reserved for seawater filtration. The cleaning procedure 
consisted of 24 hour soak in 1% Decon 90, followed by 24 hours in 10% HNO3 

(AR), with 3 rinses in ultra-pure water after each treatment. The apparatus was 
then assembled and filled with 2% HNO3 (Ultrex) for 2 weeks, before being 

thoroughly rinsed with ultra-pure water. The apparatus was reassembled, lid closed 
and all ports sealed, and the outer surface allowed to air-dry in a Class-100 laminar 
flow cabinet. The apparatus was then sealed inside a polyethylene bag and stored 
in a clean cabinet until required. 

Filtration was undertaken inside a Class-100 laminar flow cabinet. A Supor 450 
(Gelman) 47 mm polyethersulfone filter paper was fitted to the apparatus using 
plastic forceps. The assembled apparatus was sequentially rinsed with 100 mL of 
1 M HC1 (Aristar), 100 mL of ultra-pure water and 2 x 100 mL of sample. The 
filtrate was discarded after each rinse. The sample was then filtered. At least 50 
ml. was used to rinse the receiving sample bottle prior sample retention. After 
filter paper removal the inside of the apparatus was rinsed 3 times with ultra-pure 

water between samples. 

For small samples (<50 mL) an acid-washed polypropylene syringe (50 mL) and 

a re-useable polypropylene syringe filter capsule (Swinnex) was used for sample 
filtration. Immediately before use, the syringe and empty filter capsule were rinsed 
3 times with 5% HNO3 (AR), followed by 3 times with ultra-pure water. A Supor 

250 (Gelman) 25 mm polyethersulfone filter membrane was loaded into the 
capsule and the assembled apparatus rinsed with 20 mL of 1 M HCl (Aristar), 
followed by 2 x 20 mL of ultra-pure water. This technique was used for sampling 
in the ore concentrate experiments as described in Chapters 4 and 5. 

2.2.1.5 Field Filtration for Particulate Trace Metals 

A 47 mm in-line polycarbonate filter holder (Gelman #1119) was used to retain 
particulates for trace metal analysis. The cleaning procedure consisted of 24 hour 
soak in 1% Decon 90, followed by 24 hours in 0.5 M HCl (AR), with 3 rinses in 
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ultra-pure water after each treatment. The filter holders were then dried inside a 
polyethylene container inside a clean oven. In a Class-lOU laminar flow cabinet, 47 
mm GN-6 Metricel mixed celulose ester membrane filters (Millipore) were loaded 
into each holder using plastic forceps. An acid-washed 50 mL polypropylene 
syringe, which fits into the barbed tube inlet connector of the holder, was then used 
to flush the loaded filter with 2 x 30 mL of 0.5 M HCl (Aristar). The holder was 
then connected to the outlet of a Permutit HI-PURE system and thoroughly rinsed 
with ultra-pure water. The holder was then returned to the laminar flow cabinet and 
excess water removed by pushing air through it using an acid-washed syringe. The 
tubing connector was then unscrewed and the holder sealed in a polyethylene bag 
and stored in a polyethylene container, ready for field deployment. 

To enable the filter holders to be attached to the submersible pump, a tubing 
adaptor was prepared. This consisted of a 200 mm length of Nalgene 290 PUR 
(polyurethane) ether-grade tubing with a filter holder connector at one end and a 
teflon stopcock at the other end. This was attached to the outlet of the submersible 
pump PUR tubing via the stopcock barbed connector. 

For sample collection, the submersible pump with tubing adaptor attached, was 
activated for several minutes to flush the apparatus. The teflon stopcock was then 
briefly closed whilst the prepared filter holder was screwed into place. The holder 
was then placed over a measuring cylinder and the stopcock opened. Once 
sufficient sample, generally greater than 500 mL, had passed through the filter, the 
stopcock was closed, pump switched off, and the holder removed. The holder was 
inverted to drain excess seawater, sealed in a polyethylene bag and stored in a 
polyethylene container on ice. The volume of filtrate was recorded. On return to a 
clean work space, generally within several hours of sampling, the holders were 
briefly removed from their bags and flushed with air using an acid-washed syringe. 
This expunged seawater entrained in the particulate laden filter and minimised salt 

carry over in the digestion/analysis procedure. 

It should be noted that several other filters, including a polyethersulfone Supor 450 
membrane, were trialled with this technique, but lower air and water permeability 

characteristics created flow problems. 

sntrs i fflUN1 urnvtiu u* 
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2.2.1.6 Field Vs Laboratory Filtration Experiment - Potential for Speciation 
Changes 

A field experiment was conducted to assess potential speciation changes between 

dissolved (<0.45 tm) and particulate fractions in near-surface samples prior to 

filtration. The trial was conducted at Stokes Hill Wharf, Darwin Harbour. The 

salinity was 28 %o, pH 7.70 and suspended solids 30±2 ppm. 

A series of 5 x 2 (replicate) 500 mL acid-washed LDPE sample bottles were lined 

up with their lids loosened. The submersible pump was set at a depth of 30 cm to 

take near-surface samples. An acid-washed filter capsule was attached, and after 

allowing at least 1 L of discarded filtrate to pass, 2 x 500 mL filtered samples were 

obtained. These were denoted as the zero time, instantaneously filtered, samples. 

The filter capsule was then removed and the remaining 8 sample bottles were 

filled with unfiltered seawater. The procedures followed were as specified 

previously in sections 2.1.1 and 2.1.3. All bottles were immediately placed on ice 

and returned to a laboratory fridge where they were stored at 4 °C. 

The dissolved samples were acidified to 0.02 M HNO3 (Ultrex). The laboratory 

filtration equipment was assembled and following the procedure specified in 2.1.4, 

random replicate unfiltered samples were filtered at set times after the initial 

sampling: 1, 4, 24 and 168 hrs. The filtered samples were acidified and returned to 

the fridge. The samples were acidified, extracted and analysed by GFAAS as 

described in the following sections. 

2.2.2 Chemicals for DTC Solvent Extraction Procedures 

Ultra-pure water was obtained from a Permutit HI-PURE system fed with reverse 

osmosis water and was used for the blank and to make up all solutions. The solvent 

phase was LR di-isobutyl ketone (DIBK: 95 %, 2,4-dimethyl-heptan-6-one) and 

was dispensed from a Fortuna 10 Optifix solvent dispenser. The DTC complexing 

agent was 0.5% each AR sodium diethyl-dithiocarbamate and AR ammonium 

pyrrolidine dithiocarbamate. The complexing agent was made up in a 10 mL 

volumetric flask with pH 2.5 (HNO3) ultra-pure water immediately prior to use. 

The solution was cleaned once by adding 1 mL of DIBK, shaking for 1 mm, then 

discarding the upper DIBK phase. Stock oxine solution (2%) was prepared by 

dissolving 5 g of oxine (AR, 99.5%) in 500 mL of 0.5% HC1 (v/v) and purified with 

DIBK (2x5 mL). Stock ammonium acetate buffer (3 M ammonia / 2 M acetic 
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acid) was prepared from 25% ammonia solution (Suprapur) and acetic acid 

(Aristar). Stock 1000 ppm Hg back extracting solution was prepared from AR 

grade Hg(NO3)2  in 0.02 M HNO3  (Suprapur or Ultrex) and diluted to 100 ppm with 

0.02 M HNO3 as required. In addition, when ICP-MS analysis was being used 

instead of GFAAS analysis, the 100 ppm Hg back-extracting solution was spiked 

(10 ppb) with Ga, In and Th (APS solutions) to act as internal standards. 

Filtered (<0.45 pm) seawater obtained from Stokes Hill Wharf, Darwin Harbour, 

was used for all experimental trials. It was collected in acid-washed (10% HNO3) 

20 L polyethylene carboys and acidified to 0.02 M HNO3  (Ultrex). The seawater 

had a salinity of 35.0%c and pH of 8.2. CASS-3 Nearshore Seawater and NASS-4 

Open Ocean Seawater Standard Reference Materials were obtained from the 

National Research Council of Canada (Ottawa) to validate methods. 

In addition, the procedure was also validated by participation in the QUASIMEME 

II International Laboratory Performance Studies, Round 7, Exercise 290 AQ-3, 

October 1996 - February 1997. This quality control exercise required five replicate 

determinations of trace metals in two coastal filtered seawater samples (8 and 25 

%o) collected by the National Environmental Research Institute of Denmark. 

2.2.3 Recommended Seawater Solvent Extraction and Preconcentration 

Procedure 

The extraction procedure was performed in a Class-100 laminar flow cabinet. To 

limit exposure and potential contamination, caps were only removed from 

separating funnels / centrifuge tubes for the introduction or removal of sample / 

reagents. All labware was acid-washed in the mariner described for the sampling 

bottles. In addition, all acid-washed polyethylene pipette tips were again doubly 

rinsed in a nitric acid bath (5%) and an ultra-pure water bath inside the laminar 

flow cabinet immediately prior to use. These baths and glassware used for 

dispensing sample / reagents were kept under plastic wrap (Gladwrap) whilst not in 

use. 

Acidified seawater (80 mL) was placed in a screw cap polypropylene separating 

funnel (Nalgene 125 mL) using a 100 mL measuring cylinder. The separating 

funnel was mounted in a Lab-Line Multi-Wrist Shaker. The pH was adjusted to 

about 4.5 with buffer (- 0.73 mL), as determined on a separate representative 

sample that was not extracted. Finally, 100 pL of 0.5% each APDC/NaDDC 
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complexing agent and 5 mL of DIBK were added. The samples were shaken at 

1000 r.p.m with a 1 cm amplitude for 10 rmin and allowed to stand for 5 min for 

phase separation. The lower seawater phase was drained and retained for Mn 

analysis (if required). Using an adjustable pipette (Gilson 5 mL), fitted with a long 

tip, 4.5 mL of the DIBK phase was withdrawn and placed in a 10 mL screw-cap 

polypropylene, tapered, centrifuge tube. One mL of Hg solution (100 ppm) was 

added and the tube was shaken by hand for 2 min for back-extraction. 

After phase separation, for analysis by GFAAS, 3 mL of the upper DIBK was 

removed by adjustable pipette, and about 0.9 mL of the lower aqueous phase was 

transferred to an autosampler cup for GFAAS analysis. For analysis by ICP-MS, 

the upper DIBK phase was fully removed from the centrifuge tube using an 

adjustable pipette fitted with a polypropylene tube extension on the pipette tip. The 

centrifuge tube was recapped and refrigerated at 4 °C prior to analysis. These 

refrigerated solutions were found to be stable for at least 3 days. 

A preconcentration factor of 72 was obtained by this method. Blanks were 

determined by extraction of 80 mL of acidified ultra-pure water. 

To determine Mn, 50 mL of the retained seawater (or a new aliquot) was returned 

to the separating funnel and the pH was adjusted to approximately 9.2 with 

ammonia solution (25%). Finally, 250 RL of 2% oxine solution and 5 mL of DIBK 

were added. The samples were shaken for 10 min and following phase separation, 

4 mL of the DIBK was withdrawn and back-extracted as per the other trace 

metals. Analysis was by GFAAS. 

2.2.3.1 Optimisation of Seawater Extraction Procedure 

To optimise the extraction procedure, eight replicate acidified seawater or ultra-

pure water samples were extracted. Four of these were spiked: Cd 0.1 ig L 1; Co, 

Ni and Pb 0.5 .ig U1; Cu, Fe and Mn 1-2 ig  L 1  and Zn 1-4 ig U1. Analysis was 

by GFAAS and extraction efficiencies were calculated on the basis of spike 

recoveries. 

To examine if the relatively high concentration of Hg significantly suppressed the 

ionisation of the lighter elements with ICP-MS analysis, a series of solutions were 

prepared containing Hg concentrations from 0 to 200 ppm and equivalent 

concentrations of trace metals (32 ppb Zn, Fe and Cu; 16 ppb Pb, Ni and Co; 10 
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ppb Ga, Tb and In; and 3.2 ppb Cd). The respective ICP-MS count rates were then 
recorded for the trace metals at each different Hg concentration. 

2.2.3.2 Instrument Parameters GFAAS 

The GFAAS was a Varian SpectrAA40 equipped with a graphite tube atomiser 
GTA-95 and autosampler. Pyrolytic coated platform graphite tubes and deuterium 
background correction were used. Aminonium dihydrogen phosphate (0.5%) 

purified by DTC/DIBK extraction was used for matrix modification. The sample 
injection volume was 10 j.tL with 2 iL of modifier. Standard addition calibration 
was necessary for Cd and Pb determination. Standards for all other elements were 
matrix matched with the back-extracting solution. The general operating 
parameters were as specified by Varian and the furnace parameters are listed in 

Table 2.1. 



Table 2. 1. Furnace narameters for GFAAS analysis. 
Element Cd Co/Ni Cu Fe Mn Pb Zn 

Temperature / Ramp time (°C/s) 

Drying and 75/5 75/5 75/5 75/5 75/5 75/5 75/5 
Ashing 180/25 350/25 350/25 350/25 350/25 350/25 350/25 

600/20 1000/15 1000/15 500/20 800/20 800/15 500/15 

Atomisation 2400/1 2500/1 1000/1 2500/1 2500/1 2400/1 2000/1 
(gas stop) 2400/2 2500/3.5 2500/1 2500/4 2500/2 2400/2 2000/2 

2500/3.5 
Tube clean 2400/3 2500/3 2500/3 2500/3 2500/3 2400/3 2400/3 
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2.2.3.3 Instrument Parameters ICP-MS 

The ICP-MS was a Elan 6000 ICP-MS with an AS90 autosampler (Perkin Elmer) 
fitted with an MCN-100 Micro Concentric Nebuliser (CETAC). The AS90 
autosampler was enclosed inside a purpose built, sealed acrylic housing, and the 
sample uptake tubing was replaced with the MCN- 100 capillary tubing. The 
instrument was operated in accordance with the manufacturers specifications and 
the operating conditions are listed in Table 2.2. The Nebuliser gas flow and ion 
lens voltage were optimised for maximum sensitivity prior to analysis. 

Table 2.2. Instrument conditions for Elan 6000 ICP-MS with an MCN-100 
Microconcentric Nebuliser. 
Power 1000W 

Argon plasma gas flow 17 L/min 

Argon auxiliary gas flow 1.2 L/min 

Argon nebuliser gas flow 1.0 L/min 

Sample rinse 20 s at 48 rpm 

Sample uptake 20 s at 48 rpm 
60 s at 24 rpm 

Scan mode peak hopping 

Sweeps/reading 15 

Replicates 3 

Dwell time 100 ms 

Integration time 1500 ms 

Analysis time/sample 65 s 

Total volume used/sample 300 tL 

The analyte masses and elemental corrections are shown in Table 2.3. The 111Cd 

analyte mass includes a correction for a possible MoO interference as 
recommended by the U.S. E.P.A.(1995). External standards (1, 10 and 100 ppb) 
were made up using the stock Hg solution (APS solutions, Alpha Resources). The 
internal standards in the Hg back-extraction solution were used to correct for 
ionisation suppression and instrument drift; In was used for Cd, Tb was used for 

Pb, and Ga was used for the remaining elements. 
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Table 2.3. Recommended elemental equations. 
Element Elemental Equation 

Fe 57M 
Co 59M 
Ni 60M 
Cu 63M 
Zn (M)-(0.0353 13)(60M) 
Ga 69M 
Cd ( 111M)(1073)(('08M) 

(0.712)( 106M)) 
In (115M)(0016)(' 18M) 
Tb 159M 
Pb (206M)+(207M)+(208M) 

2.2.4 Solvent Extraction Procedure for Ore Concentrate Trials (High Metal 

Concentrations) 

Three changes were made to the DTC Solvent Extraction Procedure (2.2.3) to 

account for the highly elevated heavy metal concentrations in the ore concentrate 

dissolution trials (Chapters 4 and 5): 

Sample volumes were reduced from 80 to between 20 and 40 mL. Samples 

were diluted where necessary (refer to discussion). 

The amount of complexing agent (0.5% each APDC/NaDDC) was increased 

from 100 pL to 250 iL. 

The Hg back-extraction was replaced with an acid back-extraction. This 

entailed the addition of 100 pL of conc. HNO3 (Ultrex or Suprapur), shaking the 

back-extraction mixture for 2 minutes. The aqueous phase was made up to 5 mL 

with ultra-pure water, shaken briefly and left to stand for 30 minutes. The DIBK 

phase was then removed. 

A separate set of polypropylene separating funnels were reserved for ore 

concentrate dissolution experiments to avoid any memory effect of highly 

contaminated samples on ambient samples. Due to higher concentrations, the 

analysis of Zn and Pb was generally by ICP-AES (Perkin Elmer Plasma 400), 

whilst Cd, Cu and Fe were determined by ICP-AES or GFAAS (for low 

concentrations). 



2.2.5 Solvent Extraction Procedure for Porewaters 

The following changes were made to DTC Solvent Extraction Procedure (2.2.3) to 

determine trace metal concentrations in marine porewaters: 

The sample volume was 10 mL. 

The amount of complexing agent (0.5% each APDC/NaDDC) was increased 

from 100 RL to 250 jiL. 

The Hg back-extraction was replaced with an acid back-extraction. This 

entailed the addition of 50 pL of conc. HNO3 (Ultrex or Suprapur) and shaking the 

back-extraction mixture for 5 minutes. The aqueous phase was made up to 2 mL 

with ultra-pure water, shaken briefly and left to stand for at least 30 minutes. 

Where ICP-MS analysis was employed the acid back-extract was made up to 2 

mL with 1950 IlL  of 0.02 M HNO3 containing the internal standards (10 ppb Ga, 

In, Tb). The DIBK phase was then removed. 

A separate set of polypropylene separating funnels were reserved for the 

porewater method optimisation trials to avoid any memory effect of high Mn and 

Fe spikes on ambient samples. Due to higher concentrations, the analysis of Fe 

was generally by ICP-AES (Perkin Elmer Plasma 400) on a diluted sample. 

Analysis of the other metals was by GFAAS or ICP-MS, but Zn required a spike 

correction when GFAAS was employed. 

Manganese was not recovered by the porewater method and was determined 

directly by GFAAS using the modified procedure of Lan and Alfassi (1994). This 

allows for Mn determination at elevated concentrations (>0.5 ppb). The acidified 

seawater sample was diluted 1:1 with 0.02 M HNO3 (Suprapur) in a GFAAS 

autosampler vial. The analysis was preformed with a Varian SpectrAA40 

equipped with a graphite tube atomiser GTA-95 and autosampler. Pyrolytic coated 

platform graphite tubes and deuterium background correction were used. The lamp 

current was 4 mA and wavelength 279.5 nm. The matrix modifier was 5% w/v 

NaOH (AR), which converts Mn to stable Mn02 and allows for the removal of the 

major elements in seawater in the ashing step (Lan and Alfassi; 1994). Modifier (3 

IlL) was pre-injected before 7 IlL  of sample and standard additions calibration was 

used in the peak height mode. The furnace program is shown in Table 2.4. This 

program is substantially shorter (5 mm) than that of Lan and Alfassi (1994) who 
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used an 80 j.tL sample injection volume to achieve lower detection limits (0.05 
ppb). 

Table 2.4. Furnace program for the determination of Mn directly in seawater. 
Temperature / ramp time (°C)/(s) Nitrogen gas flow (L/min) 

Drying and ashing 220/20 0.3 
220/40 0.3 
600/20 0.3 
1400/10 0.3 
1400/20 3.0 
100/6.5 0.3 

Atomisation 2200/1.1 0 
2200/4 0 

Tube clean 2600/4 3 

2.2.5.1 Porewater Method Optimisation 

To optimise the porewater extraction procedure, eight replicate acidified seawater 

or ultra-pure water samples were extracted. Four of these were spiked: Cd 0.1 ppb; 

Pb 0.5 ppb; Cu and Zn 1 ppb; and Fe and Mn 3000 ppb. Analysis was by GFAAS 

and extraction efficiencies were calculated on the basis of spike recoveries. 

2.3. Results and Discussion 

2.3.1 Sampling Methodology 

Table 2.5 presents the results from the experiment to assess potential sample 

contamination from the submersible pump sampling apparatus. The presence of 

measurable concentrations of several trace metals in the input ultra-pure water 

should not be misconstrued: firstly, a large volume of ultra-pure water has 

produced for this trial with a subsequent limited residence time in the Permutit HI-

PURE system, and secondly, the data was not corrected for an extraction blank. 

The critical comparison is between the relative magnitude of the input and output 

concentrations. It was not expected that there would be no detectable 

contamination as only limited rinsing and dilution of pump borne contaminants was 

possible in this laboratory simulation. The results confirm this, exhibiting minor Fe 

contamination (43±14 ppt) and at least very minor Cd (1.6±0.7 ppt) and Cu (>4±3 

ppt) contamination. However, these differences are essentially negligible when 

considered in the larger context. In a field situation, the dilution of contaminants 

borne on the pump is much greater in an open system with active mixing 



(currents). In addition, the pump is rinsed with at least double the amount of 
seawater in the field: the laboratory experiment being constricted by carboy 
volumes. 

Table 2.5. Trace metal concentrations (ppt) of ultra-pure water before and after 
conveyance through the submersible pump sampling apparatus (n=2). 
(Concentrations have not been blank corrected for the extraction procedure). 

Ultra-pure Water Cd Cu Fe Pb Zn Ni Co 

Input 6.2±0.1 <6 32±4 <8 88±12 <18 <15 

Output 7.8±0.6 10±3 75±10 <8 89±10 <18 <15 

All precisions expressed as the standard devaition of the replicates. 

Two additional experiments were conducted to assess potential sample 
contamination from the AquaPrepTM  filter capsule. The results are presented in 

Table 2.6. 

Table 2.6. Trace metal concentration (ppt) of seawater passing through an un-
washed and acid-washed AguaPrepTM Groundwater Sampling Capsule. 

Filtrate Volume (L) Cd Cu Fe Pb Zn 

Un-washed Filtera 
0.0-0.5 23 378 401 80 712 

1.5-2.0 21 292 318 72 586 

3.0-3.5 21 307 346 67 584 

6.0 - 6.5 21 299 305 67 576 

13.0 - 13.5 21 296 276 64 609 

23.0-23.5 22 305 263 58 873 

Acid-washed Filtera 
0.0-0.5 19 231 372 222 393 

1.5-2.0 20 228 383 245 406 

3.0-3.5 20 235 412 219 421 

4.5-5.0 19 217 375 210 370 
a Whilst the un-washed and acid-washed filter trials were conducted at the same location, they 
were conducted 6 months apart and concentrations between trials are not directly comparable. 

Table 2.6 shows that an AquaPrepTM filter capsule, without prior acid-washing or 

adequate rinsing prior to sampling, would significantly contaminate seawater 
samples at ambient trace metal concentrations. The principal contaminants being 
Cu, Fe and Zn, which are elevated in the first 500 mL of filtrate to pass through the 
un-washed capsule. However, discarding the first 1.5 L of filtrate or acid-washing 



61 

the filter capsule prior to sampling, effectively removed the leachable 

contaminants and produced background concentrations. It should be noted that the 

seawater was sampled under actual field conditions and that concentration 

changes may be due to natural fluctuation over the sampling period. The un-

washed and acid-washed filter capsule trials were conducted 6 months apart and 

the difference in background metal concentrations between trials, particularly for 

Pb, is likely to be due to the periodic use of this wharf for Pb/Zn ore concentrate 

shipping. It was concluded that to ensure sample integrity from contamination, 

filter capsules should be acid-washed and at least the first litre of filtrate discarded 

prior to sampling. 

The final experiment on the sampling methodology examined potential speciation 

changes between dissolved (<0.45 tm) and particulate fractions in near-surface 

samples prior to filtration. Near-surface (30 cm depth) samples were chosen since 

photo-reductive pathways have been found to be a controlling factor for at least Mn 

speciation in surface waters (Sunda and Huntsman, 1994; Spokes and Liss, 1995). 

These researchers demonstrated that light and dissolved organic matter photo-

reduced Mn(IV) oxides to produce dissolved Mn (II) species. The theory behind 

this sampling study was that upon sampling, the photo-reductive pathway ceased 

and resultant dissolved species were then subject to scavenging/precipitation 

reactions. Hence, if near-surface seawater samples werent filtered immediately, 

speciation changes between the labile dissolved and particulate fractions could 

occur. The results of the filtration time series experiment are shown in Figures 2.1 

to 2.3. 

' 3500 
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L) 1500 

-.0.---- Mn 
Zn 

500 
0 24 48 72 96 120 144 168 

Time (hours) 
Figure 2.1. The effect of sample storage and filtration time on dissolved (<0.45 
tim) Mn and Zn in a near-surface sample of Darwin Harbour seawater (n=2). 
(salinity 28 %o. pH 7.7). 
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Figure 2.2. The effect of sample storage and filtration time on dissolved (<0.45 
p.m) Cu, Fe and Ni in a near-surface sample of Darwin Harbour seawater (n=2). 
(salinity 28 %, pH 7.7). 
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Figure 2.3. The effect of sample storage and filtration time on dissolved (<0.45 
.1.m) Pb, Co and Cd in a near-surface sample of Darwin Harbour seawater (n=2). 
(salinity 28 %, pH 7.7). 

Figures 2.1 - 2.3 confirm that speciation changes between dissolved and particulate 

metal fractions can occur in near-surface seawater samples when they are not 

filtered immediately. The effect is most dramatic for Pb with its dissolved 

concentration (<0.45 jim) falling by around 30 % within 1 hour of storage at 4 °C 

prior to filtration. Similarly, Mn falls by around 8.5% in this period. The other trace 

metals do not show detectable changes in this period, but Fe and Cu show gradual 

declining concentrations over the experiment's duration, being approximately 6 and 
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13% lower after 168 hours, respectively. In this same period dissolved Mn and Pb 

fall by around 23 and 52%, respectively. 

The rapid decrease in the dissolved Pb concentration is a particularly important 

finding. This could not be due to an artifact of sample contamination: replicate 

samples were used and the prescribed method regularly gives undetectable 

dissolved Pb concentrations (< 10 ppt) for seawater samples from a pristine 

location (refer to Chapter 3). 

The behaviour of Pb in this experiment is likely to be linked to that of Mn. 

Laboratory trials have demonstrated that the dissolution rates of natural Mn oxides 

in seawater are 6-70 times faster under light due to a photo-reductive pathway 

(Sunda and Huntsman, 1994). This dissolution mechanism and subsequent 

generation of Mn2  would cease upon sampling (absence of light). Dissolved Mn 

is then subject to re-oxidation and dissolved concentrations would decrease over 

time as seen in Figure 2. 1. Coastal studies have shown that Pb has a high particle 

reactivity and is strongly enriched in the particulate phase in comparison to other 

trace metals (Valenta et al., 1986; Balls, 1988). Pb has a strong affinity for Mn(IV) 

oxides (Auliitia and Pickering, 1987) and adsorbed Pb may simultaneously be 

mobilized by the photo-reduction of this phase. The rapid re-adsorption of Pb, 

evident by the 30% decrease in dissolved Pb concentrations within 1 hour of 

sampling (Figure 2.3), is consistent with the very high affinity of Pb2  for 

particulate surfaces (Balistrieri and Murray, 1984). This rapid decline in dissolved 

Pb provides strong evidence for photochemically induced mobilization, since 

concentrations drop rapidly once the sample is removed from light. In the sediment 

beaker mobilization trials (Chapter 5, section 5.3.4.1) additional evidence for the 

Mn/Pb relationship was observed where both Mn2  and Pb2  appeared to mobilize 

from sediment through the reduction of Mn02 via organic matter metabolism. 

Over the longer-term, the coagulation of colloidal particles and retention on the 

0.45 tm filter membrane may account for the gradual decline in Cu and Fe 

concentrations (Figure 2.2). However, this mechanism alone could not account for 

the rapid decline in Pb concentrations. There was no evidence for a photo-

reduction mechanism for Fe(III) oxides (rapid decline in dissolved Fe 

concentrations in the absence of light). This is consistent with the laboratory 

findings of Spokes and Liss (1995), though additional research is required in this 

area. 



It has been recognized that samples should be filtered as soon as possible after 
collection (Batley and Gardener, 1978; Mart, 1979a). The generally assumed 
safety margin was to filter within 5 hours (Mart, 1979a). This does not apply to 
near surface samples because of the recently determined importance of 
photochemical reactions as illustrated by this experiment, particularly for Pb and 
Mn. Similar arguments could be made for near-bottom samples due to the flux of 
dissolved metals across the sediment water interface. It is evident that where these 
factors may influence heavy metal cycling, in-line filtration should be employed. 

2.3.2. Solvent Extraction Method Optimisation 

In order to attain quantitative recoveries of Co, Fe and Zn with a DTC/DIBK 
solvent extraction technique it was essential that the recoveries of the method 

proposed by Sachsenberg et al. (1992) be improved. Firstly, the solvent:sample 
ratio was increased from 1:100 to 1:16, and hand shaken volumetric flasks were 
replaced with a mechanical wrist shaker and polypropylene separating funnels. 
The optimum conditions for this system were investigated, including reagent type, 

quantity, extraction pH and shaking times. 

2.3.2.1 The Effect of pH and Oxine on Extraction Efficiency 

The pH dependence of DTC extraction into DIBK has not been examined, and as 
extraction is solvent dependent (Magnusson and Westerlund, 1981), the extraction 
efficiency was examined over the critical pH range (Table 2.7). 



Table 2.7. Extraction efficiency (%) as a function of pH (n=4 for each run). 
Run 1 2 3 4 5 

Extracting Agent 1 % ApDCa 0.5% 0.5% 0.5% 0.5% 

APDC/NaDDC APDC/NaDDC APDC/NaDDC APDC/NaDDC, 
2% Oxine 

Hg (ppm) 500 100 100 100 100 

Extraction pH 3.7 4.5 5.6 45186b 45 / 9C 

Cd 99±4 101±4 101±4 104±2 97±5 

Co 101±4 97±7 98±4 101±3 99±2 

Cu 105±2 101±4 99±4 100±7 91±2 

Fe 91±5 104±2 79±4 65±5 93±3 

Mn <5 <5 <5 <5 94±1 

Ni 96±12 102±8 91±7 87±9 90±3 

Pb 92±2 94±4 96±3 98±6 96±2 

Zn 76±5 100±6 97±5 104±2 12±4 

a Mixed APDC/NaDDC could not be used at pH 3.7, owing to the instability 
of NaDDC at low pH and 1% APDC was used. 
b The DTC was added at pH 4.5 and mixed for 15 s. prior to pH adjustment 
and extraction at pH 8.6 
c A sequential extraction was carried out: extraction with DTC for 10 mm. 
at pH 4.5, followed by the addition of oxine and a further 10 mm. 
extraction at pH 9.2. 
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The recovery of Cd, Co, Cu and Pb were quantitative over the entire pH range 

examined. Manganese was only recovered in the presence of oxine (run 5), but the 

addition of oxine interfered with Zn recovery, and only Mn and Zn could not be 

extracted simultaneously in a mixed oxine/NaDDC/APDC extraction system. Iron 

recovery diminished with increasing pH due to the formation of Fe hydroxy 

complexes (Danielsson et al., 1978; 1982). The quantitative recovery of Fe at pH 

9.2 (Table 2.7, run 5) was due to complexation with oxine rather than DTC. 

Experiments at this pH using oxine as the sole complexing agent (no DTC) 

produced good recoveries of Mn (105±10%), Fe (98±2%) and Cu (85±7%), but 

poor recoveries (<20%) of Cd, Co, Ni, Pb and Zn. At low pH (<4), Zn recoveries 

decreased due to the acid decomposition of DTC and competitive extraction of 

protonated DTC (Danielsson et at., 1978). 

An extraction pH of 4.5 was chosen as the extractability of Fe with DTC was 

quantitative and optimal at this pH. Sachsenberg et at. (1992) used an extraction 

pH of 4, but this would be too low for the quantitative extraction of Zn. Attempts to 

reduce the extraction time showed that a 5 min extraction was sufficient for the 

qualitative extraction of all metals except Fe, which required a 10 min extraction. 

2.3.2.2 The Effect of HCI and HNO3  Sample Acidification and APDC and 

NaDDC/APDC on Extraction Efficiency 

Sachsenberg et at. (1992) achieved good recoveries of Cd, Cu, Ni and Pb from 

spiked seawater using APDC alone, with mixed NaDDC/APDC only having a 

slightly better within-the-batch standard deviation. However, an initial trial 

conducted here using APDC as the sole complexing agent with CASS-2 Standard 

Reference Sea Water, gave Fe concentrations sliht1y above the certified levels, 

which was attributed to insufficient extraction of Fe in the blank. To investigate 

this, spike extraction efficiencies were examined using APDC and mixed 

NaDDC/APDC complexing agent for ultra-pure water acidified (0.02 M) with 

either HCl or HNO3  (Table 2.8). This trial showed that mixed NaDDC/APDC 

complexing agent was essential for quantitative recoveries of all trace metals (run 

3 and 4). Using APDC alone, both Fe and Zn were not quantitatively recovered 

(run 1 and 2), Zn having a lower extraction constant with APDC in comparison to 

NaDDC (Shen et at., 1980). 
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Table 2.8. Acidified high purity water (0.02 M HNO3 or HC1) extraction 
efficiency (%) at pH 4.5 with 1% APDC and 0.5% each APDCINaDDC 
(n=4 for each run). 

Run 1 2 3 4 
Dithiocarbamate 1% APDC 0.5% each APDCINaDDC 

Acidification HNO3 HC1 HNO3 HCl 
Cd 96±2 101±3 99±3 96±1 
Co 98±2 101±2 99±1 101±1 

Cu 100±2 100±2 101±4 101±1 
Fe 95±2 66±5 101±2 100±6 

Ni 100±2 107±1 104±4 98±6 

Pb 93±2 93±5 96±2 97±2 

Zn 83±1 96±4 99±3 98±3 

Whilst sample acidification did not affect recoveries with the mixed complexing 

agent, low Fe recoveries were obtained with APDC for HC1 acidified samples (run 

2) compared to HNO3  acidified samples (run 1) This may be due to the 

participation of carbon disulfide, an acid decomposition breakdown product of 

DTC (Hulanicki, 1967), in the formation of mixed Fe complexes, such as 

Fe(DTC)2  (CS2). The decomposition reaction of DTC with HC1 is slow in 

comparison to HNO3  (Bode and Neumann, 1959; Magnusson and Westerlund, 

1981). Steric factors favour the formation of mixed complexes for Fe, which unlike 

the other trace metals examined in this study, forms a tris complex. Using the 

mixed complexing agent, sample acidification was probably not important due to 

the relative instability of NaDDC with respect to acid decomposition (Cheng et al., 

1982 and refs. therein) and subsequent mixed complex formation. 

2.3.2.3 Factors Affecting Hg Back-extraction 

During the development of the metal exchange back-extraction system, several 

factors affected the efficiency of the system. At low pH, extraction of protonated 

DTC reduced the Hg available for metal exchange, lowering the back-extraction 

efficiency. At pH 3.7 it was necessary to increase the Hg concentration from 100 

to 500 ppm to overcome this (Table 2.7). Carry-over seawater also affected Hg 

availability for metal exchange, due to the formation of stable mercury(II) chloride 

species, such as HgCl42  (Lo et al., 1982). In this regard, care was necessary to 

avoid seawater droplets in the transferral of DIBK for back-extractions. Di-isobutyl 

ketone meets an important criteria for Hg back-extraction: it has a low water 
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miscibility (0.06 ± 0.02 mL / 100 mL - Bone and Hibbert, 1979). Seawater carry-

over also caused a matrix interference in GFAAS determinations for Pb and Cd, 

which required standard additions calibration. Danielsson et at. (1978) reported a 
similar salt interference using freon TF as the solvent. 

During trials with low Hg concentrations, incomplete back-extraction primarily 

affected Co recovery, as Co is primarily extracted as Co(DTC)2  and undergoes a 
slow transformation to kinetically stable Co(DTC)3  (Stary and Kratzer, 1968). In 

some instances where there was no Co recovery, Cu recovery was also reduced: 

Cu having the highest extraction constant out of the metals examined in this study 

after Hg (Cheng et al., 1982 and refs. therein). 

Another crucial factor that was noted whilst trying to improve extraction 

efficiencies was that increasing NaDDC and Hg concentrations affected solution 

stability. Excessive carry-over of DTC into back-extractions resulted in Hg(DTC)2  

exceeding the solubility limit. Some GFAAS samples also became unstable, 

slowly turning yellow as a precipitate containing elemental sulfur formed (EDAX 

analysis). This resulted in GFAAS pipetting problems. The precipitate was 

essentially a function of redox reactions involving CS2  formed from the acid 

decomposition of NaDDC, which is more unstable than APDC (Cheng et at., 1982 

and refs. therein). Initial trials used Pd for back-extractions, as used by 

Sachsenberg et at. (1992), but Pd was found to promote the redox reaction and 

precipitation in comparison to Hg. 

With the recommended procedure, back-extraction solutions have been stored 

prior to analysis in the centrifuge tubes at 4°C for 24 hrs without precipitation 

problems or loss of trace metals. Graphite furnace samples are stable with respect 

to solution discolouration for at least 7 days, but should be analysed as soon as 

practical. 

2.3.3. Recommended Solvent Extraction Procedure 

The procedure described here requires a single 10 min extraction and 2 min back 

extraction to quantitatively preconcentrate 7 elements. This compares favourably 

with existing dual extraction procedures (Magnusson and Westerlund, 1981; 

Danielsson et al., 1982; Statham, 1985) and with the single 20 min chloroform 

extraction method of Lo et at. (1982). Single extraction procedures have 

advantages over dual extraction procedures in terms of contamination potential due 
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to fewer sample manipulations. Another advantage of this technique is that 
extraction is quantitative. 

The DTC procedure developed here could not extract Mn, but a method, replacing 
DTC with oxine, was developed that uses the same general extraction procedure 
and reagents. Mercury exchange back-extraction was found to be applicable to the 
oxine solvent extraction system. The developed procedure can even re-use the 
same seawater aliquot previously used for the DTC extraction, but extreme care 
must be taken to avoid contamination and a fresh aliquot of the sample is generally 
recommended. Statham (1985) required over 150 times the level of DTC used 
here to simultaneously extract Mn with other trace metals. Such high DTC levels 
are not amenable to metal exchange back-extraction. Whilst nitric acid back-
extraction works with this technique, Hg exchange back-extraction has 
considerable preconcentration advantages due to the small back-extraction volume 
that can be used. The technique gives a preconcentration factor of 72 for an 80 mL 
sample. 

The analytical data obtained for CASS-3 Nearshore Standard Reference 
Sea Water with the recommended procedure was in excellent agreement with the 
certified values (Table 2.9). The standard deviations, blanks and detection limits 
quoted here are at the low end of reported values for solvent extraction. Lower 
detection limits than those presented in Table 2.9 have been achieved in our 
laboratory by reducing the He, back-extraction volume by up to a quarter and 
increasing the Hg concentration by the same factor, giving a preconcentration 

factor of up to 288. 

The use of small reagent volumes and dilute reagent concentrations reduces blank 
levels and allows very low detection limits to be obtained. The vast majority of the 
blanks were contributed by technical grade DIBK. The use of 95% DIBK (Ajax) in 
comparison to 75% (Merck) lowered blanks by nearly an order of magnitude for 
most trace metals and purification by distillation was not necessary. Of the 
reagents used in the procedure, only minimal pre-cleaning of the extracting agents 

was required. 



Table 2.9. Analysis of CASS-3 Nearshore Standard Reference Material (n=4). 
Cd Co Cu Fe Mn Ni Pb Zn 

(ppt) (ppt) (ppt) (ppb) (ppb) (ppt) (ppt) (ppb) 

Bottle ia 31.7±0.4 45±3 502±4 1.38±0.02 2.48±0.02 375±11 <15 1.29±0.03 

Bottle 2 33.2±0.8 47±6 532±7 1.21±0.02 2.64±0.03 390±14 11±4b 1.20±0.04 

Certified 30±5 41±9 517±62 1.26±0.17 2.51±0.36 386±62 12±4 1.25±0.24 

Blank b.d.l. b.d.l. 20-30 b.d.l. b.d.l. b.d.l. b.d.l. 0.03-0.05 

Detection 1.0 15 6 0.03 0.03 18 8 0.01 
Limit (3) 

a Two different bottles of CASS-3 were analysed. 

b A greater sample injection volume was used in the GFAAS determination of Pb in Bottle 2 samples, lowering the detection limit from 15 to 

8 ppt. 
b.d.l. = below detection limit. 

Table 2. 10. Analysis of QUASIMEME II International Laboratory Performance Study samples NERI A (8 %o) and NERI 
B (25 %o), October 1996 - February 1977. 

Cd 
(ppt) 

Co 
(ppt) 

Cu 
(ppt) 

Fe 
(ppt) 

Mn 
(ppt) 

Ni 
(ppt) 

Pb 
(ppt) 

Zn 
(ppb) 

NERI A (n=5) 16. 1±0.4 137±9 7 14±9 670±24 1417±17 735±12 <8 450±12 

Assigned 10±10 140±20 680±50 830±130 1400±200 750±120 10±10b 490±90 

Valuea 

NERI B (n=5) 27.2±0.2 17±1 594±7 485±15 1480±8 505±9 <8 487±11 

Assigned 20±10 20±10 570±100 580±100 1500±210 490±90 10±10b 590±100 

V al uea 
a Assigned Value as determined by the National Research Council of Canada. 
b Indicative value only. 
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Researchers undertaking the procedure should conduct an initial spike recovery 
investigation to ensure that their shaking time is adequate to overcome problems 
associated with Fe hydroxy complex formation. Regular spike recovery trials 
should also be conducted as part of a laboratory quality control program to ensure 
continued reagent viability, particularly with regard to NaDDC decomposition. 
Sodium diethyldithiocarbamate is critical for quantitative Zn recovery and it was 
found that aged NaDDC results in declining Zn recoveries. In this case, a mean 
zinc extraction efficiency can be used to correct incomplete extraction in a 
particular batch of samples. 

The recommended procedure was also applied to the analysis of two filtered 
coastal seawaters with salinities of 8 and 25 %o as part of the QUASIMEME II 
International Laboratory Performance Study, October 1996 - February 1997. To 
prevent bias in the trace metal determinations, the official assigned concentration 
of trace metals in the samples was unknown to participating laboratories. The 
submitted determinands and the assigned values are shown in Table 2.10. The 
results were generally in excellent agreement with the assigned values; the 
exceptions being Fe and Zn which were slightly low in the NERI A and NERI B 
sample, respectively. However, the acceptance criteria for this study was that 
laboratories were within a bias of 25% of the assigned value. For all trace metals 
this criteria was met and based on the submitted results, the laboratory was ranked 
one out of the seventeen international laboratories who submitted results. This 
study provided rigorous validation for the developed method. 

2.3.4 Solvent Extraction Method with Analysis by ICP-MS 

On-line column ICP-MS techniques that have inadequate washing of the column to 
remove residual salts, or co-elute retained alkaline metals, have reported isobaric 

interferences such as 40Ca16OH on 57Fe, 42Ca16OH and 43Ca160 on 

4 Ca160 on 60N1, and 40Ar23Na on 63Cu (Beauchemin and Berman, 1989; 

Heithmar et at., 1990; Huang and Jiang, 1993; McLaren et al., 1993). Similarly, the 

use of a solvent extraction technique with ICP-MS requires the effective 
elimination of the salt matrix. The solvent DIBK meets an important criteria in this 
regard, having a low water miscibility (0.06±0.02 mL/100 mL; Bone and Hibbert, 
1979). This and the non-complexing of alkaline metals by DTC provides a 
relatively interference free matrix for the analysis of trace metals by ICP-MS. 



72 

Solvent extraction techniques generally back-extract the DTC complexed metals 
retained in the solvent into an aqueous phase using nitric acid decomposition of 
DTC. The initial solvent extraction trials showed that the acid decomposition was 
very inefficient in the cases of Cu and Co, which form very strong and stable DTC 
complexes respectively. Acid back-extraction also entails a large final back-
extraction volume to bring the acid concentration to —2 % for ICP-MS analysis. 
Metal-exchange back-extraction however, gives quantitative back-extraction of all 
trace metals examined in this study in 2 mm, into a 1 mL volume. This enables a 
high preconcentration factor (72) to be achieved from a small volume of seawater 
(80 mL). Metal-exchange back-extraction is essentially non-destructive, with the 
DTC-Hg complex retained by the solvent, and hence not contributing to any 
polyatomic interferences. The typical concentration of Hg remaining in an aqueous 
back-extract after back-extraction was approximately 50 ppm. The ionisation 
suppression of the relatively high Hg concentration on the lighter metals was 
examined and found to be very small over the range 0-100 ppm Hg (Table 2.11) 
and could be compensated for by the use of the internal standards. 

Table 2.11. Effect of Hg concentration in the back-extraction solution on the 
ionisation suppression of other metals. 

Hg 57Fe 59Co 60Ni 63Cu 64Zn 69Ga 111Cd 1151n 159Tb 208Pb 
(ppm) Kcps Kcps Kcps Kcps Kcps Kcps Kcps Kcps Kcps Kcps 

0 23 224 49 226 185 140 11 345 490 395 

50 20 209 52 233 178 150 12 376 490 420 

100 21 213 48 230 185 126 13 365 530 420 

150 20 204 42 200 160 132 13 370 504 410 

200 20 200 48 190 150 133 13 345 462 426 

The results obtained for CASS-3 and NASS-4 Seawater Reference Materials with 
GFAAS and ICP-MS analysis are compared in Table 2.12. The results were 
within the 95% confidence limits of the certified values for all metals examined 
using either GFAAS or ICP-MS analysis. The blanks and detection limits achieved 
with both analysis methods are compared in Table 2.13. The use of ICP-MS 
analysis improved the methods detection limits by up to an order of magnitude 
(Co,Pb), with all metals :!~3 ppt, except Fe (21 ppt), compared to GFAAS analysis. 
The detection limit of 2 ppt for Zn (Table 2.13) is difficult to achieve on a routine 
basis given the relatively high Zn blank (61 ppt), but a detection limit better than 10 
ppt is typically attained. These detection limits are lower than those of other solvent 
extraction techniques that until now have relied upon GFAAS analysis. The 
detection limits are also generally lower than those previously quoted for on-line 
column ICP-MS analysis(McLaren et al., 1993; Bloxham et al., 1994; Bettinelli 

and Spezia, 1995; Neims et al., 1996; Taylor et al., 1996). On-line techniques 
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generally only utilise a preconcentration factor of 5-10 to limit analysis times, 
whereas this off-line preconcentration technique uses a factor of 72. Ultra-pure 
water for the blanks was extremely important with such a high preconcentration 
factor when determining low ppt metal levels. The precision obtained with the 
technique and ICP-MS analysis was better than 5 % at the 100 ppt level, except for 
Fe (7%). This precision is also generally better than that previously reported for on-
line column ICP-MS analysis(McLaren et at., 1993; Bloxham et at., 1994; 
Bettinelli and Spezia, 1995; Nelms et at., 1996; Taylor et at., 1996). 

Few on-line column ICP-MS procedures determine Fe and those that do have very 
poor precision due to high Fe blanks and ArO isobaric interferences(McLaren et 
at., 1993; Seubert et al., 1995). This method gives better precision, but still has a 
relatively high detection limit (21 ppt) in comparison to the other metals (:!~3 ppt). 
This was due to the high background isobaric interferences on 54Fe and 57Fe from 

40Ar14N and 40Ar16OH respectively. Even though the low concentration of nitric 
acid (0.02 M) used in the Hg back-extraction minimises the 40Ar'4N interference, 

this interference had greater fluctuation in comparison to 40Ar16OH. This 
fluctuation can become significant when measuring Fe at low ppt levels. Both 
analyte masses have also been examined for Cu (63 and 65) and Zn (64 and 66) 
and no interferences were found, with identical results obtained for NASS-4 at both 
analyte masses for each metal. Only the results for the most abundant isotope in 

each case are presented in Table 2.12. 

To investigate the robustness of the technique, seawater samples spiked with 25-
200 ppb Zn or Cu were quantitatively extracted. Of the metals examined here, Zn 
forms one of the weakest DTC complexes, whilst Cu forms the strongest (after 
Hg). This indicates that the procedure can quantitatively determine total dissolved 
metal concentrations to the stoichiometric equivalnt of 200 ppb Zn or Cu. 
However, one exception was an upper limit of approximately 3 ppb for the 
quantitative back-extraction of Co. Whilst Co has a lower extraction constant than 
Cu, it transforms to a Co(DTC)3 complex which is kinetically stable (Stary and 

Kratzner, 1968) and therefore difficult to back-extract. Generally, even 
contaminated seawater contains sub-ppb levels of Co. For higher Co levels, 
additional Hg solution can be used and/or an extended back-extraction time. 



Table 2.12. Analysis of CASS-3 Nearshore Seawater and NASS-4 Open Ocean Seawater Reference Materials (ppt) 

Method and Sample Cd Co Cu Fe Ni Pb Zn 

GFAAS CASS3* 33.2±0.8 47±6 532±7 1210±20 390±14 11±4 1200±40 

ICP-MS CASS3* 31.0±0.2 43±2 537±5 1160±20 384±11 9.1±0.9 1250±20 

Certified** 30±5 41±9 517±62 1260±170 386±62 12±4 1250±240 

ICP-MS NASS4* 17.3±0.1 8.6±0.2 223±2 121±8 231±1 9.0±0.5 106±4 

Certified** 16±3 9±1 228±9 105±16 228±11 13±5 115±18 

*Precision expressed as standard deviation of 4 replicates. 
**Precision expressed as 95% confidence interval. 

Table 2.13. Comparison of blanks and detection limits (DL) obtained with GFAAS and ICP-MS analysis (ppt, n=4) 
Cd Co Cu Fe Ni Pb Zn 

Blank - GFAAS b.d.l. b.d.l. 19 b.d.l. b.d.l. b.d.l. 69 

Blank - ICP-MS 0.2 0.3 24 38 5 6 61 

DL (3) - GFAAS 1.0 15 6 30 18 8 10 

DL (3) - ICP-MS 0.2 0.3 3 21 2 0.5 2 

b.d.l. = below detection limit. 
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It was perceived that a spike correction may be necessary for Zn when analysed 
by GFAAS using the recommended extraction method, attributing this to 
incomplete extraction with aged NaDDC. ICP-MS analysis has shown that the Zn 
recoveries were indeed quantitative and that the GFAAS spike correction was 
acting as a standard additions calibration, compensating for an unknown matrix 
interference. This has only occurred since changing sources of NaDDC and it was 
likely that an unknown contaminant or break down product in the original NaDDC 
source acted as a matrix modifier in the GFAAS analysis. The interference does 
not affect ICP-MS determination and can be reduced in GFAAS analysis by 
greater sample dilution. 

One advantage of on-line column ICP-MS systems is that the potential for 
exposure and airborne contamination of samples is reduced. This must be 
balanced by the meticulous attention necessary to limit contamination from the 
column assembly and reagents, particularly with regard to poor Fe and Zn blanks 
(Beauchemin and Berman, 1989; McLaren et at., 1993; Bettinelli and Spezia, 

1995; Taylor et at., 1996). The vast majority of the blank (Table 2.13.) was 
attributed to technical grade DIBK. These blank levels are generally lower than 
that obtained with on-line column ICP-MS procedures (McLaren et al., 1993; 

Bloxham et at., 1994; Bettinelli and Spezia, 1995; Nelms et at., 1996; Taylor et at., 

1996). 

Unlike on-line techniques, where the signal is transitory, longer analysis times can 
be used with off-line techniques to allow isotopic analyses to be undertaken. This 
technique has been used to study Pb isotope ratios at low ppt levels in seawater, 
using up to 3 mins sample analysis time to determine the potential impacts of 
Pb/Zn ore concentrates in a marine environment (Chapter 6). 

The recommended solvent extraction system can simultaneously extract a dozen 
samples in about 1 hr and back-extracts can be stored prior to analysis. The CASS-
3 ICP-MS results (Table 2.12) were obtained on back-extracts that had been stored 
at 4 °C for 3 days. This allows many extraction runs to be undertaken prior to 
analysis, with the internal standards compensating for any changes in the sample 

viscosity and instrument drift. Taylor et al.(1996) has employed internal standards 

in the elution acid for on-line column ICP-MS. This would be particularly important 
for on-line column techniques given that the ICP-MS is in continual operation, 
generally taking 10-15 min per sample. The overall instrumental analysis time per 
sample in the method devloped here was 2.75 mm (including rinse cycles), giving 
a major reduction in ICP-MS running time. The over-all preparation and analysis 
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time of the procedure, for at least 10 samples, would be comparable with existing 

on-line procedures. The procedure is relatively simple and cheap to set up and run 

in comparison to existing on-line column ICP-MS procedures (McLaren et at., 

1993; Bloxham et at., 1994; Bettinelli and Spezia, 1995; Neims et at., 1996; Taylor 

et at., 1996). The micro concentric nebuliser uses about 300 p.L of back-extract per 

analysis, allowing for the repeat analysis of samples if required. Besides the 

inherently better detection limits obtained using ICP-MS analysis, this has also 

reduced the analysis times by at least 6 hours in comparison to analysis by 

GFAAS. The recommended extraction method with ICP-MS analysis has been 

used in subsequent rounds of the QUASIMEME International Laboratory 

Performance Studies with excellent results obtained for all trace metals (Niels 

Muunksgaard, personal communication). 

2.3.5. Solvent Extraction Procedure for Ore Concentrate Trials (High 

Metal Concentrations) 

Samples from the ore concentrate dissolution trials were characterised by high Zn 

and Pb concentrations (ppms) and much lower Cu and Cd concentrations (ppbs). 

The extraction method was essentially kept the same apart from changes 

necessary to account for the elevated Pb and Zn concentrations. Firstly, the level 

of DTC was increased to 250 tL and the seawater volume was halved. This 

effectively increased the relative DTC concentration in the extraction 5 fold. The 

elevated metal concentrations and higher DTC concentration increased the 

amount of DTC in the back-extraction. At these levels, Hg back-extraction is not 

applicable, due to precipitation problems. Acid back-extraction was therefore 

employed using 100 .iL of concentrated HNO3. Since elevated concentrations 

were being determined, the aqueous back-extracts were made up to 5 mL, 

allowing for most metals to be determined by ICP-AES. For this application the 

preconcentration factor was not important, the critical aspect being matrix 

separation. For a 40 mL seawater sample, the preconcentration factor is 7.2. 

It was determined during early trials that at highly elevated metal concentrations, 

the solubility of metal-DTC complexes in the DIBK phase could be exceeded. In 

an elevated Pb/Zn system a white gelatinous precipitate formed at the 

DlBKlseawater interface. Digestion of the precipitate and analysis by ICP-AES 

identified this to be that of Pb(DTC)2. It should be noted that precipitation only 

occurred once highly elevated concentrations were reached, e.g., in the presence 

of 6800 ppb Zn, only Pb concentrations above 1900 ppb precipitated during the 
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extraction. However, for most applications, such elevated concentrations would not 

be encountered. 

To avoid precipitation problems, samples from some of the concentrate dissolution 

trials were diluted prior to extraction. Table 2.14 compares the results of the 

solvent extraction procedure applied to a diluted and undiluted sample. As 

expected, the results were equivalent for both treatments, i.e. sample dilution did 

not effect the extraction efficiency. Spike recovery, at the elevated concentrations 

encountered in the concentrate dissolution trials, was found to be quantitative 

(Table 2.14). In a similar experiment a 1000 ppb spike yielded a Zn recovery of 

1020±36 and a Pb recovery of 997±11. Both ICP-AES and ICP-MS results showed 

that the extraction methods give quantitative Zn recovery. 

Table 2.14. Extraction of concentrate dissolution trial seawater extracted as a 40 
mL undiluted sample, 40 mL diluted sample (1:1 with 0.02 M HNO3) and a diluted 
sample spiked: Cd, Cu and Fe 10 ppb; Pb 500 ppb and Zn 1000 ppb. 
(All concentrations are in ppb). 

Cd Cu Fe Pb Zn 

Undiluted (n=2) 32.0±0.8 11.5±0.1 <0.5 1320±4 5990±80 

Diluted (n=3) 33.6±0.4 11.6±0.2 <0.5 1346±4 6190±90 

Spike Recovery (n=3) 9.9±0.6 10.0±0.3 9.9±0.3 522±13 970±90 

The other alternative to diluting samples to avoid DTC precipitation problems was 

to lower the volume of seawater being extracted. Table 2.15 compares the results 

of extracting a 40 mL diluted sample (1:1 with 0.02 M HNO3) and a 20 mL 

undiluted sample. The results were equivalent showing that the method also gave 

quantitative extraction with sample volumes as low as 20 mL. This led to the 

development of a porewater method which is discussed in the following section. 

Table 2.15. Comparison between the ore concentrate extraction method applied to 
a 40 mL diluted sample (1:1 with 0.02 M HNO3) and a 20 mL undiluted sample. 
(All concentrations are in ppb).  

Cd Cu Fe Pb Zn 

40 mL Diluted (n=3) 5.27±0.02 5.7±0.2 <0.5 2680±90 2000±60 

20 mL Undiluted (n=3) 5.34±0.01 5.3±0.2 <0.5 2750±70 2110±200 
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2.3.6 Solvent Extraction Procedure for Porewaters 

2.3.6.1 Method Optimisation 

Analytical techniques for the determination of trace metals in marine porewaters 

are still being developed. The problems with techniques for porewater analysis 

arise from small sample volumes and interferences from organic complexes and 

high Fe and Mn concentrations (Teasdale et at., 1995). The DTC extraction 

method was essentially kept the same, apart from changes necessary to overcome 

the elevated Fe and Mn interferences. Solvent extraction techniques do not appear 

to be affected by natural organic trace metal complexes, even in porewaters 

(Thompson and Paton, 1991). 

Initial experiments were conducted to determine the relative amount of DTC that 

should be used with a 10 mL porewater sample size. Table 2.16 summarizes these 

results. To simulate potential interferences from elevated Fe and Mn in 

porewaters, a 3000 ppb spike of each metal was used. For Fe, this was 

quantitatively extracted, whilst Mn had a very poor recovery (<3%). This is due to 

the low affinity of Mn for DTC ligands (Shen et at., 1980) and thus, elevated Mn 

did not interfere with the extraction method. In the presence of these interferences, 

the recovery of Cd, Cu and Pb was generally quantitative. A slight positive 

interference was consistently noted for Cd (GFAAS determination). The low 

recovery of Cu (88±2 %) from the seawater trial with 300 L of DTC was due to 

incomplete back-extraction. Reducing the DTC volume to 250 iL and shaking the 

back-extract for an additional minute (5 min total) resulted in complete back-

extraction (recovery 100±3 %). It was determined that 250 pL of DTC and a 5 ruin 

back-extraction would provide for quantitative extraction and back-extraction. 

The recovery of Zn appears erratic and not quantitative in either acidified ultra-

pure water or in seawater (Table 2.16). However, as will be demonstrated, the 

recovery is in fact quantitative and this variability is due to an unknown 

interference effecting the determination by GFAAS. If GFAAS determination is to 

be used, spike correction is required for Zn. The preconcentration factor achieved 

here was 9 and was limited by the sample size (10 mL) and final back-extraction 

volume (1 mL). 
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Table 2.16. Extraction efficiency (%) as a function of the volume of DTC used 
(n=3). 

Ultra-pure water (0.02 M HNO3) Seawater 

DTC (ji.L) 350 300 250 300 250 

Cd 101±1 107±12 106±3 105±5 106±5 

Cu 99±2 100±5 96±3 88±2 100±3 

Fe 100±1 100±1 101±2 ND 99±1 

Mn 2±1 2±1 1±1 ND 1±1 

Pb 102±3 96±2 100±2 100±13 100±12 

Zn 76±4 86±2 83±3 63±4 74±4 
Back-extraction was with 37.5 tL HNO3, shaking for 4 mm., adding 712.5 l.tL of ultra-pure 

water, shaking for 30 s and allowing to stand for 30 mm. a  A 5 mm back-extraction was used. 
ND = Not Determined. 

To extend the range of the method an additional trial with seawater was conducted, 

where the Fe spike was increased to 6 ppm. The extraction efficiency (%) was: Cd 

111±4, Cu 9 1±2, Fe 101±1, Mn not determined, Pb 92±6 and Zn 59±2. As 

discussed previously, the acid back-extraction of Co and Cu is relatively 

inefficient in comparison to Hg back-extraction, which can not be used at these 

elevated Fe concentrations. It was anticipated that the back-extraction efficiency 

for Cu would be lower with a 6 ppm Fe spike and the back-extracts were 

consequently shaken for 15 instead of 5 mm. However, even with this extended 

back-extraction time, the Cu recovery was still slightly low (9 1±2%). The 

alternative to increasing back-extraction shaking times is to increase the amount of 

conc. HNO3 (note that the recommended porewater method uses 50 p.L of acid as 

opposed to the 37.5 iL used here). Importantly, the 6 ppm Fe spike was 

quantitatively recovered (101±1%) and there was no evidence of any Fe-DTC 

complex precipitation in the DIBK. Thompson and Paton (1991) added 10% 

chloroform to their Freon TF organic phase to increase the solubility of Fe-DTC 

complexes. 

At elevated Fe concentrations, the DIBK phase became notably greenish brown 

during the extractions. This colour was observed to fade over a period of 

approximately 1 hour. An experiment was conducted with spiked seawaters to 

determine whether this colour fade was indicative of metal-DTC complex 

breakdown and subsequent loss of trace metals. In this experiment the DIBK 

phase was only sampled at set time intervals following the extraction: 5, 30 and 60 

mm. After 30 min approximately half of the Fe-DTC complex colour intensity had 

faded, and by 60 mm, it had lost all colour. The extraction efficiencies are shown 

in Table 2.17. 
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Table 2.17. Extraction efficiency (%) dependence on the time of DIBK removal 
after extraction (n=2). 

Cd Cu Fe Mn Pb Zn 

5 min 116±4 101±3 101±2 ND 102±12 64±6 
30 min 115±4 99±5 103±1 ND 96±8 67±4 

60 min 114±1 100±3 102±2 ND 106±18 68±6 
ND = Not Determined 

Table 2.17 shows no change in the extraction efficiencies with the time of DIBK 

sampling, i.e., the loss of colour in the DIIBK phase did not result in a loss of trace 

metals (lower extraction efficiency). The colour was due to Fe-DTC complexation 

and it was assumed that Fe(III)(DTC)3 may be reduced to Fe(II)(DTC)2. 

However, both of these complexes had a greenish brown colour when made up in 

the laboratory. The loss of colour may therefore be due to the formation of mixed 

DTC/CS2 complexes such as Fe(DTC)2CS2. Carbon disulfide is a strong ligand 

and a breakdown product of DTC and mixed complexes were believed to be an 

important factor in quantitative Fe recovery with the general seawater extraction 

method (section 2.3.2.2). 

CASS-3 near-shore standard reference seawater was then trialled with the 

developmental method using GFAAS analysis (Table 2.18). The results for Cu, Fe 

and Zn (spike corrected) were within the acceptable range for the certified 

reference material. The results for Cd and Ni were slightly elevated, but 

overlapped the range for the certified reference material. It has already been noted 

that Cd has a slight positive interference when determined by GFAAS. The 

concentration of Pb was well below the concentration which could be determined 

with this method (50 ppt). The literature does not appear to contain any evaluations 

of other porewater methods with which to compare these results. 

Table 2.18. Analysis of CASS-3 near-shore standard reference seawater using the 
developmental porewater extraction method (n=3). 

Cd Cu Fe Ni Pb Zn 
(ppt) (ppt) (ppb) (ppt) (ppt) (ppb) 

Found 36±5 516±31 1.43±0.16 452±60 <50 1.22±0.04 

Certified 30±5 517±62 1.26±0.17 386±62 12±4 1.24±0.25 

Whilst the developmental method appeared to be acceptable, its applicability was 

limited by the preconcentration factor (9) and sensitivity of GFAAS. Following the 

success of coupling the DTC/DIBK solvent extraction method with ICP-MS, the 

porewater method was trialled with this method of analysis. 
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2.3.6.2 Recommended Porewater Method 

For analysis by ICP-MS, with its improved sensitivity, the preconcentration factor 

was not critical and the acid back-extraction was modified slightly from the 
developmental method: the amount of conc. HNO3  was increased from 37.5 to 50 

iL to improve the back-extraction efficiency. The back-extract was made up to 2 

mL with 0.02 M HNO3 (containing 10 ppb of the internal standards: Ga, In and 

Th). This procedure results in a maximum final acid concentration of 2.5% conc 
HNO3 (analysis by ICP-MS limits acid concentrations). 

The enhanced sensitivity of ICP-MS analysis also allowed the recovery of Co and 

Ni to be assessed. The extraction efficiencies (%) from spiked seawater, in the 

presence of elevated Fe and Mn concentrations (3000 ppb), are presented in Table 

2.19. The extraction was essentially quantitative for all metals, except Co. Even 

with an increased acid concentration, a 5 min back-extraction was insufficient for 

a 0.1 ppb Co spike recovery (5±2%) in the presence of such elevated Fe 

concentrations. The positive recovery (> 100%) for most metals was likely to be 

due to a slight background contribution (contamination) from the Fe and Mn spike, 

which are 3-4 orders of magnitude higher in concentration in comparison to the 

other trace metal spikes. This procedure only has a preconcentration factor of 4.5 

in comparison to the general seawater method which gives a factor of 72. This 

makes contamination control absolutely critical with the porewater method as it 

has a much higher relative contributing factor. As a consequence, variability is 

much higher with the recommended porewater method in comparison to the 

general seawater method. 

Table 2.19. Extraction efficiency (%) of the developmental porewater method 
using ICP-MS determination (n=3). 
(Spike: Co, Cd. Ni and Pb 0.lj2pb: Zn and Cu 1 ppb; Fe and Mn 3000 ppb). 

54Fe 57Fe 59Co 60Ni 63Cu 65Cu 64Zn 66Zn 111Cd 208Pb 

93±1 94±1 5±2 108±21 105±3 106±2 120±11 103±7 100±3 125±3 

For further validation, the recommended porewater method was also applied to the 

analysis of CASS-2 nearshore standard reference seawater and the results are 

listed in Table 2.20. 



Table 2.20. Analysis of CASS-2 near-shore standard reference material by the 
porewater method and ICP-MS analysis (n=3). 

111Cd 59Co 63Cu 54Fe 60Ni 208Pb 66Zn 
(ppt) (ppt) (ppt) (ppb) (ppt) (ppt) (ppb) 

Found 23±1 25±2 708±10 1.29±1.02 378±24 33±2 1846±31 

Certified 19±4 25±6 675±39 1.20±0.12 298±36 19±6 1970±120 

DL (30 2 5 20 3 25 5 0.05 
DL = Detection Limit 

Table 2.20 shows that Cd, Co, Cu and Zn were quantitatively recovered from the 

reference material. The concentrations of Ni and Pb were slightly elevated in 

comparison to the certified values and this may be due to contamination, or in the 

case of Ni, a positive interference (interferences generally do not effect higher 

masses, such as Pb). Whilst this could be further investigated, in the context of a 

porewater method, these results were considered acceptable. ICP-MS is not 

reliable for the determination of Fe at low concentrations due to the high relative 

background contribution of 40Ar14N and 40Ar16OH. 54Fe was recommended for 

the porewater method due to greater variability of 57Fe from the higher contribution 

of 40Ar16OH with an acid-back-extraction (note that 57Fe was recommended with 

Hg back-extraction). 

Cobalt was quantitatively recovered with the absence of elevated Fe 

concentrations. If results for Co are required in the presence of elevated Fe 

concentrations, extended back-extraction may be required. This has not been 

investigated. Cobalt was analysed in the porewater experiments (Chapter 5) and 

the consistent increasing concentration trend with depth, corresponds with 

increasing Fe (and Mn) concentrations (Figures 5.38b and c). Approximately 250 

ppt Co is recovered in the presence of approximately 1500 ppb Fe. As Co is 

generally either quantitatively back-extracted or has very poor back-extraction, this 

suggests that the recommended method is acceptable for Co determinations at Fe 

concentrations up to 1500 ppb. 

The literature contains few methods for the determination of trace metals in 

marine porewaters. Only Thompson and Paton (1991) have developed an 

alternative solvent extraction method that takes into account potential 

interferences. However, no QA/QC data is provided with which to compare the 

methods. The procedure of Thompson and Paton (1991) extracts a 20 mL 

porewater sample 3 times with 10 mL of a freon-chloroform mixture (9:1) to 

produce a preconcentration factor of 13. Even with this preconcentration factor and 

large sample injection volumes, the detection limits for Cu, Zn and Pb, by GFAAS 
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were only 530, 960 and 110 ppt, respectively. A single extraction procedure is 
presented here which reduces sample handling and therefore potential 
contamination. As already stated, this is absolutely critical with such a low 
preconcentration factor (4.5). The determination by ICP-MS, with its enhanced 
sensitivity, is a significant development that allows trace metals to be determined 
in porewaters at ambient concentrations. 

Whilst this procedure was applicable to a range of trace metals, it could not be 
used for Mn determinations. However, Mn is elevated in porewaters and the 
method of Lan and Alfassi (1994) was modified for the direct determination by 
GFAAS. The analysis of CASS-3 nearshore standard reference material by this 
method gave a concentration of 2.47±0.18 ppb (n=3) and compared favourably 
with the certified value (2.5 1±0.36). 

2.4 Conclusion 

Dithiocarbamate solvent extraction procedures have been developed for the 
simultaneous quantitative determination of Cd, Co, Cu, Fe, Ni, Pb and Zn seawater 

and marine porewaters. A similar oxine solvent extraction procedure and direct 
GFAAS method have been developed for Mn analysis. The techniques are 
adaptable for the determination of trace metals from pristine coastal and ocean 
levels to extremely polluted harbour concentrations. This is the first solvent 
extraction technique to be developed for analysis by ICP-MS, with its associated 
advantages of enhanced sensitivity and rapid analysis times. This is a significant 
development that facilitates the determination of trace metals in marine porewaters 
at ambient concentrations, even in the presence of highly elevated Fe and Mn 
concentrations. The techniques presented here facilitated the experiments 
presented in subsequent chapters on trace metal cycling in the marine 

environment. 



CHAPTER 3 

PORT I LOADING FACILITY 

CHARACTERISATION 

AND BASELINE STUDIES FOR METALS 
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Plate 3.1. Aerial photograph of the Bing Bong port facility (19th September 1995) 
showing the swing basin and the dredged channel, which is flanked on both sides 
by seagrass beds below the low tide mark. 



3.1 Introduction 

The port facility at Bing Bong (Plate 2) became the 5th minor port in the Gulf of 

Carpentaria and the 4th associated with mining operations. The Gulf has a 

coastline of over 2,500 km and this facility became only the second port with an 

all-weather access road, with air and sea transport the normal means of travel in 

this region. The lack of development in this region led Hill (1994) to summarise 

that the Gulf of Carpentaria is 'one of the very last shallow-water tropical areas of 

the world that is still in an almost pristine condition". 

The Gulf of Carpenteria has two distinct seasons, a monsoonal wet season from 

November to April with a highly variable average rainfall of 1300 mm, and a dry 

season from May to October in which no rain falls (Somers and Long, 1994). 

Average monthly temperatures range from 24 - 32 °C and salinity in the greater 

Gulf remains relatively constant at 35 - 36 % (Somers and Long, 1994). 

The development of the port at Bing Bong required the dredging of a 3.8 km 

channel, which has a low tide depth of 3.5 in and is 60 in wide. The channel joins 

onto a 200 in wide excavated swing basin, adjoining the wharf, and allows for the 

loading and manouvering of the barge 'Aburri". Concentrate from the mine site is 

stock-piled in a covered storage shed adjacent to the wharf and is loaded onto the 

barge via an enclosed conveyor system. The barge is self-discharging and 

transfers concentrate to bulk-carriers, anchored in deep water (15 m), some 30 km 

off-shore. 

The port facility fronts onto gently sloping salt flats and intertidal mud-flats, with an 

extensive seagrass bed beyond the low tide mark flanking both sides of the 

dredged channel (see Plate 2). The seagrass was found to be prolific at depths of 

2-4 in and was largely comprised of monospecific stands of Syringodium 

isoetifolium, with the shallower intertidal zone containing some Halodule uninervis. 

These seagrass beds are known to be important feeding habitats for dugongs and 

green turtles and is a nursery habitat for juvenile commercial prawn species. 
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One of the major environmental concerns for the port facility was the potential for 

contamination of these seagrass beds and subsequent uptake of heavy metals by 

omnivores and detrivores (Marsh, 1992). Seagrass has been found to be fairly 

tolerant to heavy metals, accumulating high concentrations in proportion to the 

degree of sediment contamination (Purlich, 1980; Ward, 1986). Seagrass has also 

been shown to rapidly uptake metals from solution (Fabris et at, 1982; Malea, 

1994; Malea et at., 1995a,b). Similarly, seagrass detritus has been shown to uptake 

metals (Rice and Windom, 1982; Wahbeh and Mahasneh, 1984). Studies on the 

extensive subtidal seagrass beds in Spencer Gulf, South Australia, surrounding a 

Pb/Zn smelter, showed that the distribution of Pb and Zn in sediments, seagrass, 

fish and crustaceans (including prawns) had a clear geographical trend, with metal 

concentrations decreasing with increasing distance from the smelter (Ward et at., 

1986; Tiller et at., 1989). A similar geographical trend was reported by Johansen et 

at. (1991) for the distribution of Pb and Zn in seawater, seaweed, mussels and 

prawns (Pb only) in a Greenland fjord system, receiving Zn / Pb sulfidic mine 

tailings for 16 years. 

The area in the vicinity of the Bing Bong port facility was chosen as the field site 

for this study, for the following reasons: 

The greatest risk of concentrate spillage for the McAthur River Project, was 

assessed to be in the vicinity of the loading facility (McArthur River Project 

EIS, Vol 1, 1992); 

This area is more environmentally sensitive than the open ocean transfer 

point, where seagrass is nonexistent; 

• The area is shallow and hence has minimal dispersion and dilution effects in 

comparison to the open ocean transfer point; and 

Access to the in-shore area was easier and not restricted by weather 

conditions. 

Prior to the construction of the port facility, baseline studies were undertaken in this 

area, to characterise the marine environment, including the existing metal loadings 

of seawater and sediment. The metal baseline studies provide a reference 

framework and give perspective to the concentrate dissolution and uptake studies 

(Chapters 4, 5 and 6). 
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3.2 Experimental 

3.2.1 Sampling Sites 

A total of 15 sampling sites were selected along the Bing Bong coastline, prior to 

the dredging of the channel and construction of the port facility (Figure 3.1). These 

sites were selected on the mudflats (1-3), in the intertidal - seagrass zone (4-12) 

and beyond the seagrass zone (13-15). 

3.2.2 Sampling Methods 

3.2.2.1 Physico-chemical Parameters 

At each site a YSI 3800 Water Quality Logger or a Hydrolab DataSonde 4 (water 

quality multiprobes) were used to record physico-chemical parameters in-situ: 

temperature, salinity, pH, dissolved oxygen and turbidity. The instruments were 

operated in accordance with the manufacturers specifications and were calibrated 

in the field immediately prior to each sampling period. 

3.2.2.2 Sediments 

All baseline sites were sampled for sediment between the 17-20th February 1994. 

Bulk surficial sediment samples (surface 5 cm) were usually obtained using a 

stainless steel Van Veen type grab sampler. In shallow areas, or in areas with a 

high density of seagrass (which prevented grab jaw closure), sediment samples 

were collected by hand with a plastic trowel. Sediments were immediately sealed 

in labelled, zip-lock, polyethylene bags, stored on ice and frozen where possible, 

prior to transportation to the laboratory. 
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Figure 3.1. Baseline sampling sites along the Bing Bong coastline and location of the port. 
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3.2.2.3 Seawater 

Seawater samples for dissolved (<0.45 jim) metal analysis were collected in 
August 1993, February 1994 and June 1995. Samples in August 1993 were 
collected by hand. Two different models of in-line pump, were used for sample 
collection with in-line filtration in 1994 and 1995. In addition to the dissolved 
samples in June 1995, particulate metal samples were also collected. 

Refer to Chapter 2 for the procedures used for the collection of dissolved and 
paticulate trace metals using an in-line pump. 

In August 1993, near-surface (20 cm depth) seawater samples were collected by 
hand, using an acid-washed glove (stored in a clean polyethylene, zip-lock bag 
when not in use), to submerse the acid-washed polyethylene bottle (1 L) over the 
bow of the anchored vessel. The sample bottle was rinsed once with the seawater 
prior to the retention of a sample. The bottle was re-sealed, un-acidified, in a clean 
polyethylene, zip-lock bag, and refrigerated (4 °C) for up to 4 days, prior to 
transportation to the laboratory for filtration I acidification. Subsurface samples 
were similarly collected by a diver slowly swimming forwards with the bottle 
extended in front. In order to assess potential speciation changes, two additional 
unfiltered sea water samples were spiked with Cd, Co, Cu, Fe, Mn, Ni, Pb and Zn 
in the field, one with 1 ppb and the other 2 ppb. One litre samples were also taken 
for the determination of total suspended solids (TSS). In the laboratory, samples for 

dissolved metal analysis were filtered (<0.45 jim) and acidified (0.02 M Ultrex 
HNO3) in a laminar flow cabinet. 

Due to the potential for contamination I speciation changes in hand collected 
samples, subsequent surface and depth samples were collected using an in-line 
plastic pump fitted to an extendible PVC pole, and filtered in-situ using a 0.45 jim 
filter capsule, as described in Chapter 2. On a cautionary note, all samples from 
August 1995 were severely contaminated (Zn levels 200 - 500 ppt) by using a 

plastic pump (Amazon LVM 105), supposedly non-corrodable and suitable for 

water sampling, which upon dismantling, was found to contain a corroding metal 
cooling sheath under the external plastic moulding. Data for these samples was 
discarded. No contamination of samples was observed with a Niagara LVM 141 
pump, used for sampling in June 1995, and this type of pump has subsequently 

been endorsed by the U.S. E.P.A. (1995). An additional filtered (<0.45 jim) 

seawater sample was taken in June 1995, and spiked in the field with trace metals 
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for quality control: Cd, Pb and Zn 200 ppt; Co, Cu, Fe and Ni 500 ppt; and Mn 2000 

ppt. 

3.3 Analytical Methods 

3.3.1 Cleaning and Sample Handling Protocols 

All glassware, sample containers and pipette tips were reserved for this study, 

avoiding potential cross-contamination. An enclosed detergent bath (1% Decon in 

RO water) and acid bath (10% AR nitric in high purity water) were similarly 

maintained exclusively for this study, with the contents being changed regularly. 

All dirty glassware, sample containers and pipette tips were first washed 3 times in 

RO water and placed in the detergent bath for at least 24 hours. They were then 

triply rinsed with high purity water (Pemutit HI-PURE system) and placed in the 

acid bath for at least 24 hours. They were again triply rinsed in high purity water, 

covered with a clean inverted plastic tray and dried in a clean oven over-night. All 

equipment was placed in lockable, clean,  cupboards, prior to use. Separate 

cleaning protocols were used for seawater sampling and are described in Chapter 

2. 

All manipulations involving seawater were performed in a Class-100 laminar flow 

cabinet, other procedures were performed in the open laboratory and digestions 

were carried out in a fume cupboard. Automatic pipettes (Gilson), used solely for 

this study, had their calibration checked regularly, and were used to dispense all 

reagents. Acid-washed plastic spatulas and tweezers were used for filter I sample / 

chemical manipulations. 

3.3.2 Sediment Samples 

If frozen, the sediments were allowed to defrost overnight, and excess surface 

seawater was tipped from the sample bags. The sediment was placed in individual, 

labelled, polyethylene sample trays, and placed in a clean oven for up to 96 hours 

at 50 °C to dry the samples. Stones were removed from the samples by sieving the 

samples through a 2 mm polyethylene sieve and the percentage gravel obtained. 

The samples were then homogenised and crushed with an agate mortar grinder 

(Retsch). Replicate 0.5 g sub-samples were placed in individual, 100 mL, 

borosilicate digestion tubes, together with 1 mL of nitric acid (AR), and left 
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overnight at room temperature. Four mL of perchioric acid was added to each tube 

and the samples were digested in a Windrift (DB25) programable digestion block: 

100°C for 20 mm, 130°C for 60 mm, 180°C for 180 mm, and 200°C for 360 mm. 

Digests were made up to 20 mL with high purity water and were analysed for Co, 

Cu, Fe, Mn, Ni and Zn by ICP-AES (Perkin Elmer Plasma 400), Cd and Pb by 

GFAAS (Varian SpectrAA 40 / GTA 96). 

3.3.3 Seawater Samples 

3.3.3.1 Total Suspended Solids (TSS) 

The 1 L unfiltered TSS sample was thoroughly shaken and immediately 500 mL 

was filtered and the filter, rinsed, dried and weighed according to Standard 

Methods (APHA 2540D). 

3.3.3.2 Particulate Metal Fraction 

The 0.45 .tm filters were placed in teflon bombs with 2 mL of nitric acid (Aristar) 

and 3 mL of high purity water and microwave digested at 55% high for 1 hour. The 

samples were made up to 10 mL with high purity water. Iron and Mn were 

determined by ICP-AES, and Cd, Cu, Pb and Zn were determined by GFAAS. 

3.3.3.3 Dissolved Metal Fraction 

Replicate 80 mL aliquots of each sample were preconcentrated using the 

dithiocarbamate / oxine solvent extraction procedure described Chapter 2, section 

2.2.3, and were analysed by GFAAS. 

3.4 Results and Discussion 

3.4.1 Sediment 

A description of the sampling sites is provided in Table 3.1. The sediment at a 

number of sites had a large percentage of gravel (>2 mm), which reflected the 

occurrence of small (<5 mm) Fe nodules. The seagrass, Syringodium isoetifolium, 

was present at sites 7 - 10, 11 and 13 and the <2 mm sediment fractions for these 

sites contained visibly finer soil fractions (silt and clay). Seagrass has been found 
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to stabilise and trap finer sediment particles (Penn, 1983; Lacerda and Rezende, 
1985). The seagrass bed, in the vicinity of the loading facility, generally occurs 
between 1 and 3.5 km from the shore-line. The results for the analysis of sediment 
from all sampling sites are shown in Table 3.2. 

Table 3.1. Percentage gravel (>2 mm) for all sampling sites, including a site 
descrintion and the occurrence of Fe nodules. 
Site % 

Gravel 
Description Site % 

Gravel 
Description 

1 18 mud flat with Fe nodules 9 9 seagrass bed, opposite creek 
mouth, with Fe nodules 

2 <1 sand flat 10 43 seagrass bed with Fe nodules 
3 <1 mud I sand flat 11 20 seagrass bed with Fe nodules 
4 2 sand bar at creek mouth 12 2 sand flat with soft coral reef 
5 40 mud flat with Fe nodules and 13 22 seagrass bed with Fe nodules 

algal growth 
6 4 mud / sand flat 14 41 gravel / sand flat with Fe 

nodules 
7 9 seagrass bed with Fe nodules 15 43 gravel / sand flat with Fe 

nodules 

- 
8 15 seagrass bed with Fe nodules 

Table 3.2. Concentrations of acid extractable metals in sediments (n=2). All units 
ppm (except Cd ppb and Fe %). Refer to Figure 3.1 for sampling sites. 

Site Cd Co Cu Fe Mn Ni Pb Zn 

32±3 4.7±0.1 2.5±0.1 0.5±0.1 299±14 4.3±0.2 2.1±0.1 4.7±0.1 

2 25±7 4.2±0.1 2.5±0.1 0.6±0.2 160±10 4. 1±0.2 2.0±0.3 4.0±0.1 

3 34±2 5.7±0.8 4.3±0.5 1.3±0.3 155±11 5.8±0.8 3.4±0.6 6.0±0.4 

4 16±1 2.8±0.2 1.9±0.1 0.4±0.1 128±28 2.8±0.2 1.3±0.1 2.0±0.1 

5 56±17 9.4±0.1 8.0±0.3 2.6±0.2 193±40 9.5±0.1 6.1±0.5 11.3±0.1 

6 25±10 5.0±0.9 3.1±0.5 0.5±0.1 138±31 4.6±0.7 2.5±0.2 6.2±1.3 

7 37±7 5.8±1.3 4.6±1.0 1.5±0.6 136±27 6.3±1.2 4.1±0.7 7.5±2.1 

8 35±2 8.9±2.5 7.4±2.9 2.9±1.4 155±28 9.4±2.1 5.7±2.1 12.4±4.9 

9 39±2 7.8±0.6 5.5±0.4 1.9±0.4 180±11 8.0±0.7 5.1±1.1 13.7±1.2 

10 36±4 11.0±0.8 9.1±0.7 3.2±0.2 161±22 11.1±0.3 8.1±0.1 12.5±0.7 

11 48±2 11.3±2.2 8.9±2.0 3.2±1.2 240±40 12.1±2.6 8.8±1.4 15.4±2.1 

12 25±1 4.0±0.1 2.5±0.1 0.8±0.1 209±1 4.1±0.1 2.4±0.2 3.6±0.1 

13 46±9 10.2 ±3.5 8.0±2.9 3.1±1.5 220±7 10.9±2.4 6.5±0.4 14.3±3.9 

14 32±1 9.0±1.1 6.4±0.8 2.4±0.6 221±13 9.9±1.2 7.1±0.6 13.6±0.1 

15 41±8 14.4±0.6 11.3±0.2 5.6±0.2 282±25 15.7±0.1 17.0±0.4 20.0±0.5 

Avg. all 35±10 7.6±3.3 5.7±3.0 2.0±1.5 192±53 7.9±3.7 5.5±4.0 9.8±5.3 

sites 
Quality Control: Standard Reference Marine Sediment MESS-2 (n=5) 

Result 250±10 18.5±1.2 38.5±2.9 3.91±0.20 326±6 50.8±3.0 19.2±0.2 154±12 

Certified 240±10 13.8±1.4 39.3±2.0 4.35±0.22 365±21 49.3±1.8 21.9±1.2 172±16 

Average of all site averages 
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Generally, the sites with the highest metal concentrations (5, 8, 10, 11, 13-15) 
correspond with the sites containing a high percentage of large Fe nodules (Table 
3.1). The acid-extractable sediment concentrations of Co, Cu, Fe, Ni, Pb and Zn 
are all highly correlated (r > 0.9) with one-another for all 15 baseline sites. Figure 
3.2 shows the correlation of Fe with Pb and Zn. This positive correlation was 
believed to reflect the dominant mineral association of these metals in small Fe 
nodules, which are prevalent over the study site. The high variability between 
some sample replicates was also due to the heterogenity of the <2 mm crushed 
sediment, with the fraction of small Fe nodule fragments present in each replicate, 
largely determining the acid extractable metal concentrations. 

C 

C c-) 
Cz 

30 

10 
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Figure 3.2. Correlation of sediment acid extractable Pb and Zn with Fe. 

Results from six, 30 cm sediment cores, taken from site 7, show a similar 
association of these metals with Fe nodules (Jong and Batterham, 1994). These 
sediment cores also showed that the depth profiles of metals were fairly uniform, 
indicating that the sediments at site 7, had been uniformly deposited over time, to a 

depth of at least 30 cm. 

For comparison, the levels of Cd, Cu, Pb and Zn found in coastal and estuarine 
sediments around the world are shown in Table 3.3. This table shows that the 
levels of metals in sediments along the Bing Bong coastline are very low and 
typical of an uncontaminated site, being indicative of a lack of mineralisation or 

anthropogenic metal inputs. 



Table 3.3. Concentrations of metals for coastal and estuarine sediments, classified 
as contaminated (C) or uncontaminated (U). Values are given as a range or 
average and all units are ppm. 
Location Cd Cu Pb Zn 
Australian Locations 
Darwin Harboura U 0.9- 3.1 3.7 - 11.4 22-41 16-48 

C 0.9 - 3.0 15.7 - 32.3 24 - 91 103 - 270 
Port Phillip Bayb U-C <5 <5 - 75 <20 - 140 9 - 300 
Port Kembla C 2 113 113 380 
Harbourc 
Blackwattle Bay, C 3 180 520 1150 
Sydney Harbourd 
Other Locations 
Chesapeake Bay, U 0.07 - 0.44 1.1 - 6.2 3 - 15 15 - 44 
United Statese C 0.91 - 2.75 35.6 - 142.1 53 - 157 207 - 495 
Antarctica U 9 - 22 4 - 106 23 - 128 29 - 271 
Gulf of Papua, U 0.08 33 13 108 
Papua New Guineag 
Bintula Port, U 2.1 - 4.8 8.1 - 11.2 10.3 - 35.6 40- 90 
Malaysiah 
40 Estuaries, U-C 0.04 - 5.9 0.06 - 219 4 - 186 7 - 434 
United States1  
19 Estuaries, U-C 0.08 - 2.17 7 - 2398 20 - 2753 46 - 2821 
Englandi 
Average Crustal - 0.2 55 12.5 70 
Abundancek 
This study U 0.04 5.7 5.5 9.8 
References: a. Peerzada and Rohoza, 1989 b. MBW, 1991; c. Batley and Low, 1985; d. Batley, 
1986; e. Rule, 1986; f. Alam and Sadiq, 1993; g. Alongi et al., 1996; h. Ismail, 1993; i. Young 
and Means, 1987; j. Bryan and Langston, 1992; k. Taylor, 1964. 

3.4.2 Physico-chemical Parameters of Seawater 

The physico-cheniical data collected in the wet season, February 1994, is shown in 

Table 3.4. All sites had depth profiles taken, but due to the shallow environment 

(<6 m), the profiles were uniform, so average figures are provided for each site. 

The coastal area around Bing Bong is extremely shallow, with a gentle seafloor 

gradient. At the deepest sampling location, site 14, which is 4.5 km from the shore-

line, the water depth was only 5 - 6 in. The depths in Table 3.4 indicate the depth 

of water at the time of sampling. The inshore sites (1-3) were only covered, and 

therefore sampled, at high tide. Tides in the area generally range from 0.5 to 2.5 

metres, so depths at any site can vary by up to 2 in. 

The study site in the wet season, had temperatures of 30 - 31 °C, uniform salinity 

of around 38 %c, pH of 8 - 8.2, DO of 4 - 7 ppm, turbidity of 1 - 2 NTU and TSS of 

1 - 8 ppm. The lower temperature and salinity recorded for the mud-flat sites (1-3) 
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were due to a brief rainfall event whilst sampling. The waters were generally well 

oxygenated and levels were highest for the shallowest sites, due to wave action. 

Table 3.4. Physico-chemical parameters collected for baseline sampling sites, 
February 1994. 
Site Depth 

(m) 
Temperature 

(°C) 
Salinity 

(%o) 
pH Do* 

(ppm) 
Turbidity 
(NTU) 

TSS 
(ppm) 

1 0.2 25.5 33.4 8.0 6.1 2 2 
2 0.3 25.6 34.8 8.1 6.1 2 1 
3 0.3 26.3 33.8 8.1 5.8 7 23 
4 2.3 31.2 38.5 8.1 5.4 1 3 
5 0.2 32.0 38.7 8.2 7.3 4 8 
6 ND ND ND ND ND ND 1 
7 1.8 29.9 38.2 8.0 4.4 1 1 

8 1.0 29.3 38.5 8.2 4.6 2 2 

9 3.0 30.7 38.5 8.2 5.1 2 2 
10 ND ND ND ND ND ND 4 

11 3.2 30.2 38.2 7.9 4.9 1 4 

12 2.2 30.3 38.6 8.1 5.0 1 3 

13 3.8 31.1 38.3 8.2 5.0 2 5 
14 5.5 31.2 38.2 8.2 5.4 2 6 

15 5.5 30.9 38.3 8.2 5.4 1 3 
* 

- Dissolved Oxygen 
ND - not determined due to logger failure 

Physico-chemical data collected for the dry season, June 1995, is shown in Table 

3.5. The seawater temperature during the dry season (17-18 °C) was 12-14 °C 

lower than for the wet season, reflecting the different ambient seasonal 

temperatures. Apart form the shallow mud-flat sites (1-3, affected by rainfall), 

salinity was 2 %c lower in the dry season (36 %o) in comparison to the wet season 

(38 %). Salinity would be expected to be lower in the wet season due to fresh 

water input. However, there was little rainfall in the wet season of 1993/94 and the 

higher salinity reflects greater evaporation from this shallow environment, with 

water temperatures 12-14 °C higher in the wet season. Dissolved oxygen was 

higher in the dry season and may also be due to seasonal effects. It was noted 

during the dry season sampling, that the DO was dependent upon the time of day, 

increasing levels may be correlated with the rate of seagrass photosynthesis. The 

pH and TSS for the dry season covered a similar range to that of the wet season. 

It should be noted that the overall variability between sites was due to several 

factors, including the range of depths, sampling on different days, times and tides, 

and sampling under different prevailing weather (wind) conditions. 
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Table 3.5. Physico-chemical parameters collected for baseline sampling sites 
June 1995. 

Site Temperature 
(°C) 

Salinity 
(%) 

pH DO 
(ppm) 

TSS 
(ppm) 

1 19.4 36.6 8.2 6.9 8 
2 15.9 37.3 8.2 7.1 3 
3 13.6 38.5 8.0 7.4 6 
4 18.4 35.0 8.4 7.5 1 
5 18.8 35.5 8.2 6.0 2 
6 18.7 36.2 8.3 7.2 
7 18.1 36.0 8.3 7.1 3 
8 17.5 36.3 8.3 6.3 2 

9 17.6 36.2 8.2 6.4 1 

10 18.9 35.8 8.3 7.6 1 

11 18.4 35.0 8.2 7.1 3 

12 18.0 35.9 8.3 6.9 2 

13 18.8 34.9 8.2 6.8 2 

14 19.0 35.9 8.1 6.6 1 

15 19.0 35.9 8.2 6.7 1 

3.4.3 Seawater 

The results for the dissolved (<0.45 .tm) trace metal analysis of seawater samples 

collected by hand, August 1993, and by in-line pump, June 1995, are shown in 

Tables 3.6 and 3.7 respectively. The results from the baseline studies show that 

this was indeed a pristine environment, with metal concentrations at the lower limit 

of levels found in other coastal studies (Table 1. 1), indicating an absence of 

anthropogenic metal inputs. 

Except for Cu and Ni, the other data collected for August 1993 showed higher 

variability and some evidence of sample contamination and speciation changes. 

This reflects the sampling method (hand) and difficulties associated with sampling 

in a remote location: 

With sampling by hand, the dinghy becomes a potential source of 

contamination as the sample can only be collected a short distance (1 m) 

from the bow of the anchored vessel; 

With any sort of bottle dipping - sampling technique, the outer bottle, hand or 

dipping apparatus, becomes a major potential source of contamination. 

Maintaining clean sampling integrity in a remote location, with no "clean' 

facilities, and operating from an aluminium dinghy was difficult; and 
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Samples collected in August 1993 by hand were maintained at 4 °C for up to 

4 days, prior to transportation to a clean laboratory, where samples were 

filtered and acidified. Thus, speciation changes in the dissolved / particulate 

fractions could occur. 

With metal concentrations at low ppt levels, sample contamination is always a 

potential problem. The hand collected samples show some evidence of minor 

sample contamination, with dissolved Cd, Co and Zn levels slightly elevated and 

variable in comparison to the data collected by in-line pump (Table 3.6 and 3.7 

respectively). The differences for Co could reflect analytical difficulties in 

measuring trace levels close to the detection limit, but the aluminium dinghy 

appears to be a potential source of Cd and Zn contamination when sampling by 

hand. Cadmium also has a strong adsorption to biogenic particles (Valenta et at., 

1986; Calmano et at., 1988; Gerringa, 1990), so that the elevated levels of Cd in 

August 1993, may also be due to lower algal or seagrass productivity. The 

variability of August 1993 samples may also be due to speciation changes, which 

are discussed below. 

A comparison of the field spike recoveries shows that the recovery of the ionic 

metal spikes from the samples filtered and acidified in-situ were quantitative 

(Table 3.7), whilst for the hand collected samples, stored for up to 4 days prior to 

filtration and acidification, low recoveries were obtained for Fe (18 - 35%), Pb (50 

- 61%) and Cu (75 - 7 8%). This reflects the formation and flocculation of Fe 

oxyhydroxide colloids (>0.45 im), which can co-precipitate or adsorb other trace 

metals (refer to Florence and Batley, 1980, and Florence, 1981). The poor 

recovery of ionic spikes, may not reflect actual dissolved I particulate changes in 

natural samples, where metal speciation such as ligand complexation may become 

a dominant factor. Mart (1979a) suggests that storage prior to filtration can both 

increase and decrease dissolved metal concentrations, but to avoid speciation 

changes, samples should be filtered at least within a safety margin of 5 hours. The 

storage experiment presented in Chapter 2, section 2.3.1, for Darwin Harbour near-

surface seawater suggests that Pb speciation was altered with storage for as little 

as 1 hour. 



Figure 3.6. Concentration of dissolved trace metals (<0.45 tm) along the Bing Bong coastline, August 1993 (ppt, n2). 
Site Cd Co Cu Fe Mn Ni Pb Zn 

12.4±1.1 50±1 340±13 260±10 170±10 277±1 <15 30±6 

2 13.7±0.5 52±3 338±12 310±50 190±10 293±6 <15 134±7 

3 23.1±0.7 67±8 380±10 760±10 170±10 408±19* <15 307±5* 

4 5.9±0.6 54±5 302±1 290+10 680±10 230±3 <15 27±6 

5 6.7±0.1 37±1 371±7 380±10 2130±90 254±13 <15 70±12 

6 8.4±0.7 38±1 384±7 400±10 1760180 251±12 <15 88±13 

7 6.0±0.4 63±3 326±5 480±20 3390±60 229±5 <15 21±10 

8 8.6±1.1 61±1 423±2 550±20 2010±110 275±17 <15 354±3* 

9 7.8±1.1 49±2 411±6 370±10 540±10 295±2 <15 288±16* 

10 8.6±1.2 29±3 407±15 260±10 1220±20 257±11 <15 156±9 

II 10.1±0.6 45±1 369±9 740±10 370±10 228±3 <15 32±6 

12 6.8±0.3 44±1 355±3 270±10 1380±±10 252±3 <15 221±6 

13 7.9±0.5 <25 388±2 180±10 190±10 287±26 <15 195±3 

14Topa 10.3±0.3 <25 368±10 140±10 140±10 237±1 <15 90±9 

14Mida 12.1±0.5 <25 352±4 120±10 140±10 231±2 <15 44±5 

14 1301a 10.8±0.5 <25 349±3 2500±10 140±10 239±6 <15 194±5 

15 13.3±1.0 <25 393±2 140±10 280±10 274±3 <15 209±3 

Avg. all sitesb 10±4 43±14 369±33 370±190 920±970 259±24 <15 108±75 

Percentage recovery of field spike 

I ppb spike 105±3 96±2 75±10 35±3 122±18 104±3 50±2 97±2 

2 ppb spike ND 98±1 78±3 18±1 85±8 99±3 61±1 89±1 

Samples were taken at the top, middle and bottom of the water column at this site. 
The site average is the average of all sample averages, except 14 Mid values, which were not sampled in June 1995, and those marked *, which are considered 

outliers. Sites marked below detection limit were included and assigned the value of the detection limit. 
ND. Not determined, due to curvature in standard addition calibration. 



Figure 3.7. Concentration of dissolved trace metals (<0.45 jim) along the Bing Bong coastline, June 1995( ppt, n=2). 

Site Cd Co Cu Fe Mn Ni Pb Zn 

1 5.9±0.1 54±2 414±3 1580±20 3890±90 188±9 <10 101±5 

2 4.8±0.3 49±1 373±8 2450±10 4550±90 196±9 <10 61±15 

3 7.6±0.4 58±2 431±4 3210±90 6070±390 229±9 <10 93±12 

4 <I <20 385±10 460±10 1280±60 157±10 <10 131±5 

5 <1 <20 330±8 1640±20 4090±320 152±1 <10 50±12 

6 3.6±0.4 <20 348±5 850±1() 2270±230 218±5 <10 100±15 

7 <I <20 366±4 680±10 1860±5() 182±11 <10 74±14 

8 2.0±0.3 27±1 354±1 1000±20 2100±70 206±13 <10 39±8 

9 2.4±0.1 33±1 387±4 960±70 1560±70 220±7 <10 38±2 

10 1.4±0.7 <20 376±8 430±20 1370±10 251±6 11±2 78±18 

II 2.4±0.1 24±2 4977* 350±10 1190±70 199±10 <10 205±1 4* 

12 4.4±0.1 25±1 405±1 500±30 1400±100 219±11 13±3 92±14 

13 4.8±0.4 23±4 366±13 280±20 1050±40 193±14 <10 57±5 

14Top' 5. 1±0.6 <20 381±8 150±10 1050±70 241±3 <10 128±9 

14 Bota 4.5±0.6 <20 372±1 130±10 1070±60 2 13±6 <10 166±11 

15 3.7±1.1 <20 385±11 140±10 1210±70 207±20 <10 61±3 

Avg. all sitesb 3.5±2.0 28±13 378±26 930±890 2250±1540 204±27 <10 85±37 

Percentage recovery of field spikec 
97±1 102±2 93±2 99±4 100±3 98±6 98±1 85±8 

Samples were taken at the top and bottom of the water colunin at this site. 
The site average is the average of all sample averages, except those marked *, which are considered outliers. Sites marked below detection limit were included 

and assigned the value of the detection limit. 

c.The field spike level was: Cd, Pb and Zn 200 ng L* Co, Cu, Fe and Ni 500 ng L 1 ; and Mn 2000 ng L. 
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The major difference between the data from the August 1993 and June 1995 

samplings was that Fe and Mn were significantly lower in the samples collected by 

hand (August 1993). The poor recovery of Fe from field spikes indicates that ionic 

Fe can be lost during storage, but the spike for Mn gives a contradictory result 

which was believed to be an experimental artifact. In contrast, the Darwin Harbour 

storage experiment indicated that only limited speciation changes occurred for Fe, 

with storage (4 °C) for up to 7 days before filtration (Chapter 2, section 2.3.1). The 

reason for this discrepancy relates to the different speciation of metals according to 

the environment from which samples were taken. The results for dissolved Fe and 

Mn from June 1995, where samples are filtered in-line, in-situ, under cloud free 

conditions, show a clear geographical trend, with sample concentration inversely 

related to water depth (those with the lower site numbers in Table 3.7 are in-shore, 

shallower sites). The dissolved Fe and Mn concentrations can become enriched in 

shallow waters by a combination of sediment and photo-sensitised redox 

processes: 

Porewaters are enriched in dissolved Fe2  and Mn2+  with sediment flux 

increasing overlying water concentrations, particularly in shallow areas 

where there are limited dispersion and dilution effects; and 

Particulate Mn oxides and possibly Fe oxides, can be photo-reduced by the 

action of light and DOM (Sunda and Huntsman, 1994; Spokes and Liss 

1995), producing dissolved Mn2+ (and Fe2 ). Thus dissolved concentrations 

are greatest in shallow areas which receive higher relative irradiation. 

In shallow waters, dissolved Fe and Mn are enriched, but upon sample storage the 

reduced Fe, and possibly Mn, re-oxidises and precipitates as oxyhydroxides over 

time, altering speciation. In deeper waters, such as those for Darwin Harbour, 

these reduced species are less important due to dilution effects and re-oxidation of 

sediment derived metals in bottom waters. Other stable dissolved species such as 

organic complexes, which are known for both Fe and Mn in seawater (Mackey, 

1983), may then become more important for the observation of preserved metal 

speciation during sample storage. 

Unlike the other trace metals analysed, the speciation of Co has been linked to Mn 

redox chemistry at anoxic I oxic seawater boundaries (Dryssen and Kremling, 

1990; Oztürk, 1995), with the concentration of dissolved Co corresponding with an 

increase in dissolved Mn2+  in the anoxic layer. The porewater chemistry of Co has 

been found to be similar (Chapter 5, section 5.3.4.3) and the higher concentration 
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of Co at in-shore sites (Table 3.7), particularly sites 1-3, was also likely to be due to 

this association with Mn chemistry. Murray and Dillard (1979) found that Co(II) 

was oxidised to Co(III) on the surface of Mn02. The reduction or photo-reduction 

of particulate Mn02 could then release both dissolved Mn(II) and kinetically stable 

Co(III). For the other metals sediment adsorption and organic complexation 

appears to be more important in controlling trace metal levels. zn  

The field spike recoveries of Cu (75-78%) and Pb (50-61%) indicate that the 

precipitation of Fe and Mn oxyhydroxides during the storage (up to 4 days) of 

August 1993 samples (Table 3.6), could have affected the speciation of these 

metals through adsorption and co-precipitation. However, Cu and also Ni have a 

remarkably conservative behaviour in both the August 1993 and June 1995 

samples with little inter-site sample variability, suggesting that no speciation 

changes occurred prior to filtration for these metals in August 1993 samples. The 

average concentration of Cu over the entire study site was 369±33 and 378±26 ppt 

in 1993 and 1995 respectively, whilst that of Ni was 259±24 and 204±27 ppt 

respectively. The study area covers over 10 km of coastline and this conservative 

behaviour appears to be due to organic complexation, which has been shown to 

control the dissolved concentration of both of these metals (Gerringa, 1990) and 

prevent adsorption onto other partictlate phases (Van den Berg, 1982; Bilinski et 

al., 1991). Strong organic complexes are formed with Cu (Muller, 1996) and Ni 

(Van den Berg and Nimmo, 1987) and nearly 100% of Cu is believed to be 

organically complexed in coastal seawater (Van den Berg et al., 1987; Muller, 

1996). The uniformity of the Cu and Ni concentrations across the study site 

suggests that the source of organic ligands was derived from seagrass and algae, 

which cover much of the study area. Bacterial growth and productivity of the 

dominant seagrass Syringodium isoetifolium has been found to be seasonal in the 

Gulf of Carpentaria, being greatest in the wet season (Moriarty and Boon, 1989), so 

the concentrations of Cu and Ni could be expected to fluctuate accordingly and 

further studies could investigate this. In a Great Barrier Reef lagoon, Cd cycling 

and speciation has been observed to be controlled by microplankton productivity 

(Jones et al., 1986). 

No clear trends are indicated from the low dissolved concentrations of Cd and Zn 

(Table 3.7) which may be affected by remobilisation from sediments (Westerlund 

et al., 1986) and organic complexation (Van den Berg et al., 1987; Muller 1996). 

The concentration of dissolved Pb, which is highly particle reactive (Valenta et al., 

1986; Balls, 1988), was generally below the detection limit of 10 ppt. 
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The results for the particulate metal analysis, June 1995, are shown in Table 3.8. 

Like the dissolved metal concentrations, the particulate metal levels are also low, 

representative of a pristine environment. The particulate phase was enriched in Fe, 

probably as iron oxyhydroxides, reflecting the relatively high Fe concentrations in 

the sediments (Table 3.2). There was greater variability in the particulate metal 

concentrations in comparison to dissolved concentrations due to the different 

amount and nature of the suspended solids across the study site. 

Table 3.8. Particulate trace metal concentrations along the Bing Bong coastline, 
June 1995 (Units ppt, except Fe ppb). 

Site Cd Cu Fe Mn Pb Zn 

1 <2 124 197.6 4620 184 311 
2 <2 240 101.0 1610 71 115 

3 <2 48 104.6 1370 67 72 

4 <2 51 30.3 650 49 38 

5 <2 30 36.2 620 36 40 

6 <2 66 62.4 730 54 100 

7 <2 61±4a 56.5±0.1 794±6 57±5 78±26 

8 <2 37 43.7 1070 43 54 

9 <2 36 70.7 1000 57 96 

10 <2 39 48.2 810 43 59 

11 <2 43 52.7 810 54 63 

12 <2 52 76.9 1090 53 101 

13 <2 39 55.2 800 45 79 

14Topb <2 58 72.1 1050 73 101 

14Botb <2 75 85.5 1220 86 122 

15 <2 70 82.3 1180 74 115 

Average all sites 
<2 67±51 73.5±39.4 1210±950 65±34 97±63 

Replicate filters were obtained from this site. 
Samples were taken at the top and bottom of the water column at this site. 

In summary, the sediments and dissolved and particulate metal concentrations for 

the Bing Bong coastline are indicative of a pristine environment with no 

anthropogenic metal inputs. These results provide the reference framework for the 

laboratory and in-situ concentrate dissolution studies undertaken in Chapters 4, 5 

and 6. The low level of existing trace metal concentrations and lack of existing 

anthropogenic inputs, makes the Bing Bong port facility an ideal location to study 

base metal interactions in a marine system. 



CHAPTER 4 

DISSOLUTION OF METALS FROM 

MIXED SULFIDE CONCENTRATE IN SEAWATER 

LABORATORY EXPERIMENTS 



103 

4.1 Introduction 

The weathering of a mineral involves a sequence of individual steps in the 
dissolution process: 

Mass transport of dissolved reactants from solution to the mineral surface; 
The adsorption of dissolved reactants; 
The interlattice transfer of reactants; 
Chemical reactions between the mineral surface and reactants; 
The desorption of reacted species from the mineral surface; and 
Mass transport of reacted species into solution. 

(Stumm and Morgan, 1996). 

There are two main rate limiting mechanisms proposed for the dissolution of 
minerals (Stumm, 1992): diffusion-controlled (transport kinetics) or surface-
controlled (surface reaction kinetics), with combinations of both diffusion and 
surface controlled mechanisms also possible. 

4.1.1 Diffusion-Controlled Rate Law 

For a diffusion-controlled mechanism the rate law is known as the parabolic rate 
law and the rate of dissolution given by: 

r = dC/dt = 

where r is the rate (Ms 1), C is the concentration in solution (M), t is time (s) and k 

is the reaction rate constant (Ms 112). Integrating with respect to time gives: 

C = CO + 2kt112  

where CO is the initial concentration of the species (metal). Thus the concentration 

of mobilised mineral constituents in solution increases with the square root of time. 
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4.1.2 Surface-Controlled Rate Law 

When the rate of reaction at the surface is slow in comparison to diffusion or other 
reaction steps, the dissolution becomes surface-controlled. In this mechanism, the 
concentration of solutes adjacent to the mineral surface are identical to that of the 
bulk solution. The surface-controlled mechanism is founded on the concept that the 
attachment of reactants to surface sites are fast and detachment of mineral lattice 
species are slow and consequently rate-limiting. Surface-controlled mechanisms 
are common in mineral dissolution studies and have been identified for the 
dissolution of a range of metal oxides and silicates (Stumm and Morgan, 1996). A 
review of studies on the oxidation of pyrite also indicates that sulfide mineral 
dissolution is via a surface-controlled mechanism (Moses et al., 1987). 

Mineral surfaces are not uniform and surface defects such as steps, kinks and pits 
all have active sites for dissolution with each having different activation energies 
and reaction rates (Stumm and Morgan, 1996). Thus dissolution will be preferred 
at the active sites with lowest activation energy. The surface oxidation of synthetic 
galena has been observed to initiate at edges and dislocations, whilst the oxidation 
of natural galena was indiscriminate and believed to initiate around lattice 

impurities ( Kim et al., 1994). The overall rate of dissolution will be the sum of the 
rates of dissolution from all of these different initiation sites. The surface-controlled 
dissolution mechanism assumes steady-state conditions, with the proportion of 
active sites (Xa) remaining constant; active sites being continuously regenerated at 

the surface during dissolution. 

Assuming steady-state conditions, mineral dissolution follows a zero-order rate 

law; where the dissolution rate, r (Ms 1), is proportional to the surface area of the 

mineral, A (m2): 

r = dC/dt = kA 

where k is the reaction rate constant (M m 2  s 1). Integration of this equation gives 

the concentration of a particular species (metal) in solution at any time t 

C = Co + kt 

where CO is the initial concentration of the species (metal). Here, the concentration 

increases proportional to time and a plot of C vs t gives a straight line with gradient 
k and y-intercept Co. The normalisation of dissolution product concentrations for 
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the initial mineral concentration, assuming steady-state conditions, should produce 

identical dissolution curves (lines) for a surface-controlled reaction. 

The rate of dissolution depends upon surface reactivity and the type of surface 

reactants present. The dissolution of a metal sulfide requires the breakage of the 

metal-sulfide bonds and reactants that increase the polarisation of this bond 

promote dissolution. There are few studies which have examined the factors which 

contribute to metal-sulfide dissolution, particularly in a mixed sulfide system. Apart 

from one study on pyrite oxidation (Morse, 1991), metal sulfide dissolution in a 

complex matrix such as seawater has not been attempted. The monitoring studies 

of Asmund and co-workers on a fjord system receiving Zn/Pb/Cd sulfide tailings, 

show that these metals mobilise from metal sulfides in seawater (Loring and 

Asmund, 1989; Johansen et al., 1991). Indirect evidence suggested that Zn and Cd 

sulfide oxidation and dissolution was much slower than that of Pb in the sulfidic 

tailings (Loring and Asmund, 1989). However, there have been no direct studies on 

the kinetics of heavy metal sulfide oxidation and dissolution in seawater or any 

other natural waters. An understanding of the kinetics and factors affecting the 

mobilisation of heavy metals is crucial to assessing their potential environmental 

impact. This Chapter examines the effect of temperature, dosage, salinity, light 

and a model organic chelator (fulvic acid) on the mobilisation of heavy metals 

from a mixed metal sulfide concentrate in seawater. 

4.2 Experimental 

4.2.1 Seawater 

Bulk filtered (<0.45 tim) seawater (25 - 50 L) used for all dissolution trials was 

collected from either Darwin Harbour or the Bing Bong port facility using a 

submersible polystyrene pump fitted with an in-line 0.45 im ground water filter 

capsule (Gelman, polyethersulfone membrane). Seawater was stored in sealed 

acid-washed 25 L polyethylene carboys. The salinity, pH and total organic carbon 

(TOC) was determined for every bulk filtered seawater. The salinity and pH of the 

bulk seawater was determined with either a YSI 3800 Water Quality Logger or a 

Hydrolab DataSonde 4 (water quality multiprobes). TOC was determined 

according to Standard Methods (APHA, 53 lOB) using an OIC Model 700 

automated TOC analyser with matrix matched standards. Stored filtered seawater 

was generally used in dissolution experiments within 21 days of collection. 
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4.2.2 General Dissolution Apparatus 

The dissolution experiments were conducted in 2 L borosilicate beakers situated in 
PVC water baths (Plate 4.1). Borosilicate beakers were used as the Zn/Pb metal 
sulfide concentrate tended to adsorb to the walls of low density polyethylene 
bottles. It was found that there was no significant adsorption of dissolved heavy 
metals onto the beakers at the elevated concentrations encountered in these 
dissolution experiments. The temperature of the PVC water baths were regulated 
within ±0.1 °C by the continuous circulation of water through a Grant Y14 water 
bath fitted with a temperature control and refrigeration unit (Plate 4.2). The PVC 
water baths were situated below 400 W Powerarc metal halide lamps. These 
lamps have a broad, strong and even spectral output similar to that of natural 
sunlight (Brezonik, 1994). The beakers were covered by large borosilicate watch 
glasses which allowed air exchange through the beaker spout, but prevented 
significant evaporation. The watch glasses also acted as a light filter, removing 

2 < 305 nm and preventing spurious reactions induced by low wavelength light 
(Brezonik, 1994). Experimental light levels were measured at the beaker surface 
using a LI-CUR LI- 100 Data Logger and quantum sensor, which measures 
photosynthetically active radiation (PAR, 400-700 nm). Dark experiments were 
performed with the lamps off and with the water baths covered by an opaque PVC 
cover. Magnetic stirrers were placed under the water baths and 2 cm teflon coated 
magnetic stirrer bars were added to the beakers, which were stirred at 0.05 m s 1 ; 

this speed corresponded with an average nearshore current for the Bing Bong 

coastline (McArthur River EIS, Vol 2 - Appendices). An additional set of beakers 

and corresponding magnetic stirrers (to that shown in Plates 4.1 and 4.2) could be 
added to the PVC water baths so that two replicated experiments could be 

undertaken simultaneously. 

For all experiments 1.8 L of bulk filtered seawater was placed in the 2 L beakers. 
The seawater was stirred for at least 1 hour to equilibrate to the desired 
temperature prior to the addition of concentrate and initiation of the experiment. 
For light experiments, the lamps were also turned on at least 1 hour prior to an 
experiment to allow for the optimal output to be attained. 
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Plate 4.1. Concentrate dissolution experiment, showing the 2 L beaker with added 
concentrate (settled at bottom) situated in the PVC water bath with the temperature 
controlled water circulation inlet and outlets. 

Plate 4.2. Dissolution apparatus, showing PVC water baths on magnetic stirrers, 
Powe.rarc Lamps and the temperature control unit (normally covered by a foam 
box). 
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The Zn/Pb concentrate used for the experiments was obtained from the Bing Bong 
stockpile (October 1995) and stored in several sealed polyethylene bags under dark 
conditions. For the dissolution experiments, the concentrate was used as received, 
with only the minor particle aggregations approximately >250 Lm discarded. In 
some experiments the existing outer oxidised layer of the concentrate was 
removed to examine the dissolution from relatively unoxidised concentrate. The 
oxidised layer was removed by rinsing with 3 x 10 mL of 1 M HCl and 3 x 10 mL 
of ultra-pure water under high purity nitrogen in a polysulfone filtration apparatus 
(Nalgene). The concentrate was then oven dried (30 °C) for exactly 30 min in air 
prior to immediate addition to the dissolution experiments. This concentrate was 
termed acid-washed concentrate. To ensure that the existing oxidised species were 
completely removed from the surface with this washing procedure, aliquots of 
filtrate were tested for sulfate using barium according to Standard Methods 
(APHA, 4500D) and were found be be free of sulfate after the prescribed washing 
procedure. 

4.2.3 Sampling and Metal Analysis for the Dissolution Experiments 

The experiments were generally corniucted  over 3 to 6 days, with 0.5, 2, 6, 24, 48 
and 72 hours being standard sampling times. To withdraw sample aliquots (10-40 
mL depending upon the concentrate dosage), a 25 or 50 mL polypropylene syringe 
was used. The syringe was previously rinsed 3 times with 5% HNO3 (AR) and 3 

times with ultra-pure water prior to sampling. Samples were filtered through a 0.45 
tm Supor (Gelman) filter paper (25 mm) loaded in a Swinnex polyethylene syringe 

filter capsule. The filter paper, loaded in the capsule, was pre-cleaned by flushing 
with 20 mL of 1 M HC1 (AR) and 2 x 20 mL of ultra-pure water. The filtered 
samples were stored in acid-washed, low density, polyethylene bottles (Nalgene) 
and acidified to 0.02 M HNO3 (Ultrex or Suprapur). A separate syringe and filter 

capsule were used for each experiment, but the same syringe and loaded filter 
capsule were used for both replicates of an experiment. To ensure that the 0.45 im 
filter efficiently retained concentrate particles, at the completion of an initial 
dissolution experiment, filtered samples were taken using both a 0.2 and 0.45 tm 
filter for comparison. The syringe and filter capsule were thoroughly rinsed after 
each sampling with 5% HNO3 (AR) and ultra-pure water. Between samplings, the 

syringe and filter capsule (minus the 0  ring) were soaked in a beaker of 5% 

HNO3 (AR). 
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The acidified seawater samples underwent a dithiocarbamate / di-isobutyl ketone 
solvent extraction to remove the salt matrix prior to analysis. This method is 
detailed in Chapter 2, section 2.2.4. For all experiments the samples were analysed 
for Fe, Cd, Cu, Pb and Zn by ICP-AES or GFAAS (for low concentrations). The 
dissolution of sulfate from concentrate could not be monitored as this accounted for 
the addition of only several ppm sulfate into seawater which already contains 
>3000 ppm sulfate (results not shown); thus sulfate dissolution could not be 
differentiated. 

The individual experiments and specific operating conditions for each experiment 
are now presented. All experiments were carried out in replicate and used 1.8 L of 
bulk filtered seawater. Unless stated otherwise, the experiments were conducted at 
26 °C, and the concentrate was used as received (not acid-washed). Concentrate 
was generally added to an experiment at 0.15 or 0.25 g L-1. Experiments were 
conducted for 3 to 6 days. All relevant parameters for an experiment are again 
listed in the Figure captions of the graphs in the results section. 

4.2.4 The Effect of Temperature on Dissolution 

The dissolution of concentrate (0.25 g L 1) was examined over 6 days at 
temperatures of 20, 26 and 30 °C, which are relevant to the Bing Bong coastline. 

4.2.5 The Effect of Concentrate Concentration on Dissolution 

To determine if the dissolution of heavy metals was dependent on the concentrate 
dosage, the dissolution was examined at concentrate dosages of 0.01, 0.05, 0.15, 

0.25, 0.75 and 1.25 g L 1 . The dissolution of concentrate at each dosage was 

examined over 4 days. 

4.2.6 The Effect of Salinity on Dissolution 

The dissolution of concentrate (0.15 g U1) was examined over 3 days at salinities 

of 38.3, 25.5 and 12.8 %. To ensure the same relative seawater composition, the 
38.3 %c seawater was diluted with ultra-pure water to make the 25.5 and 12.8 % 

seawater. 
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4.2.7 The Effect of an Existing Oxidised Layer on Concentrate 
Dissolution 

The dissolution of concentrate (0.15 g L 1) using un-washed and acid-washed 
concentrate (existing oxidised layer stripped) was examined over 3 days. This was 
conducted to compare the mobilisation of heavy metals from an existing oxidised 
surface and a relatively unoxidised surface. 

An additional experiment was conducted in which the existing oxidised layer was 
first allowed to mobilise into seawater and then the seawater was replaced, 
allowing the examination of dissolution from an unoxidised concentrate surface. 
This experiment was conducted in a 1 L polysulfone filtration apparatus (Nalgene). 
A 0.45 im HT-Tufryn (Gelman) 47 mm filter disk was loaded into the filtration 
apparatus and bulk filtered seawater (500 mL) was added to the reservoir above 
the filter paper. Concentrate (0.15 g L 1) was added to the seawater. The lid was 
screwed onto the reservoir and the filtration apparatus was inverted and shaken in 
a mechanical wrist shaker for 72 hours. After each 24 hour period the filtration 
apparatus was removed from the wrist shaker, inverted right-way-up and the 500 
mL of seawater filtered off. Several mL of seawater was not filtered to maintain 
seawater over the concentrate that collected on the filter paper (this prevented air 
exposure and potential air oxidation). A sample aliquot (40 rnL) of the filtered 
seawater was retained and the remaining filtrate was discarded. A further 500 mL 
of bulk filtered seawater was then added to the reservoir above the filter and the 
process was repeated over successive 24 hour periods. 

4.2.8 The Effect of Light on Dissolution 

The dissolution of concentrate (0.25 g L 1) was examined under light and dark 

conditions. The light treatment was conducted with a PAR of 900 tmol m 2  s 1  and 

the dark treatment had a PAR < 1 .tmol m 2  s'. The experiment was conducted 

twice, once over 6 days at 20 °C and once over 4 days at 26 °C. 
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4.2.9 The Effect of Fulvic Acid on Dissolution and Photo-Dissolution 

To examine if natural organic chelators could enhance the dissolution of 
concentrate, a trace amount of Suwannee River fulvic acid (International Humic 
Substance Society, Colorado School of Mines, CO) was added to the seawater (2.5 
mg L-1) 30 min prior to the addition of concentrate to the experiment. Information 
on the isolation and chemical properties of Suwannee River fulvic acid is available 
(Thurman and Malcolm, 1981, 1983). Two experiments were conducted over a 3 
day period, both using concentrate at 0.15 g L 1. The first experiment used un-
washed concentrate and the second experiment used acid-washed concentrate. 
This allowed an examination of the interaction of fulvic acid with an oxidised and 
relatively unoxidised surface. 

As humic substances are photosensitisers, the dissolution was examined under 
light (PAR of 900 imol rn-2  s') and dark conditions using both un-washed and 

acid-washed concentrate at a dosage of 0.15 g L 1. The un-washed concentrate 

experiment was conducted over 3 days, whilst the acid-washed treatment was 
conducted over 6 days. In addition to the light and dark treatments for the acid-
washed concentrate experiment, a half light (PAR of 450 tmol m2 s1)  treatment 

was conducted together with a full light treatment under deoxygenated conditions. 
Deoxygenated conditions were established by sealing the watch glass onto the 
beaker with acetate tape and bubbling nitrogen into the bottom of the beakers. The 
nitrogen was first passed through a wash bottle containing 0.1 M HCl solution. A 
pH probe (Activon AEP53 1) was permanently positioned in the beaker to monitor 
the seawater pH, which was maintained at 8.2±0.4 via the periodic addition of 
small aliquots of saturated bicarbonate solution to the wash bottle (to release CO2 

and replace that displaced by N2 in the dissolution beakers). The oxygen levels 

were determined using an Activon Model 401 oxygen meter and probe. 

4.3 Results and Discussion 

The dissolution experiments were conducted in a manner which best simulated the 
dynamics of metal release under typical environmental conditions along the Bing 
Bong coastline. Initial pilot trials were conducted with a 6 cm stirring bar, but this 
resulted in the concentrate being ground in the bottom of the beaker which could 
cause changes in particle size and surface chemistry. The use of a 2 cm stirring 
bar caused no grinding, with concentrate settling around the outer-perimeter of the 
beaker (Plate 4.3). Apart from some hydrophobic particles which remained at the 
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seawater interface over the duration of the experiments, concentrate added to an 

experiment settled within a 6 hour period. Dissolution experiments are normally 

undertaken in suspended solution; however, as only small amounts of concentrate 

were used (0.01-1.25 g L-1) in these experiments, the transport or diffusion kinetics 

of reactants and products in this well mixed system would not be impeded. The 

dissolution of settled concentrate also better simulates dissolution in a natural 

system. 

Plate 4.3. Concentrate settled around the periphery of the beaker during a 
dissolution experiment. 

Seawater is well buffered and there was no change in the pH of solutions over the 

experimental duration. All experiments, apart from the fulvic acid/light experiment 

that was conducted under nitrogen, were conducted under saturated oxygen 

conditions. There was no change in oxygen concentrations over the experimental 

duration, with levels remaining between 5 and 6 ppm. The oxygen concentration in 

the experiment conducted under nitrogen was <0.3 ppm. 

The MRM concentrate was extremely fine grained and with 75% of particles <10 

pm (McArthur River EIS, Vol 1). The major metal constituents of the concentrate 

were Zn 43 %, Pb 12 % and Fe 7 %, with minor metal constituents being Cu 0.6 % 

and Cd 0.1 %. The surface area of the concentrate is estimated at 2.2 m3  9 1 , 

based on a spherical particle size of 7-8 .Im (Malvern laser sizer; McArthur Rivier 

Mining Pty. Ltd.). The concentrate contained heavy metal levels orders of 



113 

magnitude higher than that being determined in solution. Extreme care was 
therefore required to avoid contamination of samples. To ensure that concentrate 
particulates were efficiently precluded by a 0.45 pm filter paper, a 0.2 im filter 
was also trialled and found to produce identical results (Table 4.1). This confirmed 
that the 0.45 pm filter was efficiently retaining concentrate particles. 

Table 4.1. Concentration of dissolved metals (ppb) obtained 
from a concentrate (0.25 g L-1) dissolution trial after 144 hours 
using a 0.45 and 0.2 pm filter paper. 

Metal 0.45 pm (n2) 0.2 1m (n=3) 

Zn 5778±40 5870±170 

Pb 1275±4 1272±34 

Cd 21.9±0.2 21.9±0.8 

Cu 7.0±0.1 7.1±0.2 

Fe <0.5 

It is interesting to note in Table 4.1 that Fe mobilisation was very low despite its 
relatively high abundance in the concentrate (7%). Although Fe has limited 
toxicological importance in seawater, the dissolution of Fe was also monitored in 
all experiments due to its potential to enhance metal sulfide dissolution (see section 
1.4.1). However, the concentration of Fe that mobilised in all trials remained low 
(<2 ppb) even in the presence of an added complexing agent (fulvic acid), showing 
little variation or trends over the duration of experiments. This was attributed to the 
tendency of Fe to form particulate oxy-hydroxides in seawater and the strong 
adsorption of particulate and dissolved Fe species onto the concentrate surface. 
Iron hydroxides and oxides have been observed to adsorb to oxidised galena and 

pyrite surfaces (Goidhaber, 1983; Nicholson et al., 1990; Prestidge et al., 1995). 

Due to this behaviour no Fe results are presented in the subsequent discussion. 

In accordance with the standard practises for the determination of rate constants all 
results for the concentrate dissolution experiments are presented in molar 
concentrations. Table 4.2 is a conversion table to convert molar concentrations to 
mass concentrations, which are commonly used in environmental studies and have 
been used elsewhere in this thesis. In most cases the molar concentrations have 
also been normalised for the quantity of concentrate used in an experiment. To 
give the dissolution experiments some environmental perspective Table 4.2 also 
includes the Australian guideline concentrations for the protection of marine 

ecosystems (ANZECC, 1992). 
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Table 4.2. Coversion factors to convert molar concentrations to mass 
concentrations, and guideline concentrations (total) for the protection of Australian 
marine ecosystems (ANZECC, 1992). 

Concentration Zn Pb Cu Cd Fe Mn Co Ni 

Molar 100tM 101.tM lOOnM 100nM lOOnM 100nM 100nM 100nM 

Mass 6.5 ppm 2.1 ppm 6.4 ppb 11.2 ppb 5.6 ppb 5.5 ppb 5.9 ppb 5.9 ppb 

Guideline 50ppb 5ppb 5ppb 2ppb NR NR NR 15ppb 
NR = No recommendation made at this time. 

4.3.1 The Effect of Temperature on the Dissolution 

The physico-chemical baseline survey (Chapter 3) noted nearshore temperatures 
along the Bing Bong coastline of 17-18 °C in the dry season and 30-3 1 °C in the 
wet season. An average temperature of 26 °C was consequently chosen for all 
dissolution experiments. This matched the room temperature at which some initial 
pilot trials were undertaken, allowing for a comparison of results. In order to see if 
temperature had a marked effect on the dissolution of un-washed concentrate over 
the narrow temperature range applicable to the Bing Bong coastline, the dissolution 
was also examined at temperatures of 20 and 30 °C. The results for this are shown 

in Figures 4.1 - 4. Dissolution beakers were not covered by watch glasses in these 
initial experiments so that evaporation was significant and concentrations were 
corrected for evaporative losses. However, if the evaporation exceeded 10 % of 
the initial volume, the results were discarded due to excessive concentration 
changes. This resulted in a shorter experimental duration at higher temperatures. 
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Before focusing on the temperature dependency of metal sulfide dissolution, some 

general observations on the dissolution process are made. In all cases, the 

dissolution followed a two phase process, with the rapid dissolution of an existing 

pre-oxidised phase weakly adsorbed on the concentrate surface preceding the 

slower oxidative dissolution of the exposed metal sulfide surface (Figures 4.1 - 4). 

The slow secondary dissolution did not occur for Pb, which after the initial rapid 

dissolution either slowly re-adsorbed to the concentrate surface or precipitated 

from solution. In oxygen free distilled water, Pugh (1988) noted that the initial 

conductivity rapidly increased with the addition of aged natural and synthetic 

galena, and synthetic sphalerite. There are no other studies presented in the 

literature which report on the dissolution from a partially oxidised PbS or ZnS 

surface for comparison. The age of the concentrate used in these temperature 

experiments was approximately 4 months and the rapid initial dissolution was 

complete within a 6 hour period. 

The conditional rate constant (k1) for the initial rapid dissolution, as determined by 

measuring the concentration after 30 min and dividing by 0.5 hr, was 2 10±42 and 

36±4 tM hr1  for Zn and Pb respectively , whilst for Cd and Cu it was 592±46 

and 244±22 nM g-1  hr1, respectively (Table 4.3). 

Table 4.3. Effect of temperature on conditional rate constants for the initial and 
secondary phase dissolution of mixed sulfide concentrate. 

Dissolution rate constants (Cd, Cu: nM hr' g' Correlation Activation 

and Pb, Zn: jiM hr-1  9-1 ) Coefficient (r2 ) Energy, 
Ea  (kJ mo1 )b 

Initial, k1 a Secondary, k2 

Cd 592±46 20 °C: 2.32 0.95 47.6 (r2  = 0.97) 
26 °C: 3.15 1.00 
30 °C: 4.48 0.98 

Cu 244±22 20 °C: 2.20 1.00 57.2 (r2  = 0.95) 
26 °C: 3.08 1.00 
30 °C: 4.89 1.00  

Pb 36±4 20°C: -0.026 0.99 
26 °C: -0.024 0.96 
30 °C: -0.013 0.33  

Zn 210±42 - 20 °C: 1.17 0.95 38.2 (r2  = 0.91) 
26 °C: 1.41 0.98 
30 °C: 2.01 0.97 

Insufficient data points for the determination of rate constants at different temperatures. so  an 
average for all three temperatures is given. 

Activation energy derived from the slope of the plot l/T Vs In k2 (see Fig. 4.5) 
Pb rapidly attained equilibrium in solution and the Ea could not be determined. 

The conditional molar rate constant is determined by dividing the conditional rate 

constant by the number of moles of metal in a gram of ore. This provides 

information on the relative ability of metal sulfides to oxidize in this ore, 
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standardized against their actual concentrations in the ore, resulting in a water 
soluble salt. One gram of ore consists of 6.6 x 10 3  moles Zn, 5.8 x 10-  moles of 
Pb, 8.9 x io moles of Cd and 9.4 x 10-4  moles of Cu. The conditional molar rate 
constants for the initial dissolution were calculated as: 

Zn 32±6, Pb 62±7, Cd 6.6±0.5 and Cu 0.26±0.02 mM mole-1  hr1  

The conditional molar rate constants for the initial dissolution show that the 
oxidation of concentrate during storage that resulted in soluble salts was 
Pb > Zn > Cd >> Cu. It should be noted that the concentrate was initially stockpiled 
under conditions which promote concentrate oxidation; with concentrate having an 
initial moisture content of 13% and generating considerable heat which required 
the stock pile to be "turned over". According to Bachinski (1969) the order of 
sulfide bond strengths is sphalerite > galena > copper sulfides. The dissolution of 
mixed sulfide concentrate did not follow this order, with CuS having the weakest 
bond strength and lowest molar dissolution rate constant. However, in a mixed 
metal sulfide system, lattice exchange reactions will take place according to the 
sulfide solubility sequence (Introduction, Table 1.4). Apart from Pb, the dissolution 
sequence does follow this sulfide solubility sequence. Copper forms the most 
insoluble sulfide and readily undergoes lattice exchange reactions with Pb, Zn and 
Cd sulfides (Philips and Kraus, 1965). For the McArthur River Mine (MRM) 
concentrate, Zn was by far in excess of Cu and therefore lattice exchange was 
envisaged to occur very rapidly. Hence, the oxidation of CuS may not be evident in 
a mixed sulfide system due to rapid lattice exchange reactions. 

For Pb, impure PbS has been shown to rapidly oxidise in air (Kim et al., 1994) or 

solution (Fornasiero et al., 1994a). Eadington and Prosser (1969) found that the 

oxidation rate of synthetic PbS was similar to synthetic CuS in simple aqueous 
solution. According to sulfide solubilities (Table 1.4), like Cu, Pb should undergo 
lattice exchange with ZnS and CdS. However, several researchers have noted that 

solid-state diffusion may also control the metal - metal sulfide exchange rate; the 

exchange of larger covalent radii metals may cause strain on the crystal structure 
and impede the reaction kinetics (Philips and Kraus, 1965; Jain and Fuerstenau; 

1985; Davis et al.; 1994a). Lead has an ionic radius of 1.47 A in comparison to Zn 
1.25 A, and thus the exchange reaction of Pb with ZnS may be impeded. The ionic 
radius for Pb is similar to Cd 1.48 A, but the exchange reaction of Pb with CdS, 
although favoured, has been observed to be minimal due to the similarities of their 

solubility products (Hsieh et al., 1992). The concentration of Pb in concentrate is 

also nearly an order of magnitude greater than Cd so that this exchange could only 
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have a limited effect. Consequently, the rapid oxidation of Pb leads to a build-up of 
surface oxidised Pb species due to the slow lattice exchange of Pb with CdS and 
ZnS. In contrast, Cu was not affected by these factors because of its high 
insolubility and small ionic radius (1.17 A). Dixon et at. (1975) found that Pb2  
exchange with UV irradiated synthetic ZnS at pH 3 was 150 times slower than 
Cu2+ exchange. 

After the initial dissolution of the existing oxidised species, slower oxidation of the 
exposed metal sulfide surface can commence. The dissolution of the metal sulfide 
surface was essentially linear, indicating that this conformed to a surface-
controlled dissolution mechanism. The secondary phase conditional rate constants 
(k2) for Cd, Cu and Zn are shown in Table 4.3 and are several orders of magnitude 
lower in comparison to the initial conditional rate constants (k1). The activation 

energies (Ea) can be obtained from the Arrhenius equation, k = Ae-RT, where k 

is the rate constant, A is the frequency factor, R is the gas constant and T is 
Temperature (°K). Figure 4.5 shows a plot of ink Vs lIT, with the slope = Ea/R. 

The activation energies calculated from this are shown in Table 4.3 (Cu 57.2, Cd 
47.6 and Zn 38.2 Id mol-1). The order of the activation energies (Cu > Cd> Zn) 

again reflects the sulfide solubility sequence rather than the strength of the sulfide 
bonds. Like the initial dissolution rate, the secondary dissolution rate was similarly 
controlled by lattice exchange reactions. However, care should be taken in the 
interpretation of these results as dissolution was only examined at 3 temperatures, 
with limited data points for the highest temperature. 

o Cu y = 24.2 - 6885x RA2 = 0.95 
Cd —203-5724 RA2_097 

0 
y x 

D Zn y=15.8-4599x RA2=0.91 

6

13 

0.0033 0.0034 0.0034 
1 / Temp (l/°K) 

Figure 4.5. Plot of in k Vs l/T for Cu, Cd and Zn dissolution from concentrate. 
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In aqueous, acidic oxygenated solutions, activation energies for CdS and ZnS of 18 

and 16-40 kJ mo1 1  have been reported, respectively (Hsieh and Huang, 1991; 

Harvey et al., 1993). Lower activation energies would be anticipated in acidic 

solutions, where surface protonation of the sulfide has been suggested as the first 

step in the dissolution mechanism for metal sulfides (Hsieh and Huang, 1989; 

Hsieh and Huang, 1991; Fornasiero et al., 1994a). In simple aqueous solution at 

neutral pH, Eadington and Prosser (1969) found that the rate of oxidation of 

synthetic PbS did not change by more than 10 % between 25 and 50 °C. This 

indicates that PbS has a relatively low activation energy in comparison to CdS and 

ZnS. 

Unlike the other metals examined (Cd, Cu and Zn), there was no secondary phase 

dissolution of Pb, with a slow re-adsorption or precipitation of mobilised Pb 

observed (Table 4.3). The maximum initial concentration of Pb released from the 

concentrate showed a clear linear temperature dependency as shown in Figure 4.6. 

This temperature dependency and the subsequent slow loss of Pb from solution 

indicates that precipitate solubility, which increases with increasing temperature, 

was controlling the behaviour of Pb. The solubility of Pb in seawater is believed to 

be controlled by PbCO3 which gives a saturation concentration of approximately 3 

jiM (620 jig L 1; Bearman, 1989). The initial Pb dissolution at 20°C from 

concentrate (0.25 g L 1) reaches around 6 jiM (1240 jig L 1) indicating that even at 

this low dosage rate, Pb dissolution can exceed PbCO3 solubility. Thus for higher 

concentrate dosages, the initial rapid dissolution of existing soluble surface hydroxy 

and sulfate species will be followed by the precipitation of PbCO3. 

IM 
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27 

0 26 

y = 19.48 + 0.30x RA2 = 0.998 

25 
18 20 22 24 26 28 30 32 

Temperature (°C) 
Figure 4.6. The linear dependency of the maximum initial concentration of 
Pb released from the concentrate after 6 hours. 
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To give the dissolution rates some perspective, the extent of Zn dissolution was 

considered on the basis of the proportion of the total amount that had entered 

solution during the experiment. For a concentrate dosage of 0.25 g L 1  , the extent 

of Zn dissolution after 144 hours at 20°C was 85 tM (340 tM g 1, Figure 4.1). This 

was composed of 45 pM during the initial 6 hour dissolution period and 40 tM over 

the subsequent 138 hour period. The maximum possible concentration of Zn in 

solution, neglecting precipitate formation and assuming complete concentrate 

dissolution was 1.64 mM. Thus approximately 5% of the concentrate had entered 

solution after 144 hours. Assuming total dissolution and a constant dissolution rate, 

complete dissolution of Zn from the concentrate would theoretically require 230 

days. A similar calculation performed for Cu, which has the lowest dissolution rate, 

would require 11,030 days. Shrinkage of the concentrate particles over time 

decreases the surface area and decreases the rate of dissolution so that complete 

dissolution would actually take a longer time. 

In summary, Cd, Cu and Zn sulfides show a 2 phase dissolution process, with the 

rapid dissolution of a pre-oxidised weakly bound outer phase, followed by the 

slower oxidation of the exposed metal sulfide surface. The conditional rate 

constants and activation energies for these metals follow the sulfide solubility 

sequence rather than the order of sulfide bond strengths, indicating the importance 

of lattice displacement reactions in a mixed metal sulfide system. The conditional 

rate constants for the initial dissolution of existing oxidised species were several 

orders of magnitude greater than the conditional rate constants for the secondary 

metal sulfide oxidative dissolution. From an environmental perspective, the initial 

rapid dissolution of concentrate will have an immediate impact on the 

environment, with additional dissolution having a smaller effect due to a much 

slower dissolution rate which in an open system may not exceed dilution and 

sediment uptake. This is analysed and discussed in Chapter 5 and 6. On a molar 

basis, Pb had the highest initial dissolution rate constant, with Pb dissolution rapidly 

exceeded the solubility of PbCO3 in seawater (= 6 tM, 1 ppm), even at the low 

concentrate dosage rate of 0.25 g L1 
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4.3.2 The Effect of Concentrate Concentration on Dissolution 

The dissolution of Zn, Pb, Cd and Cu at concentrate dosages of 0.01, 0.05, 0.15, 

0.25, 0.75 and 1.25 g L-1  are shown in Figures 4.7a - lOa. For comparison between 
treatments, the data has been normalised for the lower concentrate dosages 
(0.01 - 0.25 g L 1) in Figures 4.7b - lOb; the higher concentrate dosages (0.75 and 
1.25 g L-1) were not normalised due to precipitation affecting the dissolution 
(discussed later). Additional dissolution curves for Zn, Pb and Cd in seawater at 
higher concentrate dosage rates are presented in Figures 4.11 - 13, with the data 
obtained from the McArthur River Project Environmental Impact Statement, Vol 1, 
1992. Data for Zn and Pb dissolution in seawater from a Zn-concentrate and Pb-
concentrate produced from the Century Mine, north-west Queensland, is shown in 
Figure 4.14 and 4.15, with the data obtained from the Century Project: Marine 
Toxicology Study Preliminary Report (1992). The composition of the Century Mine 
concentrates are shown in Table 4.4 together with that of the MRM concentrate for 

comparison. 

Time (hours) 

Figure 4.7a. Zn dissolution at various concentrate dosage rates. 
(Salinity 28 %o; pH 7.7; TOC 4 mg L* C) Temperature 26 °. 
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Figure 4.7b. Normalised Zn dissolution at various concentrate dosage rates. 
(Salinity 28 %o; pH 7.7; TOC 4 rng L* Temperature 26 °C). 
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Figure 4.8a. Pb dissolution at various concentrate dosage rates. 
(Salinity 28 %o; pH 7.7; TOC 4 mg L* Temperature 26 °C). 
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Figure 4.8b. Normalised Pb dissolution at various concentrate dosage rates. 
(Salinity 28 %c; pH 7.7; TOC 4 mg L; Temperature 26 °C). 
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Figure 4.9a. Cd dissolution at various concentrate dosage rates. 
(Salinity 28 %o; pH 7.7; TOC 4 mg L 1 ; Temperature 26 °C). 
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Figure 4.9b. Normalised Cd dissolution at various concentrate dosage rates. 
(Salinity 28 %o; pH 7.7; TOC 4 mg L 1 ; Temperature 26 °C). 
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Figure 4. lOa. Cu dissolution at various concentrate dosage rates. 
(Salinity 28 %o; pH 7.7; TOC 4 mg L* Temperature 26 °C). 
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Figure 4.lOb. Normalised Cu dissolution at various concentrate dosage rates. 
(Salinity 28 %c; pH 7.7; TOC 4 mg L* Temperature 26 °C). 

1500 

1000 

0 
500 

U 

0'• u • • 

0 24 48 72 96 120 144 

Time (hours) 

Figure 4.11. Zn dissolution at high concentrate dosage rates. (Seawater characteristics 
unknown. Data from McArthur River Project Environmental Impact Statement, Vol 1, 1992). 
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Figure 4.12. Pb dissolution at high concentrate dosage rates. (Seawater characteristics 
unknown. Data from McArthur River Project Environmental Impact Statement, Vol 1, 1992). 
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Figure 4.13. Cd dissolution at high concentrate dosage rates. (Seawater characteristics 
unknown. Data from McArthur River Project Environmental Impact Statement, Vol 1, 1992). 
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Figure 4.14. Zn dissolution from Century Mine Zn-concentrate and Pb-concentrate. 
(Seawater characteristics unknown; Temperature 29 °C; Concentrate 10 gIL; Data from Century 
Project, Marine Toxicology Study Preliminary Report, 1992). 
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Figure 4.15. Pb dissolution from Century Mine Zn-concentrate and Pb-concentrate. 
(Seawater characteristics unknown Temperature 29 °C; Concentrate 10 gIL; Data from Century 
Project, Marine Toxicology Study Preliminary Report, 1992). 
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Table 4.4. Major constituents of the McArthur River Mine and both 
Century Mine concentrates (%). 
Concentrate Zn Pb Fe Mn Cu 
McArthur River Mine 43 12 7.0 0.01 0.6 
Century Mine - Zinc 51 1.5 3.2 0.17 0.17 
Century Mine - Lead 6 45 1.3 0.04 0.10 

At low concentrate dosages (<0.25 g L-1) the dissolution curves for each metal 
generally show similar characteristics (Figures 4.7a - 10a). At the higher 
concentrate dosages (>0.25 g L 1) the dissolution curves begin to be affected by 
metal carbonate precipitation (Figures 4.8a, 4.11 - 13). This was evident from the 
initial spike caused by the rapid dissolution of existing oxidised surface species 
followed by the gradual precipitation of Zn, Pb and Cd carbonates. Bearman 
(1989) suggests that the carbonate saturation concentration of these metals in 
seawater is Zn: 200 j.tM, Pb: 3 jiM and Cd: 0.1 jiM. From Figures 4.7 - 13, the 
approximate solubility limit of Zn, Pb and Cd in the seawater used in these 
experiments was 150 , 6 and 1 jiM, respectively, with these concentrations reached 
at concentrate levels of around 0.75 g L 1  for Zn, 0.25 g L for Pb and 5 g L 1  for 
Cd. The saturation concentration of Cu controlled by Cu(OH)2 solubility in 

seawater has been reported to be 2 jiM (Bearman, 1989). These levels for Cu were 
not reached in the concentrate dissolution trials with the linear Cu dissolution 
ceasing at the high dosage rates (0.75 and 1.25 g L 1, Figure 4.10a). 

In contrast to the dissolution trials with McArthur River Mine concentrate (Figures 

4.7 - 13), the dissolution studies reported in The Century Project, Marine 
Toxicology Study Preliminary Report (1992), showed that much lower levels of 
both Zn and Pb were mobilised into seawater from the Century Mine Zn and Pb 
concentrates (Figures 4.14 and 4.15). The dissolution studies with Century Mine 
concentrates were conducted in centrifuge tubes with 0.1 g of concentrate added to 
10 mL of seawater. The tubes were gently shaken in a water bath at 29 °C and 
tubes were removed at set time intervals, centrifuged and the supernatant analysed 
by ICP-AES (note that solutions were not filtered). The amount of concentrate 

used in this experiment was equivalent to 10 g L 1  and an equal quantity of 

McArthur River Mine (MRM) concentrate would have produced extremely high 
Zn and Pb concentrations by comparison. A breakdown of the major constituents 
in each concentrate are compared in Table 4.4. Despite Pb being a minor 
constituent of the Century Zn-concentrate, it was mobilised more readily in 
comparison to mobilisation from the Century Pb-concentrate (Figure 4.15). This is 
despite galena generally having a much faster oxidation rate than sphalerite (refer 
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to section 1.4.1). The rate of Zn dissolution from Century Pb-concentrate was 
negligible after the initial dissolution of existing oxidised species (2 hr time, Figure 
4.14). Ignoring particle sizes (unknown for Century concentrates) which may 
account for a proportion of the differences, the concentrate impurity levels 
correlate with the differences in dissolution behaviour: the higher the level of Fe 
impurities the greater the concentrate dissolution. As discussed in section 1.4.1, 
there is mounting evidence to suggest that rapidly oxidising impurities catalyse the 
oxidation of galena (Kim et al., 1994). Based on studies with pyrite (Moses et al., 
1987; Moses and Herman, 1991), it appears that even at the alkaline pH of 
seawater, Fe promotes dissolution and may enhance the oxidation of other sulfide 
minerals, possibly via Fe(II)/Fe(III) cycling and/or via the alteration of mineral 
magnetic properties to facilitate the reaction with oxygen (refer to section 1.4.1). 
Some dedicated studies are required on the mechanism through which Fe appears 
to enhance the dissolution of other metal sulfides. 

The dissolution of pyrite has been found to follow a surface-controlled mechanism 

(Moses et al., 1987 and ref. therein). Dissolution from the mineral surface depends 
upon steady state conditions being maintained. That is the proportion of active sites 
on the mineral surface that precede dissolution must be maintained. Under these 
conditions the dissolution of mineral constituents proceeds linearly with time. At 

the low concentrate dosages (<0.25 g L 1) Zn, Cd and Cu dissolution from the 

exposed sulfide surface proceeded linearly with time after the initial dissolution of 

the existing oxidised layer (Figures 4.7 - 4.10). This indicates that the dissolution 
conforms to a surface-controlled mechanism. The release of oxidation products 
from the surface was rate-limiting and the diffusion of reactants such as oxygen 
were fast in comparison to the rate of release of the reacted species. In contrast, if 
the transport of oxygen had become rate limiting, then the dissolution would be 
diffusion-controlled and the metal concentrations would increase in proportion to 
the square root of time, which they didnt. Through-out all experiments the 
seawater remained saturated with oxygen (5-6 ppm, depending upon the salinity). 

Studies on the dissolution of pyrite at neutral to alkaline pH has shown that a ferric 
oxide coating developed on the pyrite surface with time, which acted as a 
diffusional barrier and resulted in lower rates of dissolution with time (Goidhaber, 

1983; Nicholson et al., 1990). Morse (1991) also observed that the rate of pyrite 

oxidation in seawater was initially rapid, with approximately 20% oxidation in the 
first week, followed by only a few percent of additional oxidation over subsequent 
months; this being attributed to a build-up of iron oxide or other coatings on the 
surface. For MRM concentrate, the dissolution of Zn and Cd from the exposed 
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sulfide surface was essentially linear after the initial dissolution of existing oxidised 
species and indicates limited re-adsorption of Zn and Cd species onto the 
concentrate (Figures 4.7a and 4.9a). In contrast, Pb dissolution shows curvature 
(equilibrium) as does Cu at high concentrate dosages. This indicates that mobilised 
species could be re-adsorbed onto the concentrate surface and/or that reactants 
became limiting (Figures 4.8a and 4.10a). It appeared that mobilised Fe(III), a type 
A metal, precipitated as an oxyhyroxide andlor strongly re-adsorbed to the 
concentrate surface, as dissolved concentrations in all experiments remained 
below 2 ppb. Similarly Pb, which has more A type character than Zn or Cd (refer 
to Stumm and Morgan, 1996), rapidly attained equilibrium showing that Pb was re-
adsorbed onto the concentrate surface. The reason for the departure from linearity 
for Cu is discussed later. From the results of previous studies with pyrite dissolution 
(Goldhaber, 1983; Nicholson et al., 1990; Morse, 1991) it could be anticipated that 
in long term studies, the dissolution of other mixed metal sulfides such as Zn/Pb 
concentrate would be impeded by the build up of an iron oxide surface coating at 

neutral to alkaline pH. 

The normalised concentrate dissolution graphs (Figures 4.7b - lOb) show that the 

rapid initial dissolution (first 30 mm) of existing surface oxidised species was 
proportional to the amount of MRM concentrate used. For Zn and Pb this 

amounted to 190±10 and 25±6 iM g 1  of concentrate, respectively, whilst for Cd 

and Cu it was 460±50 and 240±160 nM g 1  of concentrate, respectively. The 

reason for the high variability of initial Cu mobilisation is discussed later. 

If steady state conditions apply, the normalised dissolution curves at different 
concentrate dosages should yield identical curves (lines). This was the case for Zn 
and Cd with the relative mobilisation being only slightly lower with increasing 
concentrate dosage (Figures 4.7b and 9b). However, Pb and Cu showed significant 
deviations from this with the relative amount of metal mobilised decreasing with 
increasing concentrate dosage (Figures 4.8b and lOb). For Cu even the initial (30 
mm) normalised dissolution of the existing oxidised phase (Figure 4. lOb) showed 

this trend, averaging 456, 273, 126 and 107 nM g 1  for concentrate dosages of 0.01, 

0.05, 0.15 and 0.25 g L 1, respectively. 

In section 4.3.1 it was shown that copper had the lowest rate of mobilisation due to 
rapid lattice displacement reactions with other metal sulfides. As discussed in 
section 1.2.3 and shown in later sections (4.3.3 and 4.3.6), organic complexation 
can control Cu speciation in seawater. Organic chelation at the mineral surface by 
low molecular weight bidentate ligands has been demonstrated to be an important 
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dissolution mechanism for metal oxides (Furrer and Stumm, 1986) and the photo-
dissolution of CdS (Davis et at., 1995). In this study it appears that natural organic 
ligands forming a strong complex with Cu promote dissolution in seawater and 
inhibit the lattice exchange reactions which prevent Cu dissolution. Park and 
Huang (1989) noted that a large amount of strong complexing ligand (EDTA) 
could prevent Cu lattice exchange with CdS and Hallberg et al. (1980) found that 
organic complexation of Cu in marine porewaters could prevent CuS precipitation. 
The relatively lower amount of Cu mobilised with increasing concentrate dosages 
was therefore due to organic ligands becoming a limiting factor. Natural organic 
ligands have a range of complexing sites with different complexation constants and 
weaker complexing sites would become progressively occupied with increasing 
mineral dissolution, until finally lattice exchange reactions would again dominate. 
Therefore in a closed system, uncomplexed organic ligand can become exhausted 
and steady state dissolution conditions no longer applied. Thus the relative rate of 
Cu dissolution decreased with increasing concentrate dosage. 

The normalised dissolution trends for Pb are similar to that of Cu (Figures 4.8b and 
4.10b). However, Pb rapidly attains equilibrium in solution and appears to be 
controlled by the re-adsorption of mobilised Pb onto the concentrate surface and 
establishment of an adsorptionldesorption equilibrium. The re-adsorption was 
specific at active Pb dissolution sites, otherwise the re-adsorption of Pb would 
block active dissolution sites for Zn and Cd, decreasing Zn and Cd dissolution with 
time which was not evident (Figures 4.7b and 4.9b). As shown later, Cu dissolution 
was totally dependent on organic complexation and thus was not affected by Pb re-
adsorption. The Pb equilibrium was not proportional to the concentrate dosage rate 
(Figure 4.8b) and it appears that like Cu, Pb equilibrium was also dependent on 
organic complexation. The reported solubility of PbCO3 in seawater (3 .tM; 

Bearman, 1989) was exceeded for all concentrate dosages, except the 0.01 g L 1  

(Figure 4.8a). In this singular case, Pb dissolution had not reached equilibrium by 
96 hours (Figure 4.8b). The organic complexation of Pb appeared to increase the 
dissolved equilibrium concentration of Pb beyond that controlled by carbonate 
precipitation. It is shown in section 4.3.6 that fulvic acid, present at a low 

concentration of 2.5 mg L-1, could double the equilibrium concentration of 
dissolved Pb, being well in excess of the solubility of PbCO3. The filtered seawater 

used here in the concentrate dosage trials contained dissolved organic compounds 

(TOC of 4 mg L 1), of which approximately 75% could be present as humic and 
hydrophilic acids (Thurman, 1985). Thus like Cu, the dissolution behaviour of Pb 
could be attributed to organic complexation which resulted in a decreasing relative 
equilibrium level with increasing concentrate dosage (Figure 4.8b). Both Cd and 
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Zn have a lower affinity for humic substances in comparison to Cu and Pb 
(Mantoura et at., 1978; Kerndoff and Schnitzer, 1980) and therefore the dissolution 
of Cd and Zn was independent of organic complexing ligands. 

As well as the contribution made from organic ligand-promoted dissolution, 

carbonate appears likely to also participate in the dissolution mechanism for Pb. 

Speciation studies suggest that Pb in seawater predominantly forms carbonate 

species (refer to Introduction, Table 1.2). Bicarbonate was believed to enhance the 
dissolution of hematite through the activated species FeOH-HCO3 (Bruno et at., 

1992) and an equivalent mechanism is envisaged for Pb dissolution from 

concentrate where the activated surface species may be: 

/ 
S OH 

SçO_CO2H 

Fornasiero et at. (1994) recently showed that galena dissolution was greatest in air 
followed by 02 and N2, and that dissolution was greater in air than in CO2. It was 

concluded that the enhanced dissolution mechanism in air must involve both 02 

and CO2. A recent study on the oxidation of galena by air showed that initially 02 

was adsorbed followed by the latter adsorption of CO2, which reacted with 0 or 

OH-  sites to form lead hydroxycarbonate species (Laajalehto et at., 1993). 

The rate equation for the dissolution of Pb by detachment of an activated complex 

on the metal sulfide surface can be derived. Such a mechanism must account for 

the re-adsorption of Pb2  at the active dissolution sites. Ignoring the rapid 

dissolution of an existing surface oxidised phase, dissolution of Pb from an 

activated site on MS can be expressed as: 

MS(s) Pb* MS(s)  + Pb2 (4.1) 

The steps leading to site activation for dissolution are assumed to be fast and not 
rate-limiting. Letting A denote [MS(syPb*],  the rate of Pb2  dissolution is given by 

d[Pb2 1I/dt = kd[A] - kr[MS(s)[Pb2 ] (4.2) 

with the forward dissolution rate constant kd and the reverse re-adsorption rate 

constant kr. The [MS(s)] remains constant in this system, so equation 4.2 can be 

written as 



d[Pb2 ]/dt = kd[A] - kR[Pb2 ] (4.3) 

where kR = kr[MS(s)]. In the experimental set-up the initial [Pb2 ], denoted [Pb2 i0 
was negligible ([Pb2 ]0 = 0) and [A] = [A]0 - [Pb2 ]. Substituting this into equation 

4.3 gives 

d[Pb2 ]/dt = kd[A]0 - (kd + kR)[Pb2 ] (4.4) 

which is in the form of 

(a[Pb2 ] + b)-1d[Pb2 ] = dt (4.5) 

where a = -(kd + kR) and b = kd[A]o . The indefinite integral of (ax + b)'dx is a 

standard form: 1/a ln(ax + b) + C. Using this and integrating between time 0 and 

time t gives 

1/a(ln{a[Pb2 ] +b)b 1 } =t (4.6) 

Rearranging equation 4.6 and substituting back for a and b gives 

((kd + kR)Ikd)([Pb2]/[A]O) = 1- exp-(kd + kR)t (4.7) 

Now the equilibrium constant for reaction 4.1 is given by 

Keq  = [MS(s)]eq[Pb2 ]eq/[A]eq = kd I kr (4.8) 

and therefore [Aleq  = (kR / kd)[Pb2 ieq (4.9) 

Now [Aleq  = [A]0 - [Pb2 ]eq (4.10) 

Substituting equation 4.9 into 4.10 and solving for [A]0 gives 

[A]o = (kd + kR/kd)[Pb2 ]eq (4.11) 

Finally, substituting equation 4.10 back into equation 4.6 gives 

[Pb2 ]/[Pb2 ieq = 1- exp-(kd + kR)t (4.12) 

134 
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In their study of galena oxidation, Fornasiero et al. (1994) found that the dissolution 
of Pb from high purity natural galena fitted the equation 

[Pb2 } = [Pb2 ]max  (lexp(kt)) (4.13) 

where [Pb2+]max  was the maximum concentration of Pb2+  reached in solution and 
k was the apparent dissolution rate constant. Equations 4.12 and 4.13 are identical 
with [Pb2 ]max  = [Pb2 ]eq  and k = (kd + kR). An example of this equation applied 
to Pb dissolution from concentrate at a dosage of 0.01 g L-1  and [Pb2 ]eq  = 1.75 
p.M and k = 0.047 p.M hr1  is shown in Figure 4.16. Unlike the study of Fornasiero 
et al. (1994) where the dissolution conformed to this equation, the dissolution from 
concentrate was initially very rapid in comparison to the predicted equation. This 
reflects the nature of the galena used. Fornasiero et al. (1994) used freshly ground, 
high purity natural galena, whereas this study used a mixed sulfide concentrate 
which had an existing surface layer of weakly bound oxidised species which 
underwent rapid dissolution. 
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Figure 4.16. Dissolution of Pb from concentrate (0.01 g L) and the dissolution 
predicted by the equation [Pb2 ] = [Pb2 ieq (1-exp(-kt)) where [Pb2]eq = 1.75 p.M 
and k = 0.047 p.M hr' (Salinity 28 %c; pH 7.7; TOC 4 mg L* C) Temperature 26 °. 

A relationship between {Pb]eq, as determined after 97 hours, versus the square root 
of concentrate dosage is shown in Figure 4.17. This graph shows that [Pb]eq  can be 

determined from the equation [Pb]eq  = -0.16 + 17.1[Concentrate Dosage]"2. It 

should be noted that whilst this equation fits the data it appears to have no 
mechanistic justification. The high-temperature pressure oxidation of natural 
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sphalerite has been observed to have a similar dependence on the square root of 

the initial sphalerite concentration (Harvey et at., 1993), but no mechanistic reason 

for the dependency was apparent. 
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Figure 4.17. Dependence of the Pb equilibrium concentration on the square root 
of the concentrate dosage (Salinity 28 %o; pH 7.7; TOC 4 mg L 1 ; Temperature 26 °C). 

After the completion of the 1.25 g L 1  concentrate dissolution experiment, a fine 

white precipitate formed in the concentrate-free central area of the beakers. Six 

days after the experiments completion samples of the precipitate were taken, 

dissolved in nitric acid (5% HNO3) and analysed by ICP-AES. This was found to 

be significantly enriched in Zn (ratio Zn:Pb was 70:1 w:w), indicating a build up of 

ZnCO3 precipitate with time. Despite PbS oxidising more rapidly than ZnS and 

having a lower carbonate solubility, there was little build-up of PbCO3 precipitate 

during this time. The reason for this was that Pb and Zn show different behaviours 

in seawater. Lead has a strong affinity for the concentrate surface and rapidly 

attained equilibrium in solution (Figure 4.8a). At high concentrate dosages the Pb 

equilibrium concentration becomes equal to the complexation capacity of organic 

ligands plus the solubility of PbCO3. The establishment of equilibrium conditions 

inhibits further mobilisation of Pb and a build-up of PbCO3 precipitate. Since the 

concentrate surface has a surface layer of oxidised species other than PbCO3 (e.g. 

PbSO4, Pb(OH)2; Kim et at., 1994), the mobilisation of Pb could initially exceed 

the solubility of PbCO3 due to the dissolution of more soluble Pb species, which 

was followed by the gradual precipitation of PbCO3 at high concentrate dosages 

(Figures 4.8a and 4.12). In contrast, Zn appears to continue mobilising, creating a 
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build-up of ZnCO3 precipitate with time. It is shown in section 4.3.4 that Pb 

continues to rapidly mobilise with the replacement of seawater as it attempts to re-

establish equilibrium and thus both Zn and Pb would be expected to eventually 

reach complete dissolution in an open system. Column leaching studies with 

Century Zn-concentrate and Pb-concentrate similarly show that dissolution would 

go to completion in an open oxygenated seawater environment (Century Project: 

Marine Toxicology Study Preliminary Report, 1992). 

4.3.3. The Effect of Salinity on Concentrate Dissolution 

For a surface-controlled dissolution mechanism the detachment of the surface 

activated species is the rate limiting step (Stumm, 1992): 

FAST: surface sites + reactants (H, OH-, or ligands) —* surface species 
SLOW: surface species - Me c1  

Thus this reaction sequence can be made up of a number of small, fast reaction 

steps involving the attachment of reactants to the surface, but the over-all rate 

limiting step is the slow detachment of the surface activated species. This assumes 

steady state conditions apply and th supply of reactants forming the activated 

complex are not exhausted or limiting. Rate constants vary with ionic strength 

depending upon the nature of the reactants and their activity coefficients (Stumm, 

1990). Decreasing ionic strength increases the reaction rate between opposite 

charged reactants, decreases the rate for like charged reactants and has little effect 

when either of the reactants is uncharged (Stumm, 1990; Brezonik, 1994). 

The Bing Bong nearshore coastline has a salinity in the range 35 - 40 %c, but lower 

salinities could occur on the shallow mudflats during rainfall. In this experiment the 

dissolution of concentrate was examined at salinities of 12.8, 25.5 and 38.3 %c and 

the results are shown in Figures 4.18 - 21. Dissolution in seawater with salinities 

ranging from 12.8 to 38.3 %c had little effect on the initial dissolution of weakly 

bound oxidised Zn and Cd species from the concentrate, which was 322±9 tM g 1  

and 552±6 tM g 1 , respectively, as determined after 30 mm (Figures 4.18 and 

4.20). The subsequent rate of dissolution from the exposed metal sulfide surface 

(as measured after 2 hours) showed a slight increase with decreasing salinity for 

both Zn and Cd (Table 4.5). The results of Florence et at. (1994) for the column 

leaching of Zn from the Century Mine Zn-concentrate also suggest that 

mobilisation increases with decreasing salinity over the range 32 to 10 %. 

However, care must be taken with the interpretation of the results of Florence et al. 
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(1994) as no information was provided on either the seawater pH or whether the 
leachates were filtered. Overall, salinity only had a minor effect on Zn and Cd 
dissolution from the concentrate, suggests that the activated surface complex 
preceding dissolution was uncharged. Such a complex is suggested in the 
dissolution mechanism shown in Figure 4.42 at the end of this chapter. 
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Figure 4.18. Salinity dependence of Zn dissolution from concentrate. 
(pH 8.1 - 8.3; TOC 1.3 -4mg L 1 ; Temperature 26 °C; Concentrate 0.15 g L). 
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Figure 4.19. Salinity dependence of Pb dissolution from concentrate. 
(pH 8.1 - 8.3: TOC 1.3 - 4 mg L 1 ; Temperature 26 °C; Concentrate 0.15 g 
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Figure 4.20. Salinity dependence of Cd dissolution from concentrate. 
(pH 8.1 - 8.3; TOC 1.3 - 4 mg L 1 ; Temperature 26 °C; Concentrate 0.15 g L 1 ). 
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Figure 4.21. Salinity dependence of Cu dissolution from concentrate. 
(pH 8.1 - 8.3; TOC 1.3 - 4 mg L 1 ; Temperature 26 °C; Concentrate 0.15 g L-1). 
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Table 4.5. Conditional rate constants (k) for the dissolution of Cd and Zn from 
the exposed metal sulfide surface at various salinities (as determined after the 
initial 2 hour dissolution period). Data from Figures 4.18 and 4.20. 

Salinity (%o) k (Cd: nM g-1 -1) 

(Zn: tM g 1  hr1 ) 
Correlation 

Coefficient (r2) 
Cd 38.3 1.91 0.90 

25.5 2.79 0.95 
12.8 3.18 0.86 

Zn 38.3 1.04 0.90 
25.5 1.25 0.98 
12.8 1.65 0.93 

In contrast to Zn and Cd, the "salinity" change had a much larger effect on Pb and 
Cu dissolution. The greatest effect was evident for the dissolution of Cu with the 
amount of Cu mobilised directly proportional to the salinity (Figure 4.21). However, 
this relationship was not due to salinity changes. As already discussed, Cu 
mobilisation from a mixed sulfide concentrate was prevented by lattice exchange 
reactions and requires complexation with a strong ligand to inhibit this reaction. By 
diluting seawater with ultra-pure water containing no TOC, the amount of organic 
ligand in the seawater available for ligand promoted dissolution was decreased. 
Therefore Cu dissolution decreases proportionally to the concentration of TOC 
(Figure 4.22). The curvature of dissolution at each salinity (Figure 4.21) also 
indicates that the organic ligand became limiting, with the rate of dissolution 
decreasing with time as the concentration of uncomplexed ligand decreased. It is 
interesting to note that at zero TOC there would be no Cu dissolution (Figure 4.22). 
This was the case when we examined Cu dissolution (in a similar experiment) 
using acid-washed concentrate (0.15 g L 1) in a 1x10 3  M KNO3 solution at pH 6 

(no TOC) and found that there was no mobilisation of Cu (<12 nM) over 96 hours 
(Tsang and Batterham, unpublished results). This showed that at near neutral pH, 
there was no dissolution of Cu due to the lattice exchange reactions between Cu 
and the more soluble metal sulfides (Fe, Zn, Cd, Pb). In conclusion, Cu would not 
mobilise from a mixed sulfide concentrate under most fresh water or seawater 
conditions without organic complexation to prevent the metal sulfide lattice 
exchange reactions. 
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Figure 4.22. Organic complexation dependence of Cu dissolution from concentrate 
as measured by the concentration in solution after 72 hours. 
(pH 8.1 -8.3; TOC 1.3-4mg L; Temperature 26°C; Concentrate 0.15 g L). 

From the preceding discussion on the effect of organic ligand complexation on Pb 

equilibrium (section 4.3.2.2), it could be expected that Pb would behave similarly to 

Cu. However, this was not the case. The concentration of Pbeq  initially decreased 

with a salinity change of 38.3 to 25.5 %, consistent with a lower concentration of 

organic ligand, but then increased at a salinity of 12.8 % (Figure 4.19). The exact 

reason for this requires further investigation. Note that the concentration of Pbeq  in 

solution, as measured at 72 hours, was 4.8, 3.5 and 4.2 p.M at salinities of 38.3, 25.5 

and 12.8 %o, respectively, and that these concentrations still exceed the reported 

solubility of PbCO3 in seawater (3 p.M; Bearman, 1989). Thus one possible 

explanation for the behaviour of Pb was that whilst the effect of complexation by 

ligands decreased with decreasing "salinity" (lower TOC gives lower Pbeq), the 

solubility of PbCO3 was also increasing with decreasing salinity (and slightly lower 

pH) which resulted in the reversal in the trend for Pbeq. In a similar experiment 

using acid-washed concentrate (0.15 g L) in lxl0 3  M KNO3 solution at pH 6 (no 

TOC), Pbeq  reached around 160 p.M g 1  of concentrate (Tsang and Batterham, 

unpublished results) in comparison to 20 - 30 p.M g in seawater (Figure 4.19). 
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4.3.4 The Effect of an Existing Oxidised Layer on Concentrate Dissolution 

In previous sections it has been shown that heavy metals rapidly mobilise from the 
existing surface layer of oxidised species on the concentrate. To further examine 
the importance of concentrate age and the formation of an existing oxidised 
surface layer on the dissolution of concentrate, a dissolution experiment was 
conducted in which the oxidised surface layer was first removed via acid-washing. 
Whilst the concentrate was acid-washed (HC1) under nitrogen, it was oven dried 
for exactly 30 min in air at 30 °C prior to the addition to the experiment. It has been 
shown that even under nitrogen, minute amounts of oxygen can significantly 
oxidise galena surfaces (Fornasiero et at., 1994). Therefore no attempt was made 
to preclude oxygen during the drying period which was kept to a minimum to limit 
surface oxidation. In other studies, unoxidised galena surfaces have been obtained 
by grinding or cleaving a large galena crystal immediately prior to use (Laajalehto 
et at., 1993; Fornasiero et at., 1994). This was not possible in this study due to the 
fine nature of the concentrate. 

The results for the dissolution of acid-washed (relatively unoxidised) concentrate 
and un-washed (oxidised) concentrate are presented in Figures 4.23 - 26. The 
dissolution curves for the acid-washed concentrate show that air oxidation during 
the 30 min drying period appeared to be negligible for both Zn and Cd (Figures 

4.23 and 4.25), limited for Cu (Figure 4.26) and appreciable for Pb (Figure 4.23). 
This was evident from the initial (30 mm) concentrations in these Figures. The 
relative rate of oxidation of these metals in air in the mixed metal-sulfide 
concentrate appeared to be Pb >> Cu > Zn, Cd. These results are in accordance 
with sulfide bond strengths (sphalerite > galena> copper sulfides; Bachinski, 1969) 
when it is noted that metal-sulfide exchange reactions limited Cu dissolution, which 
only occurred through organic complexation. Natural galena oxidation has been 
reported to initiate in minutes (Kim et at., 1994) so that oxidised Pb species were 
likely to form on the surface of the concentrate in the 30 min drying period. In 
contrast, the oxidation of natural sphalerite appears to be very slow (Buckley et at., 

1988) 50 that oxidised Zn species were not likely to form on the concentrate during 
the drying period. Hence there was negligible initial mobilisation of Zn from the 
acid-washed concentrate (Figure 4.23). The higher rate of galena oxidation in air in 
comparison to sphalerite was also reported by Brion (1980). 



143 

500 

0 —o---- Un-washed Concentrate 
C) 

G 400 Acid-washed Concentrate 

'.-.- 300 
0 

200 
r) 
0 
0 100 

or 1 • 

0 24 48 72 
Time (hours) 

Figure 4.23. Zn dissolution from un-washed and acid-washed concentrate. 
(Salinity 31 %c; pH 8.1; TOC 6mg L* Temperature 26°C; Concentrate 0.15 g L). 
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Figure 4.24. Pb dissolution from un-washed and acid-washed concentrate. 
(Salinity 31 %o; pH 8.1; TOC 6mg L 1 ; Temperature 26 °C; Concentrate 0.15 g L). 
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Figure 4.25. Cd dissolution from un-washed and acid-washed concentrate. 
(Salinity 31 %c; pH 8.1; TOC 6 mg L; Temperature 26 °C; Concentrate 0.15 g L-1 ). 
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Figure 4.26. Cu dissolution from un-washed and acid-washed concentrate. 
(Salinity 31 %c; pH 8.1: TOC 6mg L* Temperature 26 C; Concentrate 0.15 g L). 
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From Figures 4.23 - 26 it is evident that after the initial dissolution of the existing 

surface layer of oxidised species (first 2 hours), the secondary dissolution from the 

exposed metal sulfide surface of the un-washed and the acid-washed concentrates 

follows a similar curve. The conditional rate constants determined for the 

dissolution from the exposed metal sulfide surfaces are compared in Table 4.6. In 
all cases the conditional rate constants and Pbeq  are slightly higher for the un-

washed concentrate. There are several explanations for this slight difference in 

behaviour: 

The release of existing oxidised species may enhance lattice exchange 

reactions for the un-washed concentrate, thereby increasing the 

dissolution of low sulfide solubility metals (Cd, Zn); 

2. The release of Fe (III) (or Fe (II)) with the existing oxidised species 

may catalyse further oxidation of the un-washed concentrate; and 

The organic complexation of Cu and Pb may be higher for the un-

washed concentrate, where soluble oxidised species could interact with 

sterically hindered complexing sites which could not directly interact 

with the concentrate surface. 

Table 4.6. Conditional secondary rate constants (k) for the dissolution of Cd, Cu 
and Zn from the exposed metal sulfide surface for un-washed and acid-washed 
concentrate (as determined after the initial 2 hour dissolution period) and the value 
for Pbea  (jiM g of Cons) as determined at 72 hours. 
Metal Treatment k (Cd, Cu: nM hr g- Correlation 

and Zn: .iM hr1  g-1 ) coefficient (r2) 
Cd Un-washed 4.50 0.98 

Acid-washed 3.00 0.98 
Cu Un-washed 3.35 0.97 

Acid-washed 3.06 0.93 
Zn Un-washed 2.66 0.99 

Acid-washed 1.98 0.98 
Pbeq  Un-washed 38.3 NA 

Acid-washed 27.7 NA 
NA = Not Applicable. 

Given the similar slow secondary rates of dissolution of Zn and Cd from the 

exposed metal sulfide surface for the un-washed and acid-washed concentrates, 

the short term (several days) impact of these metals would be particularly 

dependent upon the concentrate age and the mobilisation of existing oxidised 

species. The same concentrate was used in all of the dissolution experiments in 
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this Chapter, which were undertaken over an 18 month period. During this time 
additional air oxidation of the concentrate could occur during storage (sealed 
polyethylene bags). The seawater used in each trial had slightly variable salinity, 
pH and TOC (refer to Figure captions). Unlike Pb and Cu, the initial dissolution of 
Zn and Cd (as measured at 30 mm) has been shown to be relatively insensitive to 
these slight differences in seawater composition. Therefore the rate of air oxidation 
and formation of the oxidised surface layer on the concentrate during storage can 
be determined by comparing the initial dissolution (30 mm) from "like' 
experiments conducted over time (Figure 4.27). Figure 4.27 shows that the air 
oxidation contributed an additional 2.62 nM g-1  week-1  Cd and 2.93 nM g week 1 

Zn to the initial 30 min dissolution period. This Figure also shows that the 
concentrate in the export stockpile already had a considerable layer of oxidised 
species (zero time, Figure 4.27). Florence et al. (1994) similarly found that 
concentrate age similarly affected the leaching of Zn in seawater from Century 
Mine Zn-concentrate. This shows that the age of the concentrate will have a 
significant affect on the initial mobilisation of metals into the environment. Due to 
the variable effect of seawater composition on the dissolution of Pb and Cu, a 
comparison of results from different experiments over time showed no 
relationship. 
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Figure 4.27. Initial (0.5 hour) dissolution of oxidised Zn and Cd species from 
concentrate stored over time. (Zero time represents concentrate removal from the Bing 
Bong stockpile; Seawater: Salinity 25-31 %c, pH 7.7-8.1, TOC 4-6 mg L; Concentrate 0.15 g 
L; Temperature 26 °C). 

The rapid dissolution of Pb from acid-washed and un-washed concentrate into 
seawater and establishment of equilibrium (Figure 4.24) was primarily attributed to 
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dissolution of the existing oxidised phase and subsequent re-adsorption of Pb-
species. It was considered impossible to completely limit galena oxidation prior to 
the addition of concentrate to the dissolution experiment and hence it was not 
attempted. The question arises as to whether Pb species also rapidly oxidise and 
mobilise in solution from the exposed metal sulfide surface. To examine this a 
short-term dissolution experiment was conducted in which the seawater was 
replaced after successive 24 hour periods without the direct exposure of the 
concentrate to air. Hence the existing oxidised Pb species were removed from the 
concentrate surface during the first 24 hour dissolution period, followed by the 
oxidation and mobilisation of Pb from the exposed metal sulfide surface in solution 
in subsequent 24 hour periods. For comparison, the behaviour of Zn was also 
examined. The results are presented in Figure 4.28. As Pb rapidly attains 
equilibrium in solution (within 6 hours) the value after each 24 hour period was 
equivalent to Pbeq. The relatively high value for Pbeq  observed after each 

successive seawater replacement (every 24 hours) clearly shows that Pb rapidly 
mobilised from the exposed metal sulfide surface in solution. Like the un-washed / 
acid-washed experiment (Figure 4.24), Pbeq  was slightly lower in the absence of 

the initial dissolution of existing oxidised species, which were removed by the first 
seawater replacement. By comparison the relative mobilisation of Zn in solution 
with each seawater replacement decreased to a low level commensurate with the 
slower rate of sphalerite oxidation (Figure 4.28). It can be concluded that the 
oxidation of galena in air and solution exceeds that of sphalerite for the mixed 
metal sulfide concentrate. Thus in the case of a concentrate spillage in an open 
seawater environment, regardless of concentrate age, Pb mobilisation will 
eventually exceed Zn mobilisation despite its lower abundance in the concentrate. 
This means that in the absence of scavenging mechanisms, Pb would potentially 
be the principal toxicant of the concentrate in seawater. 
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Figure 4.28. Dissolution of Zn and Pb from concentrate in successive 24 hour 
periods with seawater replacement. (Salinity 35 %o; pH 8.0; TOC 2 mg L-1 ; Temperature 
24°C; Concentrate 0.15 g L 1 ). 

The Australian guidelines for the protection of marine life is 5 ppb (0.02 p.M) for Pb 

and 50 ppb (0.76 RM) for Zn (ANZECC, 1992). Figure 4.28 and the other Figures 

of this Chapter clearly show that in the absence of scavenging mechanisms, the 

concentration of Pb and Zn significantly exceed the guidelines for the protection of 

marine life, even at low concentrate dosages. The removal of mobilised metals by 

scavenging / sediment adsorption mechanisms are examined and discussed in 

Chapters 5 and 6. 

In comparison to Pb, Loring and Asmund (1989) found that Zn and Cd had a lower 

extractability (25% acetic acid) from particulates in a Greenland Fjord system 

receiving sulfidic mine tailings. This led to the suggestion that Pb oxidation 

appeared to be much faster than Zn and Cd oxidation from metal sulfides in 

seawater. The kinetic studies shown in this Chapter show this to be the case. 

4.3.5 The Effect of Light on Concentrate Dissolution 

The potential for the photo-oxidative dissolution of mixed metal sulfide concentrate 

was investigated and the results presented in Figures 4.29 - 32. The anomalous 

behaviour of Cu in the dark 26 °C treatment (Figure 4.32) was attributed to 

contamination. These Figures show no differences between light and dark 

treatments and show that there was no light induced dissolution reaction for Zn, Pb, 
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Cd or Cu in natural seawater. Copper sulfide is not a semi-conductor and hence a 
light induced dissolution reaction was not expected for Cu. However, several 
studies have shown that the direct irradiation of synthetic PbS and CdS with visible 
light enhanced the dissolution, particularly in the case of CdS (Hsieh and Huang, 
1989 and 1991). These studies also showed that the enhanced photo-oxidative 
dissolution declined with increasing pH. Dixon et at. (1975) reported that ultraviolet 
light could enhance the rate of synthetic ZnS dissolution in acidic aqueous solution. 
In agreement with the results of Hsieh and Huang (1989, 1991), the photo-oxidative 
dissolution reaction for Zn, Pb and Cd sulfides became negligible at the alkaline 
pH of seawater. 
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Figure 4.29. Light dependence of Zn dissolution from concentrate. 
(Salinity: 31 %o, pH 8.1, TOC 8mg L 1 ; Light: 900 jtmo1 m 2 s; Concentrate 0.25 g L1) 
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Figure 4.30. Light dependence of Pb dissolution from concentrate. 
(Salinity: 31 %c, pH 8.1, TOC 8mg L 1 ; Light: 900 l.tniol m 2  s Concentrate 0.25 g L 1 ). 
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Figure 4.31. Light dependence of Cd dissolution from concentrate. 

(Salinity: 31 %, pH 8.1, TOC 8mg  L* Light: 900 limol m 2  s Concentrate 0.25 g L). 
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Figure 4.32. Light dependence of Cu dissolution from concentrate. 
(Salinity: 31 %, pH 8.1, TOC 8 mg L'; Light: 900 l.tmol m 2  s 1; Concentrate 0.25 g L 1 ) 

We have also examined the photo-oxidation of acid-washed concentrate in lxlO-3  

M KNO3 at a pH of 6 (no TOC) and found that there was a small increase in the 

rate of Zn and Cd dissolution under visible light (Figure 4.33; from Tsang and 

Batterham, unpublished results). In contrast, there was no difference in the 

dissolution behaviour of Pb and Cu under light and dark conditions (Tsang and 

Batterham, unpublished results). The results of (Hsieh and Huang, 1989) suggest 

that there would be no difference in PbS photo-dissolution at a pH of 6. In contrast 

to PbS, light has a larger effect on CdS and ZnS dissolution (Dixon et al., 1975; 

Hsieh and Huang, 1991) and hence a small photo-oxidative dissolution reaction 

was noted for Cd and Zn at a pH of 6. Thus the direct photo-oxidative dissolution of 

Cd and Zn metal sulfides would be anticipated in acidic fresh waters, but would not 

occur at the alkaline pH of seawater. As opposed to the theory that protons 

promote the photo-sensitised dissolution mechanism (Hsieh and Huang, 1989 and 

1991), the surface adsorption of non-conducting species andlor hydroxylation of the 

metal sulfide surface with increasing pH, would also be likely to inhibit the light 

induced dissolution mechanism. 
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Figure 4.33. Light dependence of Cd and Zn dissolution from acid-washed 
concentrate in lx 1ft3  M KNO3. (pH 6, TOC 0 mg L; Light: 900 tmo1 m 2  s 
';Temperature 26°C; Concentrate 0.15 g L 1 ). 

4.3.6 The Effect of Fulvic Acid on Concentrate Dissolution 

The effect of natural organic complexing agents on the dissolution of concentrate 

was examined by introducing a low concentration (2.5 mg L) of Suwannee River 

fulvic acid to the seawater. Suwannee River fulvic acid was used as there were no 

commercially available marine humic substances and this was considered to be 

the best substitute. Dissolved marine humics are almost entirely fulvic acids 

(Brown, 1987). The collection of dissolved humic substances was not attempted in 

this work. The dissolution of concentrate was investigated in the presence of fulvic 

acid using both un-washed and acid-washed concentrate under dark conditions and 

the results are presented in Figures 4.34 - 37. The TOC of the seawater in the 

Figure captions does not include the 2.5 mg L of fulvic acid. 
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Figure 4.34. The effect of fulvic acid on Zn dissolution from un-washed and 
acid-washed concentrate. (Salinity: 31 %o, pH 8.1, TOC 6mg L* Fulvic Acid 2.5mg L- '; 
Temperature 26 CC;  Concentrate 0.15 g L 1 ). 
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Figure 4.35. The effect of fulvic acid on Pb dissolution from un-washed and 

acid-washed concentrate. (Salinity: 31 %, pH 8.1, TOC 6 mg  L* Fulvic Acid 2.5 mg L; 

Temperature 26 °C Concentrate 0.15 g L- 1) 
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Figure 4.36. The effect of fulvic acid on Cd dissolution from un-washed and 
acid-washed concentrate. (Salinity: 31 %o, pH 8.1, TOC 6 mg L; Fulvic Acid 2.5 mg L'; 
Temperature 26 °C; Concentrate 0.15 g L). 
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Figure 4.37. The effect of fulvic acid on Cu dissolution from un-washed and 
acid-washed concentrate. (Salinity: 31 %, pH 8.1, TOC 6mg L; Fulvic Acid 2.5mg L; 
Temperature 26 °C; Concentrate 0.15 g L1). 
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Figures 4.34 - 37 show that the behaviour of Zn and Cd was again distinct from Pb 
and Cu, with Zn and Cd dissolution being inhibited by the addition of fulvic acid 
and Pb and Cu dissolution being enhanced. Surface complexation has been 
postulated as a pre-requisite for the organic ligand enhanced photo-dissolution of 
synthetic CdS and the dissolution of metal oxides (Davis et al., 1995). Kerndoff and 
Schnitzer (1980) found that the order of adsorption of metals onto humic acid at pH 
5.8 was Pb = Cu > Cd > Zn. It appears that complexation by fulvic acid in 
seawater follows a similar order, enhancing both Pb and Cu dissolution through 
complexation. More aliphatic organic ligands have been found to inhibit the photo-
dissolution of synthetic CdS by non-covalent surface adsorption or through the 
formation of bidentate, binuclear surface complexes (Davis et al., 1995). It appears 
that since organic complexation did not enhance Zn and Cd dissolution, the normal 
oxidative dissolution of Zn and Cd was inhibited by these mechanisms. In 
accordance with the results found here, Baker (1973) reported that 5 soil derived 
humic acids significantly enhanced the simple aqueous dissolution of galena and 
covellite (CuS), but had little effect on the dissolution of sphalerite. 

It is interesting to note that the fulvic acid in particular, enhanced the dissolution of 
Pb from acid-washed concentrate in comparison to un-washed concentrate (Figure 
4.35). The reason for this was likely to be that in the case of the un-washed 
concentrate, the high initial mobilisation of Zn could compete with Pb for some 
organic complexing sites. It is important to differentiate that the complexation of 
mobilised Zn by fulvic acid occurred in solution as opposed to organic ligand-
promoted dissolution from the concentrate surface which did not occur; fulvic acid 

inhibited Zn dissolution. 
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4.3.7 The Effect of Fulvic Acid on Concentrate Photo-Dissolution 

The potential for photo-sensitised oxidative dissolution reactions of metal sulfides 

was investigated using a low concentration (2.5 mg L- ') of Suwannee River fulvic 

acid in seawater. The results for the light and dark reactions for un-washed 

concentrate are presented in Figures 4.38a - 41a, whilst the results using acid-

washed concentrate are shown in Figures 4.38b - 41b. Any photo-sensitised 

dissolution reactions must take place at the exposed metal sulfide surface 

(semiconductor) and hence the majority of experiments were conducted with acid-

washed concentrate (relatively unoxidised surface). This included additional 

experiments using half light (PAR: 450 as opposed to 900 jimol m 2  s 1) and a full 

light experiment under nitrogen (Figures 4.38b - 41b). 

The results in Figures 4.38a - 41a and 4.38b - 41b again fall into two distinct 

categories, with light having no effect on Pb and Cu dissolution, but having a 

significant effect on Zn and Cd dissolution in the presence of fulvic acid. Figures 

4.38a and b and 4.40a and b show the respective enhanced dissolution of Zn and 

Cd from un-washed and acid-washed concentrate in the presence of fulvic acid 

and light; the inhibitory effect of fulvic acid (section 4.3.6) was overcome by an 

additional dissolution mechanism that was activated by light. The reaction was 

light sensitive with the half-light treatment producing a dissolution curve lying 

between the dark and full light treatments. Hsieh and Huang (1989 and 1991) have 

shown that the direct photo-oxidation of PbS and CdS at acidic pH was light 

sensitive until an upper light level was reached, above which the rate of dissolution 

was not enhanced. Unlike Pb, the dissolution of both Zn and Cd was negligible 

under nitrogen, showing that oxygen was involved in the dissolution mechanism. 

These results are in agreement with those of Hsieh and Huang (1989 and 1991) 

who showed that the direct photo-oxidation of synthetic PbS did not require oxygen, 

whereas the direct photo-oxidation of synthetic CdS was negligible in the absence 

of oxygen. However, even in the presence of nitrogen, minute amounts of oxygen 

have been shown to oxidise galena surfaces (Fornasiero et al., 1994). For the 

experiment under nitrogen the oxygen concentration was <0.3 ppm, but there may 

have been sufficient oxygen to oxidise PbS and attain Pbeq. The slightly high value 

for Pbeq  under light and nitrogen (Figure 4.39b) was an artifact of the pH 

fluctuation in this experiment (8.2±0.4) due to the displacement of CO2 by N2. 

Previous studies have only reported the direct photo-oxidation of synthetic metal 

sulfides at acid pH (Hsieh and Huang;1989 and 1991). The indirect photo-

sensitised oxidation of metal sulfides by organic intermediates has not previously 

been reported. 
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Figure 4.38a. Photo-sensitised dissolution of Zn from un-washed concentrate 
by fulvic acid. (Salinity: 31 %o, pH 8.1, TOC 6 mg L* Fulvic Acid 2.5 mg L 1 ; Temperature 
26°C; Light: 900 limol m 2  s Concentrate 0.15 g L). 
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Figure 4.38b. Photo-sensitised dissolution of Zn from acid-washed concentrate 
by fulvic acid. (Salinity: 31 %c, pH 8.1, TOC 6mg L'; Fulvic Acid 2.5mg L; Temperature 
26 °C; Light 900 limol  m 2  s* 1/2 Light 450 limol  m 2  s; Concentrate 0.15 g Lu). 
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Figure 4.39a. Photo-sensitised dissolution of Pb from un-washed concentrate 
by fulvic acid. (Salinity: 31 %o, pH 8.1, TOC 6 mg L-1; Fulvic Acid 2.5 mg L 1 ; Temperature 
26°C; Light: 900 llmol m 2  s; Concentrate 0.15 g L). 
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Figure 4.39b. Photo-sensitised dissolution of Pb from acid-washed concentrate 
by fulvic acid. (Salinity: 31 %, pH 8.1, TOC 6 mg L; Fulvic Acid 2.5 mg L; Temperature 

26 °C; Light 900 .tmol m 2  s'; 1/2 Light 450 tmol m 2  s Concentrate 0.15 g L). 
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Figure 4.40a. Photo- sensiti sed dissolution of Cd from un-washed concentrate 
by fulvic acid. (Salinity: 31 %o, pH 8.1, TOC 6 mg L; Fulvic Acid 2.5 mg L* Temperature 
26 °C; Light: 900 l.tmol m 2  s'; Concentrate 0.15 g L). 
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Figure 4.40b. Photo-sensitised dissolution of Cd from acid-washed concentrate 
by fulvic acid. (Salinity: 31 %c, pH 8.1, TOC 6mg L 1 ; Fulvic Acid 2.5mg L 1 : Temperature 

26°C; Light 900 tmol m 2  s 1 : 1/2 Light 450 tmol m 2  s* Concentrate 0.15 g L). 
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Figure 4.41a. Photo-sensitised dissolution of Cu from un-washed concentrate 
by fulvic acid. (Salinity: 31 %, pH 8.1, TOC 6mg L'; Fulvic Acid 2.5 mg L* Temperature 
26°C; Light: 900 imol m 2  s; Concentrate 0.15 g L 1 ). 

600 

- 500 

E- 400 

300 

—o.---- Fulvic/Light Fulvic/Light/Nitrogen 
Fulvic/Haif Light .......... .  ........ No Fulvic  

I • Fulvic/Dark 

.) 200 
0 

C 
L) 100 

or I • • • I I •  

0 24 48 72 96 120 144 
Time (hours) 

Figure 4.4 lb. Photo-sensitised dissolution of Cu from acid-washed concentrate 
by fulvic acid. (Salinity: 31 %, pH 8.1, TOC 6 mg L* Fulvic Acid 2.5 mg L* Temperature 

26°C; Light 900 tmol m 2  s; 1/2 Light 450 tmo1 m 2  s; Concentrate 0.15 g L 1 ). 
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The light activated mechanism by which fulvic acid can enhance Zn and Cd 

dissolution appears to be the generation of singlet oxygen. Photo-excited dissolved 

organic matter, in particular humic substances, can efficiently transfer energy to 

oxygen to form highly reactive singlet oxygen, 102*  (Brezonik, 1994). In natural 

fresh waters the production of singlet oxygen has been found to be proportional to 
light absorbance by dissolved organic matter (Shao et al., 1994). Recently 102* 

was reported to rapidly oxidise a range of reduced sulfur compounds, including 

hydrogen and sodium sulfide (Wöhrle et al., 1994; Clennan and Zhang, 1995; I1iev 

and Ileva, 1995). Singlet oxygen only exists in the order of microseconds and has a 

reactive path-length of approximately 100 nm, being readily quenched back to the 

ground state by water (Lindig and Rogers, 1979). Therefore in order for 102*  to 

react with the metal sulfide surface it must be generated at or very close to the 

sulfide surface. The complexation of Cu and Pb by fulvic acid at the metal sulfide 

surface would facilitate 102*  being generated close to the mineral surface. The 

fact that Cu and Pb show no enhancement in the dissolution under light suggests 

that ligand complexation at the surface provides sufficient sulfide bond polarisation 

to facilitate dissolution which was therefore independent of light irradiation. In 

contrast, Zn and Cd were not complexed by fulvic acid and hence the sulfide bond 

was not polarised. In this case dissolution was probably enhanced by the adsorption 

of 102*  which has a potential energy some 22.5 - 37.5 kcal mol higher than 

ground state oxygen (Tsao and Eto, 1994). 

Another possible mechanism that cant be discounted is that excited triplet state 

fulvic acid adsorbed on the semiconductor surface was quenched by direct charge 

(e-) transfer to the semiconductor, polarising the metal sulfide bonds and promoting 

dissolution. This type of mechanism has been observed in the absence of oxygen 

for Suwannee River fulvic acid strongly adsorbed to Zn0-T102 (semiconductor) 

colloids, where the triplet excited state was quenched by transfer of an electron to 

the semiconductor (Vinodgopal and Kamat, 1994). However, studies with 

1,3-diphenylisobenzofuran in the presence and absence of oxygen suggest that in 

the presence of oxygen the formation of 102*  was favoured over direct charge 

injection into the semiconductor (Kamat and Vinodgopal, 1994). Since the fulvic 

acid complexes preferentially with Pb and Cu it would be anticipated that charge 

transfer would result in increased dissolution of Pb and Cu under light conditions, 

which did not occur. Therefore 102*  appears the most likely mechanism for fulvic 

acid and light promoted metal sulfide dissolution. 

The question then arises as to why this reaction was not observed in the natural 

seawater samples in the absence of additional fulvic acid. The reason for this is 
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likely to be a combination of the lower concentration of fulvic acid in natural 
seawater and the lower aromaticity of marine fulvic acid in comparison to 
terrestrial derived fulvic acid which was used in this study (Malcolm 1990). The 
lower aromaticity would result in a correspondingly lower production of 102*. 

Therefore the enhanced dissolution of Cd and Zn from a mixed metal sulfide by 
fulvic acid and light would be limited in most marine environments, but would be 
significant in shallow organic-rich fresh water systems. The reaction warrants 
further investigation to establish whether the mechanism does indeed involve 102* 

and a 102*  trapping agent such as furfuryl alcohol could be employed (Shao et al., 

1994). 

4.3.8 Dissolution Mechanisms 

Models for the dissolution of metal sulfides in simple aqueous solutions, other than 
pyrite for which a Fe(II)/Fe(III) oxidation mechanism has been proposed (Moses 
and Herman, 1991), attribute the first step to direct protonation of sulfide (Hsieh or 

Huang, 1989): 

EM-S + 2H -* M-SH22 (i) 

The protonated species in the case of Pb can directly decompose to form Pb2+  and 
H2S, or for the general case can adsorb oxygen and form sulfate (Hsieh or Huang, 

1989): 

M-SH22  - 202 - M2  + SO4 + 2H  

Alternatively the dissociative chemisorption of water on a metal sulfide could 
precede dissolution (Hsieh and Huang, 1991; Ronngren et al., 1991): 

M + H20 ---> H20-M - H0--H (iii) 

HO-MS-H + 2H -* H20-M-H2 (iv) 

The adsorption of oxygen can then lead to dissolution (Hsieh and Huang, 1991): 

H20-M-H2 + 202 - M2  + SO4 + 2H + H20 (v) 

The alternative dissolution mechanism in the presence of dissolved Fe via 
Fe(II)IFe(III) cycling was illustrated in the Introduction (section 1.4.1, Figure 1.4). 
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It should be noted that both mechanisms could occur concunently with either 
mechanism dominating depending upon the availability of dissolved Fe and 
oxygen. 

The organic ligand-promoted dissolution mechanism for metal sulfides was 
believed to be analogous to that of metal oxides (Davis et al., 1995). The formation 
of a mononuclear bidentate complex being the prerequisite for dissolution (Figure 
4.42). In Figure 4.42 reaction (vi) and the initial reaction of (ix) are equivalent to 
the dissociation of water and acid-base reactions at the sulfide surface. The 
organic ligand undergoes a ligand displacement reaction with the hydroxylated 
metal (vii), polarising the metal sulfide bond and leading to metal complex 
dissolution (viii). The detachment of the activated complex being the rate limiting 
step. This mechanism appears to occur for both PbS and CuS dissolution in the 
concentrate. The adsorption of oxygen and breakage of the oxygen double bond is 
a slow step (x) as proposed by Goldhaber (1983). In the absence of organic ligand-
promoted dissolution or other ligand promoted dissolution mechanisms this may 

become the rate-limiting step. 

The formation of the surface activated complex with fulvic acid (vii) under light 
conditions could generate 102*  adjacent to the mineral surface and enhance the 

oxidation of neighbouring ZnS and CdS sites. The enhanced dissolution CdS and 
ZnS by 102*  in comparison to ground state oxygen suggests that reaction (x) was 

the rate limiting step for Cd and Zn dissolution. 
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Ronngren etal. (1991) and Stumm (1992). 
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4.3.9 Summary and Conclusions 

The existing oxidised surface layer of the concentrate readily mobilised Zn, Pb and 
Cd into seawater. After the dissolution of this oxidised layer, dissolution from the 
exposed metal sulfide surface was several orders of magnitude slower for Zn and 
Cd, but Pb could continue to rapidly mobilise in an open system. There was no 
perceivable dissolution of Fe from the concentrate; mobilised Fe appeared to 
rapidly precipitate as oxy-hydroxides and/or re-adsorb onto the concentrate 
surface. 

PbS was the most readily oxidisable constituent in the mixed metal sulfide 
concentrate under air and aqueous conditions. It rapidly attained equilibrium in 
solution (closed system) and readily reached the solubility of PbCO3 at concentrate 

levels greater than 0.25 g L 1. The addition of fulvic acid enhanced Pb dissolution 
through a ligand-promoted dissolution mechanism and through complexation in 
solution. This resulted in the equilibrium concentration of Pb exceeding the 
solubility of PbCO3 in seawater (3 jiM; Bearman, 1989). Lead dissolution in the 

presence of fulvic acid did not appear to require oxygen. Light had no effect on Pb 
dissolution with or without added fulvic acid. As PbS readily mobilised into 
solution, the effect of salinity could not be differentiated from the greater solubility 
of PbCO3 at lower salinity. 

Like Pb, the dissolution of CuS was dependent upon organic complexation. 
However, despite the relative low bond strength of CuS (Bachinski, 1969), Cu had 
the lowest relative rate of dissolution and this was attributed to lattice exchange 
reactions with Cd, Pb and Zn in the mixed metal sulfide concentrate. Copper had 
the greatest temperature dependency and highest activation energy for concentrate 
dissolution and this was attributed to these lattice exchange reactions. Salinity 
changes appeared to have no effect on CuS dissolution with Cu only mobilised 
from the concentrate through organic complexation which prevented metal sulfide 
exchange reactions. Like Pb, light had no effect on Cu dissolution with or without 

added fulvic acid. 

Both Zn and Cd underwent slow air and aqueous dissolution in comparison to Pb. 
The age of the concentrate and prior surface oxidation resulted in the rapid 
dissolution of oxidised species which accounted for a major proportion of the total 
amount of Zn and Cd mobilised. The dissolution curves for Zn and Cd could be 
normalised and showed little curvature, indicating that Zn and Cd had minimal re-
adsorption back onto the concentrate surface. The mobilisation of Zn and Cd 
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increased slightly with decreasing salinity and increasing temperature. The 
addition of fulvic acid inhibited the dissolution of Zn and Cd indicating that in the 
presence of Pb and Cu, organic complexation does not play a significant role in 
their dissolution mechanism. The dissolution of Zn and Cd was negligible in the 
absence of oxygen. Light could only enhance the dissolution rate for Zn and Cd in 
the presence of fulvic acid, which appeared to be due to the production of 
energetic 102*. 

The rapid mobilisation of Pb, Zn and Cd from the oxidised surface layer of the 
concentrate in seawater would result in an immediate impact on the environment. 
Only Pb would continue to rapidly mobilise from the concentrate after the 
dissolution of this surface layer. This means that in the absence of scavenging 
mechanisms, Pb would be the principal potential toxicant from the concentrate in 
seawater. The kinetics for the scavenging of mobilised metals by sediment is 
investigated in Chapter 5. 



CHAPTER 5 

THE EFFECT OF SEDIMENT ON THE 

MOBILISATION OF HEAVY METALS FROM 

MIXED SULFIDE CONCENTRATE 
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5.1 Introduction 

It was shown in Chapter 4 that heavy metals readily mobilise from concentrate in 
seawater in the absence of a particulate / sediment phase. This was particularly the 
case for the mobilisation of the existing oxidised layer. The question then arises as 
to whether this degree of mobilisation would occur in the presence of sediment, as 
would be the case for concentrate spillage in a shallow coastal environment. The 
scavenging of dissolved metals by particulates / sediments is well documented in 
the estuarine and coastal environment (Kester et al., 1986; Balls, 1988; Kennish, 
1997). However, slow kinetics have been observed for the adsorption of a number 
of heavy metals on oxic suspended natural particulates in seawater (Nyffeler et al., 
1984; Balistrieri and Murray, 1984). The kinetics of heavy metal uptake by 
sediment in particular, would determine the degree to which metals mobilised from 
concentrate would persist in the water column. To examine the degree to which 
sediment adsorption would affect concentrate dissolution, experiments were 
conducted in which the dissolution was examined in the presence of sediment. The 
second part of this Chapter then examines the mobilisation of heavy metals from 
sediment from the Bing Bong port facility that had previously been contaminated 
with concentrate. This was investigated due to the large quantity of sediment being 
continually re-suspended by the movement of the barge in the swing basin. 

5.2 Experimental 

5.2.1 Sediment Chamber Experiment 

On the 6th of November 1996, intact sediment cores were removed from sites 1 - 3 

(Figure 5.1) from the swing basin at the Bing Bong loading facility. Polypropylene 
screw cap containers (1 L) were used to collect approximately 5 cm intact cores 

which are shown in Plate 5.1. To collect these, a 20 mm hole was pre-machined 
into the bottom of each container. All containers and bungs were then acid-washed 
prior to transportation to the field. To collect a core, a diver pushed an open, 
inverted container into the sediment to a depth of =5 cm. The hole was then 

plugged with a rubber bung (as shown in Plate 5.1) and the sediment carefully 
removed from beside the container to allow the lid to be slid into position. The lid 

was screwed on in-situ and the core taken to the surface, where it was re-
submerged in a large plastic tray containing seawater. Extreme care was taken not 
to disturb the sediment core during collection. A total of 14 cores were collected, 8 
from site 1, 2 from site 2 and 4 from site 3 (Figure 5.1). Once all cores were 



collected, silicon sealant was applied externally around the lid interface as an 
additional precaution to prevent leakage (Plate 5.1). The sediment chambers 
(cores) were then partially submerged (1/2 way) in a 80 L esky containing 
seawater in an air-conditioned room on-site. The water temperature was 
maintained between 21 and 23 °C over the experimental duration. All chambers 
were then left to equilibrate overnight. 
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Figure 5.1. Sediment sampling sites 1, 2 and 3 in the Bing Bong swing basin. 

Whilst collecting the sediment cores an additional sediment surface (5 cm) sample 

was collected from each site and preserved for the determination of acid volatile 
sulfide (AVS) and simultaneously extracted metals (SEM). This sediment was 
sealed in zip-lock polyethylene bags, immediately placed on ice and then 
refrigerated on-site at 4 °C. Immediately after collecting the cores, 25 L of 
unfiltered and filtered swing basin seawater was collected in acid-washed 
polypropylene carboys using an in-line pump (as described in Chapter 2). 

In preparation for the sampling of sediment chambers, acid-washed polypropylene 
syringe filter capsules (Swinnex) and polypropylene syringes (50 mL) were triply 
rinsed with 5% HNO3 (AR) followed by 3 rinses with ultra-pure water. A 

polyethylene tube extension (10 cm), that fitted onto the syringe outlet for sampling, 
was similarly cleaned. A 0.45i.m Supor (Gelman) filter was then loaded into the 
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capsule and rinsed (with a cleaned syringe) with 20 mL of 1 M HC1 (Aristar), 

followed by 2 x 20 mL of ultra-pure water. 

After the sediment chambers had equilibrated over-night, the bungs from the 

sediment chambers were removed. The surface 3 cm of seawater was withdrawn 

using a 50 mL syringe fitted with the polyethylene tube extension, leaving 

approximately 600 mL of seawater above the sediment in each chamber. The 

seawater level in each chamber was marked. Approximately 40 mL of the 

removed seawater from each chamber was filtered with the Swinnex capsule and 

retained in an acid-washed 40 mL LDPE bottle (Nalgene). These and all 
subsequent samples were acidified to 0.02 M HNO3  (Suprapur). A soldering iron 

with the tip rinsed in 5% HNO3  (AR) and ultrapure water was then used to melt 

several holes in a spare container, then used to melt a 9 mm sampling hole 

carefully into the top of each chamber (without seawater contact). 

The chambers were then divided into two experiments: 

Six of the 8 chambers from site 1, were randomly divided into 3 lots of 2 

replicates and pre-weighed Zn/Pb concentrate was added to each chamber to 

give concentrate dosages of approximately 0.05, 0.15 and 0.25 g L 1  for each 

set of replicates. The exact dosage for each chamber was determined at the 

experiments completion by measuring the volume of seawater in each 

chamber. 

No concentrate was added to the remaining chambers which were used to 

measure the flux of heavy metals from the sediment over time. Sediments in 

chambers from sites 1, 2 and 3 all had different levels of concentrate 

contamination which was related to their distance from the loading position. 

For one set of replicate chambers from site 3 (denoted 3c and 3d), 250 mL of 

the seawater in each chamber was replaced with new unfiltered seawater 

(25 L carboy) after 48 hours, to examine whether the metal levels re-

equilibrated in the subsequent 24 hours. 
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Plate 5.1. Sediment cores obtained from the the Bing Bong swing basin for use in 
the sediment chamber experiments. Note the thin layer of oxidised sediment 
overlying the dark sulfidic sediment. 

Plate 5.2. Experimental set-up for the sediment chamber experiments. 
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Small electrical motors were previously prepared to stir the surface water at 

0.05 m s (at the periphery) in each chamber. This speed being equivalent to 

that used in the beaker dissolution trials (Chapter 4). A total of 14 electrical motors 
were connected in parallel to a variable voltage AC/DC adaptor, which was used 

to set the stirring speed. The outside of the motors were wrapped in plastic 

electrical tape to allow a precise fit into the 20 mm hole in the top of each 

chamber. The lower 35 mm of a 1 mL polypropylene syringe was used as a 
propeller as shown in Figure 5.2. The acid washed syringe piece fitted exactly onto 

the motor axle and did not require gluing. 

ELECTRIC MOTOR 

SAMPLING PORT 

SEAWATER 

SEDIMENT 

Figure 5.2 Experimental set-up of the sediment chambers 

After the removal of the surface 3 cm of seawater and addition of concentrate to 

experiment 1 chambers, the electric motors were immediately fitted and activated. 

The configuration of a chamber is illustrated in Figure 5.2 and the entire 

experimental set-up is shown in Plate 5.2. Lights in the room were left on during 
the day to simulate the low light levels observed in bottom waters of the swing 

basin (photosynthetically active radiation 400-700 nm <150 .tmol m 2  s 1 ). A 

further 6 filtered samples (25 mL) were then obtained from each chamber through 

the sampling port at set time intervals over the following 3 days. As the total 
volume in each chamber was only approximately 600 mL and 6 samplings were 

planned for each chamber (total of 150 mL), the 25 mL removed for each 
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sampling was replaced with 25 mL of "fresh' bulk unfiltered seawater (25 L 
carboy). This only resulted in a 4 % dilution of each chamber with each sampling. 
An additional 25 L of filtered seawater was taken back to the laboratory to carry 
out the equivalent dissolution (0.15 g L-1) in the absence of sediment. This 
experiment was the 38 %o salinity experiment in Chapter 4 (section 4.2.3). The 25 
mL acidified seawater samples underwent the extraction method described for 
porewaters in Chapter 2, section 2.2.5, using a 25 mL volume. The metals, Cd, 
Co,Cu, Fe, Ni, Pb and Zn, were determined by ICP-MS. 

At the completion of the chamber experiments, the seawater from each chamber 
was decanted into a measuring cylinder and the volume measured. The sediment 
was collected from all chambers, except for the chambers which had concentrate 
added (6 from site 1). The sediments were sealed in polyethylene bags and 
refrigerated to 4 °C. The sediment from each chamber and the separate samples 
from each site (taken during core removal) were then analysed back at the 
laboratory for particle size, total organic carbon, acid volatile sulfide (AVS), 
simultaneously extracted metals (SEM), and "total" (acid-extractable) metals for 
the 2 mm and <63 J.tm sediment fractions. 

5.2.1.1 Particle Size Analysis 

The particle size was determined by wet sieving the sediment into various size 
fractions and by using the pipette method (Gale and Hoare, 1991) to determine the 
<63 im and <4 jim fractions, which were salinity corrected. The sediment was not 
pretreated with H202 to remove organics, thus retaining natural particle 

agglomerations in the sediment. 

5.2.1.2 Total Organic Carbon Analysis 

The modified Walkley-Black wet digestion procedure and spectrophotometric 
determination of Heanes (1984) was used with a chloride correction. This briefly 
involved digesting a small (0.2 g) <150 jim crushed sediment sample in a 50 mL 
test tube with potassium dichromate and sulfuric acid. The production of the Cr3  

ion via the oxidation of organic matter was then monitored by measuring the 
absorbance at 600 nm with a Hitachi U- 100 spectrophotometer. This was 
compared to standards of known carbon content by digesting sucrose in the same 



173 

manner. The chloride correction was determined by direct potentiometric analysis 

of a separate aqueous sediment extract using a chloride ion selective electrode. 

5.2.1.3 AVS and SEM Analysis 

The general procedure followed the diffusion method of Leonard etal. (1996). The 
apparatus consisted of a 500 mL glass diffusion bottle with a 30 mL borosilicate 

beaker attached with silicon to the inside of the bottle, 2.5 cm above the bottom. 

The beaker acted as the sulfide trap. A large magnetic stirrer bar (6 cm) was 

placed in the bottle and an additional smaller one (2 cm) in the beaker. The 

apparatus is shown in Figure 5.3. 

Sulfide antioxidant buffer was not used in the sulfide trap (Leonard ci' al.. 1996) as 

the sulfide was being determined colorometrically by the methylene blue method 

(Fonselius, 1983) and ascorbic acid was found to interfere with the colour 

development. Instead, 10 mL of 2 M NaOH (AR) was used as the sulfide trapping 

agent. Wet sediment (5 g) was accurately weighed into the bottle. The exact dry 

weight was determined by measuring the moisture content of a separate sample. 

Finally, 50 mL of deoxygenated (by high purity nitrogen) 1 M HCl (AR) was added 

to the bottle and the lid immediately sealed shut. The apparatus was placed on a 

magnetic stirrer for 60 min and stirred at a brisk rate. The large magnetic stirring 

bar (6 cm) activated the small stirrer in the sulfide trap. The additional stirring of 

the sulfide trap was found to be necessary for efficient sulfide trapping. 

s2- 1 
(2M 

:1 & SEDIMENT 

Figure 5.3. Configuration of the AVS/SEM diffusion apparatus. 
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The colorometric reagents for sulfide determination consisted of a 1:1 mixture of: 

Ferric chloride solution. Fe(III)C13.6H20 (AR), 1.6 g / 100 mL, made up in 6 

M HCl (AR); 

Phenylene diamine solution. N,N-dimethyl-p-phenylene diamine 
dihydrochloride, 0.4 g I 100 mL, made up in 6 M HCl (AR) (Fonselius, 1983). 

At the completion of an extraction, 50 or 100 iL of the 2 M NaOH S2  trapping 
solution (depending upon the S2  concentration) was added to =30 mL of 
deoxygenated ultra-pure water in a 100 mL volumetric flask. Immediately 5 mL of 
the mixed colour reagent was added and the solution shaken. The solution was 
then made up to 100 mL with deoxygenated ultra-pure water and left for 30 min to 
complete colour development. Standard sulfide solutions were similarly prepared 
from a fresh stock solution of Na2S, which had been standardised against 

thiosulfate (refer to Fonselius, 1983). Sulfide was determined from the absorbance 
measured at 670 nm (Hitachi U-lOU Spectrophotometer). 

The 1 M HCl sediment extract (10 mL) was syringe filtered (0.45 im Supor filter) 
and the metals Gd, Co, Cu, Fe, Mn, Ni, Pb and Zn were determined by 
ICP-AES (Perkin Elmer Plasma 400). Only the metals Cd, Co, Cu, Ni, Pb and Zn 
are used for the calculation of SEM. 

Four diffusion apparatus were operated simultaneously and several experiments 
were undertaken to evaluate the diffusion apparatus and method being used: 

In the absence of sediment, the 50 mL of HCl was spiked in the diffusion 
apparatus with 10 pmols of 2  and the recovery from the trap determined 

after 60 minutes; and 

As Brouwer and Murphy (1994) showed that the AVS was slightly dependent 
on the amount of sediment used, the AVS recovered from 2.5, 5.0 and 7.5 g 

samples from the same wet sediment was examined. 



175 

5.2.1.4 "Total" (Acid-Extractable) Metals Analysis 

The sediment was prepared, digested and analysed as described in Chapter 3, 
section 3.3.2. The <63 m sediment fraction was obtained by wet sieving the 
sediment with high purity water. The <63 .tm fraction was digested and analysed 
as per the 2 mm fraction. One exception to the procedure in Chapter 3 was that Cd 
and Pb concentrations were high enough in the swing basin sediments to be 
determined by ICP-AES and FAAS (Varian SpectrAA 40) respectively. 

5.2.2 Beaker Dissolution and Mobilisation Experiment 

This experiment was conducted similarly to the concentrate dissolution 
experiments in Chapter 4. Wet sediment (equivalent to 20 g dry weight) from site 3 
was added to each of four borosilicate beakers containing 1.8 L of seawater at 26 
°C and being stirred at 0.05 in s 1. To two of the beakers concentrate (0.15 g U1) 

was added immediately after the addition of wet sediment. The mobilisation of 
Cd, Co, Cu, Fe, Mn, Ni,Pb and Zn was then monitored over the following 5 days at 

set time intervals (refer to Chapter 4, section 4.2 for sampling and analysis 
methods (except Mn). Manganese was determined directly in seawater by 
GFAAS using the method described in section Chapter 2, section 2.2.5. The AVS 
of the sediment was determined at the beginning and completion of the experiment 
to assess the rate of sediment sulfide oxidation. 

5.2.3 Porewater Profiles 

5.2.3.1 Peeper Construction and Deployment 

Four sediment peepers (dialysers) were inserted for four weeks in the swing basin 
sediment on the 9th of November 1996, two each at sites 1 and 3 (Figure 5.1). The 

peepers were designed after Carignan et at. (1985) and were constructed of 

plexiglass (acrylic) with a Gelman HT-450 (polyethersulfone, 0.45 im membrane 
filter). The configuration of the peepers is illustrated in Figure 5.4. The volume of 

each chamber was = 17 mL. 
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Figure 5.4. Configuration of the sediment peepers (dialysers) used for 
obtaining porewater profiles. 

The unassembled peepers were prepared by soaking in a 1% detergent (decon) 

bath for 24 hours, followed by a triplicate rinse in ultra-pure water. The peepers 

were then soaked in 10% HNO3 (AR) / ultra-pure water for a further 48 hours. The 

peepers were then triply rinsed with ultra-pure water, dried in a clean" oven and 

sealed (unassembled) in polyethylene zip-lock bags. A 25 L polyethylene carboy 

and 10 L polyethylene container (with lid) were similarly cleaned, except the 

respective containers were left filled with a 5% HNO3 (AR) for several weeks. 

The carboy was filled in the laboratory with ultra-pure water prior to departure to 

the field for peeper deployment. 

The peepers were assembled on-site (indoors) at Bing Bong. Powder-free gloves 

and acid-washed plastic tweezers were used during the assembly. A 500 mL acid-

washed wash bottle was filled with ultra-pure water, deoxygenated with high purity 

nitrogen, and used to fill all the peeper chambers. The membrane was then put in 

place with tweezers and the face-plate placed over the top. The face-plate was 

then secured to the main body using nylon screws. The peeper was then placed in 

the 10 L polyethylene container filled with deoxygenated ultra-pure water. A piece 

of tubing was inserted through the container lid to facilitate deoxygenation with 

high purity nitrogen. Once all peepers were assembled, deoxygenation proceeded 

for a period of 24 hours, as recommended by Carignan et at. (1985). Note that 
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longer deoxygenation times may be required in systems that have low reductant 
concentrations to scavenge residual oxygen (Teasdale et at., 1995). 

Following deoxygenation the peepers for a particular site were placed in a small 
nitrogen glove bag for transportation (boat) and inserted into the sediment by a 
diver. The peeper locations were marked with a submerged PVC marker peg. 
Gaillard et at. (1986) suggested that an appropriate equilibration time for trace 
metals with peepers was 15 - 20 days. For this experiment the peepers were 
removed after four weeks by a diver, who briefly flushed the chamber faces in-situ 
with seawater (by hand movement) to remove most of the adsorbed sediment. The 
peepers were then immediately sealed in a small nitrogen glove bag and returned 
to the on-site 'laboratory within 15 mm. Only one set of peepers was recovered 
and sampled at a time. 

5.2.3.2 Peeper Sampling and Analysis 

Polypropylene syringes (25 mL and 5 mL) fitted with 250 j.tL polyethylene pipette 
tips, previously acid-washed, were triply rinsed with 5% HNO3 and ultra-pure 

water immediately prior to sampling (as per 5.2.1). The syringes were rinsed with 
ultra-pure water between sampling peeper chambers and for a new peeper were 
again rinsed with 5% HNO3 and ultra-pure water. In addition, a 1 mL acid-washed 

syringe fitted with a stainless steel needle was used to obtain sulfide samples. 

Sample bottles for trace metals consisted of acid-washed 10 mL polypropylene, 
screw-cap centrifuge tubes. High performance liquid chromatography (HPLC) 
borosilicate sample vials (1.5 mL) were used for the determination of sulfide. The 
HPLC vials were pre-filled with 30 iL of the mixed Fe(III)/phenylene diamine 
reagent (section 5.2.1.3) and sealed in a nitrogen environment. Finally, 20 mL 
acid-washed borosilicate bottles, previously ashed at 400 °C were used as the 
sample bottles for the determination of pH and redox potential, and for certain 
samples DOC. All sample bottles and vials were pre-labelled and were previously 

set up in racks ready for peeper sampling. 

Sampling was performed immediately on the return of peepers to the "laboratory". 
One of the two peepers was removed from the nitrogen glove bag. A jet of 
deoxygenated ultrapure water (wash bottle) was used to briefly clean any sediment 
fouled chamber faces. Each peeper chamber was sampled consecutively (surface 

to sub-surface) as follows: 
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The 25 mL polypropylene syringe was carefully inserted through a 'clean" 
area of the filter membrane and 11 mL was withdrawn and placed into the 10 
mL centrifuge tube for metal analysis. 

The 1 mL syringe with stainless steel needle was inserted through the hole 
and 1 mL was carefully withdrawn and injected through the teflon septum 
into the HPLC vial, which was quickly shaken and left for methylene blue 
colour development. 

The remaining 4 - 5 mL of seawater from the chamber was recovered with 
the 5 mL syringe, being careful to avoid sucking air-bubbles, and placed in 
the 20 mL borosilicate bottle. 

The pH and redox potential of sample (3) bottles were measured immediately 
using a Cyberscan 100 pH/mV meter equipped with a combination pH/redox 
probe. Once both peepers were sampled, the metal samples (1) were acidified to 
0.02 M HNO3 (Suprapur). All sample bottles/vials were refrigerated at 4 °C for 

transportation back to the laboratory. The methylene blue colour development was 
found to be stable for at least 48 hours when refrigerated and the sulfide was 
determined as specified in section 5.2.1.3. 

For Mn analysis, 0.5 mL was removed from the 11 mL trace metal sample and 
placed in a GFAAS autosampler vial with 0.5 mL of 0.02 M HNO3 (Suprapur) for 

direct Mn analysis by GFAAS as specified in Chapter 2, section 2.2.5. For the 

other trace metals, 10 mL of the sample underwent a dithiocarbamate extraction 
as specified in Chapter 2, section 2.2.5. The metals Cd, Co, Cu, Ni, Pb and Zn 
were determined by ICP-MS, whilst Fe was determined by ICP-AES (refer to 
Chapter 2). 

5.3 Results and Discussion 

5.3.1 Validation of the AVS/SEM Diffusion Method 

AVS and SEM is normally determined by a commonly accepted purge and trap 
method (Di Toro et at., 1990; Casas and Crecelius, 1994). Recently, Leonard et at. 

(1996) showed that a similar AVS/SEM diffusion apparatus to that used here, 
could give comparable or even better results than the standard purge and trap 
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AVS/SEM method. The major advantages of the diffusion method being that it is 
simple to set up and multiple apparatus can be operated simultaneously. It has also 
been shown with the diffusion method that nitrogen purging of the apparatus prior 
to the acidification of sediment was not necessary, further simplifying the method 
in comparison to the purge and trap procedure (Brouwer and Murphy, 1994). 

The trapping media used in this experiment was 2 M NaOH compared to previous 
studies which have used sulfide antioxidant buffer: 2 M NaOH with the addition of 
0.1 M EDTA and ascorbic acid (Brouwer and Murphy, 1994; Leonard et at., 
1996). Ascorbic acid was left out of the 2 M NaOH trap due to the interference of 
ascorbic acid with the methylene blue colorometric procedure being used here to 
determine sulfide, with previous studies employing a sulfide ion selective electrode 
procedure. The presence of EDTA in the sulfide antioxidant buffer was to 
complex metals which catalyse the oxidation of sulfide. However, metals should 
not enter the trap in this diffusion method as it is suspended well above the 
sediment, making EDTA unnecessary. To examine the efficiency of the apparatus 
used here, the apparatus was spiked with 10 llmol  of sulfide in the absence of 
sediment. After the 1 hour experimental duration, the sulfide recovered from the 
trap was 9.9±0.7 .tmol (n=3). This shows that sulfide was trapped quantitatively by 
2 M NaOH and that it was stable with regard to oxidation over the 1 hour diffusion 
period. Stirring was essential for the efficiency of the trap,with low recoveries (<50 
%) of sulfide and a strong H2S odour evident when the trap was not stirred. 

Brouwer and Murphy (1994) noted that the AVS was dependent upon the amount 
of sediment used in the experiment with their diffusion apparatus. The apparatus 

used here was based on Leonard et al. (1996) who did not examine this 

dependency. To examine the significance of this, wet sediment at 2.5, 5.0 and 7.8 

g (1, 2.1 and 3.2 g dry weight) was trialled and the respective recoveries of AVS 
and SEM are shown in Table 5.1. Whilst there is some variability, Table 5.1 shows 

that there was no major differences in the AVS released by the sediment. In 
contrast the SEM was slightly lower with increasing sediment mass, which may be 
due to lower mixing efficiency. Regardless of this, the conclusions made about the 
sediments examined from Bing Bong in the following discussion will be unaffected 

by this slight variability. For all Bing Bong sediments 5 g wet weight of sediment 

was used, which ranged from 1.5 to 2.5 g dry weight. 



Table 5.1. Effect of sediment mass on acid volatile sulfide (AVS) and 
simultaneously extracted metals (SEM). 

Sediment (g dw.) AVS (jimol g-1) SEM (p.mol g 1) SEM/AVS 

1.0 88.8 0.88 0.010 
2.1 80.6 0.69 0.009 
3.2 86.2 0.62 0.007 

dw = dry weight. 

5.3.2 Analysis of Swing Basin Sediments 

The results for the physico-chemical analysis of the sediment used in the sediment 

chamber and beaker experiments are shown in Table 5.2. Only the <63 p.m 

fraction of the particle size results are shown. The clay fraction (<4 jim) accounted 

for <4 % of the sediment, probably due to particle aggregation as no H202 was 

employed to remove organics. The clay fraction was subsequently grouped with 

the silt fraction (<63 jim). The fine and coarse sand fractions are also not shown 

as they have a limited role in controlling trace metals in comparison to the <63 p.m 

fraction (Horowitz and Elrick, 1987; de Groot, 1995; Jickells and Rae, 1997; 

Kennish, 1997). Table 5.2 shows that whilst there was a lot of site heterogenity, site 

3 sediment was finer grained, having approximately double the amount of silt and 

clay in comparison to sites 1 and 2. This is in accordance with the observations 

made during the collection of sediment cores. 

The sediments from sites 1, 2 and 3 all have a high organic carbon content (1-2 %, 

Table 5.2). These levels are generally slightly higher than that found for several 

samples taken from the surrounding seagrass beds, which had between 0.4 and 1.7 

% organic carbon. The high organic carbon content of swing basin sediments 

reflects the large input of seagrass, predominantly Syringodium isoetifolium, into 

the swing basin (Plate 5.3). At the time of collecting the sediment cores for the 

chamber experiments, the seafloor surrounding site 3 was predominantly covered 

by a layer of decomposing seagrass. Syringodium isoetifolium has a high 

productivity in the Gulf of Carpentaria which has been measured at up to 11 g of 

Carbon m 2  day- ' (Moriarty and Boon, 1989). This combined with a high blade 

turn-over rate (up to 7.8 % day'; Tomasko et al., 1993) can create large floating 

mats of seagrass, which were observed over the duration of this study. The on-

shore sea breezes occurring at Bing Bong year round 'funnel" this floating 

seagrass into the swing basin, particularly with incoming tides (Plate 5.3). The 
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seagrass then sinks and decomposes through-out the swing basin enriching the 

sediment organic carbon levels. 

Table 5.2. Physico-chemical parameters for the sediment obtained after the 
completion of the sediment chamber experiments (3 days after sediment core 
removal). 

Site <63 Lm Organic Carbon AVS s2- SEM 
Fraction (%) (%) (tmo1 g1) (tmo1 g4) 

la 30 1.0 38 0.26 

lb 27 1.1 45 0.22 

2a 43 1.6 91 0.48 

2b 32 1.4 78 0.36 

3a 42 1.4 119 0.86 

3b 72 2.0 114 1.15 

3c 69 1.8 118 1.05 

3d 66 2.0 128 1.04 

E1* 62 2.0 122±3 0.39±0.01 

E2* 53 1.8 119±2 0.49±0.02 

E3* 77 1.7 167±9 1.13±0.02 
AVS = Acid Volatile Sulfide and SEM = Simultaneously extracted metals (in 1 M HCI). All 
weights were on a dry weight basis. 
* Denotes separate sample taken from sites 1, 2 and 3, during sediment core removal, and 
immediately refrigerated in a sealed polyethylene bag to limit oxidation prior to the 
determination of AVS and SEM (n=2). 

Plate 5.3. Floating seagrass (Syringodiuin isoettfoliuin) accumulating in the upper 

Bing Bong swing basin. 



As a result of this large organic input, the AVS for all swing basin sediments was 

similarly very high (Table 5.2). Previous studies generally report AVS levels below 

50 tmo1 g 1  for surface sediments (Hanson et at., 1996; Leonard et at., 1996) and 

the levels found in the samples El - E3 (Table 5.2), which were preserved for 

AVS analysis, all had levels greater than 100 tmo1 g. The equivalent SEM levels 

were low, reflecting the predominance of metals bound as sulfides which were not 

readily dissolved by cold 1 M HC1 in 1 hour. A comparison between the AVS for 

the separate samples taken from each site (E1-E3) and that obtained from the 

respective sediment chambers, shows that AVS had oxidised by 30-60 imoI g 1  

during the 3 day experiment (Table 5.2). The difference of 80 imol g 1  for site 1 

was attributed to site heterogenity, with an abnormally large AVS concentration for 

sample El which corresponded with its finer (<63 pm) sediment composition 

(Table 5.3). 

The principal concentrate metals Zn and Pb accounted for between 60 and 80% of 

the SEM (Table 5.3), with the proportion increasing with the degree of concentrate 
contamination at each site. A break down of SEM is shown in Table 5.3 and the 

results of the 'total" (acid-leachable) sediment digests for the 2 mm and <63 im 
fractions are shown in Tables 5.4 and 5.5 respectively. The sediments from all 3 

sites are clearly contaminated with the principal concentrate metals, Zn and Pb 

(Tables 5.4 and 5.5). Due to the concentrate particle size being 75% <l0im and 

the fine sediment fraction controlling trace metal geochemistry, the results for Zn 
and Pb in the <63 pm sediment digest (Table 5.5) clearly show the contamination. 

Site 3 was clearly more contaminated than sites 1 and 2, with the level of 
contamination corresponding with the sites proximity to the loading facility (site 3 

being closest). 

For all sediment samples the concentration of AVS exceeded the concentration of 
SEM by two orders of magnitude (SEM/AVS <0.01), which indicates that these 
sediments are not toxic to biota as defined by the SEM/AVS ratio being less than 1 

(e.g. Di Toro et at., 1992). The very high level of AVS in the sediment and the fact 

that the concentrate is by nature a mixture of sulfides, suggests that even an order 
of magnitude increase in the level of concentrate contamination would not change 
the toxicity status of swing basin sediments (based on the criteria that there is no 

toxicity if SEM/AVS < 1). However, further research is required to examine how 
the SEM/AVS ratio influences bioaccumulation in organisms with recent studies 



producing ambiguous results (Ankley, 1996; Ankley et at., 1996). The prediction of 
the bioavailable metal concentration in sediment with simple extraction agents is 
very difficult and depends upon a number of complex chemical and physical 
characteristics (e.g. Weimin et at., 1992), which is beyond the scope of this thesis. 

Table 5.3. Simultaneously extracted metals (SEM) with 1 M HC1 (limo!  g 1) 

Site Zn Pb Cd Cu Co Ni Total SEM 

la 0.11 0.05 <0.01 0.04 0.04 0.02 0.26 

lb 0.09 0.05 <0.01 0.04 0.03 0.02 0.22 

2a 0.21 0.14 <0.01 0.06 0.04 0.03 0.48 

2b 0.16 0.10 <0.01 0.05 0.03 0.02 0.36 

3a 0.39 0.30 <0.01 0.08 0.04 0.04 0.86 

3b 0.51 0.44 <0.01 0.12 0.04 0.05 1.15 

3c 0.46 0.40 <0.01 0.11 0.04 0.05 1.05 

3d 0.46 0.40 <0.01 0.10 0.04 0.04 1.04 

El* 0.17±0.01 0.10±0.01 <0.01 0.06±0.01 0.04±0.01 0.02±0.01 0.39±0.01 

E2* 0.21±0.02 0.16±0.01 <0.01 0.07±0.01 0.04±0.01 0.02±0.01 0.49±0.02 

E3* 0.49±0.01 0.45±0.01 <0.01 0.10±0.01 0.04±0.01 0.05±0.01 1.13±0.02 
* Denotes separate sample taken from sites 1, 2 and 3, during sediment core removal, and 
immediately refrigerated in a sealed polyethylene bag to limit oxidation prior to the 
determination of AVS and SEM (n=2). 



Table 5.4. Total (acid leachable) metal concentrations of sediment (<2 mm) used 
in the sediment chamber experiments. All units ppm except Fe (%), (n=2). 
Increasing site number reflects increasing concentrate contamination of sediment. 

Site Cd Co Cu Fe Mn Ni Pb Zn 

la 0.76±0.04 7.9±0.6 6.5±0.4 1.47±0.16 168±9 8.4±0.4 14±1 40±1 

lb 0.62±0.02 6.8±0.2 5.6±0.3 1.15±0.10 151±4 7.3±0.2 11±1 34±2 

2a 0.74±0.05 7.2±0.3 8.0±0.3 1.29±0.06 140±5 8.2±0.1 23±1 85±4 

2b 0.69±0.13 7.9±0.9 8.2±1.4 1.27±0.25 148±28 8.4±1.4 28±1 73±16 

3a 1.41±0.09 9.6±0.3 14.2±1.0 1.67±0.17 195±7 11.0±0.7 64±1 275±12 

3b 1.73±0.31 11.9±2.2 21.3±4.1 1.97±0.57 193±33 15.5±2.9 96±16 402±72 

3c 1.79±0.04 12.7±0.6 20.8±1.0 2.27±0.12 197±7 16.4±0.7 87±3 368±10 

3d 1.60±0.11 11.1±0.9 18.2±1.7 1.94±0.07 182±19 13.7±1.4 82±9 343±29 
El* 0.75±0.04 8.7±0.4 10.0±0.7 1.58±0.01 178±12 10.4±0.5 24±1 70±3 

E2* 0.93±0.02 9.3±0.4 11.6±0.3 1.58±0.10 177±1 10.9±0.3 39±3 125±6 
E3* 1.65±0.06 11.4±0.7 21.3±1.7 1.90±0.08 188±12 14.6±1.0 98±9 393±29 

Baseline** 0.04±0.01 7.6±3.3 5.7±3.0 2.0±1.5 192±53 7.9±3.7 5.5±4 9.8±5.3 
* Denotes separate sample taken from sites 1, 2 and 3, but not used in the sediment chamber 
experiments. 
** Baseline concentrations from Table 3.2 for surface sediments of the region prior to loading 
facility construction. 

Table 5.5. Total (acid leachable) metal concentrations of sediment (<63 .tm) used 
in the sediment chamber experiments. All units ppm except Fe (%), (n=2). 
Increasing site number reflects increasing concentrate contamination of sediment. 

Site Cd Co Cu Fe Mn Ni Pb Zn 

la 1.39±0.14 17.9±1.3 17.9±1.3 3.14±0.36 227±12 20.6±0.9 34±1 121±7 

lb 1.22±0.02 15.2±0.2 16.6±0.3 2.74±0.03 216±8 20.2±0.2 32±1 112±4 

2a 1.39±0.09 15.1±0.8 20.5±0.6 2.46±0.27 237±9 19.6±0.6 59±4 229±5 

2b 1.27±0.11 14.1±1.0 22.1±1.5 2.25±0.23 229±15 20.3±1.1 53±4 199±11 

3a 257±0.10 17.2±0.1 34.3±0.9 3.08±0.21 281±7 22.4±0.1 144±8 645±11 

3b 2.24±0.22 15.7±1.5 30.0±3.5 2.89±0.34 244±26 21.1±1.8 132±18 564±59 

3c 2.02±0.05 15.2±1.0 27.4±0.8 2.56±0.15 232±11 20.4±0.7 113±5 480±23 

3d 1.99±0.08 13.7±1.1 26.9±2.2 2.47±0.15 208±18 18.6±1.4 123±11 464±49 

El* 1.31±0.16 15.3±0.6 20.9±1.3 2.76±0.36 273±10 21.0±0.8 40±3 147±7 

E2* 1.30±0.10 14.1±0.7 21.9±0.8 2.38±0.23 231±6 18.4±0.7 61±1 233±7 

E3* 2.10±0.07 15.0±0.2 30.3±0.5 2.65±0.05 238±2 20.2±0.3 148±2 545±2 

Denotes separate sample taken from sites 1, 2 and 3, but not used in the sediment chamber 
experiments. 

It was interesting to note that the amount of Pb extracted from swing basin 

sediment by cold 1 M HCl treatment, was essentially the same as that found for the 



more vigorous"total" sediment digestion. The amount of Pb and Zn mobilised by 
the SEM (1 M HCI) and "total' treatments are compared in Table 5.6. This shows 
that 1 M HC1 could mobilise almost all of the "total" Pb, but only a limited 
proportion of the Zn. Not surprisingly, this corresponds to their behaviour in the 
concentrate dissolution experiments in seawater (Chapter 4). Lead mobilised 
rapidly from the exposed concentrate sulfide surface whilst Zn dissolution was 
much slower. The dissolution of metal sulfides is generally pH dependent, with an 
increasing rate of dissolution with decreasing pH (Dixon et at., 1975; Hsieh and 
Huang, 1989, 1991; Fornasiero et at., 1994). Comparisons between PbS and ZnS 
dissolution studies show that even at low pH, PbS dissolution is at least an order of 
magnitude faster than ZnS dissolution (Vizsolyi et al., 1963; Dixon et at., 1975; 
Hsieh and Huang, 1989; Fornasiero et at., 1994; Rimstidt et at., 1994). Thus it 
would be expected that 1 M HC1 could more efficiently mobilise Pb rather than Zn 
from concentrate contaminated anoxic sediment. Berry et at. (1996) noted that Cu 

and Ni sulfides were also not completely soluble in the time-frame of the 
AVS/SEM extraction procedure. 

Table 5.6. Comparison of acid treatments, SEM Vs "total" digestion, on the 
concentration of Pb and Zn found in the sediment (ppm). -- 

Site Pb "total" Pb SEM Zn "total" Zn SEM 

la 14±1 11 40±1 7 

lb 11±1 10 34±2 6 

2a 23±1 29 85±4 14 

2b 28±1 21 73±16 10 

3a 64±1 63 275±12 26 

3b 96±16 91 402±72 33 

3c 87±3 82 368±10 30 

3d 82±9 82 343±29 30 

E1* 24±1 22±1 70±3 11±1 

E2* 39±3 34±1 125±6 14±1 

E3* 98±9 93±1 393±29 32±1 
* Denotes separate sample taken from sites 1, 2 and 3, but not used in sediment enclosure 
experiments- 

The ability of 1 M HC1 to almost completely mobilise Pb from these sediments 
raises an important additional question as to whether this Pb would be bioavailable 
to benthic organisms. Several researchers have noted correlations between 1 M 
HCl sediment extractable Pb and the bioaccumulation of Pb in marine 
invertebrates, including deposit feeders and burrowing polychaete worms (Luoma 

and Bryan, 1978, 1982; Weiman et at., 1992). However, the generality of this 
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relationship may be questionable due to the geochemical variability between 
sediments, with a relationship identified for one sediment not being applicable to 
another (Apte and Batley, 1995). It could be expected that heavy metals released 
from faster oxidising metal sulfides would be more available for uptake by benthic 
organisms that ingest sediment. This may explain the apparent relationship 
between 1 M HCl extractable Pb and its bioaccumulation, and the absence of this 
relationship for slower oxidising metal sulfides (Zn, Cd) (e.g. Weimin et al., 1992). 
Thus the AVS/SEM ratio may have little relevance to the bioaccumulation of 
heavy metals by sediment ingesting organisms, where the rate of metal sulfide 
oxidation and the rate of sulfide lattice exchange reactions could control metal 
availability. These observations provide the basis for additional research into heavy 
metal bioaccumulation, but this was beyond the scope of this thesis. The review of 
Bryan and Langston (1992) suggests that further research is required into the effect 
of pH and metal-binding sediment phases on metal interactions and uptake in the 
gut of sediment ingesting organisms. 
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5.3.3 Dissolution of Concentrate in the Presence of Sediment 

The results of the beaker dissolution experiments and sediment chamber 

experiments for the dissolution of concentrate in the presence of sediment are 

shown in Figures 5.5 - 5 19. For comparison with the dissolution curves of Chapter 

4 and calculation of rates, all units remain in molarity. 

Before discussing these results a number of general observations are made for 

both experiments. The pH of the seawater in the sediment beaker experiment was 

8.2 and dropped to 7.8 on the addition of sediment, prior to returning to pH 8.2 

within 24 hours. This was attributed to the release of carbonate from sediment 

porewaters, followed by the re-equilibration of the carbonate system. There was no 

such fluctuation in the sediment chamber experiment which used an intact 

sediment core, with the pH of all chambers remaining in the range 8.0±0.1 over the 

duration of the experiment. After the initial overnight equilibration period for the 

sediment chamber experiment, the redox potential of the surface water was 

measured at 310 mV, ensuring that the chambers had not gone anoxic. The 

dissolved (<0.45 .tm) trace metal concentrations of the bulk seawater used for 

seawater replacement in the sediment chamber experiment is shown in Table 5.7. 

These low metal levels were insignificant in the experimental context and did not 

contaminate the sediment chambers. Each seawater replacement only constituted 

a 4% dilution of the chambers and this was considered insignificant and no volume 

corrections were made. 

Table 5.7 Dissolved (<0.45 tim) metal concentrations of the bulk seawater used to 
replace seawater in the sediment chamber experiments (ppt). 

Cd Co Cu Fe Mn Ni Pb Zn 

3.7 64 359 1196 3425 181 81 227 

Similar to the concentrate dissolution experiments, sediment added to the beaker 

dissolution experiment settled around the outer periphery of the beaker and the 

supernatant became clear within 24 hours. At the completion of the experiment the 

surficial sediment was clearly oxidised, but the underlying sediment retained its 

black sulfidic appearance. The site 3 sediment used in this experiment had an 

initial AVS of 148±13 .imo1 g 1  (n=2) and this dropped to 8 1±10 tmol g (n=2) 

over the experimental duration of 5 days. Morse (1991) reported that AVS oxidises 

within 24 hours when kept in suspension in seawater open to the air. In the beaker 

dissolution experiment, sediment only remained suspended for a brief period as 

would generally occur for a natural disturbance in a shallow environment. It was 



evident in this experiment that even for a thin (<10 mm) layer of sediment, the 
surficial oxidised sediment and additional consumption of 02 via organic matter 

metabolism, limited the sub-surface oxidation of AVS. 
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Figure 5.5. Zn dissolution from concentrate (0.15 g/L) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %o; pH 
8.2; DOC 2 mg L* Temperature 26 °C; No Cons = experiment with no concentrate addition). 
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Figure 5.6. Zn dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site 1 sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%c; pH 8.0; DOC 5 mg L; Temperature 22±1 °C; No Cons = experiment with no concentrate 
addition). 
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Figure 5.7. Pb dissolution from concentrate (0.15 g/L) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %c; pH 
8.2; DOC 2 mg L; Temperature 26 °C; No Cons = experiment with no concentrate addition). 
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Figure 5.8. Pb dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site I sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%o; pH 8.0; DOC 5 mg L; Temperature 22±1 °C; No Cons = experiment with no concentrate 
addition). 
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Figure 5.9. Cd dissolution from concentrate (0.15 gIL) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %c; pH 
8.2; DOC 2mg L 1 ; Temperature 26°C; No Cons = experiment with no concentrate addition). 
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Figure 5.10. Cd dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site I sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%o; pH 8.0; DOC 5 mg L 1 ; Temperature 22±1 °C; No Cons = experiment with no concentrate 
addition). 
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Figure 5.11. Cu dissolution from concentrate (0.15 g/L) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %o; pH 
8.2; DOC 2 mg L; Temperature 26 °C; No Cons = experiment with no concentrate addition). 
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Figure 5.12. Cu dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site 1 sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%c; pH 8.0; DOC 5 mg L 1 ; Temperature 22±1 °C; No Cons = experiment with no concentrate 
addition). 
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Figure 5.13. Fe dissolution from concentrate (0.15 gIL) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %o; pH 

8.2; DOC 2 mg L* Temperature 26 °C; No Cons = experiment with no concentrate addition). 
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Figure 5.14. Fe dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site 1 sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%c; pH 8.0; DOC 5 mg L* Temperature 22±1 CC; No Cons = experiment with no concentrate 
addition). 
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Figure 5.15. Co dissolution from concentrate (0.15 gIL) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %c; pH 
8.2; DOC 2 mg L'; Temperature 26 °C; No Cons = experiment with no concentrate addition). 
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Figure 5.16. Co dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site 1 sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%c; pH 8.0; DOC 5 mg L; Temperature 22±1 °C; No Cons = experiment with no concentrate 
addition). 
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Figure 5.17. Ni dissolution from concentrate (0.15 gIL) in the presence of sediment 
(beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %o; pH 
8.2; DOC 2 mg L; Temperature 26 °C; No Cons = experiment with no concentrate addition).. 
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Figure 5.18. Ni dissolution from concentrate in the presence of sediment (chamber 
experiment).(Site 1 sediment; Concentrate: various dosages as shown; Seawater: Salinity 38 

%o; pH 8.0; DOC 5 mg L; Temperature 22±1 °C; No Cons = experiment with no concentrate 
addition). 
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Figure 5.19. Mn dissolution from concentrate (0.15 gIL) in the presence of 

sediment (beaker experiment). (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 

35 %o; pH 8.2; DOC 2 mg L; Temperature 26 °C; No Cons = experiment with no concentrate 

addition). 

The major difference between the two sediment experiments (beaker and 

chamber) was that concentrate was added onto an existing thin layer (<5 mm) of 

oxidised sediment in the chamber experiment (intact sediment core), but was 

added directly onto mixed sulfidic sediment in the beaker experiment. This would 

have an effect on the initial dissolution of existing oxidised species from the 

concentrate due to the direct interaction of mobilised metals with the "fresh' 

sulfidic surface in the beaker experiment prior to surficial sediment oxidation. For 

Zn, Cu, Co and Ni the maximum concentration of each heavy metal in the beaker 

dissolution experiment (concentrate: 0.15 g L) was similar to that of the 

respective 0.13 and 0.17 g L 1  dosages in the sediment chamber experiment. Note 

that the background (no concentrate) treatments need to be taken into account for 

the minor concentrate constituents: Co and Ni. The lower dissolution curve for one 

replicate in the beaker experiment (Figure 5.5 and 5.7) was attributed to partial 

concentrate burial in that replicate, which resulted in a lower initial rate of 

dissolution due to the greater interaction with sediment and increased rate of 

sediment adsorption. 

Both Pb and Cd showed differences between the maximum concentrations 

observed in beaker and chamber experiments, with Pb and Cd dissolution being 

much lower in the beaker experiment (compare Figures 5.7 with 5.8, and 5.9 and 
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5.10 respectively). This was attributed to the interaction of these metals with the 
"fresh sulfide surface in the beaker experiment, with diffusion through the oxic 
layer required before these metals could interact with sulfides in the chamber 
experiment. The reason that only Pb and Cd showed this affect, was that both of 
these metals form highly insoluble sulfides in comparison to the other metals, 
except Cu, which was only mobilised from concentrate in the presence of organic 
ligands. Thus the more soluble sulfide metals (Co, Ni and Zn) were generally not 
affected due to competition for sites and the rapid oxidation of surface AVS. It was 
particularly interesting to note that sulfide precipitation was particularly important 
for Cd, with the maximum initial dissolution in the beaker experiment only a 
quarter of that observed in the chamber experiment (Figures 5.9 and 5.10 
respectively). This was due to Cd having a lower affinity for other oxidised 
sediment constituents in comparison to Pb (Balistrieri and Murray, 1982; Balistrieri 
and Murray, 1984; Bilinski et al., 1991). 

For both experiments, after the initial rapid rate of concentrate dissolution (oxidised 
surface layer), the subsequent rate of concentrate dissolution from the exposed 
sulfide surface was exceeded by the rate of sediment adsorption. This was evident 
from the declining concentrations with time (Figures 5.5 - 5.19). The only 
exception was Cu, whose concentration continued to increase (Figures 5.11 and 
5.12). This was observed in the absence of sediment (Chapter 4) and was 
attributed to the mobilisation of Cu by organic complexation. The Cu mobilised as 
an organic complex from CuS (concentrate) would be unlikely to re-adsorb to 
sediment or re-precipitate as a sulfide and thus the concentration of Cu increased 
with time. The organic complexation of Cu has been observed to prevent 
adsorption onto a number of sedimentary phases (Hallberg et at., 1980; Van den 

Berg, 1982; Bilinski et at., 1991). The metabolism (break-down) of sedimentary 

organic matter by micro-organisms (bacteria) also appeared to play a role in the 
mobilisation of Cd and Cu from concentrate in the beaker experiment (circle 
symbols in Figures 5.9 and 5.11 respectively). Between 96 and 120 hours the 
concentration of both Cd and Cu shows an unexpected increase in the rate of 
mobilisation. Biogenic material is a strong adsorbent for both Cd and Cu (Calmano 

et at., 1988; Casas and Crecelius, 1994) and it has been shown that both of these 
metals can be mobilised via the metabolism of sedimentary particulate organic 

matter (Prause et at., 1985; Gerringa 1990). The metabolism of sedimentary 
particulate organic matter could mobilise Cd or Cu directly as dissolved organic 
complexes and/or via the release of dissolved organic ligands which subsequently 
complex these metals. The reason for the delayed accelerated rate of Cd and Cu 
mobilisation was likely to be the exponential growth of bacteria during the beaker 
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experiment, with the initial population of viable bacteria very low due to the storage 
of sediment at 4 °C for 4 weeks prior to use. It would be interesting to examine this 
in longer term experiments. In contrast, this was not noted in the chamber 
experiment, which already had an unaltered population of bacteria. 

There was no dissolution of Fe from concentrate in the presence of sediment 
(Figures 5.13 and 5.14), as was found in the absence of sediment (Chapter 4). The 
Fe concentrations in the beakers and chambers appeared to be controlled by the 
release of dissolved Fe from porewaters (Fe2+)  andlor from the oxidation of AVS. 
This was evidenced by the large initial spike of Fe in the beaker experiment and 
absence of this spike in the chamber experiment (Figures 5.13 and 5.14 
respectively). The beaker experiment entailed the initial suspension of mixed 
sulfidic sediment whereas the chamber experiment used a relatively undisturbed 
intact sediment core. The Fe spike at 48 hours in the beaker experiment was 
caused by the beakers containing concentrate being accidently bumped 
immediately prior to sampling, which disturbed some surficial sediment. However, 
this disturbance did not appear to have any effect on the other metals. 

Manganese was examined for the first time in the beaker experiment (Figure 
5.19), primarily to examine the release of Mn from porewaters, which is discussed 
in the next section. However, it was extremely interesting to note that unlike Fe, 
Mn was readily mobilised in the presence of concentrate (circle symbols, Figure 
5.19). This was not due to dissolution from concentrate: Mn only constitutes around 

0.01% of the concentrate (0.15 g L 1) and an aqueous concentration of 0.9 jiM 

(Figure 5.19) was several times higher than that which could be obtained by 
complete concentrate dissolution. This provides clear evidence for the release of 

Mn2  via the exchange of heavy metals with sedimentary Mn, with this 
sedimentary phase likely to be MnS which has a very low sulfide solubility and can 
undergo lattice exchange reactions with both Zn and Pb. Manganese (Mn2+)  has a 
slow rate of oxidation to Mn02, particularly in the absence of Mn-oxidising 

microbes (Libes, 1992). Thus the elevated concentration of Mn2  would be 

evident after lattice exchange reactions. In contrast, Figure 5.13 shows no 

evidence of Fe2+  mobilisation via lattice exchange reactions. The exchange of 

heavy metals with the reactive FeS sedimentary pool to produce Fe2+ forms the 

basis of AVS theory (e.g. Di Toro et al., 1990; Casas and Crecelius, 1994). Clearly 

the Fe2+ released by the lattice exchange of heavy metals with FeS must oxidise 
rapidly to particulate Fe oxy-hydroxides in this experiment. This limited 

persistence of Fe2+ was consistent with the reported half life of 1.2±0.3 min for 

Fe2+ in 35%c seawater, at pH 8 and 25 °C (Millero et al., 1987). 



The concentrate chamber apparatus provides an excellent means of simulating 
the short-term dissolution of concentrate in the presence of sediment. This method 
retains the sediment structure and allows for a more realistic means of examining 
the dissolution of metals for concentrate settling onto the sediment surface. For this 
experiment, the dissolution curves for the concentrate dosages (0.047 - 0.286 g L 1) 
have been normalised as was done in section 4.3.2. To summarise the individual 
normalised dissolution curves (not shown), the average of the normalised curves 
for Zn, Pb, Cd and Cu is presented in Figures 5.20 - 23 respectively, together with 
the equivalent dissolution curve obtained in the absence of sediment. 

Figures 5.20 -23 show that sediment adsorption more than halved the concentration 
of Zn, Pb, Cd and Cu mobilised from concentrate into solution. The large standard 
deviation bars for the mobilisation of Cu in the presence of sediment (Figure 5.23) 
was due to decreasing relative mobilisation of Cu with increasing concentrate 
dosage. This was due to organic ligands becoming a limiting factor with increasing 
concentrate dosage as discussed in Chapter 4, section 4.3.2.2. Of the other metals, 
only Ni dissolution shared this concentrate dosage dependence, with the relative 
level of Ni mobilisation decreasing with increasing concentrate dosage. These 
results are consistent with the sediment batch experiments of Gerringa (1990) who 
found that the presence of dissolved organic ligands regulated the dissolved 
concentration of both Cu and Ni. The lower relative dissolution of Cu in the 
presence of sediment in comparison to that in the absence of sediment (Figure 

5.23) may be attributed to the competition between dissolved organic ligands and 
organic sedimentary phases for Cu complexation. In Chapter 4 (section 4.3.2.2) 
organic ligands were also found to enhance Pb dissolution, with organic 
complexation increasing the dissolved concentration of Pb beyond the solubility of 
PbCO3. However, in the presence of sediment, Pb mobilisation showed no 

concentrate dependence and the strong affinity of Pb for sedimentary phases 
appeared to negate the effect of organic ligands. In the presence of sediment, the 
concentration of dissolved Pb barely reached the reported solubility for PbCO3 (3 

!.IM: Bearman, 1989) with Pb preferentially adsorbed onto sediment . Unlike Cu, Pb 

mobilised rapidly from concentrate without organic complexation. 
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Figure 5.20. Normalised Zn dissolution from concentrate in the presence and 
absence of sediment. (With Sediment: Avg. of all concentrate treatments (0.047 - 0.286 
gL 1 ); Salinity 38 %o; pH 8.0; DOC 5mg L 1 ; Temp. 22±1 °C; No Sediment: Concentrate 0.15 
g L; Salinity 38 %o; pH 8.3; DOC 4 mg L 1 ; Temp. 26 °C). 
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Figure 5.21. Normalised Pb dissolution from concentrate in the presence and 
absence of sediment. (With Sediment: Avg. of all concentrate treatments (0.047 - 0.286 

gL 1 ); Salinity 38 %c; pH 8.0; DOC 5mg L; Temp. 22±1 °C; No Sediment: Concentrate 0.15 

g L; Salinity 38 %c; pH 8.3; DOC 4 mg L; Temp. 26 °C). 
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Figure 5.22. Normalised Cd dissolution from concentrate in the presence and 
absence of sediment. (With Sediment: Avg. of all concentrate treatments (0.047 - 0.286 
gL 1 ); Salinity 38 %o; pH 8.0; DOC 5mg L; Temp. 22±1 °C; No Sediment: Concentrate 0.15 
gL* Salinity 38 %o; pH 8.3; DOC 4mg L* Temp. 26 °C). 
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Figure 5.23. Normalised Cu dissolution from concentrate in the presence and 
absence of sediment. (With Sediment: Avg. of all concentrate treatments (0.047 - 0.286 

gL 1 ); Salinity 38 %o; pH 8.0; DOC 5mg L* Temp. 22±1 °C; No Sediment: Concentrate 0.15 
gL'; Salinity 38 %c; pH 8.3; DOC 4mg L; Temp. 26 °C). 
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The difference between the normalised dissolution curves for Zn, Pb and Cd in the 
absence and presence of sediment (Figures 5.20 - 22) shows the rate of adsorption 
of these metals by sediment (Figures 5.24 - 26). However, this difference applied 
to Pb only provides a minimum rate of sediment adsorption (Figure 5.25) due to the 
equilibrium behaviour of Pb. A shift in the dissolved equilibrium concentration of 
Pb by removing mobilised Pb via the replacement of seawater (Chapter 4, section 
4.3.4) or the adsorption of Pb by sediment, would result in further rapid Pb 
dissolution from the concentrate. Thus the rate of Pb adsorption would be 
substantially higher than that shown by Figure 5.25, which was calculated based on 
the unaltered Pb equilibrium concentration in the absence of sediment (Figure 
5.21). 
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Figure 5.24. Diffusion controlled sediment adsorption of Zn mobilised 
from concentrate. 
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Figure 5.25. Diffusion controlled sediment adsorption of Pb mobilised 
from concentrate. 
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Figure 5.26. Diffusion controlled sediment adsorption of Cd mobilised 
from concentrate. 

Figures 5.24 -26 show that the adsorption of trace metals by sediment after 0.5 

hours was a diffusion controlled process, having a square root dependence on time. 

This is in accordance with other trace metal adsorption studies (Jenne, 1995). The 

adsorption curves show deviations from linearity with the rate of adsorption 



203 

decreasing with time as a function of the adsorption capacity of the sediment and 

availability and strength of complexing sites. The high initial concentration of 

sediment adsorbed Zn, Pb and Cd in Figures 5.24 - 26 show that the slow diffusion 

controlled adsorption rate was preceded by a very rapid initial adsorption rate 

between 0 and 0.5 hours (t112  = 0 to 0.7 hours). For example, in the case of Zn, 160 

tM Zn had been adsorbed within 30 mm (t112  = 0.7 hours), whilst an additional 200 

iM Zn required some 72 hours to be adsorbed during the diffusion controlled 

period (from t112  = 0.7 to 8.5 hours, Figure 5.24). The rapid initial adsorption is also 

typical of trace metal adsorption studies (Jenne, 1995) and represents adsorption by 

external (surface) adsorption sites. The rate of the fast adsorption reaction was 

particularly important for the rapid adsorption of the metals released from the 

existing surface oxidised phase on the concentrate. The rate of the slow metal 

adsorption reaction (as given by the slope in Figures 5.24 - 5.26) was 26.6 tM (g of 

cons.) hr-05, 1.99 .tM (g of cons.) hr° 5  and 49.6 nM (g of cons.) 1  hr05  for Zn, 

Pb and Cd, respectively. Converting grams of concentrate to moles of each metal 

in the concentrate gives the adsorption rate on a molar basis as 4.0, 3.4 and 0.6 

mM mole-1  hr05  for Zn, Pb and Cd, respectively. Noting that the actual rate of Pb 

would be substantially higher than that calculated (Pb equilibrium behaviour), this 

indicates that the relative rate of sediment adsorption would be Pb > Zn> Cd. This 

order agrees with the order obtained by Balistrieri and Murray (1984) for metal 

adsorption from seawater onto a natural interfacial sediment. There are no other 

similar studies with which to compare this behaviour. 

The sediment chamber experiments have shown that whilst sediment adsorption 

can more than halve the initial concentration of metals mobilised from concentrate, 

high levels can still persist over a long time-frame. This was due to the adsorption 

becoming diffusion limited as adsorption sites become exhausted. The sediment 

surface area of the chambers was approximately 80 cm2  and the concentration of 

Pb and Zn in 600 mL of overlying seawater was still approximately 1 and 0.25 iM 

respectively, after 72 hours with a concentrate addition of only 30 mg (Figures 5.6 

and 5.8). This equates to a concentration of 65 ppb for Zn and 50 ppb for Pb. All 

other heavy metals examined had concentrations at least an order of magnitude 

lower by comparison. The relevant background level of Zn and Pb along the Bing 

Bong coastline was 85±37 and <10 ppt respectively (Chapter 3). The Australian 

guidelines for the protection of marine ecosystems recommend that the long-term 

total concentration of Zn and Pb does not exceed 50 and 5 ppb respectively 

(ANZECC, 1992). It is clear that these water quality guidelines could be exceeded 

in the event of accidental concentrate spillage. This would be dependent upon a 

number of factors: 
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The existing oxidised layer on the concentrate would mobilise rapidly, 
probably within the time it would take for most of the concentrate to settle 
onto the sediment (given its fine nature: 75 % < 10 jim). Thus the immediate 
concentration of mobilised metals in the vicinity of the spill would be 
proportional to the size of the spill. This may include the precipitation of 
metal carbonates if the solubility limits are exceeded; 

In the event of a spill, the resulting elevated dissolved concentrations of Zn 
and Pb in the water column could be persistent, with the scavenging of heavy 
metals by the low levels of suspended particulate matter (generally <5 ppm) 
negligible in comparison to sediment adsorption; 

Heavy metal adsorption by sediment will become slow and diffusion 
controlled in the immediate vicinity of the spillage, but would become rapid 
away from the impact point due to the availability of unoccupied external 
adsorption sites; and 

The mixing and movement of swing basin waters would be an important 
parameter in assessing the persistence and impact of a concentrate spillage, 
particularly with regard to dilution rates and the interaction of the water 
column with sediment to facilitate heavy metal adsorption. This is examined 

in Chapter 6. 

In the event of a spill, the dredging and recovery of concentrate would have little or 
no benefit as the mobilisation of metals from the existing oxidised layer of the 
concentrate will be effectively complete before remedial action can be instigated. 
The subsequent mobilisation of Zn, Cd and Cu from the exposed metal sulfide 
surface is very slow and would not exceed the rate of dilution or sediment 
adsorption. Whilst Pb will continue to rapidly mobilise from the exposed metal 
sulfide surface, this should be negated by an increased rate of sediment uptake for 
Pb. The high AVS of swing basin sediments and the very thin surface layer of 

oxidised sediment (<5 mm), suggests that most of the mobilised metals will 
eventually re-precipitate or co-precipitate as sulfides after diffusion through this 
surface layer. In addition, adsorption of heavy metals onto metal sulfides, or Fe or 
Mn hydr(oxides) forming in the surficial sediment, may also be important removal 

mechanisms (Sadiq, 1992; Davis et al., 1994). 
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5.3.4 Mobilisation of Metals from Concentrate Contaminated Sediment 

5.3.4.1 Sediment Beaker Mobilisation 

Since sediments in the swing basin were contaminated by the accidental spillage 
of concentrate during the initial loading trials, it was decided to examine the 
mobility of heavy metals in this sediment and whether the degree of sediment 
concentrate contamination affected the flux of metals from the sediment into the 
overlying water. All subsequent units will now be presented in ppt and ppb units in 
accordance with the general usage of these units in the literature. 

To begin with, the results from the sediment beaker experiment without 
concentrate addition are re-presented in Figures 5.27 - 5.30 on a smaller scale, to 
analyse whether sediment disturbance re-mobilised heavy metals. The sediment 
used in the trial was the concentrate contaminated site 3 sediment and the 'total' 
sediment metal concentrations were shown at E3 in Table 5.4 (Zn: 393±29 ppm, 
Pb: 98±9 ppm, Cd: 1.65±0.06 ppm, Cu: 2 1.3±1.7 ppm). 

Figures 5.27 - 5.30 show that there was an initial mobilisation of heavy metals on 
the addition of mixed anoxic sediment to a stirred (= 0.05 in s') beaker of 
seawater. This was followed by metal re-adsorption onto the sediment. As 
discussed previously, the concentration of Cu increased with time due to organic 

complexation (Figure 5.29). For Zn, Fe, Pb, Ni and Cd the maximum mobilisation 
level was immediate (within 30 mm), whereas for Mn and Co the maximum level 

of mobilisation was slightly delayed (2 - 24 hours). There are two possible reasons 

for the immediate release of metals: 

The metals were released from sediment porewaters with some metals 
possibly organically complexed; and/or 

The metals were released by the rapid oxidation of a sulfidic phase. 



40 

30 

C 

zu ! : 
11 

Zn (a) 
—0---- Zn (b) 

Ii 

- L
b. 

morel 

0 24 48 72 96 120 
Time (hours) 

Figure 5.27. Mobilisation of Zn and Fe from concentrate contaminated sediment in 
the beaker experiment. (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %c; pH 

8.2; DOC 2 mg L 1 ; Temperature 26 °C; a and b are replicated experiments). 
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Figure 5.28. Mobilisation of Mn and Pb from concentrate contaminated sediment 
in the beaker experiment. (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %o; 

pH 8.2; DOC 2 mg L; Temperature 26 °C; a and b are replicated experiments). 
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Figure 5.29. Mobilisation of Ni and Cu from concentrate contaminated sediment in 
the beaker experiment. (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %c; pH 
8.2; DOC 2 mg L; Temperature 26 °C; a and b are replicated experiments). 
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Figure 5.30. Mobilisation of Co and Cd from concentrate contaminated sediment in 
the beaker experiment. (Site 3 sediment 20 g (d.w.) per 1.8 L; Seawater: Salinity 35 %o; pH 

8.2; DOC 2 mg L- 1;  Temperature 26 °C; a and b are replicated experiments). 
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Only Fe, Mn and Co are significantly enriched in the sub-oxic porewaters of site 3 
sediment (refer to section 5.3.3.3) and could be released via the disturbance of this 
sediment. Figure 5.27 shows that the Fe2  released during initial sediment 
suspension was rapidly oxidised to colloidal and particulate oxy-hydroxides, with 
dissolved Fe attaining a lower equilibrium concentration within several hours 
(Figure 5.27). This agrees with the reported rapid kinetics for Fe(II) oxidation in 
seawater (t112  = 1.2±0.3 min for Fe2  in 35%c seawater, at pH 8 and 25 °C ; Millero 
et al., 1987). The kinetics of the re-oxidation and adsorption of Mn and Co were 
slower and took up to 48 hours to return to relatively low concentrations (Figures 
5.28 and 5.30 respectively). Libes (1992) reports that Mn2  has a slower rate of 
oxidation, particularly in the absence of Mn-oxidising microbes. The slight delay in 
attaining the maximum concentration of Mn and Co compared to Fe, Zn and Pb, 
was likely to be due to metal exchange reactions with sedimentary Mn and Co 
phases. Both Zn and Pb had a relatively high immediate mobilisation and were 
likely to undergo lattice exchange reactions with Mn and Co sulfides. This was 
evident in the concentrate addition replicates which were discussed in the previous 
section. The equivalent lattice exchange reaction between heavy metals and FeS 
whilst likely (AVS theory), was not evident due to the faster oxidation of Fe2  

released from this exchange reaction. 

It was unlikely that the initial elevated concentrations of Zn (27-36 ppb) and Pb (3-
8 ppb) (Figures 5.27 and 5.28 respectively) were derived from the release of these 
metals from porewaters. The concentrations of dissolved Zn and Pb found in the 
porewaters of site 3 sediment were <2.5 and <0.2 ppb respectively (Figure 5.8b, 

section 5.3.4.3). Thus the initial release of these metals upon the suspension of 
anoxic sediment in oxic seawater was likely to have resulted from the rapid 
oxidation of a sulfidic phase, with the rate of heavy metal mobilisation faster than 
the rate of sediment adsorption. This sulfidic phase would not have been the 

concentrate itself as: 

the concentrate had resided in anoxic sediment for approximately one year 
and any labile surface oxidised species on the concentrate would have been 
precipitated as sulfides or strongly adsorbed to sulfides or other sedimentary 

phases; and 

the addition of concentrate in the sediment chamber experiments (previous 
section) showed that the rate of sediment adsorption exceeds the rate of 
dissolution of heavy metals from the exposed sulfide surface of the 

concentrate. 
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Therefore these metals must be derived from the oxidation of other sulfidic phases 
which oxidise more rapidly than concentrate. These phases appear to be primarily 
iron sulfides which were prevalent in Bing Bong swing basin sediments; the site 3 
sediment used in this experiment had an initial AVS of 148±13 jimol g 1  and an 
SEM Fe concentration of 168±1 imol g' (n=2) (Mn had a SEM concentration of 
2.55±0.04 Rmol g-1  and all other metals were <0.5 imol g 1  (Table 5.3)). The 
formation of iron sulfides via the generation of sulfide from sulfate-reducing 
bacteria during organic matter oxidation can be summarised as follows (Casas and 
Crecelius, 1994): 

2CH20 + SO -  - HS + 2HCO3 
2FeOOH + 3112S - 2FeS + S° + 4H20 

FeS amorphous - FeS mackinawite 

3FeS mackinawite  + S0  - Fe3S4 greigite 

Fe3S4 greigite+  2S0 3FeS2 pyrite 

The iron sulfides dissolved by cold HC1 in the AVS determination include the iron 
monosulfides (amorphous and mackinawite) and possibly greigite, with pyrite not 
affected by this treatment (Casas and Crecelius, 1994; Morse, 1994). These 
monosulfides are known to oxidise very rapidly (within a few hours) when 
suspended in oxic seawater (Morse, 1991; Morse, 1994) and in this experiment the 
AVS decreased by 45 % over 5 days (to 8 1±10 j.imol g-1); it was anticipated that 

the oxidation of AVS was initially rapid during sediment suspension, but then 
slowed as the sediment settled out, with the oxic surficial sediment limiting oxygen 
diffusion to the underlying sulfidic sediment. Besides the rapid oxidation of AVS, it 
has also been shown that very fine grained (submicron) pyrite present in surficial 
sediments can undergo initial rapid oxidation during suspension in oxic seawater 

(Morse, 1991). 

Several researchers have demonstrated that heavy metals can be adsorbed onto 
iron sulfides in sediments (Jean and Bancroft, 1986; Kornicker and Morse, 1991; 
Huerta-Diaz and Morse, 1992; Morse and Arakaki, 1993). It has been suggested 
that the physical disturbance of sediment could potentially mobilise significant 
amounts of heavy metals through pyrite oxidation (Huerta-Diaz and Morse, 1992; 
Morse, 1994). A similar argument could be made for metal release from iron 
monosulfides during sediment disturbance. However, there appears to be no direct 
studies which examine the mobilisation of heavy metals into seawater from 
oxidising iron sulfides. The results of the study performed here suggests that trace 
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metals are mobilised via the oxidation of iron sulfides, but only where the rate of 
sulfide oxidation exceeds the rate of heavy metal re-adsorption back onto the 
sediment; with the rate of sulfide oxidation only being rapid enough for the 
mobilisation of trace metals to be observed during the initial suspension of 
sediment. Thus the mobilisation of trace metals was transitory and had a limited 
persistence; the elevated dissolved concentrations of the principal sediment 
contaminants, Pb and Zn, attained a lower equilibrium concentration within 24 
hours after sediment suspension (Figures 5.27 and 5.28). It should of course be 
noted that the oxidation of iron sulfides would result in the rapid precipitation of Fe 
oxy-hydroxides (in minutes; Millero et al., 1987) which can efficiently scavenge 
most heavy metals (Millward and Moore, 1982; Balistrieri and Murray, 1982; 
Förstner et al., 1989; Sadiq, 1992). 

In this study, the sediment was not maintained in suspension, resulting in only 
partial sediment oxidation over 5 days. This experiment was designed to simulate 
sediment re-suspension by barge movement in the Bing Bong swing basin, which 
would only result in partial sediment oxidation. Other researchers examining heavy 
metal mobilisation from oxidising anoxic sediment have not monitored the degree 
of sediment oxidation. However, the longer term experiments of Förstner et al. 
(1989), using a multi-chamber device, showed that the mobilisation of Cd, Cu and 
Zn from suspended anoxic mud, after 3 weeks at constant pH, was very low under 
both anoxic and oxic conditions; there was no significant transfer of metals to other 
model sedimentary components contained in adjacent chambers and separated by 
a 0.45 .im membrane. The exception was a greater transfer of Cd and Cu onto 
algal cells under buffered oxic conditions, which was attributed to the release and 
preferential adsorption of organically complexed Cu and Cd by this phase 

(Calmano et al., 1988, 1992). The results of this study agree with those of Förstner 

et al. (1989) and it can be concluded that heavy metals generally do not mobilise 
from oxidising anoxic sediments under the constant pH and salinity conditions of 

seawater. Prause et al. (1985) also showed that Pb and Cd mobilisation was limited 
from an oxidising anoxic mud in short term (<24 hr) suspension experiments under 
constant pH and salinity conditions. Over a longer period (up to 60 days) however, 
the metabolism of organic matter by bacteria was found to mobilise a significant 

amount of Cd (Prause et al., 1985). Gerringa (1990) similarly observed the 
mobilisation of Cd and Cu via the metabolism of sedimentary particulate organic 
carbon, with the mobilised Cu probably organically complexed. It was suggested 
that organic complex break-down (metabolism) for Cu lead to sediment re-
adsorption, but in the case of Cd, the break-down of the organic complexes 
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resulted in the formation of soluble chioro species were not re-adsorbed onto the 

sediment. 

The mobilisation of Cd from sediments in seawater under oxidising conditions 

represents a special case and Förstner et al. (1986) reported that Cd appears to be 

a critical element for mobilisation due to its ability to form chioro complexes. 

Several studies have shown that Cd mobilisation from sediment increases with 

increasing salinity (Salomons et al., 1982; Prause et al., 1985; Calmano et al., 

1992). It has also been demonstrated that Cd adsorption onto oxic sediment phases 

(Balistrieri and Murray, 1982; Bilinski et al., 1991; Calmano et al., 1992) and iron 

sulfides (Jean and Bancroft, 1986; Kornicker and Morse, 1991) decreases with 

increasing salinity. In comparison to other heavy metals, Cd has a low affinity for 

most sediment phases in seawater (Balistrieri and Murray, 1982; Bilinski et al., 

1991). An exception to this is the high affinity Cd has for biogenic material 

(Förstner et al, 1989; Gerringa, 1990). Sulfide precipitation is also a major sink for 

Cd in anoxic sediments. Therefore Cd mobility is likely to be directly related to the 

degree of organic matter degradation and sulfide oxidation. The reasons for the 

absence of significant Cd mobilisation in this experiment (Figure 5.30) were: 

Cd was present as a minor sediment contaminant and therefore not likely to 

exceed the adsorption capacity of the sediment; 

The experiment was conducted over a short duration with a limited initial, 

viable, population of bacteria present to metabolise organic matter (sediment 

had been stored at 4 °C for 4 weeks prior to use); and 

At the end of 5 days the sediment still contained an appreciable quantity of 

reactive sulfides (AVS: 81±10 llmol g-1) which could precipitate Cd; 

The behaviour of Ni in this experiment was unique, with a slow declining 

concentration of Ni with time (Figure 5.29). Whilst speculative, this maysuggest 

that the metabolism of dissolved organic ligands may be destroying organic Ni 

complexes, leading to the re-adsorption of Ni onto sediment (Figure 5.29). 

Gerringa (1990) noted the organic regulation of Ni in similar batch experiments, 

which was particularly interesting as observed here, despite the declining 

concentration of dissolved Ni, the concentration of Cu continued to mobilise for 

some time as an organic complex. Gerringa (1990) also suggested that Cu and Ni 

may compete for organic complexation sites. 



212 

Figure 5.28 shows that the concentration of Mn and to a lesser extent Pb, 

unexpectedly increased between 96 and 120 hours. Lead has a strong affinity for 

Mn(IV) oxides in sediments (Aualiitia and Pickering, 1987) and it appears that 

dissolution of this oxide could release both Mn2  and Pb2 . It may be possible that 

the exponential growth of sedimentary bacteria in the experiment resulted in the 

reduction of Mn02 via organic matter metabolism during this period (initial DOC 

level was 1.7%). However, this is considered speculative and would require further 

long-term experiments to assess. 

This experiment has shown that the partial oxidation of anoxic sediment 

contaminated with Zn/Pb concentrate, through sediment re-suspension, would not 

result in the significant mobilisation of heavy metals under constant pH and salinity 

conditions. A relatively low concentration of heavy metals appears to be initially 

mobilised due to their association with rapidly oxidising iron sulfides. However, the 

mobilised heavy metals were quickly re-adsorbed onto the sediment. This 

experiment suggests that heavy metals would not be mobilised from sediment re-

suspension resulting from barge movement in the Bing Bong swing basin. This is 

examined in the next chapter. One aspect not examined by this thesis was whether 

the redistribution of heavy metals between sedimentary phases, resulting from 

partial sediment oxidation, would affect the bioavailability of heavy metals. 

5.3.4.2 Sediment Chamber Flux Experiment 

The sediments throughout the Bing Bong swing basin have been accidentally 

contaminated to various degrees by the spillage of Zn/Pb concentrate at the loading 

facility, particularly during the initial loading trials (late 1995). To assess whether 

the degree of existing sediment contamination with concentrate affected the 

release of heavy metals into overlying seawater, an on-site sediment chamber flux 

experiment was undertaken in November 1996. Sediment chambers were 

prepared using intact surficial sediment cores from sites 1, 2 and 3 in the swing 

basin (Figure 5.1). The relative degree of sediment contamination at each site was 

site 3 > site 2 > site 1, with the "total acid-extractable metal concentrations for 

cores from each site shown in Table 5.4. The resultant flux of metals from this 

sediment into the overlying seawater contained in the chambers over a three day 

period is shown in Figures 5.31 - 5.37. 
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Figure 5.31. Mobilisation of Zn from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 
chamber experiments. (Seawater: Salinity 38 %o; pH 8.0; DOC 5 mg L; Temperature 22±1 
°C). 
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Figure 5.32. Mobilisation of Pb from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 
chamber experiments. (Seawater: Salinity 38 %c; pH 8.0; DOC S mg L* Temperature 22±1 
°C). 
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Figure 5.33. Mobilisation of Cd from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 
chamber experiments. (Seawater: Salinity 38 %o; pH 8.0; DOC 5 mg L 1 : Temperature 22±1 
°C). 
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Figure 5.34. Mobilisation of Cu from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 

chamber experiments. (Seawater: Salinity 38 %o; pH 8.0; DOC 5 mg L'; Temperature 22±1 
°C). 
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Figure 5.35. Mobilisation of Fe from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 
chamber experiments. (Seawater: Salinity 38 %c; pH 8.0; DOC 5 mg L; Temperature 22±1 
°C). 
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Figure 5.36. Mobilisation of Co from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 
chamber experiments. (Seawater: Salinity 38 %c; pH 80; DOC 5 mg L; Temperature 22±1 
°C). 
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Figure 5.37. Mobilisation of Ni from concentrate contaminated sediment obtained 
from sites 1, 2 and 3 in the Bing Bong swing basin and used in the sediment 
chamber experiments. (Seawater: Salinity 38 %c; pH 8.0; DOC 5 mg L; Temperature 22±1 
°C). 

Similar to the sediment beaker mobilisation experiment (previous section), Figures 

5.31 - 5.37 show that initial elevated metal concentrations were evident, either after 

the overnight equilibration period (0 time) or during the initial 30 mm stifling period. 

Relative to any subsequent release of metals, this initial release was particularly 

elevated for Zn, Pb and Co (Figures 5.31, 5.32 and 5.36). The maximum initial 

concentrations observed in the chamber experiment were generally much lower 

than for the beaker experiment. This was due to two factors: 

The chamber experiment entailed minimal sediment disturbance resulting in 

the limited oxidation of exposed sulfides; and 

The chamber experiment involved an overnight equilibration period prior to 

the commencement of stirring and sampling, during which time mobilised 

metals could re-adsorb onto the sediment. 

With regard to the second factor, unlike the beaker experiment, dissolved Fe in the 

chamber experiment shows no initial elevated concentration (Figure 5.35). Any 

initial release of Fe2  must have precipitated as oxy-hydroxides within the 

overnight equilibration period (tl/2 1-3 mm; Millero et al., 1987). Though Mn was 

not determined in this experiment, the release of Co from the sediment was still 
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evident in the chamber experiment due to a slower rate of sediment re-adsorption 

(Figure 5.36). 

In general, both Pb and Zn reached an equilibrium concentration after 24 hours in 

the chamber experiment (Figures 5.31 and 5.32); analogous to the results of the 

beaker experiment (previous section). The equilibrium values generally ranged 

from 1-4 ppb for Zn and from 100-600 ppt for Pb. These values showed no 

correlation with the relative level of sediment concentrate contamination; site 1 

sediment having = 1/10th the concentrate contamination of site 3 (Table 5.4). The 

sediments used in these experiments all had a high AVS and organic carbon level 

and could therefore readily scavenge heavy metals (Table 5.3). The only possible 

explanation for these regulated, elevated equilibrium levels (in comparison to 

background concentrations) was that these metals were organically complexed. 

The concentration of Ni in all chambers similarly maintained an equilibrium 

(Figure 5.37); as opposed to the beaker experiment, in which Ni concentrations 

declined with time (Figure 5.29). However, the initial Ni concentration was highly 

elevated in the beaker experiment (Ni = 1,500 ppt at t = 0; Figure 5.29) and the 

growth of bacteria and metabolism of organic ligands was thought to result in the 

gradual re-adsorption of Ni onto sediment. By comparison, the sediment chambers 

already had a stable population of bacteria. The replacement of almost 50% of the 

overlying seawater for the last 24 hours in replicates 3c and 3d in the chamber 

experiment did not significantly alter the equilibrium concentrations of Zn, Pb or 

Ni. It therefore appears that either the organic ligands complexing these metals 

were re-mobilised from the sediment or that these ligands were introduced with the 

seawater (DOC 4 mg L 1 ). 

In contrast to Zn, Pb and Ni, the concentration of Cd, Cu and Fe began increasing 

with time (5.33 - 5.35). As previously discussed and shown by Gerringa (1990), Cd 

and Cu mobilise with the break-down of sedimentary organic matter. Porewater 

studies also indicate that these metals are released as organic complexes (Gobeil 

et al., 1987; Widerlund, 1996). In this experiment, the initial mobilisation (<48 

hours) of Cd and Cu was particularly evident in chamber 3c, which had a relatively 

high initial concentration of these metals in comparison to the other chambers 

(Figures 5.33 and 5.34). In contrast, the initial concentration of Zn, Pb, Fe and Co 

was not elevated for this chamber (3c), whilst Ni was only slightly elevated up to 

24 hours (Figure 5.37). Thus only metals shown to be associated with organic 

matter degradation, namely Cd, Cu and Ni (Gerringa, 1990), were initially elevated 

in chamber 3c, indicating that organic matter metabolism was initially high in this 

chamber. This provides further evidence for the regulation of dissolved Cd, Cu and 
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Ni through organic complexation. The sediment surface in the swing basin has an 

existing cover of brown algae, which may have begun decomposing under the 

sediment chamber experimental conditions; this could result in the mobilisation of 

metals associated with algal surfaces, such as Cd and Cu (Jones et at., 1986; 
Calmano et at., 1988). Jones et at. (1982, 1986) showed that dissolved organic 

complexes of Cd and Cu were produced by the decomposition of blue-green algae 

following an algal bloom. 

Figures 5.33 and 5.34 show a high degree of variability for the mobilisation of Cd 

and Cu between chambers; this was attributed to the variability of algal cover in 

each chamber and different rates of algal decomposition in each chamber. In 

some chambers the concentration of dissolved Cd and Cu decreased between 48 

and 72 hours (Figures 5.33 and 5.34). This was likely to have been due to the 

breakdown or transformation of organically complexed Cd and Cu, which resulted 

in sediment re-adsorption of these metals. The decreases in chambers 3c and 3d 

over the final 24 hours can also be attributed to =50 % of the seawater being 

changed in these chambers at 48 hours. A closer examination of the chambers for 

which Cd and Cu continued to mobilise between 48 and 72 hours, namely 

chambers la, lb and 2a, reveals an interesting association between Cd and Cu 

with Fe; the concentration of Fe remained relatively constant in these chambers, 

but in all other chambers for which the concentration of Cd and Cu decreased, the 

concentration of Fe rapidly increased (Figures 5.33 - 5.35). The relatively high 

degree of Fe mobilisation in these chambers over the final 24 hours was unusual 

and did not occur in the 5 day sediment beaker mobilisation experiment (Figure 

5.27, previous section). It was unlikely that the Fe had been mobilised via Fe oxy-

hydroxide reduction during organic matter metabolism, since Fe2+  rapidly oxidises 

in seawater (Millero et at., 1987). It appears highly likely that Fe was also 

mobilised as an organic complex via algal decomposition. This explains why Fe 

did not mobilise in the beaker experiment, as brown algae was absent from the 

sediment surface for the mixed anoxic site 3 sediment used in that experiment. It 

has been shown that the decomposition of blue-green algae following an algal 

bloom, not only produces organically complexed Cd and Cu, but also increases 

particulate and dissolved Fe, with the dissolved Fe also apparently organically 

complexed (Jones et al., 1982, 1986). In this experiment, the release of organically 

complexed Fe occurs subsequent to the release of organically complexed Cd and 

Cu. Two possible explanations for this are: 

1. Organically complexed Fe was only released from an advanced stage of 

algal decomposition, which was only reached in certain chambers. The 
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ligands responsible for Fe complexation could be derived from the internal 

algal structure, whilst ligands for Cd and Cu could be derived from the 

external algal structure; and 

2. Organically complexed Fe was released as a by-product of the bacteria 

metabolising both the algae and the organics released from the decomposing 

algae. Thus Fe mobilisation was particularly evident in chambers for which 

the concentration of Cd and Cu were declining due to the greater bacterial 

activity which accelerated the break-down of the organic complexes. 

Whilst the mobilisation of Cd, Cu and Fe from the sediment, apparently as organic 

complexes, was interesting, it was not indicative of a real flux of metals across the 

sediment interface under natural conditions. The assumed decomposition of the 

algae, causing this mobilisation, was an artifact of the experiment and would not be 

as evident for a true  in-situ experiment. Neglecting these artificial increases in 

dissolved Cd, Cu and Fe, it appears that the exchange of metals with sediment and 

porewaters at the sediment water interface in these chambers, occurred quite 

rapidly and established equilibrium concentrations in the chambers, as seen for Zn, 

Pb and Ni, probably with the metals present in stable organic complexes. The 

concentration of Co slowly declined (Figure 5.36), but this was due to initial 

oxidation I porewater release of Co and the relatively slow re-adsorption kinetics of 

Co onto sediment; this was observed in the sediment beaker experiment (Figure 

5.30, previous section). Towards the end of the experiment Co concentrations also 

trended towards establishing an equilibrium concentration (Figure 5.36). The 

relative concentration changes for Cd, Cu and Fe were also relatively stable in the 

first 24 hours prior to the apparent onset of algal decomposition (Figures 5.33 - 

5.35). The "true' in-situ sediment chamber experiments of Westerlund et al. (1986) 

found that Cd, Zn, Cu and Ni continually mobilised from sediment at a relatively 

constant rate over 50 days. However, their results could equally be due to 

experimental artifacts; the chambers were covered by opaque plastic to prevent 

primary production, but this would result in the death of algae and other organisms 

and a subsequent release of organically bound metals. This was not considered by 

the authors. 

The concentration of dissolved metals in the sediment chambers for this 

experiment showed no correlation with the degree of sediment contamination; the 

principal sediment contaminants, Pb and Zn, appeared to have no relationship 

between the degree of sediment contamination and the dissolved equilibrium 

concentrations (Figures 5.31 and 5.32). This suggests that metals which could be 
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desorbed from the sediment were in excess at each site (1 - 3) and that the 
availability of dissolved organic ligands for metal complexation was a factor 
limiting mobilisation. Hence it could be assumed that the flux of metals from 
sediment in the Bing Bong swing basin is regulated through organic complexation 
and not dependent on the degree of sediment contamination with concentrate. As 
discussed in section 1.2.3, organic ligands are now believed to play a major role in 
regulating the dissolved concentrations of a wide range of metals in both open 
ocean and estuarine/coastal seawater (e.g. Van den Berg et al., 1987; Bruland, 
1992; Muller, 1996). It appears that organic complexation plays the dominant role 
in controlling heavy metal mobilisation from anoxic sediments. 

5.3.4.3 Swing Basin Porewater Studies 

Concurrent with the sediment chamber experiments, sediment peepers were 
inserted at sites 1 and 3 in the swing basin to examine how the level of concentrate 
sediment contamination may affect porewater metal concentrations. The results 
for this are shown in Figures 5.38a, b and c. The shorter depth profiles at site 3 
were due to the peepers being stopped by a hard impenetrable clay layer at =15 
cm. The bottom 2 peeper chambers in profile lb were also inserted into a separate 
sediment clay horizon. Missing data points in the profile for site 1 were due to the 
accidental puncture of several chambers prior to insertion into the sediment. 

Figure 5.38a shows that the physical characteristics of the porewater profiles from 
site 1 and site 3 were distinct. The pH of the porewaters at site 3 were lower and 
the redox potential higher in comparison to site 1. Corresponding with the lower 
redox potential, dissolved sulfide was only present in the porewaters of site 1. Site 
1 generally only has half the fine sediment fraction (<63 pm) in comparison to site 

3 (Table 5.4), and a subsequent lower total sediment concentration of Fe and Mn 

(Table 5.5). This resulted in all of the sulfide being generated at site 3 via sulfate 
reduction, being predominantly precipitated by Fe and Mn. Elevated dissolved 
levels of these metals were only present in the porewaters of site 3 (Figure 38b). 

Figures 5.39 and 5.40 show the relationship between both porewater sulfide and Fe 
with redox potential; these figures show that sulfide was only generated at a redox 
potential less than 75 mV and that in the presence of this sulfide, porewater Fe 
concentrations were negligible. These results are in agreement with those of Bauld 

(1986), who reported that Fe2+  can only accumulate in porewaters once all the 

sulfide has been precipitated. 
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Figure 5.38a. Physico-chemical porewater profiles for sites 1 and 3 in the Bing Bong 
swing basin. 
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Figure 5.38b. Porewater profiles of Mn, Fe, Zn and Pb for sites 1 and 3 in the Bing 
Bong swing basin. 
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Figure 5.38c. Porewater profiles of Cd, Cu, Co and Ni for sites 1 and 3 in the Bing 
Bong swing basin. 
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Figure 5.39. The relationship between porewater sulfide and the redox potential 
(Eh). 
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Both Mn and Co were similarly only elevated in the absence of sulfide (Figures 
5.38b and c). In anoxic seawaters the generation of dissolved Co has been linked to 
the reduction of Mn hydr(oxides) and release of Mn(II), which is more soluble in 
anoxic water (Dyrssen and Kremling, 1990; Ozturk, 1995). This process, and/or an 
equivalent one with Fe oxy-hydroxides, appears to be occurring in the porewaters 
at site 3. The concentration of Co increases with depth (Figure 5.38c) as both Mn2  
and Fe2+  increase under more reducing conditions (Figure 5.38b). 

Unlike the porewater profiles for pH, redoxlsulfide, Fe, Mn and Co, the porewater 
profiles for Zn, Pb, Cd, Cu and Ni show no clear differences between sites 
(Figures 5.38b and c). As found in the chamber experiment there was no 
relationship between the dissolved metal concentrations and the degree of 
sediment contamination at each site. The concentrations of Pb and Zn in the 
porewaters at site 1 were similar to the concentrations in the porewaters at site 3, 
which had sediments containing about 10 times the level of Zn/Pb concentrate in 
comparison to site 1. The behaviour of the dissolved metals in anoxic porewaters 

could be divided into three groups: 

Group 1. Metals forming more soluble sulfides (Fe, Mn and Co). Concentrations 
remained relatively uniformly low in the presence of sulfide (site 1), but 
could increase with depth in the absence of sulfide (site 3); 

Group 2. Metals forming sulfides of intermediate solubility (Ni and Zn). The 
concentration of Ni remained relatively uniform in porewaters (site 1 
and 3), whilst that of Zn was more variable; in the presence of 
dissolved sulfide at site 1, Zn concentrations generally declined, whilst 
at site 3, concentrations initially declined with depth, but increased at 
greater depth as the pH dropped above the clay horizon (bottom of 

profile); and 

Group 3. Metals forming highly insoluble sulfides (Cd, Cu and Pb). The 
concentrations of these metals declined significantly with depth. The 
exception was an increase in Pb concentrations at the bottom of the site 
1(b) profile; this was due to this profile entering a clay horizon which 
had an increased redox potential and an absence of dissolved sulfide. 
Incidentally, this anomaly also resulted in relatively higher dissolved 
concentrations of Zn, Fe and Co at the bottom of the site 1(b) profile. 
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The removal of trace metals from anoxic porewaters via metal sulfide formation 

has been identified in the limited number of reliable porewater studies on trace 

metals in marine sediments (Emerson et al., 1984; Gaillard et al., 1986; Gobeil et 
al., 1987; Widerlund, 1996). The behaviour of metals found in this study were 

generally in agreement with that found in these studies, which show similar natural 

variability both within porewater profiles and between adjacent porewater profiles. 

The factors controlling porewater metal concentrations are clearly complex and 

can be variable due to factors such as bioturbation (Emerson et al., 1984). 

Porewater profiles for Zn in marine sediments have not been presented in the 

literature and Ni profiles were only reported by Emerson et al. (1984), who found 

declining Ni concentrations with depth. Information on the likely behaviour of 

metals in marine porewaters can also be gained from oceanic water column 

studies at oxic/anoxic boundaries. In agreement with the results found here, 

BrUgman (1988) reported that in anoxic seawater some metals increased (Mn, Co 

and Fe), whereas others decreased (Cu and Cd, partly also Zn and Pb) or behaved 

conservatively (Ni). Subsequent oceanic studies have obtained similar results 

(Dyrssen and Kremling, 1990; Oztürk, 1995). 

Despite the Bing Bong sediment being contaminated by Zn/Pb concentrate, the 

porewater concentrations of heavy metals are the amongst the lowest reported in 

the literature (Emerson et al., 1984; Gaillard et al., 1986; Gobeil et al., 1987; 

Widerlund, 1996). A direct comparison can not be made with these studies, due to 

a lack of information on sediment concentrations and characteristics. In this study, 

the elevated concentration of reactive sulfide (AVS > 100 imol g 1) and close 

proximity of the oxic/anoxic boundary to the sediment surface (<5 cm) appear to 

contribute to the low porewater concentrations. This follows AVS theory; due to 

the limited solubility of metal sulfides, the concentration of heavy metals only 

increases in porewaters once the reactive sulfide solid phase (AVS) has been 

exhausted (Casas and Crecelius, 1994; Berry et al., 1996). This does not take into 

account the organic complexation of heavy metals in porewaters, which can 

prevent metal sulfide formation and therefore increase dissolved metal 

concentrations in porewaters (Hallberg et al , 1980). 

The variability between profiles and the lack of correlation with the degree of 

sediment contamination also suggests that organic complexation could be 

responsible for some of the variability. Profile la had the highest porewater sulfide 

concentrations, but in contradiction, had the highest anoxic porewater 

concentrations of Cd, Cu, Pb and Zn. This may be explained by organic 

complexation which has been shown to prevent CuS precipitation in porewaters 
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(Hallberg et al, 1980). Several other studies have indicated that dissolved Cd, Cu 
and Zn are released into porewaters as organic complexes (Van den Berg and 
Dhannvanij,1984; Gobeil et at., 1987; Widerlund, 1996). The determination of 
organically complexed metals was beyond the scope of this thesis. However, the 
dissolved organic carbon levels in the porewaters from both sites were elevated 
(3 - 8 mg L-1; Figure 5.38a) in comparison to the surface waters (2 - 3 mg L 1; 
Table 6.2, Chapter 6), which would allow the formation of organic complexes. 
Another potential contributing factor may be the formation of soluble polysulfide 
metal species (Gobeil et at., 1987). 

As observed in the chamber experiment, the conservative behaviour of Ni was 
unique, generally having a highly regulated concentration of around 300 ppt in both 
porewaters (Figure 5.38c) and in the chamber experiment (Figure 5.37). It was 
likely Ni was strongly complexed by specific organic ligands which prevented 
sulfide precipitation or scavenging. Very high stability constants (logKNL = 17-19) 

have been been found for organic Ni complexes in seawater, which are some 5-6 
orders of magnitude greater than the stability constants for organic Cu complexes 
(Van den Berg and Nimmo, 1987). Nickel also forms a more soluble sulfide than 
Cu and was therefore less likely to precipitate as a sulfide. Dyrssen and Kremling 
(1990) have also suggested that Ni may form some inert unknown chelate which 
prevents scavenging in both oxic and anoxic seawater. 

Table 5.8 shows that like Ni, the concentrations of other metals in the peeper 
chambers close to the sediment-water interface were similar to the respective 
concentrations found in the sediment chamber experiments. The dissolved Fe 
concentrations were an exception, being relatively elevated in some surficial 
porewaters in comparison to the chamber experiment. This could be a 
contamination artifact from particulate iron which may have formed inside the 
surficial porewater chambers. The outer surface of the peeper chambers above the 
sediment interface were also colonised by the brown algae, which encrusted the 
sediment surface. The algae did not appear to compromise the <0.45 im 

polysulfone membrane filter paper, which is reported to be resistant to physical 
breakdown (Carignan, 1984), but it was possible that algae on the membrane could 
artificially enhance the metal concentrations in the corresponding chambers via the 

release of organic ligands. 
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Table 5.8. Comparison of the general range of concentrations found in the 
chamber experiment (CH) and in the surficial porewaters (PW). All units are ppt, 
except for Zn. Fe and Mn, which are ppb. 

Zn Pb Cd Cu Fe Co Ni Mn 

CHa 1-3 120-250 6-11 430-560 2-11 20-90 230-400 ND 

PW 1-2 60-170 2-21 350-550 1-360 20-80 200-500 50-250 
a. The concentrations for the chamber experiment were taken from the final 24 hours to avoid 
potential spurious results arising from the initial mobilisation of metals; an exception was the 
ranges for Cd, Cu and Fe which were taken at 6 hours to avoid potential spurious results arising 
from the decomposition of algae. 
ND = Not Determined. 

Overall, the results of the porewater study support the conclusions made in the 
sediment chamber experiment, in that the mobilisation of metals was independent 
of the degree of sediment contamination and likely to be controlled by organic 
complexation. The sediments in the Bing Bong swing basin are a source of 
dissolved metals, with the background seawater concentrations for Bing Bong 
(Figure 3.7, Chapter 3) generally being much lower in comparison to those at the 
sediment/water interface. The concentration of dissolved trace metals in the Bing 
Bong swing basin is further examined in Chapter 6. 

5.3.5 Summary of Mechanisms Controlling Heavy Metal Mobilisation from 

Concentrate 

The major mechanisms controlling metal mobilisation from Zn/Pb concentrate and 
from suspended sediment containing aged Zn/Pb concentrate are shown in Figures 
5.41 and 5.42, respectively. Sediment chemistry in the Bing Bong swing basin was 
dominated by the metabolism of organic matter (seagrass) and formation of a 
highly reactive iron sulfide pool (AVS). The AVS pool efficiently scavenges heavy 
metals entering the sediment. The sediment AVS exceeded the simultaneously 
extracted metals by several orders of magnitude. 

Heavy metals (Zn, Pb and Cd) were rapidly mobilised from the surface oxidised 
layer on the concentrate in seawater, with the rate of release exceeding the rate of 

sediment uptake (Figure 5.41). Organic complexation was necessary for Cu 
mobilisation from the concentrate, whilst Fe did not mobilise from the concentrate 
due to FeOOH precipitation and/or surface re-adsorption. The presence of anoxic 
sediment was particularly important for the scavenging of mobilised Cd, but also 
increased the rate of Pb removal; it appeared that these metals, which form 
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sulfides of low solubility, were predominantly undergoing lattice exchange 
reactions with reactive iron sulfides and/or were being adsorbed onto iron sulfides. 

Once the oxidised surface layer was mobilised from the concentrate, dissolution 
began from the exposed metal sulfide surface, but was several orders of 
magnitude slower than the initial mobilisation (except for Pb); the rate of sediment 
uptake then exceeded the rate of metal release. Whilst Pb could still mobilise 
rapidly from the exposed metal sulfide surface, this was negated by the rapid 
adsorption of Pb onto sediment. The adsorption of dissolved metals was initially 
rapid onto external (surficial) sediment binding sites, but then became slower and 
diffusion limited as binding sites were progressively exhausted and adsorption onto 
internal (sub-surface) sediment sites took place. 

Since the concentrate was very fine (75% <10 llm), the oxidised surface layer 
would predominantly mobilise into the water column prior to the concentrate 
settling onto the sediment (Figure 5.41). This initial mobilisation will essentially 
determine the extent of the impact arising from the concentrate spillage as the rate 
of sediment adsorption will exceed the rate of metal mobilisation once the 
concentrate has settled. Recovery of settled concentrate would therefore have little 

beneficial effect with regard to subsequent  heavy metal mobilisation. The 

persistence of mobilised metals will depend upon: 

Scavenging by suspended particulates, which would be important for a small 
spill with a limited release of metals; and 

Sediment adsorption for larger spills, where the metal release exceeds the 
adsorption capacity of the suspended particulates. In this case, water column 
mixing and diffusion will control interaction with the sediment to facilitate 

adsorption. 
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Aged concentrate in the sediment no longer appeared to have an oxidised surface 

layer which could be rapidly mobilised. This was attributed to the redistribution of 

these metals in the anoxic sediment to re-form metal sulfides and/or adsorb onto or 

precipitate with other sedimentary phases. The suspension of anoxic sediment 

containing aged concentrate initially released a very small amount of heavy metals 

in comparison to that observed with surface oxidised concentrate present. The 

limited release of metals from the sediment was attributed to: 

Porewater release of Fe2+, Mn2+, CO2+ (or  CO3+)  and organically bound 

heavy metals; and 

The rapid oxidation of fine iron sulfides and release of heavy metals 

associated with this phase (Figure 5.42). 

Since the principal sediment contaminants were Zn and Pb, which had 

redistributed amongst various sediment phases from the oxidised concentrate 

surface, the rapid oxidation of iron sulfides particularly mobilised these metals. 

However, following the release of Pb and Zn, these metals were rapidly re-

adsorbed by sediment. The rapid oxidation of simultaneously released Fe2  to 

FeOOH would have resulted in the adsorption and/or co-precipitation of a large 

proportion of mobilised heavy metals. The oxidation and/or re-adsorption of 

released metals, including that released from porewaters, apparently followed the 

order: 

Fe2  > Pb2  > Zn2  > Mn2  > CO2  > Organic Complexes. 

Metal sulfide lattice exchange reactions with more soluble sedimentary metal 

sulfides was evident from the delayed release of dissolved Mn and Co following 

the mobilisation of Zn and Pb. Elevated concentrations of dissolved Mn and 

particularly Co, were relatively persistent after sediment disturbance. Organic 

complexes appeared to be important for controlling dissolved Ni, Cd and Cu 

concentrations, but Pb and Zn also appeared to form organic complexes which 

could prevent sediment adsorption. It also appeared that the decomposition of 

algae, which colonises the swing basin sediment surface, could release organically 

complexed Cd, Cu and Fe (Figure 5.42). Organic complex breakdown apparently 

resulted in sediment re-adsorption of the metal. Overall it appeared that sediment 

suspension would result in a minimal and transient release of heavy metals. The 

mobilisation of metals from accidental concentrate spillage and from the re- 
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suspension of sediment containing aged concentrate is further examined under 
actual field conditions in Chapter 6. 



CHAPTER 6 

MOBILISATION OF HEAVY METALS 

FROM CONCENTRATE AND 

CONCENTRATE CONTAMINATED SEDIMENT 

IN THE BING BONG SWING BASIN 



234 

6.1 Introduction 

Batch laboratory studies with anoxic sediments have shown that disturbance of the 
sediment leads to sulfide oxidation and a shift in the heavy metal association to 
more available phases (Prause et at., 1985; Kersten and Förstner, 1987; Förstner et 
at., 1989; Gerringa, 1990). Few studies in the literature have examined the actual 
mobilisation of trace metals from disturbed sediment. Förstner et al.(1989) showed 
that the oxidation of well buffered anoxic sediments resulted in limited heavy metal 
mobilisation. However, the metabolism of particulate organic matter has been 
shown to mobilise both Cd and Cu from oxidising sediments (Prause et at., 1985; 
Gerringa, 1990). Observations on the mobilisation of trace metals from anoxic 
sediment in the marine environment have typically been inferred from indirect 
studies rather than from field studies on actual sediment re-suspension events such 
as dredging operations (Förstner and Salomons, 1991). Forstner and Salomons 
(1991) have suggested that the mobilisation of heavy metals from polluted marine 
anoxic sediments during dredging operations would be slow. In direct 
contradiction, de Groot (1995) suggests that metals mobilise rapidly from the re-
suspension of polluted marine anoxic sediments. 

In one of few published field studies on marine dredging operations, Hall (1989) 
reported that dissolved Ni and Pb increased during dredging operations, but Cd and 
Cu remained constant. However, Pb is believed to be one of the most particle 
reactive heavy metals (e.g. Valenta et al., 1986; Muller, 1996) and this study 
appears to be compromised by contamination with inappropriate sampling 
procedures employed using silanised winchester bottles for seawater sample 

collection. 

The Bing Bong swing basin is a semi-enclosed environment with the loading 
facility being the only potential anthropogenic source of heavy metals in the region. 
This makes it an ideal location to study heavy metal dynamics in a coastal 
environment. The aim of the studies in this chapter were to examine the dynamics 
of trace metal cycling in the Bing Bong swing basin during and following two 
concentrate load-outs. During every load-out operation there existed the potential 
for heavy metal mobilisation either from concentrate spillage or from the continual 
re-suspension of concentrate contaminated anoxic sediments by barge movement. 
The behaviour of heavy metals in situ is compared with the observations made 

from the laboratory and related experiments detailed in Chapters 4 and 5. Finally, 
to examine the potential movement and dispersion (dilution) of mobilised metals in 
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the swing basin, a simulated spill was undertaken with fluorescent dye (Rhodamine 
WT). 

6.2 ExperimentaL 

6.2.1 Sampling Sites and Sample Collection 

The dynamics of heavy metal cycling in the Bing Bong swing basin were 
examined on two occasions, denoted studies 1 and 2. Study 1 was undertaken 
during the load-out of 5,800 tonnes of concentrate to the bulk carrier 'Al Safi', 12-
14th October 1995; whilst study 2 was undertaken during the load-out of 11,000 
tonnes to the bulk carrier 'MV Great Lake', 5-7th November 1996. For both studies, 
three sampling sites were selected to monitor heavy metals and physico-chemical 
parameters (Figure 6.1). These sites were: 50 in from the wharf and adjacent to 
the docked barge, denoted the swing basin site; at the mouth to the swing basin, 
denoted the channel site; and an off-shore site located up-current of the channel, 
denoted the control site (Figure 6.1) 

For the collection of seawater samples a 14 foot aluminium dinghy was used. All 
sites were approached from down-current. The dinghy was anchored for several 
minutes (nylon anchor rope) with the engine turned off prior to sampling. A 
polystyrene, submersible, in-line pump (Niagara LVM 114) was used for the 
collection of all seawater samples. The pump was fitted with acid-washed PUR-
ether tubing (Nalgene) and mounted on the end of a 2 m length of weighted PVC 
pipe. For surface sample collection, the pump was extended forward of the bow, 
up-current and up-wind, to a depth of =30 cm . For depth samples, the pump was 
lowered via its tubing over the bow to the prescribed depth. The pump was stored 
inside a large plastic bag when not in use and contact with any metallic surfaces 
was avoided. The pump was run for several minutes at each site before collecting 
samples. After a days use the pump was rinsed thoroughly with high purity water. 
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Figure 6.1. Location of the Bing Bong swing basin, channel and control seawater sampling sites. 
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Only surface samples were taken at the control site due to its shallow depth (3 
m). At the channel site (depth 5-6 m) samples were taken mid-water column at a 
depth of 3 in. The swing basin site was also sampled at 3 in depth, but in addition 
had surface samples taken for study 1. 

For study 1, sampling was initiated immediately after the final load-out, following 
the return of the barge at 0530 hours on the 16th October 1995. Sampling then 
proceeded over the following two days. For study 2, sampling was initiated at 0800 
on the 5th of November 1996, prior to the first load-out shipment. Sampling then 
continued through several additional shipments and the final load-out (7th), until the 
10th November 1996 (3 days after the final docking of the barge). 

At each site (and depth) a 500 mL unfiltered sample was taken for the 
determination of suspended solids. For study 1, 50 mL of filtered and unfiltered 
seawater was collected in acid-washed, ashed (400 °C) McArtney bottles for the 
determination of total and dissolved organic carbon. The collection of filtered and 
particulate samples for trace metal analysis is described in detail in Chapter 2. 
Briefly, a 0.45 tm groundwater filter capsule was fitted to the PUR tubing for the 
collection of filtered samples (500 mL acid-washed LDPE bottle). The same 
capsule was generally used to sample all three sites consecutively (control, 
channel and swing basin), with the control site sampled first. The capsule was 
stored inside a plastic bag and placed on ice when not in use (to avoid the 
breakdown of entrapped particulates). A new filter capsule was employed for each 
days sampling. The 500 mL filtered samples were acidified to 0.02 M HNO3 

(Aristar or Suprapur) on return to the on-site "laboratory. For the collection of 
particulate samples, an acid washed polycarbonate in-line filter holder, loaded with 
a 0.45 jim mixed cellulose ester filter, was attached to the PUR tubing. A volume 
of seawater of up to 700 mL was pumped through the filter, with the exact volume 
determined (measuring cylinder). The filter was left in the filter holder, sealed in a 
polyethylene bag and placed on ice. Back at the on-site 'laboratory an acid-
washed 50 mL polypropylene syringe was connected to the filter holder and air 
was pushed through the filter to remove entrapped seawater (salt matrix removal). 
The filter holders were then re-sealed in polyethylene bags, placed in plastic 
containers and refrigerated to 4 °C. 



238 

6.2.2 Physico-chemical Parameters 

A YSI 3800 Water Quality Logger or a Hydrolab DataSonde 4 (water quality 
multiprobes) were used to record physico-chemical parameters at each sampling 
site: temperature, salinity, pH, dissolved oxygen and turbidity. The instruments 
were operated in accordance with the manufacturers specifications and were 
calibrated in the field immediately prior to each sampling period. To examine the 
residence time of sediment re-suspended by barge movement, the turbidity was 
monitored adjacent to the wharf following the final departure of the barge in study 
1 ('Al Safi' load-out). The turbidity was recorded at 1 in intervals over a 4 hour 
period. 

6.2.3 Total Suspended Solids 

The 500 mL unfiltered seawater samples were filtered, dried and weighed 
according to Standard Methods (APHA, 2540D). 

6.2.4 Total and Dissolved Organic Carbon 

The 50 mL samples were analysed by Standard Methods (APHA, 53 lOB) using an 
OIC Model 700 automated TOC analyser using matrix matched standards. 

6.2.5 Trace Metal Analysis 

6.2.5.1 Particulate Trace Metals 

The 0.45 Im filters were placed in teflon bombs with 2 mL of nitric acid (Aristar) 
and 3 mL of high purity water and microwave digested at 55% high for 1 hour. The 
samples were made up to 10 mL in acid-washed, screw-cap, polypropylene 
centrifuge tubes ,with high purity water. Iron and Mn were determined by ICP-
AES, and Cd, Cu, Pb and Zn were determined by GFAAS. 
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6.2.5.2 Dissolved Trace Metals 

An 80 mL aliquot of acidified, filtered seawater was preconcentrated and 
separated from the seawater matrix using the dithiocarbamate extraction 
procedure detailed in Chapter 2, section 2.2.3. Two replicates (sub-samples) were 
preconcentrated and analysed for study 1 samples, whilst only one was performed 
for study 2 samples. For study 1 samples (1995), the metals Cd, Cu, Fe, Pb and Zn 
were determined by GFAAS. For study 2 samples (1996), determination of these 
metals, with the addition of Co and Ni, was by ICP-MS. For both studies, Mn was 
determined by GFAAS after the oxine pre-concentration and matrix separation 
procedure described in Chapter 2, section 2.2.3. 

6.2.6 Dissolved Pb Isotope Ratios 

To help distinguish between 'natural' (background) Pb and concentrate derived 
Pb, a preliminary examination of dissolved Pb isotopes was made. After 
determining the dissolved Pb in study 2 preconcentrated extracts, 3 control samples 
and 3 swing basin samples believed to be contaminated with concentrate derived 
Pb, were re-analysed to determine their respective 208/206 and 207/206 Pb isotope 
ratios by ICP-MS. Similarly, some preconcentrated extracts from the swing basin 
sediment chamber flux experiments with-out added concentrate (section 5.3.4.2, 
Chapter 5) were also re-analysed: 3 from site 1, 2 from site 2 and 3 from site 3. 

The National Institute of Standards and Technology Standard Reference Material 
981 (Nist 981) was used to calibrate the 207Pb/206Pb and 208Pb/206Pb isotope 
ratios. The general operating parameters for the Elan 6000 ICP-MS are listed in 
Table 2.2 (Chapter 2) and the different parameters used for Pb isotope 
determinations are shown in Table 6.1. 
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Table 6.1. Operating parameters used for Pb isotope 
determinations with the ELAN 6000 ICP-MS. 
Parameter 

Sweeps/reading 100 
Replicates 10 
Dwell time 208Pb 10 ms 
Dwell time 206Pb and 207Pb 20 ms 
Rinse and uptake time 80 s 
Analysis time 59 s 
Total sample used 230 p.L 

6.2.7 Rhodamine WT Dye Study 

The pink fluorescent dye, rhodamine WT (2 L), was mixed with 170 L of seawater 
in a drum beside the south-eastern corner of the swing-basin. The diluted dye was 
then pumped into the swing basin at a specified depth over a duration of 10 
minutes. The experiment was conducted on consecutive days with equivalent 
outgoing tides, with the dye introduced at the surface (0.5 m) on the 23 May 1997 
and at depth (4 m) on the 24 May 1997. On each occasion the dye was introduced 
immediately after high tide, with low tide occurring some 7 hours later. At high tide 
the water depth at the point of introduction was 7 m with the corresponding low tide 

depth being 5 m. For the greater swing basin the high tide depth is approximately 6 
m and low tide depth 4 m. The tidal change of 2 m is a maximum tidal change for 
this region. 

After the dyes release seawater samples were collected over time at the point of 

introduction and various other locations. Samples were obtained by pumping 
several litres of seawater from a prescribed depth (0.5, 2 or 4 m) into a white 

bucket and then obtaining a 40 mL sub-sample of this in a LDPE bottle. In 
addition, for the depth study, where the dye was not visible at the surface, seawater 

over the depth range of 0 - 7 m was continuously pumped into a white bucket to 
visually assess the depth and location of the plume around the point of introduction. 
The fluorescence of the samples was then determined with a Turner Designs 

Fluorometer (Model 10-005). 
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6.3 Results and Discussion 

6.3.1 Physico-chemical Parameters for the Bing Bong Swing Basin 

The general physico-chemical parameters for the swing basin, channel and control 
sites during both studies (1 and 2) are summarised in Table 6.2. The depth profiles 
showed little variation in any parameter with depth and Table 6.2 provides the 
typical back-ground range of values for each site. Due to a multiprobe malfunction 
part way through the study 2 sampling period, no mid-afternoon physico-chemical 
parameters were recorded. This would have affected the range of dissolved 
oxygen (DO) values observed, with DO being greatest during this period due to the 
production of oxygen from photosynthetic activity. The supersaturated DO 
readings (up to 8.3 ppm) obtained for the control site in study 1 were due to 
seagrass photosynthesis. 

One exception to the constant physico-chemical depth profiles was noted for the 
swing basin site during both studies; during barge inactivity, the bottom 1 m above 
the swing basin sediment had a temperature up to 2 °C cooler and salinity up to 1% 
below that of the overlying water. This cooler bottom layer was also noted on 
several occasions through-out the swing basin during scuba diving operations. This 
layer can be attributed to the surface exchange of seawater with the shallow 
mudflats surrounding the swing basin; water on the mudflats receives greater 
heating (higher temperature) and therefore has higher evaporation (greater 
salinity). It also shows that there was limited vertical water mixing close to the 
sediment surface in the swing basin. 

Table 6.2. Typical range of physico-chemical parameters for the Bing Bong swing 
basin, channel and control sites during studies 1 and 2.  

Site Temperature pH Salinity Dissolved Turbidity 
(°C) (%) Oxygen (ppm) (NTU) 

Study 1 

Swg Bsn 29 -  30 8.3 - 8.4 39 - 41 3.8 - 6.0 1 - 3 

Channel 28 -  30 8.3 - 8.4 39 - 41 4.0 - 6.1 1 - 3 

Control 28 -  29 8.2 - 8.3 38 - 39 5.1 - 8.3 1 - 2 

Study 2 

Swg Bsn 28 - 30 8.3 - 8.4 40 - 41 4.4 - 5.4 0 - 2 

Channel 28 -  30 8.3 - 8.4 40 - 41 4.3 - 5.6 0 - 2 

Control 28 - 29 8.1 - 8.2 39 -40 4.0 - 5.6 0 - 
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The physico-chemical parameters for the swing basin were also monitored 
adjacent to the wharf during the departure of the loaded barge during study 1. The 
barge re-suspended bottom sediments during this departure, but had little effect on 
any physico-chemical parameters except turbidity. Surprisingly, the re-suspension 
of anoxic sediments had little effect on the DO levels which could be expected to 
decrease due to sulfide oxidation. The absence of this behaviour was attributed to 
oxygenation due to propeller action of the barge and the rapid settling of the 
suspended sediment. Figure 6.2 shows the turbidity immediately following barge 
departure and illustrates that the suspended sediment rapidly settled. Following 
sediment suspension, the turbidity was essentially back to background levels within 
2 hours. 

50 

40 

30 

10 

20 

 

-D--- Depth (Om) 
Depth(lm) 
Depth (2m) 
Depth (3m) 
Depth (4m) 
Depth (5m) 

In- 

700 800 900 1000 1100 1200 
Time 

Figure 6.2. Turbidity adjacent to the wharf following the final departure of the 
barge for the load-out of the container vessel 'Al Safi', 15th October 1995 (Study 1). 
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6.3.2 Particulate and Dissolved Metals in Seawater - Study 1 

The collection of samples for particulate and dissolved metal concentrations in 
seawater for study 1 began immediately following the final docking of the 
unloaded barge (0530 hours, 16 October 1995). The tides for this study are shown 
in Figure 6.3. Unfortunately, the return of the unloaded barge re-suspended little 
sediment due to its higher draft. The suspended solids for this study are shown in 
Figure 6.4. The suspended solids were first measured in the swing basin 30 mm 
after the arrival of the barge, which caused slightly elevated suspended solids 
levels in the swing basin (6-11 ppm, Figure 6.4). The elevated suspended solids 
levels returned to back-ground levels (2-4 ppm) after several hours. The return of 
the barge also resulted in slightly elevated total and dissolved organic carbon levels 
in the swing basin, with the elevated levels returning to back-ground levels within 
27 hours (Table 6.3). This showed that particulate and dissolved organic carbon 
was released from the sediment during sediment re-suspension. 

Table 6.3. Total and dissolved organic carbon (ppm) for the swing basin and 
control site. 
Time after barge Swing Basin Swing Basin Control 

arrival (hrs) (Depth 0 m) (Depth 3 m) 
TOC DOC TOC DOC TOC DOC 

0.5 5.8 3.2 5.6 2.8 3.9 2.3 
27 4.5 2.6 4.3 2.3 4.1 2.3 
51 4.4 2.5 3.9 2.2 3.6 2.1 

The corresponding particulate and dissolved metal levels for study 1 are shown in 
Figures 6.5 - 6.15. In comparison to the control site, Figures 6.5 - 6.11 show that 
particulate and dissolved metals were elevated at the swing basin and channel sites 
for those metals associated with concentrate (Zn, Pb, Cd, Cu). However, 
particulate Cd generally remained below the detection limit (2 ppt) at all sites. In 
addition, particulate Mn was also enriched at the swing basin and channel sites 
(Figure 6.14). For Zn, Pb, Cd and Cu, only the dissolved concentrations for the 
control site remain within the normal background concentrations observed along 
the Bing Bong coastline (Chapter 3: Zn 85±37 ppt; Pb <10 ppt; Cd 3.5±2.0 ppt; Cu 
378±26 ppt). The elevated metal levels for the swing basin and channel sites are 
generally at least double that of the control site and could only be caused by 
mobilisation from either swing basin sediment or concentrate; there are no other 
anthropogenic metal sources in this remote location. The higher concentrations are 
in part, the result of the swing basin being a semi-enclosed environment with 
limited water exchange in comparison to off-shore sites. 
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Figure 6.3. Bing Bong tides for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.4. Suspended solids for the swing basin, channel and control site for 
study 1. (Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.5. Particulate Zn for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 

500 

' 
400 

300  
Ce 

200 
0 
0 

C_.) 100 

-D--  SWG BSN (Om) 
U SWG BSN (3m) 
A....... CHANNEL 

--.-- CONTROL 

I. ----------- -- -  - --- 4- ---------- 

UI I I • I I 

0 12 24 36 48 
Time (hours) 

Figure 6.6. Dissolved Zn for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.7. Particulate Pb for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530. 16/10/95 and is denoted as 0 time). 
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Figure 6.8. Dissolved Pb for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Particulate Cd was below detection limit (<2 ppt) over the duration of study 1, 
except at 27 hours where a value of 3.7 ppt was recorded at the surface (0 m) for 
the swing basin. 
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Figure 6.9. Dissolved Cd for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.10. Particulate Cu for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.11. Dissolved Cu for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.12. Particulate Fe for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as U time). 
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Figure 6.13. Dissolved Fe for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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Figure 6.14. Particulate Mn for the swing basin, channel and control site for 
study 1. (Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 

5000 
----- 

SWG BSN (Urn) ...........  ....... CHANNEL 
I . SWG BSN (3m) - - -0-- - CONTROL 

: 4000 

3000 
03 

2000 
0 

0 
'—fl's" 

- 

z 

UI I I I • I I 

0 12 24 36 48 
Time (hours) 

Figure 6.15. Dissolved Mn for the swing basin, channel and control site for study 1. 
(Notes: Final barge docking was at 0530, 16/10/95 and is denoted as 0 time). 
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6.3.2.1 Mobilisation of Heavy Metals from Concentrate 
Contaminated Sediment (Study 1) 

The swing basin surface (0 m) samples were taken 30 minutes after the final 
return of the unladen barge. This resulted in the minor re-suspension of sediment 
and slightly elevated suspended solids (Figure 6.4). These samples subsequently 
contained slightly elevated levels of particulate Zn, Pb, Cu, Fe and Mn (Figures 
6.5, 6.7, 6.10, 6.12 and 6.14), with these metals being naturally enriched in the 
sediment (Fe and Mn) or enriched in the sediment due to concentrate 
contamination (Zn, Pb, Cu). None of these metals were elevated in the associated 
dissolved fraction (Figures 6.6, 6.8, 6.11, 6.13 and 6.15). Hence any dissolved 
metals released by this minimal sediment disturbance had clearly been scavenged 
by particulates or suspended sediment and/or were precipitated over the preceding 
30 mm. The effect of sediment re-suspension on the mobilisation of heavy metals 
is examined in more detail in the discussion for study 2 (6.3.3). 

6.3.2.2 Mobilisation of Heavy Metals from Concentrate 
(Study 1) 

On the final return of the barge it was covered in concentrate dust after a 
problematic load-out to the container vessel 'Al Safi'. On the following day, clean-
up operations of the barge began, which involved hand-washing all surfaces to 
remove concentrate. Despite a containment policy for the wash-down / clean-up 
procedures, it was evident from the surface (0 m) swing basin samples taken at 27 
hours, that a small amount of concentrate had been spilt over-board or blown into 
the swing basin by the early morning off-shore winds (Figures 6.5 - 6.9). For this 

sample, Zn, Pb and Cd were elevated in both the particulate and dissolved 

fractions (Figures 6.5-6.9). The maximum of the dissolved metal concentrations 
for Zn, Pb and Cd corresponded with the maximum of the particulate metal 
concentrations, showing that heavy metals were immediately mobilised from the 
concentrate surface on contact with seawater. This was due to the dissolution of 
the existing surface oxidised layer as demonstrated in the laboratory dissolution 
studies of Chapter 4. Despite the elevated surface (0 m) concentrations of Zn, Pb 
and Cd at 27 hours, the concentrations at 3 m depth remained low. This was due to 
the mixing dynamics of the swing basin, which are discussed in section 6.3.5 (dye 

study). 
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By 33 hours, 6 hours after the maximum heavy metal mobilisation, the water 
column appeared to be mixed with equivalent dissolved and particulate 
concentrations at 0 and 3 m in the swing basin (Figures 6.5 - 6.9). The relative 
decline in particulate Zn and Pb at the surface, exceeded the respective decline in 
dissolved concentrations (Figures 6.5 - 6.8). Obviously the rate of concentrate 
settling exceeded the rate of dissolved metal scavenging or dilution. By 51 hours, 
24 hours after the maximum mobilisation, the particulate levels of Zn and Pb had 
almost returned to normal' swing basin levels, whilst the dissolved levels remained 
elevated. It was predicted in Chapter 5 that metals mobilised from concentrate 
would be persistent in the water-column, depending on the mixing of the water 
column and subsequent interaction with sediment (for adsorption). 

Despite the elevated particulate and dissolved concentrations of Zn, Pb and Cd in 
the swing basin, only the dissolved concentrations were slightly elevated at the 
channel site, which was situated at the mouth of the swing basin (Figures 6.5 - 6.9). 
This shows that concentrate spilt adjacent to the wharf settles out prior to reaching 
the channel. The lower dissolved concentrations at the channel site indicates that 
the mobility of dissolved heavy metals in the swing basin was limited by particulate 
scavenging / sediment adsorption and/or the movement of seawater within the 

swing basin. 

In accordance with the laboratory studies, there was no significant immediate 
dissolution of dissolved Cu from the spilt concentrate (Figure 6.11). Copper 
mobilisation appeared to be increasing at both the swing basin and channel sites 
towards the end of the monitoring period. This is particularly evident in the 
following section for study 2 (Figure 6.24). A consistent elevated concentration of 
dissolved Cu has also been noted 7 days after the completion of other load-outs 
(Parry and Munksgaard, unpublished results). It appears likely that the reason for 
this regular occurrence is the mobilisation of organically complexed Cu or organic 
ligands from decomposing brown algae. This algae covers the sediment interface 
and it appears that sediment re-suspended during each load-out operation smothers 
the algae, leading to mortality and the release of organically complexed Cu. This 
may also affect Cd, which like Cu has been associated with algal surfaces 

(Calmano et al., 1988). The metabolism of biogenic material has been shown to 
release both these metals (Prause, 1985; Gerringa 1990) and Jones et al (1986) 

showed that algal decomposition could release organically complexed Cd and Cu. 
This behaviour was noted in the beaker and sediment chamber flux trials in 

Chapter 5 (sections 5.3.4.1 and 5.3.4.2). 
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6.3.2.3 Photo-reduction of Manganese 

Both Fe and Mn are redox sensitive metals and it is interesting to compare the 
dissolved concentrations of these metals (Figures 6.13 and 6.15). Neither of these 
metals are mobilised to any measurable extent from concentrate. These metals 
can be released from anoxic sediments (possibly as organic complexes) or for at 
least Mn, via the photo-reduction of the oxide (Mn02) in the presence of DOM 

(Sunda and Huntsman, 1994; Spokes and Liss, 1995). For dissolved Fe, the swing 
basin surface and 3 in depth concentrations are essentially identical, suggesting the 
absence of significant photo-chemical reactions (Figure 6.13). However, for 
dissolved Mn the surface swing basin concentrations show large deviations from 
both the 3 m depth samples at the swing basin and channel sites (Figure 6.15). The 
behaviour of dissolved Mn at the surface, shows an excellent correlation with 
sunlight exposure, with the minimum concentrations recorded each morning and 
the maximum concentrations recorded late afternoon. This suggests that 
particulate Mn02, which was elevated in the swing basin, was being photo-

reduced to release soluble Mn2+.  This reaction has only previously been 
demonstrated in the laboratory (Sunda and Huntsman, 1994; Spokes and Liss, 
1995). The photo-chemical regulation of dissolved Mn in near-surface seawater 
was similarly indicated by the experiment on the storage of near-surface seawater 
samples prior to filtration, which was presented in Chapter 2, section 2.3.1. This 
experiment also indicated the absence of a similar photo-chemical reaction for Fe. 

6.3.3 Particulate and Dissolved Metals in Seawater - Study 2 

In order to better examine the potential mobilisation of metals from re-suspended 
sediment or spilt concentrate, sampling for study 2 began prior to the first shipment 
of concentrate; the first sampling was at 0800 hours on the 5th November 1996 and 

sampling continued over the following 5 days. Prior to this period, the swing basin 
had not been disturbed for at least 1 week, with the barge being inactive. The tides 
for study 2 are shown in Figure 6.16. The barge had three load-out shipments 
during the study period: at 11, 23 and 49 hours. To examine the mobilisation of 
metals resulting from the re-suspension of sediment contaminated with aged 
concentrate, the swing basin site was sampled (3 in depth only) 15 minutes after 
the first barge departure, 1.5 hours after the second departure and 30 minutes after 

the final departure. 
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Similar to study 1, of the physico-chemical parameters, barge departure only 
affected turbidity, with no reduction in the pH or DO (data not shown). Fifteen 
minutes after the first departure the turbidity at the swing basin site was between 30 
NTU at the surface and 90 NTU at the bottom. The profile was again measured 1 
hour later and turbidity had returned to back-ground levels (1 - 2 NTU). This once 
again shows that the re-suspended sediment settled rapidly. The suspended solids 
for study 2 are shown in Figure 6.17. This Figure shows that levels were only 
elevated 15 minutes after the first shipment (11 hours) and slightly elevated 30 
minutes after the last shipment (49 hours). 

The corresponding particulate and dissolved metal levels for study 2 are shown in 
Figures 6.18 - 6.29. These Figures show that the dissolved concentrations of the 
concentrate metals, Zn, Pb, Cd and Cu were again elevated at both the swing basin 
and channel sites in comparison to the control site (Figures 6.19, 6.21, 6.22 and 
6.24). As for study 1, only the dissolved concentrations of these metals at the 
control site fall within the back-ground concentrations for the Bing Bong coastline 
(Chapter 3). 

The elevated dissolved Pb, Co and possibly Cd and Fe concentrations for the 
control site sampled at 11 hours (Figures 6.21, 6.22, 6.26 and 6.29), were due to a 
reversal in the sampling order for the 3 sites on this occasion. The control site was 
normally sampled first and this time was sampled last. For each sampling the 
same filter capsule was used for all 3 sites and since the swing basin was sampled 
first (to obtain a sample immediately after barge departure), the capsule was 
heavily loaded with concentrate contaminated sediment when used for the control 
site. Despite the capsule being thoroughly flushed prior to the control site sample, it 
appeared that these metals mobilised from the entrapped sediment which may 
have been oxidising. Figures 6.17 - 6.29 also show that the control site was not 
sampled on a number of occasions; no data has been omitted, with the control site 
not sampled on these occasions due to rough seas. 
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Figure 6.16. Bing Bong tides for study 2. 
(Notes: 0 time denotes 0800, 5/11/96). 
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Figure 6.17. Suspended solids for the swing basin, channel and control site for 
study 2. (Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on 
graph; Final bar(ye docking at 58 hours on graph). 
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Figure 6.18. Particulate Zn for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.19. Dissolved Zn for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.20. Particulate Pb for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.21. Dissolved Pb for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Particulate Cd was below the detection limit of 2 ppt for all sites during study 2. 
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Figure 6.22. Dissolved Cd for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/1 1/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.23. Particulate Cu for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.24. Dissolved Cu for the swing basin, channel and control site for study 2. 
(Notes: U time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.25. Particulate Fe for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.26. Dissolved Fe for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11. 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.27. Particulate Mn for the swing basin, channel and control site for 
study 2. (Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on 
graph; Final barge docking at 58 hours on graph). 
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Figure 6.28. Dissolved Mn for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96: Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 



Particulate Co and Ni were not determined. 
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Figure 6.29. Dissolved Co for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96; Loaded barge departures: 11, 24 and 49 hours on graph; 
Final barge docking at 58 hours on graph). 
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Figure 6.30. Dissolved Ni for the swing basin, channel and control site for study 2. 
(Notes: 0 time denotes 0800, 5/11/96: Loaded barge departures: 11. 24 and 49 hours on graph: 
Final barge docking at 58 hours on graph). 
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6.3.3.1 Mobilisation of Heavy Metals from Concentrate 
Contaminated Sediment (Study 2) 

In accordance with the high suspended solids load in the swing basin recorded 15 
min after the first loaded barge shipment (125 ppm at 11 hours, Figure 6.17), the 
particulate levels of metals naturally enriched in the sediment (Fe and Mn) or 
enriched in the sediment due to concentrate contamination (Zn, Pb and Cu), were 
highly elevated (Figures 6.18, 6.20, 6.23, 6.25, 6.27). Cadmium has a relatively low 
concentration in the sediment and particulate Cd remained below the detection 
limit (2 ppt) over the entire study period. The re-suspension of sediment (at 11 
hours) mobilised Mn in particular, but also to a lesser extent Zn, Fe, Co and 
possibly Ni (Figures 6.19, 6.26, 6.28 - 6.30). The opposite effect occurred for Cd 
and to a lesser extent Pb and Cu, which were scavenged from the water column by 
the re-suspended sediment (Figures 6.21, 6.22 and 6.24). These metals fall into two 
distinct groups: the highly insoluble sulfides (Cu, Pb and Cd) and the more soluble 
sulfides (Fe, Mn, Co, Ni and Zn). It appears that the highly insoluble sulfide metals 
were more efficiently scavenged by the partially anoxic re-suspended sediment. 
This suggests that (Cu, Pb and Cd) were rapidly adsorbed by sulfides or underwent 
sulfide lattice exchange reactions. This behaviour was noted for Cd and to a lesser 
extent for Pb, when concentrate dissolution was observed to be lower in the 
presence of disturbed anoxic sediment in comparison to un-disturbed sediment 
with an oxic surface (Chapter 5, section 5.3.3). For the more soluble sulfide metals 
released by sediment re-suspension, it appears that the rate of scavenging of these 
metals by partially anoxic sediment or the precipitation of these metals was slower. 
Therefore the dissolved concentrations remained elevated for a short period. 

Porewater profiles showed that dissolved Mn, Fe and Co were enriched in sub-
surface porewaters in the swing basin (Chapter 5, section 5.3.4.3). Despite Fe2  

being highly enriched in the porewaters, the rapid oxidation to Fe oxy-hydroxides 
4172 = 1-3 mm; Millero et al., 1987) prevented a highly elevated rise in dissolved 

Fe, which was measured 15 min after sediment disturbance. However, Mn2+  has a 

slower rate of re-oxidation (Libes, 1992) and hence had a higher dissolved 
concentration relative to Fe. It was suggested in Chapter 5, section 5.3.4.3, that 
dissolved Co was generated in porewaters via the reduction of Mn or Fe 
hydr(oxides). This Co may be in the form of a kinetically stable Co(III) species 
(Murray and Dillard, 1979). Regardless of the oxidation state (II or III), Co had a 
very slow rate of precipitation or sediment re-adsorption. Figure 6.29 shows that 
dissolved Co only returned to normal" levels following the final docking of the 

barge (at 58 hours). 
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The suspended solids and particulate metal concentrations in the swing basin were 
typical of "normal" levels 1.5 hours after the second shipment (at 24 hours, Figures 
6.17 - 6.27). For the final shipment, which was measured 30 min after the barge's 
departure (49 hours), particulate Zn, Pb, Cu, Fe and Mn were only slightly elevated 
(Figures 6.18, 6.20, 6.23, 6.25, 6.27). However, for both of these load-out 
shipments there was no associated release of any dissolved metals, except for Zn 
which appears to be an experimental artifact (Figures 6.19 - 6.29). A possible 
exception was dissolved Co, which again rose and was elevated over the entire 
loading period (prior to 58 hours, Figure 6.29). The lack of metal mobilisation was 
due to either: 

Metals not being mobilised from the sediment which had been previously re-
suspended at least twice during the preceding 2 days and was subsequently 
more oxidised and contained lower porewater dissolved metal concentrations 
(Fe and Mn); andlor 

Mobilised metals were precipitated or re-adsorbed within 30 minutes 
following sediment re-suspension, prior to sampling. 

This study on sediment re-suspension during barge movement has shown that 
despite the moderate degree of sediment contamination with aged concentrate, the 
heavy metals are quite stable with respect to mobilisation. The high organic carbon 
input and AVS levels of swing basin sediments (as determined in Chapter 5) 
obviously contributes to this stability and the rapid scavenging ability of the 
sediment. The limited and transient mobilisation of heavy metals from disturbed 
sediment was similarly predicted by the laboratory trials of Chapter 5. 

6.3.3.2 Mobilisation of Heavy Metals from Concentrate (Study 2) 

The dissolved concentrations of Zn and Pb in the swing basin prior to the final 
load-out shipment at 49 hours in study 2 remained relatively low (Figures, 6.19 and 
6.21). The elevated dissolved Zn level at 49 hours was believed to be an 
experimental artifact (contamination) as there was no corresponding increase in 
any other metals. Given the rapid dissolution of metals from the oxidised 
concentrate surface, the absence of any elevated dissolved metal concentrations 
during the loading operations (up to 49 hours), shows that the fully enclosed 
conveyor loading system was working efficiently with no perceivable concentrate 
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spillages. The continual re-suspension of anoxic sediment during barge load-outs 

would also assist with the scavenging of heavy metals, masking the detection of 

any concentrate spillages during loading operations. 

Following the final barge docking at 58 hours, clean-up operations of the barge 

began, which now consisted of washing down the barge with hoses, with the run-

off being collected by guttering which directed the waste into a sump to be pumped 

ashore. Despite the altered clean-up operations (hand-washed for study 1), again 

the clean-up resulted in the immediate contamination of the swing basin with small 

quantities of concentrate (Figures 6.18 - 6.22). Whilst the particulate levels of Zn 

and Pb during this clean-up period were low in comparison to the levels observed 

during the re-suspension of sediment contaminated with aged concentrate (at 11 

and 49 hours; Figures 5.18 and 5.20), the relative levels of dissolved Zn and Pb 

were highly elevated (Figures 6.19 and 6.21). For Pb, the dissolution of concentrate 

resulted in dissolved concentrations over 10 times the normal  swing basin 

concentrations (119 hours, Figure 6.21). This succinctly demonstrates the rapid 

mobilisation of heavy metals from spilt concentrate having an existing oxidised 

surface layer (Chapter 4). By comparison, aged concentrate in anoxic sediment no 

longer has this highly mobile surface layer, which was primarily due to metal 

sulfide re-precipitation and adsorption. This was illustrated in the sediment beaker 

experiments of Chapter 5. Another factor was the absence of re-suspended anoxic 

sediment to scavenge heavy metals mobilised from the spilt concentrate during the 

cleaning operations. 

During the clean up operations minima occurred for the dissolved concentrations 

of Zn, Pb and Cd at 72 and 96 hours (Figures 6.19, 6.21, 6.22). These minima are 

particularly evident for Pb, intermediate for Zn and limited for Cd, which reflects 

their relative rates of sediment adsorption (Pb > Zn> Cd; Chapter 5, section 5.3.3). 

These minima occur early morning, which correlates with the absence of clean-up 

operations over-night. That is, the heavy metals mobilised as a result of the day-

time clean-up operations, were re-adsorbed over-night according to their relative 

sediment adsorption affinity. However, the relative concentrations found were also 

dependent upon the timing and incidence of certain clean-up / maintenance 

operations on the barge. The maximum level of dissolved Zn, Pb and Cd occurs at 

119 hours, which was also an early morning sample and should therefore have 

lower concentrations (be a minima). This suggests that a larger spillage of 

concentrate occurred during the previous afternoons clean-up operations (not 

sampled). The similar highly elevated dissolved concentrations at the channel site 

(swing basin mouth) at 119 hours provides further strong evidence for this; the 
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movement of swing basin seawater is relatively slow (refer to the dye study, 
section 6.3.5) and metals released from concentrate spillage adjacent to the wharf 
would not be evident at the channel site for at least 6 hours. In study 1, the level of 
mobilised Zn and Pb was much lower in comparison to study 2, and elevated Zn 
and Pb concentrations were not evident at the channel site. It would be anticipated 
that for a larger spill, the mobilisation of heavy metals would exceed the adsorption 
capacity of the suspended solids (2-4 ppm, Figure 5.17), thereby making sediment 
adsorption the dominant removal mechanism. The occurrence of elevated 
dissolved metal concentrations (Zn and Pb) at the channel site in study 2, shows 
that Pb and Zn released into the water column from larger concentrate spillages 
can be quite persistent. 

The results for Study 2 also provided further evidence of the importance of organic 
complexation for the regulation of dissolved metal concentrations. The 
concentration of Cu was conservative (stable concentration), but began increasing 
after the final docking of the barge (Figure 6.24). The concentration of dissolved 
Cd at the swing basin and channel sites similarly increased towards the end of the 
study (Figure 6.22). Besides concentrate mobilisation, this could also be due to 
mobilisation from decomposing algae which was believed to release organically 
complexed Cu and Cd in the sediment chamber flux experiment of Chapter 5 
(section 5.3.4.2). The highly regulated behaviour for Ni was also consistent with 
that found in the baseline surveys (Chapter 3), in the porewater profiles and in the 
sediment chamber flux experiment (Chapter 5). This provides compelling 
evidence for the regulation of Ni by an organic ligand with a very high 
complexation constant. Very high stability constants (logKNL = 17-19) have been 

been found for organic Ni complexes in seawater, which are some 5-6 orders of 

magnitude greater than the stability constants for organic Cu complexes (Van den 
Berg and Nimmo, 1987). It was argued in the porewater study (section 5.3.4.3, 
Chapter 5) that organic complexation could prevent NiS precipitation in 
porewaters, producing conservative Ni porewater profiles. A similar mechanism 
was believed to occur in this field study, with sediment re-suspension having little 
effect on Ni concentrations. Dyrssen and Kremling (1990) have also suggested that 
Ni may form some inert unknown chelate which prevents scavenging in both oxic 

and anoxic seawater. 
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6.3.4 Pb Isotope Ratios in Seawater 

The technique to determine trace metals in seawater by ICP-MS was only 
developed towards the end of these studies. In an adaptation of this technique, a 
preliminary examination of Pb isotope ratios (207/206 and 208/206) was made to 
examine if these ratios could be used to unequivocally distinguish between 
"natural" back-ground Pb and Pb mobilised from the concentrate. The Pb isotope 
ratios for 3 control site samples and 3 swing basin samples that appeared to be 
contaminated with concentrate are shown in Figure 6.31. The Pb isotope ratios for 
several of the over-night equilibrated samples from the sediment chamber flux 
experiment of Chapter 5 (section 5.3.4.2) are also shown in Figure 6.31. 

The dissolved swing basin samples thought to be contaminated with concentrate 
had Pb isotope ratios which fell within the known Pb isotope ratios for the 
McArthur River Mine's Zn/Pb concentrate (Gulson, 1975). This shows that the Pb 
in these samples, the 58, 81 and 119 hour maximum dissolved concentrations from 
Figure 6.21, were indeed contaminated by Pb mobilised from concentrate. In 
contrast, the control site samples from 24, 72 and 97 hours in Figure 6.21, all had 
ratios distinct from the concentrate, showing that this Pb was derived from a 

different radiogenic source. 
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Figure 6.31. Dissolved Pb isotope ratios in seawater from control samples and 
concentrate contaminated swing basin samples for study 2, together with seawater 
samples from the sediment chambers for sites 1, 2 and 3 in the swing basin 
(Chapter 5). 

It was noted in the sediment chamber flux experiment (section 5.4.3.1, Chapter 5) 
that the dissolved level of Pb in the chambers had no correlation with the degree of 
sediment contamination with concentrate: site 3 was approximately 10 times more 
contaminated than site 1 sediment. This was attributed to organic complexation 
controlling Pb mobilisation from the sediment, with total available Pb being in 
excess in the sediment at all sites. Figure 6.31 shows that the isotope ratios of 
dissolved Pb had some correlation with the degree of concentrate contamination. 
Most of the dissolved Pb from site 3 chambers (heavily contaminated sediment) 
had Pb isotope ratios close to or within the domain of known concentrate isotope 
ratios, whereas the chambers from site 1 (slightly contaminated sediment) had Pb 
isotope ratios which lay between the natural back-ground (control site) ratios and 
the concentrate ratios. Thus the Pb could be mobilised from either the natural 
sedimentary Pb pool and/or from Pb originating from the concentrate. In 
conclusion, whilst the dissolved Pb concentrations showed no correlation with 
concentrate contamination of the sediment, apparently due to organic 
complexation, the over-all dissolved Pb isotope ratios were dependent upon the 
relative proportion of "natural" and concentrate derived Pb in the sediment. 
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6.3.5 Rhodamine WT Dye Study 

The dye study was conducted to examine the movement and exchange of water in 
the swing basin. The movement of the dye plume released at the swing basin 
surface between 14:30 and 14:40 on the 23 May 1997 is shown in Figure 6.32. The 
initial movement of the dye tracked towards the swing basin mouth with the out-
going tide, but unexpectedly stopped about 75 in downstream from the point of 
application after 1 hour, despite low tide occurring some 6 hours later. The front of 
the dye plume then rotated and swung back towards the wharf area over several 
hours, suggesting that the surface waters were circulating in a anti-clockwise 
direction in the upper swing basin area. 

The dye remained in the surface metre of seawater following application and no 
initial fluorescence was recorded at 2 or 4 m. The initial surface (0.5 m) 
fluorescence of the dye was 0.8 and this level was maintained as the plume began 
to move downstream in the initial half hour. As the plume approached the first 
marker buoy after 1 hour (Figure 6.32 (b)), the plume was dispersing with the front 
of the plume having a surface fluorescence of 0.27 and no fluorescence at 2 or 4 
m. After 2.5 hours, the front of the plume was monitored from 1700-1730 (Figure 
6.32 (c)) and had a constant fluorescence of 0.02 at 0.5 and 2 in, with no detectable 
fluorescence at 4 m. The concentration of the plume front had therefore diluted 
some 40 times in comparison to the initial surface concentration and was mixing 
down to a depth of at least 2 in. 
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Figure 6.32. Time-course movement (a-d) of the Rhodamine dye plume released in the 
Bing Bong swing basin at a depth of 0.5 m between 14:30 and 14:40,23 May 1997. 
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Figure 6.33 shows the fluorescence of the surface released plume at the point of 
dye application. This figure shows that the dye became progressively mixed over 
time to a depth of at least 2 m, but was not measurable at 4 in. Figure 6.33 shows 
that the dye was still evident after 6.5 hours and required some 18.5 hours before it 
was no longer evident at the point of application. This corresponded with a dilution 
factor of at least 80. 
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Figure 6.33. Surface (0.5 m) application of dye on an outgoing tide and 
fluorescence of seawater at depths of 0.5, 2 and 4 metres over time, at the point of 
application. 
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Figure 6.34. Depth (4 m) application of dye on an outgoing tide and fluorescence of 
seawater at depths of 0.5, 2 and 4 metres over time, at the point of application. 
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In contrast to the surface application of the dye, the release of dye at 4 m created a 
small, very intense plume that essentially remained stationary over the duration of 
the study. After 0.5 hours complete depth profiles were undertaken 25 m 
downstream (north) and 15 m westwards (towards the barge) from the point of 
application with no dye located at any depth. After 2 hours, the point of application 
was again encircled with depth profiles. These were undertaken at 10 and 25 m 
downstream (north), 10 m westward and 10 m upstream (south). Dye was only 
detected at 4 in depth,10 m downstream (fluorescence 0.16) and 10 m upstream 
(fluorescence 0.12), indicating that the plume remained relatively confined at the 
point of application. This shows that the plume was relatively stationary and was 
dispersing via passive diffusion. 

The fluorescence of the plume for the dye released at 4 m depth, at the point of 
application, is shown in Figure 6.34. This figure shows that the concentration of the 
dye released at a depth of 4 in remained extremely high in comparison to the 
surface release of dye (Figure 6.33). Unlike the surface study, wave action did not 
assist with the initial dispersion of the plume during the 10 minute application time. 
This resulted in an extremely high initial dye concentration (fluorescence 36.00, 
Figure 6.34). After 2 hours the concentration of dye at 4 in in the depth study 
(Figure 6.34) still exceeded the initial (time zero) concentration of dye in the 
surface study (Figure 6.33). Depth profiles at the point of application showed that 
the dye was generally restricted between a depth of 3 and 5 metres. Only a trace of 
dye (fluorescence 0.02) was detected at 2 in some 6 hours after application. This 
shows that the dispersion of the plume was relatively slow in the vertical direction. 
The presence of a slightly cooler layer (1 m) of seawater at the bottom of the 
swing basin was also indicative of a lack of vertical mixing (section 6.3.1). 

6.3.5.1 Movement of Water in the Swing Basin 

The movement of surface water in the swing basin on an out-going tide was slow 
and limited by the circulatory effect of surface waters in the upper swing basin 
(within 100 in of the wharf). If the tidal movement resulted only in the exchange of 
swing basin surface waters, the surface released dye plume would have continued 
down the channel on the out-going tide. In contrast to the surface movement, there 
was negligible movement of bottom waters in the upper swing basin. The limited 
movement of dye in surface waters and negligible movement in bottom waters in 
the upper swing basin shows that tidal movement in the channel - swing basin 

acted similar to a "piston as shown in Figure 6.35. Water in the upper swing basin 
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either recedes behind or was banked up by a "plug" of channel water. The 

alignment and movement of water into the channel creates the observed anti-
clockwise rotation of surface waters (Figure 6.35). 

A 1 m tidal fall in the upper swing basin (within 100 m of the wharf) would result in 
a volume loss of 20,000 m3. Assuming a low tide depth of 5 m, this would be 
equivalent to the movement of upper swing basin water 20 m towards the channel. 
In the actual model proposed, surface waters are expected to move substantially 

greater than 20 m and the bottom waters less than 20 m. 

Circulation of Surface 
Swing Basin Waters 

Figure 6.35. Cross-section of the swing basin showing the "piston' effect, where 
water in the channel acts like a plunger allowing upper swing basin water to recede 
behind channel water on an out-going tide and "banking up" swing basin water on 
an incoming tide. The greater movement of surface water on an out-going tide 
produces an anti-clockwise circulatory movement of surface waters in the upper 
swing basin. 

6.3.6 Summary and Implications of the Field Studies for Heavy Metal 

Mobilisation from Concentrate and Sediment 

The movement of swing basin water has several implications for the dispersion of 

heavy metals from a concentrate spillage at the loading facility. The concentrate 

has an existing layer of surface oxidised species which will rapidly mobilise in 
seawater (Chapters 4, 5, 6). Owing to the very fine nature of the concentrate, it 

would be anticipated that oxidised species would be predominantly mobilised prior 

to most of the spilt concentrate settling to the sea-floor. This would result in 
elevated heavy metal concentrations through-out the water column at the point of 

impact. Surface waters in the upper swing basin show the greatest movement, so 

that heavy metals in the surface waters will initially be transported towards the 
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channel. This was evident for study 1 ('Al Safi' load-out), where concentrate 
contamination was first detected in the surface swing basin sample, but not in the 
depth (3 m) sample (Figures 6.5 - 6.9). 

The dye studies suggest that there is very limited active vertical movement of 
solutes in the swing basin, with a passive diffusion process dominating. This means 
that metals mobilised from settled concentrate will have a long residence time at 
the sediment interface and hence are likely to be scavenged in the immediate 
vicinity of the spill. The sediment chamber experiment of Chapter 5 showed that 
the rate of heavy metal adsorption by sediment exceeds the rate of heavy metal 
dissolution after the mobilisation of existing surface oxidised species. However, the 
absence of vertical mixing also means that heavy metals mobilised in the water 
colunm during settling have a long residence time prior to interaction with 
sediment. Thus once adsorption sites on suspended particulates are exhausted, the 
elevated dissolved heavy metal concentrations will be persistent. 

The accidental spills observed in both studies during barge clean-up operations 
were of a small magnitude and hence elevated heavy metal concentrations were 
generally reduced within a tidal cycle due to dilution and scavenging by suspended 
particulates. However, at 119 hours in study 2, evidence of a larger concentrate 
spillage was observed, with elevated heavy metal concentrations at both the swing 
basin and channel sites. From the dye study results, it is anticipated that it would 
take at least 1 tidal cycle (6 hours) for metals mobilised near the wharf to reach the 
mouth of the swing basin (channel site). This showed that at higher dissolved metal 
concentrations, scavenging by the suspended particulates became less effective, 
allowing the greater persistence of elevated dissolved heavy metal concentrations, 
as evidenced by the occurrence of elevated concentrations at the channel site. In 
the event of a large concentrate spillage (hundreds of kilograms) it would be 
expected that dissolved Pb and Zn concentrations in the swing basin would exceed 
the concentrations observed here by several orders of magnitude and would persist 

for a period of days to weeks. 

Unlike the swing basin, the channel is exposed to transverse wave action which 
would result in greater vertical mixing. This would increase sediment interaction 
and facilitate the adsorption of heavy metals. The dispersion of dissolved heavy 
metals onto the surrounding shallow mud-flats adjacent to the channel would also 
expedite the removal of heavy metals. It is therefore concluded that the immediate 
impact of a concentrate spillage at the loading facility would be ostensibly 
restricted to the vicinity of the swing basin. 
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The recovery of settled concentrate would have little effect on reducing the 

immediate impact of concentrate spillage; this was due to the rapid dissolution of 

the concentrate's surface oxidised layer, the limited vertical movement of solutes 

in the swing basin and the rate of sediment adsorption exceeding the rate of 

dissolution from the exposed sulfide surface of the concentrate. However, the 

disturbance of anoxic sediment adjacent to the spill would greatly assist in the 

scavenging of the mobilised metals, therefore limiting the movement of these 

metals out of the swing basin. 

The field study showed that the disturbance and re-suspension of anoxic sediment 

containing aged concentrate mobilised very little heavy metals. It should be noted 

that appreciable quantities of sediment were disturbed by the movement of the 

barge in the shallow swing basin with turbidities reaching up to 90 NTU. For the 

highly insoluble sulfide metals (Cd, Cu and Pb), the suspension of anoxic sediment 

did not result in the mobilisation of metals and could actually decrease the 

dissolved concentrations due to increased scavenging. In short term laboratory 

suspension studies, Prause et al. (1985) also found that dissolved Pb and Cd 

concentrations could actually decrease. The field studies showed that the partial 

oxidation of anoxic sediment and release of metals from porewaters could 

increase the dissolved concentrations of the more soluble sulfide metals (Fe, Mn, 

Co, Zn and possibly Ni), but this effect was transitory with all metals returning to 

"normal" back-ground levels within 24 hours. Dissolved Co, in particular had the 

slowest removal rate and remained elevated over the duration of load-out 

operations (study 2). 

In contrast to these field studies, the mobilisation of metals from swing basin 

sediment was much greater in the laboratory beaker experiment (section 5.3.4.1, 

Chapter 5). For example, Zn and Pb mobilisation after 30 min of partial sediment 

suspension in the laboratory beaker experiment produced dissolved concentrations 

an order of magnitude greater than that observed in the field study 15 min after 

sediment suspension (study 2). This difference can be attributed to the rapid 

settling of sediment and relatively lower degree of sediment oxidation in the field 

study. The sediment beaker experiment of Chapter 5 showed that the rapid 

oxidation of polluted anoxic sediment, could produce an initial mobilisation of 

associated heavy metals, but the mobilised heavy metals could be re-adsorbed 

within 24 hours. This technique over-estimated the mobilisation of heavy metals 

under actual field conditions. The elutriate test (Förstner et al., 1986), which entails 

shaking one volume of sediment with four volumes of water for 30 mm, could be a 
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very conservative criteria for assessing heavy metal mobilisation from sediments 
during dredging operations. This technique provides an instant initial 'snap-shot" of 
rapidly mobilised metals, but does not allow for the kinetics of metal re-adsorption 
onto sediment, which as this study shows, may take up to 24 hours to reach 
equilibrium. Nyffeler et at. (1984) showed that heavy metal adsorption onto 
surficial sediments could take up to several days to reach equilibrium. 

Both the sediment beaker experiment (Chapter 5) and the field study showed that 
any metals released from sediment disturbance was transitory, with the metals 
being re-adsorbed or (co)precipitated. For sediment where AVS is very much in 
excess of SEM, it is concluded that even with appreciable sediment oxidation, 
heavy metals would not significantly mobilise into solution. Förstner et al. (1989) 

also concluded that heavy metals generally do not mobilise from oxidising anoxic 
sediments under the constant pH and salinity conditions of seawater. Several 
laboratory studies have shown that the metabolism of organic matter during anoxic 
sediment suspension in oxic seawater could release Cd (Prause et at., 1985; 
Gerringa, 1990). It should be noted that the release of Cd in these studies was not 
immediate, taking at least several days of continual sediment suspension. In 
comparison to other heavy metals, Cd has a lower adsorption affinity for oxic 
sedimentary phases (Balistrieri and Murray, 1982; Bilinski et at., 1991), suggesting 

that sulfide precipitation or adsorption onto metal sulfides is a major removal 
mechanism for Cd in sediments. In the laboratory experiments of Chapter 5, Cd 
mobilisation from concentrate in the presence of anoxic sediment was 
approximately one quarter of that in the presence of an oxic sediment surface. The 
delayed release of Cd in the suspension studies of Prause et at. (1985) and 
Gerringa (1990) suggests that Cd was only mobilised once a large proportion of the 
sedimentary sulfide pool had oxidised. It should be noted that this does not preclude 
the mobilisation of organically complexed metals such as Cd and Cu, which could 
prevent sediment adsorption or sulfide precipitation. This was apparent in the 
laboratory and field studies of Chapters 5 and 6. However, organic complexation 
could only mobilise a limited amount of these metals and it was believed that 
organic ligand metabolism led to sediment re-adsorption. 

In most marine environments the disturbance of sediment, even during dredging 
operations, would be transitory so that extensive oxidation of anoxic sediments in 
the water column would not take place. For this reason, long-term batch 
suspension studies are not relevant to this situation. It is concluded, that even for 
Cd, the mobilisation of metals from polluted anoxic sediments would generally be 
limited. This is in agreement with Förstner and Salomons (1991) who suggested 
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that the mobilisation of heavy metals from polluted marine anoxic sediments 
during dredging operations would be slow. In the Bing Bong swing basin polluted 
anoxic sediments are continually re-suspended, yet heavy metal concentrations, 
whilst higher than surrounding back-ground concentrations, remain relatively low 
(except during concentrate spillage). The Bing Bong swing basin receives a high 
organic input from decaying seagrass, resulting in anoxic conditions being rapidly 
re-established in disturbed sediment and preventing the slow oxidation and 
potential release of metals from settled sediment. The importance of organic 
loading to sediments to prevent the remobilisation of metals from deposited 
polluted sediments was noted by Hunt and Smith (1983). Microcosm experiments 
examining the remobilisation of metals from relatively intact polluted marine 
sediments isolated from metal and organic inputs, found that it took months before 
significant heavy metal mobilisation was observed (Hunt and Smith, 1983). 
Another factor contributing to the limited mobilisation of metals from disturbed 
sediments is that the rate of adsorption of metals by surficial sediments greatly 
exceeds the rate of metal desorption from these sediments (Nyffeler et al., 1984). 

It is suggested that several researchers have over-estimated the ability of heavy 
metals to mobilise from sediment disturbance in the marine environment (Huerta-

Diaz and Morse, 1992; de Groot, 1995).  There is a general absence of published 
studies on the mobilisation of heavy metals from disturbed sediments under field 
conditions. Hall (1989) reported that Ni and Pb mobilisation occurred during 
dredging operations, but did not use the sampling protocols which are now 
commonly accepted to prevent sample contamination (silanised winchester 
sample bottles were used). Longer term laboratory batch-studies which entail 
extensive polluted sediment oxidation (Prause et al. 1985; Gerringa, 1990) have 

shown that metals such as Cd can significantly mobilise. However, the suspension 
of sediments for weeks would only be relevant to Tvery  high energy systems, where 

high dilution factors would make it difficult to identify the mobilisation of heavy 
metals. In most cases, such as dredging operations, the bulk of the disturbed 
sediment is re-deposited in a partially oxidised state. Even in the absence of 
additional organic matter inputs to re-establish reducing conditions (sulfide 
generation) in the sediment, it has been demonstrated that it takes years to 
hundreds of years for heavy metals to remobilise from highly polluted surficial 
sediments and even longer times for less polluted sediments (Hunt and Smith, 
1983). The degree of sediment contamination and availability of adsorption sites 
would of course determine the ability of heavy metals to mobilise from oxidising 
sediments. In general, it is anticipated that heavy metals would not significantly 
mobilise from polluted anoxic sediment disturbance in the marine environment. 
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